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1 SUMMARY 
 

 

This thesis contributes towards the sustainable use of managed aquifer recharge to enhance the 

availability of clean groundwater for both public water supply and environmental values. 

Specifically, this study focused on the release of fluoride and phosphate from ubiquitous 

fluoride-bearing apatite minerals that may be triggered by the injection of low ionic strength 

water into aquifers. Experimental, analytical and modelling approaches were developed and 

applied to interpret a four-year long field experiment involving the injection of recycled low 

ionic strength water into the siliciclastic Leederville aquifer in the Perth Basin, Western 

Australia.  

 

During the field experiment pulses of elevated fluoride and phosphate occurred rapidly after 

breakthrough of the deionised injectate. Geochemical modelling suggested near saturation 

conditions with respect to the depleted surface layer that forms at the mineral-water interface 

of fluorapatite. Subsequent analyses of nodules identified that carbonate-rich fluorapatite 

(CFA) is indeed present in the Leederville Formation sediments. Furthermore, an anaerobic 

batch experiment performed on a powdered CFA-rich nodule mimicking the injection of 

deionised recycled wastewater into the Leederville aquifer was able to mimic the release of 

fluoride and phosphate that was observed during the field experiment. A fluoride extraction 

experiment on Leederville sediments low in total phosphorous and hence low in CFA, 

however, demonstrated minimal release of fluoride from Leederville sediments.  

 

A corresponding field-scale reactive-transport model which incorporated surface dissolution 

processes for fluorapatite was developed. Model simulation results and their comparison with 

field data demonstrated that the release of fluoride occurs post breakthrough of the deionised 

injectant. The injectant breakthrough was shown to induce the preferential removal of divalent 

calcium ions onto aquifer sediment exchange sites. Various mitigation strategies relying on 

modifications of the injectant pre-treatment were developed to eliminate or reduce the release 

of fluoride and phosphate. All investigated amendments that promote the displacement of 

calcium from sediment exchanger sites were found to be effective for reducing fluoride 

release from CFA. The findings of this thesis are more broadly applicable to better 

understand the release mechanisms of fluoride and phosphate from ubiquitous fluoride-

bearing apatite minerals in many settings worldwide. 
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1 

 

1 CHAPTER 1.  Introduction 
 

1.1 Context 
 

 

“Water permeates all aspects of life on Earth. Like the air we breathe, water sustains 

human, animal and plant life.  It provides vital services for human heath, livelihoods and 

well-being and contributes to the sustainability of ecosystems” (UNESCO, 2016) 

 

Water scarcity may arise from a combination of factors, including physical water scarcity, 

hydrological variability, water quality deterioration and overconsumption by humans and 

industries. Worldwide, freshwater use has increased globally ~1% per year since 1980 and 

demand for freshwater withdrawals is expected to increase by a further 55% by 2050 

(UNESCO, 2016). Climate change is expected to exacerbate seasonal and spatial 

variability of rainfall worldwide due to more intense and frequent extreme weather (CSIRO 

and BOM, 2015). Reduced rainfall is projected to occur in subtropical regions with winter 

rainfall dominated Mediterranean type climates such as (i) the south-west of South 

America, Africa and Australia, in the southern hemisphere; and (ii) the subtropical western 

side of North America and in a sub-tropical band stretching from the mid-Atlantic to the 

Mediterranean region in the northern hemisphere (CSIRO and BOM, 2015). Groundwater 

supplies approximately 38% of water used for irrigation and around half of drinking water 

(Jakeman et al., 2016; Siebert et al., 2010).  It is the sole water supply in many areas and 

forms a buffer for hydrological variability when other sources are insufficient in most 

regions (Jakeman et al., 2016). Groundwater use has increased dramatically over the last 

century especially due to the availability of affordable electricity more than doubling from 

1960 to 2000 with global groundwater use exceeding 650 km3/annum (Fienen and Arshad, 

2016; Giordano, 2009). However, as a result groundwater depletion and degradation are 

becoming pressing issues in many areas worldwide (see Fienen and Arshad (2016) for a 

review).  Therefore, water scarcity is driving the need for greater scientific understanding 

of water resources such as groundwater as well as the need to seek alternative water sources 

and to apply innovative technologies and water management approaches (Jakeman et al., 

2016; UNESCO, 2016). Innovative technologies such as desalination and managed aquifer 

recharge can be applied to provide unconventional water sources to integrated water 

management schemes (Casanova et al., 2016). 
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Managed aquifer recharge (MAR) involves the intentional infiltration or injection of water 

into aquifer systems for water management purposes (Dillon, 2005; Dillon et al., 2018; 

Stefan and Ansems, 2018). A potentially attractive option involving MAR in water scarce 

areas is the injection of reclaimed, treated wastewater or desalinated seawater for future 

reuse (Burris, 2018; Casanova et al., 2016; Dillon et al., 2018; Ganot et al., 2018; Missimer 

et al., 2014; Reichard and Johnson, 2005; Rodriguez et al., 2009; Stuyfzand et al., 2017). 

This can be applicable where aquifer depletion is occurring (Casanova et al., 2016; Dillon 

et al., 2018) or where source water is required to replenish coastal aquifers to prevent 

seawater intrusion (Burris, 2018; Ebrahim et al., 2016; Reichard and Johnson, 2005). As 

well as providing storage, aquifers also provide retention time as an additional treatment 

buffer for recycled wastewater where engineering risk concerns and public perception 

issues preclude direct wastewater reuse (Dillon et al., 2018; Ganot et al., 2018; Gibson and 

Burton, 2014; Ormerod, 2015; Rodriguez et al., 2009; Wester et al., 2015; Wester, 2016). 

Despite having high pathogen and contaminant loading that requires advanced treatment 

steps such as reverse-osmosis, ultraviolet light and ozonation (see Yuan et al. (2019)), 

reclaimed wastewater can be an economically viable option as part of an indirect water 

reuse scheme involving MAR compared to seawater desalination due to the often much 

lower salt load (Dillon et al., 2018; Missimer et al., 2014; Rodriguez et al., 2009; Zekri et 

al., 2014).  Highly treated de-ionised water however, is likely to differ significantly from 

the chemistry of the native groundwater within the receiving aquifer triggering various 

chemical and physico-chemical disequilibrium reactions with the aquifer sediments. 

Previously reported water-sediment reactions observed during MAR include redox 

reactions, desorption of surface species, mineral dissolution, ion exchange and 

mobilisation of colloids (Brown and Misut, 2010; Descourvieres et al., 2010a; Fakhreddine 

et al., 2015; Ganot et al., 2018; Jones and Pichler, 2007; McNab Jr et al., 2009; Rathi et 

al., 2017; Treumann et al., 2014; Vandenbohede et al., 2013; Wallis et al., 2010).  

 

MAR with highly treated reclaimed water where the treatment train includes deionisation 

by reverse osmosis may induce specific water-rock interactions. While highly treated 

deionised wastewater may potentially achieve removal of source water contaminants to 

acceptable levels and be free of turbidity (Yuan et al., 2019), it may contain dissolved 

oxygen or other oxidants (Prommer et al., 2018a; Seibert et al., 2016) as well as relatively 

low divalent cation concentrations (e.g.Ca2+ and Mg2+ ) given that divalent cations are 
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preferentially excluded by reverse osmosis (Eisenberg and Middlebrooks, 1985; 

Fakhreddine et al., 2015; Richards et al., 2011). Dissolved oxygen and nitrate have the 

potential to induce pyrite oxidation when injection occurs into aquifers with reducing 

conditions (Seibert et al., 2016). Pyrite oxidation may increase acidity and in turn 

metal(oid) release unless buffered by the alkalinity contained in the injectant or by 

reactions with aquifer sediments (Seibert et al., 2016). Low divalent cations may cause 

release of surface complexed contaminants by decreasing the density of positive surface 

charge on clay minerals (Fakhreddine et al., 2015) or may trigger direct dissolution of 

minerals such as calcite and dolomite where divalent ions are a major mineral component 

(Ganot et al., 2018; Vandenbohede et al., 2013). Furthermore, dissolution of minerals 

containing divalent cations may be exacerbated under low ionic strength conditions as 

divalent cations preferentially partition onto exchanger sites relative to monovalent cations 

under such conditions (Appelo and Postma, 2005; Vandenbohede et al., 2013).  

 

The potential reactivity of phases contained in the aquifer sediments is a key consideration 

in understanding the potential impact of water-rock interactions that may occur during 

MAR (Dillon et al., 2020; Dillon et al., 2011). Sedimentary formations are comprised of 

minerals and phases that have been subject to a variety of geological processes such as 

weathering (physical and chemical), transportation and diagenesis (Selly, 2001). The 

weathering of minerals from source rocks follows the Godlich weathering series (Appelo 

and Postma, 2005; Brantkey et al., 2008; Goldich, 1938; Selly, 2001). Relatively mature 

siliciclastic sediments that have been exposed to weathering and transportation processes 

are mostly composed of thermodynamically stable minerals such as quartz, K-feldspar, 

stable metal oxides and hydroxides, as well as clay mineral weathering products such as 

kaolinite (Appelo and Postma, 2005; Brantkey et al., 2008; Goldich, 1938; Liu et al., 2014; 

Öhman et al., 2006; Selly, 2001; Tazaki et al., 1987). In mature siliciclastic sedimentary 

sequences more labile components tend to be authigenic secondary minerals derived from 

biogenic and/or diagenetic processes, especially when these phases are subject to different 

pH, redox or specific ion disequilibrium conditions to those under which they formed 

(Appelo and Postma, 2005; Brantkey et al., 2008; Palandri and Kharaka, 2004; Selly, 

2001). Examples of such relatively labile phases include carbonates (e.g., siderite, 

dolomite, ankerite, calcite), phosphates (e.g., carbonate-rich fluorapatite = 

Ca10(PO4)5(CO3F)F2), biogenically derived/mediated sulphides (e.g., framboidal pyrite), 

biogenically/diagenetically altered clay minerals such as glauconite, opaline silica, and 
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organic material (e.g., lignite) (Appelo and Postma, 2005; Brantkey et al., 2008; Kholodov, 

2014; Öhman et al., 2006; Palandri and Kharaka, 2004; Ruttenberg and Berner, 1993; 

Seibert et al., 2016; Selly, 2001; Tazaki et al., 1987; Tribble et al., 1995). Additionally, 

species that have become complexed to mineral surfaces or species at the water-mineral 

interface that can exchange with aqueous species are often very labile when subject to the 

potential disequilibrium triggered by MAR operations due to the generally fast reaction 

kinetics of ion exchange and sorption-desorption processes (Bansal, 1983; Chorover and 

Brusseau, 2008; Dzombak and Morel, 1990; Karamalidis and Dzombak, 2010; Rathi et al., 

2017; Sparks, 2003; Sparks et al., 1980).  

 

The long-term success of MAR schemes requires a thorough understanding of concomitant 

water-rock interactions which may affect water quality or scheme operation.  While focus 

has been given to the removal of contaminants prior to injection (Jokela et al., 2017; Yuan 

et al., 2019) as well as the potential for the aquifer itself to remove pathogens and dissolved 

organic pollutants (Betancourt et al., 2014; Händel and Fichtner, 2019; Henzler et al., 2014; 

Kolehmainen et al., 2007; Kortelainen and Karhu, 2006; Sidhu et al., 2015; Wiese et al., 

2011) less attention has been given to a systematic optimisation of pre-treatment options 

to pro-actively prevent water-sediment interactions that promote the release of geogenic 

contaminants. Reported geogenic contaminants released from aquifer sediments during 

MAR include arsenic (Fakhreddine et al., 2015; Neil and Yang, 2012; Rathi et al., 2017; 

Wallis et al., 2011) and fluoride (Gaus et al., 2002; Pettenati et al., 2014; Schafer et al., 

2018; Stone et al., 2016a). Where the mechanism for the release of geogenic contaminants 

is well understood, mitigation strategies such as pre-treatment of injectate water may 

possibly be to be developed to minimise or prevent geogenic contaminant release.  For 

example Prommer et al. (2018a) demonstrated that deoxygenation of reinjected co-

produced water from coal seam gas production could prevent pyrite oxidation and 

associated arsenic release. Fakhreddine et al. (2015) investigated a series of amendments 

of increased divalent ions to reduce release of arsenic from shallow aquifer sediments due 

to the injection of deionised reclaimed water. Sun et al. (2018) investigated co-injection of 

nitrate and iron(II) as ferrous sulphate to generate an iron mineral assemblage containing 

magnetite which can immobilise arsenic in aquifers.    

 

Although much less attention has been paid to fluoride release in MAR systems compared 

to toxic metal(loid)s, fluoride release has been observed in multiple incidents during MAR, 
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even where neither the native groundwater nor the injectant contains significant fluoride 

concentrations. For example, Gaus et al. (2002) reported elevated fluoride concentrations 

during an aquifer storage and recovery (ASR) operation in a chalk aquifer due to fluorite 

dissolution. Stone et al. (2016a) also reported an ASR study where increased fluoride 

concentration occurred during injection of fresh surface water into an alluvial aquifer. 

Kalpana et al. (2019) identified factors such as mineral dissolution and depth to water that 

were related to high fluoride concentrations in basement rock aquifers in order to develop 

a methodology for selecting suitable sites for dilution of high fluoride groundwater by 

MAR. 

 

Concentrations of fluoride in drinking water sources need to be closely monitored as both 

deficiency and excess of fluoride can lead to human and animal health problems. The 

World Health Organisation drinking-water quality guidelines (WHO, 2017) considers that 

fluoride concentration <0.5 mg/L (<26 µM) are beneficial for human health while 

concentrations exceeding the guideline value of 1.5 mg/L (79 µM) may lead to health 

problems such as dental and skeletal fluorosis (Fantong et al., 2010; Jha et al., 2013; 

Vithanage and Bhattacharya, 2015). Excessive fluoride may also lead to learning 

difficulties in children (Yu et al., 2018). 

 

Fluoride is one of the most common geogenic contaminants in groundwater and worldwide  

approximately 200 million people suffer from fluorosis in at least 25 countries (Vithanage 

and Bhattacharya, 2015). Areas of high levels of fluoride (>1.5 mg/L) in groundwater have 

been identified and mapped globally (Amini et al., 2008; Edmunds and Smedley, 2013).  

Geogenic fluoride contamination is mostly associated with two main minerals: fluorite 

(CaF2) (~48 wt% F) and fluorapatite (~3.8 wt% F)  (Banerjee, 2015; Garcia and Borgnino, 

2015). Fluorapatite (FAP: Ca10(PO4)6F2)  and carbonate-rich fluorapatite (CFA: 

Ca10(PO4)5(CO3,F)F2) which is a variety of FAP with a stable carbonate group defect (Yi 

et al., 2013a), are the most widespread fluoride-bearing minerals occurring ubiquitously as 

a trace component in all rock types; sedimentary, metamorphic and igneous (basic and 

acidic) (Filippelli, 2002; Hughes, 2015; Hughes and Rakovan, 2015; Ruttenberg, 2003). 

Fluorite is much less widespread than FAP and occurs mainly hydrothermal vein deposits, 

some acid igneous rocks and rarely as a secondary cement in carbonate rocks (Edmunds 

and Smedley, 2013; Garcia and Borgnino, 2015; Mukherjee and Singh, 2018). Fluoride 

also substitutes in amphibole minerals. (e.g.hornblende) and  phyllosilicates (e.g.biotite) 
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because it has a similar ionic radius to the hydroxyl group and can be released when these 

minerals weather (Edmunds and Smedley, 2013). Other fluoride-bearing minerals, e.g., 

topaz Al2(SiO4)F2 (~11.5 wt% F) are either thermodynamically very stable or, like cryolite, 

Na3AlF6 (~54 wt% F) very rare (Garcia and Borgnino, 2015). 

 

Naturally elevated fluoride in aquifers is commonly found under conditions where calcium 

removal is occurring due to processes such as cation exchange (e.g. Ca/Na exchange) 

and/or mineral precipitation (e.g.calcite (CaCO3) precipitation) (Banerjee, 2015; Edmunds 

and Smedley, 2013; Garcia and Borgnino, 2015). Reported studies of elevated fluoride in 

groundwater almost universally report a negative correlation with calcium, and often a 

positive correlation with sodium, pH and bicarbonate (Abiye et al., 2018; Abu Jabal et al., 

2014; Anshumali et al., 2018; Borgnino et al., 2013; Currell et al., 2011; Dou et al., 2016; 

Edmunds and Smedley, 2013; Fantong et al., 2010; Guo et al., 2007; Jacks et al., 2005; 

Kim and Jeong, 2005; Kumar et al., 2017; Kumar et al., 2018; Liu et al., 2018; Mukherjee 

and Singh, 2018; Rafique et al., 2015; Raju, 2017; Sajil Kumar et al., 2015; Singaraja et 

al., 2018; Su et al., 2019; Travi, 1993; Vithanage and Bhattacharya, 2015; Zabala et al., 

2016; Zack, 1980). Fluorite solubility controls the upper limit of fluoride concentrations 

(Edmunds and Smedley, 2013), and indeed higher fluoride concentrations reported in 

groundwater, usually >4 mg/L, are found to be in equilibrium with fluorite (Abu Jabal et 

al., 2014; Fantong et al., 2010; Kim and Jeong, 2005; Kumar et al., 2017; Rafique et al., 

2015; Raju, 2017; Su et al., 2019). However, the vast majority of reported high fluoride 

>1.5 mg/L in groundwater is found to occur under conditions where fluorite is 

undersaturated, but where the negative correlation between fluoride and calcium is still 

very strong (Abu Jabal et al., 2014; Anshumali et al., 2018; Dehbandi et al., 2018; Dou et 

al., 2016; Fantong et al., 2010; Kalpana et al., 2019; Kim and Jeong, 2005; Kumar et al., 

2017; Kumar et al., 2018; Li et al., 2017; Liu et al., 2018; Rafique et al., 2015; Raju, 2017; 

Sajil Kumar et al., 2015; Singaraja et al., 2018; Su et al., 2019; Zabala et al., 2016). This 

points to another calcium-and-fluoride-bearing mineral being an important control on 

fluoride concentrations. While FAP or CFA are often considered to be a major or the sole 

source of fluoride in groundwater (Anshumali et al., 2018; Borgnino et al., 2013; Cardona 

et al., 2018; Fantong et al., 2010; Raju, 2017) fluoride occurrence at cirum-neutral to 

alkaline pH is not adequately explained by equilibrium with FAP bulk mineral dissolution 

(Banerjee, 2015; Borgnino et al., 2013; Singaraja et al., 2018). Aquifers are found to be 

variably oversaturated with respect to FAP dissolution with no distinct correlation with the 
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degree of oversaturation and fluoride concentration (Singaraja et al., 2018). Consequently, 

there may be an as yet uncharacterised process related to FAP that controls fluoride 

concentrations in aquifers.  

 

Laboratory experimental studies have demonstrated that the fluoride-bearing apatite 

minerals FAP and CFA develop a fluoride-depleted surface layer at the water-mineral 

interface due to rapid ion exchange processes that controls mineral dissolution (Atlas and 

Pytkowicz, 1977; Chaïrat et al., 2007a; Chaïrat et al., 2007b; Christoffersen et al., 1996; 

Dorozhkin, 1997a; Dorozhkin, 1997b; Gómez-Morales et al., 2013; Guidry and 

Mackenzie, 2003; Jahnke, 1984; Perrone et al., 2002; Tribble et al., 1995). The role that 

equilibrium surface reactions of apatite minerals plays in natural systems has not been 

widely recognised. Two exceptions are the detailed experimental work which 

demonstrated that phosphate concentrations in the ocean are in equilibrium with surface 

reactions on CFA (Atlas and Pytkowicz, 1977; Atlas, 1975).  Also Zack (1980) performed 

experiments and demonstrated that naturally occurring elevated fluoride concentrations 

were due to surface reactions occurring on fossil shark teeth (nearly pure FAP). Surface 

dissolution processes may be important for characterising fluoride concentrations in other 

settings such as aquifers. 

 

To date, the risk of fluoride mobilization by MAR with low ionic strength water has not 

been widely recognised. However, given the increasing importance of purified reclaimed 

waters or desalinated seawater as the source water for MAR and the number of MAR 

schemes that rely on aquifers containing fluoride-bearing apatite minerals (Ganot et al., 

2018; Stuyfzand et al., 2017; Vandenbohede et al., 2013) potential water-sediment 

interactions need to be better understood and quantified to ensure sustainable operations.  

 

 

1.2 Research Objectives 
 

The main research objectives of this thesis are to (i) characterise the mechanism of fluoride 

and associated phosphate release from ubiquitous fluoride-bearing apatite minerals that 

may be triggered during the managed injection of deionised water into aquifers and (ii) to 

use the developed process understanding to explore pre-treatment options which may pro-

actively prevent fluoride release from fluoride-bearing phosphate minerals during the 
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managed injection of deionised water into aquifers. This thesis uses and analyses the data 

that were collected during a comprehensive groundwater replenishment field experiment 

in Perth, Western Australia to explore the research objectives. During this experiment 

~3.9GL of deionised wastewater was injected into the siliciclastic Leederville aquifer of 

the Perth Basin over a four year period (Higginson and Martin, 2012; Seibert et al., 2016; 

Seibert et al., 2014).    

 

A range of analytical, experimental and numerical process-based modelling approaches at 

the laboratory, field trial and regional scales are employed.  This work follows three main 

phases:  

(1) initial characterisation of the source of elevated fluoride and phosphate 

concentrations observed during the Perth groundwater replenishment trial 

(PGWRT) through laboratory analyses and experiments as well as the analysis of 

the field trial monitoring data; 

(2) development and calibration of a reactive transport model to identify the interacting 

processes that trigger the release and attenuation fluoride and phosphate observed 

during the PGWRT; and  

(3) application of the process  understanding and modelling framework derived by the 

first two phases to a calibrated regional scale model to test various scenarios of 

different potential injectant pre-treatment amendments to investigate whether 

fluoride release can be reduced as deionized wastewater is injected at the regional 

scale. 

 

A major part of this work relies on the use of reactive transport modelling (RTM). Complex 

interacting geochemical process occurring in groundwater systems either naturally or due 

to the influence of anthropogenic activities such as MAR can be carefully analysed using 

the RTM approach (see Prommer et al. (2019) for a review). When RTM is combined 

judiciously with statistical approaches, different conceptualisations as well as the 

uncertainty of model parameters conditioned on the observation data can be robustly 

evaluated (Doherty, 2015).  Calibrated reactive transport models can also be employed in 

predictive mode to underpin the design of potential source water pre-treatment 

amendments to mitigate the risk of mobilising geogenic contaminants during MAR 

(Prommer et al., 2019).  
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1.3 Structure of this thesis 

This thesis has three core chapters which are the Chapters 2, 3 and 4. These represent the 

three main phases of the research. Each chapter represents either a published paper or a 

paper prepared for publication. At the time of writing the papers for Chapters 2 and 3 have 

been published and the paper for Chapter 4 has been prepared for submission. Publication 

details are presented in Section 1.4. Each chapter is presented with main manuscript 

sections and supporting information sections at the end.  Section numbering and numbering 

of tables and figures has been altered from the published versions to reflect the structure 

of this thesis. All references in this thesis have been combined into a single main reference 

section which is Chapter 6. A summary of the overall research findings is given in 

Chapter 5. Abstracts from conferences at which the author gave oral presentations of this 

research are reproduced in Appendix A.  Appendix B contains unpublished supporting 

information. 

Chapter 2: “Fluoride and phosphate release from carbonate-rich fluorapatite during 

Managed Aquifer Recharge” describes the characterisation phase of the research. The 

Perth groundwater replenishment trial is described in detail including characterisation of 

the Leederville aquifer sediments and the spatiotemporal behaviour of pulses of elevated 

fluoride and phosphate observed in a network of 20 monitoring bores as approximately 

3.9 GL of highly purified deionised wastewater was injected over a four year period.  

Mineral saturation indices calculated for a comprehensive suite of groundwater chemistry 

analytes indicate that the Leederville aquifer groundwater is closest to saturation with the 

depleted surface layer hydrated di-basic calcium phosphate (CaHPO4•nH2O) composition 

that forms at the mineral-water interface of carbonate-rich fluorapatite (CFA: 

Ca10(PO4)5(CO3,F)F2). Nodules recovered from Leederville sediment core material are 

analysed using electron microprobe, X-ray diffraction (XRD), X-ray fluorescence (XRF) 

and Fourier transform infrared spectroscopy (FTIR) techniques and identify that CFA is 

present. An anaerobic batch experiment performed on a powder CFA-rich nodule 

mimicking the injection of deionised wastewater into the Leederville aquifer replicates the 

chemistry observed during the PGRT reproduces a similar pattern of fluoride and 

phosphate release to that observed in the field during the PGWRT field trial.  Numerical 

modelling of the anaerobic batch experiment and further analysis of the groundwater 

chemistry monitoring data collected during the trial indicate that removal of calcium ions 

is an important process linked to elevated fluoride and phosphate concentrations.  
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A fluoride extraction experiment on Leederville sediments low in total phosphorous and 

hence CFA was also performed as part of the first research phase. This experiment 

demonstrates minimal release of fluoride occurs from Leederville sediments low in CFA. 

The experiment was not included in the first paper (ie Chapter 2) but was presented in the 

supporting information for paper 2 (Chapter 3). 

 

Chapter 3: “Model-based analysis of reactive transport processes governing fluoride and 

phosphate release and attenuation during managed aquifer recharge” describes the 

development a detailed mechanistic numerical model of the interacting processes related 

to the release and the fate of fluoride and phosphate during the four year field-scale Perth 

groundwater replenishment trial. The model is based on the previous work of Seibert et al. 

(2016); Seibert et al. (2014) and is setup in radial symmetric configuration centred on the 

single trial injection well and had a fine vertical discretisation of 76 layers to represent 

vertical heterogeneity over the 100m injection interval. Various geochemical processes 

such as mineral dissolution (equilibrium and kinetic), redox processes, cation exchange 

and surface complexation using the generalised composite approach based on gibbsite are 

incorporated. The model is calibrated to a detailed suite of geochemistry observations 

collected from the network of 20 monitoring bores collected at approximately monthly 

intervals and uncertainty analysis is performed. Dissolution of CFA is successfully 

modeled as a two-step process involving (1) rapid proton exchange that releases fluoride 

and (2) equilibrium with a depleted mineral surface of hydrated di-basic calcium phosphate 

composition that releases phosphate.  The processes occurring in four distinct geochemical 

zones that develop radially as deionized wastewater is injected into the Leederville aquifer 

are identified from the calibrated model. Elevated fluoride and phosphate are found to 

occur as divalent calcium ions preferentially partition onto sediment exchanger sites under 

low ionic strength conditions occurring after breakthrough of the deionised injectant, 

Surface complexation of fluoride and phosphate under the slightly alkaline pH conditions 

occurring after breakthrough was found to be minimal. Maximum fluoride concentrations 

are inferred not to increase above the highest concentration already observed to occur 

immediately after breakthrough of the deionized injectant where fluoride concentrations 

are at a maximum in equilibrium with the CFA surface exchange reaction under conditions 

of very low ionic strength and associated minimal calcium concentrations.   
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Chapter 4: “Fluoride release from carbonate-rich fluorapatite during managed aquifer 

recharge: model-based development of mitigation strategies” describes the long term 

scenarios of different potential injectate pre-treatment amendments to investigate whether 

fluoride release from CFA can be reduced as low ionic strength recycled water is injected 

at the regional scale. The calibrated regional scale reactive-transport model of the 

Leederville aquifer based on the process identified during the field trail from Sun et al. 

(2020a) with some minor adjustments to the parameters governing fluoride and phosphate 

release is used for the scenarios. In predictive mode the regional-scale model for this study 

is run with monthly stress periods for 30 years with the combined injection 28 GL/from 

stage I and stage II of regional scale implementation groundwater replenishment using the 

average deionised injectant from stage I (14 GL/a) which has been operated since 2017. 

Five different amendments are investigated which involve three end-member types of 

modification (1) amending with calcium and (2) amending with sodium ions to promote 

displacement of calcium from sediment exchanger sites and (3) elevation of pH. The model 

results indicate that amending with sodium is consistently effective at reducing fluoride 

release from CFA. While the amending with calcium generally produces a greater 

reduction in fluoride release from CFA than sodium amendments, at moderate doses 

(~0.001M) however, a decrease in pH with time due to competitive cation exchange 

between calcium and hydrogen makes treatment with calcium less effective. Increasing the 

injectate pH was not found to be effective at reducing fluoride concentrations due to pH 

buffering from aquifer sediment cation exchange sites. The pre-treatment that is considered 

most viable is synthetic seasalt which has similar performance to pure sodium chloride but 

also add magnesium which is considered a health benefit (Birnhack and Lahav, 2007; 

Birnhack et al., 2011) and sulphate which increases corrosion protection for metal pipes 

(Tang et al., 2006a; Tang et al., 2006b). A detriment effect of this proposed treatment is 

the addition of chloride ions.  While field scale testing of proposed pre-treatments is 

required to verify their performance, and tailoring of salt make-up for specific health and 

corrosion protection requirements may be desirable, the modelling results indicate in 

principle that significant reductions (~30-40%) of maximum fluoride release observed 

without pre-treatment may been achieved by the addition of a modest amount of  

(~50mg/L) of seasalt. 
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Abstract 
 

Managed aquifer recharge (MAR) is increasingly used as a water management tool to 

enhance water availability and to improve water quality. Until now, however, the risk of 

fluoride release during MAR with low ionic strength injectate has not been recognised or 

examined. In this study we analyse and report the mobilisation of fluoride (up to 58 µM) 

and filterable reactive phosphorus (FRP) (up to 55 µM) during a field groundwater 

replenishment experiment in which highly treated, deionised wastewater (average TDS 

33 mg/L) was injected into a siliciclastic Cretaceous aquifer. In the field experiment, 

maximum concentrations, which coincided with a rise in pH, exceeded background 

groundwater concentrations by an average factor of 3.6 for fluoride and 24 for FRP. The 

combined results from the field experiment, a detailed mineralogical characterisation and 

geochemical modelling suggested carbonate-rich fluorapatite (CFA: Ca10(PO4)5(CO3,F)F2) 

to be the most likely source of fluoride and phosphate release. An anoxic batch experiment 

with powdered CFA-rich nodules sourced from the target aquifer and aqueous solutions of 

successively decreasing ionic strength closely replicated the field-observed fluoride and 

phosphate behaviour. Based on the laboratory experiment and geochemical modelling, we 

hypothesise that the release of fluoride and phosphate results from the incongruent 

dissolution of CFA and the simultaneous formation of a depleted layer that has hydrated 

di-basic calcium phosphate (CaHPO4•nH2O) composition at the CFA-water interface. 

Disequilibrium caused by calcium removal following breakthrough of the deionised 

injectate triggered the release of fluoride and phosphate. Given the increasing use of highly 

treated, deionised water for MAR and the ubiquitous presence of CFA and fluorapatite 

(Ca10(PO4)6F2) in aquifer settings worldwide, the risk of fluoride and phosphate release 

needs to be considered in the MAR design process. 

 

 

Figure 2-1  Graphical abstract 
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2.1   Introduction 
 

Globally, but especially in arid and semiarid regions, managed aquifer recharge (MAR) is 

an increasingly used water management tool. It involves infiltration or direct injection of 

water into suitable aquifers to improve and secure long-term water supplies (Casanova et 

al., 2016; Dillon and Arshad, 2016). In most applications of MAR, the infiltration or 

injection of various water types (e.g., surface water, purified wastewater, stormwater 

runoff) typically creates a geochemical disequilibrium that triggers a wide range of water-

rock interactions (Descourvieres et al., 2010a; Fakhreddine et al., 2015; McNab Jr et al., 

2009; Treumann et al., 2014; Vanderzalm et al., 2010; Wallis et al., 2011). For selected 

sedimentary aquifer types, this re-equilibration can induce the risk of mobilising geogenic 

fluoride (Gaus et al., 2002). While concentrations of fluoride less than 0.5 mg/L (26 µM) 

in drinking water are considered beneficial to human and animal health, concentrations 

greater than 1.5 mg/L (79 µM) can lead to dental fluorosis and, in extreme cases, skeletal 

fluorosis (Edmunds and Smedley, 2013; Fantong et al., 2010; WHO, 2017). While high 

concentrations of dissolved fluoride are not commonly associated with sedimentary 

aquifers, elevated fluoride concentrations have been associated with the presence of 

fluorite (CaF2) in chalk aquifers (Gaus et al., 2002; Malcuit et al., 2014), anion exchange 

with fluoride-bearing phyllosilicates (Edmunds and Smedley, 2013; Guo et al., 2007), and 

the biologically and/or chemically derived fluoride-bearing phosphate minerals 

fluorapatite (FAP: Ca10(PO4)6F2) and carbonate-rich fluorapatite (CFA: 

Ca10(PO4)5(CO3F)F2) (Borgnino et al., 2013; Edmunds and Smedley, 2013; Travi, 1993; 

Zack, 1980). In weathered and fractured rock aquifers in crystalline terrains, high fluoride 

concentrations have been commonly associated with the presence of fluorite, as well as 

primary rock-forming FAP, fluoride-bearing phyllosilicates, and hornblende(Edmunds and 

Smedley, 2013; Fantong et al., 2010; Rafique et al., 2015; Raju, 2017). 

 

CFA, also referred to as ‘francolite’ in economic deposits, predominantly forms in marine 

environments under reducing conditions, especially where there is upwelling (Ruttenberg, 

2003); (Kholodov, 2014). It is, however, also known to form in freshwater lacustrine 

environments (Föllmi, 1996; Kholodov, 2014). Bone hydroxyapatite (Ca10(PO4)6(OH)2) as 

well as muscle tissue can re-mineralise as CFA (Keenan, 2016). Recent studies have shown 

that during the Mesozoic, marine and land vertebrates incorporated extensive amounts of 
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FAP into tooth material (enameloid and dentin) whereas, at present, only the enameloid in 

cartilaginous fish (e.g., sharks) is FAP while all other vertebrate groups have 

hydroxyapatite tooth material (Lübke et al., 2015). Therefore, the age and depositional 

history of the sedimentary aquifers may influence the amount of biogenic fluoride-bearing 

phosphate minerals that are present and whether fluoride may be mobilised during MAR. 

 

CFA is a variety of FAP with a stable defect consisting of a planar carbonate group and 

fluoride ion pairing that replaces up to approximately 1.4 phosphate tetrahedra per unit cell 

within the apatite structure (hexagonal P63/m space group) (Dorozhkin, 2015; Hughes and 

Rakovan, 2002; McClellan, 1980; Yi et al., 2013b). Calcium atoms in the FAP structure 

exist in two different coordinations (9-fold and 7-fold) with oxygen atoms, from the 

phosphate tetrahedral, and fluoride ions occurring in structural channels (Chaïrat et al., 

2007b; Dorozhkin, 2012). Carbonate ions in CFA can also occur in the main structural 

channels as well as pair with fluoride in phosphate site (Yi et al., 2013b). The apatite 

structure in general allows a multitude of substitutions (Hughes and Rakovan, 2002; Jarvis 

et al., 1994; Pan and Fleet, 2002). The substitutions in CFA, especially the main carbonate 

defect, limit the size to which CFA crystals can grow, usually to 0.3-2 μm in size 

(McClellan and Lehr, 1969). 

 

The dissolution mechanism of calcium apatite is complex and is still not fully understood 

(see for example the reviews by Dorozhkin (2002) and Dorozhkin (2012)). CFA and FAP 

are sparingly soluble under circumneutral pH conditions and have solubility products that 

vary with pH (Chaïrat et al., 2007a; Jahnke, 1984). Experimental studies have 

demonstrated that dissolution of CFA and FAP in low ionic strength water and at 

circumneutral pHs is initially incongruent, whereby the ratios of fluoride to phosphate and 

calcium to phosphate exceed the stoichiometric ratios existing in the mineral (Bengtsson 

et al., 2007; Chaïrat et al., 2007b; Guidry and Mackenzie, 2003; Zhu et al., 2009). Based 

on experiments using FAP, Zhu et al. (2009) found that the preferential release of 

phosphate and fluoride accompanied by a rapid rise in solution pH. Dissolution of FAP has 

been proposed to start as a rapid proton exchange reaction whereby H+ is adsorbed onto 

the apatite surface triggering the combined released of fluoride and weakly coordinated 

calcium. This results in the formation of a leached layer of dicalcium phosphate (DCP: 

CaHPO4.nH2O) composition at the FAP surface (Chaïrat et al., 2007a; Christoffersen et 

al., 1996). Zhu et al. (2009) attributed the observed early preferential release of phosphate 
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to dissolution of crystal edges and corners. Jahnke (1984) also found that during the initial 

dissolution of synthetic CFA, carbonate ions were also likely to be released preferentially. 

 

After the initial incongruent stage, the dissolution of CFA and FAP gradually becomes 

stoichiometric (Chaïrat et al., 2007b; Guidry and Mackenzie, 2003; Tribble et al., 1995). 

The stoichiometric dissolution occurs when equilibrium is reached where the rate of release 

of weakly coordinated calcium, internally from the bulk mineral as H+ ions traverse the 

leached surface layer, equals the rate of release of more strongly coordinated calcium at 

the surface layer/solution boundary (Chaïrat et al., 2007b; Tribble et al., 1995). The rate of 

stoichiometric dissolution of CFA and FAP is relatively slow near and above pH 7 and 

increases with decreasing pH under acidic conditions (Chaïrat et al., 2007b; Guidry and 

Mackenzie, 2003). 

  

Aquifers in equilibrium with fluoride-bearing phosphate minerals do not necessarily 

contain high concentrations of fluoride in groundwater. For example, Travi (1993) noted 

that groundwater in contact with CFA deposits in north-west Tunisia contained low 

fluoride concentrations, most likely due to the high dissolved calcium concentrations that 

persist as a result of the presence of gypsum (CaSO4•2H2O) in the aquifer. However, 

fluoride mobilisation may occur where dissolved calcium concentrations are low. For 

example, Travi (1993) noted elevated fluoride concentrations in CFA containing aquifers 

in Senegal with low calcium concentrations. High fluoride concentrations have also been 

reported for aquifers containing CFA and trace phosphate minerals where calcium has been 

removed from groundwater as a result of calcite precipitation (Abu Jabal et al., 2014; 

Kumar et al., 2018; Rafique et al., 2015) or cation exchange (Edmunds and Smedley, 

2013). These naturally occurring water-rock interactions illustrate the potential for fluoride 

mobilisation to occur during MAR in cases where the injectate contains lower 

concentrations of calcium than the native groundwater (NGW).  

 

To our knowledge, the risk of fluoride and phosphate release from aquifers during MAR 

with low ionic strength water has neither been recognised nor examined. In this study, we 

report, for the first time, fluoride and phosphate release during a large-scale closely 

monitored field experiment in which deionised wastewater was injected into a Cretaceous 

siliclastic aquifer with low background fluoride concentration. Combining field 

observations with supporting laboratory experiments and geochemical modelling, we 
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identify the trace CFA phases in this aquifer and reveal the mechanisms that control 

fluoride release.  

 

2.2   Material and Methods 

2.2.1  Site characteristics and field injection experiment 

A comprehensive field-scale injection experiment was conducted between November 2010 

and September 2014 to investigate the feasibility of recharging highly treated wastewater 

into the Cretaceous siliciclastic Leederville aquifer of the Perth Basin, Western Australia 

(Figure 2-2) (Seibert et al., 2016; Seibert et al., 2014). The highly treated wastewater was 

injected through a single injection well screened between 123.7 and 224.4 m below ground 

level (bgl) (Figure 2-3). The targeted injection interval comprised the Wanneroo Member 

of the Leederville Formation, which is locally confined above by the silty sands, silts, and 

clays of the Pinjar member and below by both the Mariginiup member and the South Perth 

Shale (Descourvieres et al., 2011; Leyland, 2011). The Leederville Formation sediments 

consist of interbedded sand, clay and silt layers that were deposited in a marginal-marine 

setting (Leyland, 2011). Sand layers are subarkosic and composed mostly of quartz (64%) 

and K-feldspars (27%), while silt and clay beds contain kaolinite (24–54%), K-feldspar 

(20–29%) and quartz (18–40%) (Descourvieres et al., 2011). Trace minerals which have 

been detected include pyrite, lignite, siderite, muscovite and biotite (Descourvieres et al., 

2011). Trace phosphate minerals were not specifically searched for when the Leederville 

sediments were initially characterised for the field injection experiment. 

 

Pre-treatment of the wastewater involved ultra-filtration, reverse osmosis and ultra-violet 

disinfection, resulting in oxic deionised wastewater (Higginson and Martin, 2012). Over 

the trial period, a total of 3.90 × 106 m3 of this pre-treated wastewater was injected at an 

average injection rate of 2800 m3/d. The spreading of the injectant was monitored through 

an extensive groundwater sampling program through by 20 monitoring wells and time-

lapse temperature logging. The 20 monitoring wells were arranged in 5 multilevel well 

clusters at radial distances of 20, 60, 120, 180 and 240 m from the injection well 

(Figures 2-2 and 2-3). Groundwater quality evolution in all 20 monitoring wells was 

monitored throughout the trial for a broad range of water quality indicators, including pH, 
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Figure 2-2  Perth groundwater replenishment field injection trial site showing location of 

injection well, monitoring wells and reverse osmosis water treatment facilities. (Figure 

reproduced with permission from (Seibert et al., 2014) 

 

redox potential, dissolved oxygen, alkalinity, major ions, nutrients, heavy 

metals/metalloids and organic substances. All water quality samples were stored on ice 

immediately following collection and submitted for analysis the same day. NGW 

conditions were established at all monitoring wells through repeated groundwater quality 

sampling commencing approximately 2 years prior to the start of injection. Additionally, 

injectant samples were taken monthly from the post-treatment reservoir tank shortly before 

injection and analysed in a similar fashion. Detailed descriptions of the sampling and 

analytical procedures are given in (Water_Corporation, 2009). Time lapse temperature and 

induction logging of the monitoring wells and subsequent solute and heat transport  
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Figure 2-3  Schematic radial cross-section centred on the injection well. All monitoring wells 

(shown as separate screens intervals at each monitoring location) are projected onto the cross-

section). 

 

modelling demonstrated that flow and transport occurred preferentially in the interlayered 

sand beds (Seibert et al., 2014). Previous column experiments and reactive transport 

modelling identified pyrite  oxidation as a key reaction that occurred when the injectant 

displaced the highly reducing NGW, particularly in the vicinity of the injection well 

(Descourvieres et al., 2010a; Descourvieres et al., 2010b; Seibert et al., 2016). Acidity 

generated from pyrite oxidation was found to be buffered by a combination of proton 

exchange on cation exchange sites and, to a lesser extent, the dissolution of trace carbonate 

minerals, ankerite and siderite, as well as dissolution of glauconite and chlorite (Seibert et 

al., 2016). Fluoride and phosphate pulses were observed during breakthrough of the 

injected pre-treated wastewater.  
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2.2.2  Characterisation of carbonate-rich fluorapatite contained in the 

Leederville Formation sediments 

To identify potential sources of fluoride and phosphate, compositional and mineralogical 

analyses were conducted on the Leederville Formation sediments. From core material 

collected from a bore ~525 m to the north of the injection well, several apatite-rich nodules 

were recovered. The interval in which the nodules were found was ~112.2 m bgl within 

fine grained Leederville Formation sediments. Polished carbon coated sections of these 

nodules were analysed using a JEOL JSM-7001F emission scanning electron microscope 

(SEM) with a Bruker Quantax 400 energy dispersive spectroscopy elemental mapping 

system. High resolution images of the nodule sections were obtained using a Tescan Vega3 

and FEI Varios SEM. Compositional analyses of individual micron sized grains within a 

selected nodule were undertaken using a JEOL JXA-8500F electron microprobe equipped 

with five wavelength dispersive spectrometers and two energy dispersive spectrometers. 

The analyses were performed on surfaces polished to a 1 µm diamond finish. The electron 

probe micro-analyser was operated at an accelerating voltage of 10 kV, beam current of 5 

nA and the beam was defocused to 2 µm. The relatively low voltage of 10kV was chosen 

to reduce the interaction volume as the CFA was fine grained.  The suite of elements 

analysed included Ca, P, F, Al, Cl, S, Fe, Na, and Si. To minimise damage to the sample, 

and mitigate migration of light elements under the electron beam, counting times were set 

to 4 seconds for Ca and P, 6 seconds for F, and 10 seconds for the other elements. Standards 

used were FAP (Ca5(PO4)3F), berlinite (AlPO4), sylvite (KCl), pyrite (FeS2), hematite 

(Fe2O3), albite (NaAlSi3O8), and wollastonite (CaSiO3). All elements analysed were 

corrected for atomic number, absorption and fluorescence using the CITZAF Phi-Rho-Z 

correction procedure (Armstrong, 1995) with oxygen calculated by stoichiometry and 

carbon calculated by difference.  

 

Additionally, the nodules were characterised using both Fourier transform infrared 

spectroscopy (FTIR) and X-ray diffraction (XRD). FTIR spectra were collected using a 

Vertex 70 Fourier transform infrared spectrometer and Hyperion 3000 microscope 

(Bruker). The microscope was operated in attenuated total reflectance mode using a liquid 

nitrogen cooled mercury-cadmium-telluride detector. Measurements were made with a 

20× objective and an area of 30×30 µm was sampled. Spectra were collected between 4000 

to 600 cm-1 using 64 scans, a resolution of 2 cm-1 and air was used as the background. The 



 Schafer, D.B.H. 

 PhD Thesis. The University of Western Australia 
 

 

FTIR peak assignments are based on various references (Antonakos et al., 2007; Yi et al., 

2013a; Zhu et al., 2009). XRD spectra of the nodules were collected using a PANalytical 

X-Pert Pro XRD system (see Supporting Information S2.1 for details). The diffraction 

patterns were matched against the ICDD PDF database using the PANAlytical X'pert 

Highscore Plus software. 

 

2.2.3  Anoxic batch experiment, sampling and analyses 

To investigate whether fluoride and phosphate in the groundwater at the field site were 

released specifically from CFA, two sets of batch experiments were performed in 

duplication under anoxic condition that approximately mimicked the geochemical 

condition during the field injection trial. In the experiment, artificial groundwater in 

equilibrium with CFA was gradually replaced with artificial deionised injectate (DeI) 

water, and the solutions were sampled and monitored for compositional changes.  

 

Artificial stock solutions representative of the NGW and the DeI were prepared using 

analytical grade reagents and ultrapure water.  The compositions of the NGW and DeI stock 

solutions were based on the groundwater composition at the base of the injection interval 

and the average pre-treated wastewater composition, respectively (Table 2-1) (Higginson 

and Martin, 2012). The NGW solution consisted of 426 mg/L Na+, 73 mg/L HCO3
-, 47 

mg/L SO4
2- and 580 mg/L Cl- (ionic strength (I) = 17.35 mM), while the DeI solution 

consisted of  12.1 mg/L Na+, 17.6 mg/L HCO3
- and 8.7 mg/L Cl- (I = 0.53 mM). Five 

solution mixtures were then made by mixing the stock solutions by volume, as 100% 

NGW, 75% NGW – 25% DeI, 50% NGW – 50% DeI, 25% NGW – 75% DeI and 100% 

DeI. All solutions were de-oxygenated by purging with nitrogen gas (N2) before use. 

 

A large CFA rich nodule was collected from the same interval from which the nodule used 

for the microprobe compositional analysis was sourced. This nodule was ground into a fine 

powder using an agate mortar. A portion of the powder was analysed for elemental 

composition by X-ray fluorescence (XRF) with a PANalytical Axios Advanced 

wavelength dispersive system (see Supporting Information S2.1 for details). The remainder 

of the powder was used for the batch experiments. 
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Table 2-1  Average composition for DeI and composition of NGW from selected monitoring 

wells (Higginson and Martin, 2012). 

 

  NGW  DeI 

   (representative analyses)   

Location Site 
BY04: 120m 

East 
BY02: 120m 

East 
BY01: 120m 

East 
 

Screen depth m bgl# 127.5 – 130.5 165.3 – 171.3 203.3 – 209.3   

Sample date Date 21-Oct-10 21-Oct-10 21-Oct-10 17-Nov-10  to  19-Aug-14 

pH - 6.70 6.71 6.67       7.00   (sd = 0.10, n = 77) 

Temperature °C 24.1 24.9 26.2       - 

Dissolved 

oxygen 
mg/L - - -       8.3     (sd = 0.5, n = 78) 

TDS mg/L 410 870 1100     33.2     (sd = 10.9, n = 51) 

Cl mg/L 168 468 639       7.0     (sd = 2.1, n = 39) 

Na mg/L 82.2 234 355     10.3     (sd = 2.4, n = 39) 

HCO3 mg/L 92 73 104     13.9     (sd = 7.2, n = 39) 

SO4 mg/L 9.4 40.2 75       0.14   (sd = 0.08, n = 39) 

Ca mg/L 26.8 23.8 21.2       0.10   (sd = 0, n = 39) 

Si as SiO2 mg/L 24 30 28       0.88   (sd = 0.31, n = 39) 

K mg/L 9.2 15.4 16.1       1.0     (sd = 0.3, n = 39) 

Mg mg/L 8.9 25.6 30.6       0.11   (sd = 0.03, n = 39) 

Fe (filtered) mg/L 5.7 7.7 9.1       0.005 (sd = 0, n = 50) 

Br mg/L 0.5 1.2 1.6       0.02   (sd = 0, n = 39) 

N (total) mg/L 0.25 0.23 0.21       2.50   (sd = 0.82, n = 50) 

F mg/L 0.1 0.17 0.26       0.12   (sd = 0.07, n = 39) 

FRP*  mg/L 0.07 0.18 0.28       0.01   (sd = 0, n = 50) 

P (total) mg/L 0.09 0.19 0.28       0.02   (sd = 0.01, n = 50) 

B mg/L 0.05 0.09 0.1       0.10   (sd = 0.03, n = 50) 

Mn (filtered) mg/L 0.053 0.053 0.081       0.001 (sd = 0, n = 16) 

Al (filtered) mg/L 0.006 0.008 0.011       0.005 (sd = 0, n = 16) 

*FRP = Filterable (molybdate) reactive phosphorus               #meters below ground level 

 

Two CFA powder samples, sample 1 weighing 0.989 g and sample 2 weighing 0.962 g, 

were placed in two 15 mL polypropylene centrifuge vials, to each of which 10 mL of the 

100% NGW solution was added. The pH was measured using a TPS 90FL-MV multi-

parameter instrument with an intermediate junction pH electrode (IJ-44C, Ionode). To 

remove the acidity generated by pyrite oxidation during exposure of the nodule to air, the 

pH was adjusted from around pH 4 using NaOH to a pH similar to the NGW, vial 1 pH 

7.09 and vial 2 pH 7.23. The pH-adjusted solid-solution mixtures were purged with N2 for 

30 minutes. The vials were centrifuged at 3316g for 10 minutes, before the supernatant 

was decanted and replaced with 10 mL of de-oxygenated 100% NGW solution. The head 
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space in the vials were replaced with N2, capped and transferred to an anoxic chamber (Coy 

Laboratory Products) where the solid-solution mixtures were equilibrated for 124 days. 

During the 124 day equilibration period, the mixtures were periodically shaken by hand. 

After 124 days, the pH of the solid-solution mixtures was measured in the anoxic chamber. 

The sealed vials were removed from the chamber, centrifuged for 10 minutes at 3316 g, 

and then transferred back to the chamber. The supernatant was decanted and filtered to 

0.45 µm (cellulose acetate membrane, Whatman Puradisc FP 30), and the solids were then 

treated with 10 mL of de-oxygenated 75% NGW – 25% DeI solution. The capped vials 

were removed from the chamber and placed on an end-over-end mixer for 60 minutes, 

before being centrifuged at 3316 g for 10 minutes. The vials were then returned to the 

chamber where the pH was measured, and the supernatant was decanted and filtered (0.45 

µm). This procedure was repeated three times for the remaining mixtures in order of 

decreasing NGW fraction.  

 

The solution samples were analysed for Ca2+, Mg2+, Na+, K+, Cl-, SO4
2-, F- and PO4

3- 

concentrations using a Dionex ICS-3000 ion chromatography system. Cations were 

analysed using IonPac CS16 analytical and guard columns, with an eluent of 30 mM 

methanesulfonic acid, at a flow rate of 1.2 mL/min. Anions were analysed using IonPac 

AS18 analytical and guard columns, in gradient mode with eluent concentrations 

increasing from 12 to 45 mM potassium hydroxide, at a flow rate of 1.0 mL/min. The F- 

and PO4
3- concentrations were determined using the method of standard additions. 

Ultrapure water (Milli-Q) was used to prepare standards and dilute samples. Instrument 

drift was corrected for by the addition of an internal standard (lithium fluoride, 20 mg/L) 

for determination of ions except for F- and PO4
3-. Bicarbonate (HCO3

−) was measured 

separately by titration using a Hanna HI 3811 total alkalinity kit. The NGW – DeI solution 

mixtures were used in these analyses as blanks. 

 

2.2.4   Geochemical modelling of pre-injection native groundwater and 

anoxic batch experiment 

Saturation indices (SIs) for a suite of potentially labile fluoride and phosphate bearing 

phases were calculated with PHREEQC (Parkhurst, 2015) under pre-injection native 

conditions. The standard Phreeqc.dat database was modified to include additional fluoride 
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and phosphate minerals and calcium-phosphate salts as well as revised equilibrium 

constants from the literature (Supporting Information Table S2-2). SIs were calculated at 

25ºC, consistent with the NGW temperature of 25.3 ± 0.8ºC (n = 88). In total, 88 

groundwater compositions from 20 monitoring wells were analysed.   

 

Geochemical modelling of the anoxic batch experiment was undertaken with PHREEQC 

to test the proposed conceptual model of the processes controlling fluoride and phosphate 

release with decreasing ionic strength. In the reaction network, CFA dissolution was 

modelled as an exchange reaction in which CFA dissolution and the formation of hydrated 

di-basic calcium phosphate (DCP: CaHPO4•nH2O) at the water-mineral interface occur 

simultaneously in response to proton attack, i.e., changes in pH. The anoxic batch 

experiment was modelled as a sequence of mixing events and the corresponding 

adjustments of the water-sediment equilibria: 

• The initial exchanger composition prior to the mixing/dilution events was 

determined through equilibration with the solution composition that was 

determined after the initial 124 day equilibration period with 100% NGW. 

• Decanting and replacing the solution with the 75% NGW – 25% DeI mixture 

was modelled by mixing the NGW–DeI solutions (~95% of the total volume) 

with the residual porewater (~5% of the total volume) while maintaining 

equilibrium with the exchange sites and selected minerals.    

• The above step was repeated for 50% NGW – 50% DeI, 25% NGW – 75% DeI, 

and 100% DeI. 

 

2.3   Results 

2.3.1  Pre-injection native groundwater 

The NGW in the Leederville aquifer consisted of Na-Cl to Na-Cl-HCO3 type water with a 

TDS that increased with depth ranging from 400 to 1100 mg/L and low fluoride and 

phosphorus concentrations of both < 0.3 mg/L (Table 2-1). The SIs calculated for the pre-

injection native conditions indicated that the groundwater was under-saturated with respect 

to all fluoride and phosphate bearing mineral phases (Figure 2-4). Among the fluoride and 

phosphate bearing minerals investigated, the surface layer that has a DCP composition at 

the FAP-water interface (hereinafter referred to as DCP-surface) (Chaïrat et al., 2007a) 

was the phase that was closest to equilibrium with the NGW (median SI = -1.07,  
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Figure 2-4  Saturation indices for potential fluoride and phosphate bearing phases, carbonate 

minerals and gypsum for 88 samples from 20 monitoring wells prior to the start of injection. The 

line within the box is the median, the box ends define 25th and 75th percentiles, whiskers define 

the 10th and 90th percentiles and outliners are dotted. References for mineral equilibrium constants 

are 1(Parkhurst, 2015), 2(Chaïrat et al., 2007a), 3(Blanc, 2018), 4(Al-Borno and Tomson, 1994), 
5(Wagman et al., 1982), 6(Al et al., 2000), 7(Jahnke, 1984) and 8(Stumm and Morgan, 1996). 

 

range -1.42 to +0.18). The groundwater showed to be more under-saturated with respect to 

the FAP bulk mineral (median SI = -1.69, range -4.16 to +2.54) than with respect to the 

DCP-surface. This may be indicative of the presence of FAP or CFA at the study site. The 

SI for CFA was calculated using the solubility product for CFA with a composition of one 

carbonate ion per unit cell content (Jahnke, 1984). However, Jahnke (1984) showed that 

the solubility product varies significantly with carbonate content. Since the composition of 

CFA was not known a priori, it was not possible to determine how close the bulk mineral 

of CFA is to equilibrium. A number of groundwater samples show SIs near zero for 

vivianite (Fe3(PO4)2•8H2O) (median SI = -2.60, range -4.15 to +0.40), suggesting that this 

iron phosphate mineral might locally prevail within the aquifer. Fluorite, the presence of 

which is a common cause of elevated fluoride concentration in groundwater, was always 

under-saturated (median SI = -3.26, range -4.32 to -2.70) and is presumably absent. The 

median SI for the carbonate mineral siderite (FeCO3) was +0.09 (range -0.59 to +0.39) and 

therefore close to saturation. This is consistent with its previous detection in fine-grained 
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Leederville Formation sediments (Descourvieres et al., 2011). A number of other carbonate 

minerals were under-saturated (calcite median SI = -1.58, dolomite median SI = -2.88, 

ankerite median SI = -3.12) along with gypsum (median SI = -3.01), as discussed in more 

detail in Seibert et al. (2016). 

 

2.3.2  Fluoride and phosphate breakthrough behaviour during the field 

experiment 

During the field injection experiment, highly treated wastewater was injected. The pre-

treatment resulted in deionised water with low dissolved solids concentration (TDS) of 

33.2 ± 10.9 mg/L and relatively high dissolved oxygen concentration of 8.3 ± 0.5 mg/L 

(Table 2-1) (Higginson and Martin, 2012). Arrival times of the injectate, as indicated by 

the decrease in the concentration of the conservative solute chloride, increased with 

distance from the injection well and varied with depth (Figures 2-5 and 2-6). At 20 m from 

the injection well, the fastest complete breakthrough of chloride occurred after 21 days (at 

monitoring well BY11), while at 240 m the fastest complete breakthrough occurred after 

1155 days (at monitoring well BY17). 

 

Pulses of increased fluoride and phosphate concentration were observed upon 

breakthrough of the injectate as indicated by Cl− at most monitoring locations (Figure 2-5). 

Generally, increased fluoride concentrations occurred slightly before increased phosphate 

concentrations. Observed peak concentrations of fluoride ranged from 12 μM to 58 μM, 

exceeding background concentrations by a factor of 3.6 ± 1.2 (n = 20). Observed peak 

concentrations of phosphate (measured as filterable reactive phosphorus, FRP) ranged 

from 3.9 μM to 55 μM, exceeding background concentrations by a factor of 24.1 ± 16.2 (n 

= 20). Concentrations of phosphate were consistently lower than fluoride concentration 

with the ratio of phosphate to fluoride concentrations being 0.82 ± 0.22 (n = 20). With 

increasing distance from the injection well, the observed pulses of fluoride and phosphate 

generally became broader while also increasing in amplitude (Figures 2-5 and 2-6). A few 

selected monitoring bores located at 20 m from the injection well (e.g., BY11, BY08 and 

BY06) showed a small sustained increase in fluoride, while the phosphate pulse declined 

rapidly (Figure 2-5). With continued injection, fluoride and phosphate decreased to  



 Schafer, D.B.H. 

 PhD Thesis. The University of Western Australia 
 

 

 

Figure 2-5  Observed breakthrough behaviour of chloride (Cl), pH, fluoride (F) and filterable 

reactive phosphorus (FRP) during the field injection experiment. Plots are arranged in columns 

representing monitoring bore nests at radial distances 20 m, 60 m, 120 m, 180 m and 240 m 

respectively from the injection well. See Figure 2-3 for location of screen intervals. Breakthrough 

of deionised wastewater is indicated by low chloride.  

 

background concentrations, with the phosphate concentrations declining faster than the 

fluoride concentrations. 

 

A rise in pH from around 0.2 to 1.0 pH units also occurred upon breakthrough of the DeI 

(Figures 2-5 and 2-6). The rise in pH in proximal bores, i.e., where breakthrough was fast,  
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Figure 2-6  Observed ion ratios and SIs  during breakthrough of deionised wastewater for selected 

wells BY07, BY13 and BY02: (a) – (c) chloride, fluoride and filterable reactive phosphate (FRP) 

(d) – (f) chloride, pH and HCO3/Cl ratio (g) – (i) chloride and Na/Ca ratio (j) – (k) chloride, Na/Cl 

and Ca/Cl ratios (m) – (o) chloride, DCP surface SI and FAP SI. 

 

was generally followed by a slow decrease in pH. More distal bores, on the other hand, 

show a sustained, elevated pH post breakthrough (Figure 2-5). During the period when 

elevated fluoride (0.020 – 0.058 mM) occurred, the pH ranged from 6.6 to 7.7 for all 
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monitoring bores (7.12 ± 0.21, n = 240). During the period when elevated fluoride and 

phosphate concentrations occurred, dissolved calcium concentrations were low or 

decreasing while sodium concentrations increased (Figures 2-6j, 2-6k). Therefore, Na/Ca 

ratios were elevated relative to the native ratios that prevailed prior to injection. 

Synchronous with the decrease in fluoride and phosphate concentrations, the Na/Ca ratios 

declined to approximately stable values that, however, were lower than the native ratios 

(Figures 2-6g – 2-6i). An increase in bicarbonate concentrations relative to chloride also 

occurred upon the breakthrough of the DeI during the field experiment (Figures 2-6d – 

2-6f). The SIs for DCP-surface showed close to equilibrium conditions throughout the 

experiment (Figures 2-6m, 2-6o). The SIs for FAP, on the other hand, indicate a temporary 

oversaturation while fluoride and phosphate concentrations were elevated. The SIs for FAP 

and DCP-surface decreased post breakthrough while fluoride and phosphate 

concentrations declined (Figures 2-6m, 2-6n). FAP precipitation during the period of FAP 

oversaturation was presumably insignificant due to slow kinetics and nucleation 

considerations (Cappellen and Berner, 1991). The SIs for many other fluoride and 

phosphate bearing minerals, calcium-phosphate salts and carbonate minerals are generally 

under-saturation as breakthrough of deionied wastewater occurs.  Isolated over-saturated 

values for vivianite, β-tricalcium phosphate (β-TCP) and hydroxyapatite occur during the 

periodof peak phosphate concentrations and gypsum is generally oversaturated during the 

initial stages of breakthrough of the lower ionic strength injectant (refer Supporting 

Information Figure S2-3).  

 

2.3.3  Habit and composition of the apatite-rich nodules 

Descourvieres et al. (2011) showed that total phosphorus concentration in the aquifer 

sediments over the injection interval ranged between 0.01 and 0.29 wt% P2O5 (0.047 ± 

0.049 wt%, n = 40). This suggested that phosphate minerals are only present in trace 

amounts and that consequently it would be difficult to find individual mineral grains from 

sediment samples (see Pe-Piper and Dolansky (2005)). However, several dark, micaceous, 

fine grained (~0.3 to 3 cm), apatite-rich nodules were recovered within fine grained 

Leederville Formation sediments. The SEM images showed that apatite occurs as 

aggregates of micron-sized crystallites that form an infilling cement between grains of 

other minerals such as quartz, K-feldspar and kaolinite (Figure 2-7). This is consistent with  
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Figure 2-7  (a) SEM elemental mapping image of the CFA rich nodule.  CFA marked orange 

(= phosphorous) occurs as cement infilling quartz and feldspar grains (grey colours).  Black grains 

are undifferentiated mineral carbon.  (b) High resolution SEM image showing micron sized CFA 

grains infilling chlorite (Chl) sheets and kaolinite (Kln) packets. (c) SEM image showing location 

of the microprobe analysis points (points 1 to 7) targeting dense areas of CFA cement.  The CFA 

cement infills micropores between grains of quartz (Qtz), feldspar (Fld), illemite (Ilm) and pyrite 

(Py). 

 

the habit and crystal size of CFA (McClellan and Lehr, 1969). Pyrite and carbon clasts 

commonly occur in association with the apatite cement. The assemblage of minerals 

associated with CFA is suggestive of a biogenic origin for CFA, from the remineralisation 

of bone and tissue in an anoxic environment (Kholodov, 2014). High concentrations of 

barium (443 mg/kg) and strontium (345 mg/kg) found in the CFA nodule (Supporting 

Information Table S2-1), which substitute for calcium in the apatite structure (Pan and 

Fleet, 2002) and are known to concentrate in bones (Trueman and Tuross, 2002), also 

suggest a biogenic origin.  
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Table 2-2  Compositional analysis of CFA determined using microprobe (refer Figure 2-7 for 

location of analysis points).  

 

Sample Major elements (weight %)  

Point F P Ca Fe Na Al Cl Si S O C H 

1 4.30 15.31 34.49 1.24 0.57 0.65 0.02 0.82 0.47 38.08 0.77 0.03 

2 4.04 15.36 35.65 1.37 0.45 0.50 0.02 0.70 0.46 39.08 0.90 0.05 

3 4.11 15.66 33.31 1.54 0.43 0.62 0.03 0.75 0.49 36.54 0.42 0.00 

4 4.32 15.36 34.63 0.74 0.54 0.15 0.01 0.22 0.51 35.95 0.57 0.00 

5 4.05 15.20 33.14 1.66 0.61 0.35 0.02 0.56 0.47 36.27 0.57 0.01 

6 4.45 16.38 35.93 0.96 0.49 0.26 0.04 0.28 0.57 37.47 0.46 0.00 

7 4.17 15.75 35.01 1.03 0.44 0.70 0.08 0.96 0.55 38.54 0.66 0.02 

mean 4.21 15.57 34.59 1.22 0.50 0.46 0.03 0.61 0.50 37.42 0.62 0.02 

sd 0.15 0.41 1.07 0.33 0.07 0.21 0.02 0.28 0.04 1.20 0.17 0.02 

 

 

Compositional analysis of selected apatite crystallites using electron microprobe show a 

compositional variation between crystallites (Table 2-2). The CO3 was initially calculated 

based on the formula (Ca, Fe, Al, Na)10(PO4)6-x(CO3, F)x(F, OH)2, with x depending on the 

amount of phosphate. The OH- was then calculated to balance F. All elements were 

iteratively matrix corrected with the PAP matrix correction algorithm implemented in 

STRATA (Pouchou, 1993). A representative unit cell formula for CFA from the 

Leederville Formation sediments based on the ‘francolite’ model of McClellan (1980) was 

found to be Ca9.75Na0.25(PO4)5.37(CO3, F)0.55F1.82(OH)0.18. It was assumed that trace S, Fe 

Al and Si present was due to trace pyrite and kaolinite present within the 2 µm microprobe 

beam size, because the ratios of these elements were consistent with these minerals. The 

determined composition has a relatively low carbonate content, but is within the range of 

CFA compositions typically reported from around the world (Guidry and Mackenzie, 

2003). 

 

Infrared spectra collected on a selected CFA rich nodule revealed a number of intense IR 

absorption bands at ~3333, ~1609, 1460-1400, and 1100-950 cm-1 (Supporting Information 

Figure S2-1). These four bands are characteristic of hydroxyl (OH stretching vibration), 

water (OH bending vibration), carbonate (CO3
2- stretching vibration), and phosphate (PO4

3- 

stretching vibration) species, respectively. The OH peak at 3333 cm-1 was relatively broad 

and is typical of a hydroxyl group that has formed hydrogen bonds (H-bonds). Some weak 

bands were observed in the IR spectra between 3700-3600 cm-1, which can be attributed 

to hydroxyl groups that are not involved in H-bonds or surface OH groups and may also 
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arise from a minor amount of kaolinite that was present. Compared to previous FTIR 

studies on fluorapatite (Antonakos et al., 2007; Yi et al., 2013a), the OH bending vibration 

at ~1609 cm-1 was much more intense, suggesting that the CFA form our study site has a 

higher degree of hydration.  

 

2.3.4  Anoxic batch experiment 

The phosphorus content of the powdered nodule used in the anoxic batch experiment was 

found to be 8.73 wt% P2O5 as determined by XRF. If assuming that all the phosphorus is 

present as CFA, then 24.4% by weight of the nodule is CFA. Other minerals present in the 

CFA-rich nodule include quartz, K-feldspar, pyrite, kaolin, chlorite and gypsum as 

identified by XRD (Figure S2-2).  

 

The CFA rich powder was equilibrated with the NGW solution for 124 days, after which 

the dissolved concentrations of fluoride and phosphate were below the detection limits, 

i.e., below 3 µM in the case of fluoride and 2 µM in the case of phosphate (Table 2-3 and 

Figure 2-8). The dissolved calcium concentrations, however, were very high with the 

average concentration being 1.4 mM. Given that no calcium was present in the artificial 

NGW solution, the elevated calcium concentrations may have been caused by the presence 

of secondary gypsum (CaSO4•2H2O) in the nodule and cation exchange. The high calcium 

concentrations suppressed CFA dissolution and resulted in very low fluoride and 

phosphate concentrations in the NGW solution. 

 

However, fluoride, and subsequently phosphate, were released when the CFA rich powder 

was brought in contact with successively increasing proportions of DeI (Figure 2-8a). 

When the 75% NGW – 25% DeI mixture was added, dissolved fluoride concentration 

increased to 7 µM. Concentrations increased further to 20.5 µM in the 50% NGW – 50% 

DeI mixture, and reached a maximum of 45 µM in the 100% DeI solution. In contrast, 

dissolved phosphate concentrations remained low until contact with the 100% DeI 

solution, where it reached 27 µM. The pH increased with each successive mixture, from 

pH 5.8 after the initial 124 day equilibration period to pH 7.4 in the 100% DeI mixture, 

with the latter being similar to the pH observed during the field trial (Figure 2-8b). 

Bicarbonate concentrations also rose during the later stages of the anoxic batch experiment  
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Table 2-3  Results from anoxic batch experiment analyses. 
 

Solution 
pH Na Ca Mg K Cl SO4 

alkalinity 

as HCO3 
PO4 F 

    (μM) (μM) (μM) (μM) (μM) (μM) (μM) (μM) (μM) 

100% NGW1# 5.72 17100 1840 393 89 18100 4479 639 <2 <3 

100% NGW2# 6.06 17300 951 210 73 17700 2531 300 <2 <3 

75% NGW – 25% DeI1* 6.38 12900 206 44 35 13000 624 520 <2 <3 

75% NGW – 25% DeI2* 6.46 13000 154 33 26 12800 484 669 <2 7 

50% NGW – 50% DeI1* 6.52 8890 63 13 16 8810 263 580 <2 20 

50% NGW – 50% DeI2* 6.74 8860 98 12 15 8520 236 609 <2 21 

25% NGW – 75% DeI1* 6.84 4880 93 5 22 4280 126 659 4 29 

25% NGW – 75% DeI2* 6.94 5030 111 5 9 4360 121 619 5 31 

100% DeI1* 7.38 972 75 2 13 453 13 580 24 46 

100% DeI2* 7.53 970 39 2 3 442 9 500 30 44 
# 124 days equilibration       * 1 hour mixing 

 

 

(Figure 2-8b). Calcium concentrations decreased rapidly after the first mixing step, 

followed by a gradual decline (Figure 2-8c). Sodium and chloride concentrations decreased 

approximately linearly. The SIs for the DCP-surface indicated close to equilibrium 

conditions (Figure 2-8c). 

 

2.3.5  Modelling of the anoxic batch experiment 

The geochemical mixing and reaction model for the anoxic batch experiment closely 

replicated the experimental data (Figure 2-8). Most notably, the modelling results replicate 

the observed successive increases in fluoride and phosphate concentrations in response to 

the sequentially decreased ionic strength. To obtain a good agreement between the 

simulated and observed fluoride and phosphate concentrations, it was important that the 

simulated pH closely matched the observed pH. The pH was well matched when a proton 

exchange reaction was included in the model, which agrees well with the previous study 

of Seibert et al. (2016), who suggested that proton buffering was the main buffering 

mechanism at the study site. The best match between simulations and observations was 

obtained when a cation exchange capacity of 75 mmol/L was used. Including exchange 

sites in the simulations was also essential to replicate the observed calcium concentrations 

(Figure 2-8c).  
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Figure 2-8  Solution evolution during anoxic experiment where CFA rich powder was mixed with 

different proportions of representative NGW and representative DeI solutions: (a) chloride, fluoride 

and phosphate (b) chloride, pH and HCO3
−/Cl− ratio (c) sodium, calcium and SI DCP-surface. 

Average of two replicates (Table 2-3) are plotted. Laboratory results are indicated by symbols and 

model results are indicated by the solid lines. 

 

2.4   Discussion 

2.4.1  Conceptual model for fluoride and phosphate release during MAR 

Overall the results of the SI calculations for the NGW, the anoxic batch experiment and 

geochemical modelling of the experiment jointly indicate that CFA with a DCP-surface is 

the most likely fluoride and phosphate bearing mineral in the studied aquifer. While CFA 

is the most likely source of phosphate and fluoride, the molar ratio of dissolved phosphate 

to fluoride that was observed during the field injection experiment (0.82 ± 0.22, n = 20) 

and also in the anoxic batch experiment (0.59 ± 0.12, n = 2) were inconsistent with a simple 

stoichiometric dissolution of CFA. Stoichiometric dissolution would have led to a higher 

phosphate to fluoride ratio, i.e., ~2.1 for the estimated CFA composition.  
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We therefore hypothesise that incongruous dissolution of CFA occurred, initiated by a 

proton attack that released calcium and fluoride and therefore resulted in a Ca/F depleted 

layer on the CFA surface that has a DCP composition, similar to the mechanism proposed 

by Chaïrat et al. (2007b). The observed  pH during the period of fluoride and phosphate 

release (range between 6.6 and 7.7, Figures 2-5, 2-6 and 2-8) is always below pH 8.4, the 

point of zero charge of CFA from the literature (Perrone et al., 2002), and consistent with 

proton attack being the main dissolution mechanism. For the estimated CFA composition, 

the initial rapid proton exchange reaction that forms a depleted layer that has DCP 

composition can be described as: 

 

≡Ca9.75Na0.25(PO4)5.37(CO3,F)0.55F1.82(OH)0.18 + 5.37H+ + nH2O ↔ 

≡Ca5.37H5.37(PO4)5.37 ∙ nH2O +  4.38Ca2+ + 0.25Na+ + 0.55CO3
2− + 2.37F− + 0.18OH−       (1) 

 

 

In conjunction with the rapid exchange reaction, dissolved Ca and phosphate 

concentrations are also affected by equilibrium with the DCP surface (Chaïrat et al., 2007b; 

Guidry and Mackenzie, 2003):  

 

≡Ca5.37H5.37(PO4)5.37 ∙ nH2O ↔  5.37Ca2+ +  5.37HPO4
2− +  nH2O                    (2) 

 

Contact between CFA-rich sediments and low ionic strength water results in the dissolution 

of CFA and subsequently the release of calcium, fluoride, and phosphate as well as 

bicarbonate. Fluoride and phosphate are not released according to the stoichiometric ratio 

because phosphate is also involved in the equilibrium reactions with the depleted DCP 

surface that controls the apparent solubility of CFA (Chaïrat et al. (2007a); Zhu et al. 

(2009)).  

 

The recession of fluoride and phosphate release coincided with an increase in the 

groundwater calcium concentrations, which appears to have prevented any further 

dissolution of CFA (Figures 2-6j – 2-6k). Low concentrations of calcium observed during 

the period of elevated fluoride and phosphate concentration most likely resulted from a 

number of mechanisms, including (i) mostly cation exchange reactions resulting from the 

compositional change induced by the injectate and (ii) although to a lesser degree, the 

formation of the DCP surface and sorption. To gain further mechanistic insights into the 

reactive processes, various calcium and sodium ratios are plotted for BY13 (Figure 2-9). 
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The initial Na/Ca ratio was 23.10 ± 1.05 (n = 15) at equilibrium under NGW conditions 

(Figure 2-9c). After breakthrough of the DeI, the Na/Ca ratio initially increased to > 100. 

These values (apart from an initial single anomalously high value) were, however, lower 

than the ratio in the DeI, which was > 180 (Table 2-1). The Na/Ca ratio then decreased 

with the receding fluoride and phosphate pulses, before attaining a new, lower equilibrium 

value of 17.0 ± 0.78 (n = 8) under the then prevailing lower ionic strength conditions 

(Figures 2-9a, 2-9c). The general trend of post-breakthrough, decreasing Na/Ca ratios is 

consistent with a net sodium exchange for calcium on the exchange sites. The 

exchangeable sodium ratio, ESR = [Na] / ([Ca] + [Mg])0.5, where square brackets represent 

activities (Appelo and Postma, 2005), shows stable values under NGW conditions (8.65 ± 

0.33, n = 15) (Figure 2-9d). ESR values decreased during the period of elevated fluoride 

and phosphate concentrations before stabilising at a new equilibrium value (1.79 ±  0.04, 

n = 8) after fluoride and phosphate concentrations have receded (Figures 2-9a, 2-9d). The 

trend of decreasing ESR is consistent with a net increase of divalent calcium and 

magnesium on the exchange sites during the shift to low ionic strength conditions. This 

general behaviour is replicated by the geochemical model that relied on two key processes, 

ion exchange and dissolution of CFA. Due to the poor mineral buffering capacity and the 

low reactivity of the sediments, the overall hydrochemical evolution, including pH, was 

strongly affected by ion exchange. The prevailing pH then influenced the rate of CFA 

dissolution while the prevailing Ca concentration controlled the dissolved phosphate 

concentrations. 

2.4.2  Anticipated long-term behaviour 

During the investigated field experiment the elevated fluoride and phosphate 

concentrations showed to be temporary and fluoride did not exceed the WHO drinking 

water guideline value of 1.5 mg/L (79 µM) (Figure 2-5). With a continued injection, the 

pulses of elevated fluoride and phosphate will migrate further into the aquifer along the 

edge of the radially growing injection plume of deionised wastewater, i.e., the locations 

where low calcium concentrations persist. In the absence of any attenuation reaction, the 

fluoride and phosphate pulses at the injectate plume front would be expected to grow with  
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Figure 2-9  Observed sodium to calcium ratios relative to fluoride and phosphate release for 

monitoring well BY13: (a) chloride, fluoride and filterable reactive phosphorus (FRP) (b) sodium, 

calcium (c) sodium/calcium, chloride (d) Exchangeable sodium ratio = [Na] / ([Ca] + [Mg])0.5, 

chloride. Square brackets indicate activities. 
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continued injection. However, increased mixing and dispersion as well as adsorption onto 

kaolinite (Cochiara and Phillips, 2008; Edzwald et al., 1976) and iron and aluminium 

oxides (Goldberg and Sposito, 1984b) are likely to attenuate fluoride and phosphate 

concentrations.  

 

2.5   Conclusions 
 

This study investigated the processes controlling the fate of fluoride and phosphate during 

groundwater replenishment of a Cretaceous siliciclastic deep aquifer with recycled, highly 

treated wastewater. Trace CFA was found to be the most likely source of the temporarily 

elevated fluoride and phosphate concentrations during the field injection experiment. 

Complementary anoxic batch experiments with powdered CFA rich nodules sourced from 

the target aquifer reproduced the field-observed fluoride and phosphate behaviour when 

high ionic strength water was successively displaced by low ionic strength water. The 

identified conceptual model for phosphate and fluoride release that was derived from the 

field and laboratory investigations involves the following steps: 

 

• DeI successively displaces NGW near the injection well.  

• During breakthrough of the injectate, a strong decrease in calcium 

concentrations that resulted from the combination of groundwater 

compositional change and cation exchange favoured the transient release of 

fluoride and phosphate from CFA.  

• Phosphate concentrations remained controlled by equilibrium with a 

depleted layer of dicalcium phosphate composition at the CFA-water 

interface. 

• A rebound of groundwater Ca concentrations from exchange sites 

prevented the further dissolution of CFA, which resulted in a steady decline 

of fluoride and phosphate concentrations. 

 

While groundwater fluoride and phosphate concentrations receded at all locations that 

were monitored during the injection experiment, in a full-scale replenishment scheme, the 

pulses of elevated fluoride and phosphate concentrations may keep growing radially with 

continued injection, co-located with the injection plume front. However, the release will 
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be ultimately balanced by adsorption onto sediment surfaces such as the positive edges of 

kaolinite and amorphous iron and aluminium oxides.  

 

Chemically and/or biologically derived CFA and FAP are ubiquitous in aquifers settings 

worldwide, especially in marine and Mesozoic sediments. During MAR with low ionic 

strength water in such settings, the potential for the release of fluoride and phosphate needs 

to be carefully considered. The mechanism of fluoride and phosphate release due to 

incongruous dissolution of CFA where disequilibrium caused by calcium removal triggers 

anomalously high fluoride and phosphate concentrations may also be relevant in many 

sedimentary aquifers containing CFA or FAP. Furthermore, in the absence of other 

sources, dissolution of primary rock-forming FAP mediated by low calcium concentration 

may also explain high fluoride concentrations (> 1 mg/L) in weathered and fractured rock 

aquifers in crystalline terrains.   
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Supporting Information 

 

S2.1   XRD, XRF and FTIR analysis of CFA rich nodule 

 

Sample Preparation 

The sample was ground in an agate mortar and pestle before being lightly back pressed 

into a stainless steel sample holder for X-ray diffraction analysis.  

 

X-Ray Diffraction Analysis 

XRD patterns were recorded with a PANalytical X'Pert Pro Multi-purpose Diffractometer 

using Fe filtered Co Kα radiation, automatic divergence slit, 2° anti-scatter slit and fast 

X'Celerator Si strip detector. The diffraction patterns were recorded from 3 to 80° in steps 

of 0.017° 2-theta with a 0.5 second counting time per step for an overall counting time of 

approximately 35 minutes. 

 

Qualitative analysis was performed on the XRD data using in-house XPLOT and 

HighScore Plus (from PANalytical) search/match software.  

 

XRF analysis: Major elements (Li borate fusion) 

The oven dried (105°C) sample was accurately weighed with 4 g of 12-22 lithium borate 

flux. The mixture was heated to 1050°C in a Pt/Au crucible for 20 minutes to completely 

dissolve the sample then poured into a 32 mm Pt/Au mould heated to a similar temperature. 

The melt was cooled rapidly over a compressed air stream and the resulting glass disk was 

analysed on a PANalytical Axios Advanced wavelength dispersive XRF system using the 

in-house Silicates calibration program. 

 

XRF analysis: Trace Elements (Pressed Powders) 

Approximately 4 g of the oven dried sample (105°C) was accurately weighed with 1 g of 

Licowax binder and mixed well. The mixture was pressed in a 32 mm die at 12 tons 
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pressure and the resulting pellet was analysed on a PANalytical Axios Advanced 

wavelength dispersive XRF system using the in-house Powders program. 

 

Results 

Analysis of the sample by XRD showed its composition is dominant quartz, sub-dominant 

apatite (fluorapatite) and k-feldspar (microcline), minor kaolin and pyrite, and trace mica 

(likely muscovite), chlorite and gypsum. Comparison of the XRD pattern with the 

International Centre for Diffraction Data (ICDD) standard pattern for vivianite showed that 

it is not present above the detection limit (i.e. likely ~0.2%) in the sample. 

 

Major and minor element compositions are shown in Table S2-1. 

 

 

 

 

 

 

 

 

 

Figure S2-1  Infrared spectrum of the CFA rich nodule. 
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Figure S2-2  XRD pattern of the CFA rich nodule sourced from BNYP LMB2 112.2m (Co Kα 

radiation). 
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Table S2-1   Major and minor elemental composition of the CFA rich nodule sourced from BNYP LMB2 112.2m, as determined by XRF. 

Concentrations are expressed in the unit of wt% or mg/kg (ppm) on a dry mass basis. 

 

Sample ID SiO2 TiO2 Al2O3 Fe2O3 MnO MgO CaO Na2O K2O P2O5 SO3 F Sum 

 (%) (%) (%) (%) (%) (%) (%) (%) (%) (%) (%) (%) (%) 

BNYP LMB2 112.2m 42.96 0.46 10.69 6.37 0.03 0.51 13.96 0.49 3.57 8.73 3.85 0.30 91.93 

 

 

Sample ID Ag As Ba Bi Br Cd Ce Co Cr Cs Cu Ga Ge Hf I La Mn Mo Nb Nd 

Detection Limit 

(ppm) 
2 1 9 2 1 2 13 4 2 7 1 1 1 6 6 12 6 1 1 7 

BNYP LMB2 112.2m <2 19 443 <2 <1 <2 727 9 76 11 9 15 3 7 <6 275 181 <1 8 231 

 

 

Sample ID Ni Pb Rb Sb Sc Se Sm Sn Sr Ta Te Th Tl U V Y Yb Zn Zr 

Detection Limit 

(ppm) 
1 2 2 7 3 1 8 4 1 5 6 3 2 2 5 1 8 2 1 

BNYP LMB2 112.2m 18 27 97 <7 31 <1 32 <4 345 <5 <6 32 6 53 104 240 12 43 312 
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Table S2-2   Dissolution reactions and solubility products for potentially labile 

fluoride, phosphate and calcium bearing phases 

 

mineral / phase reference dissolution reaction log𝐊𝐒𝐏
𝟐𝟓°𝐂 

OCP (octocalcium 

phosphate) 

Stumm and 

Morgan (1996) 

Ca8(HPO4)2(PO4)4:5H2O ↔ 8Ca2+ + 6PO4
3- + 2H+ 

+ 5H2O 
-93.8 

Wavellite Blanc (2018) 
Al3(PO4)2(OH)3:5H2O  + 7H+ ↔ 3Al3+ + 2H2PO4

- 

+ 8H2O 
12.16 

Crandallite Blanc (2018) 
CaAl3(PO4)2(OH)5:H2O + 9H+ ↔ Ca2+ + 3Al3+ + 

2H2PO4
- + 6H2O 

21.05 

CFA (carbonate-

rich fluorapatite) 
Jahnke (1984) 

Ca10(PO4)5(CO3)F3 ↔ 10Ca2+ + 5PO4
3- + CO3

2- + 

3F- 
-113 

Hydroxyapatite Blanc (2018) Ca5(PO4)3OH + 7H+ ↔ 5Ca2+ + 3H2PO4
- + H2O 14.34 

DCPD (hydrated 

di-basic calcium 

phosphate = 

brushite) 

Wagman et al. 

(1982) 
CaHPO4:2H2O ↔ Ca2+ + HPO4

2- + 2H2O -6.6 

DCPA (anhydrous 

di-basic calcium 

phosphate = 

monetite) 

Wagman et al. 

(1982) 
CaHPO4 ↔ Ca2+ + HPO4

2- -6.7 

Ankerite Al et al. (2000) 
CaFe0.6Mg0.4(CO3)2 ↔ Ca2+ + 0.6Fe2+ + 0.4Mg2+ 

+ 2 CO3
2- 

-17.4 

Dolomite Parkhurst (2015) CaMg(CO3)2 ↔ Ca2+ + Mg2+ + 2 CO3
2- -17.09 

β-TCP (β-

tricalcium 

phosphate) 

Wagman et al. 

(1982) 
Ca3(PO4)2 + 2H+ ↔ 3Ca2+ + 2HPO4

2- -7.96 

Fluorite Blanc (2018) CaF2 ↔ Ca2+ + 2 F- -10.51 

Gypsum Parkhurst (2015) CaSO4:2H2O ↔ Ca2+ + SO4
2- + 2 H2O -4.58 

Vivianite 
Al-Borno and 

Tomson (1994) 
Fe3(PO4)2:8H2O ↔ 3 Fe2+ + 2 PO4

3- + 8 H2O -35.76 

Calcite Parkhurst (2015) CaCO3 ↔ CO3
2- + Ca2+ -8.48 

Variscite Blanc (2018) AlPO4:2H2O  + 2H+ ↔ Al3+ + H2PO4
- + 2H2O -2.16 

Fluorapatite (FAP) Blanc (2018) Ca5(PO4)3F + 6H+ ↔ 5Ca2+ + F- + 3H2PO4
- -0.91 

DCPsurface 

(hydrated di-basic 

calcium phosphate 

surface layer on 

FAP) 

Chaïrat et al. 

(2007a) 
CaHPO4:nH2O ↔ Ca2+ + HPO4

2- + nH2O -9.6 

Siderite Parkhurst (2015) FeCO3 ↔ Fe2+ + CO3
2- -10.89 
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Figure S2-3:  Saturation Indicies for fluoride and phosphate bearing minerals, calcium-phosphate 

salts, carbonate minerals and gypsum during breakthrough of chloride at monitoring wells BY07, 

BY13 and BY02 located 20m, 60m and 120m respectively from the injection well.  Refer 

Figure 2-4 in the main manuscript for mineral equilibrium constants references. Also fluoride and 

phosphate breakthrough behaviour at these monitoring well is shown on Figure 2-6 in the main 

manuscript. 
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Abstract 
 

In water-scarce areas, the reclamation of wastewater through advanced water treatment 

and subsequent reinjection into depleted aquifers is an increasingly attractive water 

management option. However, such injection can trigger a range of water-sediment 

interactions which need to be well understood and quantified to ensure sustainable 

operations. In this study, reactive transport modelling was used to analyze and quantify the 

interacting hydrogeochemical processes controlling the mobilization of fluoride and 

phosphate during injection of highly treated recycled water into a siliciclastic aquifer. The 

reactive transport model explained the field-observed fluoride and phosphate transport 

behaviour as a result of the incongruent dissolution of carbonate-rich fluorapatite where (i) 

a rapid proton exchange reaction primarily released fluoride and calcium, and (ii) 

equilibrium with a mineral-water interface layer of hydrated dibasic calcium phosphate 

released phosphate. The modelling results illustrated that net exchange of calcium on 

cation exchange sites in the sediments post-breakthrough of the injectant was responsible 

for incongruent mineral dissolution and the associated fluoride and phosphate release. 

Accordingly, amending calcium chloride into the injectant could potentially reduce 

fluoride and phosphate mobilization at the study site. Insights from this study are broadly 

applicable to understanding and preventing geogenic fluoride mobilization from fluoride-

bearing apatite minerals in many other aquifers worldwide.  

 

 

Figure 3-1  Graphical abstract  
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3.1   Introduction 

Managed aquifer recharge (MAR) is an increasingly used water management option, 

particularly in water-scarce areas (Fakhreddine et al., 2015; Henzler et al., 2014; Newland, 

2015; Pavelic et al., 2007). In many cases, MAR applications facilitate water banking, 

increase water recycling and enhance water security, while also providing passive 

treatment such as the removal of pathogens and the attenuation of organic micropollutants 

that may be present in the MAR source water (Dillon et al., 2018; Hamann et al., 2016; 

Henzler et al., 2014; Hiscock and Grischek, 2002). However, in some cases, MAR can also 

trigger undesired geochemical processes in the recharged aquifer such as the mobilization 

of colloids and toxic metal(loid)s that may degrade groundwater quality (Brown and Misut, 

2010; Descourvieres et al., 2010a; Fakhreddine et al., 2015; Jones and Pichler, 2007; 

McNab Jr et al., 2009; Treumann et al., 2014; Vanderzalm et al., 2010; Wallis et al., 2011; 

Wallis et al., 2010). The type and extent of these geochemical processes depend on the 

composition of the injectant (e.g., surface water, storm water and recycled waste water) 

and the hydrogeochemical characteristics of the target aquifer. For example, the injection 

of oxygenated water into anoxic aquifers often induces pyrite oxidation (Antoniou et al., 

2012; Descourvieres et al., 2010a; Seibert et al., 2016), and sometimes associated with it, 

the mobilization of metal(loid)s such as arsenic (Prommer et al., 2018a; Rathi et al., 2017; 

Wallis et al., 2010). 

 

While fluoride intake at low levels is considered beneficial for humans and animals, excess 

fluoride in drinking water with concentration > 1.5 mg L-1 (79 µM) is detrimental to health 

as it causes dental and skeletal fluorosis (Fantong et al., 2010; Jha et al., 2013; Vithanage 

and Bhattacharya, 2015; WHO, 2017). Although much less attention has been paid to 

fluoride release in MAR systems compared to toxic metal(loid)s, fluoride release has been 

observed in multiple incidents during MAR, even where neither the native groundwater 

nor the injectant contains significant fluoride concentrations. For example, Gaus et al. 

(2002) reported elevated fluoride concentrations during an aquifer storage and recovery 

(ASR) operation in a chalk aquifer due to fluorite dissolution. Stone et al. (2016b) also 

reported an ASR study where increased fluoride concentration occurred during injection 

of fresh surface water into an alluvial aquifer. Brindha et al. (2016) investigated the 

application of MAR to dilute high fluoride in weathered basement-rock aquifers and also 

discussed scenarios where increased fluoride release might occur. In our recent study, 
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release of fluoride was also shown to occur during a field MAR experiment with highly 

treated recycled water (Schafer et al., 2018). Fluoride mobilization was accompanied by 

phosphate mobilization and hypothesized to be a result of the dissolution of fluoride-

bearing calcium-phosphate (apatite) minerals.  

 

Fluoride-bearing apatite minerals, particularly carbonate-rich fluorapatite (CFA = 

Ca10(PO4)5(CO3F)F2) and fluorapatite (FAP = Ca10(PO4)6F2), are ubiquitous accessory 

minerals in most igneous, metamorphic and sedimentary rocks (Hughes, 2015; Hughes and 

Rakovan, 2015). Previous experimental studies have demonstrated that FAP and CFA 

often contain a fluoride-depleted surface layer that controls mineral dissolution (Chaïrat et 

al., 2007a; Chaïrat et al., 2007b; Christoffersen et al., 1996; Dorozhkin, 1997a; Dorozhkin, 

1997b; Guidry and Mackenzie, 2003; Jahnke, 1984; Perrone et al., 2002; Tribble et al., 

1995). The mineral dissolution, and therefore release of fluoride and phosphate, occurs 

when the chemical equilibrium with this surface layer is disturbed, often in conjunction 

with removal of dissolved calcium in the system due to displacement of the native water 

with low-calcium water, cation exchange, and/or precipitation of calcium-bearing minerals 

(Edmunds and Smedley, 2013; Zack, 1980). To date, the risk of fluoride and phosphate 

mobilization by MAR with low ionic strength water has not been widely recognized. 

However, given the increasing importance of purified reclaimed waters or desalinated 

seawater as the source water for MAR and the number of MAR schemes that rely on 

aquifers containing fluoride-bearing apatite minerals (Ganot et al., 2018; Stuyfzand et al., 

2017; Vandenbohede et al., 2013). potential water-sediment interactions need to be well 

understood and quantified to ensure sustainable operations. Reactive transport models 

(RTMs) that assist with untangling the many intertwined hydro-geochemical processes that 

control the fate of fluoride are fundamental to predict its long-term behaviour in full-scale 

MAR schemes, where recycled water might be injected over several decades and large-

scale groundwater quality changes are likely to occur (Prommer et al., 2019). RTMs are 

not only suitable to elucidate the contribution of individual geochemical processes and 

their interactions with groundwater flow and multi-species solute transport processes when 

used to interpret experimental data, but also to underpin the design of pre-treatment system 

options that can mitigate the risk of mobilizing fluoride or other metal(oids).  

 

The main objectives of this study were therefore to (i) identify and verify the mechanism(s) 

of fluoride and phosphate release during water injection in natural aquifers, and (ii) 
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quantify the coupled flow, solute transport and reactive processes. We employed a process-

based reactive transport modelling approach to investigate the observed fluoride and 

phosphate release and attenuation patterns in a well-documented 4-year long field MAR 

experiment which injected highly treated, low ionic strength recycled water into a low-

fluoride (<16 μM) sedimentary aquifer. Based on the identified reaction network, a series 

of model variants were constructed to elucidate the influences from different potential 

controlling factors. Finally, a mitigation strategy based on insights from modelling results 

was proposed to reduce the magnitude of fluoride and phosphate mobilization during 

MAR.  

 

3.2   Material and Methods 

3.2.1  Field Injection Experiment 

The field injection experiment analyzed in this study was conducted at a site located ~20 

km north of metropolitan Perth, Western Australia (Supporting Information Figure S2-2)  

(Higginson and Martin, 2012; Prommer et al., 2019; Seibert et al., 2016; 

Water_Corporation, 2009). During the experiment, highly treated recycled water was 

injected into the siliciclastic Leederville aquifer of the Perth Basin, through a single well 

screened between 124 and 224 m below ground level (mBGL). The injection interval is 

overlain by a carbonaceous confining layer and underlain by a silty clay layer (Supporting 

Information Figure S3-1). The aquifer section that was targeted by the injection consists 

of interbedded sand, silt and clay layers that were deposited in a near shore setting as tidally 

influenced distributary channel deposits, intertidal flat deposits and tidal channel 

infills.(Leyland, 2011; Seibert et al., 2016)  Based on X-ray diffraction (XRD) analysis, 

the sandy layers consisted of quartz (~64%), feldspar (~28%) and kaolinite (~6%), whereas 

the clayey layers consisted of kaolinite (~54%), feldspar (~20%) and quartz (~18%) 

(Descourvieres et al., 2011). XRD also detected a number of trace minerals including 

pyrite, lignite, chlorite, muscovite, biotite and siderite. Additionally, CFA was identified 

as cement infill occurring within micaceous nodules found in a Leederville Formation core 

material at the field site (Schafer et al., 2018). Cation exchange capacity (CEC) of the 

Leederville sediments, as determined by ammonium chloride, varied between 1.5 and 6.9 

cmol(+) kg-1 across the injection interval and was higher at fine grained lithologies. The 

native groundwater in the Leederville aquifer prior to the start of the injection was of Na-

Cl to Na-Cl-HCO3 type, anoxic, with total dissolved solids (TDS) ranging from ~400 mg 
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L-1 at the top of the injection interval to ~1100 mg L-1 at the bottom (Table 3-1) 

(Descourvieres et al., 2010a). 

 

In contrast to the native groundwater, the highly treated recycled water had high 

concentration of dissolved oxygen of 518±32 μM (8.3±0.5 mg L-1) and low TDS of 

33.2±10.9 mg L-1 because of reverse osmosis treatment (Table 3-1). The highly treated 

recycled water also had lower concentrations of divalent cations (e.g., Ca2+ and Mg2+) 

relative to monovalent cations, with a Na/Ca molar ratio of >180±40, significantly higher 

than 15±7 for the native groundwater and 45.6 for average seawater (Dickson and Goyet, 

1994). Over the 4-year period of the experiment, the highly treated recycled water was 

injected at an average daily injection rate of ~2800 m3 day-1 and a total of 3.9×106 m3 was 

injected (Supporting Information Figure S3-2). The spreading of the injectant in the 

heterogeneous Leederville aquifer was monitored through an extensive groundwater 

sampling program. The monitoring network included 20 wells that were arranged in 5 

multilevel well clusters located at a radial distance of 20, 60, 120, 180 and 240 m from the 

injection well (Figure 2-2 and Supporting Information Figure S3-1). Groundwater samples 

were collected from each of the monitoring wells at approximately monthly intervals, for 

which pH and temperature were measured in the field immediately after collection and the 

concentrations of a full suite of major and trace ions were determined during water quality 

analysis in the laboratory (Seibert et al., 2016; Water_Corporation, 2009). Each monitoring 

well was purged a minimum of three casing volumes prior to collection of groundwater 

samples. For each water quality sample, the groundwater was filtered using a 0.45 μm 

syringe filter into a polyethylene bottle, stored immediately on ice, and submitted for 

analysis on the same day of collection. Detailed descriptions of the sampling and analytical 

procedures are consistent with Water_Corporation (2009). 
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Table 3-1  Typical initial (native) groundwater and injectant composition during the field 

injection experiment. 

Species Unit 

Native Groundwater 

Injectant 120-138 

mBGL 

138-153 

mBGL 

153-171 

mBGL 

171-191 

mBGL 

191-225 

mBGL 

pH - 6.6 ± 0.2 6.5 ± 0.2 6.6 ± 0.2 6.5 ± 0.1 6.7 ± 0.2 7.0 ± 0.2 

Temperatu

re 
°C 24.5 ± 0.8 24.9 ± 0.5 25.4 ± 0.4 25.9 ± 0.4 26.3 ± 0.4 26.0 ± 2.8 

TDS mg L-1 380 ± 44 666 ± 55 916 ± 65 1047 ± 76 1111 ± 93 33.2 ± 10.9 

DO µM - - - - - 518 ± 32 

Cl µM 
4800 ± 

1780 

8600 ± 

1860 

14130 ± 

1270 

14530 ± 

4570 

17830 ± 

2260 
197 ± 59 

Na µM 3650 ± 478 7310 ± 522 
11180 ± 

1310 

13400 ± 

565 

15570 ± 

2130 
448 ± 104 

HCO3 µM 1360 ± 229 1310 ± 148 1328 ± 229 1300 ± 180 1640 ± 361 228 ± 118 

SO4 µM 88 ± 20 406 ± 135 479 ± 88 573 ± 41 760 ± 135 1.5 ± 0.8 

Si µM 399 ± 57 483 ± 40 499 ± 52 549 ± 63 449 ± 28 15.0 ± 5.2 

Ca µM 599 ± 45 649 ± 20 649 ± 45 549 ± 20 649 ± 95 2.5 ± 0.0 

Mg µM 379 ± 49 823 ± 95 1152 ± 74 1280 ± 107 1320 ± 103 5.0 ± 1.2 

K µM 256 ± 20 332 ± 15 409 ± 20 435 ± 18 460 ± 41 26.0 ± 7.7 

Fe µM 91 ± 11 145 ± 16 143 ± 27 168 ± 16 125 ± 47 0.1 ± 0.0 

Br µM 6.8 ± 0.9 12.0 ± 0.8 16.0 ± 2.6 19.0 ± 3.8 21.0 ± 2.9 0.3 ± 0.0 

N total µM 14.0 ± 4.3 16.0 ± 3.6 16.0 ± 2.1 16.0 ± 2.1 15.0 ± 1.4 178 ± 59 

F µM 5.3 ± 2.6 6.8 ± 3.7 8.9 ± 3.7 10.0 ± 3.7 13.0 ± 2.1 6.3 ± 3.7 

P total µM 3.6 ± 1.3 5.2 ± 0.6 6.5 ± 1.0 9.4 ± 1.0 8.1 ± 2.3 0.6 ± 0.3 

FRP* µM 0.6 ± 0.6 0.3 ± 0.3 1.3 ± 1.6 0.6 ± 0.6 2.3 ± 3.2 0.3 ± 0.0 

Mn µM 0.9 ± 0.1 1.1 ± 0.1 0.9 ± 0.1 1.1 ± 0.1 1.3 ± 0.2 0.02 ± 0.00 

B µM 2.8 ± 0.9 1.9 ± 0.9 3.7 ± 2.8 2.8 ± 0.9 4.6 ± 3.7 9.3 ± 2.8 

Al µM 0.4 ± 0.1 0.4 ± 0.1 0.4 ± 0.1 0.4 ± 0.3 0.4 ± 0.1 0.2 ± 0.0 

 

Note: *FRP stands for filterable reactive phosphorus, which is assumed to represent 

phosphate. 
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Based on the monitoring data, fluoride and phosphate release occurred immediately post 

breakthrough of the injectant (Figure 3-2) (Schafer et al., 2018). Consistent with the 

observations from the field injection experiment, complementary laboratory batch 

experiments, performed with CFA-rich nodules recovered from the Leederville aquifer, 

also showed fluoride and phosphate release when an artificial groundwater matrix was 

progressively replaced by deionized water (Schafer et al., 2018). Similar batch experiments 

with sediment samples with low CFA content, on the other hand, showed no release of 

fluoride or phosphate (see Supporting Information Section S3.2). Therefore, the 

dissolution of CFA was hypothesized to be the most plausible explanation for the observed 

fluoride and phosphate release (Schafer et al., 2018). This hypothesis was further 

underpinned by additional geochemical modelling results that demonstrated that other than 

CFA, the native groundwater was undersaturated with respect to numerous other fluoride-

bearing minerals such as fluorite (Schafer et al., 2018). 

 

3.2.2  Numerical Modelling Approach and Tools 
 

A coupled flow, solute/heat and reactive transport model was previously developed to 

quantify the major redox and buffering processes during injection at the study site 

(Prommer et al., 2019; Seibert et al., 2016; Seibert et al., 2014). The previously published 

model was developed based on a comprehensive set of data that emerged from the 

hydrogeochemical characterization of the deep aquifer system through a combination of 

various geophysical and geochemical techniques, controlled laboratory-scale experiments, 

and the MAR field experiment. The model was previously shown to reproduce the 

observed heat and conservative solute data, (Seibert et al., 2014) as well as the majority of 

the observed spatiotemporal geochemical responses to the injection (Seibert et al., 2016). 

The modelling results illustrated that the injection of oxic water into the reducing 

Leederville aquifer induced the oxidation of pyrite. Proton exchange with sediment cation 

exchange sites was identified to be the main pH buffering process preventing the 

acidification in the recharged Leederville aquifer (Prommer et al., 2019; Seibert et al., 

2016). As a first step for the present study, the previous model was extended to encompass 

the full 4-year period of the experiment and evaluated against the newly collected field 

observations. After minor modifications of hydraulic  
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Figure 3-2  Observed and simulated groundwater pH, fluoride, phosphate, and calcium 

concentrations at different monitoring wells during the field injection experiment. See Figure 2-2 

and Supporting Information Figure S3-1 for monitoring well locations and screen depths. The depth 

of the screen intervals (in mBGL) is also noted in the figure next to the monitoring well name. 

Solid lines represent simulated results, whereas symbols represent observed concentrations (black 

diamonds = pH, red circles = fluoride, blue triangles = phosphate, and green squares = calcium).  

 

 

parameters affecting breakthrough profiles at more distal monitoring wells, the extended 

model provided a good description of the major ion and redox chemistry for the entire 

4-year simulation period. This extended model was used in this study as the basis for 

evaluating various conceptual and numerical models describing the fate of fluoride and 

phosphate.  
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3.2.3  Flow Model Setup 
 

MODFLOW (Harbaugh, 2005) was used in this study for simulating groundwater flow. 

Compared to the flow that was induced by injection, regional groundwater flow at the field 

site was negligible (hydraulic gradient ~0.0006). Therefore, the groundwater flow 

conditions that persisted during the field injection experiment were, for simplicity and 

numerical efficiency, approximated by a 2-dimensional radial-symmetric model 

configuration (Supporting Information Figure S3-3). The model assumed confined 

groundwater conditions as the injection interval is overlain by a thick clay layer 

(Supporting Information Figure S3-1, Appendix B). The vertical model extent ranged from 

a depth of 97 to 225 mBGL, which comprised the entire injection interval (124 – 224 

mBGL) and a small fraction of the overlying confining layer. The model comprised 76 

layers in the vertical direction, which allowed for a detailed representation of aquifer 

bedding while assuming uniform hydrogeological conditions in the lateral direction 

(Appendix B). This assumption of laterally homogeneous layers may represent a source of 

model structural error, which would be problematic for other aquifer recharge 

configurations (e.g., multiple injection wells or recharge basins, multiple surrounding 

extraction wells, etc) but based on Seibert et al, (Seibert et al., 2016; Seibert et al., 2014) 

did not significantly impact the correctness of the model simulations over the monitored 

depth intervals and spatial scale in this field MAR experiment. The model comprised 41 

columns in the lateral direction, and the grid discretization varied laterally between 2 m 

near the injection well and 100 m for the grid cell most distant from the injection well 

(Appendix B). A constant head boundary was placed at the outer edge of the model domain. 

The injection rates that were logged during the field experiment were discretized into daily 

time steps to describe the sometimes highly variable flow conditions. Consistent with the 

duration of the field injection experiment, the total simulation period was 1378 days.  

 

3.2.4  Reactive Transport Model Setup 
 

PHT3D (Prommer et al., 2003) was used for simulating reactive transport processes. The 

native groundwater and sediment characterization results were employed to define the 

initial conditions for the reactive transport model. The significant vertical geochemical 

heterogeneity in the Leederville aquifer was considered in the model by vertically 

separating the model into 6 distinct geochemical zones (Supporting Information 

Figure S3-3, Appendix B). These 6 zones were introduced to represent the increasing 
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salinity and accordingly varying solute concentrations that occurred over the investigated 

depth interval prior to the start of the injection experiment. The selected zonation was 

directly adopted from our previously published model (Seibert et al., 2016). Within each 

of these geochemical zones, the initial water and sediment compositions were considered 

uniform. Regularly collected injectant water quality data were considered in the model to 

describe the time-varying injectant water composition.  

 

A reaction network consisting of a mixture of equilibrium and kinetically controlled 

chemical reactions was defined via the PHREEQC/PHT3D database. In the following, we 

mainly provide and discuss the details for the key reactions affecting the mobilization and 

attenuation of fluoride and phosphate (Table 3-2). All other reactions, notably pyrite 

oxidation and pH-buffering processes including proton exchange, remained consistent with 

the previously published model, (Seibert et al., 2016; Seibert et al., 2014) and the relevant 

reactions, stoichiometries, and equilibrium constants are provided in Supporting 

Information Table S3-4. Since the average measured temperature of the native 

groundwater was 25.7±1.6°C, equilibrium constants at 25°C were adopted for all reactions.  

 

With CFA being identified as be the most likely source of the released fluoride and 

phosphate in the Leederville aquifer, (Schafer et al., 2018) CFA dissolution was included 

in the reaction network. Based on microprobe analyses on the CFA-rich nodules collected 

from the Leederville aquifer which were interpreted using the ‘francolite’ model of 

McClellan (1980), Ca9.75Na0.25(PO4)5.37(CO3)0.55F2.36(OH)0.18 was found to be the 

representative formula for CFA in the recharged aquifer.(Schafer et al., 2018) Based on 

previous experimental studies with CFA (Jahnke, 1984) and the closely related FAP 

(Chaïrat et al., 2007a; Chaïrat et al., 2007b; Christoffersen et al., 1996; Tribble et al., 1995), 

the dissolution of fluoride-bearing apatite minerals often involves an initial rapid proton 

exchange reaction whereby H+ is adsorbed onto the mineral surface, triggering the 

preferential removal of calcium, fluoride and carbonate. Based on Chaïrat et al. (2007b), 

this rapid incongruent (non-stoichiometric) dissolution process can be approximated as: 

 

Ca9.75Na0.25(PO4)5.37(CO3)0.55F2.36(OH)0.18 + 5.37H+ + nH2O ↔ 

≡Ca5.37H5.37(PO4)5.37 ∙ nH2O +  4.38Ca2+ + 0.25Na+ + 0.55CO3
2− + 2.36F− + 0.18OH− 

(1) 
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Table 3-2  Key reactions employed in the final calibrated model and associated thermodynamic 

constants that affected fluoride and phosphate mobilization and attenuation. The complete set of 

reactions included in the model is provided in Supporting Information Table S3-4. The parameter 

values on cation exchange reactions were consistent with the values used in the previously 

published model (Seibert et al., 2016) and not varied during model calibration in this study. 

 

CFA related reactions 
 Starting  

 𝒍𝒐𝒈 𝑲 

Calibrated 

 𝒍𝒐𝒈 𝑲 
ruv 

Ca9.75Na0.25(PO4)5.37(CO3)0.55F2.36(OH)0.18 +  5.37H+ + nH2O  
 ↔  ≡Ca5.37H5.37(PO4)5.37 ∙ nH2O +  4.38Ca2+  + 0.25Na+

+ 0.55CO3
2− + 2.36F− + 0.18OH−  

- 0.59 0.99 

CaHPO4 ∙ H2O   ↔    Ca2+  + HPO4
2− +  H2O -9.61 -10.1 1.00 

Key cation exchange reactions 
 Starting  

 𝒍𝒐𝒈 𝑲 

Calibrated 

 𝒍𝒐𝒈 𝑲 
ruv 

Na+ + X− ↔  NaX 02 - - 

H+ +  X− ↔  HX 5.083 - - 

Ca2+ +  2X− ↔  CaX2 0.82 - - 

Mg2+ + 2X− ↔  MgX2 0.62 - - 

Key surface complexation reactions 
 Starting  

 𝒍𝒐𝒈 𝑲 

Calibrated 

 𝒍𝒐𝒈 𝑲 
ruv 

≡GbOH  +  H+     ↔     ≡GbOH2
+ 8.04 8.01 0.59 

≡GbOH    ↔     ≡GbO− +  H+ -11.574 -11.66 3.6e-06 

≡GbOH  +  PO4
3−  +  3H+     ↔     ≡GbH2PO4  +  H2O 304 31.0 0.23 

≡GbOH  +  PO4
3−  +  2H+     ↔     ≡GbH2PO4

−  +  H2O 19.234 19.23 0 

≡GbOH  +  PO4
3−  + H+     ↔     ≡GbH2PO4

2−  +  H2O 14.84 14.06 2.0e-03 

≡GbOH  +  F−  +  H+     ↔     ≡GbF +  H2O 8.784 9.78 5.9e-03 

≡GbOH  +  F−     ↔     ≡GbOHF− 2.884 3.30 0.28 

≡GbOH  +  2F−  + H+     ↔     ≡GbF2  + H2O 11.944 11.94 1.2e-06 

          1(Chaïrat et al., 2007a)         2(Parkhurst, 2015)          3(Seibert et al., 2016)   

          4(Karamalidis and Dzombak, 2010) 
 

Note: In the table, X represents cation exchange sites; ≡Gb represents composite surface 

complexation sites (initially based on gibbsite (Karamalidis and Dzombak, 2010)); and ruv = 

relative uncertainty variance reduction (Doherty, 2018b) = 1 - 
𝜎𝑢𝑖

2

𝜎𝑖
2  , where 𝜎𝑖

2 and 𝜎𝑢𝑖
2  represent 

prior and posterior variances of parameter i (see Supporting Information section S3.5 for further 

details).  

 

 

The rapid proton exchange reaction (Reaction 1) was incorporated into the 

PHREEQC/PHT3D database as an equilibrium-controlled exchange reaction using the 

Gaines-Thomas convention (full details are provided in Supporting Information 

section S3.4). The exchange selectivity coefficient for this reaction was included as an 

adjustable parameter during model calibration. The modelled exchange reaction 

(Reaction 1) serves as a surrogate for the incongruent dissolution process, resulting in the 

production of a surface layer with a composition equivalent to hydrated di-basic calcium 
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phosphate (DCPsurface: ≡Ca5.37H5.37(PO4)5.37 ∙ nH2O with ≡ representing a surface 

layer instead of a pure mineral).(Chaïrat et al., 2007a; Chaïrat et al., 2007b; Christoffersen 

et al., 1996; Jahnke, 1984; Tribble et al., 1995). In conjunction with Reaction 1, dissolved 

calcium and phosphate concentrations are also affected by equilibrium with DCPsurface: 

 

≡Ca5.37H5.37(PO4)5.37 ∙ nH2O  ↔   5.37Ca2+  +  5.37HPO4
2−  +  nH2O                      (2) 

 

The solubility product (logKSP
25°C) of DCPsurface per unit on FAP was previously 

determined to be -9.6±0.6 by Chaïrat et al. (2007a). Therefore, DCPsurface was assumed 

to be more stable than DCP as a pure mineral phase (logKSP
25°C = -6.7).(Wagman et al., 

1982) DCPsurface was defined in the PHREEQC/PHT3D database as an equilibrium 

mineral phase. The previously reported solubility product for DCPsurface on FAP 

(i.e., -9.6) was adopted as the initial estimate of the solubility product for DCPsurface in 

the Leederville aquifer (Chaïrat et al., 2007a). It was then allowed to deviate during model 

calibration. Potential dissolution/precipitation reactions of calcite, dolomite, ankerite, 

vivianite, fluorite, gypsum and various other calcium phosphate minerals were also 

evaluated but found unlikely to be important in this study. 

 

To account for the potential for cation exchange reactions to affect groundwater quality 

evolution during the field injection experiment, an exchanger site (X) was implemented in 

the model. The equilibrium constants for proton exchange and other cation exchange 

reactions were consistent with the values used in the previously published model,(Seibert 

et al., 2016) and were not varied during model calibration in this study. To account for the 

competitive adsorption and desorption reactions that may have affected fluoride and 

phosphate mobility during the experiment, a surface complexation model (SCM) was also 

included in the reaction network. Sorption was represented by a single site SCM based on 

the generalized diffuse layer model for gibbsite (Al(OH)3) by Karamalidis and Dzombak 

(2010). The surface sites on gibbsite were selected as the representative sites because (i) 

the reducing Leederville aquifer contained high aluminium content (9.5±5.7 wt% Al as 

Al2O3); (Descourvieres et al., 2011) and (ii) based on the calculated saturation index, the 

Leederville aquifer was also found to be in equilibrium with microcrystalline gibbsite (SI 

= -0.05±0.24) (Blanc, 2018). The initial estimates for the intrinsic equilibrium constants 

for the surface complexation reactions in the Leederville aquifer were assumed to be equal 

to those for gibbsite, based on Karamalidis and Dzombak (2010) for an ionic strength (I) 
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of 0.001 M, which corresponded approximately to the ionic strength of the injectant. 

Where intrinsic equilibrium constants were not available for I = 0.001 M, equilibrium 

constants determined for higher ionic strength were adopted as initial estimates in the 

SCM.  

 

3.2.5  Model Calibration Procedure 
 

For the reactive transport model developed in the present study, the adjustable parameters 

(Tables 3-2 and Supporting Information S3.5) included (i) the initial concentrations of 

CFA, DCPsurface, cation exchange sites and composite surface complexation sites in the 

Leederville sediments, (ii) the selectivity coefficient for the CFA exchange reaction 

(Reaction 1), (iii) the equilibrium solubility product for DCPsurface (Reaction 2), and (iv) 

some of the equilibrium constants for the surface complexation reactions. The parameters 

were initially selected based on literature values and sediment characterization results, 

where available, then further adjusted to minimize the sum of the squared residuals 

between model results and field observations whilst still adhering to the literature values 

as closely as possible. Following an initial manual trial-and-error step, the parameters were 

further refined during automatic calibration using PEST++ (Welter et al., 2015). The 

observation data used to constrain the automatic calibration consisted of dissolved fluoride, 

phosphate (measured as filterable reactive phosphorus, FRP), calcium and pH 

measurements from all the monitoring locations over the 4-year experimental period. The 

procedure of observation weight assignment was adopted from Sun et al. (2018). 

Additional details of the model calibration procedure are provided in the Supporting 

Information Section S3.5. 

 

3.3   Results & Discussion 

3.3.1  Observed Breakthrough Behaviour of Fluoride and Phosphate 

During the field injection experiment, pulses of elevated groundwater fluoride (12 - 

58 μM) and phosphate (3.9 - 55 μM) concentrations were observed at all monitoring 

locations (Figure 3-2). Although fluoride and phosphate were released over the entire depth 

of the injection interval, a slight increase in released concentrations with depth was 

observed. The fluoride and phosphate release occurred upon injectant breakthrough in 

association with the sharp declines in groundwater calcium concentrations caused by the 
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low-ionic-strength and thus low-calcium injectant (Figure 3-2 and Table 3-1). The pulses 

of elevated fluoride and phosphate concentrations also coincided with a slight increase in 

pH. During injectant breakthrough, groundwater fluoride concentrations tended to rise 

marginally earlier than phosphate concentrations. The observed pulses broadened with 

increasing radial distance from the injection well. However, neither peak fluoride nor 

phosphate concentrations increased appreciably beyond 60 m from the injection well 

(Figure 3-2).  

 

3.3.2  Observed and Simulated Spatiotemporal Evolution of Geochemical 

Zonation 
 

Based on previous work (Seibert et al., 2016) and the model-based analysis of the 

observations in this study, pyrite oxidation, pH buffering and net exchange of calcium onto 

the sediment cation exchange sites were identified as the most important reactive processes 

affecting the hydrochemistry in the recharged Leederville aquifer. These geochemical 

reactions, coupled to the physical solute transport processes, can explain the observed 

breakthrough behaviour of the major ions, pH, redox-sensitive trace species, fluoride and 

phosphate at the monitoring wells. The breakthrough behaviour of many major ions and 

redox species were already matched and quantified by our previous model simulations, as 

discussed in details in Seibert et al. (2016). In this study, the reactive transport model was 

further refined to provide insights into the temporal evolution of the geochemical zonation 

as a prerequisite for the subsequent identification of the critical controls for the fate of 

fluoride and phosphate. The results of the calibrated reactive transport model show the 

formation and dynamic progression of four distinct geochemical zones along the radial 

direction. Starting from the injection plume front and moving inwards to the injection well, 

the four zones Z1-Z4 are highlighted by respective shadings in Figure 3-3. 

 

At the injection plume front, the transition between the native and the injection impacted 

groundwater compositions marks the geochemical zone Z1 (blue shading). Within Z1, the 

concentrations of most of the major ions sharply decrease, because the highly treated, low 

ionic strength recycled water actively displaces the native groundwater. For example, 

dissolved calcium concentration decreased from the native groundwater concentration of  
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Figure 3-3  Simulated length profiles at a depth interval of 161-162.4 mBGL in the central section 

of the recharged Leederville aquifer at selected times after the injection started. Blue, red, green 

and yellow shading in the background mark geochemical zones Z1-Z4, respectively. 

 

~630 µM to only 3-7 µM within Z1 (Figure 3-3m-p). At the injection plume front, the 

Ca/Na molar ratio on sediment exchange sites, denoted as CaX2/NaX, is ~1.6, which is 
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similar to the ratio occurring in the native Leederville aquifer, indicating that minimal 

cation exchange occurred in Z1 (Figure 3-3q-t).  

 

Upstream of the active transition zone Z1, a second zone Z2 develops (red shading). This 

zone is characterized by the presence of consistently low ionic strength groundwater as a 

result of the displacement of the native groundwater. In Z2, dissolved calcium 

concentrations remained low at ~3-7 µM (Figure 3-3m-p) while the pH increased slightly 

(Figure 3-3i-l). The proportion of calcium that partitions onto cation exchange sites is high 

(~99.8%) (Figure 3-3u-x) and the CaX2/NaX ratio is increased by ~25% to approximately 

2.0 (Figure 3-3q-t). This indicates that calcium was gradually exchanged for sodium on the 

sediments. The extent of Z2 became wider over time, and its width increased to over 100 

m after 800 days from the start of injection.  

 

Further towards the injection well, zone Z3 (green shading) is characterized by somewhat 

elevated calcium concentrations (50-70 µM), an order of magnitude higher than Z2, and a 

cation exchange site occupancy that significantly differs from the composition that was 

originally in equilibrium with the native groundwater. This zone shows distinctly increased 

CaX2/NaX ratios on the cation exchange sites (≈10-15, Figure 3-3q-t), as sodium was 

successively displaced from the exchanger, mostly by protons (denoted as HX, Figure 

3-3y-ab). The protons were generated near the injection well due to pyrite oxidation (and 

the associated iron(III) hydrolysis) and advected into Z3. The uptake of protons on the 

sediment exchange sites in Z3, referred to as proton buffering, effectively buffered the 

acidity and maintained the circumneutral pH of the recharged Leederville aquifer.(Seibert 

et al., 2016) Due to the higher selectivity for higher valence ions under the induced low 

ionic strength conditions, the fraction of calcium and magnesium on the cation exchange 

sites did not change in Z3 (Figure 3-3y-ab). 

 

The innermost zone Z4 (yellow shading) is the zone where the oxic injectant triggers pyrite 

oxidation and, hence, acid generation (Descourvieres, 2011; Descourvieres et al., 2010a; 

Seibert et al., 2016). The extent of this zone remains limited to < 15 m around the injection 

well, with dissolved oxygen becoming rapidly depleted. Inside Z4, all major cations were 

almost entirely displaced from the exchange sites by protons (Figure 3-3y-ab). 

Consequently, the buffering capacity within this zone was rapidly exhausted.  
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3.3.3  Simulated Fluoride Transport Behaviour 
 

The simulated fluoride breakthrough curves reproduced the observed fluoride 

breakthrough behaviour at most of the monitoring wells (Figure 3-2). Both observed and 

simulated fluoride breakthrough concentrations are the result of a combination solute 

transport and reaction processes. The simulation of the flow and physical transport 

processes already accounts for many of the hydrogeological complexities such as the 

highly variable flow rates and the strong vertical heterogeneity. Nevertheless, some of the 

deviations between simulated and observed concentrations were most likely induced by 

simplifications (e.g., laterally homogeneous hydrogeological conditions) and structural 

errors in the geological model and the associated inaccuracies in the simulated physical 

transport behaviour (e.g., for BY04 and BY20) (Descourvieres, 2011). In addition to 

physical transport, the two reactive processes that were hypothesized in our conceptual and 

numerical models to regulate spatiotemporal groundwater fluoride concentrations were (i) 

the CFA dissolution/precipitation reaction (Reaction 1) and (ii) fluoride adsorption on the 

sediment surfaces. The modelling results suggested that the latter process had no 

measurable impact on the fluoride transport behaviour (i.e., the fluoride breakthrough 

curves were found to be almost identical with or without fluoride surface complexion 

reactions, Supporting Information Figure S5), and fluoride water-sediment partitioning 

was primarily controlled by CFA equilibria. Radial profiles of dissolved fluoride show that 

the front end of the fluoride plume is located within geochemical zone Z1, i.e., within the 

active transition zone close to the injectant plume front; and the back end of the fluoride 

plume is located near the interface between Z2 and Z3 (Figure 3-3).  

 

The profiles of the integrated rates of CFA concentration change (Figure 3-3ac-af, negative 

values indicate CFA dissolution, positive values indicate precipitation) show that CFA 

dissolution initially occurs in Z4 (Figure 3-3ac). However, after 100 days, the majority of 

the release occurs within Z2 and in particular near the Z2/Z3 interface (Figure 3-3ad-af). 

With the Z2/Z3 interface being identified as the main “source zone” for fluoride release, 

this implies that the elevated groundwater fluoride concentrations in Z1 and Z2 (i.e., 

beyond the Z2/Z3 interface) resulted from the combination of active local release at larger 

radial distances and, at some locations more importantly, the advective-dispersive physical 

transport of the already released fluoride. Interestingly, the calculated rates of CFA 
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concentration change also suggest that specifically within Z3, the precipitation of CFA 

occurs, which locally reduces dissolved fluoride concentrations. The spatial CFA 

dissolution patterns are also demonstrated by the simulated fluoride concentrations on CFA 

(Figure 3-3ag-aj, concentrations below the initial concentration indicate that fluoride 

release has occurred). The simulated concentrations along the profile illustrate that a 

complete depletion of fluoride on CFA has occurred within Z4, i.e., in the direct proximity 

of the injection well. Fluoride release within Z1 and Z2, i.e., near and just behind the 

injectant plume front is generally negligible, except for short after the start of the injection. 

This is because the injectant that is being transported behind the plume front has quickly 

reached its new equilibrium with CFA locally within the aquifer. Overall, these model-

based findings suggest that although CFA dissolution occurred to some extent due to the 

injection, such CFA dissolution still would not lead to detrimental level of fluoride 

contamination in the Leederville aquifer. 

 

3.3.4  Key controls on the Release and Attenuation of Fluoride 
 

Among the many interrelated processes that occurred during the field injection experiment, 

the processes affecting the fate of calcium and pH played a key role in the release and 

attenuation of fluoride, as they most significantly disturbed the prevailing geochemical 

equilibrium between the native groundwater and CFA (Reaction 1). Cation exchange and 

its impact on dissolved calcium concentrations were the major controls for the times and 

locations of elevated fluoride concentrations in this field injection experiment. This finding 

can be illustrated by a variant of the final calibrated model, in which the calcium exchange 

reaction with the sediment exchange sites was omitted from the reaction network, while an 

artificial (‘ghost’) calcium species was added in the model at a concentration that was 

equivalent to the calcium concentration in the injectant to ensure that in this model 

variant, V1, other than calcium itself being excluded, cation exchange processes 

involving all the other cations could still operate in the same way as in the final 

calibrated model, V0 (see Supporting Information Section S4 for further details on the 

model variants). While V0 closely reproduces the breakthrough behaviour of pH, calcium 

and fluoride, model variant V1 shows significantly retarded release of fluoride (Figure 

3-4a-c). These modelling results highlight that the net exchange of calcium onto sediment  
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Figure 3-4 Breakthrough curves at selected monitoring wells from the central section of the 

recharged Leederville aquifer for different model variants – V0: final calibrated model, V1: no 

calcium exchange reaction, V2: pH 7.1 and V3: pH 7.7. More details on model variants are given 

in Supporting Information Section S3.6. Solid and dashed lines are simulation results, and symbols 

represent the observations. 

 

exchange sites significantly regulated dissolved calcium concentrations, and consequently, 

CFA solubility. 

 

The effect of pH on fluoride release was investigated by two additional model variants, V2 

and V3. In these two model variants, the pH of the injectant was artificially buffered to the 

lowest (pH 7.1, V2) and highest (pH 7.7, V3) pH values that were observed within the 

injection impacted aquifer zones, respectively (Figure 3-4a-c, g-i), while calcium exchange 

reaction was included in these variants in the same way with the final calibrated model 

(V0). Based on comparisons between V0, V2 and V3, the magnitude of fluoride release 

increases as pH decreases (Figure 3-34a-c). 
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To further illustrate the influence of groundwater calcium concentrations and pH, we 

considered a simplified batch system where dissolved fluoride is in equilibrium with CFA, 

and computed fluoride concentrations under varying calcium concentrations, solution pH, 

as well as the amount of CFA in the native aquifer (see Supporting Information Section 

S3.7 for the detailed calculations). In this batch system, while dissolved calcium 

concentrations increased from 1 to 10 μM, dissolved fluoride concentrations decreased 

more than 10 fold (Figure 3-5). The model-simulated groundwater fluoride concentrations 

in Z2 and Z3 were taken from the final calibrated model (V0) at 800 days and also plotted 

on Figure 3-5. Elevated groundwater fluoride concentrations in Z2 (pH 7.7) correspond to 

low calcium concentrations, while substantially lower groundwater fluoride concentrations 

in Z3 (pH 7.1) are associated with elevated calcium concentrations. With a 0.6 unit increase 

in the solution pH, dissolved fluoride concentrations decrease over one order of magnitude. 

On the other hand, the concentration of CFA in the native aquifer plays a smaller role on 

dissolved fluoride concentrations, as shown by the cases where a 20% reduction in initial 

CFA concentration lead to ~3 times lower dissolved fluoride concentrations. These results 

show that the elevated fluoride concentrations occurring in a narrow range of chemical 

composition (low calcium concentration and slightly alkaline pH) are related to the CFA 

exchange equilibrium constant (Reaction 1) and local hydrochemistry. A small variation 

of the chemical compositions from the Z2/Z3 boundary and across the Z2 zone explain the 

observed broad peak of fluoride. 

 

3.3.5  Key controls on the Release and Attenuation of Phosphate 
 

Similar to the case of fluoride, the release of phosphate was also initiated by the injection-

induced disturbance of the geochemical equilibrium that originally persisted between the 

native groundwater and DCPsurface (Reaction 2). Accordingly, the transport of calcium 

and its exchange reaction with the sediment exchange sites play an equally important role 

on controlling the times and locations of phosphate release. The longitudinal profiles show 

that the initially prevailing DCPsurface dissolves completely in conjunction with the 

decrease of calcium concentration during breakthrough of the injectant in Z1 (Figure 

3-3ak-an). A similar phosphate release process, under low ionic strength conditions, that 

was observed in this MAR study in fact also occurs in many other environmental systems. 

For example, when low ionic strength rainwater infiltrates soil systems, phosphate release 

to soil porewater sometimes occurs because divalent calcium ions preferentially partition  
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Figure 3-5 Dissolved fluoride concentrations (in log scale) as a function of dissolved calcium 

concentration where the aqueous solution is in equilibrium with CFA in a batch system. Solid lines 

represent the case where the pH is 7.7, while dotted lines represent the case where the pH is 7.1. 

Blue lines present the case that the initial CFA concentration is set equal to average initial 

concentration in the reactive transport model, and red lines indicate the case where 20% reduction 

of the initial CFA concentration are used. Circles represents the concentrations computed by the 

reactive transport model for the geochemical zones Z2 and Z3 for a simulation time of 800 days. 

Further details on the calculations are provided in Supporting Information Section S3.7.  

 

 

onto soil cation exchange sites and trigger the dissolution of otherwise insoluble apatite 

minerals.(Andersson et al., 2016a) 

 

Although the fate of phosphate in aquifers is often regulated by surface adsorption 

(Prommer et al., 2018b; Sun et al., 2016), similar to the case of fluoride, the mobility of 

phosphate in this field injection experiment does not appear to be affected by adsorption 

on the sediments. The impact of the sorption reactions is illustrated by the comparison of 

the simulation results of the final calibrated model, V0, and model variant, V4, in which 

the SCM was omitted from the model framework (Supporting Information Figure S3-4). 

The results of model variant V4, without the surface complexation reactions, show almost 

identical phosphate breakthrough behaviour with V0. The fact that the model could 

reproduce the observations on phosphate without a SCM suggests that phosphate has a low 

affinity for sediment surfaces in the Leederville aquifer. This is possibly because the pH 

sorption edge for phosphate on the sediments is below 7.1, which is consistent with gibbsite 
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and some clay minerals abundant in the Leederville aquifer.(Edzwald et al., 1976; 

Karamalidis and Dzombak, 2010) 

 

3.4   Implications 
 

In this study, the model-based interpretation of a field MAR experiment that injected low 

ionic strength recycled water into a CFA-bearing aquifer has isolated which of the 

multitude of coupled physical and geochemical processes exert a key control on the 

elevated fluoride concentrations in the groundwater. Our process-based reactive transport 

model has highlighted the important role of cation exchange reactions on dissolved calcium 

concentrations and the associated fluoride and phosphate release. The insights obtained 

from the model suggest that the majority of the fluoride and phosphate release occurred in 

the early stages of the injection, and that the release would most likely not lead to 

uncontrollably high groundwater fluoride concentrations in the recharged aquifer. 

Therefore, there is a low risk that large-scale application of MAR could create a concerning 

level of fluoride contamination at the study site.  

 

Furthermore, based on the conceptual and numerical model framework that was 

established in this study, predictive modelling can now be employed to assess possible 

mitigation strategies that would allow to ensure water quality in this MAR system. For 

example, the model can be used to predict whether undesirable water-sediment interactions 

could be suppressed through the controlled manipulation of the injectant composition. For 

the present study, we investigated a calcium amendment scenario aimed at reducing 

fluoride and phosphate release. In this predictive model scenario, 500 μM of calcium 

chloride (CaCl2) was added to the highly treated recycled water (Table 3-1). The salt CaCl2 

was selected as a possible amendment because it is highly soluble and commonly produced 

industrially for a variety of uses including as a food additive. The modelling results 

demonstrate that the addition of 500 μM CaCl2 could lead to a significant reduction in the 

magnitude (~70-80%) of the fluoride and phosphate pulses (Figure 3-6). The possible 

benefits of amending calcium to low ionic strength injectants were also previously shown 

by Borgnino et al. (2013) who found that calcium amendment could limit fluoride release 

from FAPs. Nevertheless, the predictive model scenario in this study, which used CaCl2, 

should be regarded as an illustrative example for demonstrating the usefulness of a 
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Figure 3-6  Simulated concentrations of fluoride, phosphate and calcium for a model scenario (thin 

dashed lines) in which the injectant was amended with 500 µM CaCl2 in comparison with the 

corresponding results obtained with the final calibrated model (thick transparent lines).  

 

 

process-based modelling approach, The best choice of chemical amendment for mitigating 

fluoride release, while avoiding potential unintended impacts on the groundwater quality, 

will require a site-specific assessment that incorporates engineering and cost constraints 

(Birnhack et al., 2011). Fluoride-bearing apatite minerals, including CFA and FAP, are 

present in many aquifers worldwide. To prevent geogenic groundwater fluoride 

contamination by MAR and other water management schemes in these types of aquifers, 

it is important to avoid the potential of water-sediment disequilibria due to processes 

affecting dissolved calcium concentrations.  
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Supporting Information 

 

S3.1   Supporting Figures 

 

Figure S3-1  (adapted from Seibert et al. (2016)) Schematic radial cross section of the injection 

interval covering the entire Leederville aquifer. White and grey areas show the interbedding of low 

permeablelayers (Kh <1, grey) and high permeable layers (Kh >1, white). Also shown are the 

screened intervals of the injection and the montoring wells (dark grey lines) projected along the 

aquifer cross section. Screens marked with an asterisk (*) were corrected for layer inclination 

toward the east and west of the injection well. MZ1 to MZ5 (separated by dotted lines) denote 

monitoring zones with the corresponding monitoring well positions located approximately along a 

flow line. MZ1 to MZ3 reside in the tidal channel deposits, while MZ4 and MZ5 are located in the 

tidal flat deposits.  
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Figure S3-2  Average concentration of fluoride for the calibrated model (V0) in the Leederville 

aquifer over time for the 100m injection interval (124m – 224 m below ground level) to a radial 

distance of 320 m. 
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Figure S3-3  Model discretization for the radially symmetric model grid (41 columns of increasing width in radial direction, starting from the injection 

well (x = 0m) and 76 layers reflecting geological and geochemical variations). The monitoring wells have been projected onto the radially symmetric 

section. Geochemical zones (denoted CZ1 to CZ6) are shown by the alternating blue and yellow shading.
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Figure S3-4  Breakthrough curves for selected wells from the central section of the model domain 

for model variant V4 – no surface complexation (lines are simulation results and symbols represent 

field observations).  
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S3.2   Fluoride extraction experiment 

Fluoride extraction with deionized water  

A fluoride extraction experiment was conducted to investigate whether the pulses of 

elevated fluoride observed during the field experiment can be explained by release from 

Leederville sediments under low ionic strength conditions (Edzwald et al., 1976; Goldberg 

and Sposito, 1984a; Sparks, 2003).  The procedure was mostly adapted from the chloride 

extractable fluoride procedure of Barrow and Shaw (1982) and Frankenberger et al. (1996). 

However, NaCl was used as the extractant rather than CaCl2 to prevent the possibility of 

calcium phosphate salts forming. Four representative samples of the injection interval 

sediments (i.e., Wanneroo Member of the Leederville Formation) where chosen from bore 

LMB2, which was cored ~525m to the north of the injection well. The samples were stored 

in sealed containers of aquifer fluids to prevent oxidation after sampling. Quantitative 

XRD mineralogy and XRF elemental analyses were performed on these samples using a 

PANalytical X'Pert XRD system and PANalytical Axios Advanced wavelength dispersive 

XRF system respectively (Table S3-1). The type of analyses was the same as those 

performed on powdered CFA-rich nodules from the Leederville sediment, as described in 

Schafer et al. (2018) where further details of the methods are described. The samples were 

also analyzed for amorphous oxides by extraction in ammonium oxalate at pH 3.25. The 

cation exchange capacity (CEC) was determined by the 1M NH4Cl method (Table S3-1). 

The samples were all low in total phosphorous (≤0.05 wt%) and therefore assumed to be 

low in CFA. Three of the selected samples were predominantly sandy and thus representing 

the more permeable sections of the Leederville aquifer. The remaining sample represented 

a less permeable section with up to ~17% kaolinite clay. Three solutions were prepared, 

i.e., (i) an ultrapure water (18 MΩ cm, Milli-Q Advantage A10, Millipore) (ii) 0.001 M 

NaCl (approximate salinity of deionised injectate) and (iii) 0.01 M NaCl (approximate 

average salinity of native groundwater). Duplicate samples of approximately 4.00 g 

equivalent dry weight of each sediment sample were placed in 50 mL polypropylene 

centrifuge vials and 40 mL of the appropriate solution was then added. The initial pH of 

the solution was measured after initial mixing. The samples where then mixed end-over-

end mixer for 16 hours. The final pH was measured after mixing, then the samples where 

centrifuged and the supernatant filtered (0.45 µm) prior to analysis. The samples were 

analysed for F-, PO4
3-, Cl- and HCO3

- using the methods described above. Blanks samples 

of the three different solutions were also analysed. 
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Results 

The mineralogical analyses for the four selected sediment samples from cored bore LMB2 

are presented in Table 3-4. All samples showed to be mature quartzo-feldspathic sands 

with variable kaolinite clay contents and low total phosphorous (≤0.05 wt%). 

 

All extractions resulted in the release of less than 4.2 µM fluoride, which is at the lower 

end of the pre-breakthrough background concentrations that were observed during the field 

experiment (range 2.6 µM to 16 µM) (see Figure 3-2 in main manuscript). Generally, 

fluoride concentrations were highest for the Milli-Q water. Only three out of the eight 

samples analysed for the 0.001 M NaCl solution were above the detection limit (0.5 µM). 

Fluoride concentrations were all below the detection limit after mixing with the 0.01 M 

NaCl solution. The observed general trend of increasing fluoride with decreasing ionic 

strength (Table S3-2) is consistent with the release of weakly sorbed fluoride due to an 

increase in the diffuse layer thickness in response to the decreasing ionic strength 

(Dzombak and Morel, 1990; Sparks, 2003). All measured phosphate concentrations were 

below the detection limit of 0.5 µM (Table S3-3). 

 

Table S3-1   Quantitative XRD mineralogy, amorphous oxide (AmOx) analyses, cation exchange 

capacity (CEC) and total phosphorous XRF analyses for sediment samples selected from cored 

bore LMB2 located ~ 525m north of the injection well, at four different depth intervals which were 

used in the fluoride extraction experiment. 

 

 141.2 mbgl 157.3 mbgl 187.2 mbgl 233.5 mbgl 

Quartz (wt %) 61.9 39.3 45.5 69.2 

Kaolinite (wt %) 8.1 16.9 6.3 1.3 

Muscovite (wt %) 1.0 1.4 1.3 <0.1 

Chlorite (wt %) <0.1 0.9 <0.1 <0.1 

Albite (wt %) <0.1 <0.1 1.1 1.4 

Orthoclase (wt %) 17.1 27.1 25.3 14.2 

Microcline (wt %) 10.6 13.7 20.2 10.4 

Calcite (wt %) <0.1 <0.1 <0.1 <0.1 

Siderite (wt %) <0.1 <0.1 <0.1 3.2 

Pyrite (wt %) 1.4 0.5 0.3 0.3 

Al (AmOx) (mg/kg) 130 100 100 630 

Fe (AmOx) (mg/kg) 870 680 500 5000 

Mn (AmOx) (mg/kg) 24 16 24 360 

Si (AmOx) (mg/kg) 100 69 96 560 

CEC cmol(+)/kg 4 5 3 2 

P2O5 (wt%) (XRF analysis) 0.04 0.05 0.03 0.05 
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Table S3-2  Fluoride released from sediment samples by extraction with Milli-Q water, 0.001 M 

NaCl and 0.01 M NaCl (sediment/solution ratio 0.1). 

 

 Fluoride (µM) 

 141.2 mbgl 157.3 mbgl 187.2 mbgl 233.5 mbgl 

replicate 1 2 1 2 1 2 1 2 

Milli-Q water <0.5 3.0 1.8 2.0 3.8 2.5 <0.5 <0.5 

0.001 M NaCl <0.5 <0.5 <0.5 4.1 2.0 4.1 <0.5 <0.5 

0.01 M NaCl <0.5 <0.5 <0.5 <0.5 <0.5 <0.5 <0.5 <0.5 

 

 

 

Table S3-3  Phosphate released from sediment samples by extraction with Milli-Q water, 

0.001 M NaCl and 0.01 M NaCl (sediment/solution ratio 0.1). 

 

 Phosphate (µM) 

 141.2 mbgl 157.3 mbgl 187.2 mbgl 233.5 mbgl 

replicate 1 2 1 2 1 2 1 2 

Milli-Q water <0.5 <0.5 <0.5 <0.5 <0.5 <0.5 <0.5 <0.5 

0.001 M NaCl <0.5 <0.5 <0.5 <0.5 <0.5 <0.5 <0.5 <0.5 

0.01 M NaCl <0.5 <0.5 <0.5 <0.5 <0.5 <0.5 <0.5 <0.5 

  



 Schafer, D.B.H. 

 PhD Thesis. The University of Western Australia 
 

 

S3.3   Reaction Network 

Table S3-4  Reaction network. 

Existing reactions from Seibert et al. (2016) proton buffering model variant 

mineral reactions 
equilibrium 

/  kinetic^ log𝐊𝐒𝐏
𝟐𝟓°𝐂 

Fe(OH)3  

(amorphous) 
Fe(OH)3(a)  +  3H+    ↔    Fe3+   +  3H2O          equilibrium 4.891 

Gibbsite 

(microcrystalline) 
Al(OH)3(m)  +  3H+    ↔    Al3+   +  3H2O equilibrium 9.352 

Glauconite 
Ca0.02K0.85Fe0.03

III Mg1.01Fe0.05
II Al0.32Si3.735O10 (OH)2 +  7.07H+  +  7H2O  

↔    0.02Ca2+   +  0.85K+ + 1.03Fe3+ +  1.01Mg2+

+ 0.05Fe2+ + 0.32Al3+ + 3.735H4SiO4 + 4.53H2O 
kinetic^ 8.033 

Pyrite FeS2  +  2H+ + 2e−    ↔    Fe2+   +  2HS− kinetic^ -18.481 

SiO2    

(amorphous) 
SiO2(a)  +  3H2O   ↔    Al3+   +  H4SiO4 equilibrium -2.711 

Siderite FeCO3    ↔    Fe2+   +  CO3
2− kinetic^ -10.891 

Ferrous iron 

oxidation 

               Fe2+  + 0.25O2  +   H+    ↔    Fe3+  +   H2O 

               Fe2+  + 0.2NO3
−  +   1.2H+    ↔    Fe3+  +   0.1N2 +  0.6H2O 

kinetic^ na 

Sediment organic 

matter oxidation 

CH2O + O2    ↔    HCO3
−  +   H+ 

CH2O +  0.8NO3
−  +  0.8H+    ↔    HCO3

−   +  0.4N2  +  H+  +  0.4H2O 
kinetic^ na 

Cation exchange half reactions< log𝐊𝐒𝐂
𝟐𝟓°𝐂 

Na+ +  X−     ↔     NaX 01 

Ca2+ +  2X−     ↔     CaX2 0.81 

Mg2+ +  2X−     ↔     MgX2 0.61 

K+ +   X−     ↔     KX 0.71 

H+ +  X−     ↔     HX 5.084 

Fe2+ +  2X−     ↔     FeX2 0.441 

Mn2+ +  2X−     ↔     MnX2 0.521 

Sr2+ +  2X−     ↔     SrX2 0.911 

Ba2+ +  2X−     ↔     BaX2 0.911 

Al3+ +  3X−     ↔     AlX3 0.411 

AlOH2+ +  2X−     ↔     AlOHX2 0.891 

New reactions included in this study  

Equilibrium with DCPsurface log𝐊𝐒𝐏
𝟐𝟓°𝐂 

DCPsurface CaH(PO)4. H2O   ↔    Ca2+  + H(PO)4
2− + H2O -9.6±0.65 -10.07

# 

CFA proton exchange< log𝐊𝐒𝐂
𝟐𝟓°𝐂 

CFA proton 

exchange  

      ≡CfCa4.38Na0.25(CO3)0.55F2.36(OH)0.18   +  5.37H+ 

           ↔    4.38Ca2+  + 0.25Na+ + 0.55CO3
−2 + 2.36F− + ≡CfH5.37 

(where ≡Cf represents surface ≡CaPO4 groups on CFA) 
0.59

# 

Potential precipitation reactions log𝐊𝐒𝐏
𝟐𝟓°𝐂 

DCPA  CaH(PO)4    ↔    Ca2+  + H(PO)4
2−      -6.76 

DCPB CaH(PO)4. 2H2O  ↔    Ca2+  + H(PO)4
2− +  2H2O      -6.66 

OCP  Ca8(HPO4)2(PO4)4. 5H2O   ↔    8Ca2+  + 6(PO)4
3− +  2H+ +  5H2O -93.87 

β -TCP   Ca3(PO4)2 +  2H+    ↔    3Ca2+  + 2H(PO)4
2− -7.966 

Vivianite   Fe((PO)4)2. H2O  ↔    3Fe2+  + 2(PO)4
3− + H2O -35.778 

Calcite   Ca(CO)3   ↔    Ca2+  + CO3
2− -8.481 

Ankerite CaFe0.6Mg0.4(CO3)2     ↔    Ca2+  +   0.6Fe2+  +   0.4Mg2+  +  2CO3
2− -17.49 

Dolomite CaMg(CO3)2     ↔    Ca2+  +   0.4Mg2+  +  2CO3
2− -17.091 

Gypsum   Ca(SO)4. 2H2O  ↔    Ca2+  + SO4
2− +  2H2O -25.061 

Fluorite CaF2   ↔    Ca2+  +  2F−  -10.61 
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Table S3-4 continued: Reaction network 

Surface complexation with composite Leederville sediments based on gibbsite 

dominant site (Karamalidis and Dzombak, 2010)    
(≡Gb represents surface complexation site) 

log𝐊𝐢𝐧𝐭
𝟐𝟓°𝐂 

≡GbOH  +  H+     ↔     ≡GbOH2
+ 8.0110 8.01

#
 

≡GbOH    ↔     ≡GbO− +  H+     -11.5710  -11.66
#
 

≡GbOH  +  PO4
3−  +  3H+     ↔     ≡GbH2PO4  +  H2O 3010 31

#
 

≡GbOH  +  PO4
3−  +  2H+     ↔     ≡GbH2PO4

−  +  H2O 19.2310  19.23
#
 

≡GbOH  +  PO4
3−  +  H+     ↔     ≡GbH2PO4

2−  +  H2O 14.810 14.06 # 

≡GbOH  +  SO4
2−  +  H+     ↔     ≡GbSO4

−  +  H2O -0.4510 -0.45
#
 

≡GbOH  +  SO4
2−     ↔     ≡GbSO4

−2 2.4210  2.42
#
 

≡GbOH  +  F−  +  H+     ↔     ≡GbF +  H2O 8.7810 9.78
#
 

≡GbOH  +  F−     ↔     ≡GbOHF− 2.8810 3.30
#
 

≡GbOH  +  2F−  +  H+     ↔     ≡GbF2  +  H2O 11.9410 11.94
#
 

≡GbOH  + H4SiO4     ↔     ≡GbOH4SiO4
−  +  H+ -4.1610 -4.16

#
 

≡GbOH  +  CO3
2−  +  2H+     ↔     ≡GbHCO3  +  H2O 21.4810  18.68

#
 

≡GbOH  +  CO3
2−  +  H+     ↔     ≡GbCO3

−  +  H2O 15.9310 12.65
#
 

≡GbOH  +  Ca2+     ↔     ≡GbOCa+  +  H+     -10.4910 -10.49* 

≡GbOH  +  Ba2+     ↔     ≡GbOBa+  +  H+     -8.5010 -8.50* 

≡GbOH  +  Sr2+     ↔     ≡GbOSr+  +  H+     -8.2610 -8.26* 

≡GbOH  +  Mg2+     ↔     ≡GbOMg+  +  H+     -5.9310 -5.93* 

≡GbOH  +  Fe2+     ↔     ≡GbOFe+  +  H+     -3.7710 -3.77* 

≡GbOH  +  Mn2+     ↔     ≡GbOMn+  +  H+ -5.4910 -5.49* 

# calibration this study;     

* parameter fixed;      

^ refer to Seibert et al.(Seibert et al., 2016) for full details of the employed kinetic rate  

   expressions;     

<  selectivity coefficients for exchange reactions have been defined using the Gaines and Thomas  

   equivalent fractions convention(Appelo and Postma, 2005). 

1(Parkhurst, 2015)             
2(Blanc, 2018)        
3(Pham et al., 2011) 
4(Seibert et al., 2016)                 
5(Chaïrat et al., 2007a)             
6(Wagman et al., 1982) 
7(Stumm and Morgan, 1996)        
8(Al-Borno and Tomson, 1994)               
9(Al et al., 2000)  
10(Karamalidis and Dzombak, 2010) 
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 S3.4   Implementation of the rapid proton exchange reaction 

In the PHREEQC/PHT3D database(Parkhurst, 2015) Reaction 1 was represented using the 

as EXCHANGE MASTER SPECIES and EXCHANGE SPECIES keywords a pair of half 

reactions(Appelo and Postma, 2005) as follows: 

 

EXCHANGE_MASTER_SPECIES 

Cf Cf-5.37 

 

EXCHANGE_SPECIES 

Cf-5.37 = Cf-5.37 

log_k 0.0 

 

4.38Ca+2  +  0.25Na+  + 0.55CO3-2  +  2.36F- + 0.18OH-  +  Cf-5.37 

=  CfCa4.38Na0.25(CO3)0.55F2.36(OH)0.18                                                                               

log_k 0.0        (S1)             

 

5.37H+ + Cf-5.37 = CfH5.37    

       log_k  0.59                                                                                         (S2)           

 

Where ‘Cf’ represents unprotonated surface ≡CaPO4 groups on CFA.  The equilibrium 

product for exchange half exchange Reaction S1 was set to 0 as a point of reference and 

the equilibrium product for exchange half exchange Reaction S2 along with the amount of 

CFA exchange sites were determined as calibration parameters.   
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S3.5   Additional model calibration details 

Calibrated amounts for CFA exchange sites and DCPsurface are presented in Table S3-5.  

To assess whether the calibrated amounts of CFA exchange sites are plausible with 

potential CFA content in the Leederville aquifer an estimation of the maximum amount of 

CFA occurring in the aquifer based on total phosphorus analyses has been made. As CFA, 

which occurs in the Leederville aquifer (Schafer et al., 2018), is generally by far the most 

common phosphate mineral in sedimentary environments (Föllmi, 1996; Glenn et al., 

1994; Ruttenberg, 2003) it is considered likely that a significant portion of the total 

phosphorus measurements for the Leederville aquifer is related to CFA. Determinations of 

the surface area of CFA in the literature by the BET method give an average of 11.3 m2/g 

(sd = 3.77 m2/g, n = 6) (Guidry and Mackenzie, 2003; Olsen, 1952; Perrone et al., 2002).  

Analysis of the ideal CFA unit cell (Yi et al., 2013b) on the 001 crystal plane which is 

perpendicular to the main structural channel indicate than the three fluoride atoms in 

surface units cells of CFA occupy approximately 25.9 Å2 on average.  This gives an upper 

estimate of approximately 72 ± 24 µM/g of fluoride at the surface of CFA. Previous 

measurements of porosity (average = 0.352, sd = 0.04, n=3), average grain density (average 

= 2.61 kg/m3, sd = 0.017 kg/m3, n = 3) and total phosphorous analyses the Leederville 

sediments (0.047 wt% P2O5, sd = 0.049 wt% P2O5, n = 40) (Descourvieres et al., 2011) 

indicate an upper limit of approximately 2.2  ± 2.3 g CFA/litre assuming all the phosphorus 

occurs as CFA with composition determined for nodules sourced from the Leederville 

sediments (Schafer et al., 2018) (refer Equation 1). This results in an estimate of 0160 ± 

170 µM fluoride occupying the surface of CFA in the Leederville aquifer sediments.  This 

estimate suggests a similar order of magnitude compared to the observed maximum 

concentrations of fluoride released at breakthrough of deionised injectate of between 

12 μM to 58 μM.  Also, the estimated upper limit of 2.2  ± 2.3 g CFA/litre is equivalent ~ 

2200 ± 2300 µM of CFA, which has a molecular weight of 987.4g 

(CFA = Ca9.75Na0.25(PO4)5.37(CO3,F)0.55F1.81(OH)0.18) (Schafer et al., 2018). This estimate exceeds 

the calibrated amounts, which range between 9 and 45 µM.  This is considered plausible 

because the monitoring wells were screened in the sandy sections of the aquifer where the 

concentration of CFA is likely to be much lower than those in more clayey sections. 
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Table S3-5  Calibrated amounts of CFA exchange sites, DCPsurface, Leederville  

sediment general exchange sites and composite Leederville sediment surface sites. 

Geochemical zone 

(refer Figure S3) 

CFA exchange 

site (Reaction 1) 

(μM) 

DCPsurface 

(Reaction 2) 

(μM) 

Leederville 

general exchange 

site (X) 

(μM) 

Leederville 

composite surface 

site (Gb) 

(μM) 

CZ1 45 160 19550 50 

CZ2 45 30 20000 50 

CZ3 30 40 15020 50 

CZ4 9 50 16080 50 

CZ5 20 82 6030 50 

CZ6 43 70 15000 100 

 

 

Calibrated amounts of general Leederville sediment exchange sites are also presented in 

Table S3-5.  An estimate of sediment exchange sites can be obtained from cation exchange 

capacity (CEC) measurements of the Leederville sediments.  Measurements of the CEC of 

the Leederville sediments range from 1.5 to 6.9 cmol(+)/kg which is equivalent to ~ 0.3 to 

1.2 M of positive exchange sites for the Leederville aquifer, which has an average porosity 

of 0.352 (sd = 0.04, n=3) and an average grain density of 2.61 kg/m3 (sd = 0.017 kg/m3, 

n = 3) (Descourvieres et al., 2011). The calibrated amounts of general Leederville sediment 

exchange sites, which range from 0.006 to 0.02M (Table S3-5), are significantly below the 

amount estimated from the cation exchange capacity CEC analyses.  However, as stated 

above, it is important to consider that the majority of groundwater flow occurs within the 

sandy sections of the aquifer, where the CEC of the sediments is significantly reduced. 

Calibrated intrinsic equilibrium constants for surface complexation with composite 

Leederville sediments are consistent with the general pattern and magnitude of the initial 

gibbsite constants from Karamalidis and Dzombak (2010) (Table S3-4 and main 

manuscript Table 3-2). By far the largest difference from the initial estimates was for the 

surface complexation of carbonate and bicarbonate (~ three log units), however as limited 

or no experimental data was available for these ions Karamalidis and Dzombak (2010) 

extrapolated constants based on linear free energy relationship and consequently the initial 

values may have large uncertainty. The discussion in the main manuscript for the rationale 

for adopting the generalised approach based on gibbsite is expanded in the following.  As 

natural sediments are complex mixtures of crystalline as well an amorphous phases with 

mineral surfaces variously coated with metal oxides and organic matter (Davis et al., 1998) 

the generalised composite approach (Davis et al., 1998; Goldberg, 2014; Goldberg and 

Criscenti, 2008) was adopted.  A representative dominant single site was assumed based 
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on the generalised diffuse layer (two-layer) model (Davis et al., 1998; Dzombak and Morel, 

1990; Goldberg and Criscenti, 2008)  for gibbsite by Karamalidis and Dzombak (2010). 

Gibbsite (Al(OH)3) was selected as the representative site because the Leederville 

sediments in the injection interval (predominantly quartz, feldspar and kaolinite 

(Descourvieres et al., 2011) occur in reducing conditions and have high aluminium content 

(9.5 ± 5.7 wt% Al2O3 compared to 2.5 ± 1.8 wt% Fe2O3 and 0.02 ± 0.01 wt% MnO (n=45)) 

(Descourvieres et al., 2011). Also based on the calculated saturation index (SI = -0.05 +/- 

0.24 (n=90)), the, aquifer is essentially in equilibrium with microcrystalline gibbsite 

(Blanc, 2018).  While ferrinol sites are also likely to be important(Ding et al., 2012) 

Karamalidis and Dzombak (2010) demonstrated that goethite and gibbsite exhibit similar 

sorption behaviour for a range of anions.  Similarly,  Essington (2013) showed that the 

aluminol site for kaolinite (shows similar sorption behaviour to gibbsite for the anions 

antimony(V) and phosphate.  Also, in the presence of poorly crystalline aluminium phases 

the surfaces of goethite, silica, rutile and ferrihydrite become enriched in aluminium 

(Bower and Hatcher, 1967; Davis et al., 1998; Lövgren et al., 1990) and aluminol sites 

have been identified as the most important sites for adsorption of fluoride in high 

aluminium soils (Harrington et al., 2003; Omueti and Jones, 1977).  There is 1.16 ± 1.59 

wt% total carbon (n=45) (Descourvieres et al., 2011) in the Leederville sediments which 

occurs mainly as coalified material (Descourvieres et al., 2011). This is not considered to 

be an important site for anion sorption at the pH range of the field trial (approximately 5.8 

– 8.0) because above pH 5 the carboxylic acid functional groups on the surface of coal 

become hydroxylated (Simate et al., 2016).  The initial intrinsic equilibrium constants for 

the surface complexation reactions were assumed to be those for gibbsite based on those 

reported by Karamalidis and Dzombak (2010) for an ionic strength of 0.001M, which 

approximates the ionic strength of the deionised wastewater injected during the  field trial 

(main manuscript Table 3-1 and Table S3-4). Where intrinsic equilibrium constants were 

not available for I = 0.001M initial constants determined at higher ionic strength were 

initially adopted.  Competitive sorption for a range of anions and cations was considered 

in the surface complexation model (Table S3-4).   

 

Assuming the dominant surface site is the aluminol site on kaolinite, which is prevalent in 

the Leederville aquifer.  Measurements of the weight percentage of kaolinite occurring in 

Leederville aquifer over the screen interval yielded 16.5 ± 8.3 wt % kaolinite (n=25) 

(Descourvieres et al., 2011). Based on a surface area of 13.08 m2g-1 and aluminol site 
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density of 0.55 sites per nm2 for kaolinite from Essington (2013) this is equivalent to 3300 

± 1700 µM surface sites.  This amount is greater than the calibrated amount of generalised 

gibbsite sites which range 50 to 100 µM (Table S3-5).  This is considered plausible as the 

majority of groundwater flow occurs within the sandy sections of the aquifer where the 

content of kaolinite clay is reduced. 

 

The phase solubility products, exchange selectivity coefficients and intrinsic equilibrium 

constants for surface complexation reactions that were calibrated are presented in 

Table S3-6. In order to estimate the posterior parameter uncertainty conditioned on the 

observation data, the relative uncertainty reduction statistic (Doherty, 2015)  (ruv) was 

calculated (Doherty, 2018b) (Table S3-6 and main manuscript Table 3-2).   

              ruvi = 1 - 
𝜎𝑢𝑖

2

𝜎𝑖
2                                                  equation SE1 

where 𝜎𝑖
2 and 𝜎𝑢𝑖

2  represent prior and posterior variances of parameter i. 

 

The calculation of ruv (Equation SE1) is based on a linearization of the numerical model 

and was performed using the GENLINPRED unity of the PEST parameter estimation suite 

(Doherty, 2018a; Doherty, 2018b).  The calculation requires an estimation of the prior 

probability density distribution for the parameters, which was assumed to be a uniform 

distribution between upper and lower parameter bounds (Table S3-6).   Values of ruv close 

to the maximum value of 1 indicate that the observation data provides a large amount of 

statistical information related to that parameter, leading to a relatively large variance 

reduction in parameter uncertainty.   

 

The parameters most informed by the data are the solubility product for DCPsurface and 

the selectivity coefficient from the CFA exchange reaction.  The key exchange reactions 

with general Leederville exchange sites for calcium and magnesium as well as the first 

protonation reaction with generalised gibbsite surface complexation sites had relatively 

high ruv values (above 0.5). The constants for first surface complexation reaction for 

phosphate, the second surface complexation reaction for fluoride and the surface 

complexation got bicarbonate were moderately informed by the data.  The constants for 

second and third surface complexation reaction for phosphate, the first and third surface 

complexation reaction for fluoride and surface complexation with carbonate were 

essentially not informed by the data.  The low information content for these later reactions  
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Table S3-6  Calibrated solubility product, selectivity coefficients and intrinsic equilibrium 

constants and associated relative uncertainty reduction factor (ruv) statistic. 

Equilibrium with DCPsurface  log𝐊𝐒𝐏
𝟐𝟓°𝐂 

Initial 

estimate 

Calibrat

ed value 

Prior 

lower 

bound 

estimate 

Prior 

upper 

bound 

estimate 

ruv3 

CaH(PO)4. H2O   ↔    Ca2+  + H(PO)4
2− +  H2O -9.6±0.61  -10.07 8.6 11.5 0.999 

CFA proton exchange log𝐊𝐒𝐂
𝟐𝟓°𝐂  

 ≡CfCa4.38Na0.25(CO3)0.55F2.36(OH)0.18   +  5.37H+ 

             ↔    4.38Ca2+  + 0.25Na+ + 0.55CO3
−2 +

                     2.36F− + ≡CfH5.37 

- 0.59 -4.5 5.5 0.991 

key surface complexation reactions log𝐊𝐢𝐧𝐭
𝟐𝟓°𝐂  

≡GbOH  +  H+     ↔     ≡GbOH2
+ 8.012  8.01 5 15 0.59 

≡GbOH    ↔     ≡GbO− +  H+ -11.572  -11.66 5 15 3.6e-06 

≡GbOH  +  PO4
3−  +  3H+     ↔     ≡GbH2PO4  +  H2O 30.02  31.0 28 32 0.23 

≡GbOH  +  PO4
3−  +  2H+     ↔     ≡GbH2PO4

−  +  H2O 19.232  19.23 17.23 19.23 0 

≡GbOH  +  PO4
3−  +  H+     ↔     ≡GbH2PO4

2−  +  H2O 14.82 14.06 14.06 16.06 1.0e-03 

≡GbOH  +  F−  +  H+     ↔     ≡GbF +  H2O 8.782  9.78 7.78 11.78 5.9e-03 

≡GbOH  +  F−     ↔     ≡GbOHF− 2.882  3.30 1.88 3.88 0.28 

≡GbOH  +  2F−  +  H+     ↔     ≡GbF2  +  H2O 11.942  11.94 11.0 13.0 1.2e-06 

≡GbOH  +  CO3
2−  +  2H+     ↔     ≡GbHCO3  +  H2O 21.482  18.7 14.7 22.7 1.0e-03 

≡GbOH  +  CO3
2−  +  H+     ↔     ≡GbCO3

−  +  H2O 15.932  12.65 8.65 16.65 0.42 

1(Chaïrat et al., 2007a)             
2(Karamalidis and Dzombak, 2010) 
3(Doherty, 2018b) 

 

is expected since these are not the primary surface complexation reactions occurring under 

the modelled pH conditions for each given ion in solution. 
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S3.6   Model Variants 

Four model variants (V1-V4) plus the calibrated model (V0) were developed to allow 

specific processes to be investigated.  These are listed in Table S3-7.  In the first of these 

variants (V1), Ca exchange reaction was omitted from the reaction network, while an 

artificial species was added to the reaction network. This artificial species (i) was 

defined not to affect ionic strength by setting the A and B gamma parameters (refer 

PHREEQC manual (Parkhurst and Appelo, 2013) to 1012 and 0 respectively such that 

the resultant activity of the dummy species was insignificant compared to the activity 

of real species and (ii) was added at the same concentrations as Ca into the injectant. 

Fixed pH variants (V2-V3) were developed by inclusion of a numerical buffer into all input 

solutions that was charge balance by an artificial ion that was numerical set to have 

minimal activity by setting the gamma parameters to  A and B gamma parameters 

(Parkhurst and Appelo, 2013) to 1012 and 0 respectively in a similar fashion as for V1 

so that ionic strength was not changed.  The PHREEQC coding for the artificial buffer is 

as follows to buffer to pH 7.7: 

 

# artificial buffer 

Pip-2 = Pip-2 

              log_k   0.0 

        -gamma 1e12 0 

 

Pip-2 + H+ = PipH- 

             log_k   7.7 

 

In variants V2 and V3 calcium exchange to Leederville sediment sites was turned on as 

per the calibrated model V0.  For V4, the surface complexation reactions were omitted 

from the reaction network. For the predictive model scenario 500 μM of CaCl2 was added 

to the injectant solutions employed in the calibrated model V0. 
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Table S3-7  Model variants. 

 Model variant 

V0 Calibrated model 

V1 Calcium exchange to sediment sites omitted from reaction network  

V2 
pH buffered to 7.1 with calcium exchange to sediment sites included in 

the reaction network 

V3 
pH buffered to 7.7 with calcium exchange to sediment sites included in 

the reaction network 

V4 No surface complexation reactions. 

predictive 

model 

scenario 

Addition of 500 μM of CaCl2 to the injectant solutions employed for 

V0 
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S3.7   Figure 3-4 calculations 

The rapid proton exchange reaction for CFA (Equation 1) is as follows: 

 

≡Ca9.75Na0.25(PO4)5.37(CO3,F)0.55F1.81(OH)0.18 + 5.37H+ + nH2O ↔ 

≡Ca5.37H5.37(PO4)5.37. nH2O +  4.38Ca2+ + 0.25Na+ + 0.55CO3
2− + 2.36F− + 0.18OH−          

   (SS1) 

 

Equation SS1 with the surface phosphate and calcium groups not affected by the 

exchange ≡Ca5.37(PO4)5.37  replaced by Cf-5.37
 can be expressed as: 

 

CfCa4.38Na0.25(CO3,F)0.55F2.36(OH)0.18 + 5.37H+  ↔ 

Cf𝐻5.37 +  4.38Ca2+ + 0.25Na+ + 0.55CO3
2− + 2.36F− + 0.18OH−                   (SS2) 

 

The log K as calibrated from this study for this form of the CFA exchange reaction 

(Reaction SS2) can be expressed as (with activities replaced by concentrations): 

 

logK =  4.38  log[Ca2+] + 0.25 log[Na+] + 0.55 log[CO3
2−] + 2.36 log[F−] +

0.18 log[𝑂𝐻−] − 5.37  log[𝐻+] + log (
CfH5.37

Cf-Ca4.38(CO3,F)0.55F2.36(OH)0.18

)           =        0.59       

where CfH5.37 is the proportion of this species on the exchanger as per the Gaines and 

Thomas (equivalent fractions) convention(Appelo and Postma, 2005) used in PHREEQC 

(Parkhurst and Appelo, 2013).  

 

By setting the major ion concentrations equal to the ones found in regions Z2 or Z3, the 

plot shown in Figure 3-4 in the main manuscript has been constructed by varying Ca 

concentrations a given pH and a given composition of the CFA exchanger. 
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Abstract 
 

Fluoride in drinking water with concentrations >1.5 mg L-1 (79 µM) may cause adverse 

health conditions such as dental and skeletal fluorosis. In groundwater systems fluorapatite 

(FAP: Ca10(PO4)6F2) and related carbonate-rich fluorapatites (CFA: Ca10(PO4)5(CO3,F)F2) 

may act as geogenic sources for fluoride as they occur ubiquitously as trace components 

of rocks and sediments. Dissolution of CFA occurs as a two-step process involving (i) 

rapid proton exchange at the CFA surface and (ii) equilibrium with a depleted mineral 

surface of hydrated di-basic calcium phosphate composition (referred to as DCPsurface = 

CaHPO4•nH2O). Managed aquifer recharge (MAR) operations using deionised or low 

calcium source water may disturb the naturally persisting geochemical equilibrium 

between CFA and the ambient groundwater and enhance the risk of fluoride mobilisation. 

In this study we explore the use of reactive transport modelling on investigating how an 

engineered manipulation of the MAR source water composition might prevent or reduce 

fluoride release from CFA. Based on a previously developed and calibrated model for 

Australia’s largest groundwater replenishment operation, we investigate the efficiency of 

(i) raising calcium concentration through the amendment of CaCl2 or Ca(OH)2 (ii) raising 

sodium concentrations through the amendment of NaCl or sea salt and (iii) raising the pH. 

The modelling results illustrate in detail how the geochemical zonation around injection 

boreholes evolves over time and how this affects fluoride release and attenuation for the 

different amendment types. Treatments involving the addition of calcium and sodium are 

both found to be effective at reducing maximum fluoride concentrations, with calcium 

generally producing the greatest reduction in maximum fluoride concentrations.  In 

contrast, increasing the injectate pH was found to be inefficient in reducing fluoride 

concentrations significantly due to the strong pH buffering effect of the aquifer sediments.   

 

Keywords: Fluoride; managed aquifer recharge; reactive transport modelling; CFA; 

advanced water treatment. 
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Figure 4-1  Graphical abstract 
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4.1   Introduction 
 

 

Increasing water demands and climate variability have caused aquifer depletion and 

seawater intrusion in Australia and elsewhere (CSIRO and BOM, 2015; Fienen and 

Arshad, 2016; UNESCO, 2016). Managed aquifer recharge (MAR) is an increasingly used 

tool to combat these problems (Burris, 2018; Casanova et al., 2016; Dillon et al., 2018; 

Ebrahim et al., 2016; Reichard and Johnson, 2005). MAR involves the intentional 

infiltration or injection of various source water types into aquifers, often for later recovery 

(Dillon, 2005; Dillon et al., 2018; Stefan and Ansems, 2018). With recent advances and 

cost reductions in water treatment technology, reclaimed, highly treated wastewater has 

become an attractive source water type to supplement existing resources in many water 

scarce areas (Burris, 2018; Casanova et al., 2016; Dillon et al., 2018; Ganot et al., 2018; 

Missimer et al., 2014; Reichard and Johnson, 2005; Rodriguez et al., 2009; Stuyfzand et 

al., 2017). Compared to seawater desalinisation, wastewater recycling requires several 

additional advanced treatment steps such as ultraviolet light (UV) and ozonation (see Yuan 

et al. (2019)) to remove the significantly higher pathogen and contaminant loading. 

Nevertheless, reclaimed wastewater is generally the economically more viable and 

environmentally more friendly option due to the often much lower salt load and energy 

consumption (Dillon et al., 2018; Missimer et al., 2014; Rodriguez et al., 2009; Zekri et 

al., 2014).  

 

MAR of reclaimed wastewater plays a central role for indirect water reuse schemes as it 

provides a much needed additional treatment buffer, i.e., an aquifer where engineering 

risks and public perception issues preclude direct wastewater reuse (Dillon et al., 2018; 

Ganot et al., 2018; Gibson and Burton, 2014; Ormerod, 2015; Rodriguez et al., 2009; 

Wester et al., 2015; Wester, 2016). However, the hydrochemical composition of the treated 

wastewater typically differs strongly from the native groundwater. MAR will therefore 

often trigger a pronounced geochemical disequilibrium within the target aquifer and induce 

various geochemical reactions between the injected water and the aquifer sediments. 

Previously reported water-sediment reactions observed during MAR include redox 

reactions, mineral dissolution, desorption of trace metals and metalloids, cation exchange 

and mobilisation of colloids (Brown and Misut, 2010; Descourvieres et al., 2010a; 

Fakhreddine et al., 2015; Fakhreddine et al., 2020; Ganot et al., 2018; Jones and Pichler, 
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2007; McNab Jr et al., 2009; Rathi et al., 2017; Treumann et al., 2014; Vandenbohede et 

al., 2013; Wallis et al., 2010). MAR with treated wastewater may induce additional, highly 

specific water-sediment interactions as a result of the very low concentrations of divalent 

cations (e.g., Ca2+ and Mg2+), which are preferentially excluded during the reverse osmosis 

process compared to monovalent cations (Eisenberg and Middlebrooks, 1985; Fakhreddine 

et al., 2015; Richards et al., 2011). Low divalent cations in the recharged water have 

previously been shown to cause the release of surface complexed negatively charged 

contaminants during MAR by decreasing the density of positive surface charge on 

phyllosilicate clay minerals (Fakhreddine et al., 2015) or they may trigger the enhanced 

dissolution of minerals such as calcite and dolomite of which divalent cations are a major 

component (Ganot et al., 2018; Vandenbohede et al., 2013). Those reactions may be 

exacerbated with low ionic strength injectant because divalent cations preferentially 

partition onto sediment exchanger sites relative to monovalent cations, thus increasing the 

degree of disequilibrium (Appelo and Postma, 2005; Vandenbohede et al., 2013).  

 

The long-term success of MAR schemes requires a thorough understanding of concomitant 

water-sediment interactions which may affect water quality or scheme operation.  While 

ample attention has been given to the removal of contaminants prior to injection (Jokela et 

al., 2017; Yuan et al., 2019) as well as the potential for the aquifer to remove pathogens 

and dissolved organic pollutants (Betancourt et al., 2014; Händel and Fichtner, 2019; 

Henzler et al., 2014; Kolehmainen et al., 2007; Kortelainen and Karhu, 2006; Sidhu et al., 

2015; Wiese et al., 2011), less attention has been given to a systematic optimisation of 

water treatment options to proactively prevent water-sediment interactions that release 

geogenic contaminants. In cases where the geochemical mechanisms that control the 

release of geogenic contaminants are well understood, mitigation strategies involving the 

targeted modification of the injectant composition through water treatment can be 

developed.  For example, Prommer et al. (2018a) demonstrated that pre-treatment 

involving deoxygenation could prevent pyrite oxidation and associated arsenic release 

during reinjection of co-produced water from coal seam gas production. Sun et al. (2020a) 

showed through reactive transport modelling how changes in the water treatment processes 

affect long-term groundwater pH changes during groundwater replenishment with 

reclaimed wastewater. Also, Fakhreddine et al. (2015) investigated experimentally at the 

laboratory scale a series of amendments of divalent cations to deionised reclaimed water 
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and how this would reduce the release of arsenate from phyllosilicate clay minerals in 

shallow aquifer sediments.   

 

With the present study we systematically study how the release of fluoride, which can 

occur during the injection of low-ionic strength water, can be mitigated and thereby 

identify possible water treatment options. At the selected study site the fluoride-bearing 

apatite mineral carbonate-rich fluorapatite (CFA: Ca10(PO4)5(CO3F)F2) has been identified 

as a source of geogenic release of fluoride in response to replenishing the aquifer with 

highly purified wastewater (Schafer et al., 2018). Fluoride in aquifers used for drinking 

water abstraction needs to be closely monitored as both deficiency and excess of fluoride 

can lead to human and animal health problems. The World Health Organisation drinking-

water quality guidelines (WHO, 2017) considers that fluoride concentration <0.5 mg/L 

(<26 µM) are beneficial for human health while concentrations exceeding the guideline 

value of 1.5 mg/L (79 µM) may lead to health problems such as dental and skeletal 

fluorosis (Fantong et al., 2010; Jha et al., 2013; Vithanage and Bhattacharya, 2015). 

Excessive fluoride may also lead to learning difficulties in children (Yu et al., 2018). Here 

we use a process-based reactive transport modelling framework to provide deeper insights 

into the critical geochemical mechanisms that control the mobility of fluoride in a deep 

siliciclastic aquifer that is now targeted by a large-scale groundwater replenishment 

operation. 

 

4.2   Material and Methods 

4.2.1  Study site 

The study site is located approximately 25 km north of the Perth metropolitan area, 

Western Australia (Figure 4-2), where the feasibility of recycling wastewater through a 

combination of advanced water treatment (AWT) and MAR was comprehensively 

investigated over the last >15 years. The initial feasibility study phase included a detailed 

hydrogeological and geochemical characterisation campaign, and, most importantly, a 

groundwater replenishment trial (GWRT), during which 3.9 GL of highly purified recycled 

wastewater, sourced from the adjacent Beenyup wastewater treatment plant, was injected 

over a four-year period from 2010 to 2014 into the deep, siliciclastic Leederville aquifer. 

The interpretation of the site characterisation and the hydrochemical data collected during 

the GWRT (Higginson and Martin, 2012) was supported by a suite of geochemical  
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Figure 4-2  Model domain of confined Leederville aquifer MAR injection area (refer Figure 4-2 

for geological cross-section through the injection wells). Model domain is 15 km x 21.5 km and 

comprises 344 column and 240 rows with a grid size of 62.5 m x 62.5 m.  Modelled chloride 

concentrations after 30 years are shown by the coloured shading.  

 

(Descourvieres et al, 2010a,b), solute/heat (Seibert et al., 2014) and reactive transport 

modelling studies (Seibert et al., 2016; Schafer et al., 2020). Based on the success of the 

GWRT, it was decided to pursue a staged implementation of large-scale groundwater 

replenishment (GWR). The first stage of the infrastructure construction was completed in 

2017 and injection with a rate of 14GL/year has since commenced (Donn et al., 2017; Sun 

et al., 2020a). Injection currently occurs through three wells (LRB1, LRB2 and LRB3) that 

are screened in the Leederville aquifer (max. injection rate 10-13 ML/day/bore) and an 

additional well (YRB1) that is screened in the deeper Yarragadee aquifer (Figure 4-2). 

Similar to the GWRT, the source water for the full-scale GWR implementation is recycled 

wastewater, highly purified by three sequential treatment steps, i.e., ultra-filtration, reverse 
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osmosis and UV disinfection (Higginson and Martin, 2012; Moscovis, 2013). The 

infrastructure for Stage 2 is currently under construction, which will shortly add another 

14GL/year to the overall capacity. The additional capacity is provided by two wells 

screened in the Leederville aquifer (LRB4 and LRB5) and two additional wells (YRB2 and 

YRB3) screened in the Yarragadee aquifer (Figure 4-2). The scheme forms now 

Australia’s largest AWT-MAR operation.  

 

4.2.2  GWR-induced groundwater flow and solute transport processes 
 

The hydrogeological characterisation and the monitoring data collected during both the 

GWRT (Seibert et al., 2014) and GWR Stage 1 (Sun et al., 2020a), suggest that, at the local 

scale, the injectant radially migrates away from the injection wells in strictly horizontal 

direction and preferentially in the sandy sections of the target aquifer, while flow and solute 

transport in the silty and clayey sections is negligible. Over time, injectant transport is 

predicted to successively divert from the initially radial-symmetric pattern and to be 

increasingly influenced by the regional groundwater flow patterns and hydrogeological 

features such as faults and groundwater extraction wells that impact groundwater flow rates 

and directions. The predictive model simulations performed by Sun et al. (2020a) show 

that the injectant plume fronts migrate up to 4 km away from the respective injection 

locations in both the Leederville and the Yarragadee aquifer after 30 years of injection. 

The model simulations also illustrate the clear hydraulic separation of the two GWR target 

aquifers that is imposed by the South Perth Shale. 

 

4.2.3  Injectant and target aquifer characteristics 
 

The highly purified wastewater is characterised by a very low ionic strength (TDS ~33 

mg/L) with particularly low divalent cation concentrations (~2.5 µM Ca2+, ~5.0 µM Mg2+) 

and a dissolved oxygen concentration of ~500 µM (Table 4-1). The target injection interval 

comprises the interbedded sand and shale lenses of the Wanneroo Member of the 

Cretaceous Leederville Formation (Leyland, 2011; Timms et al., 2015), which is confined 

above and below by clayey units (Figure 4-3). The sediments of the Leederville Formation 

are a mature siliciclastic sequence that consists predominantly of quartz, kaolinite and K-

feldspar, with trace coal fragments, pyrite, siderite, muscovite, biotite, chlorite, glauconite 

and CFA (Descourvieres et al., 2011; Schafer et al., 2018). The native groundwater (NGW)  
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Table 4-1  Average native groundwater and injectant compositions during the GWRT.   

 

Species Unit 
Native Groundwater                      

(average of LMB1, LMB2 and 
LMB3) 

Deionised Recycled Water              
(average injecant from stage I ) 

pH - 6.98 (sd = 0.24, n = 22) 7.03 (sd = 0.11, n = 53) 

Temperature °C 23.7 (sd = 1.47, n = 7)  26.8 (sd = 2.27, n = 35) 

TDS mg/L 589 (sd = 139, n = 21)  25.7 (sd = 7.88, n = 11) 

Dissolved Oxygen µM - 518 (sd = 31.3, n = 78)* 

Cl µM 8081 (sd = 2084, n = 21) 190 (sd = 174, n = 11) 

Na µM 6497 (sd = 2142, n = 21) 334 (sd = 46.1, n = 11) 

HCO3 µM 1172 (sd = 72.5, n = 21) 163 (sd = 24.3, -n = 11) 

Ca µM 705 (sd = 70.8, n = 21) below detection limit 

Mg µM 669 (sd = 228, n = 21) below detection limit 

Si  µM 430 (sd = 43, n = 21) 8.47 (sd = 2.29, n = 11) 

K µM 307 (sd = 50.1, n = 21) 22.6 (sd = 5.58, n = 11) 

SO4 µM 233 (sd = 98.9, n = 21) below detection limit 

Fe (filtered) µM 94.3 (sd = 32.7, n = 21) below detection limit 

N (total) µM 15.6 (sd = 1.96, n = 14) 125 (sd = 28.1, n = 11) 

Br µM 10.1 (sd = 3.04, n = 21) below detection limit 

F µM 5.34 (sd = 1.06, n = 21) 4.15 (sd = 1.45, n = 9) 

FRP# µM 
1 measurement of 0.65 above 

detection limit (n=11) 
1 measurement of 0.32 above          

detection limit (n=11) 

P (total) µM 3.33 (sd = 1.51, n = 14) 
4 measurements above detection 

limit (range 0.32 - 1.03, n=11) 

B µM 2.44 (sd = 0.69, n = 14) 11.1 (sd = 2.27, n = 11) 

Mn (filtered) µM 1.07 (sd = 0.33, n = 21) below detection limit 

Al (filtered) µM 0.23 (sd = 0.07, n = 13) 
1 measurement of 0.26 above          

detection limit (n=11) 

I µM 0.22 (sd = 0.03, n = 14) below detection limit 

*Measurements from field trial injection of recycled deionised water        

#FRP = Filterable Reactive Phosphorous (assumed to represent phosphate) 

 

increases in salinity with depth over the injection interval from approximately 400 to 1100 

mg/L. Its hydrochemical composition varies from Na-Cl type groundwater near the top 

towards a Na-Cl-HCO3 type groundwater at the base of the injection interval.  

 

4.2.4  Major GWR-induced geochemical reaction 
 

Underpinned by results from laboratory-scale incubation and column experiments 

(Descourvieres et al., 2010a,b), as well as detailed field observations (Higginson and 

Martin, 2012), the model-based analysis of the GWRT demonstrated that pyrite oxidation  
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Figure 4-3   Schematic cross-section through LRB3, LRB2, LRB1, LRB4, and LRB5.(refer 

Figure 4-2 for cross-section location) 

 

was the primary geochemical reaction that was triggered by the injection. Pyrite oxidation 

is primarily triggered by the dissolved oxygen that is contained in the injectant (Prommer 

and Stuyfzand, 2005; Seibert et al., 2016):  

FeS2 + 3.75 O2 + 3.5 H2O     Fe(OH)3 + 2 SO4
2- + 4 H+    (1) 

and to some extent also by residual concentrations of nitrate: 

FeS2 + 3 NO3
- + 2 H2O     Fe(OH)3 + 2 SO4

2- + 1.5 N2 + H+   (2) 

With pyrite oxidation being accompanied by the release of acidity, and the inherent 

buffering capacity of the injectant being low, proton exchange on sediment exchanger sites 

and the dissolution of trace minerals including aluminosilicates and siderite showed to be 

the main reactions to prevent a pH decline in the target aquifer and, potentially associated 

with it, an increase in metal(loid) mobility (Seibert et al., 2016; Sun et al., 2020a).   
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4.2.5  Fluoride mobilization 
 

During the GWRT and GWR Stage 1, elevated fluoride (up to 58 μM) and phosphate 

concentrations (up to 55 μM) were observed at or near the injection plume front. 

Laboratory-based experimental work (Schafer et al., 2018) and the model-based 

interpretation of the GWRT (Schafer et al., 2020) identified that the source of both the 

fluoride and phosphate was the dissolution of CFA. The fluoride and phosphate 

breakthrough behaviour that was observed during the GWRT is considered to be a result 

of the incongruent dissolution of CFA where (i) a rapid proton exchange reaction primarily 

released fluoride and calcium, and (ii) a simultaneous equilibrium with a mineral-water 

interface layer of hydrated dibasic calcium phosphate (referred to as DCPsurface = 

CaHPO4•nH2O) released phosphate (Atlas and Pytkowicz, 1977; Chaïrat et al., 2007a; 

Chaïrat et al., 2007b; Christoffersen et al., 1996; Gómez-Morales et al., 2013; Guidry and 

Mackenzie, 2003; Tribble et al., 1995). Based on the analysed CFA composition, the two-

step reaction could be represented by (Schafer et al., 2018; Schafer et al., 2020): 

≡Ca9.75Na0.25(PO4)5.37(CO3)0.55F2.36(OH)0.18 + 5.37H+ + nH2O ↔ 

≡Ca5.37H5.37(PO4)5.37 ∙ nH2O +  4.38Ca2+ + 0.25Na+ + 0.55CO3
2− + 2.36F− + 0.18OH−  (3) 

Ca5.37H5.37(PO4)5.37 ∙ nH2O  ↔   5.37Ca2+  +  5.37HPO4
2−  +  nH2O                      (4) 

CFA dissolution and thus fluoride and phosphate release was found to occur because the 

divalent calcium contained in the injectant preferentially partitions onto cation exchanger 

sites, with the low aqueous calcium concentrations shifting the CFA equilibria that 

persisted with the NGW prior to GWR (Schafer et al., 2020).  

 

4.3   Model-based assessment of AWT process modifications 

4.3.1  Overview 

Together with the induced spatially and temporally varying pH changes and other moving 

reaction fronts, the controls on fluoride mobility are complex and highly nonlinear, 

suggesting that any systematic exploration of the feasibility of successful and appropriately 

dosed AWT process modifications is best achieved through a process-based numerical 

modelling approach. We therefore use predictive reactive transport modelling as a tool to 

assess and compare the efficiency of a suite of potential AWT process modifications. The 
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simulations rely on our previously developed and comprehensively calibrated and 

evaluated reactive transport modelling framework (Sun et al., 2020a), which includes a 

process-based simulation of the fluoride release and attenuation mechanisms. The 

modelling framework relies on the conceptual hydrogeochemical model that fluoride 

mobilisation occurred as a result of CFA dissolution at locations where the arrival of the 

GWR-induced injectant plume changed the persisting geochemical equilibrium between 

the NGW and the aquifer sediments. The model-based interpretation of fluoride mobility 

during the GWRT illustrated the complex interactions that occur as a result of (i) the low 

ionic strength of the injectant and (ii) the critical role that cation exchange can play on 

decreasing aqueous calcium concentrations and therefore inducing CFA dissolution 

(Schafer et al., 2020). In the following we only provide a brief summary of the employed 

numerical model framework, while the full details of the large-scale flow, solute and 

reactive transport simulations are provided in Sun et al. (2020a). Additional details of the 

conceptual/numerical model aspects concerning fluoride mobility can be found in Schafer 

et al. (2018) and Schafer et al. (2020). In this study, our model-based assessment is focused 

on the Leederville aquifer. However, our results will also be largely transferrable to the 

deeper Yarragadee aquifer and other sites of similar geochemical characteristics that are 

subjected to AWT-MAR. 

 

4.3.2  Numerical model framework 
 

The site-specific groundwater flow and solute transport behaviour at this AWT-MAR 

study site has been intensively characterised at the local, GWRT scale, supported by a wide 

range of geophysical logging and other techniques (Higginson and Martin, 2012). At this 

scale, the constructed numerical flow and solute transport models were set up at a high 

vertical resolution to capture the strong vertical heterogeneity of the Leederville aquifer 

(Seibert et al., 2014). Each of the considered model layers was assumed to be 

hydrogeologically and geochemically homogeneous in the lateral extent. Over the GWRT 

scale, this assumption was deemed to be reasonable, supported by the solute transport 

modelling results that showed a good agreement with GWRT observations. However, for 

the simulations assessing the long-term and larger-scale solute and reactive transport 

behaviour the assumption that the layering assumed in the local-scale models would be 

continuous fails to hold. To overcome this limitation, Sun et al. (2020a) recently developed 

a pragmatic upscaling approach that allowed to perform computationally efficient large-
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scale predictions of the GWR-induced flow, solute and reactive transport behaviour. The 

upscaling process involved lumping the heterogenous solute transport behaviour into a 

vertically integrated surrogate model. The key transport characteristics, which are affected 

by a high fraction of silty/clayey aquifer sections were successfully captured by invoking 

a dual domain mass transfer model (DDMT) (Feehley et al., 2000; Schweizer et al., 2018; 

Underwood et al., 2018) which conceptually separates the model domain into a mobile and 

an immobile fractions, with the former fraction capturing the preferential transport in the 

Leederville aquifer’s sandy layers and the latter fraction representing the silty/clayey 

aquifer sections that make a negligible contribution to the aquifers transmissivity and to 

the mass fluxes away from the injection wells. The large-scale groundwater flow behaviour 

is captured by downscaling the simulation results of the Perth Regional Aquifer Modelling 

System (PRAMS) (CyMod_Systems, 2009; Davidson and Yu, 2008; Siade et al., 2020; 

Siade et al., 2017; Systems, 2009) to the subdomain that was selected for the assessment 

of the large-scale GWR impacts. While the details of the model construction and the 

upscaling procedure are provided in Sun et al. (2020a). Figure 4-2 illustrates the location 

of the model subdomain, simulated groundwater head contours for the considered 

28GL/year GWR scheme and the simulated evolution of the injectant transport over a 30-

year period.  

 

4.3.3  Reaction transport model framework 
 

Based on the insights gained from the GWRT-scale flow and conservative transport 

simulations, long-term, large-scale reactive transport simulations were performed by Sun 

et al. (2020b) to assess the two potentially most critical groundwater quality changes that 

could result from GWR. These two critical issues were (i) to develop a quantitative 

estimate of the longevity of the previously identified pH buffering mechanism, thus 

minimising the risk of metal mobilization and (ii) to understand the long-term large-scale 

mobility of fluoride, specifically on whether there could be any accumulative effects (Starr 

and Parlange, 1979) at the injection plume front that could lead to successively increasing 

fluoride concentrations at increasing distance from the injection wells. The model 

simulation results obtained by Sun et al. (2020a) suggested that the maximum fluoride 

concentrations would not rise above the levels that were already observed at the local scale 

during the GWR. For the present assessment of potential AWT process modifications that 

could minimise fluoride mobilisation, these model simulations were used as the base case 
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against which the efficiency of any injectant modification was benchmarked. The full 

details of the developed reaction network (Table 4-2) and its evaluation against a wide 

range of field data are discussed in Seibert et al. (2016), Schafer et al. (2018) and Sun et 

al. (2020a). 

 

4.3.4  Investigated injectant modifications 
 

A total of five different options for modifying the injectant composition were tested to 

evaluate whether they were effective in minimising the release of fluoride during long-

term large-scale GWR into the Leederville Formation (Table 4-3). The selected scenarios 

either involve (i) a direct increase of calcium concentrations through the amendment of 

calcium-bearing chemicals during AWT, (ii) an indirect increase of aqueous calcium 

concentrations by promoting cation exchange or (iii) injectant treatment that is aimed at 

causing a pH increase within the targeted aquifer zones as a way to suppress fluoride 

release (Equation 3). Each of the five amendment variants is described in more detail below 

and the corresponding (hypothetical) injectant water compositions for the different model 

variants are listed in Table 4-4. The investigated amendments were tested for different 

amendment doses, from those that caused only minor reduction in fluoride, to those that 

almost completely prevented fluoride concentrations to rise above background levels.  

 

4.3.4.1  Calcium chloride 
 

The effectiveness of amending the injectant with calcium chloride (CaCl2) was explored 

by model variants V1.1 – V1.5. CaCl2 was selected because it has the benefit of directly 

adding calcium ions to the injectant and therefore to potentially suppress CFA dissolution. 

The potential for CaCl2 to be effective is underpinned by earlier experimental work by 

Borgnino et al. (2013) that showed that the addition of calcium successfully inhibited 

fluorapatite dissolution at circumneutral pH. Five different calcium amendment doses, i.e., 

1×10-4 M, 5×10-4 M, 5×10-3 M, 3×10-3 M and 5×10-3 M CaCl2 were tested in model variants 

V1.1-1.5, respectively. 
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Table 4-2  Reaction network 

Mineral reactions 
equilibriu

m /  
kinetic^ 

log

𝐊𝐒𝐏
𝟐𝟓°𝐂 

Fe(OH)3  
(amorphous) 

Fe(OH)3(a)  +  3H+    ↔    Fe3+   +  3H2O equilibrium 4.891 

Glauconite 

Ca0.02K0.85Fe0.03
III Mg1.01Fe0.05

II Al0.32Si3.735O10 (OH)2 +  7.07H+  
+  7H2O  
↔    0.02Ca2+   +  0.85K+ + 1.03Fe3+ +  1.01Mg2+

+ 0.05Fe2+ + 0.32Al3+ + 3.735H4SiO4 + 4.53H2O 

kinetic* 8.032 

Pyrite FeS2  +  2H+ + 2e−    ↔    Fe2+   +  2HS− kinetic* -18.481 

Siderite FeCO3    ↔    Fe2+   +  CO3
2− kinetic* -10.891 

Ferrous iron 
oxidation 

               Fe2+  + 0.25O2  +   H+    ↔    Fe3+  +   H2O 

               Fe2+  + 0.2NO3
−  +   1.2H+    ↔    Fe3+  +   0.1N2 +

 0.6H2O 

kinetic* na 

Sediment 
organic matter 

oxidation 

CH2O + O2    ↔    HCO3
−  +   H+ 

CH2O +  0.8NO3
−  +  0.8H+    ↔    HCO3

−   +  0.4N2  +  H+  +  0.4H2O 
kinetic* na 

Cation exchange half reactions# log𝐊𝐒𝐂
𝟐𝟓°𝐂 

Na+ +  X−     ↔     NaX 01 

Ca2+ +  2X−     ↔     CaX2 0.81 

Mg2+ +  2X−     ↔     MgX2 0.61 

K+ +   X−     ↔     KX 0.71 

H+ +  X−     ↔     HX 5.083 

Fe2+ +  2X−     ↔     FeX2 0.441 

Mn2+ +  2X−     ↔     MnX2 0.521 

Sr2+ +  2X−     ↔     SrX2 0.911 

Ba2+ +  2X−     ↔     BaX2 0.911 

Al3+ +  3X−     ↔     AlX3 0.411 

AlOH2+ +  2X−     ↔     AlOHX2 0.891 

Equilibrium with DCPsurface on CFA log𝐊𝐒𝐏
𝟐𝟓°𝐂 

DCPsurface CaH(PO)4. H2O   ↔    Ca2+  + H(PO)4
2− +  H2O -10.074 

CFA proton exchange# log𝐊𝐒𝐂
𝟐𝟓°𝐂 

CFA proton 
exchange  

      ≡CfCa4.38Na0.25(CO3)0.55F2.36(OH)0.18   +  5.37H+ 

           ↔    4.38Ca2+  + 0.25Na+ + 0.55CO3
−2 + 2.36F− + ≡CfH5.37 

(where ≡Cf represents surface ≡CaPO4 groups on CFA) 

0.594 

   * refer to Seibert et al.(Seibert et al., 2016) for full details of the employed kinetic rate expressions;     

#  selectivity coefficients for exchange reactions have been defined using the Gaines and Thomas  
   equivalent fractions convention (Appelo and Postma, 2005). 

1(Parkhurst, 2015)                    

2(Pham et al., 2011) 

3(Seibert et al., 2016)                 

4(Chaïrat et al., 2007a; Schafer et al., 2018)             
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Table 4-3  Model scenario variants of different amendments applied to the injectant water 

Scenario Pre-treatment amendment 

V0 base case – no amendment added 

V1.1 0.0001M CaCl2 added 

V1.2 0.0005M CaCl2 added 

V1.3 0.001M CaCl2 added 

V1.4 0.003M CaCl2 added 

V1.5 0.005M CaCl2 added 

V2.1 
0.0001M Ca(OH)2 added and equilibrated 

with atmospheric CO2 

V2.2 
0.0003M Ca(OH)2 added and equilibrated 

with atmospheric CO2 

V3.1 0.0001M NaCl added. 

V3.2 0.0005M NaCl added 

V3.3 0.001M NaCl added 

V3.4 0.003M NaCl added 

V3.5 0.005M NaCl added 

V4.1 synthetic sea salt as 0.0001M Cl added 

V4.2 synthetic sea salt as 0.0005M Cl added 

V4.3 synthetic sea salt as 0.001M Cl added 

V4.4 synthetic sea salt as 0.003M Cl added 

V4.5 synthetic sea salt as 0.005M Cl added 

V5 full de-oxygenation of injectant water 

 

 

4.3.4.2  Calcium hydroxide 
 

The model variants V2.1 and V2.2 involved the amendment of calcium hydroxide 

(Ca(OH)2).  It has the potential benefit of directly adding calcium ions while also elevating 

the injectant pH, both of which would be expected to suppress CFA dissolution. Ca(OH)2 

is currently being applied as an amendment for the MAR of low ionic strength water in 

Orange County, California, where it is mainly applied to limit the potential corrosion of 

concrete pipes (Fakhreddine et al., 2015). Two different calcium hydroxide amendment 

doses, i.e., 1×10-4 M and 3×10-4 M were tested in model variants V2.1 and V2.2, 

respectively. Note, that the amount of Ca(OH)2 that can be added is limited by the potential 

for calcite precipitation (Fakhreddine et al., 2015), which is estimated to occur at a 

concentration of ~3×10-4 M Ca(OH)2 under atmospheric carbon dioxide partial pressure.  
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Table 4-4  Injectant water compositions for scenarios 

Scenario 
DO Na Cl HCO3 N total Al K Si F Mg Ca SO4 

pH 
µM µM µM µM µM µM µM µM µM µM µM µM 

V0 base case 500 334 166 164 113 33 23 8 4 0 0 0 7.035 

V1.1 0.0001M CaCl2 500 334 366 164 113 33 23 8 4 0 100 0 7.035 

V1.2 0.0005M CaCl2 500 334 1166 164 113 33 23 8 4 0 500 0 7.035 

V1.3 0.001M CaCl2 500 334 2166 164 113 33 23 8 4 0 1000 0 7.035 

V1.4 0.001M CaCl2 500 334 6166 164 113 33 23 8 4 0 3000 0 7.035 

V1.5 0.005M CaCl2 500 334 10166 164 113 33 23 8 4 0 5000 0 7.035 

V2.1 0.0001M Ca(OH)2 500 334 134 345 113 33 23 8 4 0 100 0 7.707 

V2.2 0.0003M Ca(OH)2 500 334 134 739 113 33 23 8 4 0 300 0 8.040 

V3.1 0.0001M NaCl 500 434 266 164 113 33 23 8 4 0 0 0 7.035 

V3.2 0.0005M NaCl 500 834 666 164 113 33 23 8 4 0 0 0 7.035 

V3.3 0.001M NaCl 500 1334 1166 164 113 33 23 8 4 0 0 0 7.035 

V3.4 0.003M NaCl 500 3334 3166 164 113 33 23 8 4 0 0 0 7.035 

V3.5 0.005M NaCl 500 5334 5166 164 113 33 23 8 4 0 0 0 7.035 

V4.1 0.0001M sea salt 500 420 266 164 113 33 24 8 4 10 2 5 7.035 

V4.2 0.0005M sea salt 500 463 666 165 113 33 32 8 4 48 9 26 7.035 

V4.3 0.001M sea salt 500 1191 1166 167 113 33 41 8 4 97 19 52 7.035 

V4.4 0.003M sea salt 500 2906 3166 174 113 33 79 8 4 290 56 155 7.035 

V4.5 0.005M sea salt 500 4620 5166 180 113 33 116 8 4 483 94 258 7.035 

V5 de-oxygenation 0 334 166 164 113 33 23 8 4 0 0 0 7.035 

 

4.3.4.3  Sodium chloride 
 

The model variants V3.1 – V3.5 involved the addition of NaCl. Addition of sodium was 

expected to displace calcium ions from sediment exchanger sites causing an increase in 

aqueous calcium concentrations and thus suppress CFA dissolution. Five doses, i.e., 1×10-4 

M, 5×10-4 M, 5×10-3 M, 3×10-3 M and 5×10-3 M NaCl were trialed in model variants 

V3.1 - V3.5. 

 

4.3.4.4  Synthetic sea salt 
 

The amendment of synthetic sea salt was explored as it has the benefit of (i) the direct 

addition of calcium ions into the injectant and (ii) adding sodium, which can displace 

calcium from sediment exchanger sites or prevent the partitioning of aqueous calcium onto 

the exchanger sites. The tested synthetic sea salt concentrations were 1×10-4 M Cl, 5×10-4 

M Cl, 5×10-3 M Cl, 3×10-3 M Cl and 5×10-3 M Cl for V4.1 – V4.5, respectively, where the 
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stoichiometric ratio of the major ions (chloride, sodium, bicarbonate, magnesium, sulphate, 

potassium, calcium) and fluoride that occurs in standard seawater (DOE, 1994) was applied 

to the (current) base injectant composition (Table 4-4). Note that seawater has been found 

to be in equilibrium with the surface of CFA (Atlas and Pytkowicz, 1977; Atlas, 1975).  

 

4.3.4.5  Deoxygenation 
 

The final model variant V5 involved the hypothetical complete deoxygenation of the 

injectant. This model variant was included to test whether the reduction of the electron 

acceptor capacity with the injectant (nitrate would still be present) could minimise the 

release of acidity sufficiently to have indirect benefits on reducing the level of fluoride 

mobilisation.  

 

4.4   Results and Discussion 

4.4.1  Simulated long-term geochemical response to GWR and associated 

fluoride behaviour 
 

The large-scale reactive transport simulation for the base case V0 illustrates the anticipated 

long-term behaviour of fluoride in the Leederville aquifer for a 28 GL/year GWR scheme. 

Figure 4-4 shows 2D contour plots of groundwater fluoride concentrations after 5, 10 and 

30 years, as well as the corresponding concentrations of calcium and the groundwater pH, 

while Figure 4-5 shows simulated breakthrough curves at selected locations at increasing 

radial distances from injection well LRB1 (Figure 4-2). As can be seen in Figure 4-4, the 

injection plumes initially grow radially but the shapes of the injection plumes are 

successively changing as the influence of the background groundwater flow increases and 

the influence of the GWR-induced flow decreases with increasing distance from the 

various injection well locations. The simulations show the development of four distinct 

geochemical zones along the radial direction, which evolve as the injectant plumes grow. 

These four zones (Z1-Z4) numbered from the injection front towards the injection well 

(right to left) are marked in the concentration length profiles in Figure 4-6 by different 

shadings. The zonation identified in this study is consistent with the zonation that was 

found to evolve during the GWRT, which was discussed in more detail by Schafer et al. 

(2020). Understanding the key mechanisms that underly the formation of these zones is  
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Figure 4-4   Simulated fluoride, calcium and sodium concentrations, and pH in the Leederville 

aquifer after 5, 10 and 30 years for the base case (V.0). 
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Figure 4-5   Breakthrough curves for fluoride at 1375 m, 1750 m and 2250 m distance 

south of the injection well LRB1 (refer Figure 4-2) for different pre-treatment amendments 

at selected dosages.  The base case (V0) scenario is shown by the thick pale grey line on 

each plot for comparison. 

 

critical for deciphering the variations in the response to the tested modifications in the 

hydrochemical composition of the injectant. Therefore, salient features of the evolution of 

geochemical zones for the base case are discussed below. 

 

The first zone, Z1, marks the mixing zone at the injectant plume front. In this zone chloride 

concentrations drop sharply from the elevated NGW concentrations towards the much 

lower chloride concentrations of the injectant (Figure 4-6a-c). Despite its chemically inert 

behaviour, at larger radial distances the simulated chloride concentrations do not decline 

completely to the level of the injectant concentrations. This is explained by the chloride  
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Figure 4-6  Concentration profiles in radial direction from LRB1 (see Figure 1) showing 

key species and ratios after 5, 10 and 30 years. Results for the base case (V0) are indicated 

by thick maroon lines, results for amendment of 0.001 M CaCl2 (V1.3) are shown by black 

dotted lines) and thin black lines indicate the results for amending 0.001 M NaCl (V3.3). 
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enrichment that occurs through the simulated kinetically controlled physical DDMT 

process, which is driven by the chloride concentration gradient between the mobile domain 

and immobile domains. The DDMT process represents the more gradual displacement of 

NGW from the Leederville aquifer’s low-permeability zones (immobile domain) 

compared to that of the sandy permeable layers (mobile domain) by the low ionic strength 

injectant. Due to the kinetic control of the DDMT process and the groundwater flow 

velocities that decrease with increasing distance from injection wells, the impact of the 

DDMT gradually becomes more pronounced at larger (radial) distances, which results in 

increased tapering of chloride at the injection front (Figure 4-6a-c). Within Z1, calcium 

concentrations also abruptly decrease with distance from LRB1, which disturb the CFA 

equilibrium condition, thereby inducing a rise in groundwater fluoride concentrations. The 

fluoride concentrations within Z1 increase from their NGW concentrations levels towards 

their maximum concentrations at the Z1/Z2 interface (Figure 4-6d-f). Within Z1 the pH 

rises to ⁓7.3 during the early years of GWR as a result of proton exchange with Ca 

(Figure 4-6j-k) and thus above the pH within both the injectant and the NGW.    

 

The adjacent zone, Z2, is characterised by the peaking fluoride concentrations at the 

interface with Z1 which then decrease within Z2 towards Z3 (Figure 4-6d-f). In this zone 

the much lower ionic strength of the injectant results in a higher proportion of calcium on 

exchanger sites compared to that occurring in Z1 and in the native aquifer (Figure 4-6y-aa). 

As the calcium concentration in the injectant is below detection (Tables 2 and 4), calcium 

in this zone is derived from DDMT and, more importantly, from the dissolution of CFA, 

which decreases towards the injection front (insets Figure 4-6v-x). Calcium on the cation 

exchanger sites (X) therefore increases within this zone towards the injection well (insets 

Figure 4-6m-o), exchanging for both sodium (insets Figure 4-6p-r) and proton (insets 

Figure 4-6s-u). At later times, when the injectant plume has become much larger, the 

proportion of calcium derived via mass transfer from low permeability layers dominates 

over the calcium derived from CFA dissolution (Figure 4-6g-i). DDMT also affects all 

other groundwater constituents in that it causes a successive mixing of the injectant with 

NGW at the injection front causing the concentrations of all species to more gradually 

increase towards NGW concentrations. 

 

Zone Z3 is characterised by significant calcium removal from the groundwater due to 

greater cation exchange (Figure 4-6g-i, m-o). Accordingly, the fraction of calcium 
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occupying the cation exchanger sites (CaX2) is increased in this zone (Figure 4-6m-o, 

y-aa), while sodium (Figure 4-6p-r) and proton concentrations (Figure 4-6s-u) on the 

exchanger site (NaX and HX) are lower. In this zone pH is also elevated compared to the 

pH of the injectant (Table 4-4) as well as the NGW (Figure 4-6j-l). The ratio of hydrogen 

activity to calcium activity is lower in this zone compared to the adjacent Z2 (red shading) 

(Figure 4-6ab-ad) and fluoride concentrations are relatively low and significantly below 

NGW concentrations. 

 

The geochemical zone Z4 resides in the vicinity of the injection well and is the only zone 

where pyrite oxidation occurs as all oxidants are exhausted at larger travel distances. This 

zone is characterised by a lower pH relative to the pH of the injectant (Figure 4-6j-l) and 

high calcium concentrations considering the deionised injectant started with negligible 

calcium (Tables 4-2 and 4-4) (note calcium concentrations are plotted on a logarithmic 

scale). In this zone protons generated from pyrite oxidation displace calcium (Figure 4-

6m-o) and sodium (Figure 4-6p-r) from the cation exchanger and dissolve CFA (Eq. 3) 

(Figure 4-6v-x). Consequently, fluoride concentrations are low in this zone (Figure 4-6d-f) 

and are similar to the concentrations in the deionised injectant of 4 µM (Table 4-4). 

 

4.4.2  Impact of amendments on fluoride release and attenuation 
 

All the simulated scenarios for injectant modifications, except for the deoxygenation 

scenario V5, were found to reduce maximum fluoride concentrations compared to the base 

case V0, as shown by selected breakthrough curves for radially increasing distances from 

the injection location LRB1 (Figure 4-5).  The efficacy of the different amendments in 

reducing maximum fluoride concentrations for varying dosages is summarised in 

Figure 4-7. It can be seen, that for the lowest dose (1×10-4 M) all amendment types had 

negligible impact on reducing maximum fluoride concentrations relative to the base case 

(V0). However, the maximum fluoride concentrations decreased consistently for all 

amendment types with increasing dosage. The release of fluoride can be almost entirely 

suppressed once dosages reach and exceed concentrations of ⁓1×10-3 M CaCl2, NaCl or 

sea salt.  
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Figure 4-7  Maximum fluoride concentration along the length profile line (Figure 1) after 

5, 10, and 30 years simulation time as a function of amendment dosage. CaCl2 – blue 

circles; sea salt – maroon squares; NaCl –   dark yellow stars; Ca(OH)2 – black triangles. 
 

Amendment of the injectant with CaCl2 (V1.1-1.5) produced the greatest reduction of 

maximum fluoride concentrations at all dosages except for 1×10-3 M, where NaCl (V3.3) 

and sea salt (V4.3) perform slightly better (Figure 4-7). Unsurprisingly, the performance 

of sea salt (V4.1-4.5) and NaCl (V3.1-3.5) are similar, with sea salt consistently producing 

slightly lower maximum fluoride concentrations for the investigated range of dosages. The 

amendment of Ca(OH)2 (V2.1-2.2) performs similarly to NaCl and sea salt.  However, as 

discussed above, the application of Ca(OH)2 is limited by the solubility of calcite, 

precluding the application of sufficiently high dosages.  With the maximum applicable 

dosage of Ca(OH)2 (3×10-4 M; V2.2) only a relatively modest reduction in the maximum 

fluoride concentration is achieved (Figure 4-7). Deoxygenation (V5) produced a similar 

response to the base case and therefore had negligible impact on reducing fluoride release 

(Figure 4-5). 

 

4.4.3  Geochemical mechanisms controlling amendment efficacy for fluoride 

attenuation 
 

The investigated variants of injectant modification can be classified into three types: (i) 

addition of calcium (ii) addition of sodium and (iii) elevation of pH. To illustrate the 

geochemical mechanism that causes a reduced fluoride release, two of the investigated 

variants, both of similar dosing, i.e., 1×10-3 M CaCl2 (V1.3) and 1×10-3 M NaCl (V3.3) are 

compared with the base case (V0) in Figure 4-6. Both variants V1.3 and V3.3 develop a 

similar geochemical zonation pattern to V0. However, throughout the different 

geochemical zones, both V1.3 and V3.3 maintain consistently higher groundwater calcium 
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concentrations than V0 (Figure 4-6g-i), either due to direct addition (V1.3) or due to 

sodium displacing calcium from sediment exchanger sites. In either case the higher 

calcium concentration decreases CFA solubility and consequently suppresses fluoride 

release (Eq. 3).  

   

Despite calcium playing a central role in controlling fluoride release, the direct addition of 

CaCl2 does not necessarily yield the best long-term results for all dosages considered. 

Variant V3.3 with NaCl performed marginally better than V1.3 with CaCl2 after 30 years. 

This is due to a greater reduction in pH in V1.3, which induces some additional CFA 

dissolution and consequently fluoride release. The lower pH is the result of higher calcium 

concentrations in V1.3 displacing more hydrogen from sediment exchanger sites. The 

effect of reduced pH in Z3 for V1.3 is not significant at higher dosages (e.g., V1.4 and 1.5) 

(Figure 4-8j-l). From the result of V1.4 it can be seen that due to the much higher calcium 

concentrations in the injectant, the proportion of calcium on exchanger (CaX2) sites 

decreases significantly to well below that occurring under NGW conditions (Figure 4-8j-l). 

As the proportion of calcium attenuated on exchanger sites, higher calcium concentrations 

were able to propagate closer to the injection front, where they more effectively suppress 

CFA dissolution (Figure 4-8d-f, m-o).  

 

As mentioned before, the performance of the sea salt amendments (V4.1-4.5) were similar 

to the NaCl amendments (V3.1-3.5) (Figure 4-7). This similarity results from the sodium 

concentrations for each of the corresponding variants being similar, thus causing an 

equivalent extent of competitive exchange with calcium on sediment exchange sites.  

However, the sea salt amendments (V4.1-4.5) consistently produced slightly lower 

maximum fluoride compared to NaCl (V3.1-3.5) amendments, demonstrating that the 

relatively small amount of additional calcium in the sea salt amendments (Table 4-4) has 

an appreciable effect. 

 

The variants that involved addition of Ca(OH)2 (V2.1-V2.2) or minimising pyrite oxidation 

via deoxygenation (V5) to increase the pH were found to be less efficient at reducing 

fluoride concentrations (Figure 4-9). Despite the injectant pH for V2.1 and V2.2 being 

elevated to 7.71 and 8.04, respectively, the substantial pH buffering effect of the sediment’s 

cation exchanger site (X) prevented any significant rise of the pH (Figure 4-9d-e). As 

calcium displaced protons on the exchanger sites these model variants (V2.1-V2.2)  
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Figure 4-8  Concentration profiles in radial direction from LRB1 (see Figure 1 for location of 

profiles) showing key species and ratios after 5, 10 and 30 years. Results for the base case (V0) are 

indicated by thick maroon lines, results for amendment of 0.003 M CaCl2 (V1.4) are shown by 

black dotted lines) and thin black lines indicate the results for amending 0.001 M NaCl (V3.4). 

 

produced similar calcium concentration profiles and consequently the release of fluoride 

was similar to the base case. The small reduction in fluoride by the 3×10-4 M Ca(OH)2 

(V2.2) amendment (Figures 4-7 and 4-9b) is primarily due to the increased calcium 

concentration rather than changes to groundwater pH. 
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Figure 4-9  Concentration profiles in radial direction from LRB1 (see Figure 1 for location of 

profiles) showing key species after 5, 10 and 30 years. Results for the base case (V0) are indicated 

by thick maroon lines, results for amendment of 0.0003 M Ca(OH)2 (V2.2) are shown by black 

dotted lines) and thin black lines indicate the results for deoxygenation (V5). 

 

 

4.4.4  Performance and operational considerations 
 

Significant reductions of fluoride released from CFA due to the injection of low ionic 

strength water amended with CaCl2, NaCl or sea salt can be achieved at moderate dosages 

of 1 × 10-3 M.  While the greatest reductions of fluoride generally occurred for the CaCl2 

amendments (V1.1-1.5) the declining performance of the 1×10-3 M CaCl2 (V1.3) dosage 

with time may preclude CaCl2 being considered the best option at moderate dosages 

(Figure 4-7). As a small amount of fluoride is considered beneficial for health (WHO, 

2017), complete suppression of fluoride release during MAR is not desired. Consequently, 

dosage of injectant with NaCl or sea salt at 1×10-3 M would achieve the best cost-effective 
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approach for a 30-40% reduction of maximum fluoride (Figure 4-7). While costs of 

implementing the sea salt and NaCl amendments are expected to be similar, the amendment 

of sea salt has the additional advantage of adding magnesium, which is considered a health 

benefit (Birnhack et al., 2011), as well as sulphate, which increases corrosion protection 

from metal pipes (Tang et al., 2006a; Tang et al., 2006b). 

 

4.5   Conclusions 

Reactive transport modelling was used to assess different pre-treatment amendments for 

highly purified recycled wastewater with respect to their effectiveness at reducing fluoride 

mobility during large-scale groundwater replenishment. The model results indicate that 

amendments that increase dissolved calcium concentrations either by direct addition of 

calcium-bearing chemicals or by manipulating sediment exchange reactions are effective 

at reducing CFA dissolution and therefore fluoride release. On the other hand, pre-

treatment strategies attempting to increase the pH of the injectate was shown not to be an 

effective approach due to the strong pH buffering effects of the native cation exchanger 

sites. 

 

CFA and FAP are by far the most common phosphate minerals and are components of 

most rocks and sediments (Filippelli, 2002; Föllmi, 1996; Hughes, 2015; Hughes and 

Rakovan, 2015; Kholodov, 2014; Ruttenberg, 2003). Consequently, MAR projects which 

use RO-treated low ionic strength source water or source water that is low in calcium 

relative to the receiving aquifer should consider the risk of fluoride mobilisation from CFA 

or FAP and consider mitigating this risk by manipulating the AWT process with specific 

amendments. As the present study illustrates, the selection of an effective amendment and 

an appropriate amendment dose requires an advanced understanding of the geochemical 

conditions and prevailing mechanisms. Process-based reactive transport modelling showed 

to be a powerful interpretive tool to study the various options and to develop the 

mechanistic insights that is required in cases where several intertwined processes affect the 

aqueous concentrations of a groundwater constituent. 
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5 CHAPTER 5.  Summary of research contribution 
 

5.1 Summary  
 

This thesis makes a contribution towards the sustainable use of managed aquifer recharge 

to enhance the availability of clean groundwater through a combination of experimental 

research and numerical modelling. The main research objectives of this thesis were to (i) 

characterise the mechanism of fluoride and associated phosphate release from fluoride-

bearing apatite minerals that may be triggered during the managed injection of deionised 

water into aquifers and (ii) to identify pre-treatment options which may pro-actively 

prevent fluoride release from fluoride-bearing phosphate minerals during the managed 

injection of deionised water into aquifers. Experimental, analytical and modelling 

approaches were applied to a comprehensive four-year field trial case study which involved 

the managed injection of highly purified deionised recycled water into the siliciclastic 

Leederville aquifer in the Perth basin, Western Australia. 

 

During injection of deionised recycled water pulses of elevated fluoride and filterable 

reactive phosphorus (FRP) assumed to represent phosphate were observed to occur rapidly 

after breakthrough of the injectate. Maximum concentrations exceeded background native 

groundwater concentrations by an average factor of 3.6 ± 1.2 for fluoride and 24.1 ± 16.2 

for FRP. The breakthrough curves of the pulses broadened with radial distance, although 

maximum concentrations did not generally increase appreciably at distances greater than 

60 m from the injection well. Elevated fluoride and phosphate concentrations coincided 

with a rise in pH and low calcium concentrations. The behaviour of fluoride was slightly 

different to that of phosphate whereby elevated fluoride concentrations tended to increase 

earlier than phosphate concentration and decline later than elevated phosphate 

concentrations. Mineral saturation indices indicated that out of a suite of fluoride and 

phosphate bearing minerals, the native Leederville aquifer groundwater is closest to 

saturation with the depleted surface layer of hydrated di-basic calcium phosphate 

(CaHPO4•nH2O) composition (referred to as DCPsurface) that forms at the mineral-water 

interface of fluorapatite (FAP: Ca10(PO4)6F2) (Chaïrat et al., 2007a).  
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Nodules recovered from Leederville sediment core material analysed using electron 

microprobe, X-ray diffraction (XRD), X-ray fluorescence (XRF) and Fourier transform 

infrared spectroscopy (FTIR) techniques identified that carbonate-rich fluorapatite (CFA: 

Ca10(PO4)5(CO3,F)F2) is present in the Leederville Formation sediments. CFA is a variety 

of FAP with a stable carbonate group defect (Yi et al., 2013a), The representative unit cell 

formula for CFA from the Leederville Formation was determined to be 

Ca9.75Na0.25(PO4)5.37(CO3, F)0.55F1.82(OH)0.18. An anaerobic batch experiment performed 

on a powdered CFA-rich nodule mimicked the injection of deionised recycled water into 

the Leederville aquifer. This experiment replicated the geochemical changes that were 

observed during the field trial including increasing pH conditions and earlier release of 

fluoride relative to phosphate. A fluoride extraction experiment on Leederville sediments 

low in total phosphorous and hence low in CFA demonstrated minimal release of fluoride 

from Leederville sediments. The primary source for both fluoride and phosphate observed 

during the field trial was therefore inferred to be CFA.  

 

Hypothesised hydrochemical processes were evaluated through a numerical modelling 

study of the field injection experiment. The model development and parameterisation was 

constrained by a wide range of hydrogeochemical field observations and laboratory 

mineralogical characterisations. The suite of geochemical processes that was included in 

the modelled reaction network included mineral dissolution, redox processes, cation 

exchange and surface complexation. Dissolution of CFA was defined as a two-step process 

that involved (1) rapid proton exchange that releases fluoride and (2) equilibrium with a 

depleted mineral surface of hydrated di-basic calcium phosphate composition that releases 

phosphate as follows:   

 

Ca9.75Na0.25(PO4)5.37(CO3)0.55F2.36(OH)0.18 + 5.37H+ + nH2O ↔ 

≡Ca5.37H5.37(PO4)5.37 ∙ nH2O +  4.38Ca2+ + 0.25Na+ + 0.55CO3
2− + 2.36F− + 0.18OH− 

(1) 

 

≡Ca5.37H5.37(PO4)5.37 ∙ nH2O  ↔   5.37Ca2+  +  5.37HPO4
2−  +  nH2O                      (2) 

 

The modelling reproduced the field-observed behavior of the fluoride and phosphate pulses  
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The geochemical processes that were induced by the injection were shown to occur within 

four main zones that grew radially with continued injection. Near the injection well pyrite 

oxidation and associated acidity generation resulted in proton exchange displacing cations 

from sediment sites as well as calcium and fluoride from the surface of CFA (Equation 1). 

With increasing radial distance a zone of markedly increased calcium in solution in 

equilibrium with increased calcium on exchanger sites developed due to advection of 

calcium displaced near the injection well. This zone of high calcium ended relatively 

abruptly with increasing radial distance. More distally form the zone of high calcium a 

broad zone developed characterised by very low calcium concentrations. In this zone there 

was a very high proportion of calcium partitioned onto exchanger sites due to (1) low 

overall calcium which favours a higher proportion of calcium on exchanger sites and (2) 

low ionic strength conditions which favours partitioning of polyvalent ions (eg calcium) 

relative to monovalent ions (eg sodium) on exchanger sites. Under these conditions 

fluoride and phosphate concentrations were highest in mass-action equilibrium with 

Equations 1 and 2 respectively. The broad low calcium zone ended with increasing radial 

distance at the injection plume front where the deionised recycled water actively displaced 

the native groundwater. At the injection plume front there was a relatively sharp transition 

from low ionic strength conditions to native groundwater with much higher concentrations 

of major ions. 

 

Further modelling was undertaken to investigate whether different proposed pre-treatment 

amendments have the potential to reduce fluoride release as deionised recycled water is 

injected at the regional scale. Five different modifications were investigated which involve 

three end-member types  (1) amending with calcium ions and (2) amending with sodium 

ions to promote displacement of calcium ion from sediment exchanger site and (3) 

elevation of pH. The model results indicated that amending with sodium is consistently 

effective at reducing fluoride release from CFA. While amending with calcium generally 

produces a greater reduction in fluoride release from CFA compared to sodium 

amendments, at moderate doses (~0.001M) however, a decrease in pH due to competitive 

cation exchange between calcium and hydrogen was shown to occur with time making 

treatment with calcium less effective. Increasing the injectate pH was not found to be 

effective at reducing fluoride concentrations due to pH buffering from aquifer sediment 

cation exchange sites.  
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5.2 Application and future research direction 
 

Fluorapatite (FAP: Ca10(PO4)6F2) and related carbonate-rich fluorapatite (CFA: 

Ca10(PO4)5(CO3,F)F2) occur ubiquitously as a trace component in most rocks and 

sediments (Filippelli, 2002; Föllmi, 1996; Hughes, 2015; Hughes and Rakovan, 2015; 

Kholodov, 2014; Ruttenberg, 2003). Consequently, managed aquifer recharge (MAR) 

projects considering the use of deionised or otherwise low calcium or low pH source water 

need to consider the risk of fluoride. 

 

The findings of this thesis, that showed how multiple interacting geochemical processes 

may affect the surface dissolution of fluoride-bearing apatite minerals, are widely 

transferable and may explain many instances of naturally occurring elevated fluoride 

worldwide. The majority of reported naturally occurring high fluoride >1.5 mg/L in 

groundwater that exceeds health guidelines (WHO, 2017) is found to occur under 

conditions where fluorite (CaF2) is undersaturated, but where a strong negative correlation 

between fluoride and calcium and often a positive correlation of fluoride with sodium, pH 

and bicarbonate occurs (Abu Jabal et al., 2014; Anshumali et al., 2018; Dehbandi et al., 

2018; Dou et al., 2016; Fantong et al., 2010; Kalpana et al., 2019; Kim and Jeong, 2005; 

Kumar et al., 2017; Kumar et al., 2018; Li et al., 2017; Liu et al., 2018; Rafique et al., 

2015; Raju, 2017; Sajil Kumar et al., 2015; Singaraja et al., 2018; Su et al., 2019; Zabala 

et al., 2016).  These observations point to an ubiquitous calcium-and-fluoride-bearing 

mineral apart from fluorite being an important control on fluoride concentrations. As the 

number of commonly occurring fluoride-bearing minerals is quite limited (Edmunds and 

Smedley, 2013; Garcia and Borgnino, 2015; Mukherjee and Singh, 2018) FAP or CFA 

which occur ubiquitously (Filippelli, 2002; Föllmi, 1996; Hughes, 2015; Hughes and 

Rakovan, 2015; Kholodov, 2014; Ruttenberg, 2003) are the only plausible source. Indeed 

CFA and FAP are often identified to be a major or the sole source of fluoride in 

groundwater (Anshumali et al., 2018; Borgnino et al., 2013; Cardona et al., 2018; Fantong 

et al., 2010; Raju, 2017).  However, fluoride occurrence at cirum-neutral to alkaline pH is 

not adequately explained by equilibrium with FAP or CFA bulk mineral dissolution 

(Banerjee, 2015; Borgnino et al., 2013; Singaraja et al., 2018). Aquifers are found to be 

variably oversaturated with respect to FAP dissolution with no distinct correlation with the 

degree of oversaturation and fluoride concentration (Singaraja et al., 2018). The rapid 

proton exchange reaction with the surface of CFA from this study (Equation 1) which is 
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largely based on the experimental work of  Chaïrat et al. (2007a) and Chaïrat et al. (2007b) 

may be adapted to site-specific apatite compositions and surface site densities to help 

understand naturally occurring elevated fluoride concentrations. This equation is 

essentially a charge balanced exchange involving a proton (H+) exchanging for Ca2+ and 

F-. Under conditions where calcium removal from solution is occurring such as by cation 

exchange, Equation 1 will tend to the right until fluoride concentration increase sufficiently 

to preserve mass-action equilibrium consuming protons in the process. This is qualitatively 

consistent with many field observations of elevated fluoride under conditions of low 

calcium and alkaline pH. Elevated pH conditions also generally limit surface complexation 

of fluoride on other surfaces. It will be interesting if new experimental and reactive-

transport modelling studies incorporating surface dissolution processes of fluoride-bearing 

apatite minerals can be applied to understand and possibly manage naturally occurring 

elevated fluoride in aquifers worldwide.   

 

The insight gained from the large scale modelling that seasalt might be an effective pre-

treatment to reducing fluoride concentration may be applied to help understand the spatial 

distribution of elevated fluoride. Seasalt was found to be potentially effective at reducing 

fluoride concentrations due to a combination of (1) direct addition of calcium ions and (2) 

sodium which displaces calcium from exchanger sites. The salt content of relatively 

common Na-Cl type groundwater (Todd and Mays, 2005) is derived from natural seasalt 

deposition from rainfall washout of dissolved seasalt as well as dryfall deposition of seasalt 

attached to dust particles (Davies and Crosbie, 2018; Hingston and Gailitis, 1976). 

Groundwater with salt content derived predominantly from seasalt may be inferred to have 

low fluoride content because the balance of calcium and sodium ions in seasalt has the 

potential to limit fluoride release from FAP and CFA as determined by this study. This is 

further evidenced by the fact that seawater is in equilibrium with surface process occurring 

on CFA (Atlas and Pytkowicz, 1977; Atlas, 1975). Deposition of seasalt is affected by 

factors such as rainfall, prevailing wind direction and distance from the coastline (Davies 

and Crosbie, 2018; Hingston and Gailitis, 1976). While climatic factors such as 

evaporation have been used to help map the global occurrence of fluoride (Amini et al., 

2008) it will be interesting to investigate if a lack of dryfall deposition seasalt is an 

important factor in elevated fluoride occurrence along with other factors such as geology 

and soil properties. 



 Schafer, D.B.H. 

 PhD Thesis. The University of Western Australia 
 

 

While not considered a contaminant, the release of phosphate from apatite minerals is also 

of interest for understanding the global phosphorous cycle (Oelkers et al., 2008; Oxmann 

and Schwendenmann, 2014; Oxmann and Schwendenmann, 2015), as well as for 

limnology (Golterman, 2001) and agricultural soil systems (Andersson et al., 2016a; 

Andersson et al., 2019; Andersson et al., 2016b; Gérard et al., 2017; Liu et al., 2019; Liu 

et al., 2017).  While the role of calcium phosphate minerals in soils and sediments has been 

clearly identified as an important source of phosphate as distinct from phosphate adsorbed 

to metal oxides and hydroxides and organically bound phosphate, the mechanism of 

phosphate release cannot be explained directly by the bulk solubility of calcium phosphate 

minerals (Andersson et al., 2016b; Liu et al., 2019; Liu et al., 2017; Oxmann and 

Schwendenmann, 2014; Oxmann and Schwendenmann, 2015; Weng et al., 2011). 

Reactions occurring at the surface of calcium phosphate minerals (Atlas and Pytkowicz, 

1977; Chaïrat et al., 2007a; Chaïrat et al., 2007b; Christoffersen et al., 1996; Dorozhkin, 

1997a; Dorozhkin, 1997b; Gómez-Morales et al., 2013; Guidry and Mackenzie, 2003; 

Jahnke, 1984; Perrone et al., 2002; Tribble et al., 1995; Zhu et al., 2009), that may be 

influenced by various interacting processes, has not widely been applied to understanding 

the release of phosphate. Liu et al. (2017) noted in relation to understanding the release of 

phosphate from calcium phosphate minerals in agricultural soils “the exact processes and 

mechanisms regulating the release of soil legacy P under given environmental conditions 

remain elusive and deserve further study”. (Note: soil legacy P is the P is soils that was 

applied at a rate of almost twice crop uptake over the period 1965–2007 globally (Liu et 

al., 2017). 

 

It is interesting to speculate that the release of phosphate that was observed slowly as 

deionised recycled water was injected into the siliciclastic Leederville aquifer occurs 

analogously but more rapidly as rainfall infiltrates the soil profile.  Processes which leading 

to calcium removal identified in this study such as (1) low overall calcium which favours 

a higher proportion of calcium on exchanger sites and (2) low ionic strength conditions 

which favours partitioning of polyvalent ions (e.g., calcium) relative to monovalent ions 

(e.g., sodium) on exchanger sites, may lead to phosphate removal from the surface of 

otherwise insoluble apatite minerals such as FAP, CFA and hydroxyapatite 

(Ca10(PO4)6(OH)2) occurring in soil horizons. Any release of phosphate due to infiltration 

of rainfall into soil profile may only be a temporary, similar to the observed temporary 

pulses of phosphate in this study, and phosphate may only be available in solution for a 
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short time for biological uptake. Process such as evaporation, unsaturated flow and acidity 

generation due to oxidation processes may act rapidly increasing calcium concentrations 

in recently infiltrated rainwater in soil pores reducing phosphate release from the surface 

of apatite minerals. Phosphate concentrations in seawater which are fundamental to marine 

ecosystems are controlled by surface reactions with CFA (Atlas and Pytkowicz, 1977; 

Atlas, 1975); similarly, as phosphate is a life limiting nutrient in soils (Liu et al., 2019). 

Release of phosphate from the surface of otherwise insoluble apatite minerals as inherently 

low ionic strength rainwater infiltrates is likely to be a fundamental process for life on land 

and worthy of ongoing study (Andersson et al., 2016a; Andersson et al., 2019; Andersson 

et al., 2016b; Andersson et al., 2015; Golterman, 2001; Liu et al., 2019; Liu et al., 2017; 

Oxmann and Schwendenmann, 2015; Weng et al., 2011). 

 

To progress the work of this thesis a suggested contribution is the systematic development 

of a surface complexation model for apatite minerals that can account for strongly varying 

ionic strength conditions. This may support a refined understanding of phosphate release 

and attenuation mechanisms in many settings and allow the evaluation of additional water 

quality management options. 
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7 APPENDIX A. Conference abstracts 
 

The results of this thesis have been presented by the author at two international and two 

national conferences. Details of the conferences and presentation abstracts are listed 

below in chronological order: 

 

Conference:  Goldschmidt 2016, 26th Goldschmidt International Conference on  

           Geochemistry and Related Subjects, Yokohama, Japan.  

Website:  https://goldschmidt.info/2016/ 

Oral presentation date:  June 27, 2016   

Title and abstract: 

Identification of the mechanism for fluoride and phosphate release 

during managed aquifer recharge 

DAVID SCHAFER1  MICHAEL J. DONN2  OLIVIER ATTEIA3 HENNING PROMMER12 

1 University of Western Australia, Crawley, WA, Australia 
2 CSIRO Land and Water, Private Bag No. 5, Wembley, WA, Australia (*correspondence 

Henning.Prommer@csiro.au) 
3ENSEGID, Université de Bordeaux, 1 Allee Daguin, 33607 Pessac Cedex, France 
 

During managed aquifer recharge (MAR) the injection of purified wastewater can create a geochemical 
disequilibrium that generally triggers various water-rock interactions. For selected sedimentary aquifer types 
this also induces the risk of mobilizing geogenic fluoride.  

Carbonate-fluorapatite (CFA = Ca10(PO4)5(CO3F)F2) is by far the most common autochthonous 
phosphate mineral in sedimentary environments [1]. However, aquifers containing CFA do not necessarily 
contain high dissolved fluoride concentrations. Dissolution of calcium apatites is complex involving rapid 
exchange processes and the formation of a surface layer of dicalcium phosphate (CaHPO4) composition that 
controls dissolution at circum-neutral pH [2].   

In sedimentary aquifers significant fluoride release from fluoride-bearing phosphate minerals has been 
found where equilibrium with the surface layer is disturbed. This especially occurs in conjunction with 
calcium removal due to exchange reactions along natural groundwater flow paths [3]. Such a disequilibrium 
can also be induced by MAR with highly purified, recycled wastewater. However, to date the risk of fluoride 
and phosphate mobilisation by MAR with highly purified water and the mechanisms by which the CFA 
surface-layer adjusts to lower ionic strength water has not been recognized and adequately assessed.   

In this study we use the data collected during a comprehensive field injection trial with low ionic strength, 
purified wastewater into an otherwise low fluoride (<0.3 mg/L) sedimentary aquifer to identify and quantify 
the mechanisms controlling the fate of fluoride and phosphate. Our data from a large-scale field trial 
document the linkage between the injectant breakthrough and rising fluoride and phosphate concentration.   
Complementary mineral characterization and laboratory experiments verified CFA as the main source of 
fluoride and phosphate release. 

 
[1] Föllmi, K.B., Earth-Sci. Rev., 1996. 40(1–2): p. 55-124. 
[2] Chaïrat, C., et al., GCA, 2007. 71(24): p. 5901-5912. 
[3] Edmunds, W.M. in Ess. of Med. Geol., 2013. p. 311-336. 
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Conference:   AGC 2017, Australasian Groundwater Conference, UNSW, Sydney.   

Website:  http://agc-2017.p.agc2017.currinda.com/  

Oral presentation date:  July 11, 2017   

Title and abstract: 

Fluoride and phosphate release from insitu carbonate-fluorapatite 

during trial Managed Aquifer Recharge injection of recycled deionised 

wastewater 
 

DAVID SCHAFER1, MICHAEL J. DONN2, OLIVIER ATTEIA3, HENNING 

PROMMER1,2 
1 University of Western Australia 
2 CSIRO Land and Water, Wembley, WA (*correspondence Henning.Prommer@csiro.au) 
3 ENSEGID, Université de Bordeaux, France 
 

Managed aquifer recharge (MAR) of purified wastewater can create geochemical disequilibrium which may 

trigger various water-rock interactions, including the mobilisation of geogenic fluoride. A comprehensive 

MAR trial has been conducted to investigate the feasibility of recharging recycled, deionised wastewater into 

the Cretaceous silici-clastic Leederville aquifer of the Perth Basin, Western Australia.  During the injection 

trial, simultaneous pulses of fluoride (up to 1.1 mg/L) and phosphate (up to 1.7 mg/L) were observed to occur 

rapidly upon breakthrough of the deionised injectate. As fluoride concentrations above 1.5 mg/L are 

considered detrimental to human health it is important to determine the geochemical mechanisms causing 

the fluoride release. 

 

Saturation indices for a suite of phosphate and fluoride bearing minerals performed on comprehensive pre-

injection groundwater analyses indicated that the fluorapatite-water interface layer of dicalcium phosphate 

composition (CaHPO4.nH2O) [1] was the closest phase to saturation. Other fluoride-bearing minerals, such 

as fluorite, were significantly undersaturated and presumably absent. Phosphatic nodules sourced from 

Leederville aquifer core material were analysed and found to contain significant carbonate-fluorapatite (CFA 

=Ca10(PO4)5(CO3F)F2), a variety of fluorapatite which is by far the most common autochthonous phosphate 

mineral in sedimentary environments [2]. Anaerobic batch experiments with powdered CFA rich nodules 

produced a similar release pattern for fluoride and phosphate to that observed during the MAR field trial. 

Fluoride extraction experiments with Leederville sediments of low phosphate content yielded minimal 

fluoride release. The observed fluoride and phosphate pulses can be primarily attributed to incongruous 

dissolution of CFA mediated by calcium preferential removal onto exchange sites under low ionic strength 

conditions. Elevated fluoride and phosphate concentrations were found to recede once a new equilibrium for 

Na-Ca exchange was established under low ionic strength conditions.  

  

 [1] Chaïrat, C., et al., GCA, 2007. 71(24): p. 5901-5912.  

 [2] Föllmi, K.B., Earth-Sci. Rev., 1996. 40(1–2): p. 55-124. 
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Conference:   MEDGEO 2019, The 8th International Conference on Medical Geology,  

Guiyang, China.   

Website:  http://www.medgeo2019.com/  

Oral presentation date:  August 14, 2019   

Title and abstract: 

Model-based analysis of reactive transport processes governing fluoride 

and phosphate release and attenuation during managed aquifer 

recharge 

 
David Schafer 1, Jing Sun1,2, James Jamieson1,2, Adam Siade1,2, Olivier Atteia3 and 

Henning Prommer1,2 * 

 

1University of Western Australia, School of Earth Sciences, Western Australia  

2CSIRO Land and Water, Private Bag No. 5, Wembley, Western Australia, 6913  

3ENSEGID, Université de Bordeaux, 1 Allee Daguin, 33607 Pessac Cedex, France  

*Email: Henning.Prommer@csiro.au  
 
During a large scale field experiment where 3.9GL of highly treated, deionised wastewater (average TDS 

33 mg/L) was injected into a low fluoride (<16 μM) siliciclastic aquifer over a four year period, pulses of 

elevated fluoride (up to 58 μM) and filterable reactive phosphorus (FRP) (up to 55 μM) were observed. A 

process-based reactive transport model has been developed and applied to better understand the interacting 

hydro-geochemical processes affecting these pulses, and assess whether fluoride concentrations may 

eventually exceed drinking water limits (1.5 mg/L = ~79 μM) with continued large scale injection. Based on 

previous experimental work, elevated fluoride and phosphate concentrations were attributed to dissolution 

of the fluoride-bearing calcium phosphate mineral carbonate-rich fluorapatite (CFA: 

Ca10(PO4)5(CO3F)F2). The reactive transport model incorporates the incongruent dissolution of (i) proton 

exchange, that primarily releases fluoride and calcium, and (ii) equilibrium with a mineral-water interface 

layer of hydrated di-basic calcium phosphate (DCPsurface: CaHPO4) that forms on CFA. Model simulations 

identified that calcium initially increased on aquifer exchanger sites under the low ionic strength conditions 

post breakthrough of the deionized injectate. Elevated pulses of fluoride and phosphate concentration 

occurred when calcium concentrations in solution remained low. However, the fraction of calcium on the 

sediment exchanger sites was found to slowly increase with continued injection until an equilibrium was 

reached under the prevailing geochemical conditions post breakthrough of the deionised injectate. After 

calcium exchange equilibrium was reached, continued injection induced increasing aqueous calcium 

concentrations. This resulted in declining concentrations of fluoride and phosphate due to due re-

equilibration with CFA. Eventually, with continued injection, fluoride and phosphate concentrations 

decreased below the concentrations in the native groundwater. Phosphate was found to attenuate much more 

quickly than fluoride due to surface complexation with aquifer sediments. Maximum fluoride concentrations 

were inferred to be controlled by equilibrium with the composition of CFA in the target aquifer and are not 

expected to exceed the elevated concentrations that were observed under post breakthrough low calcium 

conditions. A mitigation strategy involving the amendment of CaCl2 in the injectate to further reduce fluoride 

and phosphate mobilization during managed aquifer recharge was assessed. Insights from this study may be 

broadly applicable to understanding natural fluoride release and mobilization from fluoride-bearing calcium 

phosphate minerals in other aquifers worldwide.  

 

 

Key words: fluoride, phosphate, managed aquifer recharge, modelling 
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Conference:   AGC 2019, Australasian Groundwater Conference, Brisbane.   

Website:  https://www.groundwaterconference.com.au/ 

Oral presentation date:  November 25, 2019   

Title and abstract: 

Scenario modelling of reactive transport processes governing fluoride 

release and attenuation during managed aquifer recharge 

David Schafer 1 2 , Jing Sun 1 3 , James Jamieson 1 3 , Olivier Atteia 4 , Henning Prommer 1 3  

1. University of Western Australia, Perth, WA, Australia 

2. Department of Water and Environmental Regulation, Perth, WA, Australia 

3. CSIRO, Wembly, WA, Australia 

4. Université de Bordeaux, Bordeaux, France 

Pulses of elevated fluoride (up to 58 μM) and filterable reactive phosphorus (FRP) (up to 55 μM) were 

observed were observed during a large scale groundwater replenishment trial where 3.9GL of highly 

treated, deionised wastewater (average TDS 33 mg/L) was injected into siliciclastic Leederville aquifer 

of the Perth Basin. Previous experimental work identified that the elevated fluoride and phosphate 

concentrations are due primarily to the dissolution of the carbonate-rich fluorapatite (CFA: 

Ca10(PO4)5(CO3F)F2) which was found to occur in the Leederville aquifer sediments. A reactive transport 

model has been developed using MODFLOW (Harbarough, 2005) and PHT3D (Prommer et al. 2003) 

for groundwater flow and reactive transport processes respectively. It was calibrated to geochemical 

analysis collected approximately monthly from 20 monitoring bores over the four year period of the 

field trial. The model incorporates the incongruent dissolution CFA as the primary source of fluoride 

and includes all geochemical processes identified during previous experimental study and modelling 

work. The primary motivation for the current modelling study is to assess whether fluoride 

concentrations may eventually exceed drinking water limits (1.5 mg/L = ~79 μM) with continued large 

scale injection. 

The model simulations identified that fluoride is initially mobilized due to acidity generation near the 

injection well where the low ionic strength but oxic deionized wasterwater is triggering pyrite oxidation. 

Further dissolution of CFA is triggered by the very low calcium concentrations of the deionized 

wastewater injectate. Under the low ionic strength conditions calcium initially preferentially partitions 

on aquifer exchanger sites and elevated pulses of fluoride concentration occur when calcium 

concentrations in solution remain low. Sorption of fluoride under the moderately alkaline conditions 

(pH 7.6-7.9) to the aluminium-rich Leederville aquifer sediments was found to be limited. Maximum 

fluoride concentrations were inferred to be controlled by equilibrium with CFA occurring in the aquifer 

and are not expected to exceed the elevated concentrations that were observed under post breakthrough 

low calcium conditions. However a long tapering pulse of moderately elevated fluoride is expected to 

remain in the aquifer. Scenario modelling of mitigation strategies involving the amendment of CaCl2 

and CaO (quicklime) in the injectate to further reduce fluoride and phosphate mobilization during 

managed aquifer recharge were also assessed. Insights from this study may be broadly applicable to 

understanding fluoride release and mobilization from CFA and similar fluoride-bearing calcium 

phosphate minerals both during managed aquifer recharge (MAR) operations as well as due to natural 

processes. 

 

1. Harbaugh, A. W. MODFLOW-2005, The U.S. Geological Survey Modular Ground-Water 

Model - the Ground-Water Flow Process; U.S. Geological Survey Techniques and Methods 6-

A16; U.S. Department of the Interior, U.S. Geological Survey: 2005; p 253 

2. Prommer, H.; Barry, D.; Zheng, C., MODFLOW/ MT3DMS –based reactive 1076 

multicomponent transport modelling. Groundwater 2003, 41, (2), 11. 

https://www.groundwaterconference.com.au/
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http://agc2019.p.agc.currinda.com/days/2019-11-25/abstract/384#affiliation_321
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APPENDIX B. Additional model setup details - Perth 

Groundwater Replenishment Trial model 

Table B–1: Layer thickness and calibrated parameters (refer Figure S3-3) 

layer 
thickness 

(m) 
K 

(m/day) 
porosity layer 

thickness 
(m) 

K 
(m/day) 

porosity 

1 2 0.13 0.05 39 0.96 57 0.36 

2 6.889 0.13 0.05 40 1.74 57 0.36 

3 14.84 0.13 0.05 41 0.6 5 0.36 

4 1.3 0.5 0.03 42 1.4 62 0.36 

5 0.92 0.5 0.03 43 0.62 62 0.36 

6 1.05 2 0.03 44 0.68 62 0.36 

7 1 2 0.03 45 0.59 62 0.36 

8 0.36 5 0.36 46 0.91 62 0.36 

9 0.39 15 0.36 47 1.5 62 0.36 

10 0.39 5 0.36 48 2.8 0.5 0.03 

11 0.93 85 0.36 49 3.2 67.5 0.36 

12 1.37 85 0.36 50 4.36 0.15 0.03 

13 0.56 6.35 0.36 51 0.64 0.15 0.03 

14 0.56 83.5 0.36 52 1 17 0.36 

15 1.24 83.5 0.36 53 1 0.15 0.03 

16 3.05 40 0.36 54 2 0.15 0.03 

17 1.15 0.5 0.03 55 1 7 0.36 

18 1.5 24 0.36 56 1.5 0.15 0.03 

19 0.58 0.5 0.03 57 1 34 0.36 

20 0.58 0.5 0.03 58 1 0.15 0.03 

21 1.34 0.5 0.03 59 0.42 0.15 0.03 

22 0.76 70.5 0.39 60 0.42 0.15 0.03 

23 0.47 35 0.39 61 1.91 0.15 0.03 

24 0.57 35 0.39 62 6.33 0.15 0.03 

25 0.9 15 0.39 63 1.42 81 0.16 

26 1.5 12 0.39 64 1 81 0.16 

27 0.8 0.5 0.03 65 0.97 70 0.16 

28 1 15 0.39 66 0.53 2 0.42 

29 0.8 60 0.39 67 0.53 2 0.42 

30 0.7 40 0.39 68 1.47 12 0.16 

31 1.5 63.7 0.39 69 1 6 0.16 

32 2 0.5 0.03 70 0.78 81 0.16 

33 0.5 87 0.39 71 1.14 81 0.16 

34 0.5 39.7 0.39 72 0.59 81 0.16 

35 1.16 39.7 0.39 73 0.59 18.86 0.15 

36 1.84 42.7 0.39 74 1.909 18.86 0.15 

37 3.04 0.5 0.03 75 6.178 18.86 0.15 

38 0.96 0.5 0.03 76 11.31 18.86 0.15 
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Table B-2 Column widths (refer Figure S3-3) 

column 
width 

(m) 
column 

width 
(m) 

column 
width 

(m) 
column 

width 
(m) 

1 2 11 5.2415 21 12.443 31 35.275 

2 2.2974 12 5.6079 22 13.81 32 39.149 

3 2.639 13 7.3931 23 15.326 33 43.448 

4 3.0314 14 6 24 17.009 34 48.22 

5 3.4822 15 6.6589 25 18.877 35 53.515 

6 4.55 16 7.3902 26 20.951 36 59.393 

7 4 17 8.2019 27 23.251 37 65.915 

8 4.2797 18 9.1026 28 25.805 38 73.154 

9 4.5789 19 10.102 29 28.639 39 81.188 

10 4.899 20 11.212 30 31.784 40 90.104 

      41 90.076 

 

Table B-3: Global dispersivity parameters (refer Figure S3-3) 

Parameter Value 

αL (m) Longitudinal Dispersivity 1 

αTH (m) Horizontal Transverse Dispersivity 0.1 x αL 

αTV (m) Horizontal Vertical Dispersivity 0.01 x αL 

 

Table B-4: Boundary conditions  

boundary (refer Figure S3-3) boundary condition 

left (centre of radial flow) Injection well or no flow boundary 

right radial boundary fixed head 20m 

top boundary no-flow boundary 

bottom boundary no-flow boundary 
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Table B-5: Initial solutions 

species unit 
Chemical zone refer (refer Figure S3-3) 

CZ1 CZ2 CZ3 CZ4 CZ5 CZ6 

Al3+  μM 0.28 0.28 0.46 0.40 0.50 0.31 

NH4
+ as N  μM 12 12 12 13 11 12 

Ba2+  μM 0.76 0.76 0.89 0.77 0.88 0.53 

C4+  μM 2150 2150 1780 1720 1650 1920 

C4-  μM 0.67 0.67 0.10 0.12 0.09 0.17 

Ca2+ μM 617 617 643 630 549 577 

Cl- μM 4660 4660 8980 13000 15300 14300 

F- μM 6.3 6.3 7.1 8.9 10.5 13.8 

Fe2+ μM 89 89 152 138 165 93 

Fe3+ μM 
1.57E-

07 
1.57E-

07 
3.91E-

07 
5.06E-

07 
5.26E-

07 
5.11E-

07 

K+ μM 253 253 330 391 422 401 

Mg2+ μM 390 390 827 1130 1250 1120 

Mn2+ μM 0.91 0.91 1.14 0.93 1.10 1.02 

Mn3+ μM 
3.06E-

29 
3.06E-

29 
4.76E-

29 
3.22E-

29 
5.12E-

29 
2.78E-

29 

N3+ μM 0 0 0 0 0 0 

N5+ μM 0 0 0 0 0 0 

N(0) μM 0 0 0 0 0 0 

Na+ μM 3760 3760 7470 11000 13200 13000 

dissolved oxygen μM 0 0 0 0 0 0 

organic sediment μM 456 456 456 456 1290 1290 

PO4
3- as P μM 0.65 0.65 0.49 2.59 0.81 2.10 

Si as SiO2 μM 394 394 466 490 516 446 

Sr2+ μM 1.2 1.2 1.5 1.9 1.8 1.9 

SO4
2- μM 98 98 430 486 545 583 

pH - 6.53 6.53 6.60 6.72 6.65 6.84 

pe V -3.09 -3.09 -3.08 -3.24 -3.16 -3.39 
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Table B-6: Initial amounts of minerals and phases 

mineral or 
phase 

unit 
Chemical zone refer (refer Figure S3-4) 

CZ1 CZ2 CZ3 CZ4 CZ5 CZ6 

DCPsurface μM 45 37 30 9 20 43 

chlorite μM 367 367 1740 367 1740 367 

DCPA μM 0 0 0 0 0 0 

DCPB μM 0 0 0 0 0 0 

Fe(OH)3(a) μM 0 0 0 0 0 0 

gibbsite μM 0 0 0 0 0 0 

glauconite μM 2280 2280 2200 2280 1980 1980 

gypsum μM 0 0 0 0 0 0 

OCP μM 0 0 0 0 0 0 

pyrite μM 114000 114000 114000 114000 87300 87300 

SiO2(a) μM 0 0 0 0 0 0 

siderite μM 14600 14600 14600 14600 39100 39100 

TCP μM 0 0 0 0 0 0 

 

 




