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Abstract

Quantifying the role of biophysical and anthropogenic drivers of coral reef ecosystem processes 

can inform management strategies that aim to maintain or restore ecosystem structure and 

productivity. However, few studies have examined the combined effects of multiple drivers, 

partitioned their impacts, or established threshold values that may trigger shifts in benthic cover. 

Inshore fringing reefs of the Great Barrier Reef Marine Park (GBRMP) occur in high-sediment, 

high-nutrient environments and are under increasing pressure from multiple acute and chronic 

stressors. Despite world-leading management, including networks of no-take marine reserves, 

relative declines in hard coral cover of 40-50% have occurred in recent years, with localized but 

persistent shifts from coral to macroalgal dominance on some reefs. Here we use boosted 

regression tree analyses to test the relative importance of multiple biophysical drivers on coral and 

macroalgal cover using a long-term (12-18 year) dataset collected from reefs at four island groups. 

Coral and macroalgal cover were negatively correlated at all island groups, and particularly when 

macroalgal cover was above 20%. Although reefs at each island group had different disturbance-

and-recovery histories, degree heating weeks (DHW) and routine wave exposure consistently 

emerged as common drivers of coral and macroalgal cover. In addition, different combinations of 

sea surface temperature, nutrient and turbidity parameters, exposure to high-turbidity (primary) 

floodwater, depth, grazing fish density, farming damselfish density and zoning management 

variously contributed to coral and macroalgal cover at each island group. Clear threshold values 

were apparent for multiple drivers including wave exposure, depth and degree heating weeks for 

coral cover, and depth, degree heating weeks, chlorophyll-a and cyclone exposure for macroalgal 

cover, however all threshold values were variable among island groups. Our findings demonstrate 

that inshore coral reef communities are typically structured by broad-scale climatic perturbations, 

superimposed upon unique sets of local-scale drivers. Although rapidly escalating climate change 

impacts are the largest threat to coral reefs of the GBRMP and globally, our findings suggest that 

proactive management actions that effectively reduce chronic stressors at local scales should 

contribute to improved reef resistance and recovery potential following acute climatic 

disturbances.     
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Introduction

Coral reefs are governed by complex interactions between physical and biological drivers 

(Graham et al. 2015, Zinke et al. 2018), acute disturbances (e.g. storms, bleaching events, 

outbreaks of coral predators) and chronic stressors (e.g. fishing, terrestrial run-off, pollution) 

(Ward and Myers 2005, Brodie and Pearson 2016, Hughes et al. 2018b). Current trends and future 

predictions of increased frequency of severe disturbances have profound negative implications for 

the  biodiversity and productivity of coral reef ecosystems (Fabricius 2005, Carrigan and Puotinen 

2011, Hughes et al. 2017, Lam et al. 2018, Robinson et al. 2018, Wedding et al. 2018). Repeated 

disturbances that kill corals, especially at broad spatial scales (e.g. cyclones and bleaching events), 

can trigger the persistent declines in coral cover that typically precede phase shifts to alternate 

(non-coral dominated) states (Norström et al. 2009). The magnitude and relative influence of 

specific biophysical drivers varies spatially and temporally, and these drivers are superimposed 

upon localized human impacts and management systems such as no-take marine reserves (NTMR) 

(Graham et al. 2013, Jouffray et al. 2015, Bruno and Valdivia 2016, MacNeil et al. 2019). 

Understanding the interactions between these drivers at relevant scales is key to informing 

effective management of coral reef ecosystems.  

Hard corals are the primary habitat-builders of coral reefs. They provide food and the three-

dimensional structure for the multitude of reef-associated organisms that contribute to overall 

ecosystem function (Alvarez-Filip et al. 2013, Graham and Nash 2013). The generally accepted 

desirable state for coral reef benthic communities is one where corals, rather than macroalgae or 

other benthic organisms (e.g. sponges), dominate the substratum (Bruno et al. 2009, Bruno et al. 

2019). Globally, coral reefs have become increasingly degraded over recent decades and, on many 

reefs, this has altered the balance between corals and macroalgae as the dominant organisms of 

reef communities (Hughes 1994, McClanahan et al. 2001, Hughes et al. 2002, Bruno and Selig 

2007, Hughes et al. 2007, Cheal et al. 2010, Graham et al. 2015). Benthic community shifts from 

coral-dominated to algal-dominated states (phase shifts) have been widely recorded, even on 

isolated reefs far from direct human influence (Bruno and Valdivia 2016). Temporally persistent 

phase shifts typically reduce biodiversity and degrade ecosystem functioning (Folke et al. 2004, 

Norström et al. 2009, Johns et al. 2018). 
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Research that partitions the role of grazers and a suite of biophysical drivers, also referred to as 

predictors, in mediating the coral-algae relationship, is emerging (McClanahan and Muthiga 1998, 

Hughes et al. 2010, Graham et al. 2015). Although phase shifts can often be broadly attributed to 

acute and chronic stressors, specific thresholds in key biophysical drivers that trigger “tipping 

points” are more difficult to identify, and are likely to vary spatially. For instance, Graham et al. 

(2013) found that depth and structural complexity in the Seychelles were key predictors of 

whether the ecosystem trajectory trended towards coral dominated or macroalgal dominated states. 

On the other hand, Jouffray et al. (2015) found that despite spatial variation in drivers of coral and 

macroalgae in Hawai’i, grazer density was consistently important for predicting both coral- and 

macroalgae-dominated states. More recently, MacNeil et al. (2019) showed that poor water quality 

on the Great Barrier Reef (GBR) interacted with the effects of bleaching, crown-of-thorns starfish 

and disease in different ways depending on reef location. It appears, therefore, that the relationship 

between corals, macroalgae and grazers is complex, as are the underlying drivers, interactions and 

thresholds in these relationships. 

No-take marine reserves (NTMRs) are widely advocated and increasingly implemented as a 

relatively simple and effective means of managing human use and limiting direct impacts on coral 

reefs (Babcock et al. 2010, Edgar et al. 2014). Effectively protected NTMRs often yield significant 

increases in the density, size, age and fecundity of exploited species, and these gains can deliver 

benefits beyond NTMR boundaries through density-dependent spill-over of post-settlement fish 

and larval subsidies to fished areas (Goni et al. 2010, Graham et al. 2011, Harrison et al. 2012, 

Williamson et al. 2016). The ecological effects of fishing on coral reef communities strongly 

depend on the suite of species being targeted and the fishing methods employed (Emslie et al. 

2015). In areas where predatory fishes are preferentially targeted, prey species may increase in 

fished areas (Graham et al. 2003). Conversely, where fishers target herbivores, the balance 

between corals and macroalgae may be indirectly impacted by fishery harvest (Graham et al 

2015). Where herbivores are not targeted (e.g. the GBR), natural variability in herbivore density, 

species composition or activity can exert significant influence on the coral-macroalgae balance, 

and this may provide insight into the specific densities required to maintain coral reef health and 

productivity (Hughes et al. 2007). However, to complicate matters further, new findings 

demonstrate that parrotfishes, previously thought to target algal turf, predominantly feed on 

cyanobacteria (Clements et al. 2017, Clements and Choat 2018), and often display a negative 
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relationship with coral cover (Russ et al. 2015) – even though their scraping or excavating feeding 

modes can effectively clear space for the settlement of sessile organisms (Mumby and Harborne 

2010). 

The Great Barrier Reef Marine Park (GBRMP) was established in the 1970s and its first NTMR 

network was established in 1987. The GBRMP was rezoned in 2004 and the NTMR network was 

expanded to protect approximately 33% of the Marine Park area and 33% of coral reefs. Due to its 

proximity to the centre of coral reef biodiversity, its vast size, its variety of reef types, from coastal 

fringing reefs to offshore clear-water reefs, its multiple-use zoning plan and extensive NTMR 

network, the GBRMP offers unique opportunities to study broad-scale spatial patterns and long-

term temporal dynamics in coral reef ecosystems. Inshore reefs of the GBRMP are affected by a 

range of conditions that can potentially modify coral reef assemblages, including high recreational 

fishing pressure and higher human use than offshore reefs, increased sediment, pesticide and 

nutrient loads, and the cumulative, escalating impacts of global warming (Fabricius et al. 2008, 

Negri et al. 2011, Negri and Hoogenboom 2011, Hughes et al. 2018a). These reefs are also readily 

accessible for scientific research and monitoring. 

Examining biophysical drivers of coral reef community structure and dynamics is not new, but 

recent advances in our ability to measure and analyse environmental and ecological variables have 

facilitated investigations at broad spatial and temporal scales. From these, a range of drivers have 

been identified as universally important, such as temperature, light attenuation, the frequency and 

severity of temperature anomalies and tropical cyclones (Zinke et al. 2018), oceanic productivity, 

aragonite saturation (Robinson et al. 2018), latitude, depth (Jouffray et al. 2015), grazer biomass 

(Jouffray et al. 2015, Robinson et al. 2018) and water quality (Petus et al. 2016, MacNeil et al. 

2019). Previous studies of GBRMP inshore reefs have found that, much like mid-shelf and 

offshore reefs, storms were major drivers of change in coral cover (Lam et al. 2018) and 

macroalgal cover (McClure et al. 2019), while water quality conditions also strongly influence the 

resistance of inshore reefs to coral bleaching (MacNeil et al. 2019). Lam et al. (2018) suggested 

that “there is further work to be done in unpacking the cumulative impacts of acute and chronic 

pressures on coral reefs”. 

Here we analyze a long-term dataset using boosted regression trees (BRTs) to test the relative 

importance and thresholds of multiple biological and physical drivers on the cover of live hard 
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coral (hereafter referred to as “coral”) and macroalgae on fringing reefs at four inshore island 

groups of the GBRMP. Specifically, we ask:

1. What are the differences and similarities in benthic community composition and the 

relationship between coral and macroalgal cover among the four island groups?

2. How have coral and macroalgal cover changed over time?

3. What are the most influential drivers of coral cover and macroalgal cover at each island 

group?

4. Are there identifiable thresholds in biophysical drivers of coral and macroalgal cover?

Methods

Study locations and reef survey protocols

This study was conducted on fringing coral reefs of the Palm, Magnetic, Whitsunday and Keppel 

Island groups in the central GBRMP. These four island groups are located between 10 and 30 

kilometres from the coast and span 4.5 degrees of latitude, from 18.603S to 23.19S (Figure 1). 

These inshore reefs are subject to relatively poor water quality conditions (high-nutrient and high-

sediment) due to their close proximity to coastal river catchments, with moderate to high turbidity 

and sedimentation rates, particularly in sheltered (predominantly west-oriented) locations. The 

reefs typically support a combination of hard corals, soft corals and macroalgae, and many of the 

numerically dominant hard corals are species adapted to periods of low light and high sediment 

deposition (Flores et al. 2012). Reef flats are often exposed to the air on spring low tides, and the 

reef slopes vary from shallow, gentle slopes on the sheltered (western) sides of the islands to 

steeper formations and greater depths on the windward (eastern) sides. The fringing reefs are high-

use and high-value areas that support significant levels of commercial tourism and recreational 

fishing (Williamson et al. 2004). Unlike the mid-shelf and offshore reefs of the GBRMP, these 

inshore reefs were not impacted by broadscale outbreaks of crown-of-thorns starfish during the 

monitoring period (Lam et al. 2018).

Standardised underwater visual census (UVC) protocols were used to survey benthic and fish 

communities at long-term monitoring sites on reefs of the Palm Islands (30 sites, 2000 - 2016), 

Magnetic Island (8 sites, 2004 - 2016), Whitsunday Islands (42 sites, 1999 - 2017) and Keppel 

Islands (20 sites, 2002 - 2017) (Figure 1; see Appendix S1 for detailed UVC methods). Reefs in 

the Palm, Whitsunday and Keppel Islands were surveyed annually or biennially, while Magnetic 



This article is protected by copyright. All rights reserved

Island reefs were surveyed sporadically due to weather and water clarity constraints (see 

Supporting Information). Within each island group, monitoring sites were evenly distributed 

among reefs that are open to fishing (General Use and Conservation Park Zones) and no-take 

marine reserves (NTMR or Marine National Park Zones) that were closed to fishing in either 1987 

(NTMR 1987) or 2004 (NTMR 2004, Figure 1). New reserve (NTMR 2004) monitoring sites and 

an equivalent number of fished (non-reserve) sites were first surveyed in early 2004, prior to the 

implementation of the expanded NTMR network in July 2004. 

Biophysical drivers

Farming damselfish density

On coral reefs, farming damselfishes defend territories in which they cultivate and aggressively 

defend algal assemblages dominated by their preferred food species (Ceccarelli et al. 2001). In 

many cases, these territories can cover up to 90% of reef areas, where they promote turf, and 

sometimes macroalgae, usually to the detriment of corals (Ceccarelli 2007, Casey et al. 2014). The 

most abundant species of farming damselfishes on the study reefs were Pomacentrus wardi, 

Stegastes apicalis, Pomacentrus adelus and Dischistodus spp. A list of all surveyed farming 

species is provided in Appendix S1: Table S1.

Grazing fish density

Grazing fishes and invertebrates on coral reefs are known to play a key role in maintaining the 

natural balance of benthic communities by limiting vegetative and spatial growth of macroalgae, 

and by facilitating coral larval settlement and recruitment through the clearing of areas of substrate 

(Hughes et al. 2007). The group was comprised of species from the families Acanthuridae, 

Kyphosidae, Labridae (Scarinae) and Siganidae (Appendix S1, Table S1).  

Turbidity / flood plume exposure

Flood plumes were mapped using Moderate Resolution Imaging Spectroradiometer (MODIS) true 

colour satellite imagery classified into three distinct colour categories corresponding to the three 

water types (primary, secondary, and tertiary; see Appendix S1) commonly found in the GBR 

during the austral wet season (Alvarez-Romero et al. 2013, Petus et al. 2014, Devlin et al. 2015, 

Wenger et al. 2016, Waterhouse et al. 2018). We used the “primary” water type characterization to 

quantify frequency of exposure of the monitoring sites to highly turbid water from flood plumes 

and subsequent re-suspension during the 2003-2017 Queensland summer wet seasons (December-
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April inclusive). The primary water type represents high turbidity (Devlin et al. 2015), and high 

values of coloured dissolved organic matter (CDOM) and Total Suspended Sediment (TSS) 

(Devlin et al. 2013). TSS and Secchi Disc Depth (SDD) in the primary water type are typically 

around (mean ± 1SD) 16.4 ± 33.2 mg L-1  and 1.55 ± 1.39 m, respectively (Waterhouse et al. 

2018). The primary water type is often associated with low salinity from flood plumes, but the 

high turbidity can also reflect re-suspended sediment from wind and tides (Devlin et al. 2012). We 

created twenty-two weekly composite images of daily images from December 1st to April 30th per 

wet season, to minimize the amount of area without data per image due to masking of clouds and 

sun glint (Alvarez-Romero et al. 2013). We assigned each weekly composite a presence/absence 

(0/1) value of primary water type in each pixel (500 × 500 m resolution).

Routine wave exposure

We extracted the typical wave exposure of sites as the frequencies and magnitude of wave energy 

approaching each monitoring site from 16 equidistant compass directions from the NOAA 

WAVEWATCH III global hindcast dataset (Tolman 2009). We then generated quantitative 

estimates of relative wave exposure using a GIS-based Generic Model for estimating relative wave 

exposure (GREMO, Pepper and Puotinen 2009, Hill et al. 2010) at each monitoring site using the 

NOAA WAVEWATCH III global hindcast dataset (Dec 2010 to Dec 2016, spatial resolution 0.5°, 

temporal resolution 1 hour) to weight distances to the nearest wave blocking obstacle every 7.5 

degrees around each site (fetch) by the relative frequency at which waves approached the site and 

their average magnitude, as per previous studies (Underwood et al. 2018, Underwood et al. 

2019). These distances were then summed and normalised to the maximum possible summed 

distances for the most exposed site within the study area (Halfway Island – 0.279187) to create a 

dimensionless index of relative wave exposure.

Cyclone wave exposure

We generated quantitative estimates of relative wave exposure at each monitoring site during each 

relevant cyclone (identified from a dataset described in Puotinen et al. 2016) from 1998 - 2016. 

We used modelled wave height and direction data from NOAA WAVEWATCH III and the 

Commonwealth Scientific and Industrial Research Organisation (CSIRO) to identify which 

cyclones generated significant wave heights (Hs – average of top 1/3 of wave heights) of 3.5 m or 

more at each monitoring site. For each cyclone at each site, distances to the nearest wave blocking 

obstacle every 7.5 degrees around each site (fetch) were weighted by the relative frequency at 
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which cyclone-generated waves approached the site and their average magnitude. As above, these 

distances were then summed and normalised to create a dimensionless index of relative wave 

exposure.

Degree heating weeks

Degree Heating Weeks (DHW) values represent the accumulated thermal stress over the previous 

12 weeks at a given pixel. Coral bleaching is likely at 4°C-weeks, and this threshold is routinely 

used to estimate thermal stress on coral reefs (Hajime 2017). Daily 5km data from 1998 to 2016 

were provided by NOAA Coral Reef Watch (2018). The Maximum DHW reported between 

sequential surveys was used for each year, however if the period between surveys exceeded one 

year, the maximum DHW within the two previous years was used in the following year of the 

study.

Sea-surface temperature (SST)/ SST Anomaly 

As mean temperature increases, so too does coral growth and reproduction (Miller 1995), but 

anomalously high temperatures can limit coral growth (Ross et al. 2015) and reproduction (Baird 

and Marshall 2002) and can cause coral bleaching and mortality (Hoey et al. 2016). Annual 

average sea-surface temperature (SST) and sea-surface temperature anomaly (SST anomaly) were 

calculated from multi-scale, ultra-high resolution (MUR) SST and SST anomaly. Monthly 1km 

data from 2002-2017 were downloaded from the NOAA ERDDAP website 

(https://coastwatch.pfeg.noaa.gov/erddap/griddap/jplMURSST41mday.html and 

https://coastwatch.pfeg.noaa.gov/erddap/griddap/jplMURSST41anommday.html).

Water quality - Chlorophyll-a and Kd490

Remotely sensed Chlorophyll-a provides an estimate of phytoplankton biomass, which can act as a 

proxy for seawater nutrient concentrations (Otero and Carbery 2005). Diffuse Kd490 (the Diffuse 

Attenuation Coefficient at 490 nm) provides an estimate of turbidity (Lee et al. 2005). Both 

Chlorophyll-a (Hu et al. 2012) and Kd490 composite monthly 4km data (collected using a 

Moderate Resolution Imaging Spectroradiometer (MODIS) satellite) from 2003-2017 were 

downloaded from the ERDDAP website. (Chlorophyll-a - 

https://coastwatch.pfeg.noaa.gov/erddap/griddap/erdMH1chlamday; Kd490 - 

https://coastwatch.pfeg.noaa.gov/erddap/griddap/erdMH1kd490mday). In-situ measurements of 

these variables are preferred as there is increased variation in turbid waters, but in their absence, 

https://coastwatch.pfeg.noaa.gov/erddap/griddap/jplMURSST41mday.html
https://coastwatch.pfeg.noaa.gov/erddap/griddap/jplMURSST41anommday.html
https://coastwatch.pfeg.noaa.gov/erddap/griddap/erdMH1chlamday
https://coastwatch.pfeg.noaa.gov/erddap/griddap/erdMH1kd490mday
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such measurements have been used in a number of other studies (Olsen et al. 2018, Zinke et al. 

2018, Moustaka et al. 2019). The Whitsunday Islands data for both Chlorophyll-a and Kd490 were 

anomalous, so they were excluded from the Whitsundays boosted regression tree analyses (see 

below). 

Data analysis

Benthic community structure across island groups was explored using Principal Coordinates 

Analysis (PCO). PERMANOVA was then used to test for significant differences in coral and 

macroalgal cover through time, with a fixed factor ‘year’ and random factor ‘site’ nested below. 

Coral and macroalgal cover were further compared between years with pair-wise PERMANOVA 

comparisons between each pair of consecutive years. The analyses were based on Bray-Curtis 

similarity of log(x+1) transformed percentage cover data with Primer-e Version 7. The 

relationship between coral and macroalgal cover was tested using regression analyses for each 

island group. Separate beta (logit link) linear models were run for each island group to model 

percentage coral cover against percentage macroalgal cover (log transformed), using the software 

package R.

Drivers of coral and macroalgal cover were explored using gradient boosted regression tree (BRT) 

models (De’ath 2007, Elith et al. 2008, Hastie et al. 2011). All BRT models were fitted using the 

gbm package (Ridgeway 2017) within the R statistical and graphical environment (R Core Team 

2016). BRTs fit a large succession of simple regression trees, each of which ‘learns’ only a very 

small fraction of the data features. Each successive tree focuses on the remaining most prominent 

patterns and by shrinking the contributions of each of a large number of trees, BRTs are typically 

capable of thoroughly learning to predict patterns in complex datasets. Overfitting (in which the 

models also learn the stochastic features) can be minimized by a number of regularization 

techniques, such as cross validation (see Appendix S1). Missing data (for example, where the 

timescales differ between response and predictor variables) are handled with surrogate splits. 

BRTs are well suited to exploring the relative impacts of a large number of complex covariates, 

since in contrast to linear models, BRTs are not low-dimensional approximations of the system 

complexity and are robust to non-linearity and multicollinearity (De’ath 2007, Elith et al. 2008). 

When analysed across island groups, BRT models confirmed that island group (“region”) was the 

most influential driver of both coral and macroalgal cover (Appendix S2: Fig. S1, S2). When 

predictor variables vary within a categorical predictor, the categorical predictor is drawn out as the 
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most important, and the learning engine then focuses on the features of the other predictors that 

are not already described by the categorical predictor. As a result, the partial effects patterns of the 

continuous predictors can be masked by their strong correlation with the categorical predictor. 

Therefore, the remaining 11 potential drivers were analysed independently within each island 

group.

Thresholds were estimated from first order derivatives of cubic spline interpolations of the partial 

effect trends resulting from the aggregated BRTs. Specifically, a threshold was defined as the x-

value associated with the highest response value (e.g. coral or macroalgal cover) from amongst all 

first order derivatives within 50% of the largest derivative.

Results

Spatial variation in benthic communities and biophysical drivers

We found that intrinsic differences among island groups accounted for 78% of the variation in 

benthic composition, driven primarily by differences in macroalgal cover, benthic diversity and 

structural complexity (Figure 2). These intrinsic differences among island groups remained 

relatively consistent over time (Figure 2). Keppel and Magnetic Island reefs had higher macroalgal 

cover, lower benthic diversity and lower structural complexity than Palm and Whitsunday Island 

reefs. An additional 13% of the variation between island groups and individual sites was driven by 

slightly higher, and spatially more variable, live hard coral cover at the Whitsunday and Keppel 

Islands than at the Palm Islands and Magnetic Island (Figure 2). 

Acute environmental disturbances such as thermal bleaching, cyclones and floods resulted in 

significant changes in coral and macroalgal cover at all four island groups throughout the 

monitoring period. However, each island group experienced a different disturbance history and 

many of the changes were also site-specific within each island group (Table 1, Figure 3). 

Additionally, percent cover of macroalgae (predominantly Sargassum spp., Padina spp. and 

Lobophora spp.) was generally higher at the Keppel Islands and Magnetic Island (means of 20% 

and 28% over the study period, respectively) than at the Palm and Whitsunday Islands (means of 

2% and 6% over the study period, respectively). Hard coral cover declined significantly in all four 

island groups during the monitoring period, with overall relative declines of 41.5% at the Palm 

Islands, 45% at Magnetic Island, 47.9% at the Whitsunday Islands, and 45.6% at the Keppel 

Islands (Figure 3). Reefs at the Palm Islands lost coral (down to ~ 20% cover) after Cyclone Yasi 
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(2011), followed by slow but steady recovery until 2016. Macroalgal cover remained low on Palm 

Islands reefs from 2002 to 2016, with a small increase in 2014 following a flood event (Figure 3a). 

At Magnetic Island, there was a general increase in macroalgal cover and a simultaneous decline 

in coral cover between 2007 and 2012, followed by a period of relative stability in macroalgal 

dominance between 2012 and 2016 (Figure 3b). At the Whitsunday Islands, coral cover remained 

relatively stable throughout the monitoring period (1999-2016) until Cyclone Debbie caused a 

relative decline in coral cover of more than 50% from 2016 to 2017. Macroalgal cover was 

moderate (~20%) on Whitsunday reefs early in the monitoring period, but remained below ~5% 

from 2004 to 2017 (Figure 3c). At the Keppel Islands, macroalgal cover briefly exceeded coral 

cover in 2015, after repeated disturbance events, before declining to 32%, slightly below coral 

cover, at the end of the survey period in 2017 (Figure 3d). 

There was a significant negative correlation between coral and macroalgal cover on Magnetic 

Island, Whitsunday Islands and Keppel Islands reefs (Figure 4). This relationship was not 

significant for Palm Islands reefs (Figure 4), due mainly to consistently low macroalgal cover at 

the majority of monitoring sites. At the Whitsunday Islands, this negative correlation was driven 

by two sites with high (>25%) macroalgal cover and was consequently weak (r2 = 0.166). At all 

island groups, coral-macroalgal relationships were strongest (r2  > 0.5) when mean macroalgal 

cover was greater than 20%.

Drivers of coral cover

In the Palm Islands, the strongest predictors of coral cover were DHW, wave exposure, NTMR 

status, mean SST, grazer density and Kd490 (Figure 5, Appendix S3, Table S1). Coral cover 

declined sharply with between 2 and 3 DHW, until it stabilised just before 3 DHW (Figure 5, 

Table 2, Appendix S3, Table S3). Wave exposure had a similar negative effect on coral cover, 

with an apparent threshold at an index value of 0.14 (Table 2). NTMRs established in 2004 

supported higher coral cover than reefs converted to NTMRs in 1987 and fished reefs. Mean SST 

was positively correlated with coral cover, with an apparent threshold at just over 26°C where 

coral cover suddenly increased (Table 2), and maximum coral cover was recorded at just under 

27°C, which was the highest mean SST value in the Palm Islands during the study period 

(Appendix S4: Figure S1). Grazer density and coral cover were negatively correlated; coral cover 

declined steadily until grazer density reached ~1,300 individuals ha-1, and stabilised at ~17% 

cover. Coral cover increased with increasing Kd490 up to a score of ~0.07, then stabilized at 
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around 22% coral cover. Of the less influential variables, coral cover increased with depth and 

increasing chlorophyll-a, while it declined with increasing cyclone exposure, exposure to primary 

(high-turbidity) water and farming damselfish density (Appendix S4: Figure S1).

At Magnetic Island, the strongest predictors of coral cover were depth, wave exposure and DHW 

(Figure 5, Appendix S3, Table S1). Coral cover increased with depth, with an apparent threshold 

at around 5m (Table 2), and wave exposure, with optimal coral cover at 5.71 m (R2 = 0.58) and a 

wave exposure index value of 0.14 (R2 = 0.12). Coral cover declined abruptly at 2.1 DHW, from 

~27% at 2 DHW to just under 20% at 4 DHW (Table 2). Less influential variables, including 

chlorophyll-a, cyclone exposure and SST mean, displayed positive relationships with coral cover, 

whilst coral cover declined with increasing grazer density (Appendix S4: Figure S2). Interestingly, 

coral cover increased with increasing density of farming damselfishes, with peak coral cover 

(28%) at just over 2,500 farming damselfishes ha-1 (Appendix S4: Figure S2).

In the Whitsunday Islands, the strongest predictors of coral cover were DHW, mean SST and 

wave exposure (Figure 5, Appendix S3, Table S1). There was a steady decline in coral cover with 

increasing DHW, and a threshold at around 4.8 DHW (Table 2), with a precipitous decline at 

higher DHW (R2 = 0.18). Coral cover increased with increasing SST, with the highest coral cover 

at 26.43°C, which was the highest mean SST value measured in the Whitsunday Islands during the 

study period. Wave exposure had a negative effect on coral cover. Although less influential, coral 

cover increased with depth and grazer density, rising steadily to ~40% cover at 1,900 grazers ha-1 

and then stabilising (Appendix S4: Figure S3). This pattern was similar to the Keppel Islands, but 

opposite to the Palm Islands and Magnetic Island. Cyclone exposure, SST anomaly and density of 

farming damselfishes were less influential, and had negative effects on coral cover (Appendix S4: 

Figure S3). 

On reefs at the Keppel Islands, the most influential predictors for coral cover were farming 

damselfish density, DHW, wave exposure and depth (Figure 5, Appendix S3, Table S1). Optimum 

(maximum) coral cover occurred at approximately 300 farming damselfishes ha-1 (R2 = 0.16) 

(Table 2, Appendix S3: Table S1). There was a gradual decline in coral cover with increasing 

density of farming damselfishes, with the lowest coral cover recorded at just over 7,000 fish ha-1. 

Increasing DHW had a negative effect on coral cover, with a steep decline at just over 0 DHW 

(Table 2), and stepwise declines at ~2 and ~4 DHW. Coral cover was low at the lowest wave 
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exposure sites, but increased rapidly to a maximum coral cover at a wave exposure index level of 

1.24. Depth had a positive effect on coral cover, with the highest cover recorded at 9.4 m 

(Appendix S4: Figure S4). The remaining less influential predictors are presented in Appendix S4: 

Figure S4.

Drivers of macroalgal cover

Macroalgal cover was highly variable among island groups and consistently lowest in the Palm 

Islands (Figure 6, Appendix S3, Table S2). The strongest predictors of macroalgal cover at the 

Palm Islands were chlorophyll-a, wave exposure, DHW, and NTMR status. Peak macroalgal cover 

occurred on fished reefs and at chlorophyll-a values of 0.32. In contrast to coral cover, which 

declined with increasing wave exposure in the Palm Islands, the highest macroalgal cover 

occurred at a high wave exposure index value of 0.24. There appeared to be a threshold at a wave 

exposure value of 0.14, where macroalgal cover increased dramatically. Also contrasting with 

coral cover, there was an increase in macroalgal cover with increasing DHW, with a threshold at 

2.5 DHW after which macroalgal cover increased rapidly (Table 2). Depth, cyclone exposure, 

exposure to primary (high-turbidity) water and density of farming damselfishes were all less 

influential, but had positive effects on macroalgal cover, whilst SST mean and SST anomaly had 

negative effects (Appendix S5: Figure S1).

At Magnetic Island, the strongest predictors of macroalgal cover were DHW, chlorophyll-a, depth 

and NTMR status (Figure 6, Appendix S3, Table S2). A threshold was detected at just above 2 and 

at 2.7 DHW, with the highest cover recorded at 4.62 DHW (R2 = 0.39). There appeared to be a 

threshold at chlorophyll-a values of between 2.5 and 3 mg l-1 – unlike in the Keppel Islands – with 

highest cover at 3.23 mg l-1. As with coral cover, macroalgal cover increased with depth, with the 

highest cover at 5.45 m depth (R2 = 0.39), and a potential threshold for significantly increased 

cover below 5 m (Table 2). This is the opposite pattern to the relationship between depth and 

macroalgae in the Keppel and Whitsunday Islands. The highest macroalgal cover was recorded on 

reefs within NTMRs that were established in 2004. Cyclone exposure, wave exposure, Kd490 and 

density of farming damselfish were less influential, but consistently had negative effects on 

macroalgal cover, whilst grazer density had positive effects (Appendix S5: Figure S2).

In the Whitsunday Islands, the most important predictors of macroalgal cover were mean SST, 

depth, wave exposure and NTMR status (Figure 6, Appendix S3, Table S2). There was an 
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exponential decline in macroalgal cover at just over 25°C (Table 2), and highest cover at 24.98 °C; 

this contrasted with coral cover. The highest macroalgal cover was at a depth of 4.6 m, and there 

was a steep decline before levelling out at ~6.5 m. Unlike coral cover, there was a slight increase 

in macroalgal cover with increasing wave exposure, and the highest cover was recorded on fished 

reefs. Although less influential, macroalgal cover increased slightly with increasing density of 

farming damselfishes, with the highest cover recorded at a farming damselfish density of 4,700 

fish ha-1 (Appendix S5: Figure S3). Grazer density had a negative effect on macroalgal cover, but 

only when cover was between 2% and 4% (Appendix S5: Figure S3).

In the Keppel Islands, the most influential predictors of macroalgal cover were wave exposure, 

NTMR status, density of farming damselfish, and exposure to primary (high-turbidity) water 

(Figure 6, Appendix S3, Table S2). There was significantly higher macroalgal cover in NTMRs 

established in 2004 than in those established in 1987 and on fished reefs. Almost all predictor 

variables had their most pronounced effects on NTMRs established in 2004. Highest macroalgal 

cover occurred at the lowest wave exposure values of 1 (Appendix S5: Figure S4). Peak 

macroalgal cover corresponded with a density of farming damselfishes of just over 9,400 fish ha-1 

(R2 = 0.2). This relationship was strongest in NTMRs established in 2004, with a threshold at 

around 5,400 fish ha-1 where macroalgal cover increased markedly with increasing farming 

damselfish density (Table 2); this was the opposite for coral cover. Exposure to primary (high-

turbidity) water had pronounced negative effects on macroalgal cover, with a steady decline in 

cover between 0 and 3 weeks of exposure (Appendix S5: Figure S4). DHW, although not among 

the most important drivers, appeared to have a positive effect on macroalgae, with sudden 

increases in cover at 7 DHW, and maximum macroalgal cover at 8.05 DHW (Appendix S5: Figure 

S4). As with density of farming damselfishes, this was the opposite pattern for coral cover. On 

NTMRs established in 2004, cover increased rapidly above 24.2 °C (Appendix S5: Figure S4). 

Less influential variables, chlorophyll-a, Kd490 and grazer density had a negative effect on 

macroalgal cover. Cyclone exposure and SST anomaly had positive effects on macroalgal cover 

(Appendix S5: Figure S4).

Discussion

During recent decades, inshore GBRMP fringing reefs have been subject to an escalating 

frequency of acute severe climatic disturbances superimposed upon underlying chronic stressors 
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from reduced water quality and human use (De’ath and Fabricius 2010, Williamson et al. 2014). 

These combined and cumulative pressures resulted in alarming overall declines in live hard coral 

cover of between 41% and 49.1% on surveyed reefs throughout the 12 – 18 year monitoring 

period. Declines in coral cover were accompanied by both transitory and persistent increases in 

macroalgal cover, and negative correlations between coral and macroalgal cover were apparent. 

Although key drivers of coral and macroalgal cover varied among island groups (independently of 

the relationship between coral and macroalgal cover), a combination of globally-driven DHW and 

local effects of wave exposure were important drivers of cover for both corals and macroalgae, in 

combination with other drivers that were unique to each island group. 

Drivers of coral and macroalgal cover on inshore reef communities of the GBR were not restricted 

to those associated with the multiple acute disturbance events that occurred during our sampling 

period, including floods, cyclones and thermal bleaching. Instead, coral cover was often driven by 

variables related to water temperature and wave exposure, while macroalgal cover was more 

strongly influenced by depth and water quality variables (Petus et al. 2016). Bruno and Valdivia 

(2016) state that global stressors overshadow local impacts to the point where local actions are 

meaningless, but our results and those of others (Brodie and Waterhouse 2012) suggest that efforts 

to improve local water quality on coastal reefs is likely to affect coral cover in at least some 

locations. Large-scale environmental drivers such as temperature (Hughes et al. 2017, Bruno et al. 

2019) and local-scale drivers such as water quality (Fabricius et al. 2005) and storms (Lam et al. 

2018) act synergistically with site-specific reef geomorphology, wave exposure and ecological 

community structure (Jouffray et al. 2019) to create a unique disturbance-and-recovery history that 

differs both among and within island groups.

Complex and nonlinear interactions between potential drivers of marine communities have been 

observed in other systems. For instance, seagrass richness in Western Australia was enhanced 

under a regime of intermediate probability of cyclone disturbance and the presence of dugong 

grazing, combined with higher sea-surface temperatures (McMahon et al. 2017). In the Hawai’ian 

Islands, drivers of coral reef condition included both physical and biotic factors (Jouffray et al. 

2015), and these generally varied, depending on the nature of the reef system and the density and 

activities of nearby human populations (Wedding et al. 2018), but not in all cases (Bruno and 

Valdivia 2016). Human population density may be a more important contributor on high-nutrient, 

high-sediment coastal reefs such as those studied here. Previously identified drivers that can play a 
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key role in structuring coral reef benthic communities, such as grazer density, were not as 

important as expected. Still others are less easily explained and are more likely covariates with 

coral and macroalgal cover, such as density of farming damselfishes and NTMR status. 

Unravelling the individual drivers and covariates can reveal the conditions and thresholds required 

for inshore coral reefs to persist, either with coral dominance, or despite high macroalgal cover.

Disturbance events and the coral-macroalgae relationship

Corals and macroalgae on the study reefs showed strong, but site-specific, responses to 

environmental disturbance events. The time-series of coral and macroalgal cover show that there 

was no period where coral or macroalgal cover declined or increased consistently across all study 

reefs. Despite experiencing relative declines in live hard coral cover of greater than 40%, reefs at 

the Palm and Whitsunday Islands retained coral dominance, and macroalgal cover remained low, 

throughout the monitoring period. In contrast, Magnetic Island and Keppel Islands reefs both 

experienced rapid and sustained increases in macroalgal cover following disturbance-driven 

declines in live hard coral cover. Several sites at Magnetic Island and at the Keppel Islands 

transitioned from coral dominance to macroalgal dominance throughout the monitoring period, 

and significant negative relationships between coral and macroalgal cover were apparent, 

especially once macroalgal cover exceeded 20%. Whether the observed increases in macroalgal 

cover are transitory or persistent in the long-term is currently unknown, but several previous 

studies have documented persistent benthic phase shifts on GBRMP reefs (Hatcher 1984, Done 

1992, Diaz-Pulido et al. 2009, Cheal et al. 2010, Williamson et al. 2014), despite intact, largely 

unfished populations of grazing fishes. 

To our knowledge, the recorded threshold of 20% macroalgal cover has not been previously 

reported; however, given the localised nature of persistent algal phase shifts found in this study, 

this figure may not be universally applicable. It is likely, however, that at very low cover, 

macroalgae are unlikely to replace corals as algal biomass can generally be kept in check by 

grazing fishes and invertebrates (Hoey and Bellwood 2011). We hypothesize that direct and 

indirect effects of macroalgae on corals, such as shading, abrasion, allelopathy and inhibition of 

recruitment, may reach the point where they create previously documented “feedback loops” 

(Johns et al. 2018), preventing the return of corals and maintaining macroalgal dominance, once 

macroalgal cover reaches and/or exceeds 20%. Ultimately, defining thresholds for coral-
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macroalgal relationships requires experimental testing, particularly if macroalgal reduction targets 

are to be applied in manipulative reef restoration programs. 

Fringing reefs at Magnetic Island (the only island where macroalgal cover was consistent among 

sites) support very low grazer abundances, but have sustained relatively balanced cover of both 

hard coral and seasonally prolific macroalgae (predominantly Sargassum spp.) since prior to the 

monitoring period examined here (Ayling 2005). In the Keppel Islands, several sites experienced a 

rapid increase in macroalgal cover (predominantly Lobophora variegata and Sargassum sp.), 

which persisted through the remainder of the monitoring period. The highly site-specific nature of 

this pattern means that when averaged across sites, the coral-macroalgal balance appears to have 

shifted back towards coral recovery in the most recent survey year (Williamson et al., unpublished 

data). Coral recovery has been almost non-existent at a number of individual sites in the Keppel 

Islands since 2006, resulting in what could be considered a localised persistent benthic phase shift 

from coral to macroalgal dominance (Williamson et al. 2014). It was evident that these phase-

shifted reefs were maintaining macroalgal dominance despite the recovery of coral communities at 

nearby sites and the close proximity of relatively healthy larval source reefs (Jones et al. 2007). 

Recent work by Schmitt et al. (2019) in Moorea also shows that benthic phase shifts can be highly 

localized, and persist despite the existence of high coral cover on nearby reefs.

Sea-surface temperature and degree heating weeks  

Degree heating weeks (DHW) was identified as an important predictor in almost all models, 

especially for coral cover, with a threshold of between 2.5 and 4.7 DHW for coral cover, 

depending on the island group. The relationship between DHW, coral bleaching and coral 

mortality varies spatially, as corals in different regions and at different latitudes have different 

thermal tolerances (Berkelmans 2002, Dixon et al. 2015), and temporally, as recent research 

reveals that some corals may develop higher thermal tolerance after recovering from bleaching 

(Hughes et al. 2018b). Lower temperatures also limit coral growth (Jouffray et al. 2015), as 

suggested by the positive relationship revealed in the present study between mean SST and coral 

cover in the southernmost Keppel Islands. Interestingly, macroalgal cover was positively 

influenced by DHW in the two northern island groups (Palm Islands and Magnetic Island). 

Increasing temperature is beneficial for algal biomass production, but escalating temperature 

anomalies may eventually be detrimental, especially for canopy-forming macroalgae such as 
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Sargassum spp. (Fulton et al. 2019). Our results suggest that this threshold for macroalgal cover 

has not yet been reached.

During the widespread and severe 2016 coral bleaching event, an exposure of 4 - 5 DHW 

correlated with a 50% probability of severe bleaching (affecting > 30% of corals) on mid and outer 

shelf reefs (Hughes et al. 2018b). Contrary to the previous assertion that corals on inshore 

GBRMP reefs may have higher temperature tolerance than those on offshore reefs (Berkelmans 

and Willis 1999, Berkelmans 2002, Morgan et al. 2017), our findings suggest lower DHW 

thresholds for corals on inshore reefs. This may be due to the interacting effects of turbidity and 

nutrient enrichment on these inshore reefs; whilst corals in highly turbid environments have been 

found to be more tolerant to temperature-related bleaching (Morgan et al. 2017), elevated 

concentrations of nutrients may also reduce the bleaching threshold (Wiedenmann et al. 2013). 

Here, reefs in the island groups with the poorest water quality conditions (Magnetic Island and the 

Keppel Islands) also had the lowest DHW thresholds.

Water quality, wave exposure, and depth

Contrary to expectations, water quality was not among the most important predictors of coral 

cover, but it did influence macroalgal cover in some island groups. This is probably because the 

influence of water quality on corals and macroalgae was strongly mediated by wave exposure and 

depth, which were highly variable among sites within island groups. At sheltered (usually west-

facing) sites, reduced water movement and back-reef eddies or gyres can exacerbate the 

concentration of nutrients and the deposition of suspended sediment onto corals, causing 

smothering and sublethal effects (Erftemeijer et al. 2012). Suspended sediment and the resulting 

turbidity have also been shown to have negative effects on reef fishes (Johansen and Jones 2013), 

including grazers (Goatley et al. 2016, Moustaka et al. 2018). 

In contrast to the findings of Lam et al. (2018), we found that routine wave exposure was 

positively correlated with coral cover, and was a more important driver of coral cover than cyclone 

exposure, which was a predictor of coral decline. Sites on the exposed (south- and east-facing) 

sides of the islands receive higher wave exposure and higher flushing with clearer offshore waters, 

carrying away sediment and reducing deposition onto corals. However, the trade-off is that during 

storms and cyclones, these exposed reefs bear the brunt of the physical damage from wind and 

waves. Our findings suggest that frequent flushing of sediment during recovery phases may be 
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more influential than acute storm damage on long-term trajectories of coral cover and overall reef 

condition. This appears consistent with patterns observed at Magnetic Island and in the Keppel 

Islands, where coral cover was positively influenced by wave exposure, and where acute 

disturbances have been more detrimental for sheltered reefs in the long term. Conversely, in the 

Palm Islands, exposure had a negative effect on coral cover and a positive effect on macroalgal 

cover, which is consistent with the devastating effects of Cyclone Yasi on the exposed sides of the 

island.

Water quality in the inshore waters of the GBRMP is strongly affected by agricultural land use, 

coastal development and port dredging (Brodie and Waterhouse 2012). It has been estimated that 

mean annual suspended sediment loads entering inshore GBRMP waters increased by 2.9 fold 

between 1850 and 2014 (McCulloch et al. 2003, Lewis et al. 2012, Brodie and Pearson 2016); 

mean annual total nitrogen load increased 1.8 fold, while annual total phosphorus load increased 

2.3 fold, and at least 17,000 kg year-1 of herbicides were discharged to the GBR over the period 

1850-2014 (Brodie and Pearson 2016). Furthermore, turbidity and sedimentation are periodically 

exacerbated by flood and high wind events that deliver additional sediment from land-based 

sources and resuspend fine sediments in coastal waters (Bainbridge et al. 2012). When compared 

to reefs further offshore, the dominant coral species on these reefs are adapted to high turbidity 

and nutrient loads, potentially enhancing their resistance to other stressors (MacNeil et al. 2019). 

Fluctuations in the more recent values of water quality parameters (Erftemeijer et al. 2012) 

suggest that shifts in coral assemblages towards those more resistant to changes in water quality or 

poor water quality generally have already occurred (Brown 1972, Roff et al. 2013). 

Depth was also repeatedly identified as an important driver of coral and macroalgal cover on 

inshore reefs. Coral reef communities are stratified by depth, especially in turbid environments 

where light attenuation occurs rapidly, even in depths of a few metres (Fabricius 2005). Therefore, 

it was not surprising that depth emerged as an important physical driver in this and other studies 

(Jouffray et al. 2015, Zinke et al. 2018). Coral communities can occur to depths greater than 60 m 

in clear waters, but tend to flourish only above 10 m, and in some cases 4 m, on highly turbid 

coastal reefs (Yentsch et al. 2002). In this study, Magnetic Island reefs, which are routinely 

exposed to very high turbidity (Flores et al. 2012), had the shallowest threshold for optimal coral 

cover at a depth of approximately 5 m, while the other three island groups had optimal coral cover 

at 8 – 9 m. Some caution must be applied, however, as there was considerable depth variability at 
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the site level within island groups; the mid-slope habitat was naturally deeper at some sites. 

Deeper sites tended to occur on the exposed sides of islands, in response to the sculpting forces of 

greater wave exposure. 

Farming damselfishes

Density of farming damselfishes was identified as an important predictor, for both coral and 

macroalgal cover, in the Keppel Islands. A positive association between farming damselfishes and 

macroalgae is typical (Hoey and Bellwood 2010), with the opposite for farming damselfishes and 

corals (Cabaitan et al. 2017). It is therefore not surprising that density of farming damselfishes was 

identified as a prominent “driver” in the Keppel Islands. However, we suggest that farming 

damselfish density may be correlated with coral and macroalgal cover, but not necessarily a driver. 

This is further complicated by the fact that most farming damselfishes cultivate turf, rather than 

fleshy macroalgae (Hata et al. 2002, Ceccarelli et al. 2005). However, the most abundant farming 

species on inshore GBRMP reefs, Pomacentrus wardi, has been shown to cultivate filamentous 

algae both on hard substrata, and as epiphytes on macroalgae such as Sargassum spp. and 

Lobophora spp. (Ceccarelli et al. 2005). High densities of farming damselfish are often presented 

as indicative of degraded coral reef states (Cabaitan et al. 2017). It is tempting to use the density of 

farming damselfish threshold found in this analysis as an “indicator”. However, the patterns 

observed on Magnetic Island reefs offer a cautionary tale. On Sargassum-dominated tracts of reef, 

the farming damselfish Stegastes apicalis actively inhibit the development of fleshy macroalgae, 

and areas with colonies of S. apicalis territories are oases of relatively high coral cover (Ceccarelli 

et al. 2011). They also aggressively exclude other grazers (Ceccarelli 2007), which may partly 

explain the unexpected relationship between grazers and coral cover (negative) and macroalgal 

cover (positive) on these reefs. 

Grazers

The effects of grazers on macroalgae were specific to each island group. This was likely related to 

the intrinsic variability in grazer density and species assemblage, and was less important than 

expected, considering the key role grazers are thought to play in space provision for corals 

(Hughes 1994). However, sediment accumulating on macroalgae deters grazers from feeding 

(Bellwood and Fulton 2008), and suspended sediment has been shown to be negatively correlated 

with grazer biomass (Moustaka et al. 2018). The four island groups surveyed in this study include 

two with very low grazer densities (460.5 +/- 50.4 SE and 320.9 +/- 40.4 SE individuals per 
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hectare on Keppel and Magnetic Island reefs respectively), and two island groups where grazer 

densities were more than twice as high (940.4 +/- 40.9 SE and 830.7 +/- 30.8 SE individuals per 

hectare on Palm and Whitsunday reefs, respectively). It is also important to remember that many 

fishes classified as grazers do not consume fleshy macroalgae (Clements et al. 2009, Loffler et al. 

2015). Of the species that do, very few were present on the reefs studied here.

Although the relationship between grazers, corals and macroalgae has been subject to abundant 

research, the present analysis provides an example of an unfished stock of grazers, and reveals a 

grazer density threshold with potential management applications. Interestingly, grazer density was 

an important predictor for coral cover only in the Palm Islands, and coral cover declined with 

increasing grazer density. Potentially, decreased coral cover in the Palm Islands has provided more 

space for appropriate food resources to enable an increase of grazer density. Jouffray et al. (2015) 

showed a negative relationship between grazers and macroalgae on reefs that were characterised 

by high macroalgal cover, with thresholds at around 5 and 2 g m-2 for grazers and browsers, 

respectively. Robinson et al. (2018) suggest a herbivore threshold of approximately 10 – 20 kg ha-

1 to prevent transitions to algal-dominated states. These studies have applied variable sampling 

methods and units, making direct comparisons difficult. Beyond this, it is highly likely that the 

relationship between grazers, macroalgae and corals is location-specific, and thresholds found in 

this study will be most useful for local management of inshore GBRMP reefs.

The grazer-coral-macroalgae relationship is, in any case, one that merits re-evaluation, especially 

given recent discoveries regarding parrotfish diets (e.g. Clements et al. 2017) and the equivocal 

relationships between parrotfishes and coral cover found in this and other studies (e.g. Russ et al. 

2015, MacNeil et al. 2019). Parrotfishes make up only a part of the grazer community (rabbitfishes 

and surgeonfishes may be more effective at removing macroalgae on these reefs), and they are not 

currently in danger of being overfished in the GBRMP. Although grazers were generally not 

among the important predictors, live hard coral cover was positively correlated with grazer density 

in the Keppel and Whitsunday Islands, but a negative correlation existed in the Palm Islands and at 

Magnetic Island. On this basis, half the study reefs agree with the “fish drive benthos” view of the 

trophic cascade-benthic phase-shift paradigm (Bruno et al. 2019), and half the reefs agree with the 

“benthos drives fish” view (Russ et al. 2015). Clearly, this is a paradigm that requires further 

investigation.
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Management Zoning

The value of NTMRs in restoring populations of target species, and in some cases community 

structure and biodiversity, is well-known (Babcock et al. 2010, Graham et al. 2011). On the GBR, 

NTMR have resulted in the recovery of coral trout (Plectropomus spp.) populations (Williamson 

et al. 2004, Williamson et al. 2014, Emslie et al. 2015), apparent negative effects on corallivorous 

starfish and coral trout prey (Graham et al. 2003, Sweatman 2008), lower incidence of coral 

disease (Lamb et al. 2016) and some improvement in reef biodiversity and reef resilience (Mellin 

et al. 2016). However, on the GBR, management zoning is unlikely to affect corals directly 

through protection against destructive fishing, which is prohibited on all GBRMP reefs. Similarly, 

indirect effects through the protection of grazers would then potentially reduce macroalgae, but 

this is unnecessary because grazers are only incidentally targeted by most recreational fishers on 

the GBR and subject to negligible harvest rates (Emslie et al. 2015, Bruno et al. 2019). Therefore, 

the relationship between NTMRs, coral and macroalgae on these inshore reefs is almost certainly a 

function of the spatial arrangement of NTMRs and the local biophysical conditions of those reefs 

(Williamson et al. 2014, Wenger et al. 2016). We found positive relationships between NTMR 

established in 2004 and coral cover in the Palm Islands, and macroalgal cover at Magnetic Island 

and in the Keppel Islands; fished zones had higher macroalgal cover in the Palm Islands and 

Whitsunday Islands. We believe that in these cases, zoning was less a driver than a covariate, and 

the relationship was caused by the placement of NTMRs relative to individual sites. For example, 

there are three sites in the Palm Islands NTMR 2004 zone; these are all in highly productive 

sheltered locations with highly complex three-dimensional structure and a history of escaping 

damage during environmental disturbance events. Higher coral cover is therefore to be expected at 

these sites.

New NTMRs were established in 2004, before there was sufficient knowledge of how cumulative 

disturbances would affect different areas of these inshore reefs (McCook et al. 2010). Fifteen years 

on, expanded data sets have revealed much about the spatial patterns of reef resilience, resistance, 

decline or phase shifts which could usefully inform any future revision of NTMR placement on 

GBRMP reefs. Protecting reef tracts that are known to be resistant or resilient in the face of large-

scale climate change impacts could benefit the broader GBR area through improved protection of 

coral refuges and the safeguarding of larval sources for the replenishment of degraded reefs 

(Williamson et al. 2014). Unfortunately however, local stressors are increasingly swamped by 
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increased frequency of broad-scale disturbances; the overriding importance of DHW shows that 

local management is likely to become less important than the urgent need for rapid global 

reduction of greenhouse gas emissions (Bruno and Valdivia 2016).

Conclusions

The quest to determine thresholds in a time of rapid environmental change is increasing, especially 

in response to management agencies seeking definite numbers to trigger actions. There is 

especially a concern with keeping change to a “safe” level, with suggestions such as: keeping 

fishable biomass within or above 500 – 250 kg ha−1 (McClanahan et al. 2011, MacNeil et al. 2015, 

Norström et al. 2016), herbivorous fish biomass at 10 – 20 kg ha-1 (Robinson et al. 2018), 

chlorophyll between 0.45 – 0.55 μg L−1 (Norström et al. 2016) and atmospheric carbon dioxide 

concentrations within or below 340 – 480 parts per million (ppm) and 480 – 750 ppm (Norström et 

al. 2016). Here, all examined drivers had thresholds, but none were distinctive enough to be 

useful. Thresholds were generally specific to each island group, and did not pertain equally to 

corals and macroalgae except for DHW, where there was a common threshold identified at 2.5 to 3 

weeks, above which coral cover declined and macroalgal cover increased abruptly at most 

locations. 

The ongoing long-term collection of monitoring data for coral reef communities, together with the 

development of more sophisticated analysis tools, is providing unprecedented insight into the 

relationships and drivers of key components of coral reef ecosystems. It is to be expected that 

different tools might yield different results, such as the difference between the major drivers of 

coral cover in this study (e.g. wave exposure, depth, DHW) and previous studies conducted on 

similar reefs (storms, water quality) (Lam et al. 2018, MacNeil et al. 2019). For coral reef 

managers, it will be most beneficial to use these results in combination, rather than in opposition, 

and to heed the caution that drivers and thresholds are location-specific, and therefore not to be 

universally applied (Table 2). Furthermore, coral cover and macroalgal cover are coarse measures 

of the changes in coral reef communities, and only inform our understanding of those changes to a 

certain point (Mellin et al. 2019). In the Anthropocene, management will need to become much 

more readily adaptive and conservative, as environmental conditions and ecological responses 

change in unexpected ways and at unprecedented rates.
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Tables

Table 1. PERMANOVA results of live hard coral and macroalgae cover throughout the 

monitoring period at the Palm, Magnetic, Whitsunday and Keppel island groups, GBRMP. Year 

was a fixed factor and site was a random factor nested within year. 

Year Site (Year)

Region Variable df MS F p df MS F p

Palm Coral 8,1008 2087.8 5.9 <0.001 243,1008 354.6 4.3 <0.001
Macroalgae 8,1008 7792.1 6.7 <0.001 243,1008 1158.9 6.7 <0.001

Magnetic Coral 3,128 768.3 9.6 <0.001 28,128 79.9 2.4 <0.001
Macroalgae 3,128 1910.1 4.7 0.009 28,128 406.3 2.5 0.002

Whitsunday Coral 9,1432 2400.7 13.8 <0.001 348,1432 174.1 4.7 <0.001
Macroalgae 9,1432 24211 11.6 <0.001 348,1432 2088.7 14.6 <0.001

Keppel Coral 7,640 3189 4.8 <0.001 152,640 664.1 8.2 <0.001
Macroalgae 7,640 42315 20.9 <0.001 152,640 2024.6 9.1 <0.001
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Table 2. Summarized list of predictor variables with clear threshold values (see units in brackets 

for each predictor variable) for live hard coral and macroalgae cover at the Palm, Magnetic, 

Whitsunday and Keppel Island groups, GBRMP. The threshold value indicates the start of an 

abrupt, rather than gradual, change in cover. For full threshold results, see Appendix S3, Table S3. 

Response variable Predictor variable Palm Magnetic Whitsunday Keppel

Coral cover Farmer density (per ha) 780 6200

Grazer density (per ha) 950

Exposure (index) 0.14 0.12 0.01

Depth (m) 8.1 4.9 3, 9

Degree heating weeks (weeks) 2.5 2.7 4.7 0.1

SST mean (°C) 26.4 24.4

Exp. to primary water (weeks) 0.5

Chlorophyll-a (mg l-1) 2.4

Cyclone exposure (index) 1.7 0.7

SST anomaly (index) 0.5

Macroalgal cover Farmer density (per ha) 3000 5400

Exposure (index) 0.14 0.12

Depth (m) 8 5 5.5 4

Degree heating weeks (weeks) 2.5 2, 2.7 6.5

SST mean (°C) 25 24.2

Exp. to primary water (weeks) 2.5 1.4

Chlorophyll-a (mg l-1) 0.3 2.8 1.5

Cyclone exposure (index) 3.5 1.8 1.1
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Figure Legends

Figure 1. Composite map of coral reef monitoring sites in the Palm (A), Magnetic (B), 

Whitsunday (C) and Keppel (D) Island groups. White dots indicate the approximate position of 

monitoring sites at each island group. Colour shaded areas represent the configuration of post-

2004 GBRMP management zones. Light blue, dark blue and yellow zones are open to recreational 

fishing. Green zones are no-take marine reserves (NTMRs). NTMRs that were established in 1987 

are bordered with black dashed lines. All other NTMRs were established in July 2004.

Figure 2. Principle coordinates analysis (PCO) plot of the first two axes showing the distribution 

of year-averaged sites relative to the percentage cover of dominant benthic variable categories at 

the Palm, Magnetic, Whitsunday and Keppel Island groups, GBRMP. PCO was run on the Bray-

Curtis dissimilarity matrix of the log (x +1) transformed data. SCI: Structural complexity index. 

Coral morph. diversity: Coral morphological diversity. 

Figure 3. Timeline of live hard coral and macroalgae cover (%) and major acute disturbance 

events throughout the monitoring period at the Palm, Magnetic, Whitsunday and Keppel Island 

groups, GBRMP. Points are annual averages across all sites. Asterisks indicate significant year-

by-year changes: no asterisk: p>0.05; *: p < 0.05; **: p < 0.01; ***: p < 0.001. Two tests were 

carried out over two-survey intervals: a comparison of coral cover between 2009 and 2013 in the 

Keppel Islands and a comparison of coral cover between 2012 and 2016 in the Palm Islands; these 

are indicated with asterisks over the midpoint between the two test years. Error bars are standard 

errors.

Figure 4. Beta (logit link) linear models showing the relationship percent live hard coral and log-

transformed macroalgae cover at the Palm, Magnetic, Whitsunday and Keppel Island groups, 

GBRMP. Points are average values for sites pooled across all survey years, and shaded areas are 

95% confidence intervals.

Figure 5. Relative importance plot for all predictors of live hard coral cover, and partial plots of 

significant predictors at the Palm, Magnetic, Whitsunday and Keppel Island groups, GBRMP. 

Predictors that performed best (i.e. they were disproportionately represented in trees) are 

highlighted in bold. Confidence bands represent 95% quantiles on bootstrapped estimates; note the 

differences in the y-axes of the partial plots. The dashed vertical line represents a reference point 

of relative influence that would be expected if all predictors were equally influential. Values above A
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this reference (black symbols), are therefore considered to exhibit a higher degree of influence 

than expected by change. Blue line and confidence bands: open to fishing; light green line and 

confidence bands: reefs closed to fishing in 2004; dark green line and confidence bands: reefs 

closed to fishing in 1987.

Figure 6. Relative importance plot for all predictors of macroalgae cover, and partial plots of 

significant predictors at the Palm, Magnetic, Whitsunday and Keppel Island groups, GBRMP. 

Predictors that performed best (i.e. they were disproportionately represented in trees) are 

highlighted in bold. Confidence bands represent 95% quantiles on bootstrapped estimates; note the 

differences in the y-axes of the partial plots. The dashed vertical line represents a reference point 

of relative influence that would be expected if all predictors were equally influential. Values above 

this reference (black symbols), are therefore considered to exhibit a higher degree of influence 

than expected by change. Blue line and confidence bands: open to fishing; light green line and 

confidence bands: reefs closed to fishing in 2004; dark green line and confidence bands: reefs 

closed to fishing in 1987. 
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