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ABSTRACT 

Dangerous levels of arsenic in groundwater are currently affecting millions of people 

around the globe. During the last few decades a shift from sourcing drinking water from 

surface water bodies to groundwater has occurred; a response due to a high rate of infant 

mortality exposed to microbial pathogens in surface water bodies. However, the arsenic 

problem poses a larger threat and its movement has become a challenge to understand as 

it is affected by a number of governing geochemical processes. Despite a significant 

amount of research in understanding these processes, findings have been fragmented and 

there has been very little effort to merge these findings into a fully coupled, quantitative 

framework that allows for a process-based assessment of the current and prediction of 

future arsenic behaviour. This study addresses some of the key knowledge gaps by 

refining the understanding of the mechanisms that underlie arsenic mobilisation, 

developing conceptual and numerical models to allow predictions of arsenic's movement. 

In the first part of this thesis, I focus on the development and testing of 

conceptual/numerical models using data from a well-controlled column experiment in 

which arsenic desorption from ferrihydrite coated sands by variable loads of organic 

carbon was investigated. The framework developed in this study was then applied to a 

field-scale numerical model employing data from a sucrose injection experiment in the 

Bengal Delta Plain. The results from these modelling studies suggests arsenic release is 

primarily controlled by a combination of reductive dissolution of ferrihydrite reducing 

the number of sorption sites, pH changes causing As partitioning between aqueous and 

sorbed phases, and partial arsenic redox transformations. The results for the attenuation 

mechanisms suggest that arsenic sorbs to available Fe-oxide sorption sites, however Fe-

oxide transformations play an integral part in As mobilisation as a significant fraction of 

the released As was rapidly scavenged through co-precipitation with neo-formed 

magnetite.  

The objective of the final part of the thesis was to develop and analyze a set of modelling 

scenarios to understand how more complex chemistry affects As migration and release in 

the presence of large scale aquifer heterogeneity.   

In each part of the thesis new insights were found and applied to the numerical models 

leading to an improved understanding on the mobility of arsenic.
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CHAPTER 1. Introduction  

1.1 Background and Motivation 

In the 1970’s Bangladesh as well as some of its neighbouring countries suffered from an 

extremely high infant mortality. In an attempt to improve this situation, a number of 

organisations, including the British Geological Survey and the United Nations 

International Children’s Emergency Fund (UNICEF), suggested to switch the source of 

drinking water from often pathogen contaminated surface water bodies to groundwater. 

In the following, millions of wells were installed, which resulted in a dramatic decrease 

of the infant mortality rate. However, in the 1990’s elevated dissolved arsenic 

concentrations were found in a large proportion of the wells that were by then used as a 

source of drinking water.  

 

 

  

Over the following years, it became evident that arsenic concentrations in groundwater 

exceeding the World Health Organization’s acceptable drinking water limit of 10 µg/l 

was adversely affecting the health of millions of humans. In the Bengal Basin alone it has 

been estimated that more than 40 million people were drinking water containing excessive 
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amounts of arsenic. Arsenic occurs naturally in sediments and arsenic-rich groundwater 

is often found in low-lying flood plain type environments. Chronic exposure of humans 

to high concentrations of arsenic in drinking water is associated with skin lesions, 

peripheral vascular disease, hypertension, black foot disease and a high risk of cancer 

(Mukherjee et al., 2007b). 

After significant research efforts that took place over the last two decades, it has become 

clear that in many of the most affected areas arsenic prevails as a surface complex on 

naturally abundant Fe(III) oxides (van Geen et al., 2004, Smedley and Kinniburgh, 2002, 

Islam et al., 2004, Harvey et al., 2002). The release of the sorbed arsenic from these Fe(III) 

oxides into the groundwater is now widely recognised as being the main arsenic 

mobilisation mechanism that is responsible for the widespread occurrence of groundwater 

arsenic contamination. The release is driven by labile organic carbon that originates from 

surficial land features such as wetland ponds or rice patties, recently deposited near 

surface sedimentary organic carbon, or from older deeply buried organic carbon (Stuckey 

et al., 2016a). This labile organic carbon can cause the reductive dissolution of Fe(III) 

oxides, while releasing sorbed arsenic to the groundwater (Postma et al., 2007, Nickson 

et al., 2000, Fendorf et al., 2010, Berg et al., 2008). Several studies (e.g., (Nickson et al., 

2000, Fendorf et al., 2010, Dowling et al., 2002, Berg et al., 2008) showed a high 

correlation between ferrous iron and arsenic in support of this hypothesis. However, there 

are also many studies where a correlation was lacking (Horneman et al., 2004). For 

example, results from a controlled laboratory batch study showed rapid increases in the 

Fe2+ concentrations upon the addition of acetate, whilst arsenic concentrations did not 

increase until 10 days later (Islam et al., 2004). This poor correlation identified in these 

and many other studies may be attributed to the occurrence of iron mineral 

transformations during which arsenic is captured via (re-)sorption or by co-precipitation. 

Studies have shown both magnetite and siderite to be effective at removing arsenic from 

solution via sorption (Jonsson and Sherman, 2008, Guo et al., 2007). Furthermore, x-ray 

absorption fine structure (EXAFS) spectroscopy was used to confirm that arsenic can co-

precipitate during magnetite precipitation (Wang et al., 2008). 

Despite the advances that have been made over the past two decades in deriving 

conceptual models of arsenic mobilisation, to date there have only been a limited number 

of numerical modelling studies that have attempted to merge these findings into a fully 

coupled, quantitative framework that allows for a process-based quantification of arsenic 

mobility in groundwaters (Rotiroti et al., 2015, Radloff et al., 2007, Postma et al., 2017, 
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Postma et al., 2007, Kocar et al., 2014, Wallis et al., 2011, Jung et al., 2012). Such models 

are, however, urgently needed (i) to support the in-depth analysis of data collected in the 

laboratory and in field studies from arsenic polluted sites and (ii) to allow quantitative 

predictions of the future fate of arsenic. 

Therefore this thesis was aimed at developing and evaluating process-based numerical 

modelling approaches that can quantify the detailed geochemical processes that lead to 

arsenic mobilisation/attenuation. The first part of the study used experimental data from 

a well-controlled column study (Tufano and Fendorf, 2008a). The modelling framework 

was then tested in the second study using data from a Bengal Delta study where sucrose 

was injected into an aquifer. The final study assessed and illustrated the importance of 

employing process-based modelling approaches to study the mobility of arsenic at larger 

spatial and temporal scales.  

 

1.2 Research Objectives 

The major objectives of this research was to develop conceptual and numerical models 

that allow to assess and predict the fate of arsenic over multiple length and time-scales.    

The specific objectives were as follows: 

i.To use existing data from well-controlled laboratory studies to guide the 

development of a process-based quantification framework for arsenic release and 

fate and to better under understand the controlling mechanisms. 

ii.To evaluate and adapt the laboratory-derived modelling framework to allow its 

application at the field-scale. 

iii.To document the impact of using a more process-based simulation framework on 

predicting the long-term fate of arsenic at the field-scale. 

 

1.3 Thesis Outline 

The research presented in this thesis investigates conceptual and numerical models, 

quantifying mechanisms that control arsenic mobility. The main research is presented in 

chapters 2 to 4. Chapters 2 and 3 represent independent manuscripts that were both 

published in Environment Science and Technology and therefore can be read as individual 

pieces of work. Chapter 4 is being prepared to be submitted to a peer-reviewed scientific 

journal. 
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The first study (Chapter 2) used data from a well-controlled laboratory column 

experiment (Tufano et al., 2008a) to develop and evaluate conceptual models. In the 

experiment four columns were loaded with ferrihydrite coated sand, pre-sorbed with 

arsenic, and were injected with various lactate concentrations. The chemical composition 

of the effluent was analysed periodically over a 90 day period.   The objective of the study 

was to develop and evaluate a range of numerical modelling approaches that can suitably 

quantify the role of the key geochemical processes associated with a subset of iron 

mineral transformations and their impact on arsenic mobility.  

The second study (Chapter 3) extended the work from chapter 2 by applying the findings 

from the laboratory-scaled study to a small-scale field site in West Bengal, India. In a 

previously published field study (Neidhardt et al., 2014) sucrose was injected into an 

arsenic contaminated and the response to this injection was analysed periodically. Starting 

with the model developed in the previous chapter the data were analysed and the reaction 

network was further adapted.  

The third study (Chapter 4) uses a previously developed 3-dimensional model for a deep 

aquifer in Bangladesh to illustrate the impact that the consideration of a process-based 

quantification of arsenic mobility has on predicting arsenic travel times towards deep 

drinking water extraction wells. The original 3-dimensional groundwater flow and 

(simple) reactive transport model used for this study was previously developed by 

Michael and Khan (2016) to illustrate the impact of heterogeneity on assessing the risk 

of extracting arsenic polluted water from deep wells. In their model, both physical and 

chemical heterogeneity were considered. Chemical heterogeneity was considered by 

considering the variability of the aquifer’s sorption properties (Radloff et al., 2011). 

While a simple linear sorption process was incorporated in the original work, no other 

reactive transport processes were included. In this thesis chapter the influence of an 

increased complexity of the considered geochemical reaction network was illustrated and 

compared to the previously obtained predictions. 

The last chapter (Chapter 5) summarises the research contributions from this thesis. 
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CHAPTER 2. Numerical modelling of arsenic mobility during 

reductive iron mineral transformation 

 
RAWSON, J., PROMMER, H., SIADE, A., CARR, J., BERG, M., DAVIS, J. A. & 
FENDORF, S.. Numerical Modelling of Arsenic Mobility during Reductive Iron-
Mineral Transformations. Environ Sci Technol., 2016, 50(5), pp 2459-2467. 

 

2.1 Abstract  

Millions of individuals worldwide are chronically exposed to hazardous concentrations 

of arsenic from contaminated drinking water. Despite massive efforts towards 

understanding the extent and underlying geochemical processes of the problem, 

numerical modelling and reliable predictions of future arsenic behaviour remain a 

significant challenge. One of the key knowledge gaps concerns a refined understanding 

of the mechanisms that underlie arsenic mobilization, particularly under the onset of 

anaerobic conditions, and the quantification of the factors that affect this process. In this 

study, we focus on the development and testing of appropriate conceptual/numerical 

model approaches to represent and quantify the reductive dissolution of iron oxides, the 

concomitant release of sorbed arsenic and the role of iron mineral transformations. The 

initial model development in this study was guided by data and hypothesized processes 

from a previously reported (Tufano and Fendorf, 2008a), well-controlled column 

experiment in which arsenic desorption from ferrihydrite coated sands by variable loads 

of organic carbon was investigated. Using the measured data as constraints, we provide 

a quantitative interpretation of the processes controlling arsenic mobility during 

microbial reductive transformation of iron oxides. Our analysis suggests that the 

observed arsenic behaviour is primarily controlled by a combination of reductive 

dissolution of ferrihydrite, arsenic incorporation into freshly transformed iron minerals 

and partial arsenic redox transformations.  
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Figure 2.1: Conceptual model of arsenic being released from ferrihydrite via reductive 

dissolution and partially resorbing and incorporating onto and into the newly precipitated 

iron mineral magnetite. 
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2.2 Introduction 

Millions of humans worldwide are exposed to the consumption of groundwater 

contaminated with arsenic concentrations that exceed the World Health Organization’s 

acceptable drinking water limit of 10 µg/l. Chronic exposure of humans to high 

concentrations of arsenic in drinking water is associated with skin lesions, peripheral 

vascular disease, hypertension, black foot disease and a high risk of cancer (Mukherjee 

et al., 2007b). Under oxidizing aquifer conditions, at circum-neutral pH, arsenic 

generally does not pose a significant threat to groundwater resources as it strongly sorbs 

onto iron oxide minerals such as ferrihydrite (Smedley and Kinniburgh, 2002). 

However, the intrusion of reactive organic carbon from sources such as buried 

sediments, constructed ponds, recent degradation of plants, and latrines (McArthur et 

al., 2004, Smedley and Kinniburgh, 2002, Fendorf et al., 2010) has in the meantime 

been identified as triggers for microbially mediated reductive dissolution of these iron 

phases, accompanied by the release of ferrous iron and trace elements such as arsenic. 

The latter occurs on one hand, due to the loss of the sorption capacity associated with 

the dissolution of the iron oxides (Postma et al., 2007, Berg et al., 2008, Biswas et al., 

2012, Fendorf et al., 2010, Nickson et al., 2000, Polizzotto et al., 2008, Smedley and 

Kinniburgh, 2002), and additionally, although to a lesser extent, due to competitive 

desorption by the bicarbonate generated during oxidation of organic carbon (Anawar et 

al., 2004, Appelo et al., 2002, Gao et al., 2011, Smedley and Kinniburgh, 2002). Among 

a range of conceptual models, arsenic release triggered by reductive dissolution has 

evolved as the most widely accepted cause for the widespread presence of arsenic in 

S/SE Asia groundwater, even though locally other mechanisms may also be responsible. 

Additionally, associated with the redox transformations induced by labile organic 

carbon, arsenate transforms to arsenite, which has in many instances been reported to 

sorb less strongly to iron oxides compared to arsenate (Fendorf et al., 2010, Smedley 

and Kinniburgh, 2002, Stollenwerk et al., 2007, Tufano et al., 2008, Nguyen Thi Hoa 

Mai, 2014) and thus appears to explain the often observed increased arsenic mobility in 

reducing environments. However in these studies, the sorbed arsenic concentrations 

were unrealistically high compared to natural environments, and in one of these studies, 

the lowest of three sorbed arsenic concentrations showed the reverse, with 

approximately 30% more arsenate sorbed than arsenite at pH 7 (Dixit and Hering, 

2003), highlighting the possible variations in the observed behaviour. 
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Further complexities in terms of understanding arsenic mobility arise where elevated 

concentrations of dissolved ferrous iron promote a range of important iron mineral 

transformations towards more reduced and/or more stable iron phases. A number of recent 

studies (Neidhardt et al., 2014, Tufano and Fendorf, 2008a, Hansel et al., 2003, Jonsson 

and Sherman, 2008) suggest that understanding how newly formed iron minerals provide 

new sorption sites, with varying sorption capacities (Dixit and Hering, 2003), that 

facilitate the attenuation of arsenic, is a key issue for understanding arsenic mobility. 

Furthermore, the possibility of the transformation reaction to incorporate arsenic into the 

iron mineral structure may also contribute to arsenic attenuation (Herbel and Fendorf, 

2006, Kocar et al., 2006). Experiments concerning the dissimilatory iron reduction of the 

common iron oxide, ferrihydrite, have shown transformations to goethite and 

lepidocrocite at low ferrous iron concentrations, and also to magnetite, at high ferrous 

iron concentrations (Yang et al., 2010, Hansel et al., 2003, Tufano et al., 2009, Benner et 

al., 2002). A limited number of studies have successfully quantified iron oxide 

transformations in numerical models (Hansel et al., 2003, Tufano et al., 2009, Prommer 

et al., 1999). However, despite the apparent significance of these processes for controlling 

concentrations and mass fluxes of arsenic under both natural conditions and in 

environments requiring remediation, they have yet to be considered in the development, 

testing and application of numerical modelling frameworks for such systems.    

Therefore, this study was aimed at developing and evaluating a range of numerical 

modelling approaches that can suitably quantify the role of the key geochemical processes 

associated with a subset of iron mineral transformations and their impact on arsenic 

mobility. Our initial model development was guided by experimental data and 

hypothesized processes that were derived from well-controlled column studies in which 

arsenic mobilization from ferrihydrite-coated sands, by variable loads of lactate, was 

studied (Tufano and Fendorf, 2008a).  Subsequently, a series of alternative conceptual 

models were investigated. Those alternative models explore the impact of arsenic 

incorporation into the magnetite structure and the (partial) oxidation of arsenite (Herbel 

and Fendorf, 2006, Kocar et al., 2006). For each model variant, model parameters were 

estimated through a calibration procedure using Particle Swarm Optimization (PSO) 

(Coello et al., 2004, Eberhart, 1995, Kennedy, 2001).  
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2.3 Materials and Methods 

 

2.3.1 Data Set Description 

The model development was guided by a comprehensive data set collected during the 

laboratory column study of Tufano and Fendorf (2008a). In their study, arsenic 

mobilization was investigated under both abiotic and microbially induced iron-reducing 

conditions. Four columns were packed with ferrihydrite coated quartz sand (iron content 

83 mmol kg-1) loaded with arsenite in an anaerobic chamber (initial loading concentration 

of 4.48 mmol kg-1) and inoculated with an iron reducing bacteria, Shewananella 

putrefacians strain CN-32.  The effective porosity of the column filled with ferrihydrite-

coated sands was determined to be 0.48. An artificial groundwater solution was pumped 

from the bottom up through each of the four columns at a rate of 6.8 µL min-1, 

corresponding to ~3 pore volumes per day. Three of the four column influent solutions 

contained lactate at concentrations of 7.7 mM, 0.8 mM, and 0.08 mM, respectively. A 

buffer (PIPES) was used to maintain a pH of 7.1. Water samples were analyzed 

periodically over a 90 day period for effluent concentrations. In addition to the columns 

that were analyzed for aqueous concentrations, triplicate columns were run 

simultaneously and sacrificed after 11, 52, and 90 days respectively to analyze the iron 

mineralogy. The setup and results of the column study were provided and discussed in 

full detail by Tufano and Fendorf (2008a). Following on from this earlier work the present 

study focuses on the development of a suitable reactive transport modelling approach and 

its use for an in-depth data interpretation. 

 

2.3.2 Modelling approach and tools 

In the first step, the geochemical model PHREEQC-2 (Parkhurst et al., 1999) was used 

to model and reconstruct the initial water, sediment and surface concentrations that 

prevailed within the columns at the start of the column experiments. In parallel, a simple 

1D flow model representing the column setup was constructed with the USGS model 

MODFLOW (Harbaugh and Geological Survey (U.S.), 2000). The flow model and the 

simulated initial concentrations formed the basis for the subsequent transport simulations 

with the reactive multi-component transport code PHT3D (Prommer et al., 2003), which 

couples the transport simulator MT3DMS (Zheng, 1999), and PHREEQC-2. A PSO code 

was written within the PEST++ YAMR run manager, and linked with PHT3D, in order 

to estimate adjustable model parameters. The sum of squared residuals between measured 
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and modelled concentrations was minimized for each investigated model variant, subject 

to the constraint that model parameters agree with their corresponding values published 

in the literature as closely as possible. The PSO calibration procedure was also used to 

address posterior parameter uncertainty for the chosen conceptual model (see Supporting 

Information, Appendix A.1).  

 

2.3.3 Conceptual model of biogeochemical processes and reaction network 

implementation  

The reactive processes within the columns leading to arsenic release/attenuation were 

developed with a focus on the five key processes (i) arsenic desorption by chemical 

disequilibrium during pore water replacement, (ii) sorption of arsenic on (freshly) 

transformed iron phases, (iii) arsenic release during reductive dissolution of iron (iv), 

partial oxidation of arsenite to arsenate, and, (v) arsenite capture into the structure of 

magnetite. 

Four main conceptual models (S1-S4) were identified and further refined and investigated 

through varying the contributions of specific processes. They were translated into 

numerical models by formulating a mix of equilibrium (iv) and kinetically (i,ii,iii,and v) 

controlled reactions. These four main conceptual models, reported variants and the 

corresponding numerical model implementations are listed in Table 2.1. 

 

2.3.4 Modelling of initial experimental conditions 

Using PHREEQC-2 in batch mode phosphate and arsenic were sequentially pre-sorbed 

onto the ferrihydrite coated sand.  Arsenite and arsenate were decoupled from the overall 

redox equilibrium and redox transformations were assumed to be kinetically controlled 

(see also Wallis et al. (2010)). To simulate sorption to mineral surfaces an electric double 

layer surface complexation model in accordance with Dzombak and Morel (1990) was 

employed. However, whilst keeping the Dzombak and Morel (1990) database unchanged, 

the surface site densities of ferrihydrite (weak and strong site) were iteratively adjusted 

to eventually attain the measured 0.84 µmol kg-1 and 4.48 mmol kg-1 of phosphate and 

arsenic surface loadings, respectively, while the ratio between weak and strong sites was 

kept constant. Phosphate was considered in the surface complexation simulations due to 

its known, strong affinity for sorption and the potential for competition with both arsenite 

and arsenate (Liu et al., 2001, Zhao and Stanforth, 2001). The modeled initial water 
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chemistry that was derived through this procedure was utilized to define the initial 

conditions (see Table A1, Appendix A) for the reactive transport model simulations. 

 

Table 2.1: Overview of the most important model variants employed to test arsenic mobilisation and 

attenuation in a column study (Tufano and Fendorf, 2008a). All simulation include arsenic 

desorption by chemical disequilibrium during pore water replacement, arsenic release during 

reductive dissolution of iron, and adsorption of arsenic onto magnetite. 

Model variant Considered arsenic attenuation processes 

S1 As(III) sorption to ferrihydrite and magnetite. No As redox transformations.  

S2 S1 + As(III) incorporation into the magnetite structure. No As redox transformations. 

S3 S1 + (partial) As(III) oxidation.  

S4a S1, S2, S3 + As(III) oxidation set at 25%. 

S4b S1, S2, S3 + As(III) oxidation set at 10%. 

 

2.3.5 Reductive dissolution of iron 

In all investigated numerical model variants, the key reaction in the biotic experimental 

columns was the oxidation of lactate (electron donor) coupled to the reduction of 

ferrihydrite (electron acceptor): 

C3H5O3
- + 4Fe(OH)3 + 7H+  → C2H3O2

-  + HCO3
-  + 4Fe2+ + 10H2O        (2.1)   

To account for the kinetic control of the reaction the lactate degradation rate 𝑅 is 

described by a standard Monod-type rate expression: 

         𝑅 = 𝛼
[𝐹𝑒(𝑂𝐻) ]

𝑘 +  [𝐹𝑒(𝑂𝐻) ]

𝐶

𝑘 +  𝐶
                                         (2.2) 

where 𝛼 is a rate constant, [𝐹𝑒(𝑂𝐻) ] and 𝐶  are the concentrations of ferrihydrite and 

lactate, and kferri and klac are the half saturation constants for ferrihydrite and lactate, 

respectively. 

 

2.3.6 Iron mineral transformations 

Within the columns, EXAFS spectroscopy demonstrated that during the experiments a 

partial transformation of ferrihydrite to magnetite occurred. This was attributed to the 
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reductive dissolution of ferrihydrite, which produces ferrous iron. Based on the findings 

of Hansel et al. (2003, 2005) and Tufano et al. (2009) it was assumed that when dissolved 

ferrous iron occurs in excess of 2×10-4 mol L-1 it starts to catalyze the re-crystallization 

of Fe(II) to magnetite via a solid state conversion of the surface of ferrihydrite. The 

originally proposed rate expression for magnetite precipitation of Tufano et al. (2009) 

was modified and a term was added that allows to consider the limitation of available 

surface sites (Hansel, 2004). 

𝑅  =  −𝑘 𝑚𝑎𝑥 0, 1 −
𝐾 ( )

𝐼𝐴𝑃

[𝐹𝑒 ]

𝐾 _
( )

+ [𝐹𝑒 ]
 0,

[𝐹𝑒(𝑂𝐻) ] − 𝐶 )

[𝐹𝑒(𝑂𝐻) ]
     (2.3) 

 

where 𝑘  is the effective rate coefficient, determined through model calibration, 

𝐼𝐴𝑃  is the ion activity product of the aqueous solution, 𝐾 ( ) is the solubility 

product for magnetite, 𝐾 _
( ) is a threshold term describing the aqueous 

concentration of [𝐹𝑒 ], which requires an exponential term (𝑥) set at 3, [Fe(OH)3] is the 

concentration of ferrihydrite and  𝐶  is the ferrihydrite concentration at which magnetite 

precipitation effectively stalls. 

 

2.3.7 Arsenite incorporation into the magnetite structure 

The possibility of arsenite incorporation into the magnetite structure was considered in 

model variants S2 and S4 since a number of studies have observed decreasing aqueous 

arsenic concentrations while Fe mineral transformations occurred (Herbel and Fendorf, 

2006, Kocar and Fendorf, 2009). Furthermore, Wang et al. (2008) analysed the interaction 

of As(III) with magnetite during its precipitation at differing As/Fe ratios. They 

characterized the samples using XAFS spectroscopy to identify whether the uptake was 

via adsorption or precipitation; at lower ratios the uptake of As(III) was predominately a 

result of sorption, while at higher ratios (As/Fe 0.333) precipitation became increasingly 

dominant. The stoichiometry of the (substitution) reaction was assumed to be:  

Fe3O4As2O3 + 8H+ → Fe2+ + 2Fe3+ + 2H3AsO3 + H2O                               (2.4) 

The rate of the reaction was directly connected to the magnetite formation rate described 

by Eqn. (2.3), while varying its relative importance, i.e., different molar ratios of As:Fe 

between a lower limit of 1:100 and an upper limit of 1:0.6 were tested and evaluated.  
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2.3.8 Arsenic surface complexation reactions 

Sorption of arsenic was assumed to occur in all model variants (S1-S4) as (i) surface 

complexation reactions with ferrihydrite and (ii) in addition as surface complexation 

reactions with the newly formed magnetite. An electrostatic double layer model based on 

Dzombak and Morel’s (1990) surface complexation reactions for arsenite, arsenate, and 

phosphate sorption onto ferrihydrite were used in the simulations. The model was 

extended to utilize Dixit and Hering’s (2003) arsenite sorption reactions onto magnetite 

and associated surface site densities. Note, that while various sorption site densities of 

ferrihydrite and magnetite were tested, the total number of sorption sites was 

stoichiometrically linked with the temporally varying mineral concentrations. Other 

sorption reactions incorporated were ferrous iron, phosphate (Ball and Geological Survey 

(U.S.), 1991), and carbonate (Appelo et al., 2002), which introduced competitive sorption 

between arsenic and other ions for a finite number of sorption sites. The stoichiometry’s 

of the considered surface complexation reactions are listed in Table 2.2.   

 

2.3.9 Arsenite oxidation 

To investigate a range of different potential explanations for the observed As behaviour, 

a subset of the simulations (S3 and S4) incorporated the previously not considered 

possibility that some arsenite/arsenate redox transformations have occurred. Initially, we 

tested the possibility that the arsenite that was added during the preparation of the 

columns was oxidized to arsenate at varying degrees shortly after sorbing on the 

ferrihydrite-coated sands. While the prerequisites for such an oxidation to occur were 

considered to be reasonably unlikely, a partial, photo-induced (Bhandari et al., 2011) 

oxidation or an oxidation via intermediate Fe(III) phases was reported elsewhere 

(Amstaetter et al., 2010) for a Fe(III)-goethite system. 

 

2.3.10 Arsenate reduction 

While arsenite and arsenate were decoupled from the overall redox equilibrium, 

kinetically controlled arsenate reduction to arsenite was still assumed to occur in the three 

lactate-amended columns, except for model variants S1 and S2, which assumed that As 

persisted as arsenite throughout the entire experiment. The rate expression describing this 

reaction was dependent on both arsenate and lactate concentrations using a standard 

Monod-type expression:  
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         𝑅 ( ) = 𝛼
𝐶  ( )

𝑘  ( ) +  𝐶  ( )

𝐶

𝑘 +  𝐶
                                       (2.5) 

 

where 𝛼 is a rate constant, 𝐶  ( ) and 𝐶  are the concentrations of arsenite and 

lactate, and 𝑘  ( ) and klac are the half saturation constants for arsenite and lactate, 

respectively. 

 

2.3.11 Model development and calibration strategy  

The model development started with the numerical implementation of the initial 

conceptual hydrochemical model of Tufano and Fendorf (2008a) (S1). A manual trial-

and-error calibration procedure was employed in order to provide a suitable set of initial 

parameter estimates for the subsequent automatic calibration. This approach was repeated 

for the revised conceptual models in which initial arsenite oxidation (S3, S4) and arsenic 

incorporation into magnetite (S2 and S4) was considered. The model parameters 

associated with each variant of the numerical implementation were then estimated by 

minimizing the sum of squared residuals between model-simulated and experimentally 

measured results. The Gauss-Levenberg-Marquardt method was initially attempted, to 

further refine the model parameters (Levenberg, 1944, Doherty, 2010, Marquardt, 1963). 

However, due to the severe nonlinearity of the inverse problem in this study, convergence 

was difficult to achieve with this algorithm. Therefore, the heuristic PSO method was 

implemented, which is known for its relatively high convergence rates (especially for 

Pareto analyses), and its effectiveness at avoiding local minima (Coello et al., 2004), 

which is a significant issue for severely nonlinear optimization problems. The parameters 

to be estimated included a number of kinetic reaction rate constants, arsenic surface 

complexation constants, and surface site densities associated with specific iron minerals 

(Table 2.2). These parameters were largely interdependent of each other. Furthermore, 

calibration was constrained to produce an arsenic surface loading of 4.25 × 10-5 M, 

corresponding to the value measured by Tufano and Fendorf (2008a) as well as by pre-

defined degrees of initial arsenite oxidation (model variants S4a and S4b). Prior 

information, obtained from literature and expert knowledge, was used to define the upper 

and lower bounds of each parameter, and subsequently to obtain an approximately 

Bayesian estimate of the parameters. 
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Table 2.2: Model parameters estimated by PEST/PSO.  
 

Model Variant 
  

Parameter S1 S2 S3 S4a S4b Lower 

bound 

Upper 

bound 

Initial concentration of aqueous As(III) 1.3E-05 1.3E-05 1.6E-06 3.2E-06 3.45E-06 1.00E-06 1.00E-05 

Initial concentration of aqueous As(V) 0 0 1.5E-05 1.1E-05 1.13E-05 0.00E+00 5.00E-05 

Sorption site density of weak sites (ferrihydrite) 0.1 0.1 0.12 0.135 0.10 0.05c 0.31a 

Sorption site density of weak sites (ferrihydrite) PHT3D 

adjusted 

0.055 0.055 0.066 0.074 0.057 0.028c 0.17a 

Sorption site density of strong sites (ferrihydrite) 0.0025 0.0025 0.005 0.0026 0.005 N/A N/A 

Sorption site density of weak sites (magnetite) 3.1 0.021 0.027 0.021 0.03 0.01a 0.04a 

Sorption site density of weak sites (magnetite) PHT3D 

adjusted 

1.71 0.0116 0.0149 0.0116 0.015 0.0055 0.022 

Sorption site density of strong sites (magnetite) 0.008 0.0005 0.0007 0.00052 0.00068 N/A N/A 

Arsenate and Arsenite Surface Complexation Constants for Ferrihydrite 

Hfo_wOH+ H3AsO3 = Hfo_wH2AsO3
+  5.91 5.56 5.6 5.58 5.51 4.02a 5.56b 

Hfo_wOH+AsO4
-3+3H+= Hfo_wH2AsO4 + H2O NA NA 29.31 30 30.5 24.18b 34.44b 

Hfo_wOH+AsO4
-3+2H+ = Hfo_wHAsO4

- + H2O NA NA 23.9      23    23.18 23.18b 24.43a 

Hfo_wOH+AsO4
-3=Hfo_wAsO4

-2 NA NA 8.5 6.95 5.28 4.69a 11.48b 

Arsenate and Arsenite Surface Complexation Constants for Magnetite 

Mag_wOH+ AsO3 = Mag_wH2AsO3 + H2O 5.61 5.61 5.6 5.23 6 0a 7.67a 

Mag_wOH+AsO4
-3+3H+= Mag_wH2AsO4 + H2O NA NA 29.31 31.8 29.2 20 40 

Mag_wOH+AsO4
-3+2H+ = Mag_wHAsO4

- + H2O NA NA 29.31 26 23.18 19 29 

Mag_wOH+AsO4
-3=Mag_wOHAsO4

-3 NA NA 8.5 10.2 5.65 5 13 

Kinetic Reaction Rate Constants 

As(V) transformation to As(III) NA NA 9.8E-09 4.70E-09 6.0E-09 3.0E-09 6.00E-09 

Magnetite precipitation 5.00E-06 8.0E-04 2.5E-04 6.4E-05 5.1E-05 5.0E-05 5.00E-03 
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2.4 Results and Discussion 

 

2.4.1 Reductive dissolution of ferrihydrite and fate of ferrous iron under varying 

lactate loads  

For all investigated conceptual models, simulations reproduced the temporal 

concentration changes of iron that were induced by the amendment and transformation of 

varying lactate concentrations in conjunction with the reductive dissolution of 

ferrihydrite. Figure 2.2 shows selected, representative results for variant S4b. Similar 

results were, however, obtained for all other discussed model variants. In the three 

columns in which lactate was added, dissolved ferrous iron concentrations increased 

significantly until day 20 of the column operation. Larger and faster increases were 

associated with the addition of 7.7 mM and 0.8 mM compared to the addition of 0.08 mM 

while virtually no difference was found between the addition of 7.7 mM and 0.8 mM 

lactate. The model replicated these observations closely once a suitable value for the half-

saturation constant in the Monod term for lactate (Eqn. 2.2) was selected. 

The model results for all presented scenarios are also consistent with the interpretation 

that the time lag in the breakthrough of ferrous iron at the column effluent is due to 

retarded transport of the ferrous iron that is freshly released during ferrihydrite 

dissolution. Breakthrough of the ferrous iron in the column effluent initially occurred only 

at low concentrations due to immediate re-sorption on ferrihydrite. However, once a new 

sorption equilibrium corresponding to the higher aqueous ferrous iron concentrations was 

attained throughout the column, i.e., newly released ferrous iron was no longer sorbed, a 

C_m (Eqn. 2.3) 0.21 0.229 0.22 0.217 0.21 0.20 0.25 

As inc. into magnetite (As:Fe molar ratio) NA 0.9 NA 0.34 0.35 5.0E-02 1.0E+00 

As:Fe molar ratio from above NA 1:1.7 NA 1:4.5 1:3.1 N/A N/A 

Ferrihydrite dissolution 1.10E-08 1.10E-08 1.10E-08 1.07E-08 1.01E-08 1.00E+09 5.00E-08 

Hfo_wOH and Mag_wOH represent weak sorption onto ferrihydrite and magnetite respectively. Identical surface complexation constants were 

used for strong sorption sites onto ferrihydrite and magnetite. Concentration units mol.L-1. Surface complexation constants are log K’s. All other 

constants are unitless. aReference (Dixit and Hering, 2003). bReference (Dzombak and Morel, 1990). cReference (Pierce and Moore, 1982). 
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substantially higher breakthrough concentration was observed. This is illustrated in 

Figure 2.3, which shows simulated concentration profiles for model variant S4b for the 

7.7mM lactate amendment cases at various times after the start of the experiment. Sorbed 

ferrous iron reached saturation at day 11, whilst in the case of 0.08mM lactate amendment 

a similar level of saturation was only reached after 19 days (see Figure A1, Appendix A). 

Following the initial breakthrough of dissolved ferrous iron in the column effluent, the 

concentrations peaked quickly before decreasing successively (Figure 2.2). The decrease 

was more pronounced in the case of 7.7mM and 0.8mM than the 0.08 mM lactate 

amendment. The observed decreases can be replicated by the numerical model as a result 

of the successively lower rate of ferrihydrite dissolution within the column, which causes 

a slowing release of ferrous iron. This decrease is not outweighed by the simultaneous 

decrease in available sorption sites, which induces the release of ferrous iron.  

 

 

Figure 2.2: Simulation (S4b) and experimental results for arsenic and ferrous iron for four 

columns amended with varying lactate concentrations. Symbols represent observed 

concentrations for the abiotic (red triangle), 7.7mM (blue circle), 0.8mM (inverted black 

triangle), and 0.08mM (green square) column experiments from Tufano and Fendorf 

(2008a) respectively. Solid lines represent the calibrated model.  
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Figure 2.3: S4b simulated column profiles for 7.7mM lactate amended column for (flow 

from left to right). Row 1: Aqueous ferrous iron concentrations. Row 2 and 3 are major 

sorbed ions onto ferrihydrite and magnetite respectively; green is hydroxyl group, red is 

total arsenic, and blue is ferrous iron. Row 4: Arsenic incorporated into transforming 

magnetite. 

 

2.4.2 Iron mineral transformations 

The Fe-EXAFS results for the three lactate amended columns, as discussed in Tufano and 

Fendorf (2008a) showed that specifically in the early phase of the experiment (before day 

11) ferrihydrite was partially transformed to magnetite (Figure 2.4) while, on the other 

hand, no magnetite was found in the abiotic column. No other iron minerals were 

identified by EXAFS spectroscopy, i.e., no goethite or lepidocrocite formed prior to 

magnetite. This may be due to the oxyanions (arsenite and phosphate) poisoning the 

transformation (Borch et al., 2007, Paige et al., 1997). The observations are in line with 

previous studies (Benner et al., 2002, Hansel et al., 2005) which have shown that in 

chloride-dominated systems, at neutral pH, with high ferrous iron concentrations 

magnetite is the primary transformation product of ferrihydrite. As shown in Figure 2.4, 
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our calibrated model was able to closely replicate those observations. In the lactate 

amended columns the highest iron transformation rates occurred in the early phase of the 

experiments once ferrous iron that was produced during reductive dissolution of 

ferrihydrite started to successively increase and exceed the set threshold concentration of 

2×10-4 mol L-1 of Fe2+. After an initial rapid increase of the magnetite formation rate, 

peaking after 5-6 days in the 7.7mM/0.8mM lactate columns, to 7-8 days in the 0.08 mM 

lactate column, the iron transformation rates decrease quickly, before stalling 7 to 12 days 

after the start of the experiments (see Figure 2.4). In the model, which closely replicated 

the fractions measured by Tufano and Fendorf (2008a), this occurred when about 10% of 

the originally present ferrihydrite was consumed or transformed and the available 

sorption sites for magnetite formation had decreased accordingly. As magnetite consists 

of Fe(II) in octahedral sites and Fe(III) in both tetrahedral and octahedral coordination, 

the presence of tetrahedral Fe(III) at the ferrihydrite surface controls the formation of 

magnetite (Hansel, 2004). Thus surface passivation may limit magnetite formation once 

tetrahedral Fe(III) surface sites have been exhausted (Benner et al., 2002). Zachara et al. 

(2002) also discussed that high bicarbonate concentrations may impede conversion of 

ferrihydrite to magnetite by minimizing site accessibility through bicarbonate sorption. 

In the column study, bicarbonate concentrations were not particularly high. However, the 

elevated concentrations of sorbed arsenic on the sites provided by ferrihydrite may have 

a similar effect on minimizing site accessibility and thus play a role on limiting the 

formation of magnetite (Roden and Zachara, 1996).  

Compared to the rate expression proposed by Tufano et al. (2009), a more process-based 

formulation for magnetite formation (Eqn 2.3) could potentially employ a rate-

dependence on sorbed ferrous iron concentrations (Zachara et al., 2002, Cornell and 

Schwertmann, 1996) rather than the aqueous ferrous iron concentration. The impact of 

changing the rate expression was evaluated for the model of the 7.7mM lactate amended 

column.  The results show that for a sorbed ferrous iron threshold concentration of 

3.5×10-3 mol L-1, simulated aqueous and mineral concentrations remain similar to the 

results obtained when employing Eqn 2.3. 
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Figure 2.4: S4b simulation results at midpoint along column. Experimental results were 

taken from terminated columns. Top panel: Magnetite precipitation rate (solid lines) and 

ferrihydrite dissolution rate (dashed lines) for each of the lactate amended models. Middle 

panel: Simulated aqueous ferrous iron concentrations at column effluent end. Bottom panel: 

Simulation (solid line) and experimental results (symbol) of the iron transformation from 

ferrihydrite (in blue) to magnetite (in black) for each lactate amended model.  

 

2.4.3 Arsenic mobilization and attenuation 

 

2.4.3.1 Original conceptual model after Tufano and Fendorf (S1) 

Model simulations that were based on the reaction network implementation of the 

conceptual model proposed by Tufano and Fendorf (2008a) (S1), which assumed that all 

arsenic persisted as arsenite, allowed to mostly replicate the observed data of the abiotic 

(no lactate amendment) experiment after day 10 (Figure 2.5). Nevertheless, a deviation 
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between the model and the observations persisted in that the simulations did not capture 

the initial effluent arsenite concentration drop that occurred prior to day 10. This 

discrepancy may be attributed to weaker outer-sphere arsenic complexes undergoing 

rapid desorption, a process that was not captured by our surface complexation model 

implementation.  

For this model variant (S1), however, simulations of the lactate-amended columns, the 

experimentally observed arsenite breakthrough concentrations could not be reproduced. 

For example, in the column in which 7.7 mM lactate was amended, observed arsenic 

concentrations decreased dramatically during the first 12 days (Figure 2.5). In contrast to 

those observations, dissolved arsenite breakthrough concentrations increased 

significantly in all preliminary model simulations as a result of the lactate-induced 

reductive dissolution of ferrihydrite and the associated loss of sorption sites (Figure 2.5). 

Tufano and Fendorf  (2008a) suggested that the observed sharp initial decrease in arsenic 

concentrations may be due to the newly generated sorption capacity of the freshly formed 

magnetite. This hypothesis was evaluated by successively increasing the sorption site 

density of the freshly precipitated magnetite. The simulations showed that a sorption site 

density of 3 mol per mol of magnetite would be required to replicate the observed 

concentration decrease. This is implausible as magnetite was previously estimated to have 

a 6 times lower specific surface area than ferrihydrite (Dixit and Hering, 2003), which in 

the present study would correspond to approximately 0.02 mol per mol of magnetite, i.e., 

>120 times less than our model-estimated value.  Furthermore sorption strengths of 

magnetite, as estimated by Dixit and Hering (2003) through a batch/modelling study, 

showed similar strengths (surface complexation constants) for both amorphous iron 

oxides and magnetite. Based on these modelling results it was concluded that it was 

unlikely that ‘classic’ equilibrium-type surface complexation reactions with magnetite 

could have been responsible for the observed decline in dissolved arsenic concentrations.  
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Figure 2.5: Simulated (dashed and solid lines, model variant S1) and experimental results 

(symbols) at the column effluent end: Simulation results with just As(III) for 7.7mM lactate 

and abiotic columns. The black solid line represents As(III) with a sorption site density of 

magnetite approximately 120 times of that reported by Dixit and Hering (2003).  

 

2.4.4 Revised conceptual models 

 

2.4.4.1 Arsenic incorporation with magnetite (S2) 

A key assumption of all initially investigated model variants was that arsenite was not 

allowed to be incorporated into the structure of magnetite during transformation. This was 

based on the findings of Coker et al. (2006), who concluded that arsenite could only exist 

as a surface complex. However a number of other column studies (Herbel and Fendorf, 

2006, Kocar and Fendorf, 2009, Tufano et al., 2008) have observed enhanced arsenite 

retention in conjunction with iron transformations from ferrihydrite to magnetite. This 

suggests that the sink for arsenite may be the incorporation into the magnetite structure 

during transformations. Therefore model variants that allowed arsenite to be captured into 

the transforming magnetite were tested and evaluated for a range of different As:Fe molar 
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ratios. This additional process was appended to the original model, and the calibration 

process was repeated with this model variant (S2). A relatively good representation of the 

observed arsenic and iron concentrations was achieved (see Fig A2, Appendix A). 

However to attain this fit the molar ratio of As:Fe was 1:0.6. Furthermore, to achieve a 

satisfactory fit of the observed arsenic breakthrough behaviour, the initial arsenic surface 

loading in the column had to be increased to 7.6 × 10-5 M compared to the 4.25 × 10-5 

M reported by Tufano and Fendorf ( 2008a), which further reduces the plausibility of this 

model variant.  

 

2.4.4.2 Redox transformations of arsenite (S3) 

Following from some initial test simulations of this conceptual model (see Supporting 

Information) this variant was formally calibrated (S3). The calibration procedure resulted 

in estimates of the (i) initial distribution of arsenite and arsenate (i.e., % of oxidation prior 

to start of the experiments), (ii) arsenic surface complexation reaction constants, (iii) 

surface site densities, (iv) kinetic reaction rate constants for ferrihydrite 

dissolution/magnetite precipitation and As(V) transformation to As(III) (Table 2.2). With 

the calibrated model it was possible to replicate all observed iron and arsenic 

concentrations from all four column experiments with a single, consistent model. This is 

illustrated in Figure A3 (Appendix A), which shows the comparison between the 

simulated and observed arsenic and ferrous iron breakthrough curves.  

In the simulation of the abiotic column that shows a good agreement with the data, arsenic 

leaching from the column occurs in the majority as arsenate. However, in the simulations 

of the lactate amended model, the arsenate that was assumed to have formed during the 

experimental preparation was rapidly reduced to arsenite once the lactate reduction 

caused a shift to more reducing conditions. The rapid transformation to arsenite in 

combination with the selected surface complexation constants that cause arsenite to sorb 

more strongly, causes the modeled effluent arsenic concentrations to successively 

decrease within the first 20 days of the experiment (Figure 2.2). With reductive 

dissolution of iron progressing in the lactate-amended columns, the continuous loss of 

ferrihydrite-associated sorption sites causes arsenite to be released to the aqueous phase 

and effluent concentrations to steadily increase after day 20.  

The key for this variant to match the experimental data is a parameterization of the surface 

complexation model that allows arsenite to sorb more strongly than arsenate. This agrees 
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indeed with the results of Dixit and Hering’s (2003) batch experiments at circum-neutral 

pH. However, contradicting their observations, several column studies (Herbel and 

Fendorf, 2006, Kocar et al., 2006, Tufano et al., 2008) have demonstrated arsenite to 

desorb more extensively than arsenate.    

 

2.4.4.3 Model including arsenic incorporation with magnetite and arsenite oxidation 

(S4) 

In the final conceptual model variant a combination of the previously discussed processes 

was implemented into the model. Two slightly differing variants (S4a, S4b) were 

considered, which depended on the degree of arsenite oxidation that was occurring and 

therefore defining the initial conditions. The first variant (S4a) assumed a partial arsenite 

oxidation of 25% (during the experimental setup) and the second variant (S4b) assumed 

it to be 10%. In each case, a good model fit was achieved, primarily by allowing variations 

in the ratio of arsenic incorporation into the magnetite structure (relative to precipitating 

Fe). Assuming 25% arsenite oxidation (S4a), the simulated As:Fe molar ratio was 1:20 

and in the second case the ratio was 1:4.5, highlighting that a decrease in the assumed 

arsenite oxidation requires magnetite to more efficiently capture arsenite during the 

mineral transformation phase. However, with the increased As:Fe ratio the initial arsenic 

surface loading had to be increased slightly to 4.9 × 10-5 M (S4a) and even more to 6.2 

× 10-5 M in S4b. Simulation results for S4b are displayed in Figure 2.2. 

 

2.5 Assessment of model variants and implications 

Our modelling framework that was developed in this study provides a process-based 

description of the complex interactions that evolve during the reductive dissolution of 

ferrihydrite and its partial transformation to magnetite. The model investigations provided 

the basis for the re-interpretation of some well-controlled, previously reported 

experiments that attributed significant arsenic attenuation to the adsorption on neo-

formed magnetite. Among the original and revised conceptual/numerical models the 

variant S4 appears to be the most plausible variant. These variants capture the observed 

arsenic and iron breakthrough dynamics for variable loads of lactate amendment best, 

suggesting that arsenic incorporation into magnetite in addition to sorption on mineral 

surfaces must also have occurred and contributed substantially to the attenuation of 

aqueous arsenic concentrations. Furthermore, based on the model results, we speculate 
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that a small fraction of the arsenite may have been oxidized prior or around the start of 

the column operations. In the unlikely case that arsenite oxidation had occurred to a 

significantly larger extent, it could still only explain the observed arsenic breakthrough 

curves if arsenate sorption to ferrihydrite under the experimental conditions was weaker 

than arsenite sorption, which contradicts several column experiments that suggested that 

arsenite had a higher mobility (Herbel and Fendorf, 2006, Kocar et al., 2006, Tufano et 

al., 2008) compared to arsenate.  

Eventually this implies that in the short term the intrusion and degradation of organic 

carbon and the coupled reductive dissolution of ferrihydrite is not enhancing arsenic 

release until ferrihydrite and the associated sorption capacity are nearing depletion. If 

indeed, arsenic incorporation into magnetite was the dominant process for attenuating 

arsenic concentrations, then iron transformations may limit or delay arsenic release into 

the groundwater. However, where reducing conditions already prevail iron 

transformations, for example to goethite, may have been completed and thus no additional 

attenuation of arsenic occurs. Our results call for additional experiments that investigate 

whether arsenite can be included in the structure of the transforming magnetite and if so, 

whether the model-derived As:Fe molar ratios are plausible. In addition the model 

framework should now be tested and extended for a variety of idealized laboratory 

conditions and for data sets from controlled and well-characterized field experiments such 

as reported by Neidhardt et al. (2014), and Harvey et al. (2002). 
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CHAPTER 3. Quantifying reactive transport processes 

governing arsenic mobility in a Bengal Delta aquifer 

 

RAWSON, J., NEIDHARDT, N., SIADE, A., BERG M., AND PROMMER, H. 2017. 
Quantifying reactive transport processes governing arsenic mobility in a Bengal Delta 
aquifer. Environ. Sci. Technol., 2017, 51 (15), pp 8471–8480. 

 

3.1 Abstract 

Over the last few decades, significant progress has been made to characterize the extent, 

severity, and underlying geochemical processes of groundwater arsenic (As) pollution in 

S/SE Asia. However, comparably little effort has been made to merge the findings into 

frameworks that allow for a process-based quantitative analysis of observed As behaviour 

and for predictions of its long-term fate (100-200 years). This study developed field-scale 

numerical modelling approaches to represent the hydrochemical processes associated 

with an in situ field injection of reactive organic carbon, including the reductive 

dissolution and transformation of ferric iron (Fe) oxides and the concomitant release of 

sorbed As. We employed data from a sucrose injection experiment in the Bengal Delta 

Plain to guide our model development and to constrain the model parameterization. Our 

modelling results illustrate that the temporary pH decrease associated with the sucrose 

transformation and mineralization caused pronounced, temporary shifts in the As 

partitioning between aqueous and sorbed phases. The results also suggest that while the 

reductive dissolution of Fe(III) oxides reduced the number of sorption sites, a significant 

fraction of the released As was rapidly scavenged through co-precipitation with neo-

formed magnetite. These secondary reactions can explain the disparity between the 

observed Fe and As behaviour. 
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Figure 3.1:  Conceptual model of the geochemical processes that were implemented into the 

numerical model post the injection of sucrose into the aquifer. The geochemical processes 

include reductive dissolution of Fe(III), Fe(III) mineral transformations, adsorption, co-

precipitation of arsenic, and pH fluctuations.  
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3.2 Introduction 

Currently, more than 100 million people in S/SE Asia are exposed to arsenic (As) 

contaminated groundwater above the WHO drinking water limit of 10 µg L-1 (Brammer 

and Ravenscroft, 2009). Arsenic occurs naturally in sediments, particularly in low-lying 

flood plain type environments with most of the noteworthy occurrences in parts of 

Argentina, Bangladesh, Chile, China, Hungary, India, Mexico, Romania, Taiwan, and 

Vietnam (Brammer and Ravenscroft, 2009, Smedley and Kinniburgh, 2002). 

Understanding the coupled geochemical and hydrological processes that control As 

mobility is vital for minimizing health impacts through the development of suitable 

mitigation strategies. Many of the major field studies that were performed over the last 

decade suggest that the reductive dissolution of ferric iron (Fe) oxides by reactive organic 

carbon sources is the primary process to cause As mobilization (Berg et al., 2008, 

Dowling et al., 2002, Fendorf et al., 2010, McArthur et al., 2004, Nickson et al., 2000, 

Polizzotto et al., 2008, Postma et al., 2007, Postma et al., 2012, Stuckey et al., 2016). 

Fe(III) oxides refer to ferric oxides, hydroxide and oxyhydroxides. During the reduction 

of Fe(III) oxides, sorbed As is released to the groundwater while the sorption sites that 

host As become eliminated. Many of these studies have demonstrated a relatively strong 

correlation between elevated groundwater As and Fe2+ concentrations to persist within 

typical reducing environments (Berg et al., 2008, Dowling et al., 2002, Fendorf et al., 

2010, McArthur et al., 2004, Nickson et al., 2000, Polizzotto et al., 2008, Postma et al., 

2007, Postma et al., 2012). However, for example, Horneman et al. (2004) found a 

significant scatter in the relationship between groundwater Fe2+ and As concentrations in 

their studies of a Bangladesh aquifer.  

Arsenic release associated with reductive dissolution of Fe(III) oxides has been further 

investigated in controlled laboratory batch (Islam et al., 2004, van Geen et al., 2004, 

Wang et al., 2008) and column studies (Farooq et al., 2012, Herbel and Fendorf, 2006, 

Kocar et al., 2006, Tufano and Fendorf, 2008b). Many of these experiments also show a 

rather poor correlation between dissolved Fe2+ and As. For example, Islam et al. (2004) 

observed a rapid increase of Fe2+ concentrations upon the addition of acetate during a 

batch experiment, whilst As concentrations did not increase until more than 10 days later. 

Furthermore, a number of flow-through column studies demonstrated initially decreasing 

As concentrations in the effluent in response to the addition of lactate (Herbel and 

Fendorf, 2006, Kocar et al., 2006, Tufano and Fendorf, 2008b). The observed decrease 

could be attributed to the occurrence of Fe mineral transformations (Benner et al., 2002, 
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Hansel et al., 2003, Tufano et al., 2009), during which the released As was partially 

captured on neo-formed sorption sites, or by co-precipitation. For example, Jönsson and 

Sherman (Jönsson and Sherman, 2008) found that both As(III) and As(V) could adsorb 

on the surface of magnetite; Wang et al. (2008) showed via extended x-ray absorption 

fine-structure (EXAFS) spectroscopy and some other complementary analyses that 

As(III) can become sequestered via surface adsorption, and by surface precipitation 

reactions during magnetite precipitation. In addition, Jönsson and Sherman (2008) and 

Guo et al. (2007a) initiated batch adsorption experiments and confirmed that siderite is 

also effective at removing both As(V) and As(III) from solution.   

In many areas of contaminant hydrology, controlled field experiments have played an 

important role in attempting to bridge the gap between laboratory-scale insights and field 

observations. However, to our knowledge, only a small number of in situ field 

experiments have been performed in which As mobilization was intentionally induced by 

a controlled injection of reactive organic compounds that stimulate microbial reduction. 

The first of these experiments was performed by Harvey et al. (2002) in a Bangladesh 

aquifer. They observed groundwater As concentrations to quickly increase (and then 

decrease) after the controlled injection of 8000 L of low-As water amended with 300 mg 

L-1 molasses. Similarly As mobilization was observed by Saunders et al. (2008), who 

injected 328 m3 of groundwater amended with a mixture of 108 mg L-1 sucrose and 84 

mg L-1 methanol into an aquifer in Oklahoma. They observed a rapid increase (and then 

decrease) of both dissolved As and Fe concentrations (As >1000 μg L-1) after the 

injection. Recently, Neidhardt et al. (2014) reported a field experiment that was 

performed in the Nadia district of West Bengal, India. They injected 1200 L of 

groundwater amended with up to 12 mol of sucrose at multiple wells to stimulate 

microbially mediated Fe reduction. They observed that dissolved Mn and Fe 

concentrations increased up to 750% and 3600%, respectively, while As increased only 

by a small amount, between 19% and 49%, compared to the initial baseline values. They 

attributed the disparity between the increases in Fe and As concentrations to the 

possibility that As was sorbing to the remaining Fe(III) minerals and/or to newly formed 

Fe(II) and mixed Fe(II/III) minerals. 

Despite the enormous amount of experimental research that has been devoted to 

developing a qualitative understanding of the processes controlling As mobility, the 

capacity to quantify the processes in numerical models is still largely lacking, and with 

only a few exceptions (Postma et al., 2007, Kocar et al., 2014, Rotiroti et al., 2015), field-
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scale modelling of As mobility has relied on highly simplified assumptions, such as the 

partition coefficient (Kd) adsorption model (BGS and DPHE, 2001, Radloff et al., 2011). 

To date, only a handful of numerical modelling studies have addressed the linkage 

between As mobility and Fe reduction. One of these studies was reported by Postma et 

al. (2007), who used a one-dimensional reactive transport model to identify and quantify 

the geochemical processes controlling As mobility. Employing the Dzombak and Morel 

’s (1990) surface complexation model, their simulations agreed well with the data they 

collected from a young Holocene aquifer at Dan Phuong, Vietnam. They inferred from 

their study that the main mechanism for As mobilization is the reductive dissolution of 

Fe(III) oxides by sedimentary organic carbon. Kocar et al. (2014) recently reported a 

reactive transport modelling study for a site in Cambodia. They developed and calibrated 

a model that was subsequently used to predict the long-term behaviour of As at their site, 

and found that As release may continue to occur for hundreds to thousands of years 

(Kocar et al., 2014). Most recently Rotiroti et al. (2015) employed a one-dimensional 

reactive transport model to investigate reductive dissolution of Fe(III) oxides, and showed 

this to be the primary mechanism for As mobilization at their site. However, no sorption, 

mineral transformation or re-precipitation reactions were considered in their study. 

Despite these initial efforts, there is still a substantial gap in our capability to provide a 

process-based quantification of the many complex processes that affect As mobility.   

Therefore, this study focuses on progressing our recently developed, laboratory-derived 

modelling framework (Rawson et al., 2016) by evaluating and adopting it for the 

quantitative interpretation of one of the few well-documented field injection experiments 

(Neidhardt et al., 2014). We employed a three-dimensional model to investigate the 

spatio-temporal evolution of the geochemical processes that occurred in response to a 

sucrose injection event. The key processes that we investigated include (i) microbially 

mediated reductive dissolution of Fe(III) oxides and Mn(IV) oxides, (ii) reductive 

transformations from Fe(III) oxides to other Fe minerals, (iii) the sorption characteristics 

of present and potentially newly formed Fe minerals, and (iv) cation exchange. 
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3.3 Materials and Methods 

 

3.3.1 Field Experiment 

The data set underpinning our modelling study was collected during a field experiment 

which determined the effect of sucrose (C12H22O11) injection on groundwater composition 

in the West Bengal Delta Plain, India (Neidhardt et al., 2014). The site is located within 

a well-known As hotspot area (Charlet et al., 2007) about 12.5 km to the east of the city 

of Chakdah in the Nadia district of West Bengal. This data set was selected over other 

previously reported field-injection experiments (Harvey et al., 2002, Saunders et al., 

2008) due to (i) its relatively comprehensive record of injection-induced 

hydrogeochemical changes from multiple locations, and (ii) dissolved sulfate being under 

detection limit of the analytical method used (0.01 mM). The absence of dissolved sulfate 

appeared important to avoid the additional complexities induced by the potential presence 

of thiolated As species and the potential formation of Fe sulfide minerals, which represent 

potential As scavenger (Saunders et al., 2008, Welch et al., 2000). Note, that sucrose, like 

most organic carbon sources used in controlled experiments, is much more reactive than 

most natural organic carbon sources. 

The aquifer section that was targeted by the injection experiment consists of silty fine to 

coarse sand and was confined by a ~3 m clay-rich aquitard. Natural groundwater flow in 

the generally flat-relief area is considered to be slow. The study site’s main infrastructure 

consists of five groundwater wells that were screened at varying depths, as illustrated in 

Figure 3.2. Well A was solely used for extracting groundwater.  Initially, wells B, C, D, 

and E were injected each with 30 L of groundwater sourced from well A, which was 

amended with sucrose. Wells B and C were injected with 2 kg of sucrose and Wells D 

and E were injected with 4 kg of sucrose. Subsequently, groundwater was pumped from 

well A into wells B, C, D and E, respectively, for about 18 minutes at a rate of 70 L min-

1. Groundwater samples were collected every second day for a period of two weeks. 

Thereafter, groundwater sampling continued every two weeks for the next seven months. 

The full experimental details are provided by Neidhardt et al (Neidhardt et al., 2014).  

The groundwater at the study site prior to the start of the injection experiment was of Ca-

(Mg)-HCO3-type, anoxic with both nitrate and sulfate being below the detection limits of 

the analytical methods used (0.09 mM and 0.01 mM, respectively), and the pH was 

between 7.1 and 7.2. Two distinct hydrogeochemical zones were identified with sharp 
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observed concentration gradients for Cl-, Na+, Ca2+, NH , Mn and As located between 

well screens A and B. The sediment mineralogy was dominated by quartz, followed by 

feldspars, carbonates (calcite and dolomite), mica and chlorite. As suggested by 

sequential extraction, amorphous Fe oxides were found to be present at an average Fe 

concentration of 2.0 g kg-1 (extracted with 1 M HCl and oxalate in dark at room 

temperature) while 1.5 g kg-1 of more crystalline Fe oxides were identified (extracted with 

dithionite-citrate at 85 ºC). Note that sediment Fe mineralogy (reactivity) suggested in 

respective sequential extraction steps vary for the depth intervals, values given here for 

Fe concentrations therefore represent averages for the investigated aquifer. Controlled by 

the (slow) decomposition of sedimentary and dissolved organic carbon, the aquifer 

provided a geochemically reducing environment, and >90% of the dissolved As in the 

groundwater prevailed as As(III). The aquifer was characterized by a sediment As 

concentration of 3.17 ± 0.81 mg kg-1, groundwater As concentrations ranging from 0.62 

µM in extraction well A to 2.0 µM, 1.7 µM and 1.6 µM, respectively, in wells B, C and 

D, and was depleted in sedimentary organic matter (SOM) and dissolved organic carbon 

(DOC). 
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Figure 3.2: (Right) Schematic illustration of the experimental setup at the Chakdah (West 

Bengal Plain field) site (Neidhardt et al., 2014). Groundwater was extracted from well A and 

injected into the remaining four wells. Initially, sucrose was amended to a small amount of 

this groundwater (from well A) and injected via gravity into the remaining wells; and, 

subsequently groundwater was pumped from well A and injected directly into the other 

wells using a pump. Well E was ignored in this study, as the observed Cl- data did not show 

any clear trends and therefore the data from this well could not be considered for the 

development and calibration of the numerical model. (Left) Simulated aqueous 

concentrations of As(III), Fe, acetate and pH after 5 days for wells B, C and D; the 

groundwater flow direction is from the right to the left. 

 

3.3.2 Numerical modelling 

The hydrogeochemical site characterization and the hydrochemical data collected during 

the injection experiment formed the basis of an initial conceptual model for groundwater 

flow, solute transport, and biogeochemical reaction processes. The conceptual model was 

subsequently translated into a three-dimensional numerical flow and reactive transport 

model and, when constrained by field observations, successively improved. MODFLOW 

(Harbaugh et al., 2000) and PHT3D (Prommer et al., 2003), were used as simulators for 

flow and reactive transport processes, respectively (Parkhurst and Appelo, 1999). 
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3.3.3 Flow and conservative transport model 

Initially, a three-dimensional, transient flow model spanning 16 m wide, 40 m long and 

40 m deep was constructed consisting of 16 rows, 40 columns and 23 layers. The 

boundaries were sufficiently far from the extraction/injection wells to have little impact 

on flow and solute transport behaviour. The discretization of the rows and columns were 

1 m each. In the vertical direction, layers 3 to 22 were discretized into thin layers of less 

than 1 m thickness, as injection and extraction wells were located within these layers, 

whilst remaining layers were significantly thicker. The total simulation time was 

subdivided into six stress periods with the first stress period representing ambient, pre-

injection conditions. The second stress period defined the gravity-fed sucrose injection 

into each of the wells. The subsequent stress periods of about 18 minutes each represented 

the period during which groundwater was extracted from well A and injected into wells 

B, C, and D, respectively. Well E was ignored as the observed Cl- data did not show any 

clear trends and therefore the data from this well could not be considered for the 

development and calibration of the reactive transport model.  

The final stress period of 145 days represented the post-injection period, during which 

the original flow regime was re-established. No dedicated conservative tracer was 

amended during the injection experiment. However, Cl- concentrations in the 

groundwater extracted from well A were significantly higher (0.22 mM) compared to the 

background concentrations (0.07 mM) in the zones where the re-injection took place. The 

Cl- concentration differences could therefore be used to calibrate the flow and nonreactive 

transport model.  

 

3.3.4 Conceptual model of biogeochemical processes and reaction network 

implementation  

Our conceptual hydrochemical model of the field injection experiment assumes that in 

the absence of other, more favourable electron acceptors, the injection of sucrose induced 

(with little to no lag-time) a kinetically controlled reduction of the bioavailable Mn(IV) 

oxides and Fe(III) oxides. It is assumed that the sucrose injection was the dominant driver 

for redox processes, and that sedimentary and naturally prevailing dissolved organic 

carbon had a much lower reactivity compared to sucrose and thus was not considered in 

the simulations. Corresponding to the sequential extraction results, two types of Fe(III) 

oxides were implemented into the reaction network to represent easily reducible and non-
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easily reducible Fe(III) oxide fractions, respectively. The fraction of easily reducible 

Fe(III) oxides in the sediments might include ferrihydrite, lepidocrocite and nano-

goethite, all susceptible to microbial Fe reduction, whereas non-easily reducible Fe(III) 

oxides might include more crystalline goethite and hematite that are relatively stable. 

Similar to our previous, related work (Rawson et al., 2016) we employ a partial 

equilibrium approach to represent the transformations of the organic compounds in our 

reaction network implementation.  

 

3.3.5 Sucrose/glucose biotransformation 

While sucrose was injected in the field experiment, the enzymatic hydrolysis of sucrose 

(Eqn. 3.1) often occurs very rapidly (Sturm, 1999) and was therefore not explicitly 

modeled.  

C12H22O11 + H2O → 2C6H12O6                                                                          (3.1) 

Instead, the injection of an equivalent amount of glucose (C6H12O6) was simulated. 

Glucose degradation was modeled as a transformation to acetate, as considerable amounts 

of acetate were formed during the experiment (Neidhardt et al., 2014).  

C6H12O6 + 4H2O → 2C2H3O2
- + 2HCO3

- + 4H+ + 4H2                               (3.2) 

Acetate was then assumed to completely mineralize:  

2C2H3O2- + 8H2O → 4HCO3
- + 18H+ +16e                                                       (3.3) 

Both degradation reactions were modeled as first-order reactions: 

         𝑅 / = 𝑘 , / 𝐶 /                                                                 (3.4) 

where 𝑘 , /  is a rate constant and 𝐶 /   refers to either glucose or acetate 

concentration. 

 

3.3.6 Reductive dissolution of iron and manganese oxides 

Ferrihydrite and pyrolusite were the two main electron acceptors that were considered in 

the simulations, both representing the bio-available and reactive pool of oxidized Fe and 

Mn minerals, respectively, i.e.,        

Fe(OH)3 (s) + 3H+ + e- → Fe2+ + 3H2O                                                                    (3.5) 

and 
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            MnO2 (s) + 4H+ + 2e- → Mn2+ + 2H2O                                                                    (3.6) 

Ferrihydrite was used in the numerical models as the proxy for all easily reducible Fe(III) 

oxides, similar to Postma et al.(2017) in which goethite (FeOOH) was used as the “model 

mineral” to represent Fe(III) oxides in Holocene sediments for their long-term reactive 

transport simulations. Note that ferrihydrite is represented as Fe(OH)3 here, both for 

simplicity and to represent natural variation, while a stoichiometry of 

Fe10O14(OH)2·0.74H2O has been suggested for ferrihydrite in its pure form (Michel et 

al., 2007). Both reactions were modeled through a partial equilibrium approach, as 

proposed by Postma and Jakobsen (1996).  

 

3.3.7 Reductive transformation to magnetite 

In addition to being reductively dissolved to Fe2+, easily reducible Fe(III) oxide, again 

with ferrihydrite as proxy, could also be reductively transformed to some other Fe 

minerals including magnetite:  

           𝐹𝑒 + 2𝐹𝑒(𝑂𝐻) (s) → 𝐹𝑒 𝑂 (s) + 2𝐻 + 2𝐻 𝑂                                         (3.7) 

Iron mineral transformations affect As mobility through the loss of existing sites on 

Fe(III) oxides and the generation of new sorption sites on the neo-formed minerals. 

However, perhaps more importantly, dissolved As that is released during microbial 

reduction of the Fe(III) oxide phases may be captured within the structural formation of, 

and/or as surface precipitates on, magnetite (Coker et al., 2006, Wang et al., 2008, Tufano 

and Fendorf, 2008b, Sun et al., 2016a, Sun et al., 2016b). Here we adopt and test an 

approach that we successfully applied at the laboratory-scale to simulate magnetite 

formation and its impact on As mobility (Rawson et al., 2016). The employed rate 

expression was originally proposed by Tufano et al. (2009) but modified in Rawson et al. 

(2016) to consider the limitation of available surface sites on easily reducible Fe(III) 

oxides (Hansel et al., 2004).  

 

𝑅  =  −𝑘 𝑚𝑎𝑥 0, 1 −
1

𝐼𝐴𝑃

[𝐹𝑒 ]

𝐾 _
( )

+ [𝐹𝑒 ]
 

[𝐸𝑅] − 𝐶

[𝐸𝑅]
                   (3.8) 

 

where 𝑘  is the effective rate coefficient, determined through model calibration, 

𝐼𝐴𝑃  is the ion activity product of the aqueous solution, 𝐾 _
( ) is a threshold 
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term describing the aqueous Fe2+  concentration required for transformation of the easily 

reducible Fe(III) oxides to magnetite, which according to Tufano et al. (2009) requires an 

exponential term (𝑥) set at 3, [ER] is the concentration of easily reducible Fe(III) oxides 

and  𝐶  is the concentration at which magnetite precipitation effectively stalls. Based on 

several controlled laboratory studies (Tufano et al., 2009, Hansel et al., 2003, Hansel et 

al., 2005), the threshold value of 2×10-4 mol L-1 was used as an initial estimate for 

𝐾 _
( ), but was allowed to deviate slightly during the model calibration process. 

 

3.3.8 Arsenite co-precipitation with magnetite 

Arsenic immobilization with magnetite was considered following several studies that 

observed decreasing aqueous As concentrations in conjunction with Fe mineral 

transformations (Herbel and Fendorf, 2006, Kocar and Fendorf, 2009, Wang et al., 2008, 

Sun et al., 2016a). For example, Wang et al. (2008) identified As(III) amorphous surface 

precipitates with the freshly precipitated magnetite, which contributed to lowering the 

aqueous As(III) concentrations. For the present study, we adopted the approach proposed 

in Rawson et al. (2016), in which the rate of As removal by magnetite is stoichiometrically 

linked with the rate of magnetite formation. The stoichiometry of the (As substitution 

and/or surface precipitation) reaction was assumed to be:  

 Fe2+ + 2Fe3+ + 2H3AsO3 + H2O →   Fe3O4As2O3 (s) + 8H+                                      (3.9) 

The molar ratio of As:Fe was determined through the model calibration process, through 

the parameter Fe3O4As2O3(s) fraction in magnetite.  

 

3.3.9 Siderite precipitation 

While assuming that the reductive transformation of Fe(III) oxide led to magnetite 

formation, we also considered the possibility for siderite (FeCO3) precipitation. The 

employed kinetic rate expression was 

𝑅  = 𝑘  (1 − 𝑆𝑅 )                                                               (3.10) 

where 𝑅  is the siderite precipitation rate, 𝑘  is the reaction rate constant, 

and 𝑆𝑅  is the saturation ratio of siderite. 
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3.3.10 Carbonate buffering 

With the acetate formation induced by the injection of sucrose, a temporary decline in 

pH, followed by a rapid recovery, was observed. The latter was attributed to mineral 

buffering by dissolution of carbonates (Eqn. 3.11). Given that both calcite and dolomite 

were found in the mineral analysis (Neidhardt et al., 2014), and that Ca2+ concentrations 

increased from 2.0 mM to 3.8 mM, specifically for well C, calcite dissolution was 

considered in the reaction network.  

CaCO3 (s) + 2H+ →   Ca2+ + CO2 + H2O     (3.11) 

The rate expression proposed by Plummer et al. (1979), as included in the standard 

PHREEQC database, was used to simulate calcite dissolution kinetics.  

 

3.3.11 Surface complexation and ion exchange reactions 

Surface sorption was assumed to occur as, (i) surface complexation reactions with 

reducible Fe(III) oxides and (ii) surface complexation reactions with non-easily reducible 

(remaining unreacted) Fe(III) oxides. The electrostatic double layer model based on 

Dzombak and Morel’s (1990) surface complexation reactions was employed. Dixit and 

Hering’s (2003) surface complexation reactions for As(III) sorption onto hydrous ferric 

oxides (HFO) were incorporated into the model. Also, surface complexation reactions for 

phosphate (Ball and Nordstrom, 1991) and carbonate (Appelo et al., 2002) were 

incorporated into the model to consider potential competitive sorption effects with these 

and other ions. Similar to Postma et al. (2007), the site density that was employed to 

represent the sorption sites provided by the natural Fe(III) oxides (0.013 mol and 0.002 

mol weak sites per mol of Fe for easily reducible and non-easily reducible Fe(III) oxides, 

respectively) was substantially reduced compared to the value that is more representative 

for the lab-synthesized HFO as used in the experiments of Dixit and Hering’s (2003) (0.2 

mol weak sites per mol of HFO). Note, that the number of sorption sites for easily 

reducible Fe(III) oxides was stoichiometrically linked with the temporally varying 

mineral concentrations while the number of sorption sites associated with the non-easily 

reducible Fe(III) oxides was assumed to be constant. All stoichiometries of the considered 

surface complexation reactions are listed in Table 3.1. Finally, an exchanger site was 

implemented to account for cation exchange. 
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3.3.12 Model calibration strategy  

The model parameters associated with the numerical implementation were estimated by 

minimizing the sum of squared residuals between model-simulated and experimentally 

measured concentrations for all constituents shown in Figure 3.3. The Gauss-Levenberg-

Marquardt method was employed using the PEST software suite to further refine the 

model parameters (Levenberg, 1944, Marquardt, 1963, Doherty, 2016). The parameters 

to be estimated in this study included a number of kinetic reaction rate constants, As 

surface complexation constants, surface site densities associated with specific Fe 

minerals, and hydrologic parameters. Observation weights were assigned based on both 

the magnitude and the uncertainty inherent in each observation. Calibration was 

conducted in parallel using the PEST++ software (Welter et al., 2015) implemented on 

the CSIRO Bowen Research Cloud. Parameter estimates and calibration statistics are 

listed in Table 3.1. 

 

3.4 Results and Discussion 

 

3.4.1 Conservative transport behaviour 

After model calibration of the conservative transport behaviour, which mostly relied on 

slight adjustments of initially estimated hydraulic conductivities (see Table 3.1 for 

values), the model simulations provide a reasonable representation of the measured Cl- 

data for injection wells B, C and D. Figure 3.3 illustrates the comparison between 

simulated and measured concentrations, showing the rapid temporary increase of Cl- after 

the sucrose injection, before returning slowly back to background levels. As expected, 

given the vertical variations in the grain size distribution, the latter occurred at different 

rates at different monitoring wells (wells B and C <50 days, well D >120 days), which 

also suggests slightly different natural groundwater flow velocities, ranging from 1.3 to 

5.1 m year-1, in the respective layers in which the wells were screened. 

 

3.4.2 Carbon cycling and pH 

Immediately after the start of the injection, sucrose/glucose concentrations increased 

rapidly, accompanied by an increase in alkalinity and acetate concentrations and a sharp 

decrease in pH (Figure 3.3). The concentration peak was followed by a more steady 
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concentration decline over the following 10 days. The observed patterns were well 

matched by the reactive transport simulations in which a rapid transformation from 

sucrose/glucose to acetate and a subsequent, kinetically controlled, mineralisation of 

acetate were simulated. Model simulation results (Figure 3.3) illustrate the impact of 

reaction processes on the injection-induced concentration changes, with comparison 

between (i) a purely conservative (non-reactive) model, and (ii) a calibrated model in 

which all reactions were included. This comparison (Figure 3.3) shows that in the absence 

of degradation and other reactions (i.e., conservative simulation), it would have taken 30 

days for the glucose-amended zone to be completely transported away from well C as a 

result of the ambient groundwater flow. On the other hand, in the reactive simulation 

glucose concentrations diminished quickly due to degradation, with glucose 

concentrations returning back to zero after 12 days, in agreement with the experimental 

data. Furthermore, the measured alkalinity data are well represented by the simulation 

results for well C (Figure 3.3). Similar simulation results, and a similarly good agreement 

with the observed data, were obtained for wells B and D (see Supporting Information 

Figures B1 and B2, Appendix B).  

Although in the experiment care was taken to achieve specific amounts of sucrose 

injected, due to some operational inconsistencies (Neidhardt et al., 2014) and the high 

degree of sensitivity associated with these values in the model, they were allowed to vary 

slightly during the calibration process (Table 3.1). The estimated values, however, agree 

reasonably well with Neidhardt et al. (2014), including the fact that there was more 

sucrose injected into well B compared to wells C and D.  

 

3.4.3 Reductive dissolution of iron and manganese oxides 

Coinciding with the onset of the sucrose degradation, the model simulations show, in 

good agreement with the field data (Figure 3.3), a rapid increase of dissolved Mn (up to 

0.33 µM in well C) and Fe concentrations (up to 0.43 mM in well C). After ~10 days from 

the start of the experiment dissolved Mn and Fe concentrations decreased slowly back 

towards background concentrations. This occurred, e.g., for Cl-, much faster at well C and 

B compared to well D. This can be attributed to slower groundwater flow velocities in the 

aquifer section in which well D was screened. With the relatively small amount of 

pyrolusite being rapidly depleted the model simulations confirm that reductive dissolution 

of Fe(III) oxides acted as the dominant electron accepting process.  
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Figure 3.4A illustrates the importance of individual geochemical processes on the 

simulated dissolved Fe concentrations (more details on model variants are given in Table 

B1, Appendix B). Besides the primary reductive dissolution reaction, cation exchange 

shows to have the single most important influence on the observed breakthrough 

behaviour by taking up a substantial fraction of the Fe that was released during the 

reductive dissolution. Other secondary processes that, although to a lesser extent, affect 

the simulated dissolved Fe concentrations include the precipitation of reduced Fe(II)-

containing minerals (Figures 3.3 and 3.4A). In the model simulations, the increase in 

dissolved Fe and carbonate concentrations after the sucrose injection resulted in an 

oversaturation/precipitation of siderite; in contrast, the simulated formation of (small 

quantity of) magnetite was not found to affect dissolved Fe concentrations significantly. 

The total amount of precipitated magnetite remained very low at 1.2×10-6 mol L-1 (Fe 

concentration: 0.1 mg kg-1) compared to the initial concentration of easily reducible 

Fe(III) oxides of 0.065 mol L-1 (Fe concentration: 2.0 g kg-1). As seen in Figure 3.3 for 

well C, magnetite formation occurred in the model simulations only for a brief period 

before stopping approximately 15 days after the start of the sucrose injection.  

 

3.4.4 Arsenic mobilization 

Following the sucrose injection, As concentrations at well C decreased very briefly from 

the background value of 1.7 µM to a minimum of 1.2 µM as a result of the lower As 

concentrations in the injected water that was sourced from well A (Figure 3.3). 

Concentrations rapidly increased thereafter to a maximum of 2.0 µM at day 4. Overall 

this was a surprisingly small increase considering the strong evidence for the occurrence 

of reductive dissolution of Fe(III) oxides by the concomitant increase in dissolved Fe 

from 0.10 to 0.42 mM. The model simulation results suggest that dissolved As 

concentrations, after the injection, were affected by multiple simultaneous processes 

(Figure 3.4B). Several variants of the calibrated model were constructed to elucidate 

which processes most effectively contributed to the release and the attenuation of As. 

Initially, three different processes were investigated with respect to their importance for 

As release, i.e., (i) the impact of the temporal pH variations on the sorption equilibria, (ii) 

As release due to the destruction of sorption sites associated with the reductive dissolution 

of Fe(III) oxides, and (iii) the impact of increasing bicarbonate concentrations on the 

competitive desorption of As. For all variants it was found that As sorption to the non-

easily reducible Fe fraction had no significant influence on simulation results. 
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Figure 3.3: Field experimental results (symbols), calibrated reactive model results (solid 

lines) and non-reactive (i.e., conservative) model results (dash lines) for well C. After the 

short injection of sucrose/glucose concentrations, most constituents spiked.  Higher Cl- 

concentrations were found in well A from which groundwater was extracted. These higher 

Cl- concentrations were injected into wells B, C, and D, and used to constrain groundwater 

flow and conservative transport.  Mineral transformations from the calibrated reactive 

model are plotted as changes (i.e., delta) to initial conditions. Iron(III) oxide dissolution and 

the decrease in pH releases As whilst precipitation reactions, specifically magnetite, 

attenuate As via co-precipitation.  

 

3.4.4.1 Influence of pH.  

First, the influence of the pH variations induced by sucrose degradation was investigated 

by (i) eliminating sucrose degradation, as well as the competitive sorption effects with 

bicarbonate, and (ii) by triggering a similar pH drop through the addition of hydrochloric 

acid (HCl) to the injectant solution (more details on model variants are given in Table B1 

(Appendix B). In this model variant, no reductive dissolution of Fe oxides was allowed 

to occur. The results show that simulated As concentrations for well C increased from 1.7 

µM (background value) to 2.0 µM at day 8 (Figure 3.4B), as the pH decreased from 7.16 

to 6.70. 
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The potential for the release of As(III) under the site-specific hydrochemical conditions 

is a result of the decreasing sorption affinity, with decreasing pH, in the employed surface 

complexation model of Dixit and Hering (2003). Using parameters from the calibrated 

model the simulated arsenite sorption edge (Figure 3.4C) suggests dissolved As(III) 

concentrations increase by about 0.5 µM, close to the increase simulated by the reactive 

transport model. Due to the sorption dependency on pH, the simulated As concentrations 

are relatively sensitive to capturing pH buffering mechanisms accurately.  

 

3.4.4.2 Loss of sorption sites. 

The isolated impact of Fe(III) oxide dissolution, and its associated loss of sorption 

capacity, was investigated by artificially fixing the pH during the entire simulation to the 

background pH (7.16) and, as before, eliminating bicarbonate from the surface 

complexation model to avoid competitive desorption of As by bicarbonate. In this model 

variant, dissolved As(III) concentrations were higher than corresponding results from the 

simulations with a non-reactive model (i.e., all reactive processes switched off), 

suggesting that As desorption from the loss of sorption sites could in part explain the As 

mobilization observed in the injection experiment (Figure 3.4B).  

 

3.4.4.3 Bicarbonate competition.  

The impact of bicarbonate competition was investigated by adding surface complexation 

of bicarbonate back into the above model variant. However, no significant difference was 

found in comparison to the previous simulation (data not shown), demonstrating that the 

bicarbonate production that occurred in response to the sucrose degradation was not 

responsible for the field-observed As mobilization. 

Overall, the model simulations illustrate that both, the temporarily decreasing pH, and the 

loss of surface complexation sites resulting from reductive dissolution of Fe(III) oxides 

were the two main contributors to the observed As mobilization. However, if applied 

together, this leads to an overestimation of the simulated As concentration, if not 

combined with a mechanism for As attenuation (Figure 3.4B). 
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Figure 3.4: Figure 3.4AB: Field experimental results (symbols) and model simulations (solid 

and dash lines) illustrating (A) dissolved Fe and (B) dissolved As(III) concentrations for well 

C, with 6 model variants: (i) a calibrated model with all biogeochemical reactions 

incorporated, (ii) a non-reactive model, (iii) influence of Fe(III) oxide dissolution, (iv) no Fe 

mineral transformations, (v) the influence of pH, and (vi) no cation exchange. More details 

on model variants are given in Table B1 (Appendix B). Figure 3.4C: As(III) sorption edge 

with sorbed and aqueous As(III) concentrations with differing pH values, further 

illustrating the effect of pH change on As solid-solution partitioning. Most of As(III) 

sorption depends on the surface species ER_wHAsO3
- with ER standing for easily reducible 

Fe(III) oxides. Sorbed As(III) concentration of ~120 µM (mass per litre water) is equal to 

about 1.6 mg kg-1. 

 

3.4.4.4 Arsenic attenuation 

The model simulations suggest that dissolved As was partially attenuated subsequent to 

its release from the Fe(III) oxide-hosted sorption sites. For example at well C, it took 
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chloride concentrations 30 days to return to background levels (Figure 3.3) after the 

sucrose injection, whilst dissolved As concentrations returned to background levels 

within approximately 10 days (Figure 3.3). Two different geochemical processes were 

investigated with respect to their ability to plausibly explain the observed As attenuation. 

 

The first investigated possibility was that As(III) was re-sorbed to the remaining Fe 

minerals. However, only a minimal attenuation was observed as a result of resorption. 

While we recognise that As(III) sorption was not simulated by a site-specific surface 

complexation model (SCM), it is considered unlikely that a site-specific SCM would 

change the low importance of As(III) resorption fundamentally. Instead, the most 

significant attenuation occurred when co-precipitation of As with magnetite was 

assumed. In this case, specifically for well C, the simulations were able to reproduce the 

observed dissolved As(III) and Fe concentrations closely, and the best agreement was 

achieved when a As:Fe molar ratio of 1:4 was assumed (Fe3O4As2O3(s) fraction in 

magnetite was ~ 0.39, Table 3.1). Previous studies suggested that such high molar ratios 

are unlikely to occur as a result of As(III) incorporation into the magnetite structure 

(Coker et al., 2006). However, Wang et al. (2008) found that As(III) can form surface 

precipitation with magnetite, creating a thin layer with high As to Fe ratios (Wang et al., 

2008).  
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Table 3.1: Key model parameters employed in the calibrated model. 

Parameter Estimated 

Parameter 

Value 

Prior 

Standard 

Deviation 

Posterior 

Standard 

Deviation 

Uncertainty Bounds Composite 

Scaled 

Sensitivity Mean 

Minus Two 

Standard 

Deviations 

Mean Plus 

Two 

Standard 

Deviations 

Hor. hydraulic conductivity in 

depth 0 – 28 m (m day-1) 

3.124E+00 1.000E+00 1.982E-01 2.728E+00 3.521E+00 3.291E-04 

Hor. hydraulic conductivity in 

depth 28 – 32 m (m day-1) 

7.606E-01 5.000E-01 4.138E-02 6.778E-01 8.433E-01 4.237E-04 

Porosity 3.216E-01 3.750E-02 1.447E-02 2.927E-01 3.505E-01 3.372E-04 

Hydraulic head – Upstream (m) 1.059E+01 5.000E-01 1.434E-01 1.030E+01 1.088E+01 2.438E-03 

Hydraulic head – Remainder (m) 1.001E+01 5.000E-01 1.589E-01 9.696E+00 1.033E+01 1.844E-03 

Injected Amount of Sucrose (mol) 

Well B 1.272E+01 4.950E+00 9.553E-01 1.081E+01 1.463E+01 9.397E-05 

Well C 8.961E+00 4.950E+00 7.761E-01 7.409E+00 1.051E+01 1.170E-04 

Well D 2.760E+00 6.105E+00 1.560E-01 2.448E+00 3.072E+00 6.131E-05 

Kinetic Reaction Rate Constants and Related Parameters 

Glucose degradation, K1,glu 1.447E-01 7.500E-02 1.162E-02 1.215E-01 1.680E-01 1.244E-04 

Acetate degradation, K1,ace 3.970E-08 2.475E-07 2.150E-09 3.540E-08 4.400E-08 1.203E-04 

Magnetite precipitation, Kmagn_pptn 7.999E-12 1.250E-03 7.937E-13 6.412E-12 9.586E-12 3.969E-04 

Threshold 𝐊𝐦𝐚𝐠𝐧_𝐩𝐩𝐭𝐧
𝐭𝐡𝐫𝐞𝐬(𝐅𝐞𝟐 ) (mol L-1) 1.106E-04 5.250E-05 1.432E-05 8.193E-05 1.392E-04 4.109E-05 

Siderite precipitation, Ksid_pptn 2.980E-11 2.475E-10 2.243E-12 2.532E-11 3.429E-11 3.070E-04 

Calcite dissolution rate constant 4.033E-01 1.125E-01 2.530E-02 3.527E-01 4.539E-01 4.117E-04 

Fe3O4As2O3(s) fraction in 

magnetite 

3.868E-01 1.248E-01 5.641E-02 2.739E-01 4.996E-01 8.556E-05 

Exchange Species (mol L-1) 

X_ex 4.484E-02 1.225E-01 2.172E-03 4.050E-02 4.919E-02 2.023E-04 

Sorption Site Densities (mol of sites per mol of Fe) 
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Weak sites on easily reducible 

Fe(III) oxides (ER_w) 

1.314E-02 2.250E-02 8.416E-04 1.145E-02 1.482E-02 6.658E-04 

Weak sites on non-easily reducible 

Fe(III) oxides (nER_w) 

2.033E-03 2.250E-03 9.364E-05 1.846E-03 2.220E-03 5.261E-04 

Surface Complexation Constants (log Ks) 

ER_wOH + AsO3
3- + 3H+ = 

ER_wH2AsO3 + H2O 

3.765E+01 1.125E+00 7.249E-01 3.620E+01 3.910E+01 9.391E-04 

ER_wOH + AsO3
3- + 2H+ = 

ER_wHAsO3
- + H2O 

3.152E+01 5.000E-01 2.922E-01 3.093E+01 3.210E+01 2.827E-03 

nER_wOH + AsO3
3- + 3H+ = 

nER_wH2AsO3 + H2O 

3.700E+01 6.250E-01 6.216E-01 3.576E+01 3.824E+01 1.082E-04 

nER_wOH + AsO3
3- + 2H+ = 

nER_wHAsO3
- + H2O 

3.027E+01 5.000E-01 4.953E-01 2.928E+01 3.126E+01 2.794E-04 

ER_wOH + PO4
3- + 3H+ = 

ER_wH2PO4 + H2O 

3.103E+01 8.750E-01 2.326E-01 3.056E+01 3.149E+01 2.037E-03 

ER_wOH + PO4
3- + 2H+ = 

ER_wHPO4
-  + H2O 

2.200E+01 8.750E-01 8.199E-01 2.036E+01 2.364E+01 1.378E-04 

ER_wOH + PO4
3- + H+ = 

ER_wPO4
2- + H2O 

1.955E+01 1.250E+00 4.723E-01 1.861E+01 2.050E+01 1.139E-03 

nER_wOH + PO4
3- + 3H+ = 

nER_wH2PO4 + H2O 

3.123E+01 8.750E-01 7.871E-01 2.965E+01 3.280E+01 1.009E-03 

nER_wOH + PO4
3- + 2H+ = 

nER_wHPO4
-  + H2O 

2.256E+01 8.750E-01 8.102E-01 2.094E+01 2.418E+01 5.683E-04 

nER_wOH + PO4
3- + H+ = 

nER_wPO4
2- + H2O 

1.809E+01 3.750E-01 3.627E-01 1.736E+01 1.881E+01 3.382E-04 

Note: The initial concentration of easily reducible Fe(III) oxide was set at 6.5 × 10-02 mol L-1 (Fe: 2.0 g 
kg-1), non-easily reducible Fe(III) oxide at 4.8 × 10-02 mol L-1 (Fe: 1.5 g kg-1), pyrolusite at 8.1 × 10-05 
mol L-1 (Mn: 2.5 mg kg-1), and both siderite and magnetite at 0. These initial concentrations originated 
from Neidhardt et al. (2014) ER_wOH and nER_wOH represent weak sorption onto easily reducible 
Fe(III) oxides and non-easily reducible Fe(III) oxides, respectively. The upper and lower bounds for 
each parameter are determined based on available data in literature and expert knowledge. 

 

3.5 Implications 

For many of the groundwater systems that are most severely affected by As pollution, the 

reductive dissolution and transformation of Fe(III) oxides by reactive organic carbon 
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compounds is thought to be the key process to explain the presence of elevated As 

concentrations (Berg et al., 2008, Dowling et al., 2002, Fendorf et al., 2010, McArthur et 

al., 2004, Nickson et al., 2000, Polizzotto et al., 2008, Postma et al., 2007, Postma et al., 

2012, Stuckey et al., 2016). Conceptually this mechanism, i.e., the successive destruction 

of sorption sites, provides a plausible explanation for sediment As release into 

groundwater. However, depending on site-specific or, as in this study, in situ field 

conditions, the importance of this process on controlling the fate and transport of As may 

vary widely.  Our model-based analysis of a sucrose injection experiment in West Bengal, 

India (Neidhardt et al., 2014) illustrates that the degradation of reactive organic carbon 

may be accompanied by a complex set of secondary geochemical reactions. In the 

investigated case, only the model variants that incorporated a range of secondary reactions 

were able to approximate the field observations and could thus explain the observed poor 

correlation between increases in dissolved Fe and As concentrations. The employed 

reaction network which best captured the field observations evolved from the conceptual 

model and its numerical implementation that was originally developed for a well-

controlled laboratory experiment where Fe mineral transformations played a dominant 

role (Rawson et al., 2016, Tufano and Fendorf, 2008b). In comparison, the importance of 

Fe mineral transformations on As mobility appears to be less pronounced in the present 

study. Possible reasons are that even with calcite buffering, temporary pH change and 

subsequent As desorption was significant in the field experiment while the previously 

modeled laboratory column experiment was well buffered with PIPES; and that sucrose 

injection occurred as “pulsed” injection while the laboratory column experiment was 

continuously fed with a reactive organic carbon source (Neidhardt et al., 2014, Rawson 

et al., 2016). While these results are encouraging and important in terms of developing a 

process-based model that quantifies As mobility, they should still be underpinned by 

additional field-scale experiments that more systematically eliminate uncertainties and 

more rigorously document the geochemical and mineralogical changes that are induced 

by the release of reactive organic compounds.      
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4.1 Abstract 

Toxic levels of arsenic in groundwater, sourced primarily from shallow aquifers in 

Bangladesh and India, pose a threat to millions of people who depend on it for domestic 

purposes. Groundwater extraction from deeper wells (>150m) is one of the main 

strategies to mitigate this problem as the deeper aquifers generally show much lower 

arsenic concentrations. However deeper pumping may induce downward flow that could 

eventually result in a contamination of the currently arsenic-free deeper aquifers.  In this 

study we expand an earlier model-based vulnerability assessment that investigated arsenic 

travel times between shallow, arsenic contaminated aquifer zones and extraction wells 

located within the currently arsenic-free deep aquifers.  In a first step, using 1D 

simulations, we compare a range of conceptual and numerical models of varying 

complexity to the previously results that were based on the assumption that linear sorption 

was the sole geochemical process affecting arsenic migration rates.  In a second step the 

simulations were expanded to 3D simulations while also considering the influence of 

physical and geochemical heterogeneity. It was found that the incorporation of more 

complex, more realistic geochemical processes results in a substantially increased 

vulnerability of deep groundwater extraction wells, compared to previously obtained 

predictions.  

 

4.2 Introduction 

Dangerous levels of arsenic in groundwater pumped from shallow Holocene aquifers 

threaten the health of millions of people throughout South and Southeast (S/SE) Asia (van 
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Geen et al., 2013, McArthur et al., 2004, Harvey et al., 2005). On the other hand, 

groundwater extracted from deep Pleistocene aquifers (≥150 m) often show arsenic 

concentrations that are well below the WHO drinking water guidelines of 10 µg L-1 

(Smedley and Kinniburgh, 2002). Therefore, one effective solution to limit arsenic 

poisoning in affected countries is to switch to deeper aquifers for drinking water 

extraction. This mitigation strategy is currently being widely adopted with tens of 

thousands of new deep wells being installed (Ravenscroft et al., 2014) However, the 

sustainability of extraction from deep, currently arsenic-safe aquifers remains largely 

unknown, because it remains uncertain if arsenic from the shallow aquifers would be 

rapidly drawn into the deeper aquifers as a result of the increased abstraction from within 

these deep aquifers.  

To assess the sustainability of the deep aquifer abstraction strategy, a number of 

numerical modelling studies have already investigated the potential risks to the deep 

aquifers. For example, Mukherjee et al. (2007a) developed a regional-scale modelling 

study for the western Bengal Basin, revealing that extensive pumping from the deep 

aquifers, post 1970’s, has significantly altered the regional groundwater flow systems and 

thus induced arsenic migration into deeper aquifers. Also, Michael and Voss (2008) 

investigated various management scenarios that, for example, implemented shallow 

pumping for irrigation purposes estimated at 0.21 m/y, and deep pumping for domestic 

purposes estimated at 0.019 m/y into a large scale (620 km × 585 km) model and 

concluded that shallow pumping could provide a hydraulic barrier to prevent shallow 

arsenic-rich groundwater migrating into the deeper aquifers over a 1000 year time scale. 

Nevertheless, the mobility of arsenic is influenced by a number of geochemical processes, 

making the simple assumption that arsenic would move at the same rate as the 

groundwater itself unrealistic. In order to account for the impact of arsenic sorption on 

solute transport, Radloff et al. (2011) determined sorption coefficients (Kd) of arsenic 

from the data collected during an in-situ push-pull experiments and implemented these 

results into the advective flow model of Michael and Voss (2009a, 2009b) to show that 

arsenic sorption onto deeper sediments significantly impedes arsenic migration. This 

research was extended by Michael and Khan (2016) who incorporated a linear (Kd) 

sorption model into a physically heterogeneous large-scale model. Their model results 

showed that deep groundwater remains protected from arsenic contamination over a time 

frame of >1000 years providing that a spatially uniform distribution of Kd values was 

assumed. However, despite the fact that the inadequateness of representing metal(loid) 
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mobility through the linear Kd models is well established (Radloff et al., 2011, Michael 

and Khan, 2016), none of the previous larger-scale studies has adopted a more process-

based modelling approach and explicitly considered the various biogeochemical 

processes that are well known in the literature to affect the mobilization and attenuation 

of arsenic in S/SE Asia. This knowledge gap was recognized, for example, by Burgess et 

al. (2010), who remarked that currently employed numerical modelling approaches need 

to be refined to better assist in predicting the risks and timescales of pumping-induced 

contamination of deeper aquifers.  

Based on many field-scale experimental studies and underpinned by laboratory-scale 

experiments, there is strong evidence that arsenic mobilization in S/SE Asia is largely a 

result of the reductive dissolution of arsenic bearing iron oxides (Smedley and 

Kinniburgh, 2002, McArthur et al., 2011, Fendorf et al., 2010). The reductive dissolution 

of arsenic bearing iron oxides is often led by microbial degradation of dissolved organic 

carbon, which can, at least in principle, migrate largely unretarded from the shallow to 

the deeper aquifers. Therefore, instead of immobilization by sorption, arsenic can 

potentially be mobilized in situ within deeper aquifers. However, current modelling 

studies often assume that the source of arsenic is solely located in the shallow aquifers 

with accordingly overestimated travel distances and travel times. Of course, whether the 

in situ mobilization in deeper aquifers occurs or not depends on many factors, most 

importantly the reactivity’s of organic carbon and the arsenic bearing iron oxides 

(Stuckey et al., 2016a). Besides mobilization through reductive dissolution, arsenic might 

also be mobilized in situ through desorption. For example, Postma et al. (2017) recently 

showed that elevated concentration of arsenic in the groundwater at their study site 

beneath Hanoi, Vietnam was a result of equilibrium controlled desorption by infiltrating 

water from the Red River due to municipal pumping. 

Previously performed numerical modelling studies also largely ignored the potentially 

significant influence of spatially and temporally variable hydrochemical and 

mineralogical conditions. Most importantly, changes in pH resulting from a pumping-

induced downward migration of water of a different hydrochemical composition can 

dramatically change the effectiveness of adsorption-related arsenic retardation. 

Furthermore, adsorption is not the only possible attenuation mechanism. Numerous 

experimental studies have established that arsenic can be attenuated by being captured by 

surface precipitation and structural substitution during iron mineral transformations 
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(Wang et al., 2008, Jonsson and Sherman, 2008), which has been adequately considered 

in a number of reactive transport models (Rawson et al., 2016, Rawson et al., 2017). 

The objective of this study was to understand how more complex chemistry affects As 

migration and release in the presence of large scale aquifer heterogeneity.  As a basis for 

this model-based assessment we use the recently reported vulnerability study of Michael 

and Khan (2016). They incorporated physical and chemical heterogeneity into a 3-

dimensional model to predict arsenic travel times between arsenic contaminated shallow 

aquifer zones and extraction wells located within a deep, currently arsenic-free aquifer in 

Bangladesh.  In their modelling study sorption was accounted for through a linear 

isotherm and a sorption coefficient which was established from experimental studies 

(Radloff et al., 2011). In the present study we incorporate a more detailed, process-based 

quantification of arsenic mobility into the hydrogeological framework defined by Michael 

and Khan (2016), and illustrate the influence of individual geochemical processes on 

arsenic transport behaviour and travel times.  

 

4.3 Materials and Methods  

4.3.1 Study concept overview 

A step-wise approach was employed to investigate the influence of geochemical 

processes on the migration rates of arsenic. In a first step (Model variants S1 – S5), the 

study was focused on elucidating the role of spatial and temporal variable geochemical 

conditions on surface complexation of arsenic to aquifer sediments, and how this can 

affect retardation relative to the predictions made by the widely used (kd) linear sorption 

approach. This comparison was performed for a 1D model representing a single flow (or 

stream-) line. We incorporate realistic geochemical conditions and implement previously 

published surface complexation models (Rawson et al., 2017, Rathi et al., 2017) and water 

chemistries (Zheng et al., 2005). The implemented surface complexation models were 

originally developed for Pleistocene sediments sourced from an aquifer in Vietnam (Rathi 

et al., 2017), and for the Holocene aquifer sections from a field/modelling study in a 

Bengal Delta aquifer (Rawson et al., 2017). In a next step (Model variant S6), while still 

using a 1D model, additional key biogeochemical processes that are hypothesized to 

typically occur in the Holocene and Pleistocene sections of Bangladesh aquifers were 

considered. The main reactions that were included in the reaction network were primarily 

adopted from a study in Vietnam (Postma et al., 2017). Most importantly the employed 
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reaction network included the reductive dissolution of iron oxides by sediment-bound 

organic matter. In addition calcite dissolution and siderite precipitation were considered, 

and, as in the first step, surface complexation reactions (Postma et al., 2017). In a final 

step, this model was expanded to a 3D scenario to assess the reactive transport of arsenic 

under highly heterogeneous conditions, while considering both, hydrogeological and 

geochemical heterogeneity. One of the hydrogeological realisations of the model 

developed by Michael and Khan (2016) (realisation 19) was used to define the lithological 

model that defined the distribution of hydrogeological and geochemical heterogeneity. 
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Table 4.1: Investigated Model Variants 

Model Variant S1 S2 S3 S4 S5 S6 S7 S8 

 1-Dimensonal Model Variants 3-Dimensonal Model Variants 

No Sorption– 
sand aquifer 

Sorption 
using sand 
Kd  

Sorption 
using silt Kd 

Sorption using 
Rathi et al. 
(2017) SCM  

Sorption using 
Rawson et al. 
(2017) SCM 

Postma et al.  
(2017) model 

Sorption using 
Rathi et al. (2017) 
SCM 

Postma et al. (2017) 
model 

Flow Sand (Kh =172.8 
m/day) 

 

  

     

Kd Sorption Sand (1.5 
L/Kg) 

 

 

      

Kd Sorption Silt (3.0 
L/Kg) 

  

 

     

Rathi et al. (2017) SCM    

 

 

  

 

Rawson et al. ( 2016) 
SCM 

    

  

 

 

Immobile organic 
carbon  

     

 

 

 

Reductive dissolution of 
Fe-oxide 

     

 

 

 

Calcite dissolution      

 

 

 

Siderite precipitation      
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4.3.2 Numerical modelling tools 

All model simulations were performed with MODFLOW/MT3DMS-based simulation 

tools, similar to the original flow and transport simulations performed by Michael and 

Khan (2016). PHT3D (Prommer et al., 2003), which couples the transport simulator 

MT3DMS (Prommer et al., 2003) and the geochemical model PHREEQC (Parkhurst et 

al., 1999) was used for all reactive transport simulations.  

 

4.3.3 Investigated flow systems 

Two different types of flow systems were investigated. For the initial model development 

and model comparisons a 1D model was defined to generate a uniform steady-state 

groundwater flow field. The employed hydrogeological parameters were selected such 

that they were approximately matching the average flow and transport behaviour of the 

3D flow models defined by Michael and Khan (2016). The extent of the model was set to 

300 m, discretized into 60 columns of 5 m length. The flow in the 1D model (1.04×10-3 

m3/day) was applied through a single injection well at the model’s influent end. The 

hydraulic conductivity was set at to 172.8 m/y and the horizontal porosity was set to 0.2, 

as employed in the 3D model of Michael and Khan (2016). All surface complexation 

reactions, associated site densities and log K’s are listed in Table 4.2.  

The second investigated hydrogeological model was directly adopted from Michael and 

Khan (2016). Their original 3D model was set up as a steady state flow model extending 

over an area of 1000 m × 1000 m and a depth of 300 m, discretized into 50 rows, 50 

columns and 61 layers. Among the multiple realisations of lithological heterogeneity 

investigated by Michael and Khan (2016), one of the realisations (Realisation 19) that 

showed an elevated vulnerability to rapid downward flow was selected for the present 

study. The grid resolution in lateral direction was 20 m. Extraction wells were placed in 

all cells between layers 5 and 11 as well as between layers 32 and 36 to simulate irrigation 

and domestic pumping, respectively. The first simulation assumed a homogeneous 

hydraulic conductivity distribution and employed a uniform value of 5 × 10-4 m/s for the 

horizontal hydraulic conductivity and a uniform vertical hydraulic conductivity of 5 × 10-

8 m/s. In the heterogeneous simulations, hydraulic conductivities were generated based 

on 54 429 driller log data points from 793 boreholes. Lithological descriptions were 

categorised as medium and coarse sand, fine sand, and silt and clay. Variogram models 

fitted to the data were used in sequential indicator simulation to produce 20 different 
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realizations (Michael and Khan, 2016). For more information, refer to Michael and Khan 

(2016). 
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4.3.4 Investigated model variants S1-S5 – Impact of arsenic sorption model  

In the first step, several model variants were defined to study the impact of arsenic 

sorption and, more particularly, how the choice and complexity of the arsenic sorption 

model can affect arsenic mobility under variable geochemical conditions and thus the 

Table 4.2: Surface complexation reactions, associated site densities and log K’s for the Holocene (Rawson et 

al., 2017) and Pleistocene (Rathi et al., 2017) aquifers  

 

Arsenate and Arsenite Surface Complexation Constants for Holocene Aquifer (Rawson et al., 2017) 

 Site density Log K’s 

Hol_𝑎OH + AsO + 3H = Hol_𝑎H AsO +  H O 4.0 x 10-2 37.7 

Hol_𝑎OH + AsO + 2H = Hol_𝑎HAsO + H O 4.0 x 10-2 31.5 

Hol_𝑎OH + PO + 3H = Hol_𝑎H PO + H O 4.0 x 10-2 31.0 

Hol_𝑎OH + PO + 2H = Hol_𝑎HPO +  H O 4.0 x 10-2 22.0 

Hol_𝑎OH + PO + H = Hol_𝑎PO + H O 4.0 x 10-2 19.6 

Surface Complexation Constants for the Pleistocene Aquifer (Rathi et al., 2017) 

Pleis_aOH+ H+ = Pleis_aOH+ 1.302 x 10-5 3.80 

Pleis_aOH = Pleis_aO- + H+ 1.302 x 10-5 -2.76 

Pleis_𝑎OH + AsO + 3H = Pleis_𝑎H AsO + H O 1.302 x 10-5 42.02 

Pleis_𝑎OH + AsO + 2H = Pleis_𝑎HAsO +  H O 1.302 x 10-5 42.29 

Pleis_𝑎OH + AsO + H = Pleis_𝑎AsO +  H O 1.302 x 10-5 26.21 

Pleis_𝑎OH + PO + 3H = Pleis_𝑎H PO +  H O 1.302 x 10-5 34.98 

Pleis_𝑎OH + PO + 2H = Pleis_𝑎HPO + H O 1.302 x 10-5 28.74 

Pleis_𝑎OH + PO + H = Pleis_𝑎PO +  H O 1.302 x 10-5 11.87 

Holo_wOH represent weak sorption. Concentration units mol.L-1. Surface complexation constants are log K’s.  
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assessment of the sustainability of deep aquifer groundwater extraction. The first model 

variant S1 was set up as a reference case to define arsenic breakthrough times in the 

absence of any sorption or other reactions, while simulations S2 and S3 were set up to 

define reference cases for the linear sorption model as employed by Michael and Khan 

for sand (Kd = 1.5 L/Kg) and for silts and clays (Kd = 3.0 L/Kg), respectively. Surface 

complexation reactions were employed in model variants S4 and S5 to simulate the 

influence of spatial and temporal geochemical variability on arsenic sorption and to assess 

the impact of this additional complexity relative to the linear sorption model employed 

by Michael and Khan (2016). Two different previously developed surface complexation 

models were employed in model variants S4 and S5 to represent the respective typical 

sorption characteristics of Holocene and Pleistocene sediments. For the aquifer sections 

representing a Holocene aquifer the employed surface complexation reactions were 

adopted from Rawson et al. (2017), who investigated arsenic mobility in a shallow 

Holocene aquifer in the Bengal Delta. For the aquifer sections representing a Pleistocene 

aquifer, the surface complexation reactions were adopted from Rathi et al. (2017), who 

developed a surface complexation model that represents the results from batch sorption 

experiments with sediments from a Pleistocene aquifer near Van Phuc/Vietnam. All 

surface complexation reactions, site densities and log K’s employed for model scenarios 

S4 and S5 are listed in Table 4.2. The model simulations S1 – S5 employed water 

compositions representative of two typical Bangladesh groundwaters (Table 4.3). The 

water composition throughout the section representing the Pleistocene aquifer was 

assumed to be arsenic-free, whilst Holocene groundwater was assumed to be high in 

arsenic. The Holocene groundwater composition was also applied through a specified 

concentration boundary condition at the model’s upstream boundary.  

The two water chemistries representing groundwater from Holocene and Pleistocene 

aquifers were adopted from Zheng et al. (2005), who characterized geochemical 

conditions and elucidated the contrast between shallow and deep aquifers in two villages 

in the Araihazar region, Bangladesh. The two specific water compositions that were 

employed in the numerical models were “Bayp7” for the Holocene aquifer and “Darip8” 

for the Pleistocene aquifer. Arsenic prevailed as As(III) in the “Bayp7” water sample, 

while no  As speciation was provided for the Darip8 water composition. For this study 

we assumed that arsenic was initially present as As(III) throughout the model domain and 

remained in that redox state throughout the simulation period. The details of the employed 

aqueous compositions are listed in in Table 4.3. 
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Table 4.3:  Initial water compositions representing typical Holocene and Pleistocene aquifer 

composition from a Bangladesh aquifer (Zheng et al., 2005). 

 Holocene Water Chemistry  (mol/L) Pleistocene Water Chemistry (mol/L) 

Ammonia 1.401e-05 0 

As (3) 4.943e-07 1.335e-08 

As (5) 0 0 

C(+4) 1.328e-02 5.735e-03 

C(-4) 0 0 

Ca 2.933e-03 6.202e-04 

Cl 4.153e-03 1.856e-03 

Fe(+2) 2.342e-04 5.001e-06 

Fe(+3) 0 0 

K 1.501e-04 5.001e-05 

Mg 2.072e-03 5.001e-04 

N(+3) 0 0 

N(+5) 8.408e-05 0 

Na 4.374e-03 2.031e-03 

O 0 0 

P 9.109e-05 1.000e-05 

SO4
2- 4.635e-04 4.001e-05 

pH 6.710 6.17 

Pe 0 0 

 

 

4.3.5 Investigated 1-D model variant S6 – Impact of in situ arsenic mobilization  

The second phase of the study (S6) focussed on the question on how in situ mobilization 

of arsenic through reductive dissolution of iron oxides could affect the previously 

obtained predictions of aquifer vulnerability in which only arsenic sorption was 

considered. In general, this primary redox reaction and the associated secondary reactions 

that occur in response to the primary reactions can be implemented at various level of 
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complexity. For the present study the conceptual model and its numerical implementation 

were adopted from a recent field-scale modelling study reported by Postma et al. (2017), 

who investigated the fate of arsenic during recharge into aquifers from Red River, Hanoi. 

In their study the reductive dissolution of iron oxides coupled to the kinetically controlled 

oxidation of sedimentary organic carbon was the key reaction controlling the in situ 

release of arsenic and main driver of geochemical changes. They assumed that arsenic 

release occurs tightly linked with the reduction of iron oxides, as represented by:  

Fe(OH)2.9964(AsO4)0.0012 + 2.9964H+ → Fe+3 + 2.9964H2O + 0.0012AsO4
-3   (4.1) 

The kinetic rate expression describing ferrihydrite dissolution is as follows:  

𝑅  =  𝑀 × 2.54 × 10 ×
𝐹𝑒(𝑂𝐻)3𝐴𝑠)

0.394

.

× 1 − 𝑆𝑅 ( )                      (4.2) 

where 𝑀  is the initial concentration of ferrihydrite, 𝑆𝑅 ( )  is the saturation ratio of 

ferrihydrite, and 2.54 × 10  sec-1 is a rate constant determined from a previous study 

(Postma et al., 2016). Also consistent with the study of Postma et al. (2017) the kinetic 

rate expressions for calcite dissolution (Eqn 4.3) and siderite (FeCO3) precipitation (Eqn 

4.4) were also considered in the model. The former was modeled as 

𝑟  =  𝑀𝑜  ×  2.38 × 10 ×
.

× (1 − 𝑆𝑅 )                       (4.3)  

where 𝑅  is the dissolution rate of calcite is, 𝑀𝑜  is the initial mass of 

calcite, 𝑀  is the actual mass of calcite, 2.38 × 10   sec-1 is a rate constant 

(Postma et al., 2016), and 𝑆𝑅  is the saturation ratio of calcite. Siderite precipitation, 

on the other hand, was modeled as: 

𝑟  =    3.17 × 10 × (1 − 𝑆𝑅 )                                               (4.4) 

where 𝑆𝑅 is the saturation rate of siderite, and 3.17 × 10  sec-1 is a rate constant 

(Postma et al., 2016). While the definition of the mineral reactions was fully adopted from 

Postma et al. (2017), the reaction network also included the surface complexation model 

implementation that was considered in model variants S4 - S5.  

In model variants S6, corresponding to the vertical stratification assumed by Michael and 

Khan, the first 50 m of the model domain was defined to represent the shallow Holocene 

aquifer section while the remaining 250 m represented the deeper Pleistocene aquifer 

section. The initial concentrations were therefore accordingly set to represent the water 

composition “Bayp7” for the Holocene aquifer and to “Darip8” for the Pleistocene 

aquifer section. Sedimentary organic carbon was only assigned to the Holocene aquifer. 
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The initial concentration and the employed oxidation rate constant was adopted from 

Postma et al. (2017). Reductive dissolution of iron oxides was allowed throughout the 

model. Calcite was only assumed to be present in the Holocene aquifer. Siderite 

precipitation was allowed throughout the aquifer. The employed rate constant was 

adopted from Postma et al. (2017).  

 

4.3.6 Investigated model variants – Impacts of sorption (S7) and in situ arsenic 

mobilization (S8)  

For model variants S7 and S8 the full 3-D flow groundwater simulation as described 

above served as the basis for the reactive transport simulations. Model variant S7 was 

focused on comparing the impact of substituting the Kd sorption model (which assumed 

uniform sorption coefficient (Kd) of 1.5 L/kg) with a surface complexation model to 

represent the impact of arsenic sorption on the predicted arsenic transport behaviour 

towards deep wells. Similar to the setup of the 1-D model variant S5 two different sets of 

water chemistries (Zheng et al., 2005) (see also Table 4.3) were allocated with the 

Holocene water composition representing the top layer as a constant concentration 

boundary and for the remainder of the aquifer the Pleistocene water chemistry was 

implemented for the initial water composition (see Table 4.3).  

Model variant S8 represents the most complex simulation as it combines the full set of 

geochemical processes, as described for model variant S6, with the highly non-uniform 

flow field of the 3D groundwater flow simulation.  

 

4.4 Results and Discussion 

4.4.1 Impact of sorption model on arsenic migration rates 

For the 1-dimensional model setup defined for model variants S1-S5 and in the absence 

of any arsenic attenuation mechanism, i.e., for model variant S1, arsenic breakthrough at 

the depth of 150m representing deep drinking water extractions occurs after 250 years. 

Figure 4.1 illustrates the bracket of arsenic breakthrough times as defined by the two 

reference cases (S2 and S3). Compared to the non-reactive case arsenic breakthrough 

times increase to 550 years for S2, which assumed a Kd of 1.5 L/kg corresponding to 

sandy aquifer material and 940 years for S3, which employed a Kd of 3.0 L/kg, similar to 

the value used by Michael and Khan (2016) to represent the sorption characteristics of 
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silt/clay. It should be noted that those values are not derived from measurements on those 

facies, but are rather the result of a thought experiment put forward in Michael and Khan’s 

(2016) paper. The study hypothetically assumed that all sorption in a batch experiment 

containing multiple facies was due only to sorption on a single facies, so the Kd was based 

on the proportion of that facies and the overall measured Kd. Figure 4.1 also shows the 

computed breakthrough curves for the two model variants (S4 and S5) in which arsenic 

sorption was considered through a surface complexation model. In contrast to the linear 

sorption model, arsenic migration rates are in these cases a function of the water 

composition, in particular phosphate concentrations as well as the spatially and 

temporally varying pH. For the setup and water compositions defined in model variants 

S4 and S5, arsenic migration rates are in both cases slower than predicted by the Kd-based 

model variants (S2 and S3). Predicted arsenic breakthrough times at the depth of the deep 

well drinking water extraction are ~1200 years and ~1800 years, respectively. Note, 

however, that the obtained results also strongly rely on the assumed sorption site density, 

which in model variant S4 was adopted from Rathi et al. (2017) and in S5 from Rawson 

et al. (2017). The apparent (average) retardation factors calculated for arsenic in the 

variants S4 and S5 were 4.8 and 7.2 respectively.  

Figure 4.1:  Arsenic breakthrough curves at a depth of 150m for model variants S1-S6. 
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4.4.2 Impact of in situ arsenic mobilization 

The setup and simulation results for model variant S6 represents a significant shift away 

from the conceptual model where the upstream model boundary is the only source of 

arsenic. Here arsenic mobilization occurs as a result of reductive dissolution of Fe(III) 

oxides and thus occurs throughout the entire Holocene aquifer. Arsenic breakthrough at 

a depth of 150m occurs after ~300 years, with the earliest arrival occurring only 50 years 

later than variant S1, which assumes no arsenic attenuation mechanisms (see Figure 4.1). 

Breakthrough of C/C0 = 0.5 occurs even before the corresponding breakthrough of S1. 

This is explained by the fact that in situ mobilisation occurs over the entire Holocene 

aquifer and therefore the travel distance towards the extraction well at a depth of 150m is 

shortened.  Within the Holocene section of the aquifer arsenic concentrations steadily 

increase with depth as a result of reductive dissolution of Fe-oxides and its concomitant 

release of As. Arsenic concentrations increase to >10 µM at the deepest part of the 

Holocene aquifer (see Figure 4.2).  Within the Pleistocene section of the aquifer very little 

sorption occurs through sorption and the arsenic front progressively moves with little 

retardation deeper into the aquifer reaching ~105 m depth after 200 years, and ~165 m 

after 400 years (see Figure 4.2). The two main reasons for the lack of significant arsenic 

retardation is the assumed presence of elevated phosphate concentrations, as defined by 

the employed water compositions that were adopted from Zheng et al. (2005) and the 

increase of pH that occurred during iron reduction within the Holocene aquifer (see Figure 

4.3). The mobility of arsenic is therefore higher than in the mobility predicted by the Kd 

approach, even though model variant S5, which used different water compositions, 

initially showed a greater retardation effect by the employed SCM.  
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Figure 4.2:  Arsenic concentrations with depth at 50, 200, 400, and 1000 years respectively 

for model variant S6. 
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Figure 4.3: Selected concentration depth profiles for model variant S6 after 50 years 

(yellow), 200 years (salmon), and 400 years simulation time (red). 0 to 50m depth (grey) 

represents the Holocene aquifer section), 50 to 150m depth (light blue) represents the 

Pleistocene aquifer section. SOM represent sedimentary organic carbon. 

 

4.4.3 3-dimensional simulations 

Using a uniform Kd of 1.5 L/Kg Michael and Khan (2016) previously reported that after 

a 1000 year simulation time only 2% of the control plane positioned at 150 m depth 

showed arsenic to exceed the threshold level that was used to define a location as arsenic 

polluted. In contrast, the present simulations for S7 which employed the surface 

complexation model of Rathi et al. (2017), showed that no arsenic that was entering the 

model at the top of the aquifer reached a depth of 150 m after 1000 years. The result 

further confirm the results of the corresponding 1D simulations, which already suggested 

that for the employed Pleistocene SCM of Rathi et al. (2017) arsenic retardation exceeded 

the retardation that was assumed in the kd-based simulations of Michael and Khan (2016). 
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However, by additionally inducing reductive dissolution of iron oxides in the simulations 

(S8), the obtained results differ significantly (see Figure 4.4). The simulations results 

suggest that after a 1000 year simulation time arsenic reaches 55% of the extraction wells 

that are positioned at a depth of 150 meters. Furthermore the high arsenic concentrations 

that reach a depth of 150m are also located in different locations compared to the results 

obtained by Michael and Khan (2016). This is explained by the fact that in Michael and 

Khan’s model, arsenic moves downward along preferential flow paths from the very top 

of the model, i.e., corresponding to the ground surface. However, in S8 arsenic is released 

at different locations within the Holocene aquifer, connecting new preferential flow paths 

into the Pleistocene aquifer (Figure 4.4). This highlights the well-known point that 

organic carbon is an important driver of arsenic mobility, either from decomposing plants 

or from buried peat layers, as it is driving the reductive dissolution of Fe-oxides thus 

releasing arsenic to the groundwater. More importantly, the real insights gained from this 

study are in arsenic’s distribution relative to groundwater flow elucidating that 

contamination could occur in localized areas within the deeper aquifers in the presence 

of pumping. However hydrological and geochemical heterogeneity is very difficult to 

determine highlighting the need for extensive monitoring networks to limit future arsenic 

poisoning.  

 

Figure 4.4: Reactive-transport simulation results for model variant S8 for arsenic at a depth 

of 150m.  
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4.5 Implications 

This study was aimed to provide a preliminary assessment on whether the consideration 

of more detailed geochemical reaction processes into a model-based vulnerability 

assessment for deep aquifers could lead to fundamentally different results, compared to 

previously obtained results that were obtained through single-species transport 

simulations that considered arsenic sorption as the sole geochemical process to affect 

overall arsenic mobility. The results illustrate that depending on the selected model 

approach and depending on the assumed initial distribution of water compositions 

predicted travel times can differ significantly from previous predictions, (e.g., 250 to 1800 

years in the 1-dimensional scenarios) even though the predictions were underpinned by 

the same groundwater flow conditions. Furthermore, it is evident that coupling 

hydrological and geochemical heterogeneity into a 3-D model, the deeper aquifers 

become more vulnerable to localised arsenic contamination, which varies depending on 

the model approach, highlighting the requirement for an extensive monitoring network if 

the deeper aquifers are going to be utilised as a drinking water resource. 

The results warrant future, more detailed and site-specific investigations that more closely 

consider local conditions. In the 1D simulations the fastest breakthrough times occur as a 

result of phosphate acting as a strong competitor for sorption sites for arsenic, and 

therefore decreasing arsenic retardation compared to predictions that assumed the same 

surface complexation model but different water compositions. To reduce the current 

uncertainty more site-specific investigations should in the future use site-specific water 

compositions and site or at least region-specific surface complexation models for arsenite 

with local sediments to better understand the large-scale retardation behaviour and how 

it is affected by phosphate and other groundwater constituents. This would overcome one 

of the limitations of the current study, which, for illustrative purposes, used the surface 

complexation model that was developed for Pleistocene sediments from Vietnam. Finally, 

while a full uncertainty assessment was beyond the scope of the current study, future work 

should consider a broader range of geochemical factors in uncertainty assessments. 

Building on Michael and Khan’s approach who considered lithology-dependent kd values 

in their models in which combined hydrological and geochemical heterogeneity was 

assessed, future work should include experimental and modelling work that investigates 

lithology-dependent variations of the sorption behaviour.            
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CHAPTER 5. Summary of Research Contribution 

 

The objective of this PhD thesis was to develop and test numerical modelling approaches 

that allow for an in-depth analysis and detailed quantification the geochemical processes 

that control arsenic mobility. The developed quantitative capabilities now provide a solid 

basis to predict the long-term fate of arsenic in settings where the reductive dissolution 

of Fe-oxides plays an important role. Through extensive testing of conceptual models, 

constrained by data from well-controlled laboratory studies and field experiments new 

insights on how arsenic mobility is affected by multiple geochemical processes were 

presented.  

In the first study, a process-based modelling framework was developed to describe the 

complex interactions that evolve during the reductive dissolution of ferrihydrite and its 

partial transformation to magnetite. The experimental data that guided the model 

development were provided by a well-controlled laboratory study in which lactate was 

used to induce the reductive dissolution of iron from ferrihydrite filled columns pre-

loaded with arsenic. The experimental results showed some non-intuitive behaviour that 

was inconsistent with previously existing conceptual and numerical models of arsenic 

release by reductive iron dissolution given that arsenic concentrations were decreasing in 

the effluent during the initial phase of the experiment.  A number of conceptual models 

were tested and evaluated for their capacity to capture the observed arsenic and iron 

breakthrough dynamics. The most plausible variant, which closely describes all 

experimental observations, was that the released arsenic was allowed to be captured via 

sorption and co-precipitation with the freshly transformed magnetite. This result 

contradicts simplistic model of reductive dissolution of Fe(III) while illuminating that 

iron mineral transformations have a severe impact on the mobility of arsenic.  

The second study focussed on further testing and refining the modelling framework and 

findings from the first study against data from a field-scale sucrose injection experiment 

in West Bengal, India.  As in the laboratory-scale study arsenic release during reductive 

dissolution of Fe(III) oxides by reactive organic carbon was affected by complex 

interactions that prevented a simplistic stoichiometric release of ferrous iron and arsenic. 

The modelling study was used to elucidate and quantify the impact of multiple secondary 

reactions that were influencing the mobility of arsenic. The reaction network which best 

captured the field observations employed Fe(III) mineral transformations and associated 
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arsenic capture through co-precipitation during the formation of magnetite. However, the 

modelling results suggested that the extent of to which arsenic was captured by co-

precipitation was far less pronounced compared to the laboratory-scale study (Chapter 2).  

The objective of the final part of the thesis was to develop and analyze a set of modelling 

scenarios to understand how more complex chemistry affects As migration and release in 

the presence of large scale aquifer heterogeneity. A previously defined simulation 

framework that incorporated both hydrogeological and geochemical heterogeneity was 

used as a basis for assessing the impact of a more process-based numerical modelling 

approach for reductive dissolution and associated arsenic release against the previously 

employed more simplistic model of arsenic mobility that accounted solely for a linear 

sorption of arsenic. It was evident from this study that the key to determining arsenic 

mobility, is determining the sources of organic carbon which provides the stimulus for 

reductive dissolution of arsenic laden iron oxides. More importantly, the real insights 

gained by coupling hydrological and geochemical heterogeneity into a 3-D model is that 

the deeper aquifers are more vulnerable to localised arsenic contamination which provides 

evidence for the requirement of an extensive monitoring network if the deeper aquifers 

are utilised as a drinking water resource. 

Overall the most important contribution of this research work is that it was able to provide 

the first model-based and data-constrained quantification of the linkages between iron 

mineral transformation processes and arsenic mobility.   The newly gained insights will 

assist with the interpretation of arsenic polluted sites and the newly developed model 

framework can serve as a basis for site-specific predictions of the long-term fate of 

arsenic. 
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APPENDIX A Supporting information for CHAPTER 2 

 

Additional informational is provided in this supporting information. This material is also 

available via the internet at httP://pubs.acs.org. 

 

A.1 Supporting Information on Posterior Parameter Uncertainty Analysis for 

Conceptual Model S4b 

The PSO calibration method was also used to address posterior uncertainty of model 

parameters for model variant S4b. This procedure is approximately Bayesian, i.e., the 

posterior parameter uncertainty is conditioned on a prior probability distribution of model 

parameters, which is developed based on values published in literature. This remedies the 

calibration procedure from any potential “over-fitting” issues, such that the resulting 

estimated parameters agree well with what has been previously published. Each 

parameter was assumed to have a uniform prior distribution, based on an upper and lower 

bound found amongst various sources in the literature and expert knowledge (Table A2). 

The PSO procedure then samples randomly from the prior distribution of model 

parameters, and initializes the swarm with these random parameters. Once a particle(s) in 

the swarm reaches a calibrated solution (based on an appropriate value of the least-squares 

objective function), it is saved, and a new particle is initialized in its place (again, based 

on prior probability distributions of parameters). This procedure was executed until 528 

acceptable, calibrated parameter sets were obtained. These parameter sets were analyzed 

statistically and presented in Table B1. Based on the mode of the resulting sample 

histogram, a highly likely parameter set was chosen as the calibrated set for this study. 

The posterior parameter uncertainty was reduced greatly from that of the prior uncertainty 

for all parameters (Table B1). This illustrates that all parameters are sensitive to model 

outputs. Parameters magw and magr2 exhibited the smallest variance reduction, 

indicating that these parameters are relatively the least sensitive to model outputs. 

Furthermore, almost all parameters are uncorrelated, save for a reasonable correlation 

between hfow and as3wfeoh00 of -0.76. Milder correlations were observed between hfow 

and asfeoh2; as3wfeoh00 and as5wfeoh02; and, between aswfeoh02 and org5. Otherwise, 

all correlation coefficients were relatively small (i.e., absolute value is less than 0.60). 

These results indicate that the estimation procedure was reasonably well-determined, and 
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that any “over-fitting” issues, resulting from parameter insensitivity or correlation, are 

likely to be insignificant. 

 

A.2 Supporting information on redox transformations of arsenite (S3) 

In a subset of model variant S3, the different degrees of initial arsenite oxidation (0%, 

50%, and 100%) were tested by two different approaches (S3a, S3b) which did not 

consider magnetite incorporation (see Table A3). In both approaches the degree of 

arsenite oxidation was controlled by adjusting the initial proportions of arsenite and 

arsenate accordingly. In the first set of variants (3a_0, 3a_50, 3a_100) the surface site 

densities were fixed at 0.2 mol/mol of ferrihydrite in the abiotic column whilst arsenic 

surface complexation constants were manipulated. In the second set of variants (3b_0, 

3b_50, 3b_100), the Dzombak and Morel’s (1990) arsenic surface complexation 

constants were fixed, and the surface site densities were manipulated. In each of these 

model variants the reported arsenic surface loading (Tufano and Fendorf, 2008a) was 

attained.  

 In the first set of scenarios (S3a_0, 3a_50 and 3c_100), the closest agreement to the 

arsenic experimental data was achieved for a complete (100% in 3a_100) oxidation of 

arsenite to arsenate (Fig. A4). However, even in that case the overall model fit was poor 

with arsenic concentrations upon injection of 7.7mM of lactate rapidly increasing before 

gradually decreasing again as a result of sorbed arsenic decreasing during ferrihydrite 

reduction (Fig. A4). Both other model permutations (0% in 3a_0 and 50% in 3a_50 

arsenite oxidation) also yielded poor arsenic fits. This suggests that no reasonable match 

of the measured data are achievable while using the original Dzombak and Morel’s 

arsenic surface complexation constants(Dzombak, 1990) in conjunction with a surface 

site density of 0.2 mol/mol of ferrihydrite.  

In the second set of scenarios (S3b_0, 3b_50 and 3b_100), substantially improved model 

fits were obtained for the 50% (3b_50) and 100% (3b_100) arsenite oxidation 

permutations for both the abiotic and the lactate amended columns (Fig A4). This 

suggests that, if it had indeed occurred, the (partial) oxidation of arsenite to arsenate was 

possibly a significant process that could in principle explain all experimental data 

observed in the both the abiotic and biotic columns. Simulated ferrous iron breakthrough 

curves were not significantly affected by the variations in the conceptualization of the 
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arsenic attenuation. The surface site densities and arsenic surface complexation constants 

employed in the various permutations of S3a and S3b are listed in Table A3. 

 

Table A1: Equilibrated and Charged Balanced Initial Background Water 

Composition [mol L-1. except pH and pe] derived from Tufano and Fendorf. (2008a) 

 

 Component/mineral   

 pH 7  

 pe 4 

 Ca 4.02 × 10-3 

 Cl 1.14 × 10-2 

 Fe(II) 8.31 × 10-6 

 Fe(III) 3.68 × 10-9 

 K 2.70 × 10-3 

 Mg 3.02 × 10-4 

 P 5.64 × 10-10 

 Na 3.00 × 10-4 

 SO4 3.00 × 10-4
  

 As(III) See Table A2 

 As(V) See Table A2 

 PIPES Buffer 1.00 × 10-2  

 Lactate                    `
                    0, 7.7 × 10-3, 0.8 × 10-3, 0.08 × 10-3 (various loads 

investigated) 

 Fe(OH)3 1.14 × 10-4  
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Table A2. Calibration results for conceptual model S4b. 
   

   
Prior Information 

  

Parameter Abbrev. Name Calibrated value Lower Bound Upper Bound Prior Info Source Prior Variance 

Initial concentration of aqueous As(III) icas3 5.43122997E-06 1.00E-06 1.00E-05 Expert Knowledge 6.750E-12 

Initial concentration of aqueous As(V) icas5 1.04841767E-05 0.00E+00 5.00E-05 Expert Knowledge 2.083E-10 

Sorption site density of weak sites (ferrihydrite) hfow 5.59564747E-02 5.00E-02 3.10E-01 1, 3 5.633E-03 

Sorption site density of weak sites (magnetite) magw 1.40723607E-02 1.00E-02 4.00E-02 1 7.500E-05 

Arsenate and Arsenite Surface Complexation Constants for Ferrihydrite 
     

Hfo_wOH+ H3AsO3 = Hfo_wH2AsO3 + H2O as3wfeoh00 5.53075845E+00 4.02E+00 5.56E+00 1, 2 1.976E-01 

Hfo_wOH+AsO4
-3+3H+= Hfo_wH2AsO4 + H2O as5wfeoh03 2.84889937E+01 2.42E+01 3.44E+01 2 8.670E+00 

Hfo_wOH+AsO4
-3+2H+ = Hfo_wHAsO4

- + H2O as5wfeoh02 2.32387215E+01 2.32E+01 2.44E+01 1, 2 1.200E-01 

Hfo_wOH+AsO4
-3 + H+=Hfo_wAsO4

-2 as5wfeoh00 5.98452176E+00 6.50E+00 1.15E+01 1, 2 3.865E+00 

Arsenate and Arsenate Surface Complexation Constants for Magnetite 
     

Mag_wOH+ AsO3 = Mag_wH2AsO3 + H2O as3wmag00 4.81938804E+00 0.00E+00 7.67E+00 1 3.586E+00 

Mag_wOH+AsO4
-3+3H+= Mag_wH2AsO4 + H2O as5wmag03 3.15000170E+01 2.00E+01 4.00E+01 Expert Knowledge, 1, 2 3.333E+01 

Mag_wOH+AsO4
-3+2H+ = Mag_wHAsO4

- + H2O as5wmag02 2.20952542E+01 1.90E+01 2.90E+01 Expert Knowledge, 1, 2 8.333E+00 

Mag_wOH+AsO4
-3=Mag_wOHAsO4

-3 as5wmag00 7.19508848E+00 5.00E+00 1.30E+01 Expert Knowledge, 1, 2 5.333E+00 

Kinetic Reaction Rate Constants 
      

As(V) transformation to As(III) as5_as3 3.47317196E-09 3.00E-09 6.00E-09 Expert Knowledge 2.083E-18 

Magnetite precipitation magr1 1.12009900E-04 5.00E-05 5.00E-03 Expert Knowledge 2.042E-06 

C_m (Eqn.2.3) magr2 2.11698279E-01 2.00E-01 2.25E-01 Expert Knowledge 5.208E-05 

As inc. into magnetite (As:Fe molar ratio) asinc 4.85304062E-01 5.00E-02 1.00E+00 Expert Knowledge 7.521E-02 

Ferrihydrite dissolution org5 9.95262005E-09 1.00E+09 5.00E-08 Expert Knowledge 2.001E-16 
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Table A3: Subset of model variant S3, evaluating different degrees of arsenite oxidation 

to test arsenic mobilization and attenuation (Tufano and Fendorf, 2008a). All variants 

include arsenic desorption by chemical disequilibrium during pore water replacement, 

arsenic release during reductive dissolution of iron, and adsorption of arsenic onto 

magnetite. 

 

 Model variant Considered arsenic attenuation processes 

 S3a_0 0% As(III) oxidation + optimized surface complex constants. 

 S3a_50 50% As(III) oxidation + optimized surface complex constants. 

 S3a_100 100% As(III) oxidation + optimized surface complex constants. 

 S3b_0  0% As(III) oxidation + optimized surface site densities. 

 S3b_50  50% As(III) oxidation + optimized surface site densities. 

 S3b_100  100% As(III) oxidation + optimized surface site densities. 
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Table A4: Parameters fitting a range of different degrees of arsenite oxidation. For all 

reactions log K’s are tabulated. Units for surface site densities are mol/mol of ferrihydrite.   

  Arsenite oxidation 

 0% 50%              100% 

Surface site densities remain constant 

Hfo_wOH + H3AsO3 = Hfo_wH2AsO3 + H2O 4.15 4.15      4.15 

Hfo_wOH + AsO4
-3 + 3H+ = Hfo_wH2AsO4 + H2O 29.31 29.31     29.31 

Hfo_wOH + AsO4
-3 + 2H+ = Hfo_wHAsO4

- + H2O 23.51 22.1                24.11 

Hfo_wOH + AsO4
-3 = Hfo_wOHAsO4

-3 10.58 8.3        11.1 

Surface Site Density (weak) 0.2  0.2      0.2 

Surface Site Density (strong)  0.005 0.005      0.005 

Surface complexation constants remain consistent with Dzombak and Morel 

Hfo_wOH + H3AsO3 = Hfo_wH2AsO3 + H2O 5.41 5.41       5.41 

Hfo_wOH + AsO4
-3 + 3H+ = Hfo_wH2AsO4 + H2O 29.31 29.31      29.31 

Hfo_wOH + AsO4
-3 + 2H+ = Hfo_wHAsO4

- + H2O 23.51 23.51      23.51 

Hfo_wOH + AsO4
-3 = Hfo_wOHAsO4

-3 10.58 10.58      10.58 

Surface Site Density (weak) 0.066 0.12        0.232 

Surface Site Density (strong) 0.00165 0.003     0.0058 
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Figure A1: Simulated (S4b) column profiles for 0.08mM lactate amended column for (flow from 

left to right). Row 1: Aqueous ferrous iron concentrations. Row 2 and 3 are major sorbed ions 

onto ferrihydrite and magnetite respectively; green is hydroxyl group, red is total arsenic, and 

blue is ferrous iron. Row 4: Arsenic incorporated into magnetite. 
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Figure A2: S2 simulation results for arsenic and ferrous iron for four columns amended with 

varying lactate concentrations. To attain this fit a As:Fe molar ratio of 1:0.6 was used. Symbols 

represent observed concentrations for the abiotic (red triangle), 7.7mM (blue circle), 0.8mM 

(inverted black triagle), and 0.08mM (green square) column experiments from Tufano and 

Fendorf ( 2008a) respectively. Solid lines represent the calibrated model.  
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Figure A3: S3 simulation and experimental results for arsenic and ferrous iron for four columns 

amended with varying lactate concentrations. Symbols represent observed concentrations for the 

abiotic (red triangle), 7.7mM (blue circle), 0.8mM (inverted black triangle), and 0.08mM (green 

square) column experiments from Tufano and Fendorf ( 2008a) respectively. Solid lines represent 

the calibrated model.  
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Figure A4: S3a (left column) and S3b (right column) simulation results for arsenic and ferrous 

iron. Solid lines represent varying degrees of arsenite oxidation. On the left column the surface 

site density was fixed for each simulation whilst the arsenic surface complexation constants were 

changed to attain the reported surface loadings. On the right column arsenic surface complexation 

constants were fixed(Dzombak, 1990) whilst surface site densities were changed to again attain 

reported arsenic surface loadings. The cyan dashed lines represent the optimized model (S3) 

where both surface site densities and arsenic surface complexation constants were optimized, 

which resulted in an As(V):As(III) ratio of 83%.  Symbols represent observed concentrations for 

the abiotic and 7.7mM column experiments from Tufano and Fendorf ( 2008a) respectively.   
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APPENDIX B Supporting Information for CHAPTER 3 

 

Additional material includes a table explaining different model variants and two additional 

figures related to field and modelling results for wells B and D. The Supporting Information is 

available free of charge on the ACS Publications website: httP://pubs.acs.org. 
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Table B1: Details on model variants, explaining different processes considered in individual model 

simulations. 

 Calibrated 
model 

Non-
reactive 
model 

No cation 
exchange 

No magnetite 
or siderite 

precipitation 

pH 
influence 

alone 

Fe reduction 
only  

(fixed pH) 

 #1 #2 #3 #4 #5 #6 

Glucose to acetate: 

C6H12O6 + 4H2O → 2C2H3O2
- + 2HCO3

- + 
4H+ + 4H2 

 
 

  
 

 

Acetate mineralization: 

2C2H3O2
- + 8H2O → 4HCO3

- + 18H+ +16e- 

 
 

  
 

 

Ferrihydrite dissolution: 

Fe(OH)3 (s) + 3H+ + e- → Fe2+ + 3H2O 

 
 

  (*)  

Manganese dissolution: 

MnO2 (s) + 4H+ + 2e- → Mn2+ + 2H2O 

 
 

  (*)  

Siderite precipitation 
 

 
 

 
  

Arsenite precipitation with magnetite: 

Fe2+ + 2Fe3+ + 2H3AsO3 + H2O →   
Fe3O4As2O3 (s) + 8H+ 

 
 

 
  

 

Carbonate buffering: 

CaCO3 (s) + 2H+ →   Ca2+ + CO2 + H2O 

 
 

    

Surface complexation reactions with easily 
reducible Fe(III) oxides 

 
 

    

Surface complexation reactions with non-
easily reducible Fe(III) oxides 

 
 

    

Cation exchange 
 

  
   

Fixed pH      
 

Addition of HCl to simulate a pH decrease 
in the absence of sucrose injection 

    
 

 

(*) Fe(OH)3(a) and MnO2(s)mineral equilibrium were included, but reactions were not driven by redox 

disequilibrium  
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Figure B1: Field experimental results (symbols), calibrated reactive model results (solid lines) and 

non-reactive (i.e., conservative) model results (dash lines) for well B. After the short injection of 

sucrose/glucose concentrations, most constituents spiked.  Higher Cl- concentrations were found 

in Well A from which groundwater was extracted. These higher Cl- concentrations were injected 

into Wells B, C, and D, and used to constrain groundwater flow and conservative transport.  

Mineral transformations from the calibrated reactive model are plotted as changes (i.e., delta) to 

initial conditions (grey solid line: calcite; blue solid line: easily-reducible Fe(III) oxides; red dash 

line: magnetite; and pink dash line: siderite). Iron(III) oxide dissolution and the decrease in pH 

releases As whilst precipitation reactions, specifically magnetite, attenuate As via co-precipitation.  
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Figure B2: Field experimental results (symbols), calibrated reactive model results (solid lines) and 

non-reactive (i.e., conservative) model results (dash lines) for well D. After the short injection of 

sucrose/glucose concentrations, most constituents spiked.  Higher Cl- concentrations were found 

in Well A from which groundwater was extracted. These higher Cl- concentrations were injected 

into Wells B, C, and D, and used to constrain groundwater flow and conservative transport.  

Mineral transformations from the calibrated reactive model are plotted as changes (i.e., delta) to 

initial conditions (grey solid line: calcite; blue solid line: easily-reducible Fe(III) oxides; red dash 

line: magnetite; and pink dash line: siderite). Iron(III) oxide dissolution and the decrease in pH 

releases As whilst precipitation reactions, specifically magnetite, attenuate As via co-precipitation. 
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APPENDIX C Supporting Information for CHAPTER 4 

 

C.1 Supporting Information on comparison between PHT3D, PHREEQC, and iPHT3D 

A conversion of the model from Postma et al.’s (2017) model to PHT3D (Prommer et al., 2003) 

was necessary as it was developed using PHREEQC (Parkhurst et al., 1999) which does not 

have the capability to integrate into a 3-dimensional model as developed by Michael and khan 

(2016) using Modflow. (Harbaugh and Geological Survey (U.S.), 2000) 1-dimensional models 

were constructed using PHT3D (Prommer et al., 2003) and iPHT3D, and the results were 

compared to the results from Postma et al’s (Postma et al., 2017) PHREEQC model to confirm 

that the model conversion was successful. The results are show in figure C1. 

 

Figure C1: Three different simulation results using the same model however using three different 

modelling platforms. In green: Postma et al.’s ( 2017) model in PHREEQC. In red: PHT3D. In 

blue dashed: iPHT3D. 
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APPENDIX D Conference Abstracts 

D.1 Modelling reductive dissolution of iron oxides and associated arsenic mobility 

under varying organic electron donor loads 

Presented at the 23rd Goldschmidt Conference, 8-13th June 2014, Sacramento, United States 

of America. 

Joey Rawson1,2,  Henning Prommer1,2,3, Michael Berg4  

1 The University of Western Australia, Crawley, Australia 

2National Centre for Groundwater Research and Training 

3CSIRO Land and Water, Wembley, Australia 

4Swiss Federal Institute of Aquatic Science and Technology 

Millions of individuals worldwide are chronically exposed to hazardous concentrations of 

arsenic from contaminated drinking water. Despite massive efforts towards understanding the 

extent and underlying geochemical processes of the problem, numerical modelling and reliable 

predictions of future arsenic behaviour remain a significant challenge. One of the key 

knowledge gaps concerns a refined understanding of the mechanisms that underly arsenic 

mobilization and the quantification of the factors that affect this process. In this study we focus 

on developing and testing of appropriate numerical model approaches to represent the 

microbially mediated reductive dissolution of iron oxides and the concomitant release of sorbed 

arsenic. 

The initial model development was guided by data and hypothesized processes from a 

previously reported well-controlled column study (Tufano and Fendorf, 2008a) in which 

arsenic desorption from ferrihydrite coated sands by variable loads of organic carbon was 

studied.  

The reaction network that was implemented into the reactive transport code PHT3D [2] 

simulates the reductive dissolution of ferrihydrite and associated iron phase transformation 

processes, which showed to play an integral part for arsenic mobilization and retention. It 

captures the impact of variable organic carbon loads and the corresponding increases in the rate 

of reductive dissolution of ferrihydrite and increased levels of arsenic mobilization. In addition 

the model simulations successfully reproduce the lab-observed iron phase transformations and 

the impact of these transformations (e.g., ferrihydrite to magnetite) on variations of arsenic 

sorption capacities and the associated arsenic mobility.   
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D.2 Quantifying reactive transport processes governing arsenic mobility in a Bengal Delta 

Plain aquifer 
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Over the last few decades significant progress has been made to characterise the extent and 

severity of groundwater arsenic pollution in S/SE Asia and to understand the underlying 

geochemical processes.  However, comparably little effort has been made to merge these 

findings into a fully coupled, quantitative framework that allows for a process-based assessment 

of the current and prediction of future arsenic behaviour. Therefore this contribution 

investigates suitable modelling approaches for a process-based quantification of microbially 

mediated reductive dissolution of iron oxide minerals and the concomitant release of sorbed 

arsenic at the field-scale.  

We employ data from an in situ field experiment in the Bengal Delta Plain which investigated 

the influence of organic matter on the mobility of Fe, Mn, and As concentrations [4] to guide 

our model development and to constrain model parameterisation. In that study it was found that 

after the controlled injection of sucrose, concentrations of Mn increased 7.5 times, Fe increased 

36 times and As increased between 19 and 49% compared to baseline values. The modelling 

study shows that the disparity between dissolved Fe and As concentrations can be attributed to 

As sorbing to remaining Fe-minerals and the newly formed Fe(II) and mixed Fe(II/III) mineral 

phases. 

   




