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ABSTRACT 

 

Recovery of soil nutrients, microbial populations and carbon (C) and nitrogen (N) cycling 

processes are critical to the success of rehabilitation following major ecosystem 

disturbance. Bauxite mining represents a major ecosystem disturbance to the jarrah 

(Eucalyptus marginata) forest in the south-west of Western Australia.  Mining has created a 

mosaic of mined areas in various stages of succession surrounded by non-mined forest 

areas.  Initial site preparations within rehabilitation areas such as contour ripping alter soil 

structure (creation of mound and furrows) and over time also influence the distribution of 

vegetation and litter.  Current performance criteria developed by industry, government and 

other stakeholders have determined that before post-bauxite mined areas of jarrah forest can 

be integrated back into normal forest management practises they should be functional and 

demonstrate resilience to normal forest disturbances such as fire.  Furthermore, resilience 

should be of a manner comparable to non-mined analogue forest sites.  Currently little is 

known of the resilience of microbial communities and C and N cycling in rehabilitation 

sites to normal forest disturbances such as prescription burning.  As such, before 

rehabilitated jarrah forests can be successfully integrated into broad scale forest 

management regimes, a more thorough knowledge of the potential impacts of burning 

practises on the soil microbial community and C and N cycling processes in these systems 

is required.  The research presented in this thesis aimed to broaden our current knowledge 

of how the mass, function and structure of microbial communities in rehabilitation sites 

compared to non-mined forest sites and also to assess the impact of prescription burns on 

the microbial community.  Methodology utilised included assessment of the size of the 

microbial biomass, pool sizes and rates of C and N cycling, microbial heterotrophic 

function (community level physiological profiles; CLPP) and the structure of soil microbial 
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populations (phospholipid fatty acid analysis; PLFA and automated ribosomal intergenic 

spacer analysis; ARISA).   

 

To provide context for the research in this thesis, Chapter 1 provides a review of the 

literature relating to the above.  Chapter 2 aimed to assess the recovery of key soil processes 

(C and N cycling and community level physiological profiles; CLPP) and the structure of 

the microbial communities (phospholipid fatty acid analysis; PLFA) to the mining process.  

In particular, sites within 15 year old rehabilitation were chosen for assessment as this age 

of rehabilitation has previously been shown to have comparable soil nutrient status and a 

vegetation community likely to be resilient to prescription burning relative to non-mined 

forest reference sites.  As the CLPP approach is used to assess heterotrophic function of soil 

and is used as an indicator of soil function, Chapters 3 assessed the utility of two common 

whole-soil approaches (Degens and Harris, 1997 approach and MicroResp
TM

 approach) of 

measuring the CLPP of microbial communities from different ages of rehabilitation (3 and 

13 year old) and adjacent non-mined forest soils.  The MicroResp
TM

 approach was better 

able to distinguish between the forest soils tested than the Degens and Harris approach and 

hence Chapter 4 aimed to optimise the assay to improve its use as an indicator of soil 

functional ability and rehabilitation success post-mining.  In addition, the new optimised 

CLPP assay was used to assess whether CLPP of rehabilitation soil would become more 

similar to adjacent non-mined soils with increasing successional age or be influenced by a 

previous prescription fire (2 years prior).  Chapter 5 then aimed to assess the short-term (< 

1 year) resistance and resilience of the soil microbial activity, C and N cycling rates and the 

active microbial community of rehabilitation soils to a normal prescription fire compared to 

adjacent non-mined forest soils.  

 



 vii 

Results from this thesis suggest that rates of C and N cycling become similar to the non-

mined forest soils as age of the rehabilitation increases.  In furrow soils from rehabilitation 

sites, C and N mineralisation rates were comparable to non-mined forest soil by 15 years of 

age, whereas for mounds soils it may take greater than 18 years for C and N processes to 

recover.  However, even though these is distinct spatial separation of nutrient cycling 

processes within rehabilitation sites, at the landscape level these 15 year old forests are 

likely to have comparable rates of nutrient cycling processes as that of the non-mined forest 

soils.  While there are similar rates of C and N cycling the underlying microbial community 

structure was distinctly different; implying a high degree of functional redundancy with 

respect to C and N cycling.  Differences in the C and N cycling and structure of the 

microbial communities were likely to be due to differences in soil environmental conditions 

(i.e. soil alkalinity/acidity, soil moisture) and C substrate availability which influence the 

physiological status of the microbial community and in turn are related to successional age 

of the forests.  Results also suggest that the measurement of CLPP can be a useful approach 

for assessment of changes in the functional ability of microbial communities.  However, the 

interpretation of how well these rehabilitation forests have recovered heterotrophic abilities 

was greatly affected by the methodological approach used (e.g. MicroResp
TM

 or Degens 

and Harris, 1997).  Importantly, results from Chapter 4 and 5 suggested that the effects of a 

moderate prescription fire on C and N processes, CLPP and microbial community structure 

of 18 year old rehabilitation forests are likely to be short-lived (< 2 years).  Furthermore, 

the effects of the moderate spring prescription fire were not large enough to decouple C and 

N cycling processes over the short-term (< 1 years) which suggests that by 18 years of age 

rehabilitation forests demonstrate comparable functional resilience to a moderate 

prescription burn.  
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CHAPTER 1    

 

GENERAL INTRODUCTION AND LITERATURE REVIEW 

 

1.0 General introduction 

 This thesis presents a study of the soil microbial ecology of jarrah (Eucalyptus 

marginata) forests of south-west Western Australia that have undergone rehabilitation 

following bauxite mining.  The central aim of this study was to determine if the microbial 

communities within forest soils undergoing rehabilitation were able to demonstrate 

comparable resistance and resilience (stability) to prescription fire management compared 

to that of non-mined forest soils.  To place this research into context, it is important to have 

an understanding of the current knowledge relating to why recovery of soil processes is 

important for rehabilitating ecosystems, how soil microbial communities regulate these 

processes, and how these microbial communities and soil processes may be impacted by 

fire disturbances.  This chapter provides a review of the literature relating to the 

aforementioned with particular reference to rehabilitation of post-mining landscapes. 

 

1.1 Restoration ecology  

 Natural and anthropogenic disturbances to Earth’s ecosystems have the potential to 

cause changes in plant species composition and abundance, disrupt the spatial organisation 

of landscapes and therefore have the potential to affect functional relationships and 

ecosystem sustainability.  In response, the discipline of restoration ecology has emerged as 

a holistic approach to bridging the gap in understanding of how to restore degraded 

landscapes.  However, the multi-disciplinary nature of this field of research and the often 
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‘ad-hoc’ site restoration activities has meant that until recently restoration ecology has not 

had a conceptual framework to work within.  As such, while being a field management 

practice in its own right, ecological restoration has been suggested as being an ‘acid test’ of 

current ecological concepts and theories (Lake, 2001).  Furthermore, the vast diversity and 

varying extents of disturbed ecosystems represent plentiful opportunities for the 

development of restoration ecology and also the development of ecological theory.  

Feedback from practical applications of conceptual ecological theory is seen as essential 

for integration of new or challenging ideas of how ecological processes interact to ensure 

that the restoration ecology will be able meet future demands of land repair (Palmer et al., 

1997).  

 Throughout the literature there are various terms used to describe the repair of land 

that has been disturbed by human activity and it seems there is no clear agreement 

regarding the terminology.  The terms restoration, rehabilitation, reclamation, reallocation, 

mitigation and recovery are often used interchangeably and describe similar activities or 

processes.  Hobbs and Norton (1996) have attempted to clarify the confusion of 

terminology by proposing that restoration occurs along a continuum.  Their suggestion is 

that the above mentioned activities can overlap with, and are different forms of, 

restoration.  Within the mining industry in Western Australia such activities are referred to 

as rehabilitation, and this term is used throughout this thesis.    

 

1.1.1 Evaluation of rehabilitation success  

 The aim of rehabilitation of disturbed lands is to return a degraded ecosystem to 

some form of cover that is protective, productive, aesthetically pleasing or valuable in a 

conservation sense (Hobbs and Norton, 1996).  A further aim may also be to develop an 

ecosystem that is resilient in the long-term to further disturbances.  Any strategy intended to 

evaluate the success of rehabilitation of disturbed ecosystems requires criteria for judging 
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the rehabilitation progress (Michener, 1997; Ruiz-Jaen and Mitchell Aide, 2005). There are 

two main approaches to evaluate the success of rehabilitation efforts.  The first is through 

comparing the development of an ecosystem with an appropriately chosen reference site 

and the second is to assess the return of ecological services or functional aspects (Cairns Jr, 

2000).  

  

1.1.2 Comparison with reference ecosystems 

 Choosing appropriate reference sites is essential to accurately assess the success of 

rehabilitation efforts to be measured.  Such sites are often ones that are self-sustaining and 

possess the attributes of the final landscape that has been determined as desirable, 

particularly with respect to ecosystem functions.  Reference (analogue) sites typically have 

similar slope, soil texture, resource regulation and many of the vegetation species required 

in the mature rehabilitation sites (White and Walker, 1997; Ludwig et al., 2004).  These 

sites are often undisturbed and are considered as biologically ‘stable’ and representative of 

pre-disturbance conditions.  However, the use of pre-disturbance analogue sites as 

benchmarks for evaluation of rehabilitation success has been questioned, as many attributes 

of the pre-disturbance conditions may not be attainable due to the severe alteration of the 

pre-existing environmental characteristics (White and Walker, 1997).  Whilst this is true, 

the degree of similarity between rehabilitated sites and undisturbed sites may still provide 

evidence for the establishment of long-term ecosystem stability.   

 Rather than there being one stable state of an undisturbed ecosystem, ecosystems 

naturally fluctuate in time and space, creating a series of dynamic stable states between 

which the ecosystem oscillates (Odum et al., 1995).  Shifts between various stable states of 

an ecosystem can be caused by normal ecological disturbances, such as seasonal climate 

variations, fire, flood or disease.  Ecological disturbances can be either ‘chronic’, those that 

partially reduce overall ecosystem biomass, or ‘acute’, those disturbances that completely 
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remove biomass (Westman, 1986).  If an ecosystem is oscillating between stable states, 

then it follows that key ecosystem functions must also be in a pattern of oscillation.  Hence, 

there is likely a range of threshold values of key ecosystem processes within this oscillation, 

outside of which the ecosystem would no longer be able to sustain itself.   The assessment 

of appropriate analogue sites over time may reveal a ‘band’ of values of stable states to act 

as targets for rehabilitation.   

 Research into the recovery of degraded ecosystems to some dynamic equilibrium, 

requires that we have a fundamental understanding of how reference ecosystems function. 

Assessment of the recovery process within a disturbed ecosystem then becomes a means of 

validating that knowledge and also has the potential to raise new questions.  Furthermore,  

investigations of disturbed ecosystems require an assessment of the characteristic variability 

of the reference sites in more detail than may otherwise have been necessary (Cairns Jr, 

1987).  Hence, rehabilitation, by its inherently experimental nature, can further the 

understanding of the distribution, causes and functions influencing the stability of the 

natural ecosystem (White and Walker, 1997), and this in turn feeds back into more effective 

land rehabilitation and management practises.   

 

1.1.3 Establishment of a self-sustaining ‘functional’ ecosystem 

 Rehabilitation performance criteria often place emphasis on the extent of recovery 

of self-sustaining, functional ecosystems that mimic the natural analogue areas in terms of 

species composition, vegetation structure and key ecological functions.  The ‘functions’ of 

an ecosystem refer to the key ecological processes (e.g. nutrient cycling, energy transfer) 

that are essential for the maintenance and long-term stability of ecosystem health (Bell, 

2001).  The development of ecosystems toward this self-sustaining state has been related to 

ecological succession.  



 5 

 Succession involves the development of an ecosystem that ultimately results 

in increased control of, or homeostasis with, the physical environment.  The ecosystems 

overall function then is to attempt to provide maximum protection for its continuing 

survival from disturbances (Odum, 1969).  The classical view of succession is that it is (i) 

an orderly process of community development that is reasonably directional and hence may 

be predicted and (ii) that it is community-controlled, even though the physical environment 

determines the initial pattern of succession of species (Odum, 1969).  However, even 

though succession may be a directional process toward stability or homeostasis, there may 

be more than one ‘stable state’ of an ecosystem as discussed above.  There has been much 

research into development of models of succession which focus on trajectories of change in 

communities (Odum, 1969; Bengtsson et al., 2000; Grant, 2006).  Such models have been 

suggested as being particularly useful for rehabilitation of degraded lands as they: 

-  Can assist in prediction of whether a rehabilitation project is ‘on track’ 

in terms of meeting predetermined goals or completion criteria;  

- Draw attention to any need for sequencing reintroductions of particular 

species or processes to avoid undesirable inhibitions; and  

- Are fundamental to the concept of directing the rehabilitation process 

towards one of many alternative successional endpoints or avoiding 

undesirable states (Luken et al., 1990; Askey-Doran et al., 1999).   

A key aspect of mature ecosystems in a self-sustaining state is greater efficiency of 

the energetic pathways compared to younger developing ecosystems; with mineral and 

nutrient cycling become more conservative (i.e. increased capacity to retain nutrients for 

cycling within the system) (Odum, 1969).  Another key feature of stable ecosystems may be 

their ability to withstand normal ecosystem disturbances to a greater extent than less 

developed ecosystems.  The two key aspects of stability are resistance and resilience.  

Resistance is defined as the inherent capacity of an ecosystem or ecosystem process to 
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withstand an immediate stress, and resilience is the pace, manner and degree of recovery of 

ecosystem properties after a disturbance  (Figure 1.1) (Westman, 1986; Wardle et al., 

2000). 

In recent years, studies of ecosystems recovering post-disturbance have utilised the 

concept of ecosystem resistance and resilience as a general framework to compare the 

sensitivity of components of ecosystems to different disturbances and to determine how and 

when an ecosystem is likely to decouple from a pattern of steady-state oscillations, or 

become de-stabilized.  An understanding of the resilience properties of an ecosystem being 

restored may aid in predicting the performance of rehabilitation efforts.  As such, this 

concept has been applied to many different ecosystems and also at different scales within 

these ecosystems, from the landscape level (Ludwig et al., 2004), plant communities (Li et 

al., 2006) and soil ecosystems (Fitter et al., 2005; Orwin and Wardle, 2005; Orwin et al., 

2006).  The term ‘functional resilience’ has been used to describe the capacity of an 

ecosystem to function following a disturbance (Degens, 1998).  This concept may also 

allow us to predict the response of recovering ecosystems to a variety of natural and 

anthropogenic disturbances at different scales and can be used as an indictor of the 

developmental stage of an ecosystem  (Westman, 1986). 
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Figure 1.1  Resistance and resilience of an ecosystem attribute.  The dashed red line 

represents the level from which a particular ecosystem attribute was at prior to a 

disturbance.  Time zero is the point of ecological disturbance.  

 

1.2 Soil microbial communities as indicators of rehabilitation 

success 

 Microbial communities in soil are fundamentally important in carrying out key 

ecosystem functions such as mineral nutrient cycling, and carbon fixation and 

mineralisation,  (Finlay et al., 1997; Brussaard et al., 2004).  Soil biological, chemical, 

physical and hydrological processes interact to regulate plant productivity in terrestrial 

ecosystems and also act to maintain the equilibrium of carbon (C) nutrient cycles.  It is 

therefore important that assessments of rehabilitation success consider how and to what 

extent the soil has recovered its microbial functions (Schimann et al., 2007).  In the 

following section, a brief description of the current approaches to measuring the soil 

Resistance Resilience 

Time 

Measured 

Ecosystem 

Attribute 
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microbial community, key soil processes, the underlying structure of the microbial 

community and the interactive factors influencing these measures will be described.  

 

1.2.1 Size and activity of the soil microbial biomass & eco-physiological measures

  

 Measures of the amount of microbial biomass, its activity and the factors that 

influence its physiological state can provide important information on ecosystem function 

and recovery post disturbance (Wardle and Giller, 1996; Grayston et al., 2004).  

Microorganisms utilise readily available C substrates for cell synthesis (growth) and for 

maintenance (Atlas and Bartha, 1998). Microbial growth can only occur when the input of 

utilizable C substrates exceeds the level required for maintenance (Anderson and Domsch, 

1985).  When an ecosystem has been placed under stress or disturbance, it has been 

theorized that maintenance energy requirements increase and as such the proportion of 

energy available for new growth decreases, leading to stability or reduction in biomass 

(Odum, 1985).  This can result in an increase in the ratio of community respiration to 

microbial biomass (Anderson and Domsch, 1993; Mamilov and Dilly, 2002).  Referred to 

as the metabolic quotient (qCO2) or specific respiration rate of soils, this ratio has been used 

in numerous maintenance energy investigations and in studies investigating the impacts of 

soil disturbances that influence C substrate depletion (Insam and Haselwandter, 1989), soil 

pH (Anderson and Domsch, 1993), and in studies of vegetation restoration and ecological 

succession (Anderson, 2003; Chapman et al., 2003).  However, Wardle and Ghani (1995) 

reviewed the literature reporting qCO2 and concluded that it was not always a reliable 

indictor of recovery of the soil following disturbances.  This was due to possible 

confounding effects of a persistent stress versus a short-term disturbance on the active 

microbial community.  However, they also suggest that perhaps the most appropriate use of 

the qCO2 is as an index of adversity of environmental conditions for microorganisms in 
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soil.  In particular, they suggest that the strength of this index lies in its application as a 

relative measure of how efficiently the soil microbial biomass is using C resources and the 

degree of C limitation. 

 It has been suggested that more labile pools of soil organic matter such as the 

microbial biomass and light fraction, have the potential to provide an early indication of 

impacts of management practices or disturbances on soils (Bending et al., 2000).  This is 

because the microbial biomass and other labile pools can respond rapidly to environmental 

changes as a result of climate or management practice (Singh et al., 1991; Baath and 

Arnebrant, 1994; Fierer and Schimel, 2003).  Measurement of the size of the microbial 

biomass carbon (C) as a proportion of the total C in soil is referred to as the microbial 

quotient.  As soil organic C is a strong determinant of microbial biomass, this quotient 

enables a relative comparison of microbial biomass at different levels of soil C.  As such the 

microbial quotient has been used to assess rehabilitation after mining, in which the 

microbial quotient decreased with increasing age of rehabilitation sites (Insam and Domsch, 

1988).   

  

1.2.2 Nitrogen cycling processes in soil 

 It is widely recognized that the C and N cycles in terrestrial ecosystems are 

intimately linked through a number of common ecological processes and pathways 

involving microorganisms (Hobbie et al., 2000; Berger et al., 2002).  Hence, disturbances 

that may temporarily disrupt microbial communities may decouple C and N cycles and may 

consequently alter rates of C and N mineralisation in soils.  The sensitivity of 

microorganisms to changes in environmental conditions suggests that microbial activity, 

and hence rates of C and nitrogen (N) mineralisation may be good indices of ecosystem 

function and recovery of ecosystems post-disturbances. 
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Changes in the C and N availability, in particular the C/N ratio of soil and litter 

inputs, are thought to be strong determinants of rates of N processes in soil.  Soil 

microorganisms must assimilate elements at a ratio approximately equal to that of their own 

elemental composition.  For bacteria, C and N must be assimilated in a ratio of 

approximately 5/1, whilst fungi have a C/N ratio of around 12/1 with the microbial biomass 

in Western Australian soils typically having a C/N ratio of around 7/1 (Sparling and Zhu, 

1993).  Given that 40 – 60% of the organic C is respired as CO2 during microbial 

decomposition, the C/N of the organic residue needs to be at least double that of the 

decomposing organisms and is usually greater due to more recalcitrant components of the 

organic residue.  Decomposition studies have thus shown that plant residues with a C/N > 

30 are likely to have insufficient N to meet microbial demands, which may be accompanied 

by microbial N immobilisation from soil (i.e. inorganic N and low molecular weight 

dissolved organic molecules) and hence lower N availability to plants (Corbeels et al., 

2003).  In addition the chemical composition of the organic matter can also interact to 

influence the rate of both N mineralisation and N immobilisation.  Carbon inputs that have 

increased structural complexity, such as those that are high in lignin and polyphenols, have 

been associated with enhancement of soil humus and have been negatively correlated to 

plant N uptake (Kogel-Knabner, 2002).  In addition, the proportion of simple, readily 

decomposable C substrates (i.e. carbohydrates, amino acids) in soil has been shown to be a 

regulator of the C and N cycling and structure of heterotrophic microbial communities 

(Wardle, 1992; Griffiths et al., 1999).  Indeed, a lack of readily decomposable C substrates 

has been identified as limiting microbial activity in Western Australian agricultural and 

forest soils (Jones and Murphy, 2007), and in influencing the physiological status of the 

microbial community (Cookson et al., 2006, 2007). 

When microbial C demands are met, heterotrophic microorganisms are thought to 

compete effectively for available inorganic N, causing immobilisation.  In contrast, 
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autotrophic nitrifier populations which produce NO3
-
 are thought to compete strongly for 

available soil ammonium (NH4
+
) when C availability low, causing nitrification (Hart et al., 

1994).  Under high soil C and low N conditions the effective competition of heterotrophic 

organisms over autotrophic nitrifiers results in N immobilisation and also often results in 

low rates of gross nitrification (Schimel and Bennet, 2004).  Under such conditions, it is 

likely that the N that is mineralised by the microbial biomass is likely to be immediately 

taken back up into the microbial biomass and immobilised.  Such close coupling of N 

mineralisation and immobilisation has been suggested as indicative of low N forest soils 

(Davidson et al., 1992; Tietema, 1998).  It is likely that under these low N conditions, there 

will be no N ‘leakage’ from such soil systems in the form of more readily mobile nitrate 

(NO3
-
) ions (Tietema and Wessel, 1992; Stockdale et al., 2002).  Such systems have been 

described as stable ecosystems, in which the mineralisation-immobilisation turnover of N is 

balanced, resulting in no net loss through leaching of NO3
-
 from the ecosystem.  As such, 

measures of N processes in soil can provide insight into the stability of an ecosystem.  

However, the complexity of N cycling processes in soils is such that simple measurements 

of the changes in N pool sizes (NH4
+ 

and NO3
-
) over time do not provide sufficient 

information to resolve the flows of N into and out of a pool.  Net N mineralisation 

measurements only reflect the sum of the difference between the two opposing processes of 

mineralisation and immobilisation in soils, and give no indication as to the actual 

magnitude of individual N pathways (Murphy et al., 1998; Di et al., 2000).  Studies using 

stable isotopic tracers such as 
15

N enable the opposing processes of gross N mineralisation 

and immobilisation to be separated to give a better understanding of the magnitude of the N 

processes in soils (Kirkham and Bartholomew, 1954; Murphy et al., 1998).  These 

approaches are based on the rate of isotopic dilution in an NH4
+ 

or NO3
-
 pool labeled with

 

15
N.  The isotopic dilution achieved is a function of the rate at which unlabelled NH4

+
 is 

introduced into the pool via the decomposition of soil organic matter which releases NH4
+ 
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at natural abundance (Barraclough, 1991).  Applying such process based analyses of 

nutrient cycling will greatly improve our understanding of the complex set of chemical, 

physical and biological processes involved in N cycling in these rehabilitation soils.  

 

1.2.3 Structure of microbial communities 

 The structure of a microbial community relates to the presence, absence or relative 

abundance of different members or populations of microorganisms.  Differences in the 

structure of microbial communities in soils have largely been attributed to the complex 

interactions between external or allogenic changes in the physico-chemical environment.  

For example, there have been numerous studies that have shown that microbial community 

structure in soils can be influenced by soil parent material (Ulrich and Becker, 2006), soil 

acidity or alkalinity (Blagodatskaya and Anderson, 1998), seasonal changes such as in plant 

productivity, soil temperature and water content (Priha et al., 1999; Grayston et al., 2001; 

Cookson et al., 2006), plant community composition and related differences in the quality 

and quantity of C substrates entering the soil (Griffiths et al., 1998; Priha et al., 2001).  

However, few studies have investigated the importance of autogenic or internal changes in 

microbial community structure arising from the interaction between different populations 

within the microbial community (Jackson et al., 2001).  This has mainly been due to the 

difficulty in separating the allogenic and autogenic changes in microbial community 

structure (Jackson et al., 2001),  and also to the complexity of soil communities in space 

and time (Marschner et al., 2002; Fitter et al., 2005).  Autogenic processes within microbial 

communities are likely to be of importance during the early stages of soil succession.  

However, currently little is known of how the composition of the initial microbial 

colonizers during early succession influences the trajectory of successional processes.  A 

key question for restoration ecologists is whether the microbial community structure of 

soils will become comparable to that of non-disturbed areas over time.   
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 Soil phospholipid fatty acid analyses (PLFA) rely on the extraction, separation and 

identification of phospholipids which are vital membrane components of all living cells 

(Zelles et al., 1992).  Each living cell contains fatty acids which make up parts of its 

phospholipids (Zelles, 1999).  Microbial lipid analysis has followed one of two avenues; (i) 

lipid analysis of pure cultures to compare profiles to assist in a taxonomic description of 

particular microorganisms, or (ii) lipid analysis of whole microbial communities, from 

environmental samples or laboratory communities prepared in culture (Zelles, 1999).  There 

are numerous examples in the literature of where PLFA have been useful in assessment of 

changes in community structure in post-disturbance ecosystems (Pennanen et al., 1998; 

Peacock et al., 2001; DeGrood et al., 2005) and has also been used to provide an index of 

restoration progress in disturbed areas (Mummey et al., 2002a; Hamman et al., 2007).  A 

recent study investigated the community structure using PLFA (bacterial, fungal and total 

microbial biomass biomarkers) of soils of surface mine reclamation sites of different ages 

and an adjacent non-disturbed site.  The study found a clear trend for disturbed sites to 

become more similar to non-disturbed sites with reclamation age (Mummey et al., 2002a).  

This suggests that the structure of microbial communities in rehabilitation soils may 

become more similar to non-disturbed soils over time.  

 

1.2.4 Diversity of microbial communities 

 Microbial communities are diverse and complex assemblages at genetic, taxonomic 

and functional levels of organisation (Zak, et al., 1994; Jackson, et al., 2003; Figure 1.2).   

These assemblages may contain prokaryotes, eukaryotes, heterotrophic and autotrophic 

organisms, and also aerobic and anaerobic organisms.  All of these organisms may exist and 

function in different ways and hence require different environmental micro-niche 

conditions and resources (Jackson et al., 2003).  It has been estimated that 80 to 90% of soil 

microorganisms have yet to be cultured, despite development of new culture media (Amann 
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et al., 1995; Torsvik and Ovreas, 2002).  Of the few species that have been isolated, 

cultured and identified, of fewer still do we understand how their phylogenetic 

characterisation is related to their function in a particular ecosystem (Crecchio et al., 2004).  

The apparent disparity between culturable and in situ microbial diversity has thus increased 

the importance of culture-independent approaches (Nocker et al., 2007), which enable 

researchers to gain insight into the diversity of soil microbial communities at a level of 

complexity that was previously unattainable (Fierer et al., 2007).  DNA-based 

fingerprinting techniques have substantially improved our understanding of microbial 

diversity and community structure.  These techniques generally utilise polymerase chain 

reaction (PCR) amplification of genetic markers through universal primers capable of 

amplifying target genes from a wide range of organisms (Nocker et al., 2007).  A portion of 

the genetic information (mostly from the ribosomal operon) contained in nucleic acids 

which have been directly extracted from soils is analysed.  Automated ribosomal intergenic 

spacer analysis (ARISA) is a commonly used analysis and has proven useful in determining 

structural changes in microbial communities in a wide range of ecosystems (Krave et al., 

2002; Grayston et al., 2004) and in response to altering environmental conditions 

(Marschner et al., 2001; Ranjard et al., 2001; Muller et al., 2002).   

 Of the limited number of taxa that have been studied in detail, their ecological 

characteristics are quite well defined.  These are taxa that have specific physiological 

capabilities, such as ammonia oxidisers (Nitroso-genera), N2-fixing Rhizobium and 

methane-oxidisers (Methylo-genera). Hence, while community profiling approaches are 

useful as indicators of change in microbial communities as a result of disturbances or 

changes in land management, they are somewhat limited without an understanding of the 

relationship between soil microbial diversity and function.  
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Figure 1.2 Venn diagram representation of biodiversity that includes three components 

including genetic, taxonomic and functional aspect (adapted from Zak et al. 1994).  Biodiversity is 

shown to have a genetic foundation because diversity arises as a consequence of speciation during 

evolution.  Whereas, functional diversity is a consequence of genetic variability, environmental 

effects on gene expression and interactions among different species.   

 

1.2.5 Microbial diversity and ecosystem function 

 Little is known of the role of soil microbial structure and diversity in the 

maintenance of ecosystem processes.  Evidence suggests that shifts in microbial community 

structure may indeed have the potential to alter patterns of soil organic matter 

decomposition and nutrient cycling processes (Zogg et al., 1997; Cookson et al., 2005).  As 

such, it has been proposed that determining the relationship between microbial community 

structure and soil processes such as C and N cycling may assist in the prediction of 

ecosystem responses to environmental change such as seasonal changes or elevated 

atmospheric CO2 concentrations (Balser and Firestone, 2005).  Our understanding of these 
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relationships may be improved by recognizing and accounting for changes in microbial 

community structure and the physiological ecology of soil microbial communities to 

disturbances (Balser and Firestone, 2005).  Soils undergoing rehabilitation provide model 

ecosystems under which to test the strength of such relationships.  

 To date there have been a number of studies representing different land uses and 

vegetation communities that have attempted to relate changes in community structure to 

soil environmental conditions or to link microbial community structure with soil functions 

such as C and N cycling (Waldrop et al., 2000; Balser and Firestone, 2005; Cookson et al., 

2005).  Results of these studies suggest that there may be relationships between specific 

components of the microbial community and soil processes, particularly processes tightly 

linked to specific microbial phylogeny (e.g. nitrification) (Waldrop et al., 2000; Cookson et 

al., 2005).  However, because broad soil processes such as C mineralisation, N 

ammonification and immobilisation are likely to be carried out by a large proportion of the 

microbial community; determining direct relationships may be more difficult due to 

functional redundancy within the microbial population.  This raises the question as to how 

important the return of a comparable community structure is to soil function.  For example, 

do differences in the structure of soil microbial communities (that may be related to 

successional processes) influence rates of key soil processes such as C and N cycling?   

 The claim that microbial activity is fundamentally important in maintaining 

ecosystem functions has also been extended to suggest that microbial diversity is also 

inextricably linked to ecosystem function (Finlay et al., 1997).  In recent years there have 

been a number of hypotheses identified to broadly explain the possible relationships that 

may exist between biodiversity and ecosystem function (Wardle et al., 2000).  There is the 

(i) ecosystem rivet hypothesis which predicts a positive causative relationship between 

biodiversity and function, the (ii) idiosyncratic hypothesis (Lawton, 1994) which predicts 

that the addition of new species has important but erratic consequences for the ecosystem 
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due to the complexity of the system and nature of individual species, and the (iii) redundant 

species or insurance hypothesis (Lawton and Brown, 1993) which suggests that above a 

critically low level of diversity the effect of adding new species becomes relatively 

unimportant.  The development of these broad hypotheses was through investigation of 

above-ground ecosystem dynamics and did not include investigations into the soil 

ecosystem (Wardle and Giller, 1996).  However, owing to the diversity of microorganisms 

found in soils, it has been suggested that soil provides a unique environment to test 

hypotheses relating to how biodiversity might influence ecosystem stability (Wardle and 

Giller, 1996). 

 Numerous studies have attempted to investigate the existence and nature of any 

relationship between soil microbial diversity and key soil functions such as C and N cycling 

(Griffiths et al., 2000; Orwin and Wardle, 2005; Wardle et al., 2000).  Approaches to 

measuring the existence of such a relationship have been varied, but most have involved 

manipulating the diversity of soil microbial community through fumigation (Degens et al., 

2001; Griffiths et al., 2001; Kuan et al., 2007).  Studies have been able to demonstrate 

connections between the microbial community structure but not microbial diversity (Zogg 

et al., 1997; Balser and Firestone, 2005; Cookson et al., 2005).  This is thought to be largely 

a result of the high degree of functional redundancy within soil microbial communities 

(Nannipieri et al., 2003).  Assessment of microbial functional redundancy may provide 

information about the stability and function of soils because functional redundancy has 

been suggested as an indicator of soil quality and ecosystem functioning (Yin et al., 2000).  

For example, in their study of a soil reclamation gradient in Brazil, Yin et al., (2000) 

suggests that bacterial functional redundancy increased along a disturbance gradient from 

denuded mine spoil to preserved forest soils.  They suggest that this may represent an 

important aspect of the rehabilitation of soil biological function to ecosystems recovering 

from a major disturbance such as mining, perhaps representing a more stable ecosystem. 
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1.2.6  Functional diversity and community level physiological profiles  

 It has been suggested that rehabilitation of degraded lands requires a return of the 

diversity of ecosystem functions to that of pre-disturbance levels and that this may be of 

greater importance than species diversity per se (Neher, 1999).  In relation to the soil 

environment, due to the extent of microbial diversity and the low level of identification of 

microbial species in soils, direct measures of the functional diversity of soil microbial 

populations have been suggested as being more likely to provide information pertaining to 

soil function of equal importance to that of taxonomic diversity (Zak et al., 1994; Degens et 

al., 2000; Cookson et al., 2007).  However, little is known of how diversity at the functional 

group level or within functional group level influences ecosystem functions and stability 

(Degens, 2001).  For example, does increased diversity within functional groups mean that 

the function they perform is likely to be more resilient to disturbance (more stable) than a 

functional group that shows less diversity? 

 To simplify research in this field, soil organisms have been assigned to functional 

groups or components based on their physiological characteristics.  However, it has not 

been possible to interpret the functional diversity of soil microbial communities from the 

taxonomic community structure, as can be achieved for macro-organisms.  This is due to 

the physiological characteristics of soil microorganisms in that they can be present in soil 

but not necessarily functionally active (Degens and Harris, 1997; Fierer et al., 2007).  While 

it is not currently possible to completely assess the diversity of functions present in soils, a 

novel approach has evolved over the last 15 years which makes an assessment of a subset of 

functional diversity, known as catabolic or heterotrophic diversity.  The heterotrophic 

diversity of a soil relates to the diversity of C decomposition functions that occur within a 

soil.  Commonly termed Community Level Physiological Profiles (CLPP), three approaches 

for measuring CLPP in soils have been developed (Garland and Mills, 1991; Degens and 
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Harris, 1997; Campbell et al., 2003).  These approaches are all based on assessing the 

ability of soil microbial communities to metabolise a range of organic substrates that vary 

in structural complexity (Garland and Mills, 1991; Degens and Harris, 1997; Campbell et 

al., 2003).  The underlying premise of this approach is that a more functionally diverse 

microbial community is necessary to break-down complex organic molecules due to the 

requirement for a variety of enzymes capable of degrading such molecules in soil.   

 The Biolog MicroPlate
TM

 (Biolog) approach consists of 96-well microtiter plates 

that contain a range of different C substrates plus a no C control (Garland and Mills, 1991).  

Each well also contains a tetrazolium dye that is reduced intra-cellularly by micro-

organisms during respiration, resulting in a colour change.  The wells are inoculated with a 

serially diluted soil extract and the colour formation is measured spectrophotometrically 

after incubation typically lasting between four to six hours.  The approach relies on the 

growth of cells in wells to generate colour.  Despite the ease with which large amounts of 

data can be generated, this approach has been criticized because of its bias towards 

culturable microorganisms.  It is therefore difficult to relate the results of the Biolog 

approach to the structure and function of microbial communities in whole soil (Konopka et 

al., 1998; Preston-Mafham et al., 2002; Campbell et al., 2003; Leckie, 2005).  In addition, 

the Biolog approach may lose sensitivity because the tested substrates have often not 

accurately represented the types of substrates present in the ecosystems under investigation  

(Ramsey et al., 2006).  Although this approach can be used to determine whether 

environmental samples differ in their response patterns (Priha et al., 1999; Yao et al., 2000; 

Miethling et al., 2003), it still unclear whether the Biolog approach can be used to answer 

fundamental questions concerning microbial function (Konopka et al., 1998).  However, 

attempts to increase the ecological interpretation of this approach have included using 

carbon substrates that have specific relevance to the soils under investigation, such as 

specific root exudates (Campbell et al., 1997).   



 20 

 As a consequence of the short-falls of the Biolog approach, Degens and Harris 

(1997) developed another approach whereby individual substrates are added to whole soils 

and headspace CO2 response is determined using infra-red gas analysis.  As this approach 

does not rely on the culturability of soil microorganisms it is considered to provide a more 

accurate reflection of the substrate response of the in situ soil microbial community and 

hence may provide a more accurate reflection of the functional diversity of the soil.  

However, because this approach is time-consuming when analysing large numbers of 

samples and substrates, it has not been used to the same extent as the Biolog approach.  A 

third approach has recently been developed (MicroResp
TM

; Campbell et al. 2003) which 

combines aspects of both Garland and Mills (1991) and Degens and Harris (1997) 

approaches to CLPP measurement. This approach allows for the rapid assessment of 

respiration response to a range of C substrates, from whole soils using a colourmetric 

detection system (cresol red) and an automated plate reader.  In a comparison of the 

MicroResp and Biolog approaches, Campbell et al. (2003) found that the MicroResp system 

more clearly distinguished differences in CLPP between soils receiving different organic 

amendments than the Biolog approach.  Given that the Biolog approach is based on the 

growth of organisms, and that the two whole soil approaches are measuring respiration 

response from the whole community, perhaps this difference is not surprising.  To date 

there has been no comparison of the MicroResp and the Degens and Harris (1997) 

approaches within the literature.  However, both the Biolog and whole soil approaches have 

been used as indicators of ecological restoration (Harris, 2003; D'Ascoli et al., 2005; 

Cookson et al., 2007; Giai and Boerner, 2007).   
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1.3 Impact of fire on soil microbial communities and processes 

 Ecological disturbances are defined as environmental events that are constrained in 

time but that may have lasting (positive or negative) impacts on components of an ecosystem 

(Huston, 2003; Tobor-Kaplon et al., 2006).  Fires are unique, highly variable weather-related 

disturbances.  The severity of a fire is related to the properties of the vegetation, in particular 

the flammability and the amount of fuel accumulated as a consequence of plant productivity, 

which is in turn influenced by the soils and climate of a particular ecosystem (Huston, 2003).  

The severity of a fire as a disturbance to the ecosystem will depend on the interactions of 

both the intensity and duration of the burn (Raison, 1979, Neary et al., 1999).  The intensity 

and duration are affected by fuel loading (e.g. live vs. dead materials), combustion type and 

degree of oxidation, vegetation type, fire climate, slope, topography, soil texture and 

moisture, soil organic matter content, time since last fire and area burned (Neary et al., 

1999).  An intense fire is often described as a fire in which there has been significant damage 

to vegetation including canopy scorching and defoliation (Raison, 1979).  Wildfires are often 

intense, occurring during dry conditions and when fuel loads are high.  However, the effects 

of fire on the soil ecosystem can be patchy across the landscape due to the heterogeneity in 

litter distribution and hence fuel loads.   

 Despite being a disturbance to the ecosystem, fire can have important rejuvenating 

effects on various soil properties such as through enhanced tree seedling regeneration and 

growth as a result of improved cation availability and increased soil pH, and enhanced plant 

litter and humus decomposition (Raison, 1979; Wardle et al., 1998).  There are various 

interactive factors associated with fire that affect the soil biota and the various pools of soil 

organic matter.  These include direct affects such as sterilisation of affected soils by transient 

heat shock, or indirect effects through the formation of ash and charcoal, alteration of 

organic matter, increased nutrient availability and potential changes to the microbial 

community structure and trophic system (i.e. changes to canopy cover and vegetation) 
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(Pietikäinen et al., 2000a; Gonzalez-Perez et al., 2004).  As is the case for determining the 

severity of the effect of a fire on the ecosystem as a whole, the severity of the effect of a fire 

on the soil microbial community is largely dependent on the intensity of the fire.   

 

1.3.1 Direct effects 

 The most significant effect of fire on the microbial community in forest, shrub and 

grass ecosystems is the transfer of heat from burning biomass to the soil (DeBano et al., 

1998).  Direct heating of the soil surface during fire may kill certain proportions of the 

microbial community, decreasing the size of the microbial biomass, altering the structure 

of the microbial community and its activity and hence influence nutrient cycling processes 

(Choromanska and DeLuca, 2002; Certini, 2005; Hamman et al., 2007).  Soil temperatures 

higher than 50 °C can result in death of microbes, with fungi being more heat sensitive 

than bacteria (Neary et al., 1999).  Heat from burning fuels is transferred to the organic and 

mineral layers of soil by the processes of radiation, convection, conduction, mass transport 

and vaporization/ condensation (Chandler et al., 1983).  However, of these processes 

vaporization/condensation are the most important in many cases (Dunn et al., 1984; 

Choromanska and DeLuca, 2002).  Water moves faster through soil pores as a vapor than 

as a liquid and releases the same amount of heat when condensation occurs.  This increases 

soil temperature and magnifies the influence a particular burn may have.  For example, 

whilst it has been shown that temperatures as high as 210 ºC may be required to kill 

specific groups of bacteria in dry soil, increasing soil moisture can reduce lethal 

temperatures to around 110 ºC (Raison, 1979).  In general, the presence of surface organic 

materials and dry soil conditions hinder soil heating, whereas mineral soils that are to some 

degree wet, can be heated rapidly (Dunn et al., 1984; Neary et al., 1999).  Such soil heating 

during forest fire can alter the structure of the microbial community and also rates of C and 

N mineralisation (Choromanska and DeLuca, 2002; D'Ascoli et al., 2005; Hamman et al., 
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2007).  However, high soil temperatures during fire are often short-lived and then only to 

shallow soil depths (Raison, 1979).   

  

1.3.2 Indirect effects 

 The effect of fire on soil can also be indirect through changes in immediate 

environmental conditions.  In particular, the alteration of C substrates and soil pH have 

been related to increased microbial activity in post-burn soils in comparison to non-

burnt soils and to changes in the structure of the microbial community (Pietikäinen et 

al., 2000a; Gonzalez-Perez et al., 2004; Grady and Hart, 2006).  Short-term studies 

investigating the effect of fires on soil ecosystems have reported enhanced C and N 

mineralisation rates and microbial activity (Bauhus et al., 1993; Neary et al., 1999).  

This has been attributed to the presence of killed roots and the formation of ash that has 

a stimulating effect on the microbial communities in soil.   Indeed, the effects of wood 

ash on microbial activity in soils have been well studied in recent years (Chambers and 

Attiwill, 1994; Andersson et al., 2004; Jokinen et al., 2006).  Ash is formed by the heat 

conversion of complex organic forms of C and N and other nutrients, into soluble forms 

which are plant available (Guinto et al., 1999).  The mechanism of this stimulation is 

thought to be primarily related to increases in dissolved organic matter concentrations, 

increased soil pH (Jokinen et al., 2006) and increases in inorganic nutrient 

concentrations such as NH4
+
 (Chambers and Attiwill, 1994). 

 A number of studies have investigated the effects of fire on soil organic matter 

(Fernandez et al., 1997; Baldock and Smernik, 2002; Gonzalez-Perez et al., 2004).  The use 

of 
13

C Nuclear Magnetic Resonance (NRM) technology has enabled detailed investigations 

of the effects of fire on whole soils (Golchin et al., 1997), soil humic substances 

(Almendros et al., 1992) and plant litter (Knicker et al., 1996).  From these studies it has 

been suggested that fire may affect not only the quantity of soil organic matter but also the 



 24 

quality which may in-turn affect soil N mineralisation (Guinto et al., 1999).  In particular, 

laboratory studies have shown that fire enhances the chemical oxidation of soil organic 

matter (dependent on fire severity) and thereby alters its chemical composition toward 

increased aromaticity, which may render it less susceptible to microbial degradation 

(Knicker et al., 1996; Fernandez et al., 1997; Almendros et al., 2003).  This enhanced 

recalcitrance of soil organic matter after soil heating has been suggested as having the 

potential to decrease N mineralisation in soils in the long-term.   

  The structure and diversity of the soil microbial communities may be either directly 

or indirectly influenced by fire (Hamman et al., 2007).  Certain populations of autotrophic 

microbes may increase dramatically following fire, particularly those that are involved in N 

cycling (Vitousek and Matson, 1985).  Nitrosomonas spp. and Nitrobacter spp. are soil 

bacteria that nitrify ammonium (NH4
+
) to nitrite (NO2

-
), and nitrite to nitrate (NO3

-
) 

respectively.  These microorganisms are thought to be normally in low densities in soil, due 

to competition for NH4
+
 from vegetation, heterotrophic immobilisation and the presence of 

allelopathic compounds such as phenolic acids in litter (Laverman et al., 2005).  After fire 

this competition can be lessened as decreased vegetation growth, direct death of 

heterotrophic microorganisms and alteration of microbial substrates increase the NH4
+
 

available.  Ash deposition can increase soil pH and the supply of other nutrients, such as K 

and Ca that may also stimulate the establishment of autotrophic nitrifiers (Bauhus et al., 

1993).  In addition, many of allelopathic compounds can be volatilized or absorbed by the 

newly produced charcoal, further enhancing rates of nitrification (Wardle et al., 1998).  A 

study by Yeager et al. (2005) determined that the proportion of ammonia-oxidizing 

microorganisms was less in soil from moderately fire-impacted sites than from the 

unburned sites and that this shift after fire was correlated with an increase in soil pH.  The 

increased NO3
-
 production as a result of nitrification after fire may increase the risk of 

leaching and denitrification losses from these ecosystems.  This loss of N may have 
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subsequent impacts on C and N cycling and thus ecosystem resilience.  However, it has 

been hypothesized that through the process of immobilisation, particularly in initially low N 

environments, the soil microbial biomass can act as a sink or ‘buffer’ preventing large 

nutrient losses from an ecosystem following fire (Singh et al., 1991). 

 

1.3.3 Effect of prescription fires on soil  

 Soil temperatures during low intensity prescription fires often do not exceed the 

temperatures required to kill soil microorganisms (> 50 °C), or if they do such 

temperatures are short-lived (Raison, 1979).  For example, a study of 44 low intensity 

prescription burns in the longleaf pine region of the United States, found that temperatures 

from these burns were seldom reported to be greater than 52 °C for more than 15 mins at 

shallow (3-6 mm) depths.  Furthermore, during a low intensity burn in an 8 year old 

rehabilitation jarrah forest in Western Australia, the temperature of the top 1 cm of soil 

ranged from being in excess of 100 °C for 6 minutes in the mound soils to 80 °C in the 

furrow soils, but at soil depths of 2.5 cm, temperatures never exceeded 60 °C (Smith et al., 

2004).  Hence, the direct effect of soil heating during a prescription burn on the soil 

microbial community and soil processes is likely to be minimal but indirect effects may 

still occur. 

 Studies that have investigated the effect of prescription fires on the microbial 

activity, nutrient availability and functional diversity of forest soils all suggest that while 

there may be short-term increases in soil nutrient availability following fire as a result of 

ash deposition (Kennard and Gholz, 2001; D'Ascoli et al., 2005).  These increases in 

nutrients are often extremely transient in nature and return to pre-burn levels within months 

(Kennard and Gholz, 2001; Neill et al., 2007).  In their study on soil C and N mineralisation 

in a sclerophyll forest in south-east Queensland, Guinto et al. (1999) found that in addition 

to decreases in substrate quantity (low organic C and total N for burnt soils) following a 
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moderate prescription fire, there was also an alteration of substrate quality as revealed by 

13
C Nuclear Magnetic Resonance (NMR) spectroscopy which in turn was reflected in 

decreased N mineralisation rates. 

 There have been few studies investigating the effect of prescription fires on the 

structure or diversity of microbial communities or how this may impact on soil processes.  

As changes in the soil environment are likely following prescription fires, it is also likely 

that this will result in changes to the functional diversity and community structure of 

microbial communities in soil.  In their study of the effects of prescription fire on 

Mediterranean maquis soils, D’Ascoli et al. (2005) found that one week after low and 

intense prescription fires, CLPP were significantly different to that of preburn soils.  A 

review of a number of studies conducted in Ponderosa pine forests in the United States of 

America suggests that the impact of prescribed fire on the microbial community structure 

may be seen immediately due to changes in soil conditions but also in the longer-term, due 

to altered plant community composition via plant-induced changes in the soil environment 

(Hart et al., 2005).   

 

1.4 Bauxite mining in the jarrah forest of Western Australia 

1.4.1 History of bauxite mining in the jarrah forest 

 The jarrah (Eucalyptus marginata) tree is unique to Western Australia.  Currently 

the jarrah forest covers an area of approximately 1.8 million hectares of which 1.6 million 

are managed by WA’s Department of Environment and Conservation (DEC; formerly the 

Department of Conservation and Land Management).  It spans an area from Gingin in the 

North to Albany in the south, with its eastern border being the Darling Scarp (Figure 1.3).  

Most of the northern jarrah forest is an important water resource collection area and it 

includes water supply catchments for the Western Australian capital city (Perth) and also 
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the Goldfields region to the east.  The jarrah forest falls within the Australian south-west 

botanical province, known as a biodiversity hotspot, supporting over 1200 species of 

vascular plants (Williams and Mitchell, 2001).  It has been divided into 19 vegetation 

communities based on understorey composition and are related to soil form (Havel, 1975).   

The jarrah forest also supports 29 mammal species, 45 reptile species, 17 frog species, 4 

fish species and 150 bird species (Williams and Mitchell, 2001).  Furthermore, the forest 

provides numerous other important services to the Western Australian community including 

providing highly valued timber and also recreational activities, as there are 60 nature 

reserves, 8 National Parks and 9 Conservation Parks (Williams and Mitchell, 2001).   

 Currently, 712, 900 ha of the northern jarrah forest falls within a mineral lease held 

by Alcoa World Alumina Australia (Alcoa; Figure 1.3).  At present, Alcoa operate two 

open cut mines in the southwest of Western Australia at Huntly and Willowdale, 110 and 

135 km southeast of Perth respectively (Figure 1.3).  A third mine at Jarrahdale ceased 

production in 1998 and has now been decommissioned and has been deemed by the WA 

state government as being rehabilitated.  Currently these operations clear, mine and 

rehabilitate approximately 600 hectares of forest each year.  The location of the bauxite ore 

is relatively shallow in the profile, averaging 3 - 4 m in depth and is usually located less 

than 1 m below the soil surface (Grant and Koch, 2007).   

 Bauxite mining by Alcoa in the jarrah forest began in 1963, with the first 

rehabilitation completed in 1966.  Bauxite is distributed mainly on flanks and ridges but 

rarely within valleys or riparian areas (Ward, 2000).  Bauxite mining represents a drastic 

ecosystem disturbance.  Mining involves complete clearing of vegetation, removing the 

topsoil, blasting the cemented duri-crust layer (which is part of the bauxite ore), removing 

and crushing the bauxite, and transporting it to the refineries located nearby to be processed 

to alumina.  Secondly, topsoil handling, stockpiling and mixing can impact on soil 

nutrients, biology and organic matter  (Ward, 2000).  As with other open-cut mining 
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operations such a disturbance to the soil profile also alters the surface geology and 

hydrology of the mined areas (Grant and Koch, 2007).  Such mining has created a mosaic 

landscape of pits 1 to 10 metres deep and averaging 10 to 20 hectares in size, post-mining 

rehabilitation forest in various states of succession and non-mined forest (Plate 1.1).   

 

 

 

 

Figure 1.3 Location of the Huntly Mine (bauxite) and Alcoa’s mineral lease area in the 

jarrah forest of south-west Western Australia (adapted from Alcoa World Alumina, 2003). 
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 Plate 1.1  Time sequence photos of one rehabilitated site at 1 (a), 2 (b) and 13 

   (c) years of age (adapted from Grant and Koch, 2007). 
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1.4.2 Rehabilitation of bauxite mines in the jarrah forest 

 The goal of current rehabilitation practises post-bauxite mining in the jarrah forest is 

to return a ‘self-sustaining’ forest ecosystem to the Department of Environment and 

Conservation.  Through a process of stakeholder consultation Alcoa has identified that to be 

considered as completely rehabilitated the mined area must be able to meet a certain 

number of landuse objectives including the (i) enhancement or maintenance of water, 

timber, recreation, and conservation values, (ii) be integrated into the natural landscape, (iii) 

exhibit sustained growth and development and (iv) be as resilient to disturbance as the 

unmined jarrah forest and therefore be capable of integration into the Department of 

Environment and Conservation’s widespread forest management practices (Elliott et al., 

1996).  In particular, completion criteria require that after 15 years of age, rehabilitation 

areas must have the potential to be integrated back into the prescription burning practices 

occurring in the surrounding forest (Grant, 2006).  

 The rehabilitation standards and techniques have improved over time.  Early 

rehabilitation efforts (1966 to 1976) involved the planting of exotic pine or non-indigenous 

eucalypt species with little site preparation and no establishment of understorey species.  

From 1976 to 1987, rehabilitated sites were seeded with a mix of mainly native legume 

understorey species, and planted with eastern Australian eucalypt species.  This is because 

of the unknown impact that dieback caused by Phytophthora cinnamomi was going to have 

on susceptible dominant jarrah trees.  However, research has since indicted that jarrah 

would survive and establish well in rehabilitated areas even if the soil contained the dieback 

fungus (Colquhoun and St Hardy, 2000).  As a result, since 1988, Alcoa have seeded native 

overstorey tree species in rehabilitated sites including jarrah, marri (Corymbia calophylla) 

and blackbutt (Eucalyptus patens).   
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1.4.3 Previous research into soils of rehabilitation and non-mined jarrah forest  

 Nitrogen is the element most limiting rehabilitation and non-mined jarrah forest 

sites (Hingston, 1980; Hingston et al., 1989).  Seeding a larger proportion of leguminous 

species was a standard rehabilitation practice for Alcoa as earlier research had suggested 

that legumes could assist in the development of limiting soil nutrients, particularly N.  The 

establishment of an understorey containing a high proportion of leguminous species has 

been shown to be effective in increasing the N capital of young rehabilitation forests (Ward 

and Pickersgill, 1985; Ward and Koch, 1996).  In their study of the biomass and litter of a 

3.5 year old rehabilitation forest, Ward and Pickersgill (1985) found that this forest had 

accumulated nearly 60% of the N contained in the biomass and litter of adjacent non-mined 

jarrah forest, but the distribution of the N was very different to that of the non-mined forest.  

The litter from understorey species in rehabilitation forest sites is higher in total N content 

and can have a C/N ratio up to half that of the overstorey leaf litter (overstorey C/N >100 

and understorey C/N <60) (Todd et al., 2000a; Corbeels et al., 2003).  From this work it 

was suggested that the comparatively low C/N ratio of the litter within rehabilitation forests 

may result in net mineralisation of N from this litter greater than that of non-mined jarrah 

forests.  Furthermore, in their study on the biomass and nutrient distribution of a 15.5 year 

old rehabilitation forest, Ward and Koch (1996) determined that stores of N in the soil, 

litter, understorey and in the total biomass exceeded those measured in non-mined forest 

sites.  This research demonstrated that approximately 15 years after initial rehabilitation, 

soil N pool sizes can be comparable to non-mined forests (Ward and Koch, 1996).   

 General features of N cycle in forest ecosystems include relatively ‘tight’ cycling of 

N in mature forests (such that mineralisation and immobilisation are balanced) and 

increased loss of N following ecological disturbance.  Research by Todd et al. (2000a) has 

suggested that the magnitude of N mineralisation and immobilisation in jarrah rehabilitation 

sites increases with the age of the rehabilitation.  Furthermore, when mean annual rates of N 
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mineralisation were assessed, rehabilitation sites were comparable with non-mined forest 

soils (Todd et al., 2000a).  However, to date research into the dynamics of N cycling in 

these ecosystems is based on net N mineralisation rates and such assessments do not 

provide for the quantification of opposing mineralisation and immobilisation processes in 

these soils.   

 Initial site preparations within rehabilitation areas such as contour ripping alter 

soil structure (creation of mound and furrows) and influence the distribution of litter.  

Such practices have the potential to shape the distribution of fuel loads and nutrients 

within rehabilitation forests and hence may also influence nutrient cycling processes.  A 

study by Todd et al. (2000b) investigated litter and nutrient distribution in rehabilitation 

forests.  This study found that furrows (bottom of rip-line) acted as ‘litter traps’ and 

contained greater concentrations of nutrients than the top of the rip-lines (mounds) that 

were often bare.  Consequently, rehabilitation forests have a characteristic discontinuous 

litter layer compared to a more continuous litter layer of non-mined forests (Smith et al., 

2004).  Hence, contour ripping can create a spatial gradient in the distribution of litter 

inputs within rehabilitation forests and as such this spatial gradient may also be evident 

in rates of N cycling and structure of microbial communities.  
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1.5 Fire as a disturbance to rehabilitation jarrah forests 

 Currently the DEC undertake prescribed burns in the majority of the jarrah forest on 

an 8 to 15 year rotation basis.  While the response of the non-mined jarrah forest to 

prescription burning disturbances has been relatively well documented in terms of plant 

community recovery (Bell and Koch, 1980; Abbott and Loneragan, 1986) and impacts on 

nutrient cycles (O'Connell et al., 1979; Grove et al., 1986; O'Connell, 1986), how well such 

studies relate to rehabilitation forests following prescription fires is currently unknown.  

There have however been numerous studies that have investigated the fire behaviour, fuel 

loads (Grant and Koch, 1997; Smith et al., 2004) and vegetation structure of rehabilitation 

forests post-prescription burns (Grant and Loneragan, 1999; Grant and Loneragan, 2001).  

From this work, current management practises for rehabilitation forests involve prescription 

burns when forests are between 12 and 15 years old (Smith, 2001; Morley et al., 2004).  

Furthermore, recent reviews suggest that there are negligible long-term impacts of 

prescription burning on the structure and diversity of plant communities in rehabilitation 

forests and also on the soil nutrient status (soil C, N, S, P pools) (Grant and Loneragan, 

1999; Grant and Loneragan, 2001; Morley et al., 2004).  However, there is currently little 

information on the effect of such fires on functional aspects (i.e. nutrient cycling) in these 

forest ecosystems.   

 Nitrogen is relatively easily volatilized from soil, litter and foliage but is dependent 

on the season (dryness), intensity and vegetation characteristics (e.g. fuel loads) (Raison, 

1979). Investigations into nutrient partitioning in jarrah forest ecosystems have shown that a 

large proportion of the N in the system is stored in the litter and understorey shrubs and 

trees (Hingston et al., 1980).  This is also true for rehabilitated areas which often contain a 

dense understorey of leguminous species.  Considering that fuel reduction, prescription fires 

typically target litter and understorey biomass layers, burning of rehabilitation forests may 
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lead to large losses of nutrients, particularly N, to the atmosphere and this may impact the 

long-term nutrient status and stability of these areas (Ward et al., 1991; Morley et al., 

2004).  

 Low and moderate intensity fires within rehabilitation jarrah forests can alter the 

composition and structure of understorey plant species toward that of non-mined forests 

following prescription burning (Grant and Loneragan, 1999; Grant, 2003).  Such changes in 

plant community composition and other indirect effects of these fires may influence soil 

processes and the structure of the microbial community.   

 

1.6 Research objectives and thesis outline 

 Current performance criteria developed by industry, government regulators and 

other stakeholders have determined that rehabilitation on post-bauxite mined areas of 

the jarrah forest should be functional and demonstrate resilience to further disturbances 

such as fire in a manner comparable to non-mined analogue sites.  Before rehabilitated 

jarrah forests can be successfully integrated into broad scale forest management 

regimes, a more thorough knowledge of the potential impacts of burning practises on 

the soil microbial community and key nutrient cycling processes in these systems is 

required.  In addition, little is known of the resilience of microbial communities in 

rehabilitation sites to normal forest disturbances such as prescription burning.  The 

research presented in this thesis aimed to broaden current knowledge of how the mass, 

function and structure of microbial communities in rehabilitation sites compare to non-

mined forest soils and also assess the impact of prescription burns on the microbial 

community.   
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The specific aims of this thesis were to: 

 

i) Assess the return of N cycling processes, the heterotrophic function and 

structure of soil microbial communities within 15 year old rehabilitation 

sites that have been previously been shown to have (a) comparable soil 

nutrient status and (b) a vegetation community resilient to prescription 

burning to non-mined forest sites (Chapter 2); 

ii) Assess the utility of two common whole-soil approaches of measuring the 

community level physiological profiles (CLPP) of microbial communities 

from different ages of rehabilitation (three and 13 year old) and adjacent 

non-mined forest soils (Chapter 3); 

iii) Optimise the assay to improve its use as an indicator of soil functional ability 

and rehabilitation success post-mining (Chapter 4);   

iv) Use the new optimised CLPP assay to assess whether CLPP of rehabilitation 

soil would become more similar to adjacent non-mined soils with increasing 

successional age or be influenced by previous prescription burning (two 

years prior; Chapter 4);  and 

v) Assess the resistance and resilience of the soil microbial activity, C and N 

cycling rates and the active microbial community of rehabilitation soils to a 

normal prescription burning event in comparison to adjacent non-mined 

forest soils (Chapter 5). 
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CHAPTER 2  

 

SOIL CARBON AND NITROGEN PROCESSES, COMMUNITY 

LEVEL PHYSIOLOGICAL PROFILES AND MICROBIAL 

COMMUNITY STRUCTURE OF A 15 YEAR OLD POST-MINED 

JARRAH FOREST COMAPRED TO NON-MINED FOREST 

 

2.0 Abstract 

 In the jarrah (Eucalyptus marginata) forest of Western Australia, the 

rehabilitation process post bauxite mining involves contour ripping, return of topsoil, 

and the seeding or planting of native vegetation.  Surface contour ripping creates 

distinct surface micro-topography where furrows of rip-lines often act as ‘litter traps’ 

and hence nutrient accumulators.  Mining and rehabilitation within the jarrah forest has 

created a mosaic landscape, consisting of areas of mined and rehabilitation forest in 

various stages of succession surrounded by non-mined forest.  To determine the success 

of forest rehabilitation after major anthropogenic disturbances, assessment of key 

ecosystem processes including carbon (C) and nitrogen (N) cycling, along with 

assessment of the underlying microbial community, is desirable.  Previous research 

within these ecosystems suggests that ~ 15 years after initial rehabilitation soil N pool 

size is comparable to non-mined forest analogues.  However, there have been few 

investigations into the recovery of soil C and N processes rates or the re-establishment 

of microbial communities in these soils.  Based on the nutrient pool data it was 

hypothesized that in 15 year old rehabilitation furrows soils would demonstrate 

comparable, if not greater, rates of C and N cycling in comparison with non-mined 

forest soils, whereas mounds would have lower rates.   However, as rehabilitation and 

non-mined forest sites are likely to differ in litter quality it was also hypothesized that 
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heterotrophic function and microbial community structure of rehabilitation soils 

(furrows and mounds) would be different to the non-mined forest soils.  As 

hypothesized, rates of C mineralisation and gross rates of N mineralisation, 

immobilisation and nitrification in the 15 year old rehabilitation furrow soils were 

comparable to non-mined forest soils in furrow soils but not mound soils (P < 0.05); 

whereas mounds exhibited lower rates of C and N processes than both furrows and non-

mined forest soils.  Nitrogen mineralisation and immobilisation were tightly coupled in 

all soils, leading to minimal nitrification.  Even though C and N process rates differed, 

there was no difference in the heterotrophic functional ability (community level 

physiological profiles; CLPP) between any soils.  However, microbial community 

structure, as measured by phospholipid fatty acid analysis (PLFA), of both furrows and 

mounds were different to non-mined soils (P < 0.1), but there were no differences 

between PLFA profiles of the furrows and mound soils.  Findings suggest that the 

distinct spatial distribution of litter accumulation, primarily a result of contour ripping, 

has a profound impact on the recovery of C and N processes in rehabilitation forest 

soils.  However, it is still unclear as to what impact such differences in community 

structure will have on long-term ecosystem stability.   

 

2.1 Introduction 

 

  The key objective of post-mining rehabilitation is to return a functional jarrah 

forest ecosystem, in which key ecosystem processes such as nutrient cycling are 

established and maintained at rates comparable to non-mined forests (Grant et al., 

2007).  Rehabilitation forests must also be able to demonstrate resilience to normal 

forest management practises such as prescription burning (Grant, 2003; Morley et al., 

2004).  Hence, to assess the success of rehabilitation toward recovery of a self 
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sustaining ecosystem, it is important to determine to what extent nutrient cycling 

processes have recovered compared with non-mined forests (Harris, 2003; Izquierdo et 

al., 2005).  

 Nutrient cycling processes, such as carbon (C) and nitrogen (N) cycling are 

largely driven by microbial communities in soil.  As microorganisms utilise readily 

available C substrates for cell synthesis (growth) and for maintenance (Atlas and 

Bartha, 1998), the quantity and quality (i.e. C to N ratio) of organic inputs to soil 

influence the rate of nutrient cycling, microbial heterotrophic function (Schipper et al., 

2001; Stevenson et al., 2004), and the development of different microbial populations 

and hence microbial community structure (Grayston et al., 1997; Myers et al., 2001).  

The quantity and quality of organic inputs to soil are primarily influenced by the 

composition and productivity of the overlying vegetation (Grayston et al., 2001).  It has 

been hypothesised that it is primarily the quantity rather than the quality of C resource 

availability to microorganisms in soil that regulates the size of the microbial biomass 

and hence contributes to regulation of nutrient cycling processes (Grayston, et al., 

2001).  Indeed, microbial biomass is generally strongly positively correlated with soil 

organic matter content (Wardle, 1992; Zak et al., 1994).  Differences in heterotrophic 

function (community level physiological profiles; CLPP) and microbial community 

structure on the other hand have largely been attributed to the qualitative variation in C 

substrates quality associated with different plant species litter and rhizodeposits (Rovira, 

1965, Grayston et al., 1998; Grayston et al., 2001).  The vegetation composition and 

productivity of rehabilitation forest sites can be markedly different to that of non-mined 

jarrah forest (Norman et al., 2006).  This is partly due to standard rehabilitation 

procedures involving initial seeding of a greater proportion of relatively fast growing 

but short-lived (< 8 years) leguminous understorey species than are normally present 

within the non-mined forest (Ward, 2000).  Litter from predominately leguminous 
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understorey species in 8 year old rehabilitation forests has been shown to be higher in 

total N content and have a C/N of up to half that of the overstorey leaf litter (overstorey 

C/N >100 and understorey C/N <60) (Todd et al., 2000a).  Furthermore, there may be 

differences in the rates and composition of root exudation between vegetation 

communities of rehabilitation forests and non-mined forests. However, there has been 

no research investigating patterns of root exudation within these forest ecosystems.   

Hence, differences in the quantitative and qualitative nature of C substrates entering the 

soils of rehabilitation and non-mined forest sites may influence rates of nutrient cycling 

and also the structure of the microbial communities within these forest soils. 

 Initial site preparations within rehabilitation areas such as contour ripping may 

also influence the development of key soil nutrient cycling processes and microbial 

communities of rehabilitation forests.  Following mining,  the area is contour ripped 

(approximately 1.5 m depth and 1.6 m spacing), topsoil is returned, and then the area is 

seeded and planted with native over and understorey species (see Ward, 2000; Grant 

and Koch, 2007).  The main functions of contour ripping are to relieve soil compaction, 

assist water infiltration and reduce the risk of erosion (Ward, 2000).  This ripping results 

in the creation of a pattern of distinct mounds and furrows across the surface of the 

mined landscape, remaining for greater than 20 years in most instances (pers. 

observation).  The furrows act as litter traps, accumulating nutrients, whereas the 

position of the mounds often results in these areas having much sparser litter and lower 

concentrations of soil nutrients (Todd et al., 2000a).  Conversely, the distribution of 

nutrients in non-mined forest soils has a much less distinct spatial distribution than 

rehabilitation forests, despite containing intrinsic heterogeneity (O'Connell et al., 1979).  

Given that there are differences in the spatial distribution of litter inputs between 

rehabilitation forests and non-mined forests, such differences are also likely to be 

reflected in rates of C and N cycling.  The collection of litter and water and hence 
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nutrients within the furrows may result in the faster establishment of microbial biomass 

and hence nutrient cycling processes in furrow as opposed to the mound soils, relative 

to the non-mined soils.    

 Previous research within rehabilitating jarrah forest ecosystems suggests that 

after ~ 15 years the amount of N in the soil and litter exceeded that of nearby jarrah 

forest (Ward and Koch, 1996).  In addition, a recent study conducted in rehabilitation 

jarrah forests has concluded that by 16 years of age, the species richness of 

ectomycorrhizal fungi in rehabilitation jarrah forests was comparable to that of non-

mined forests (Glen et al., 2008).  Furthermore, vegetation communities in 12 to 15 year 

old rehabilitation have shown resilience to prescription burning practises (Morley et al., 

2004).  As such, rehabilitation forests are often returned to normal forest management 

practises (e.g. prescription fire) between these ages.  However, to date no studies have 

investigated rates of nutrient cycling processes or the recovery of soil microbial 

communities in rehabilitation forest of these ages.  The aim of this study was to 

investigate the recovery of key soil processes (C and N cycling and heterotrophic 

function) and the structure of the microbial communities (phospholipid fatty acid 

analysis; PLFA) in soils of rehabilitation sites of an age that has been shown to (a) have 

comparable soil nutrient status and (b) a vegetation community likely to be resilient to 

prescription burning relative to non-mined forest reference sites.  To this end a typical 

15 year old rehabilitation forest (rehabilitated in 1989) and the adjacent non-mined 

forest was chosen for comparison.  This study hypothesized that the size of the 

microbial biomass and rates of C and N cycling within 15 year old rehabilitation soils 

would be comparable to non-mined forest soils within furrow soils but would be lower 

in mound soils.  Given that the quality of C substrates entering the soil was likely to be 

different between the rehabilitation and non-mined forest sites, it was also hypothesised 
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that the heterotrophic function and microbial community structure of rehabilitation soils 

(furrows and mounds) would be different to the non-mined forest soils.   

 

2.2 Materials and Methods 

 

2.2.1 Study area and treatments 

 

 The study area was located within the Del Park region previously mined by 

Alcoa World Alumina Australia.  Del Park is located 110 km south of Perth, near 

Dwellingup in the northern Jarrah forest region, Western Australia (32.71
o
03 S and 

116.05
o
94 E).  The climate is of mediterranean-type, with hot dry summers and cool wet 

winters with a mean annual rainfall of 1, 258 mm.  Soils consist of an upper layer of 

coarse ferruginous gravels and yellow/brown sands overlying a layer of caprock (Todd 

et al., 2000a).  A detailed description of the procedures used to rehabilitate bauxite 

mines in south-west Western Australia are described elsewhere (Ward, 2000; Smith et 

al., 2004).  Briefly, this includes ripping before seeding to a depth of approximately 1.5 

m and at 1.6 m spacing between rip lines (Ward, 2000).  A mixed fertilizer of N, 

phosphorus (P), potassium (K) and micronutrients is aerially broadcast following 

seeding in late winter or spring at ~500 kg ha
-1

 (Ward 2000).  

 Three replicate plots (20 x 20 m) were established in post-mined sites 

(approximately 3 to 4 ha each) that were initially subject to rehabilitation 1989 (15 yr 

old).  In addition, three replicate plots (20 x 20 m) were established in non-mined forest 

surrounding the rehabilitation sites.  Rehabilitation sites had not previously been burnt, 

whilst the non-mined forest was last burnt 14 to 16 years earlier.  All rehabilitation sites 

had been seeded with jarrah (60%), marri (20%), blackbutt (E. patens) (20%), and a 

mixture of legume and understorey species including Acacia and Bossiaea spp. 
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 During spring (September) 2004, composite bags of 12 soil cores (5 cm 

diameter; 0-5 cm depth) were randomly collected from furrows and the mounds of the 

contour rip-lines of each plot and also from the non-mined forest plots.  Hence, the 

furrow and mound soil was collected and processed separately.  Upon return from the 

field, the soils were sieved to < 2 mm and stored at 4 ºC.  The soil was then pre-

incubated for 7 to 10 days under field moisture (Table 2.1) and temperature conditions 

(day ~ 25 ºC and night ~12 ºC) prior to analyses. 

 

2.2.2 Litter collection 

 

 Litter was collected from furrows and mounds separately using a 50 cm x 100 

cm quadrant placed in alignment with one randomly selected furrow and mound within 

each plot.  Litter samples were air dried (40 ºC for 7 days) and the litter loadings were 

calculated as tonnes ha
-1

 for each site.  Samples were separated into coarse (intact, >4 

mm) and fine (partially broken down, <4 mm) litter fractions.  A sub-sample of both 

coarse and fine litter was ground to a fine powder and analysed for total C and N 

content using a combustion CHN analyzer (Elementar CHNS). 

 

2.2.3 General soil properties 

 

 Clay, silt and sand content was determined using particle size analysis 

(McKenzie et al., 2002).   Soil pH and electrical conductivity (EC) was determined on 

air dried (40 ºC) soil.  Measurements of soil pH were made using 10 g (oven dry) soil in 

50 mL of 0.01 M CaCl2 and EC was determined using 10 g (oven dry) soil in 50 mL de-

ionised water.  Both were shaken end over end for 1 hour and left to stand for 30 

minutes before analysis.  Cation exchange capacity (CEC) was determined using the 

silverthiourea method (Rayment and Higginson, 1992).  Bicarbonate extractable 
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(Cowell) phosphorus (P) was determined spectrophotometrically after extraction of 1 g 

of soil in 50 mL of 0.5 M sodium bicarbonate (Rayment and Higginson, 1992) using a 

reference soil standard containing 12.6 mg kg
-1

 of P. 

 

2.2.4 Carbon and nitrogen pools and process rates 

 

 Total soil C and N were determined on air dried (40 ºC) soil using a combustion 

CHN analyser (LECO Corp., USA).  Microbial biomass C and N were determined by 

fumigation-extraction (Jenkinson et al., 2004) using a 24-hour chloroform fumigation 

period and an extraction ratio of 1:4 with 0.5 M K2SO4 (Sparling et al., 1993).  

Oxidizable C within the extracts was analyzed by high temperature oxidation 

(Shimadzu 5000A TOC) and microbial biomass C determined by multiplying the TOC 

difference between fumigated and non-fumigated samples with a kEC of 0.45 (Jenkinson 

et al., 2004).  Organic N concentrations in the K2SO4 extracts were determined 

colourmetrically after alkaline persulfate oxidation (Cabrera and Beare, 1993).  Soil 

basal C mineralisation rates were calculated as the CO2-C respired from the no-substrate 

added controls used in the CLPP assay (see section 2.2.5).  The metabolic quotient 

(qCO2) of the soils was determined as the ratio of basal respiration to microbial biomass 

C (Insam and Haselwandter, 1989). 

 The 
15

N isotopic dilution technique (Kirkham and Bartholomew, 1954) was used 

to determine gross N mineralisation, gross nitrification and potential gross 

immobilisation rates (Murphy et al., 2003a).  Two (50 g dry weight equivalent) samples 

of soil from each treatment were weighed into 120 mL vials and homogeneously labeled 

with a solution of either (
15

NH4)2SO4 or K
15

NO3 (60 atom %, 1 μg N g
-1

).  Vials were 

then incubated under field temperature (day ~ 25 ºC and night ~ 12 ºC) conditions.  The 

15
NH4 labeled soil was sampled after 2, 24 and 48 hours and 

15
NO3 labeled soil was 

sampled after 24, 48 and 72 hours.  At each sampling a 12.5 g sub-sample of 
15

N-
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labeled soil was removed, extracted (50 mL 0.5 M K2SO4), centrifuged and filtered 

through Whatman No. 42 filters.  Filtrate was collected and frozen until subsequent 

analysis.  All filtrates were analyzed for NH4
+
-N and NO3

-
-N (NO3

-
 + nitrite) using a 

Skalar San 
plus

 system
TM

, continuous flow colourmetric analyzer.  

 Separate 
15

N enrichments for both the NH4
+
-N and NO3

-
-N

 
pools of the 0.5 M 

K2SO4 extracts was determined using a Roboprep C/N analyser coupled with isotope 

ratio mass spectrometry (ANCA-NT system 20/20, Europa Scientific Ltd, Cheshire, 

England), after a two-stage diffusion method described by Brooks et al. (1999) with 

slight modifications.  Gross N mineralisation, gross N nitrification, NH4
+
-N 

consumption and NO3
-
-N consumption rates were calculated using equations described 

by Kirkham and Bartholomew (1954).  Gross N immobilisation rates were calculated 

as: (gross NH4
+
-N consumption- gross N nitrification) + (NO3

-
-N consumption). 

 

2.2.5 Community level physiological profiles (CLPP) 

 

 The C substrate utilization method of Degens and Harris (1997) was used to 

examine CLPP of the active bacterial populations.  In brief, solutions (2 mL) of 25 

different organic substrates or di-ionised water were each added to 1 g (dry weight 

equivalent) of moist soil in McCartney bottles (27.7 mL) to form a slurry.  Carbon 

substrates used were the same as those reported in Stevenson et al. (2004), consisting of 

two carbohydrates, two amines, six amino acids, one aromatic acid and 14 carboxylic 

acids.  The amines and amino acids were added at 10 mM, the carbohydrates at 75 mM 

and the carboxylic acids at 100 mM.  All substrate solutions were adjusted to the 

average soil pH using HCl or NaOH to minimise the likelihood of any substrate-pH 

effects on the microbial populations.  All bottles were sealed with a SubaSeal
©

 stopper 

and incubated at 25 °C for 4 hr in the dark.  After incubation, CO2 production was 
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determined by injecting 1 mL of headspace gas into an infra-red gas analyser and 

analysed against a known CO2 standard (BOC, Australia).  

 

2.2.6 Phospholipid fatty acid (PLFA) analysis 

 Phospholipid fatty acid (PLFA) analysis was used to assess the structure of the 

microbial community.  Briefly, total lipids were extracted from freeze dried soil (10 g) 

using the modified one-phase extraction procedure (Zelles et al., 1992). The lipids were 

fractionated on silica-bonded phase columns (SPE-Si, Supelco, Poole, UK) into neutral, 

glyco- and polar phospholipids.  Phospholipids were hydrolysed and derivatised, and 

the resulting methyl esters recovered in chloroform.  The excess solvents were removed 

by evaporation under N2.  The methyl esters fatty acids were analysed by gas 

chromatograph with a splitless injection port coupled directly to a mass spectrometer 

(GC 6890/5793 MSD, Agilent Technologies, Bracknell, UK) by automatic injection of 

aliquots (1 μl).  A non-polar column (95% dimethyl-5% diphenyl polysiloxane, length 

30 m x 0.25 mm i.d., film thickness 320 µm) was used to separate the fatty acids.  The 

temperature programme was 70 °C for 1 min, increasing to 150 °C at 15 °C min
-1

, and 

then to 280 °C at 5 °C min
-1

.  This temperature was then held for 5 min. Peaks were 

initially identified by co-elution against an external standard (FAME Mix 18920, 

Supelco Poole, UK).  Peak areas were quantified from peaks generated by blanks 

containing an internal standard (C19:0, 10 ng μl
-1

, Sigma).  Peak identification was 

confirmed by mass spectrometer.  Spectra were generated from electron ionisation 

(electron voltage at 70 eV) and full scans were taken at 550-600 amu.  Integration and 

handling of fatty acid peak data was performed by Chemstation Data Systems software 

(Agilent Technologies, Bracknell, UK). 
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2.2.7 Statistical design and analyses 

 

 Differences in soil and litter properties were tested by fixed effects analysis of 

variance (ANOVA) and the least significant difference was calculated for the 95 % 

confidence level (Genstat v8.1).  Soil chemical and biological characteristics of the 

rehabilitation furrows and mounds were compared to the non-mined forest soils.  In 

addition, based on visual assessment of the field sites it was assumed that furrows and 

mounds are distributed evenly over the rehabilitation site (i.e. half of the area is mounds 

and half of the area is furrows).  As such, pool sizes and rates of C and N cycling for 

mound and furrows were averaged to enable comparison on a landscape level, to the 

values of the non-mined sites.  

 Statistical analyses of CLPP data was based on Manhattan distances of the 

original CO2 responses that had been standardised by subtracting the CO2 response from 

soil receiving water without C substrate and then dividing by sample sums.  This was 

done to reduce the bias in respiration responses that may be created by the soils having 

different microbial biomass (Degens, 1998).  Statistical analyses of phospholipid fatty 

acids were based on Manhattan distances of the 4
th

 root transformed fatty acids of each 

sample.  

 Tests of the multivariate null hypotheses of no differences among a priori 

defined groups (CLPP and PLFA profiles) were examined using permutation 

multivariate analysis of variance (PERMANOVA). Principal coordinates analysis was 

used to visualise treatment separation (Anderson and Willis, 2003).  All PERMANOVA 

tests used 9999 permutations of raw data from residuals under a reduced model.  

Because of the limited number of field replicates, P-values were estimated using Monte 

Carlo random draws from the asymptotic permutation distribution. 

 To determine the presence of any relationships between CLPP or PLFA profiles 

and individual soil and litter variables (standardised to remove abundance affects of 
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different measurement units), non-parametric multivariate-regression (DISTLM) was 

utilised (Anderson, 2001a).  The statistical significance of correlations between soil and 

litter variables that were generated using the DISTLM program was determined using 

Genstat v8.1. 

 

2.3 Results 

 

2.3.1 General soil and litter properties 

 

 The rehabilitation soils had a larger proportion of clay and similar pH to the non-

mined forest soils (P < 0.05; Table 2.1).  Furrow soils and non-mined soils had greater 

soil CEC, total C and N, and microbial C than mound soils (P < 0.05; Table 2.1).  The 

total soil C/N ratio of the non-mined soils was greater than the furrow and mound soils, 

and the C/N of the furrow soils was greater than the mound soils.   

 There was no difference in the quantities (t ha
-1

) of litter between furrow and 

mounds, or between both rehabilitation sites and non-mined forest sites (Table 2.1).  

However, variation within sites was large (data not shown). There was also no 

difference in the C content of the coarse or fine litter between rehabilitation and non-

mined sites (Table 2.1), but coarse litter N content was greater in rehabilitation sites 

than in the non-mined forest sites.  The coarse litter C/N from the non-mined forest was 

greater than that of the furrow and mound litter samples collected.  The coarse litter C/N 

was positively correlated with the soil C/N across all sites (r
2
 > 0.60 and P < 0.05).  

Positive correlations also existed between MBC and total soil C (r
2
 = 0.922), coarse 

litter N and coarse litter C/N, soil N, soil C/N, EC, CEC and sand content (r
2
 > 0.60 and 

P < 0.05).   
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2.3.2 C mineralisation and gross N process rates   

 

 The microbial quotient (rate of CO2-C evolved per unit MBC; qCO2) was 

significantly greater in the furrow and mound soils than the non-mined forest soils (P < 

0.05; Table 2.1).  There was no difference in rates of N mineralisation and 

immobilisation or C mineralisation of furrow soils and non-mined forest soils but both 

these soils had greater rates than mound soils (P < 0.05; Figure 2.1).  There was also no 

significant difference in rates of nitrification between all soils (Figure 2.1).  When gross 

rates of N mineralisation and immobilisation for furrows and mounds were averaged, 

there was no significant difference in these rates compared with non-mined forest soils 

(data not shown).  Rates of C mineralisation were correlated with total C and MBC (r
2
 > 

0.60 and P < 0.05).  In all soils, both gross N mineralisation and immobilisation rates 

were positively correlated with each other (r
2 

> 0.60 and P < 0.05).  Immobilisation was 

negatively correlated with the rate of gross nitrification (r
2
 > 0.60 and P < 0.05) with 

NH4
+ 

immobilisation being the dominant form of NH4
+
-consumption in these soils (data 

not shown).  Greater gross N mineralisation rates within the furrows and non-mined 

soils compared to mound soils were correlated with greater MBC in these soils (r
2
 > 

0.60 and P < 0.05).  Across all soils coarse litter N content was positively correlated to 

gross nitrification and increases in coarse litter C/N ratios were correlated to decreases 

in gross nitrification. 
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Table 2.1  Soil and litter properties of the 15 year old rehabilitated and non-mined forest 

sites. Letters indicate differences at P<0.05; rows with no letters were not significantly different 

between soils. 

 

 

 

 

 

 

Soil property 

 

 

15 year old forest soils 

 

 

 

 

Non-mined forest 

soils 

 

Furrows 

 

Mounds 

 

 

Average of  

Furrow and Mound  

 

pH (CaCl2) 4.9 

 

5.1 

 

5.0 5.2 

 

EC (μS) 96.7a 

 

68.9a 

 

82.8a 105.7b 

 

CEC 

 

3.8b 1.1a 2.5a 4.7b 

Total N (mg  kg-1) 0.1b 

 

0.06a 0.08b 0.1b 

 

Total  C ( mg  kg-1) 4.3b 

 

2.1a 

 

3.2a 6.5b 

 

Total C/N 

 

43.0b 35.0a 39.0a 65.0c 

Sand (%) 88.3 

 

84.0 86.1 90.7 

Silt (%) 4.5 6.2 

 

5.3 4.7 

 

Clay (%) 7.2b 9.8b 8.5b 4.7a 

 

Field Soil Moisture (%) 

 

24.0a 13.2b 18.6a 20.4a 

Microbial C ( mg  kg-1) 

 

315.1b 132.2a 223.7a 398.3b 

qCO2 (μg CO2-C MBC-1) 

 

0.03a 0.06a 0.05a 0.02b 

 

Litter properties 

 

    

Coarse litter ( t ha-1) 15.1 13.1 14.1 13.5 

 

Fine litter (t ha-1) 

 

5.3 5.7 5.5 6.4 

Coarse litter-C ( mg  kg-1) 

 

46.0 43.7 44.9 45.5 

Fine litter-C ( mg  kg-1) 

 

40.4 38.1 39.2 41.5 

Coarse litter-N ( mg  kg-1) 

 

0.8b 0.6b 0.7b 0.5a 

Fine litter-N ( mg  kg-1) 

 

1.5 1.3 1.4 1.2 

Coarse litter-C/N ( mg  kg-1) 

 

60.8a 69.2a 65.0a 97.6b 

Fine litter-C/N ( mg  kg-1) 

 

29.8 32.7 31.2 33.5 
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Figure 2.1 Gross rates of N mineralisation (■), immobilisation (■) and nitrification (■) and rates 

of C mineralisation (■), in the non-mined forest soils and the 15 year old rehabilitation (furrow and 

mound soils).  Letters indicate significant differences between soils of each process rate (P < 0.05). 
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2.3.3 CLPP and PLFA profiles 

 There was no difference in the CLPP between rehabilitation soil and the non-

mined soils or between the furrow and mound soils (Figure 2.2a).  A total of 41 fatty 

acids were identified and used to generate PLFA profiles.  The PLFA profiles of non-

mined forest soils were not significantly different to furrows or mounds at a 5 % 

significance level (P = 0.06 and P = 0.06 respectively) but were at a 10 % significance 

level (Figure 2.2b).  There was no significant difference in the PLFA profiles between 

furrow and mound soils (P > 0.1).  Given that the P value was so close to being 

significant at P < 0.05 it was determined that indeed the PLFA profiles of the 

rehabilitation and non-mined forest sites were significantly different at P < 0.1, if not P 

< 0.05.  Given that the use of three field replicates limited the power of statistical 

comparisons for this study a P value of 0.06 was interpreted as indicating a significant 

difference.  In all subsequent studies in this thesis, I have used four field replicates, and 

interpreted significant differences at the more stringent 5 % significance level. 

Using non-parametric multivariate-regression (DISTLM), differences in PLFA 

profiles between rehabilitation soils and non-mined soils were largely explained by 

coarse litter C/N, coarse litter N and total soil C/N.  These three parameters individually 

explained 35.8, 29.8 and 25.3 % of the variation within the PLFA profiles respectively 

(P < 0.05).   
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Figure 2.2 Principal co-ordinates analysis (PCO) of the CLPP (a) and PLFA (b) of the 15 year old 

rehabilitation furrow (●) and mound (●) soils and non-mined soils (￮).  
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2.4 Discussion 

2.4.1 C mineralisation and gross N process rates   

 Findings of this research support the original hypothesis that by 15 years of age, 

furrows of post-bauxite mined rehabilitation forests have recovered soil C and N 

processes comparable to that of non-mined forest sites.  The comparable rates of C and 

N cycling observed between the 15 year old furrow and non-mined forest soils indicate 

that the soil microbial communities within the furrows have a similar potential to carry 

out such function as that of the non-mined forest.  In this study the furrow and non-

mined soils also had comparable levels of microbial biomass C and both soils had larger 

microbial biomass than mound soils.   Differences in the microbial biomass and nutrient 

cycling between the furrows and mounds are also likely to be related to differences in 

the quantity of C substrates available for microbial metabolism and also to differences 

in soil moisture and temperature between the two locations.    

 It has been hypothesized that it is the quantity of C substrates available for 

microbial uptake that drives the size of the microbial biomass in soils (Grayston et al., 

2001) which is related to plant productivity and the composition of the overlying 

vegetation community.  Differences in the C and N content between furrows and non-

mined soils and the mound soils are likely to be partly driving differences in the 

microbial biomass of these soils.  The lack of significant differences in litter loadings 

between the furrow and mound suggests that the quantity of C substrates entering these 

soils from above ground sources was similar.  However, the lack of significant 

difference in litter loadings is likely related to the large variation in litter loadings 

between replicate plots.  Such variation may be masking subtle differences in litter 

loading between the furrows and mounds that are influencing the quantity of C entering 

the soils between furrows and mounds.  Differences in the C and N content of furrow 

and mound soils may also be related to the quantity of C inputs from root exudation and 
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the greater presence of short roots and mycorrhizas in furrows and non-mined soils as 

opposed to mounds.  A study by Priha et al. (1999) demonstrated that a higher number 

of short roots and mycorrhiza under pine and birch led to increases in microbial biomass 

and C mineralisation rates as a result of greater release of labile C.  Although not 

quantified in this study, field observations suggest that furrows supported more plant 

growth and also often had a dense ‘mat’ of fine roots extending through the A horizon 

and into the overlying decomposing litter layer.  These ‘mat’ layers were never 

observed on mounds.  As such, furrows may be receiving greater quantities of C in the 

form of rhizodeposition than mounds and this is likely resulting in furrow soils having a 

greater microbial biomass than mounds.   

 It is proposed that the higher specific activity (metabolic quotient; qCO2) of the 

rehabilitation furrow soils in comparison to that of the non-mined forest was likely a 

result of the rehabilitation forest soils having a greater proportion of more readily 

available C substrates than non-mined forest soils.  This can be attributed to the largely 

leguminous understorey containing a greater proportion of readily decomposable forms 

of C than predominately eucalyptus litter of the non-mined forests.  Furthermore, as 

discussed above, furrows are also likely to contain a greater quantity of C substrates 

from root exudation.  Root exudates are a complex mixture of C compounds, largely 

comprised of organic acid anions but also including C substrates such as carbohydrates 

(sugars), amino acids, enzymes, purines, vitamins, phenolics, inorganic ions (e.g. HCO3
-

, OH
-
) and also gaseous molecules (CO2) (Dakora and Philips, 2002).  In addition to 

having less bio-available C, non-mined forest soils may also have a greater proportion 

of more recalcitrant or passive forms of soil C as successional processes have been 

suggested to result in soil C stabilization and the production of increasingly complex C 

substrates over time (Rumpel et al., 1999; Schipper et al., 2001).  
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 Changes in soil moisture and temperature are also known to influence the 

biomass, activity and structure of microbial communities (Wardle and Parkinson, 1990; 

West, 1992).  Furrows are designed to trap water and as such they provide moist soil 

conditions for longer periods of time, whereas the mounds are often subject to 

desiccation during dry conditions.  Mounds may also be more exposed to variable 

sunlight (having less plant cover) and hence changes in temperature than the furrows 

(pers. ob).  In this study, soil moisture at the time of sampling (spring) was significantly 

greater in the furrows and non-mined soils as opposed to the mound soils.  This study 

suggests that environmental factors may be of equal importance in influencing the size 

of the microbial biomass and nutrient cycling processes within rehabilitation sites as 

that of the quantity of C substrates available.  

 Changes in the C and N availability, in particular the C/N ratio of soil and litter 

inputs are thought to be strong determinants of rates of N processes in soil.  Microbial 

demand for N tends to increase with increasing soil organic matter content and 

therefore, the potential N retention in soils through microbial N immobilisation is likely 

to be limited by the availability of C to microorganisms (Accoe et al., 2004).  When C 

availability is high, heterotrophic microorganisms in soil are thought to compete 

effectively for NH4
+
 against autotrophic microorganisms and plants (Hart et al., 1994).  

The effective competition of heterotrophic organisms over autotrophic nitrifiers under 

high soil C and low N conditions, results in high N immobilisation, and often low rates 

of gross nitrification (Schimel and Bennet, 2004).  Findings of the present study agree 

with this, as rates of gross nitrification across all sites were very low.  The low 

nitrification to immobilisation ratios (N/I) that result under such conditions have been 

suggested as being indicative of a more stable ecosystem, as it is likely that there is no 

N ‘leakage’ from these systems in the form of more readily mobile NO3
-
 ions (Tietema 

and Wessel, 1992; Stockdale et al., 2002).  Hence, the results of this study provide 
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evidence that 15 year old rehabilitation sites have recovered stable N cycling functions, 

comparable to the non-mined forest soils.  Furthermore, the close coupling of the N 

mineralisation and immobilisation pathways observed in both rehabilitation and non-

mined soils also suggest that C availability is similar in these soils.  Such coupling of 

these two competing pathways has been observed in other low N forest soils (Davidson 

et al., 1992; Tietema, 1998).  However, the vegetation structure and discontinuous litter 

distribution characteristic of these rehabilitation forests makes them vulnerable to N 

losses from the litter layer through fire disturbances (Todd et al., 2000a).  As gross rates 

of mineralisation and NH4
+ 

immobilisation were significantly higher in furrows 

compared to non-mined forest soils, further disturbances, such as fire, may impact the 

microbial immobilisation of N and nitrification.  Hence, before rehabilitation sites can 

be considered functional ecosystems, investigation into the resilience of these soil 

processes to normal forest disturbances (i.e. fire, drought, timber harvesting) is required.  

 

2.4.2 CLPP and PLFA profiles 

 It has been hypothesised that microbial CLPP and community structure are 

predominately influenced by the quality and complexity of C substrate available in 

soils, which ultimately influences the physiological state of microbial populations 

(Degens et al., 2000; Grayston et al., 2001).  Results of this study did not completely 

support the hypothesis that the heterotrophic function and microbial community 

structure of rehabilitation soils (furrows and mounds) would be different to the non-

mined forest soils.  There was no difference in the CLPP between all soils but the 

structure of the microbial community within furrows and mounds was distinctly 

different to that of the non-mined forest soils.   

 The CLPP of a soil is a measure of a soils ability to decompose a range of 

different C substrates, and as such has been used to assess the heterotrophic function of 
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successional soils (Schipper et al 2001), soils undergoing changes in land use 

(Nsabimana et al., 2004; Stevenson et al., 2004) or following soil disturbance (Degens 

et al., 2001).  Even though there was qualitative variation in litter input (C/N ratio) 

between landuse treatments, this was not reflected as differences in the CLPP of these 

soils.  As such, results suggest that by 15 years of age, rehabilitation forest soils (both 

furrow and mound) have recovered a heterotrophic function comparable to that of 

adjacent non-mined soils.  Results also suggest that even though C and N cycling 

processes were different between furrows and mounds, the heterotrophic function of 

these two soils was comparable.  It should be noted, however, that the range of C 

substrates used in this study was originally developed to investigate the CLPP of 

temperate agricultural and grassland soils (Degens and Harris, 1997).  Hence, it is likely 

that further insight into the heterotrophic function of these communities may be gained 

through the testing of a larger range of C substrates to provide maximal separation 

between these particular forest soils.  Further insight into the heterotrophic function of 

these soils may also be gained through investigation of the ecological significance of 

differential responses to individual C substrates tested in these assays (Campbell et al., 

1997; Grayston et al., 2001). 

 Results of the non-parametric multivariate-regression determined that the quality 

of litter inputs and the soil C/N had a significant role in influencing microbial 

community structure in these soils.  However, differences may also be due to autogenic 

processes that have occurred in these soils over time during succession, related to the 

interaction with allogenic factors such as vegetation composition and soil parent 

material.  In their model of succession for microbial biofilms, Jackson et al. (2001) 

suggested that changes in community structure over time are likely to reflect changing 

levels of different resources and that the community present at any given time is a result 

of differences in the competitive abilities of populations present at different 



 59 

successional stages.  However, how much influence the composition of initial 

colonizers has on the trajectory of microbial community succession is also poorly 

understood and requires further investigation.  Another interesting question deserving 

further attention is whether the structure of microbial communities in rehabilitation soil 

(furrow and mound) and non-mined soil will converge as successional processes 

continue over time or continue to diverge.  Unlike the relatively simple plant or animal 

communities, microbial communities in soils are extremely complex both taxonomically 

and functionally and they are often very dynamic in space and time (Marschner et al., 

2002; Fitter et al., 2005).  Hence, such complexity continues to make prediction of the 

direction of successional processes extremely difficult (Jackson, 2003).  However, 

investigating changes in community structure of a chronosequence of rehabilitation 

forest sites and linking these finding with investigations into changes in key soil 

processes may provide the framework necessary to predict the trajectory of microbial 

succession in these ecosystems.  

 This research has shown that even though community structure of these 

rehabilitation and non-mined forest soils was different, key soil processes of C and N 

mineralisation within the furrows had recovered comparable to non-mined soils.  

However, it is unclear whether such differences in the structure of microbial 

communities in these rehabilitation soils to non-mined forest soils will influence the 

stability (resilience and resistance) of such processes to normal ecological disturbances 

such as fire or drought.  Insight into whether these differences will alter the trajectory of 

recovery of key ecosystem processes in these rehabilitation forests can be gained 

through investigation of these forest ecosystems following such disturbances.  
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2.5 Conclusions 

(i) Rates of C mineralisation and N cycling were similar between 15 year old 

furrow soils and non-mined forest soils, but mounds were significantly 

lower. This was attributed to less microbial biomass in the mound soils, 

which in turn is attributed to lower C and N content and lower soil moistures 

in mound soils limiting microbial growth. 

(ii) The close coupling of N mineralisation and immobilisation processes and 

low nitrification rates provide evidence of ‘conservative’ N cycling 

processes in these 15 year old rehabilitation soils; 

(iii) There was no difference in the heterotrophic function of the rehabilitation 

and non-mined forest soils indicating that heterotrophic function of furrows 

and mounds had recovered 15 years after rehabilitation.  However, the assay 

used a range of C substrates originally developed for use on different soils 

and landuses and as such may not be well suited to separating out treatment 

effects in this study;  

(iv) The structure of the underlying microbial community of 15 year old 

rehabilitation soils (furrow and mounds) was different to non-mined forest 

soils;  

(v) Further research is required to determine whether the structure of microbial 

communities in rehabilitation soils will converge toward non-mined forest 

soils as successional processes continue or continue to diverge; and  

(vi) Further research should investigate whether differences in the structure of 

microbial communities between rehabilitation soils and non-mined soils will 

influence the stability (resilience and resistance) of such processes to normal 

ecological disturbances such as fire or drought.   
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CHAPTER 3  

 

COMPARISON OF TWO METHODS THAT ASSESS SOIL 

COMMUNITY LEVEL PHYSIOLOGICAL PROFILES IN 

SUCCESSIONAL JARRAH FOREST ECOSYSTEMS  

 

3.0 Abstract 

 

There are currently two approaches that use whole soil to determine community 

level physiological profiles (CLPP) based on C-substrate utilization.  The Degens and 

Harris and MicroResp™ approaches were assessed for their ability to distinguish 

between previously mined and non-mined forest soils that are characterized by gradients 

in biological, chemical and physical properties.  Surface soils (0-5 cm) were collected 

from two ages of forest rehabilitation (3 and 16 years post mining), within mounds and 

furrows (caused by contour ripping) and from adjacent non-mined forest soil. Microbial 

respiration response to individual substrates was six times greater from the Degens and 

Harris (1.84 μg CO2-C g soil hr
-1

) than the MicroResp™ (0.31 μg CO2-C g soil hr
-1

) 

approach.  The MicroResp™ approach was able to distinguish between CLPP of the 

two ages of rehabilitation (P < 0.05) whereas the Degens and Harris approach did not.  

Neither approach identified an overall difference between the CLPP of mined and 

adjacent non-mined forest.  The MicroResp™ approach revealed a significant difference 

(P < 0.05) in CLPP from mounds of the two rehabilitation ages but no differences 

between the furrows.  In addition there was a difference (P < 0.05) in CLPP between the 

mounds and furrows within the 3 year old rehabilitation but no difference between the 

mounds and furrows within the 16 year old rehabilitation.  However, the CLPP of 

mound soils of the 3 year old rehabilitation were different (P < 0.05) to adjacent non-

mined forest, while that of the furrow soils were not.  There was no difference in CLPP 

between the mound or the furrow soils of the 16 year old rehabilitation sites and the 
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adjacent non-mined soils.  These results suggest that the aspect of microbial 

heterotrophic function measured in this study takes up to 3 years to re-establish in the 

furrow soils and between 3 to 16 years in the mound soils of post-mined rehabilitation 

soils.  These results also indicated that the MicroResp™ was substantially better than 

the Degens and Harris approach in distinguishing between treatments; this is likely to be 

due to differences in substrate concentrations and soil water potentials between 

approaches.  Testing of a more comprehensive range of organic compounds would 

likely provide greater ecological interpretation of the CLPP data. 

 

3.1 Introduction 

Even with recent developments in molecular techniques, the vast genetic and 

taxonomic diversity of soil microorganisms makes the analysis of microbial diversity 

problematic and time consuming.  In addition, assessments of community structure 

provide relatively little information about microbial functions in soils (Leckie, 2005).  A 

more detailed understanding of the functional ability of microbial communities in soil is 

central to understanding key ecological processes.  Therefore, investigating the diversity 

of microbial heterotrophic functions in soil may provide more relevant information 

about the roles of microorganisms in ecosystem function (Zak et al., 1994). 

Over the past 15-years, three approaches have been developed to investigate the 

diversity of microbial heterotrophic function in soil.  These approaches, broadly termed 

microbial community level physiological profiles (CLPP), are based on assessing the 

ability of soil microbial communities to metabolise a range of organic substrates that 

vary in structural complexity (Garland and Mills, 1991; Degens and Harris, 1997; 

Campbell et al., 2003).  The Biolog MicroPlate
TM

 consists of 96-well microtiter plates 

that contain a range of different carbon (C) substrates plus a no C control (Garland and 
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Mills, 1991).  Each well also contains a tetrazolium dye that is reduced by the presence 

of CO2, resulting in a colour change.  The wells are inoculated with a serially diluted 

soil extract and the colour formation resulting from microbial respiration in the wells is 

then measured after incubation.  Despite the ease with which large amounts of data are 

generated, it is difficult to relate Biolog MicroPlate
TM

 data to the functioning of 

microbial communities in whole soil (Konopka et al., 1998; Preston-Mafham et al., 

2002; Campbell et al., 2003; Leckie, 2005).  As a consequence, Degens and Harris 

(1997) developed an approach whereby individual substrates are added to whole soils 

and headspace CO2 response is determined manually.  However, this approach is time-

consuming and laborious when analyzing large numbers of samples and substrates.  

Therefore, a third approach (MicroResp
TM

; Campbell et al. 2003) was developed, which 

combines aspects of the methods of both Garland and Mills (1991) and Degens and 

Harris (1997). This approach allows for the rapid assessment of CLPP from whole soils 

using a colourmetric detection system (cresol red) and an automated plate reader.  A 

comparison of the MicroResp
TM

 and Biolog MicroPlate
TM

 approaches indicated that the 

MicroResp™ system more clearly distinguished differences in CLPP between soils 

receiving different organic amendments (Campbell et al., 2003).  However, there is 

currently no comparison between MicroResp
TM

 and the Degens and Harris (1997) 

method within the literature.  Given that both approaches are modified versions of the 

substrate induced respiration method (West and Sparling, 1986), it was hypothesized 

that there would be no difference in the ability of the two methods to distinguish 

between land use treatments.  Here I test this hypothesis in a forest ecosystem that is 

characterized by gradients in biological, chemical and physical soil properties. 

Soil microbial community dynamics are closely linked to C and nitrogen (N) 

transformations (Smithwick et al., 2005a) and often vary in response to substrate 

quantity and quality (Griffiths et al., 1999; Degens et al., 2000; Schipper et al., 2001; 
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Grayston et al., 2004).  This in turn has been related to the composition of the overlying 

vegetation (Grayston and Campbell, 1996; Myers et al., 2001).  Heterogeneity in soil 

biological, chemical and physical soil properties is common in forest ecosystems of the 

south-west of Western Australia due to differences in vegetation composition, stand age 

and density, frequency of fire and degree of anthropogenic influence (e.g. logging, 

mining).  Mining within this region involves the forest being cleared and the underlying 

bauxite layer removed and refined to alumina.  The objective of post-mining 

rehabilitation is to establish a species rich, functional and self-sustaining Jarrah 

(Eucalyptus marginata) forest ecosystem (Ward, 2000; Grant and Loneragan, 2001).  

Mine-site rehabilitation practices include the return of topsoil, contour ripping, seeding 

and planting with native flora, and an initial application of fertilizer.  Contour ripping 

creates a distinct micro-topographical pattern (i.e. mound and furrow; Todd et al., 

2000b) and thus influences biological, chemical and physical properties of soil (Todd et 

al., 2000a; Morley et al., 2004) that are likely to influence CLPP.  Spatial gradients in 

factors likely to mediate changes in heterotrophic function thus provide an ideal model 

with which to test these two approaches.  

The aims of this study were therefore to (i) compare the ability of the Degens and 

Harris (1997) approach and the MicroResp
TM

 approach of Campbell et al. (2003) to 

distinguish between soils from previously mined (rehabilitated) and non-mined Jarrah 

forest ecosystems and to (ii) assess the similarity in CLPP profiles between 3 and 16 

year old forest rehabilitation (mound and furrow) and adjacent non-mined forest soil.   
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3.2 Materials and Methods 

3.2.1 Study area and treatments 

 

The study area was located within the Alcoa World Alumina Australia (Alcoa) 

Huntly mine site situated in the Jarrah forest and located 110 km south of Perth, 

Western Australia (32.7103
o
S and 116.0594

o
E).  The climate is of mediterranean-type 

with hot dry summers and cool wet winters with mean annual rainfall of 1258 mm. 

Soils consist of an upper layer of coarse ferruginous gravels and yellow/brown sands 

overlying a layer of caprock (Todd et al., 2000a).  A detailed description of the 

procedures used to rehabilitate bauxite mines in south-west Western Australia are 

described elsewhere (Ward, 2000; Gardner, 2001; Smith et al., 2004).  Briefly, this 

includes ripping before seeding to a depth of >1.2 m and at 1.6 m spacing between rip 

lines (Ward, 2000).  This produces distinct mounds and furrows (which can remain for 

> 20 years) that improve water infiltration, reduce the risk of erosion and relieve soil 

compaction. A mixed fertilizer of N, phosphorus (P), potassium (K) and micronutrients 

is aerially broadcast following seeding in late winter or spring at ~500 kg ha
-1

 (Ward, 

2000). 

Four replicate plots (20 x 20 m) were established in post-mined sites 

(approximately 3-4 ha each) that were initially subject to rehabilitation in 1989 (16 year 

old) or 2002 (3 year old).  In addition, four replicate plots (20 x 20m) of non-mined 

forest were established adjacent to each of the rehabilitation sites.  Rehabilitation sites 

had not previously been burnt, whilst the non-mined forest was last burnt 14-16 years 

earlier.  During September 2005, composite bags of 12 soil cores (0-5 cm) were 

randomly collected from each replicate plot, sieved to < 2 mm and stored at 4 ºC.  Soil 

was collected separately from both the mound and furrow of the contour rip lines.  Soil 

was pre-incubated at 40% water holding capacity (WHC) for 7 days prior to analysis.   
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3.2.2 General soil properties 

Clay, silt and sand content was determined using particle size analysis (McKenzie 

et al., 2002).  Soil pH and electrical conductivity (EC) were determined on oven dried 

(40 ºC) soil.  Measurements of soil pH were made using 10 g soil in 50 mL of 0.01 M 

CaCl2 and EC was determined using 10 g soil in 50 mL DI water.  Both were shaken 

end over end for one hour and left to stand for 30 minutes before analysis.  

Organic C was determined by a modified version of the Walkley-Black method 

and estimated by the equations Ctotal = Corg + Cinorg (Nelson and Sommers, 1996).  Total 

C and N were determined on oven dried (40 ºC) soil using a combustion analyser (CHN, 

LECO Corp., USA). 

 

3.2.3 Community level physiological profiles (CLPP) 

CLPP were examined using the approaches described by Degens and Harris 

(1997) and Campbell et al. (2003).  The range of C substrates and substrate 

concentrations specified in Stevenson et al. (2004) were used for both approaches to 

provide a more direct comparison.  Substrates consisted of two amines, six amino acids, 

two carbohydrates and 14 carboxylic acids.  Solutions were adjusted to pH 5.5-6.0.  

The Degens and Harris (1997) approach involved adding C substrates (2 ml) to 

separate sub-samples of soil (1 g dry weight equivalent) that produced a slurry 

contained in 28.5 mL air tight McCartney bottles. De-ionised water was added to 

additional samples to determine respiration responses of non-substrate amended soils.  

A previously analysed CO2 response curve for a range of different substrate 

concentrations revealed that the optimal concentration of substrate groups for 

rehabilitation and non-mined forest soil were the same as those reported by Stevenson et 
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al. (2004) (data not shown).  Therefore, amines and amino acids concentrations were 10 

mM, carbohydrates were 74 mM and carboxylic acids were 100 mM when applied to 

soil.  Microbial respiration rates were determined after a 4 h incubation period at 25 °C.  

Soil slurries in McCartney bottles were mixed on a vortex mixer for 5 s prior to sealing 

with a rubber stopper and again prior to headspace gas sampling.  The concentration of 

CO2 was determined by injecting 1 ml of the headspace gas into an infra-red gas 

analyzer (The Analytical Development Co., Series 225, gas analyzer) and adjusted 

against a 4.62 % CO2 standard (BOC Gases).  

Using the MicroResp
TM

 approach of Campbell et al. (2003), substrates were 

prepared so that 30 mg of substrate per one mL soil water were supplied to each deep 

well.  Substrates that did not readily dissolve in water were supplied at a concentration 

of 7.5 mg per mL soil water.  Soil (300 µL total volume) was added to the 96-well 

microtiter deep well plates after 30 µL of each substrate had been dispensed (three wells 

per substrate plus nine water controls per plate).  This gave a final water content of 60% 

of water holding capacity (WHC).  It was necessary to use greater concentrations of the 

reactants within the gel detector plate than were reported by Campbell et al. (2003) to 

allow for a greater concentration of CO2 to be absorbed from the headspace.  The 

indicator dye with the gel detector plate consisted of cresol red dye (20 ppm), potassium 

chloride (240 mM) and sodium bicarbonate (4 mM) set in a 1 % gel of noble agar (150 

µL per well).  A calibration curve of absorbance versus headspace equilibrium CO2 

concentration was fitted to an exponential decay model (r
2
 = 0.95), as follows: % CO2 

in well headspace = ((-0.06 + (4.76*exp (((-1)*4.06*x))) + (185.85*exp (((-

1)*18.24*x))).  This was determined by equilibrating eight microtiter wells (detachable 

into 12 segments) with different concentration of CO2 prepared from a known standard 

gas mixture (4.62 % CO2; BOC Gases) for 4 h at 25 °C.  After the duration of the assay, 
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the 12 segments of eight wells were reassembled and read in a plate reader (ASYS 

Hitech, EXPERT 96, microplate reader).   

 

3.2.4 Statistical analyses 

Statistical analyses of CLPP data was based on Manhattan distances of the original 

CO2 responses that had been standardized by subtracting the CO2 response from water 

only and then dividing by sample sums.  This was done to reduce the bias in respiration 

responses that may be created by the soils having different microbial biomass (Degens, 

1998).  To determine the ability of the two approaches to discriminate between 

rehabilitation age and non-mined forest, an average of the mound and furrow response 

for each substrate was calculated.  This averaged value was then used in pairwise 

comparisons with adjacent non-mined forests.  Adjacent non-mined forest sites were 

also compared with either the mounds or furrows of each rehabilitation age.  The effects 

of rehabilitation age and contour ripping (mound or furrow) were then assessed. 

The Simpson-Yule index (Magurran, 1988) was used to calculate heterotrophic 

evenness for each soil for both methods using the formula: E = 1 / ∑ pi
2
, where pi is 

calculated as the respiration response to a substrate as a proportion of respiration 

responses summed across all substrates for a soil. 

Tests of the multivariate null hypothesis that there are no differences among a 

priori defined groups were performed using permutational multivariate analysis of 

variance (PERMANOVA) and presented in an ordination using unconstrained principle 

coordinates (PCO) (Anderson, 2001a).  Canonical discriminate analysis of principal co-

ordinates (CAP) was also performed on the rehabilitation sites (Anderson and Willis, 

2003).  The percentage of correct allocations of original observations achieved by CAP 

can be used as an indirect measure of the accuracy of canonical discrimination 

contained in the original variables (McGarigal et al., 2000).  The higher the percentage 
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of correct classifications, the greater the degree of group discrimination achieved by 

canonical axes.  The Simper program was used to determine which substrates accounted 

for the differences in CLPP (Clarke and Warwick, 2001).  The SIMPER program 

calculates the average dissimilarity between all pairs of inter-group samples and 

calculates the average percentage contribution of each substrate to the dissimilarity 

observed between the groups.  

 

3.3 Results 

3.3.1 General soil properties 

Total soil C, organic C, total soil N, EC and clay content were significantly higher 

(P < 0.05), and pH significantly lower (P < 0.05) in 16 year old furrows in comparison 

with the 16 year old mounds.  The 16 year old furrows were also significantly different 

(P < 0.05) to both the furrows and mounds of the 3 year old rehabilitation (Table 3.1).  

The 16 year old furrow had significantly lower (P < 0.05) pH and higher clay content 

compared to the adjacent non-mined soil.  With the exception of EC, there was no 

difference in measured soil properties of the 3 year old mound and furrow soils. 

Adjacent non-mined soils had significantly higher (P < 0.05) soil C and organic C 

contents than 3 year old rehabilitation and 16 year old mounds.   
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Table 3.1 The effect by mining, rehabilitation age and contour ripping on soil pH (CaCl2), electrical conductivity (EC, μS), total soil carbon (C, , mg kg
-1

), 

organic carbon (Organic C, , mg kg
-1

), total soil nitrogen (N, mg kg
-1

),soil C/N  ratio (C/N), clay, silt, and sand contents (%). 

 

 pH EC Total C  Organic C Total N Soil C/N Clay Silt 

 

Sand 

 

16 year old furrow 4.5b 42.5a 40.2ab 36.2ab 1.4a 29.2bc 9.9b 7.4a 82.6a 

16 year old mound 5.0a 26.9bc 24.7bc 20.8c 0.9bc 27.7c 5.5a 6.1a 88.4a 

Non-mined adj. to 16 

yea old rehab. 
5.0a 34.1ab 46.2a 40.2a 1.4a 33.7b 5.6a 5.6a 88.8a 

 3 year old furrow 4.8a 20.8cd 24.1bc 23.9bc 0.8bc 31.8b 4.9a 6.1a 89.0a 

3 year old mound 5.0a 12.1d 21.1c 16.9c 0.7c 30.4b 5.6a 7.3a 86.6a 

Non-mined adj. to 3 

year old rehab. 
4.8a 28.8bc 50.1a 43.6a 1.2ab 41.2a 5.5a 3.2a 91.3a 

Lsd (P<0.05) 0.3 10.2 13.5 16.8 0.4 5.4 3.1 5.0 

 

6.7 

 

 
  Note: numbers with different letters are at different P<0.05. 
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3.3.2 Community level physiological profiles (CLPP) 

The respiration responses were significantly lower (P < 0.001) from the 

MicroResp™ (average response: 0.31 μg CO2-C g soil hr
-1

) than the Degens and Harris 

(1997) (average response: 1.84 μg CO2-C g soil hr
-1

) approach.  The Simpson-Yule 

index revealed no differences between any of the soils tested for both methods and 

ranged from 16.7 to 19.9 (data not shown). 

Neither approach identified a difference between the CLPP of rehabilitation sites 

and adjacent non-mined forest (Fig. 3.1).  PERMANOVA revealed that the 

MicroResp™ method was able to distinguish between CLPP of the 3 and 16 year 

rehabilitation age and also position (mounds and furrows (P < 0.05, Fig. 3.2a, note that 

two sites from non-mined forest are not depicted as their x, y co-ordinates were greater 

than the scale used).  However, the Degens and Harris (1997) approach showed no 

effect of rehabilitation age or position (Fig. 3.2 b).   
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Figure 3.1 Principal co-ordinate analysis (PCO) ordinations of CLPP from combined 

values of mound and furrow for both ages and non-mined forest using the (a) MicroResp™ and 

(b) Degens and Harris (1997) approaches. ● = 3 year old, ● = 16 year old, ￮ = non-mined 

forest adjacent to 3 year old and ￮ = non-mined forest adjacent to 16 year old rehabilitation. 
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Figure 3.2 Principal co-ordinate analysis of CLPP from rehabilitation sites only using the 

(a) MicroResp™ and (b) Degens and Harris (1997) approaches. ● = 3 year old furrow and ￮ = 

3 year old mound, ● = 16 year old furrow, ￮ = 16 year old mound. 

 

Even when CAP analysis was used, where the number of treatments and replicate 

structure are specified into a priori defined groups, the Degens and Harris (1997) 

approach was unable to separate treatment groups (P = 0.57; Fig. 3.3 b).  This compares 

with the MicroResp™ approach that clearly separated rehabilitation treatments (P < 

0.0001; Fig. 3.3 a). CAP analysis also indicated that the proportion of correct 

allocations of observations into a priori defined groups was substantially better using 

the MicroResp™ (69 %) than the Degens and Harris (1997) approach (25 %; Fig. 3.4), 
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where the percentage of correct allocations was the same as could be expected by 

random chance (i.e. 25 % with four treatments). 

The MicroResp™ approach indicated a difference (P < 0.05) in CLPP between the 

mounds of the 3 and 16 year old rehabilitation; there was no difference between furrows 

of each age (Fig. 3.2 a).  The MicroResp™ also found a difference (P < 0.05) in CLPP 

between the mounds and furrows of the 3 year old rehabilitation but no difference 

between the mounds and furrows of the 16 year old rehabilitation.  Differences in CLPP 

between rehabilitation ages and mounds and furrows using MicroResp™ were largely 

explained (up to 75 %) by the utilization of five of the 24 substrates tested (α-

Ketoglutaric, L-Ascorbic, DL-Malic acids and D-Glucose and L-Histidine).   
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Figure 3.3 Canonical discriminate analysis of principal co-ordinates (CAP) of CLPP from 

rehabilitation sites only of (a) MicroResp™ and (b) Degens and Harris (1997) approaches. ● = 

3 year old furrow and ￮ = 3 year old mound, ● = 16 year old furrow, ￮ = 16 year old mound,  
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Figure 3.4 The proportion of correct allocations of observations into a priori defined 

groups with increases in the number of principle co-ordinate axes (m) used for the canonical 

discriminate analyses (CAP) of both approaches for the rehabilitated sites only. Circles = 

MicroResp™ and diamonds = Degens and Harris (1997) approaches respectively. 

 

While the MicroResp™ indicated a difference (P < 0.05) in CLPP of the mounds 

of the 3 year old rehabilitation and the adjacent non-mined forest, furrows were not 

different than the adjacent non-mined soils.  In addition, there was no difference in 

CLPP between either the mounds or the furrows of the 16 year old rehabilitation and 

adjacent non-mined forest.  Dissimilarity between the CLPP of the 3 year old mounds 

and adjacent non-mined forest was accounted for (up to 75 %) by three of the 24 

substrates tested (L-Ascorbic, α-Ketoglutaric and Fumaric acid).   

 

3.4 Discussion 

The two CLPP approaches investigated here differed substantially in their ability 

to distinguish between soil treatments.  As a consequence, the CLPP produced different 

interpretations of the functional diversity of these soils.  Findings from the Degens and 

Harris (1997) approach would lead to the conclusion that there were no differences 
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between treatments and thus that the rehabilitated post-mined soils had the same 

heterotrophic function as the non-mined forest (i.e. complete recovery).  In comparison, 

the MicroResp™ approach identified numerous differences in CLPP between 

treatments and suggested that the rehabilitated soils had not recovered completely 3 

years post-mining.  While both of these approaches are based on assessment of the 

active heterotrophic microbial populations in soil, it is proposed that the different CLPP 

are likely due to the way the two approaches influence the physiological status of these 

microorganisms over the duration of the assay.   

The availability of organic substrates in soil has been shown to be a major 

regulator of the dynamics and structure of heterotrophic microbial communities 

(Wardle, 1992; Griffiths et al., 1999).  In particular, varying substrate concentrations 

have been shown to alter microbial community structure as a result of the affinity of 

different microorganisms for particular substrate concentrations (Griffiths et al., 1999).  

The Degens and Harris (1997) approach supplied high concentrations of substrates 

(carboxylic acids at 12,300 µg C g soil
-1

, carbohydrates at 10,000 µg C g soil
-1

, and 

amino acids and amines at 1,210 µg C g soil
-1

) whereas the MicroResp™ supplied 

substrates mostly at lower and more consistent concentrations (carbohydrates at 2,200 

µg C g soil
-1

, carboxylic acids at 2,070 µg C g soil
-1

 and amino acids and amines at 

2,070 µg C g soil
-1

).  Higher concentrations of readily decomposable organic substrates 

favour copiotrophic microbes (r-strategists) (Buyer et al., 2002), whereas lower 

concentrations favour oligotrophic species (K-strategists) that have lower growth rates 

and yields at high concentrations.  For example, in a study of the ability of 

microorganisms to degrade the xenobiotic 2, 4-dinitrophenol (DNP), Schimdt and Gier 

(1990) observed niche separation of two coexisting bacterium species under variable 

DNP concentrations.  They proposed that the Rhodococcus sp. was responsible for 

mineralization of DNP at high concentrations due to its high maximum specific growth 
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rate (μmax) at these concentrations, whilst Janthino-bacterium sp. had a competitive 

advantage at lower concentrations of DNP due to higher substrate affinity at lower 

concentrations. Considering these findings, the different substrate concentrations of the 

two approaches tested may stimulate responses from different components of the 

microbial population.   

Even though the concentrations of substrate used by the MicroResp™ approach 

are relatively high, they are more similar to concentrations of dissolved organic carbon 

(DOC) reported from other soils (Smolander and Kitunen, 2002; Wang et al., 2003) than 

concentrations used in the Degens and Harris (1997) approach.  Therefore, the lower 

substrate concentrations used in MicroResp™ likely provide a more accurate reflection 

of in situ soil conditions than the Degens and Harris (1997) approach.  The two 

approaches also apply substrates with varying quantities of water and so different 

degrees of substrate mixing will occur within soil micro-sites.  Therefore, the water 

potentials used in the MicroResp™ approach are more representative of water potentials 

likely to occur under field conditions (i.e. 60 % WHC) than the Degens and Harris 

(1997) approach.   

Despite clear separation of the soils with the MicroResp™ using the 24 substrates 

tested, more relevant ecological interpretations may have been gained through the 

selection of a larger range of organic substrates reflective of the soil environment being 

investigated (Campbell et al., 1997; Degens et al., 2000) and at appropriate 

concentrations.  This range might include a more diverse group of root exudates, and 

macromolecular and aromatic substrates reflective of the decomposition and 

humification process (Baldock et al., 1997; Poirier et al., 2000).  In addition, substrate 

concentrations can be optimized to reflect concentrations likely to occur in soils after 

ecosystem disturbances, such as mining, fire and tree thinning practises. 
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Changes in structure and function of microbial communities have been linked to 

changes in the quantity and quality of soil organic matter (Degens et al., 2000).  These 

in turn have been linked to changes in the overlying plant community and associated 

root exudates (Grayston and Campbell, 1996; Myers et al., 2001; Grayston et al., 2004; 

Grayston and Prescott, 2005), soil type (Buyer et al., 2002; Ulrich and Becker, in press) 

and environmental factors (Pennanen et al., 1999; Nsabimana et al., 2004; Hoyle and 

Murphy, 2006).  For these reasons, it was originally hypothesized that the mounds and 

furrows of the 3 year old rehabilitation would have more similar biological, chemical 

and physical properties than the 16 year old mounds and furrows, and as such would 

have more similar CLPP.  However, despite soil characteristics of the furrows and 

mounds of the 3 year old rehabilitation being similar a distinctly different CLPP from 

these soils was observed.  Conversely, there was greater C, N and clay content in the 16 

year old furrows than the mounds, but no difference in the CLPP.  The characteristically 

open canopy of the 3 year old rehabilitation and closed canopy of the 16 year old 

rehabilitation may influence the CLPP of the furrows and mounds to a differing degree.  

Under an open canopy the mounds will be exposed to greater fluctuations in soil water 

content and temperature.  These differing microclimates may select for organisms 

capable of withstanding such conditions thus altering microbial community structure 

and potential function.  Soil nutrient status has also been suggested to mediate microbial 

substrate utilization (Nsabimana et al., 2004) and re-establishment of soil processes 

following major disturbances (Graham and Haynes, 2004).  During the initial 

rehabilitation process, a mixed fertilizer of ~500 kg ha
-1

 of N, P, K and micronutrients is 

aerially broadcast after seeding (Ward, 2000).  Considering that the furrows act as ‘litter 

traps’ it is reasonable to expect that a greater proportion of this fertilizer will reach or be 

washed into the furrows after rainfall as opposed to the mounds.  Although 3 year old 

mounds and furrows demonstrated similar total C and N contents it is possible that 
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greater available nutrient content within the furrows influenced CLPP.  Results from 

this study imply that the influence of vegetation on soil microbial communities (i.e. 

litter deposition and root exudation) may be greater in the furrows than the mounds 

during the early stages of vegetation establishment.  These results also indicate that the 

aspect of microbial heterotrophic function measured in this study takes up to 3 years to 

re-establish in the furrows and between 3 to16 years in soil found on the mounds of the 

contour rip-lines.  

Knowledge of the natural variation of ecosystems is essential to advance 

ecological understanding of key processes and to increase the accuracy of ecological 

predictions (Beneditti-Cecchi, 2003).  Forest ecosystems are inherently heterogeneous 

(Smithwick et al., 2005b) and during assessment of rehabilitation efforts the acceptable 

range of a particular parameter may vary greatly and at different spatial and temporal 

scales.  Despite there being no distinct differences in measured soil physical and 

chemical properties between the areas of non-mined forest soils, there was greater 

variation in CLPP within the non-mined forest sites than across mined rehabilitation 

forest.  Following mining all areas undergo the same rehabilitation processes that 

include the return of topsoil, contour ripping and seeding/planting of the same plant 

species.  Therefore, the spatial variation within these mined forest soils is primarily a 

result of contour ripping and rehabilitation age (Todd et al., 2000b).  Conversely, the 

spatial variation within non-mined forest soils is likely to be a complex dynamic of 

interacting factors that have created a mosaic of soil environments over millennia.  

These factors are likely to include the patchy nature of successional processes 

(Berendse, 1998; Hoshizaki et al., 2004), water availability and disturbances such as fire 

(Smithwick et al., 2005b), and more recently logging, which ultimately regulate net 

primary productivity and subsequently CLPP within these forest ecosystems (Prescott, 

2002; Grayston and Prescott, 2005).  Due to this unpredictable variation within the non-
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mined forest these results suggest that microbial heterotrophic function has returned in 

the furrows within 3 years following initial rehabilitation.  However, the selection of a 

larger range of organic substrates (Campbell et al., 1997; Degens et al., 2000) and 

appropriate concentrations may explain this variation and provide greater confidence in 

any comparison between mined and non-mined soils. 

The Simpson-Yule index has been used to distinguish between CLPP of soils 

under different land-uses (Degens et al., 2000; Stevenson et al., 2004), different levels 

of applied stress (Degens et al., 2001) and from a successional series (Schipper et al., 

2001).  Evenness values >21 (out of a maximum = 25) have been postulated as being 

indicative of increased metabolic ability, whereas values < 18 are indicative of reduced 

resistance and resilience to stress and disturbances (Degens, 2001; Degens et al., 2001). 

Decreases in evenness values have also been related to decreases in organic C 

availability and heterotrophic diversity (Degens et al., 2000; Schipper et al., 2001).  

Despite there being significant differences in organic C content between some soils in 

the current study, this index was not able to distinguish between any of the soils tested.  

Bradley et al. (2006) stated that calculating univariate values of heterotrophic evenness 

can produce quantitative expressions that do not bear any reference to specific patterns 

of substrate utilization.  Other studies have also observed that soils with similar values 

of heterotrophic evenness can present distinctively different patterns of substrate 

utilization (Staddon et al., 1998; Bradley et al., 2006; Hoyle and Murphy, 2006), 

making interpretation of such indices troublesome. 
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3.5 Conclusions 

(i) The MicroResp™ approach of Campbell et al. (2003) was substantially 

better than the Degens and Harris (1997) approach in distinguishing between 

treatments within these forest ecosystems. 

(ii) This is likely to be due to differences in C substrate concentrations and soil 

water potentials between approaches.  

(iii) Considering the attributes of these forest ecosystems it seems reasonable that 

microbial heterotrophic function re-establishes within 3 years in the furrows 

and between 3-16 years in soil located on the mounds of the contour rip-

lines.  

(iv) Testing of a more comprehensive range of organic compounds would likely 

provide greater ecological interpretation of the CLPP data.  



 

 1 
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CHAPTER 4 

 

USING COMMUNITY LEVEL PHYSIOLOGICAL PROFILES TO 

ANSWER ECOSYSTEM SPECIFIC QUESTIONS: A STUDY IN 

SUCCESSIONAL JARRAH (Eucalyptus marginata) FOREST SOILS 

 

4.0 Abstract 

 Whole-soil community level physiological profiles (CLPP) are based on 

measurement of the short-term respiration responses of the soil microbial community to 

a range of organic carbon (C) substrates.  However, it can be postulated that the 

interpretation of CLPP may be made more ecologically relevant by including C 

substrates reflective of organic molecules likely to be present in a soil.  Bauxite mining 

in the jarrah forest of Western Australia involves the complete removal of vegetation 

and surface soils.  The rehabilitation process post-mining involves contour ripping to 

increase water infiltration, return of topsoil and the seeding and planting of native 

vegetation, the main aim being to restore a functional jarrah forest ecosystem.  The 

mining and rehabilitation process and other subsequent forest disturbances such as 

prescription burning are likely to alter the quantity and structural complexity of C 

substrates available to soil microbial communities.  Using a range of carbon substrates 

selected on the basis of providing relevance to these forest soils, the CLPP from 

rehabilitation (3, 13 and 26 years post-mining) and non-mined jarrah forest soil were 

determined.  In addition, the effect of prescription burning (conducted 2 years prior to 

sampling) on CLPP of soils from a 13 year old rehabilitation and adjacent non-mined 

forest soils was also investigated.  The specific hypotheses were that (i) CLPP of 

rehabilitation soils would become more similar to non-mined soil as successional age 
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increased and that (ii) any differences in CLPP would be due to utilization of more 

complex C substrates in non-mined and the older rehabilitation soils in comparison to 

younger rehabilitation soils.  Analyses of CLPP using all substrates suggested that 

CLPP of rehabilitation forests did not become more similar to non-mined forests over 

time.  The CLPP from rehabilitation furrow soils from all ages were different to each 

other and to non-mined forest soils.  However, mounds soils were not different to each 

other or non-mined forest soils.  There was no effect of the prescription fire that had 

occurred two years previously on the CLPP in either rehabilitation or non-mined forest 

soils, suggesting that the effect of the burn on the heterotrophic function of these soils 

was of short duration (< 2 years).  There was also no effect of age or burning on CLPP 

when using only complex C substrates.  Where significant differences in CLPP existed, 

13 of the 86 substrates tested explained up to 75 % of the dissimilarity between groups, 

raising the possibility that these substrates play specific roles in metabolic processes in 

these developing soils.  It is proposed that differences in CLPP between successional 

ages are likely related to differences in the proportion of bio-available C substrates 

between forests of different successional age.  These differences in bio-available C may 

influence the physiological status and composition of the microbial community, which 

in turn may also directly influence CLPP.  

 

4.1 Introduction 

 There is evidence to suggest that microbial communities in soil may be 

conditioned or adapted to be able to decompose carbon (C) substrates specific to their 

soil environment (Cookson et al., 1998; Myers et al., 2001; Hamer and Marschner, 

2005).  This is because changes in the composition of microbial communities in soil and 

their functional ability have been linked to changes in the quality and quantity of 

microbial C substrates available within a particular ecosystem (Griffiths et al., 1999; 
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Degens et al., 2000; Schipper et al., 2001; Grayston et al., 2004).  In turn, the quality 

and quantity of C substrates presented to soils has been related to the composition and 

dominance of the overlying vegetation (Grayston and Campbell, 1996; Myers et al., 

2001) and successional age (Schipper et al., 2001).  

 Mature successional ecosystems may have greater diversity of C substrates and 

hence also have greater quantities of complex C substrates than younger ecosystems 

(Rumpel et al., 1999; Nierop et al., 2001).  This may result from C stabilization 

processes that occur during ecological succession, producing structurally complex C 

substrates in soils (Rumpel et al., 1999; Schipper et al., 2001).  In addition to this, 

normal ecosystem disturbances such as fire result in thermal oxidization of organic 

matter to form a myriad of complex macromolecular and heterocyclic C compounds 

(Gonzalez-Perez et al., 2004).  These new compounds often have weak colloidal 

properties and also enhanced resistance to biological degradation  (Almendros et al., 

1992; Gonzalez-Perez et al., 2004).  Hence, the diversity of C substrates produced as a 

result of successional processes and ecological disturbance may result in a greater 

ecological niches and hence diversity of soil microorganisms capable of degrading these 

substrates in soil or microbial adaptation to these substrates (Grayston et al., 1998).   

 Differences in vegetation composition, stand age and density, frequency of fire 

and degree of anthropogenic influence (e.g. logging, mining) creates heterogeneity in 

soil biological, chemical and physical soil properties in the Jarrah (Eucalyptus 

marginata) forest in the south-west of Western Australia.  Bauxite mining within these 

forests involves the forest being cleared and the underlying bauxite layer removed and 

processed for alumina.  The objective of mine rehabilitation is to re-establish a diverse, 

functional Jarrah forest ecosystem that is resilient to normal forest management 

practises including prescription burning (Ward, 2000; Grant and Loneragan, 2001).  

Initial mine rehabilitation involves contour ripping which creates a distinct micro-
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topographical pattern (i.e. mound and furrow) across the landscape.  Contour ripping, 

together with seeding and planting of native vegetation and inputs of fertilizers, has 

been shown to affect the biological, chemical and physical properties of soil (Todd et 

al., 2000a; Morley et al., 2004).  Hence, the mining and rehabilitation process has 

created a mosaic landscape consisting of newly cleared and mined areas, rehabilitation 

and non-mined forest in various states of succession.   

 It has been suggested that in the rehabilitation of degraded lands, returning the 

diversity of ecosystem functions to that of pre-disturbance levels may be of equal 

importance to returning microbial diversity per se (Neher, 1999).  Considering the 

current difficulties in accurately assessing the diversity of microbial communities in 

soil, one approach taken has been to measure the functional diversity of soils (Zak et al., 

1994; Lalor et al., 2007).  In the absence of a more complete measure, measurement of 

soil heterotrophic ability has been used as an indicator of functional ability of a soil 

(Griffiths et al., 2001; Bucher and Lanyon, 2005).  This technique has been applied as a 

measure of change in soil functional ability post-disturbance (Staddon et al., 1997; 

Graham and Haynes, 2004; Bucher and Lanyon, 2005; Cookson et al., 2007) or after 

changes in soil management practices (Bending et al., 2000; Campbell et al., 2003).  

Current approaches to measuring the heterotrophic ability in soil (community level 

physiological profiles; CLPP), are based on measurement of the short-term respiration 

responses of a soil to a range of C substrates that vary in structural complexity.  

However, the majority of studies using this approach have tested a range of C substrates 

of no specific importance to the ecosystem under investigation.  To allow ecosystem 

specific hypotheses to be tested and hence make the interpretation of CLPP more 

ecologically relevant, it has been proposed in earlier chapters and by Campbell et al. 

(1997) that substrates should be included into the assay that have some particular 

relevance to the ecosystem being investigated.  
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 This study aimed to compare CLPPs, in whole-soil using the MicroResp
TM 

approach (Campbell et al., 2003), between post-mining rehabilitation forest soils of 

different ages (3, 13 and 26 year old) and adjacent non-mined forest soils.  Eighty-six 

carbon substrates were selected for the study on the basis of providing a range in 

structural complexity and relevance to these forest soil ecosystems.  It was hypothesized 

that CLPP of rehabilitation soil would become more similar to non-mined soil with 

increasing successional age.  The study also aimed to assess whether prescription 

burning (conducted 2 years prior to sampling) affected CLPP in 13 year old 

rehabilitation and non-mined forest soils.  Considering that successional age and 

burning are likely to influence the structural complexity of C substrates in soil, it was 

hypothesized that any differences in CLPP would be due to a greater respiration 

response to complex C substrates in non-mined and older rehabilitation soils or 13 year 

old burnt rehabilitation soil in comparison to younger or non-burnt rehabilitation soils.  

 

4.2 Materials and methods 

4.2.1 Study area and experimental design 

 The study area was located within the Alcoa World Alumina Australia’s (Alcoa) 

Huntly mine site situated in the jarrah forest, 110 km south of Perth, Western Australia 

(32.7103
o
 S and 116.0594

o
 E).  The area has a mediterranean-type climate, with hot dry 

summers and cool wet winters with mean annual rainfall of 1 258 mm.  Soils consist of 

an upper layer of coarse ferruginous gravels and yellow/brown sands overlying a layer 

of caprock (Todd et al., 2000a).  A detailed description of Alcoa’s procedures used to 

rehabilitate mined areas in south-west Western Australia are described elsewhere 

(Ward, 2000).  Briefly, mine-site rehabilitation practices include the return of topsoil, 

contour ripping, seeding and planting with native plant species and initial fertiliser 
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inputs.  Contour ripping (depth of > 1.2 m and at 1.6 m spacing) creates a distinct 

micro-topographical pattern (i.e. mound and furrow).  A mixed fertilizer of nitrogen 

(N), phosphorus (P), potassium (K), and micronutrients is aerially broadcast following 

seeding in late winter or spring at ~ 500 kg ha
-1

. 

 Four replicate plots (20 x 20 m) were established in post-mined rehabilitation 

sites (approximately 3-4 ha each) that were initially subject to rehabilitation in 1979 (26 

year old), 1992 (13 year old) or 2002 (3 year old).  Four replicate plots were also 

established in post-mined 1992 (13 year old) rehabilitation sites that had been burnt in a 

moderate intensity prescription burn in November 2003 (time of sampling was two 

years post-burn).  In addition, four replicate plots (20 x 20 m) were established in 

adjacent areas of both non-burnt and burnt non-mined forest.  All non-burnt 

rehabilitation sites had not been burnt previously, whilst the non-burnt non-mined forest 

was last burnt 14 to 16 years earlier.  Composite bags of 12 soil cores (0-5 cm) were 

randomly collected from each replicate plot, sieved <2 mm and stored at 4 ºC during 

October 2005.  Soil was collected separately from both the mound and furrow of the 

contour rip lines.  Soil was pre-incubated at 40 % water holding capacity (WHC) for 7 

days prior to analyses. 

 

4.2.2 General soil chemical properties 

 Soils were initially air-dried (40 °C) and then sieved to 2 mm.  The < 2 mm 

fraction was then analysed for inorganic N, Colwell (available) P, organic C, electrical 

conductivity (EC) and pH in 0.01 M (CaCl2) using standard analytical techniques (see 

Chapter 2 and 3; Rayment and Higginson, 1992; Nelson and Sommers, 1996).  Analysis 

of variance (Genstat v8.1) was used to examine the effect of rehabilitation age, contour 

ripping and burning on the measured soil chemical properties. 
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4.2.3 Selection of C substrates 

 Upon review of the literature, 86 different C substrates consisting of 23 

carboxylic acids, 11 carbohydrates, 28 amino acids and amines, 3 alcohols, 2 vitamins, 

1 polymer, three long chain fatty acids and 15 aromatic organic compounds were 

selected (Table 4.1).  Substrates were included based on their known occurrence in 

Jarrah forest ecosystems (Malajczuk and McComb, 1977; Abbott and Loneragan, 1986), 

as substrates produced during the thermal oxidation of organic matter (Gonzalez-Perez 

et al., 2004) or known plant root exudates (Campbell et al., 1997; Degens and Harris, 

1997).   

 

4.2.4 Community level physiological profiles 

 The MicroResp
TM

 approach as described by Campbell et al. (2003) was used to 

measure CLPP, with modifications as described in detail in Chapter 3 (Lalor et al., 

2007).  Briefly, the indicator dye with the gel detector plate consisted of 20 ppm cresol 

red dye, 240 mM potassium chloride and 4 mM sodium bicarbonate set into a 1 % gel of 

noble agar (150 µL/well).  A calibration curve of absorbance versus headspace 

equilibrium CO2 concentration was then fitted to an exponential decay model (r
2
 = 

0.95), as follows: % CO2 in well headspace = ((-0.06 + (4.76*exp (((-1)*4.06*x))) + 

(185.85*exp (((-1)*18.24*x))).  This was determined by equilibrating eight microtiter 

wells (detachable into 12 segments) with different concentration of CO2 prepared from a 

known standard gas mixture (4.62 % CO2; BOC Gases) for four hours at 25 °C.  After 

the 4 hour assay the 12 segments of eight wells were reassembled and read in a plate 

reader (ASYS Hitech, EXPERT 96, microplate reader).  Soil (300 µL total volume) was 

added to the 96-well microtiter deep well plates after 30 µL of each substrate had been 

dispensed (three wells per substrate plus nine water controls per plate).  This gave a 

final average water content of 60 % of WHC.   
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4.2.5 Statistical analyses  

 CLPP data were standardised by subtracting the water response from individual 

substrates response and then dividing by the total response of each sample.  Multivariate 

tests of CLPP data were based on Manhattan distances calculated among observations.  

Tests of the multivariate null hypothesis that there are no differences among a priori 

defined groups were performed using permutational multivariate analysis of variance 

(PERMANOVA) (Anderson, 2001a), and presented in ordinations using canonical 

analysis of principal components (CAP).  As the efficiency of soils to metabolise added 

C substrates (i.e. % added C respired vs C retained in biomass) was not measured in this 

study, changes in respiration response after addition of C substrates is based on the 

assumption that an increase in CO2-C respired is an increase in C mineralisation.   

 Adjacent non-burnt non-mined forest sites were compared with either the 

mounds or furrows of each rehabilitation age.  The same process was followed to 

compare burnt non-mined forest with burnt mounds and furrows of the 13 year old 

rehabilitation.  PERMANOVA was used to assess the effects of rehabilitation age and 

contour ripping (mound or furrow).  

 If there were significant (P < 0.05) pairwise comparisons, the SIMPER 

programme (Clarke and Warick, 2001) was used to determine individual substrate 

contributions (as a % of total between group dissimilarity) to the differences between 

the soils.  Only those substrates that contributed up to 75 % of the dissimilarity between 

groups were included.   
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Table 4.1 The 86 carbon substrates and their chemical formula used to test for differences in CLPP between all soils. 

 

Carbon Substrates 

 

Amino Acids  Amines  Carboxylic Acids  
Complex 

compounds 
   

L-Alanine C3H7NO2 Acetylglucosamine  Acetic acid C2H4O2     

L-Arginine C6H14N4O2 L-Glutamine C5H10N2O3 Cis-Aconitic C6H6O6 Aromatic 

compounds 

 Polymers  

L-Asparagine C4H8N2O3 D-Glucosamine C6H13NO5 Trans-Aconitic C6H6O6 Caffeic acid C9H8O4 Dextrin (C6H10O5)n.xH2O 

L-Aspartic acid C4H7NO4 Succinamide C4H8N2O2 L-Ascorbic acid C6H8O6 (+)-Catechin C15H14O6   

γ-Aminobutyric acid C4H9NO2   Citric acid C6H8O7 Cinnamic acid C9H8O2 Vitamins   

L-Cycteine C3H7NO2S Alcohols  Formic acid CH2O2 p-coumaric C9H6O2 Niacin C6H5NO2 

L-Glutamic acid C5H9NO4 Glycerol C3H8O3 Fumaric acid C4H4O4 Coumarin C9H6O2 Thiamine C12H17ClN4OS 

D-Glutamic acid C5H9NO4 D-Mannitol C6H14O6 D-Galacturonic C6H10O7 Imidozole C3H4N2   

Glycine C2H5NO Meso-inositol C6H12O6 Gluconic acid C6H12O7 Guaiacol C7H8O2  

L-Histidine C6H9N3O2   D-Glucuronic acid C6H10O7 4-Methyl catechol C7H8O2  

DL-Homoserine C4H9NO3 Carbohydrates  Glycolic acid C2H4O3 Protocatechic acid C7H6O4  

Hydroxy-proline C5H9NO3 D-Arabinose C5H10O5 α-Ketobutyric acid C4H6O3 Quercetin C15H10O7  

L-Isoleucine C6H13NO2 D-Galactose C6H12O6 α-Ketoglutaric acid C5H6O5 Salicyclic acid C7H6O3  

L-Leucine C6H13NO2 Fructose C6H12O6 DL-Lactic acid C3H6O3 Vanillin C8H8O3  

L-Lysine C6H14N2O2 D-Glucose C6H12O6 DL-Malic acid C4H6O5 Vanillic acid C8H8O4  

L-Methionine C5H11NO2S D-Mannose C6H12O6 Malonic acid C3H4O4 Syringic acid C9H10O5  

L-Phenylalanine C9H11NO2 Maltose C12H22O11 Methyl succinic acid C5H8O4 Urocanic acid C6H6N2O2  

L-Proline C5H9NO2 Raffinose C18H32O16 Pantothenic acid C9H19NO4    

L-Pyroglutamic C5H7NO3 L-Rhamnose C6H12O5 Propionic acid C3H6O2 Fatty Acids   

L-Serine C3H7NO3 Sucrose C12H22O11 Quinic acid C7H12O6 Linoleic acid C18H30O2  

L-Threonine C4H9NO3 Trehalose C12H22O11 Succinic acid C4H6O4 Palmitic acid C16H32O2  

L-Tryptophan C11H12N2O2 Xylose C5H10O5 L-Tartaric acid C4H6O6 Stearic acid C18H36O2  

Tyrosine C9H11NO3  Uric acid C5H4N4O3    

L-Valine C5H11NO2      
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4.3 Results 

4.3.1  General soil properties 

 Within rehabilitation forests, furrow soils of the 13 and 26 year old sites and non-

mined forest soils had more organic C than the 3 year old furrow soils (P < 0.05; Table 

4.2).  No differences were found in organic C content between the two older rehabilitation 

furrow soils and non-mined forest soils.  Across all rehabilitation ages, mound soils had 

similar organic C contents but had lower organic C content than the non-mined forest soils 

(P < 0.05).  Inorganic N (NH4
+
 + NO3

-
) concentration was similar between all soils.  With 

the exception of the 3 year old furrows soil, all other soils had low available P and were 

similar to each other.  The 3 year old furrow soils contained between 4 and 14 times as 

much available P than the other soils (P < 0.05).  The furrow soils of the 13 and 26 year old 

rehabilitation had lower pH (P < 0.05) than the 3 year old and the non-mined forest soils.  

However, there was no difference in pH between the rehabilitation mound soils and the 

non-mined forest soils.    

 With the exception of pH, there were no differences in any of the soil properties 

between the burnt and non-burnt 13 year old rehabilitation, or between the burnt and non-

burnt non-mined forest soils (Table 4.2).  The pH of the burnt 13 year old furrow soils and 

non-mined forest was higher (P < 0.05) than in the non-burnt furrow and non-mined soils.  

As with the non-burnt sites, the 13 year old burnt furrow soils contained greater organic C 

content and higher EC than the mound soils.  However, whereas there was no difference in
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available P content between the non-burnt furrow and mound soils, the burnt furrow soils 

contained greater available P than mound soils (P < 0.05) 

 

4.3.2 Community Level Physiological Profiles - all 86 substrates 

 

4.3.2.1  Different ages of rehabilitation  

 There were no differences in total substrate response (sum of responses to all 86 

substrates) of furrows and mounds at 3 years of age or 13 years of age.  However, at 26 

years of age, total substrate response of furrow soils was significantly greater than mound 

soils (P < 0.05; Figure 4.1).  By 13 years of age both furrows and mounds had comparable 

total substrates response to non-mined forest soils (Figure 4.1).   

 Using all 86 substrates, the CLPP of the furrow soils of all rehabilitation ages were 

different to each other (P < 0.05; Figure 4.2).  The CLPP of mound soils from all 

rehabilitation ages were not different to each other.  The CLPP of all soils, regardless of 

age, were different to those of the non-mined forest soils (P < 0.05; Figure 4.2 b and c).  

 Up to 75 % of the dissimilarity in CLPP between furrow soils could be attributed to 

differences in utilization of 13 of the 86 substrates (Table 4.3).  Formic acid contributed to 

the dissimilarity of all pairwise comparisons and contributed between 24 and 58 % of the 

differences in CLPP between soils (Table 4.3).  Dissimilarity in CLPP between 

rehabilitation furrow and mound soils and non-mined soils was attributed to differences in 

response to 21 of the 86 substrates (Table 4.4 and 4.5).  Up to 90 % of the dissimilarity of 

all substrate utilisation profiles could be explained by less than 32 substrates.  The 

remaining 54 substrates all contributed very small amounts to CLPP dissimilarity (< 0.5 

%). 
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Table 4.2 Soil chemical characteristics including, organic C, inorganic N (NH4
+
 + NO3

-
) and Cowell P expressed as mg kg

-1
 dry soil, soil electrical conductivity 

(EC; μS) and pH (CaCl2).  Letters indicate significance (P < 0.05) between soil characteristics of the three rehabilitation ages and non-mined forest (non-burnt soils) 

and between the 13 year old rehabilitation and non-mined burnt soils.  The * indicate significance (P < 0.05) between the burnt and non-burnt 13 year old rehabilitation 

and the burnt and non-burnt non-mined forest. 

 

 

 

 

 

 

 

Non-burnt soils Burnt soils 

Soil property 
3 year old 13 year old 26 year old 

Non-mined 
13 year old 

Non-mined 
Furrow Mound Furrow Mound Furrow Mound Furrow Mound 

Organic C 22.5c 18.2c 36.4ab 26.6bc 45.7a 22.4c 39.8ab 44.7a 23.6b 63.1a 

Inorganic N 20.8a 13.1a 28.8a 17.8a 25.0a 25.0a 23.8a 24.5a 14.0a 27.0a 

P 29.3a 2.2b 7.3b 2.5b 5.4b 3.8b <2b 8.0a <2b <2b 

EC 57.3a 33.2bc 70.0a 45.4bc 42.4bc 15.3c 60.5a 80.7a 32.4b 65.3a 

pH (CaCl2) 4.80a 5.05a 4.58b 4.95a 4.53b 4.83a 4.96a 4.85ab* 5.03a 5.25a* 
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Figure 4.1.  Averaged total substrate response (sum of responses to all 86 substrates tested) for the 

mounds (■ ), furrows (■ ) of the three ages of rehabilitation compared to the total substrates response 

of the non-mined forest soils (■ ). 
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Figure 4.2.  Canonical analysis of principal co-ordinates (CAP) of CLPP created using all 

86 substrates for (a) the rehabilitation furrow soils, (b) rehabilitation mound soils and (c) 

furrow soils from all rehabilitation ages and the non-mined forest.● = 3 year old, ● = 13 

year old, ● = 26 year old and ￮= non-mined forest soil 
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Table 4.3 Significant pairwise comparisons (P < 0.05) between relative respiration response 

of substrates between rehabilitation furrow soils (µg C-CO2 g soil hr
-1

), the substrates and their % 

contribution to group dissimilarity. 

Carbon Substrate Relative C-CO2 response after addition 

of a substrate 

 

Cumulative substrate 

contribution % 

3 year old 26 year old 

 

Formic  acid 4.0 15.1 57.7 

Ascorbic  acid 8.0 3.1 69.9 

α-Ketoglutaric  acid 6.7 2.9 78.0 

    

 3 year old 13 y ear old 

 

 

Formic  acid 4.0 1 42.9 

L-Ascorbic  acid 7.9 5.0 53.6 

Fumaric  acid 3.7 7.4 64.1 

α-Ketoglutaric  acid 6.7 4.5 70.8 

α-Ketobutyric  acid 5.5 2.7 76.8 

    

 13 year old 26 year old 

 

 

Formic acid 12 15.1 23.6 

L-Ascorbic acid 5.0 3.1 34.7 

Fumaric acid 7.4 5.6 44.2 

α-Ketoglutaric acid 4.5 2.9 49.5 

Asparagine 2.4 1.2 54.6 

Succinic acid 2.6 3.6 60.8 

α-Ketobutyric 2.7 3.5 64.9 

Cis-Aconitic 1.8 2.2 68.0 

Xylose 2.0 1.3 69.8 

Quinic acid 2.0 1.1 71.6 

Glycolic acid 1.6 1.0 73.1 

Gluconic acid 1.4 0.7 74.5 

D-Glucuronic acid 1.4 0.7 75.9 
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Table 4.4 Significant pairwise comparisons (P < 0.05) between relative respiration responses 

of substrates of rehabilitation furrow soils and non-mined forest soils (µg C-CO2 g soil hr
-1

), the 

substrates and their % contribution to group dissimilarity (≤75%). 

C substrate 

Pairwise comparison of  

C-CO2 response after addition  

of a substrate 

 

Cumulative substrate 

contribution to dissimilarity 

(%) 

 

 3 year old  Non-mined 

 

 

Formic  acid 

L-Ascorbic acid 

α-Ketoglutatic acid 

α-Ketobutyric acid 

Fumaric acid 

Trehalose 

Thiamine 

+Catechin 

4.0 

7.9 

6.7 

5.5 

2.7 

2.4 

3.8 

0.0 

10.7 

4.1 

3.3 

5.0 

4.1 

1.2 

1.0 

4.4 

37.9 

52.4 

65.6 

69.0 

71.0 

72.8 

74.5 

75.8 

 13 year old Non-mined 

 

 

Fumaric acid     7.47     4.45        15.55 

α-Ketobutyric acid     2.78     5.05        25.83 

+Catechin     1.33     4.07  35.25 

Formic  acid       12     10.7        42.80 

L-Ascorbic acid     5.06     4.14        49.63 

α-Ketoglutatic acid      4.5     3.35         54.98 

L-Asparagine     2.45     1.66        59.80 

Thiamine        0     1.03        62.49 

Xylose     2.08     1.15        64.56 

Gluconic acid  

L-Tartaric acid     2.15     2.68        66.2     1.41     1.25         67.62 

D-Glucuronic acid     1.41     1.25         69.04 

D-Glucosamine    0.223     1.01        70.40 

Glycolic  acid     1.68     1.69        71.74 

Cinnamic    0.367    0.817        73.06 

DL-Malic acid     3.28     2.78           74.25 

Syringic acid     3.28     2.78           75.44 

7.5 

2.8 

1.3 

12 

5.1 

4.5 

2.4 

0 

2.1 

2.1 

1.4 

1.4 

0.2 

1.7 

0.4 

3.3 

3.3 

4.4 

5.0 

4.1 

10.7 

4.1 

3.3 

1.7 

1.0 

2.7 

1.1 

1.2 

1.2 

1.0 

1.7 

0.8 

2.8 

2.8 

15.5 

25.8 

35.2 

42.8 

49.6 

54.9 

59.8 

62.4 

64.6 

66.2 

67.6 

69.0 

70.4 

71.7 

73.1 

75.4 

74.2 

 26 year old  Non-mined 

 

 

Formic  acid 

(+)-Catechin 

α-Ketobutyric acid 

Succinic acid 

Fumaric acid 

Cis-Aconitic  acid 

L-Tartaric acid 

Thiamine 

α-Ketoglutatic acid 

L-Ascorbic acid 

L-Asparagine 

Raffinose 

D-Glucosamine 

15.1 

1.3 

3.6 

3.6 

5.6 

2.2 

1.4 

0 

1.2 

3.1 

0.14 

1.9 

2.9 

10.7 

4.1 

5.0 

2.3 

4.4 

1.3 

2.7 

1.0 

3.3 

4.1 

1.0 

1.7 

1.1 

32.1 

42.0 

49.9 

54.5 

58.5 

61.8 

64.9 

67.5 

69.4 

71.3 

72.7 

75.4 

74.1 
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Table 4.5 Significant pairwise comparisons (P < 0.05) between respiration responses of substrates of 

rehabilitation mound soils and non-mined forest soils (µg C-CO2 g soil hr
-1

), the substrates and their % 

contribution to group dissimilarity (≤75%). 

C substrate 

Pairwise comparison of  

C-CO2 response after addition  

of a substrate 

 

Cumulative substrate 

contribution to dissimilarity 

(%) 

 

 3 year old  Non-mined 

 

 

L-Alanine 
Formic acid 
L-Tartaric acid 
α-Ketobutyric acid 
+Catechin 
L-Ascorbic acid 

4.3 
3.2 
8.3 
4.6 
2.4 
5.0 

0.27 
10.7 
4.1 
5.0 
2.6 
4.0 

31.8 

54.3 
67.5 

71.8 
75.4 
73.8 

 13 year old Non-mined 

 

 

L-Ascorbic acid 
L-Alanine 
α-Ketobutyric acid 
(+)-Catechin 
Fumaric acid 
Formic acid 
α-Ketoglutatic acid 
D-Galactose      1.5    0.583       1.36       0.85     1.19 74.82 

Trans-Aconitic acid 

L-Tartaric acid 
L-Asparagine 
Gluconic acid 
D-Glucuronic acid 
Thiamine 

9.7 
2.6 
3.1 
1.7 
5.5 

11.5 
3.3 
0 

2.5 
1.0 
1.2 
1.2 
1.2 
1.5 

4.1 
0.6 
5.0 
4.0 
4.4 

10.7 
3.3 
1.0 
2.6 
1.6 
1.2 
1.2 
0.3 
0.6 

31.5 
43.5 
49.3 
54.6 

58.7 
62.7 
65.8 

67.8 
69.7 
71.2 
72.4 

73.6 

75.9 

74.8 
 26 year old  Non-mined 

 

 

α-Ketobutyric acid 
L-Ascorbic acid 
(+)-Catechin 
Formic acid 
Thiamine 
L-Tartaric acid  
α-Ketoglutatic acid 
Fumaric acid 
L-Threonine 
L-Asparagine     1.11     1.66       1.31       0.67     2.22 55.49 

D-Glucosamine 
L-Alanine 
Cinnamic 
D-Galactose 
Quinic acid 
Trans-Aconitic 
L-Cysteine 
L-Glutamic acid  
Xylose 
DL-Lactic 
DL-Malic acid 
Syringic acid 

2.7 
6.1 
1.8 

10.9 
0 

1.8 
3.2 
4.0 
1.1 
1.8 
0.3 
1 

0.2 
1.4 
2.0 
1.1 
1.1 
1.5 
1.5 
1.2 
3.2 
1.0 

5.0 
4.1 
4.0 

10.7 
1.0 
2.6 
3.3 
4.4 
1.6 
0.9 
1.0 
0.3 
0.8 
0.6 
1.8 
0.3 
1.2 
1.3 
1.1 
1.5 
2.8 
2.8 

14.0 
23.8 
33.0 
40.5 
44.3 

47.7 

50.6 

53.2 

55.4 
57.4 
59.2 

61.0 
62.7 

64.4 

75.7 

67.3 
68.5 

69.6 
70.7 
71.7 

72.8 

74.8 
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4.3.2.2  Burnt and non-burnt rehabilitation and non-mined forest 

 Permanova did not show any significant differences in the CLPP between 

prescription burnt and non-burnt 13 year old rehabilitation (mounds and furrows), and burnt 

and non-burnt non-mined forest soils.  Therefore, no further statistical analyses were 

conducted. 

  

4.3.3 Utilisation of complex substrates 

 

4.3.3.1  Different ages of rehabilitation 

 The only significant difference between rehabilitation soils when using only the 

complex substrates was between the 3 year old furrow soils and the 26 year old furrow soils 

(P < 0.05).  However, the 13 and 26 year old furrow and mound soil utilised complex 

substrates differently to non-mined forest soils (P < 0.05).  These differences were 

primarily caused by greater relative response of the non-mined forest soils to phenolic (+)-

Catechin.  (+)-Catechin contributed between 19 % and 41 % of the dissimilarity.  

Following this substrate, eight other complex compounds comprised dissimilarity up to 75 

% (data not shown).   

 

4.3.3.2  Burnt and non-burnt rehabilitation and non-mined forest 

 There was no difference in utilization of the complex substrates between burnt and 

non-burnt 13 year old rehabilitation (mound or furrow) soils, or between burnt and non-

burnt non-mined forest soils.  Non-burnt rehabilitation (mounds and furrows) soils utilized 

these substrates differently to the non-burnt non-mined forest soil (P < 0.05).  This was 

mainly due to up to a two-fold increase in utilization of (+)-Catechin in the non-mined 
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forest soil.  However, there was no difference between the CLPP of rehabilitation (mounds 

and furrows) and non-mined forest soils two years after burning in any of these complex 

substrates. 

 

4.4 Discussion 

 Findings from this study did not support the hypothesis that CLPP from post-mined 

soils would become more similar to non-mined soils with successional age.  However, the 

similarity in responses of soils in this study to the majority of substrates presents a 

question; does it matter in terms of ecological function that these forest soils show 

statistical differences in CLPP when treatment separation is based on only a few substrates?  

It could be argued that, given that the majority of substrates tested were utilized to a similar 

extent across all the soils, and that the range of C substrates tested were structurally diverse, 

soil heterotrophic function had largely recovered from any impact caused by mining 

disturbance within the first three years.  Given the central role of organic C decomposition 

to the survival of heterotrophic microorganisms, a rapid recovery of this function is perhaps 

not unexpected.  In addition, this study and that of previous research in these forest 

ecosystems found that two years after a moderate intensity prescription burn there was no 

effect on CLPP (Cookson et al., 2007).  This suggests that the metabolic function of this 13 

year old rehabilitation forest has recovered to a point that was comparable to that of non-

mined forest soil. 

Findings also did not support the hypothesis that microbial communities in older 

forest soils would be able to utilize complex C substrates to a greater extent than the young 

rehabilitation soils.  An underlying premise of the CLPP approach is that a more 

functionally diverse microbial community is necessary to break-down complex organic 
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molecules due to the requirement for a variety of enzymes capable of degrading such 

molecules in soil.  However, with the exception of the phenolic (+)-Catechin, differences 

between the rehabilitation ages and also between rehabilitation and non-mined soils were 

not based on a differential response to complex substrates but were primarily due to 

different responses to a small number of simple organic acids.  Therefore, despite similarity 

in response to a large number of substrates, a differential response to a few substrates 

(regardless of their chemical complexity) may indicate that these substrates play a specific 

role in the recovery of ecosystem function.  This poses another question; does the ability of 

the older rehabilitation sites to decompose these few substrates at different rates to younger 

sites mean that these particular substrates have some significance to soil functioning? For 

instance, organic acids are thought to be involved in numerous metabolic reactions in soils 

and can be readily taken up and utilized by the microbial biomass (McAllister and Lepo, 

1983).  Microbial uptake of organic acids has been shown to occur through metabolically 

driven transporter proteins which have specificity for either di-carboxylic or tri-carboxylic 

acids (Jones, 1998).  There is also evidence for preference of organic acids over other forms 

of simple C substrates (McAllister and Lepo, 1983).  However, this information is from 

isolated cultures of microorganisms and as such does not take into account the complexity 

of interactions occurring within the soil matrix.  Considering that organic acids are a major 

component of plant root exudates (Jones, 1998), it can be assumed that microbial 

communities in all the soils used in this study have been previously exposed to these types 

of C substrates.  Thus, a generally greater total response in the older rehabilitation and non-

mined forest soils to these substrates is likely due to these soils having greater metabolic 

potential to respond to the addition of these substrates than the 3 year old forest soils.   

The physiological activity of soil microorganisms is primarily influenced by their 

immediate soil environment.  In particular, a lack of readily bio-available C substrates has 
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been identified as limiting microbial activity in similar Western Australian soils (Jones and 

Murphy, 2007), and in influencing microbial physiological status (Stenstrom et al., 2001).  

Furthermore, the proportion of bio-available C substrates in soil has been shown to be a 

regulator of the C and N cycling and composition of heterotrophic microbial communities 

(Wardle, 1992; Griffiths et al., 1999).  The quantity of bio-available C substrates has been 

reported to be greater in younger, developing ecosystems (Graham and Haynes, 2004).  But 

as the ecosystem develops further, there is a progressive accumulation of more complex 

recalcitrant C forms (Rumpel et al., 1999; Nierop et al., 2001).  This may lead certain 

populations of microorganisms in the older rehabilitation and non-mined soils to become 

limited by the availability of appropriate C substrates and hence influence microbial 

activity.   

The greater proportion of bio-available organic C substrates likely to be present in 

the 3 year old rehabilitation soils may favour fast growing bacterial species (r-strategists), 

whereas lower proportions of bio-available substrates may favour slower growing, often 

fungal species (K-strategists) (Buyer et al., 2002).  As the proportion of bio-available C 

substrates decreases with age, bacterial r-strategist populations that were more active 

during initial stages of re-establishment may become less active or dormant during later 

stages of ecosystem development.  As such, while these older rehabilitation soils have 

greater total microbial biomass than the younger soils they also have less microbial activity 

per unit biomass than the younger soils (Banning et al., 2008).  Upon removal of C 

limitation or other nutrient limitation as occurs during this assay, the normally less active or 

dormant r-strategist microorganisms in the older rehabilitation soils may be stimulated to 

become active again, hence resulting in a faster rate of response of the older rehabilitation 

and non-mined forest soils to some of the organic acids.  Furthermore, while functional 

diversity of the younger forest soils may not be that different to older forest soils, these 
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results suggest that there may be some underlying differences in microbial community 

composition between these sites. 

Despite no overall differences in respiration responses between the soils tested after 

addition of all 22 complex substrates, when responses to all 86 substrates were analysed, 

the phenolic acid (+)-Catechin contributed to the dissimilarity between rehabilitation soils 

and the non-mined forest soils.  Phenolic acids are released into the soil through root 

exudation and are thought to be involved in a diverse range of functions in soil.  They are 

the most extensively studied group of allelochemicals and are also thought to act as chemo-

attractants and nod-gene inducers for N fixing bacteria (Rhizobium, Azorhizobium and 

Bradyrhizobium genera) (Rao, 1990).  Further, they may have a role in nutrient acquisition 

under nutrient limiting conditions (e.g. P; Jones, 1998).  For example, there is evidence to 

suggest that under limiting soil P conditions, some plants produce greater quantities of 

phenolic acids that increase the solubility of P in soil (Dinkelaker et al., 1995; Chishaki and 

Horiguchi, 1997).  In this study, non-mined soils had lower available P than all 

rehabilitation furrows soils.  This is likely due to the initial P fertilizer application and 

subsequent movement to the furrows (Ward, 2000).  Furthermore, furrows act as litter 

traps, which overtime concentrate nutrients and nutrient cycling processes (Todd et al., 

2000a; Lalor et al., 2007).  Non-mined Jarrah forests are known to be P deficient (Grierson 

and Adams, 2000) and as such, vegetation within these forests may release certain phenolic 

acids in response to P limitation.  Microbial communities within these forests may therefore 

have been previously exposed to such phenolic acids.  As a consequence, the greater 

relative response of the non-mined soils after addition of these substrates may indicate that 

the microbial communities present in these soils are adapted to the presence of this 

substrate and have the ability to utilize it in metabolic processes, whereas microbial 
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communities within the rehabilitation soils have not yet recovered this function to the same 

extent as exists in the non-mined forest soils.   

 It is recognized that this CLPP assay is biased towards fast growing heterotrophic 

microorganisms (most likely bacterial populations) in soil, and thus only represents a 

proportion of the potential substrate response of the total soil microbial community in situ. 

The short duration of the assay may also limit the detection of differences in responses to 

substrates that are relatively slow; such as responses to addition of more structurally 

complex substrates.  There may be several underlying mechanisms behind differences in 

CLPP which include changes in community composition and/or the relative abundance of 

suitable enzymes, as well as differences in the physiological status of the microbial 

community which in turn is related to microbial resource availability.  Greater insight into 

these mechanisms and the feedbacks between them would enhance the use of this assay as 

an indicator of ecosystem recovery post-disturbance.  The findings of this study suggest 

that further investigations into the heterotrophic ability of these jarrah forest soils will be 

able to use a reduced number of substrates while maintaining the ecological relevance of 

the interpretation.  However, further investigation into the functional implications of 

differential responses to simple organic compounds such as the organic acids is warranted. 

 

4.5 Conclusions  

(i) Findings from this study did not support the original hypothesis that CLPP from 

post-mined soils would become more similar to non-mined soils with 

successional age; however 

(iii) The CLPP were not different in non-burnt soils compared with 13 year old 

rehabilitation soils that were burnt 2 years previously, indicating that impact of 
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the prescription fire on the measured aspect of CLPP was short lived (< 2 

years); 

(iv)  Findings did not support the hypothesis that microbial communities in older 

forest soils would be able to utilize complex C substrates to a greater extent than 

the young rehabilitation soils;  

(v) Differences between soils of different ages and with non-mined forest soils were 

primarily due to differences in response to 13 of the 86 substrates tested. This 

indicates that soil heterotrophic function had largely recovered from any impact 

caused by mining disturbance within the first three years following 

rehabilitation; as such 

(vi) Further investigations into the heterotrophic ability of these jarrah forest soils 

will be able to use a reduced number of substrates while maintaining the 

ecological relevance of the interpretation;   

(vii) It is proposed that the differential response to a few substrates may indicate that 

these simple organic acids play a specific role in the recovery of ecosystem 

function; 

(viii) A generally greater respiration response in the older rehabilitation and non-

mined forest soils to these few substrates is likely due to these soils having 

greater metabolic potential to respond to the addition of these substrates than the 

younger forest soils 
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CHAPTER 5 

 

SHORT-TERM EFFECTS OF A MODERATE PRESCRIPTION 

FIRE ON THE FUNCTION AND STRUCTURE OF MICROBIAL 

COMMUNIITES IN JARRAH FOREST SOILS 

 

5.0 Abstract 

 

The aim of rehabilitation, post-bauxite mining, in the jarrah forest of Western Australia 

is to return a self-functioning forest ecosystem.  Determining the resistance and 

resilience to normal disturbances (e.g. fire) provides an opportunity to test the success 

of rehabilitation efforts that aim to establish functional ecosystems.  Impacts of 

prescription fires on forest soils have been reported to be minimal and transient in 

nature.  However, little is known about the impact of prescription fire on below-ground 

ecosystems and in particular soil microbial ecology and function.  This study 

investigated the short-term effects of a moderate spring prescription fire on soil nutrient 

pools, litter quantity and quality (C/N), nutrient cycling processes (C and N), 

community level physiological profiles (CLPP) and the structure of bacterial 

communities in 18 year old rehabilitation and adjacent non-mined forest sites.  Non-

burnt sites were also selected to assess the normal level of variation in measured 

parameters attributed to seasonal fluctuations in moisture and temperature.  Soils were 

sampled at one week prior to the fire and then at one week, nine weeks, 36 and 52 

weeks following the fire.  The fire had no significant effect on soil total C, organic C, 

total N, NH4
+
 or NO3

-
 concentrations, CEC or available P across all soils.  However, 

increases in soil pH, EC and microbial biomass C across all soils were evident 9 weeks 

after the fire (P < 0.05).  The metabolic quotient (qCO2) increased in all soils one week 
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after the fire (P < 0.05).  In furrow soils the qCO2 had recovered to pre-burn levels 9 

weeks after the fire, whereas mound and non-mined soils had not.  At 36 and 52 weeks 

after the fire, metabolic activity in the mound and non-mined soils was still greater (P < 

0.05) than pre-burn levels.  Gross NH4
+
 mineralisation, NH4

+
 immobilisation and 

nitrification were not significantly affected by the fire.  Although basal respiration rates 

increased, the total substrate responses measured from CLPP of all soils decreased after 

the fire (P < 0.05).  The CLPP of furrow soils was not initially impacted by the fire 

whereas non-mined forest soils were.  However, at 36 weeks CLPP of furrow soils had 

shifted and remained different to pre-burn soils CLPP at 52 weeks post-fire.  The CLPP 

of mound soils was unaffected by the fire.  Bacterial community structure of all soils 

was initially affected by the fire and at 52 weeks after fire the bacterial community 

structure was still different to pre-burn soils (P < 0.05).  The pattern of response of 

these 18 year old rehabilitation forest soils, in terms of the resistance and resilience of 

the furrow and mounds, suggests that 18 year old rehabilitation has comparable 

functional resistance and resilience to moderate prescription fires as that of the non-

mined forest soils.  

 

5.1 Introduction 

 An ecosystem is considered to be stable once it is able to withstand a stress or 

disturbance and then return to its normal state after a temporary deviation (Griffiths et 

al., 2001).  The ability of the ecosystem to avoid displacement after a stress/disturbance 

has been termed resistance and the ability to recover after a stress/disturbance as 

resilience (Westman, 1986; Griffiths et al., 2001; Tobor-Kaplon et al., 2006).  

Determining resistance and resilience of ecosystems to disturbances is recognised as 

being of great importance as societies strive to maintain ecosystem functions for future 
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generations.  For ecosystems undergoing rehabilitation following the complete removal 

of vegetation, such as occurs during mining, determining the resilience and resistance to 

normal disturbance (e.g. fire) provides an opportunity to test the success of 

rehabilitation efforts that aim to establish self-sustaining ecosystems.  In particular, 

measurement of the resilience of key ecosystem functions and the associated microbial 

communities to disturbances has been suggested as a way to assess the capacity of 

ecosystems to withstand such disturbances (Svirezhev, 2000; Mummey et al., 2002b; 

Harris, 2003).  

 Fire represents a major disturbance to forest ecosystems.  The severity of the 

effect of a forest fire on the soil microbial community is largely dependent on the 

intensity and duration of the fire; which are in turn influenced by factors including fuel 

load (e.g. live vs. dead plant materials), vegetation type, slope, topography, soil texture, 

moisture, soil organic matter content and time since last fire (Neary et al., 1999).  Fire 

can have numerous effects on different groups of microorganisms within the soil 

(Vazquez et al., 1993; Neary et al., 1999).  For instance, soil temperatures of greater 

than 50 °C can result in death of heat-sensitive microorganisms (fungi more than 

bacteria) (Neary et al., 1999).  Such soil heating during forest fires can alter the 

structure of the microbial community and also rates of C and N mineralisation 

(Choromanska and DeLuca, 2002; D'Ascoli et al., 2005; Hamman et al., 2007).  

However, soil temperatures reached during low intensity fires are often short-lived and 

then only to shallow soil depths (Raison, 1979).  For example, a low intensity spring 

fire in an 8 year old rehabilitation jarrah forest had temperatures of the surface 1 cm of 

soil that ranged from in excess of 100 °C for 6 minutes in the mound soils of the 

contour rip lines to 80 °C in the furrow soils of the rip lines, but at soil depths of 2.5 cm 

temperatures never exceeded 60 °C (Smith et al., 2004).  Furthermore, a study of 44 low 

intensity prescription fires in the longleaf pine region of the United States found that 
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temperatures from these fires were seldom reported to be greater than 52 °C for more 

than 15 mins at shallow (3-6 mm) depths (Raison, 1979).  Hence, the direct effect of 

soil heating during a prescription fire on the soil microbial community and soil 

processes is likely to be minimal.  However, the effect of fire on soil can also be indirect 

through changes in immediate environmental conditions (e.g. soil temperature and 

moisture) and soil chemical and physical conditions (e.g. soil pH).  In particular, the 

alteration of C substrates and soil pH have been related to increased microbial activity 

in post-burn soils in comparison to non-burnt soils and to changes in the structure of the 

microbial community (Pieikainen et al., 2000a; Gonzalez-Perez et al., 2004; Grady and 

Hart, 2006).  

 The activity of the microbial community regulates soil C and N cycling 

(Smithwick et al., 2005a).  In turn the activity of the microbial community is primarily 

regulated by the availability of organic C substrates for maintenance and growth.  As 

such, soil C and N cycling can vary in response to C quantity and quality inputs 

(Griffiths et al., 1999; Degens et al., 2000; Schipper et al., 2001; Grayston et al., 2004).  

The incomplete oxidation of litter and soil organic matter during a fire results in a 

diverse range of organic C compounds that have reduced solubility and colloidal 

properties (Almendros et al., 1992).  The heat induced dehydration and cyclization of 

organic matter results in the production of condensed structures including heterocyclic 

N compounds (Gonzalez-Perez et al., 2004; Knicker et al., 2005).  In addition to the 

formation of these more recalcitrant organic compounds, the complete oxidization of 

organic matter during fire results in the formation of ash residues (Choromanska and 

DeLuca, 2001).  Such ash residues often have a high pH (Raison, 1979) and in turn have 

been associated with increases in soil pH, electrical conductivity (EC), cation exchange 

capacity (CEC), water infiltration and increases in nutrient availability (N and P) 

(Chambers and Attiwill, 1994; Choromanska and DeLuca, 2002), and with the release 
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of soluble sugars (Choromanska and DeLuca, 2001).  Other  indirect effects of fire on 

the soil microbial community include death of surface roots which influence root 

exudate deposition, decreases in the depth of the litter layer and increases in surface-soil 

temperatures as a result of increased exposure to sunlight (Raison, 1979).   

 It has been suggested that disturbance induced changes in microbial 

communities in soil can influence ecosystem scale events such as seedling 

establishment, vegetative recovery and competitive advantages between plants (Bissett 

and Parkinson, 1980).  There have been numerous investigations on changes to the 

microbial biomass and activity (Singh et al., 1991; Fritze et al., 1994a; McCarthy and 

Brown, 2006) and the structure of the microbial community in post-burn soils (Ubeda et 

al., 2005; Giai and Boerner, 2007).  Studies of wildfires have shown changes in 

microbial community structure such as increases in acidophilic and spore-forming 

bacteria (Vazquez et al., 1993) and a decrease in cellulolytic microbes after fire (Acea 

and Carballas, 1996).  In addition, Bååth and Arnebrant (1994) found the ratio of fungal 

to bacterial phospholipid fatty acids (PLFA) was lowered by burning and suggested that 

this may be due to dominance by r-strategists following fire.  These r-strategists (often 

bacterial) take advantage of the lack of competition and increased availability of readily 

decomposable substrates after fire (Choromanska and DeLuca, 2001).  As time since the 

fire passes, K-strategists (often fungal) increase in numbers as the community becomes 

more complex (Atlas and Bartha, 1993; Fritze et al. 1993).  However, there has been 

little research into whether changes in the soil microbial community structure or 

diversity as a result of fire influence key soil processes that these communities regulate 

(e.g. C and N cycling).   

 Bauxite mining is a major disturbance to the jarrah (Eucalyptus marginata) 

forest of Western Australia.  The subsequent rehabilitation of the mined forest has 

created a mosaic landscape with patches of non-mined forest and rehabilitation in 
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various states of ecological succession.  Current rehabilitation practises place emphasis 

on returning a self-sustaining Jarrah forest ecosystem.  This implies the recovery post-

mining of key ecosystem processes (e.g. C and N cycling and energy transfer) essential 

for maintenance and long-term stability of the ecosystem (Bell, 2001).  It also implies 

that rehabilitated forests must be able to demonstrate resilience to normal forest 

management practises, including prescription fires, comparable to non-mined forest 

areas (Elliott et al., 1996).  The highly variable nature of forest fires has meant that the 

comparison of results from previous studies that have investigated the effects of 

prescription fires on soils from other ecosystems is difficult.  Most studies suggest soil 

is resilient to low intensity prescription fires, as changes in soil properties post-burn are 

often reported to be transient, returning to pre-burn levels within months (Raison, 1979; 

Kennard and Gholz, 2001). Within rehabilitation and non-mined jarrah forests, studies 

have investigated fire behaviour, vegetation structure, fuel loads (Grant and Koch, 1997; 

Smith et al., 2004), post-burn tree characteristics, understorey vegetation characteristics 

(Grant and Loneragan, 1999; Grant and Loneragan, 2001) and plant community and 

successional changes (Grant and Loneragan, 2001; Norman et al., 2006).  From these 

studies, current management practises for rehabilitation forests involve fuel reduction 

prescription fires when forests are between 12 and 15 years old (Smith, 2001; Morley et 

al., 2004).  This is the lower limit of the age of rehabilitation that has been shown to 

demonstrate resilience to a prescription burn.  Recent reviews have suggested that there 

are negligible long-term impacts of prescription burning on the structure and diversity 

of plant communities in rehabilitation forests and also on the soil nutrient status (C, N, 

S, P pools) (Grant and Loneragan, 1999; Grant and Loneragan, 2001; Morley et al., 

2004).  Furthermore, the results from Chapter 4 suggested that if there were any effects 

of prescription burning on the heterotrophic ability of microbial communities in 13 year 

old rehabilitation and non-mined forest soils, these effects were not persistent and no 
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longer evident two years after the fire.  This finding may demonstrate that the functional 

resilience of these rehabilitation forests is comparable to the non-mined forest within 

two years after the fire.  However, this approach did not provide an assessment of the 

magnitude of any disturbance effects in the rehabilitation forests immediately following 

prescription fire.  Furthermore, there has been no assessment of the recovery of 

rehabilitation areas older than 12 to 15 years.  There are currently many rehabilitation 

areas that are older than 12 to 15 years that have not undergone a prescription burn, 

even though these may represent a significant fire-risk due to high fuel loads.  In 

addition, there has been no study of the effect of these fires on key soil processes (C and 

N cycling) or how these fires may influence the soil microbial communities that 

regulate these processes.   

 The aim of this study was therefore to determine whether the soils of 

rehabilitation forests of an age likely to undergo prescription fire (i.e. 18 years old) 

would demonstrate similar resistance and resilience to that of non-mined forest soils.  

Specific hypotheses were that; 

 

(i) the prescription fire would have little influence on the size of the microbial 

biomass and that any changes in microbial activity, soil pH and soil nutrients 

post-burn would be short-lived (< 1 year); 

(ii) the prescription fire would alter the structure of the bacterial community in 

burnt soils in comparison to non-burnt soils and this would be related to 

changes in C availability and soil pH; and 

(iii) Soils from 18 year old rehabilitation forests would demonstrate comparable 

patterns of resistance and resilience to prescription fire as that of the non-

mined forests soils.  
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5.2 Materials and Methods 

5.2.1 Study area and treatments 

 The study area was located within the Del Park region previously mined by 

Alcoa World Alumina Australia.  Del Park is located 110 km south of Perth, near 

Dwellingup in the northern Jarrah forest region, Western Australia (32.71
o
03 S and 

116.05
o
94 E).  The climate is of mediterranean-type, with hot dry summers and cool wet 

winters with a mean annual rainfall of 1258 mm.  Soils consist of an upper layer of 

coarse ferruginous gravels and yellow/brown sands overlying a layer of caprock (Todd 

et al., 2000b).  A detailed description of the procedures used to rehabilitate bauxite 

mines in south-west Western Australia are described elsewhere (Ward, 2000; Smith et 

al., 2004).  Briefly, this includes ripping before seeding to a depth of approximately 1.5 

m and at 1.6 m spacing between rip lines (Ward, 2000).  This produces distinct mounds 

and furrows (which can remain for > 20 years) that relieve soil compaction, assist water 

infiltration and reduce the risk of erosion.  A mixed fertilizer of N, phosphorus (P), 

potassium (K) and micronutrients is aerially broadcast following seeding in late winter 

or spring at ~500 kg ha
-1

 (Ward 2000).  

 In areas designated to be prescription burnt during spring 2005, three replicate 

plots (20 x 20 m) were established in post-mined sites (approximately 3-4 ha each) that 

were initially subject to rehabilitation in 1987 (18 yr old).  In addition, three replicate 

plots (20 x 20 m) were established in non-mined forest surrounding the rehabilitation 

sites.  Prior to the fire, the rehabilitation sites had not previously been burnt, whilst the 

non-mined forest was last burnt 14 to 16 years earlier.  All rehabilitation sites had been 

seeded with jarrah (60%), marri (20%), yarri (20%), and a mixture of legume and 

understorey species including Acacia and Bossiaea spp. 
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5.2.2 Fire characteristics 

 A prescription burn of the study area was conducted on the 29
th

 November 2005.  

It has been described by the Department of Environment and Conservation (DEC) as a 

moderately intense prescription fire.  Wind speed was moderate at 22 km/hr from the 

west-southwest, relative humidity was 52 % and ambient air temperature was 19.1 °C  

(Bureau of Meteorology; Figure 5.1).  The average gravimetric soil moisture of pre-burn 

furrow soils was 11 %, mound soils were 20 % and non-mined soils were 13 %.  To 

determine the soil temperature three replicate 10 x 10 cm pieces of heat resistant fibre-

board marked with a range of thermo-sensitive crayons were placed within the furrows 

and mound of each site to a depth of 10 cm.  However, upon recovery of these pieces 

after the fire the temperature of soil during the fire could not be reliably determined.   

 

5.2.3 Soil and litter collection 

 At each experimental plot, soil was collected randomly as composite bags of 12 

soil cores (5 cm diameter; 0-5 cm depth).  As contour ripping influences soil chemical 

and biological properties, soil was collected separately from both the mound and 

furrows.  Soil samples were collected prior to the fire on the 25 November 2005 and 

then collected in the burnt and non-burnt sites on the 7
th

 December, 25
th

 February, 12
th

 

August and 30
th

 November 2006 at 1, 9, 36 and 52 weeks after the fire (Figure 5.1).  

After collection, all soils were sieved to < 2 mm and stored at 4 ºC.  Prior to analyses, 

all soils were pre-incubated for 7-10 days at 40 % of their water holding capacity 

(WHC). 

 Litter was collected from mounds and furrows separately using a 50 cm x 100 

cm quadrant placed in alignment with one randomly selected mound and furrow within 

each replicate plot.  Litter samples were air dried (40 ºC for > 7 days) and the litter 

loadings calculated as tonnes/ha for each site.  Samples were separated into coarse 



 116 

(intact, >4 mm) and fine (partially broken down, < 4 mm) fractions.  A sub-sample of 

both coarse and fine litter was ground to a fine powder and analysed for C and N 

content using a combustion CHN analyzer (LECO Corp., USA).  Changes in the C to N 

ratio of litter were then determined over time. 

 

5.2.4 Soil pH, electrical conductivity and cation exchange capacity 

 Soil pH and electrical conductivity (EC) was determined on air dried (40 ºC) 

soil.  Measurements of soil pH were made on 4 g soil in 20 mL of 0.01 M CaCl2 and EC 

was determined using 4 g soil in 20 mL de-ionised water.  Both were shaken end over 

end for 1 hour and left to stand for 30 minutes before analysis.  Cation exchange 

capacity (CEC) was determined using the silverthiourea method (Rayment and 

Higginson, 1992). 
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Figure 5.1 Seasonal variations in minimum (Min) and maximum(Max)  temperatures (a) and 

total monthly rainfall (b) at the Dwellingup Meteorological Station, Dwellingup, Western 

Australia over the duration of the study period (November 2005 to November 2006).  The black 

arrow indicates the pre-burn sampling date and the red arrows indicate post-burn sampling 

dates. 

 

5.2.5 C and N pools, process rates and metabolic quotient (qCO2) 

 

 Total C and N were determined on oven dried (40 ºC) soil using a combustion 

analyser (CHN, Elementar, USA).  Organic C was determined by a modified version of 

the Walkley-Black method and estimated by the equations Ctotal = Corg + Cinorg (Nelson 

and Sommers, 1996).    Microbial biomass C (MBC) was determined by fumigation-

extraction (Vance et al., 1987) using a 24-hour chloroform fumigation period and an 

extraction ratio 1:4 with 0.5 M K2SO4 (Sparling and Zhu, 1993).  Oxidizable-C within 
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the extracts was analyzed by high temperature oxidation (Shimadzu 5000A TOC) and 

MBC determined by multiplying the total organic C difference between fumigated and 

non-fumigated samples with a kEC of 2.22 (Vance et al., 1987).  The metabolic quotient 

(qCO2) of the soils was determined as the ratio of basal respiration to MBC (Insam and 

Haselwandter, 1989). 

 The 
15

N isotopic dilution technique (Kirkham and Bartholomew, 1954) was used 

to determine gross N mineralisation, gross nitrification and potential gross N 

immobilisation rates (Murphy et al., 2003).  Two (100 g dry weight equivalent) samples 

of soil from each treatment replicate were homogeneously labeled with a solution of 

either (
15

NH4)2SO4 or K
15

NO3 (99.15 atom %, 2 μg N g
-1

).  The labeled soils were then 

incubated at 25 °C until sampling.  The 
15

NH4 labeled soils were sampled at three time 

points; after 2, 24 and 48 hours whilst the  
15

NO3 labeled soils were sampled after 24, 48 

and 72 hours.  At each sampling a 20 g sub-sample of 
15

N-labeled soil was removed, 

extracted (80 mL 0.5 M K2SO4), centrifuged and filtered through Whatman No. 42 

filters.  Filtrate was collected and frozen until subsequent analysis.  All filtrates were 

analyzed for NH4
+
-N and NO3

-
-N (NO3

-
 + nitrite) through a micro-scale version of the 

colorimetric Berthelot reaction as described by Sims et al (1995). 

 Separate 
15

N enrichments for both the NH4
+
-N and NO3

-
-N

 
pools of the 0.5 M 

K2SO4 extracts was determined using a Roboprep C/N analyser coupled with isotope 

ratio mass spectrometry (ANCA-NT system 20/20, Europa Scientific Ltd, Cheshire, 

England), after a two-stage diffusion method described by Brooks et al. (1989) with 

slight modifications (Herrmann et al., 2005).  Gross N mineralisation, immobilisation, 

nitrification and the NH4
+
-N consumption and NO3

-
-N consumption rates were 

calculated using equations described by Kirkham and Bartholomew (1954).  Gross N 

immobilisation was calculated as follows: (gross NH4
+
-N consumption minus gross 

nitrification rate) + (NO3
-
-N consumption).  
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5.2.6 Community level physiological profiles (CLPP) 

 

 The MicroResp
TM

 approach as described by Campbell et al. (2003) was used to 

determine soil CLPP, with modifications described in detail in Lalor, et al., 2007 (i.e. 

Chapter 3).  Briefly, the indicator dye within the gel detector plate consisted of cresol 

red dye (20 ppm), potassium chloride (240 mM) and sodium bicarbonate (4 mM) set in 

a 1 % gel of noble agar (150 µL/well).  Thirty-one substrates consisting of 14 

carboxylic acids, 7 aromatic compounds, 6 amino acids, 2 carbohydrates, an alcohol and 

a polymer were tested.  These substrates were those that had been previously shown to 

have the greatest variation in utilisation (standard errors) across the range of 

rehabilitation and non-mined soils tested in Chapter 4.   

 A calibration curve of absorbance versus headspace equilibrium CO2 

concentration was fitted to an exponential decay model (r
2
 = 0.95) as follows: % CO2 in 

well headspace = ((-0.06 + (4.76*exp (((-1)*4.06*x))) + (185.85*exp (((-1)*18.24*x))).  

This was determined by equilibrating eight microtiter wells (detachable into 12 

segments) with different concentrations of CO2 prepared from a known standard gas 

mixture (4.62 % CO2; BOC Gases) for 4 hours at 25 °C.  After the assay, the 12 

segments of eight wells were re-assembled and read in a plate reader (ASYS Hitech, 

EXPERT 96, microplate reader).  Soil (300 µL total volume) was added to the 96-well 

microtiter deep well plates after 30 µL of each substrate had been dispensed (three wells 

per substrate plus nine water controls per plate).  This gave a final water content of 60 

% of water holding capacity.   
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5.2.7 Soil bacterial community structure  

 Total soil DNA was extracted from a 0.8 g sub-sample of each soil using the 

UltraClean
TM

 soil DNA isolation kit (Mo Bio Laboratories, Inc., USA). The 

manufacturer’s instructions were modified; cell lysis was performed using a Mini Bead 

Beater (BioSpec Products, Inc) at 2500 rpm for 2 mins rather than by vortex.  The 

bacterial intergenic spacer region between the small (16S) and large (23S) subunits of 

rRNA genes was amplified using forward primer S-D-Bact-1522-b-S-20 (5’-

TGCGGCTGGATCCCCTCCTT-3’) and reverse primer L-D-Bact-132-a-A-18 (5’-

CCGGGTTTCCCCATTCGG-3’).  Amplified sequences contained the spacer region 

plus 130 bp of the 23S rRNA gene.  The forward primer was 5’ labeled with 6-

carboxyfluorescein (FAM). 

 PCR reaction mixtures contained 1 x reaction buffer (Bioline (Aust) Pty Ltd), 10 

pmol of each primer (synthesized by GeneWorks, Australia), 0.25 mM each dNTP, 2.5 

mM MgCl2, 1.25 U Taq DNA polymerase (Bioline), 10 μg bovine serum albumen 

(Ambion, USA) and 1.0 l of 1/10 or 1/50 diluted template DNA made up to 50 μl with 

molecular grade water.  Thermocycling conditions were as follows: 94 °C for 1 min 

followed by 30 or 35 cyclesof 94 °C for 1 min, 55 °C for 30 s, 72 °C for 1 min with a 

final extension step of 72 °C for 5 min. 

 PCR products were visualized on 2 % agarose gels then replicate PCR 

amplifications were pooled and cleaned with Wizard
 
PCR Preps DNA purification 

system (Promega Corporation, Australia).  Intergenic spacer lengths were determined by 

electrophoresis using an ABI 3730 automated sequencer using GeneScan 1200 LIZ 

(Applied Biosystems) size standards which contain 72 fragments ranging from 20 (base 

pairs) bp to 1200 bp at intervals of approximately 20 bp. 

 Electropherogram analysis was performed using GeneMapper v 4.0 software 

(Applied Biosystems).  Fragments smaller than 200 bp and larger than 1200 bp were 
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excluded from the profiles.  Profiles of ribotype abundances (based on peak heights) 

were created using the program RiboSort in the generic R programme (Scallan et al., 

2008). Fragment sizes that differ by less than 0.5 bp were considered to be identical 

ribotypes. Only fragments with fluorescence greater than 0.3 % of the total fluorescence 

summed across all samples were included.  

 

5.2.8 Statistical analyses 

  

5.2.8.1 Seasonal variation  

 Any effect of changes in measured soil properties due to seasonal variation was 

determined through monitoring in the non-burnt soils through time.  The suitability of 

the selected non-burnt forest sites as analogues for the prescription fire sites was 

assessed by comparison of soil properties of these sites and the soil properties of the 

‘pre-burn’ soils.  As there was no rainfall during the first week following the fire, the 

soil sampled from the non-burnt sites one week post-burn was considered to be 

representative of a ‘pre-burn’ time point for these non-burnt sites.  As such, soil 

properties measured at all other time points during the year for these non-burnt sites 

were normalised against this time point.  

 

5.2.8.2  Resistance and resilience  

 The resistance and resilience of the soils to the fire was assessed by measuring 

the differences in soil properties pre- and post-burn relative to non-burnt sites.  If a 

measurement showed no effect of the fire, this soil measurement was deemed to 

demonstrate resistance to the prescription fire; hence no resilience assessment was 

required.  Where there was a significant difference in a soil property pre- and post-burn, 
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resistance was assessed.  Resistance was assessed by determining change (positive or 

negative) in this soil property post-burn relative to that of the pre-burn soil 

measurement.  A specific time point was not specified but the resistance was measured 

at the first time point where a significant change in a soil property was detected (P < 

0.05).  If there was a significant effect of the fire, the resilience was determined as the 

degree of recovery to pre-burn levels.  Resilience of soil properties within rehabilitation 

forest was compared to that of the non-mined forest soils.    

 

5.2.8.3 Effect of the fire on soil and litter properties, C and N pools and process 

rates  

 Differences in soil and litter properties were tested by fixed effects analysis of 

variance and the least significant difference was calculated at a 5 % significance level 

(Genstat V 8.1).  Given the large differences in soil properties between the soils from 

furrows and mounds of rehabilitation sites, these soils were analysed separately. 

 

5.2.8.4  Effect of the fire on CLPP and bacterial community structure  

 CLPP data were standardised by subtracting the water response from individual 

substrate response and then dividing by the total response of each sample.  Tests of the 

multivariate null hypothesis that there are no differences among a priori defined groups 

were performed on Manhattan dissimilarities of standardized CO2 responses using 

permutational multivariate analysis of variance (PERMANOVA) and presented in 

ordinations using unconstrained principle coordinates (PCO) (Anderson, 2001a).  As the 

efficiency of soils to metabolise added C substrates was not measured (i.e. % added C 

respired vs C retained in biomass), changes in respiration response after addition of C 

substrates is based on the assumption that an increase in CO2-C respired is an increase 
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in C mineralisation.  When analyzing CLPP data, if there were significant (P < 0.05) 

pairwise comparisons, the SIMPER programme (Clarke and Warick, 2001) was used to 

determine individual substrate contributions (as a % of total between group 

dissimilarity) to the differences between the soils.  Only those substrates that 

contributed to > 75 % of the dissimilarity between groups were included. The Simpson-

Yule index (Magurran, 1988) was used to calculate heterotrophic evenness for each soil 

using the formula: E = 1 / ∑ pi
2
, where pi is calculated as the respiration response to a 

substrate as a proportion of respiration responses summed across all substrates for a soil. 

 Profiles of ribotype abundances for each soil were standardised by dividing by 

the total ribotype abundances for each sample.  The multivariate null hypothesis that 

there are no differences among a priori defined groups were performed on Bray-Curtis 

dissimilarities of standardised (non-transformed) abundances using permutational 

multivariate analysis of variance (PERMANOVA) (Anderson, 2001a).  Data were first 

checked with a transformation to presence/absence to determine if abundance was 

influencing the data.  No such effect was found and as such no transformation was 

required.  As with CLPP, differences are presented in ordinations using unconstrained 

PCO (Anderson, 2001a).  

 Non-parametric multivariate regression (DSTLM) was used to determine the 

presence of any relationships between bacterial community composition and individual 

soil variables (standardised to remove abundance affects of different measurement 

units) (Anderson, 2001b). The statistical significance of correlations between soil and 

litter variables that were generated using the DISTLM program was determined using 

Genstat v8.1. 

 



 124 

5.3 Results 

5.3.1 Seasonal variation  

 

5.3.1.1  Seasonal variation - General soil and litter properties 

 The mean values of soil characteristics across all sampling points for the non-

burnt soils are provided in Table 5.1.  There was no difference in soil pH, EC, organic 

C, total C and N, inorganic N (NH4
+
 or NO3

-
), CEC or bicarbonate-extractable P of non-

burnt soils and pre-burnt soils and these soil properties remained similar throughout the 

year in all non-burnt soils.  The MBC of all pre-burn soils was similar to that of the non-

burnt soils (Table 5.1).  No seasonal pattern was observed in the measurement of MBC 

in the non-burnt rehabilitation soils (furrows and mounds), whereas the non-burnt non-

mined forest soils did change over time (Table 5.1).  Despite this change over time, 

MBC of the non-burnt soils measured at the start of the experiment was comparable to 

the microbial biomass measured 12 months later.  

 Litter loadings were similar between pre-burn and non-burnt rehabilitation and 

non-mined forest sites.  Furthermore, there were no significant differences between 

litter loadings in the non-burnt forest sites throughout the year.  There was also no 

difference in litter loadings between the rehabilitation furrow, mounds and non-mined 

forest sites pre-burn and post-burn.  This was due to the large variability in litter 

loadings between replicate sites.     

 Litter C and N content was similar between pre-burn and non-burnt sites for 

both rehabilitation and non-mined forests and they remained constant throughout the 

year in the non-burnt forest sites (Table 5.1).  The coarse litter C/N of the rehabilitation 

sites (furrows and mounds) was lower (~75/1) than that of non-mined forest (~120/1) (P 

< 0.05) and similar to values previously reported (see section 2.3). 
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  The pre-burn and non-burnt furrow soils had initially lower pH and higher EC 

than the mound and non-mined forest soils (P < 0.05).  Non-burnt furrows had greater 

organic C, total C, MBC, total N and bicarbonate extractable P than non-mined forest 

soils (P < 0.05).  In contrast, non-burnt mounds had lower organic C, total C but similar 

total N and greater MBC than non-burnt non-mined forests (P<0.05).  

 

5.3.1.2  Seasonal variation - C and N process rates 

In the non-burnt soils, rates of CO2-C evolved showed an increasing trend over 

the year, so that mineralisation rates measured at the same time one year later were all 

greater (P < 0.05; Figure 5.2).  There was no significant difference between the rates of 

gross NH4
+ 

mineralisation between pre-burn and non-burnt soils across all soils (P > 

0.05).  There were also no differences in the nitrification rates of the non-burnt soils 

throughout the year (P > 0.05).  Due to the variability between replicates, there were no 

differences in gross NH4
+ 

mineralisation or immobilisation rates of the pre- or non-burnt 

mound, furrow and non-mined forest soils.  The low concentration of NO3
-
 in all soils 

and the variability between field replicates made accurate calculation of gross rates of 

nitrification using the 
15

N isotope dilution approach difficult.  The mound soils had 

lower gross nitrification rates than the furrows (P < 0.05), but nitrification rates of both 

furrow and mound soils were comparable to the non-mined forest soils prior to the fire. 

 

5.3.1.3  Seasonal variation - Community level physiological profiles 

 There was no difference in the CLPP between the pre-burn and non-burnt soils. 

There were no seasonal differences detected in the CLPP of all non-burnt soils (data not 

shown).   
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5.3.1.4  Seasonal variation - Bacterial community structure 

 The bacterial community structure of the non-burnt furrow, mound and non-

mined soils was influenced by the time of year (P < 0.05; Figure 5.7).  All soils showed 

a shift in community structure from 1 week after the fire to 36 weeks after the fire (P < 

0.05).  However, the structure of the bacterial community observed in the soil collected 

at the 52 week sampling was similar to that observed in soil collected at the week one 

sampling. 
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Table 5.1 Soil properties of non-burnt soils (averaged over all time points). Electrical 

conductivity (EC) is expressed as μS, organic C, total C, and N,  microbial biomass C (MBC), 

bicarbonate extractable P (P), NH4
+
 and NO3

-
 are expressed as mg kg

-1
soil.   Numbers in 

normal font below are standard errors (n = 4). Letters indicate significance at P<0.05 between 

furrows, mounds and non-mined soils.  

Soil Property Furrow soil Mound soil  Non-mined soil 

pH (CaCl2) 4.3 

0.1 

4.8 

0.1 

4.9 

0.1 

EC 77.0b 

7.6 

49.5a 

4.6 

40.7a 

3.3 

CEC 9.1b 

0.7 

7.4a 

0.8 

7.9a 

0.5 

Organic C 49.6c 

6.7 

23.7a 

0.8 

32.2b 

1.2 

Total C 58.0c 

7.5 

29.7a 

0.6 

37.8b 

1.2 

MBC 786.5c 

77.0 

455.5b 

23.1 

565.9a * 

60.1 

Total N 2.7b 

0.9 

1.1a 

0.06 

1.05a 

0.07 

NH4
+
 

 

12.3a 

3.1 

6.0b 

1.1 

4.7b 

0.9 

NO3
-
 

 

8.4a 

1.4 

4.1b 

0.8 

3.2b 

1.1 

P 4.6b 

0.8 

2.1a 

0.1 

2.0a 

0.2 

Coarse Litter C/N 78.6 

12.7 

91.0 

11.9 

105.3 

8.3 

Fine Litter C/N 

 

42.4 

11.1 

36.9 

15.9 

39.9 

10.3 

 

Value of MBC was greater at the 8 week sampling than that of initial measure but at 36 weeks 

and 52 weeks was comparable to initial value. 
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5.3.2 Effect of the fire: Resistance  

 

5.3.2.1  Resistance - General soil and litter properties  

 The fire significantly increased soil pH and EC across all soils (P < 0.05; Table 

5.2).  One week after the fire, the pH of the mound and non-mined forest soils had 

increased (P < 0.05).  However, in the furrows the pH increase was not evident until the 

sampling eight weeks after the fire (Table 5.2).  The effect of the fire on the soil EC was 

not immediate as both mound and non-mined soils showed increased values of EC eight 

weeks post-burn (P < 0.05; Table 5.2).   

 With the exception of the rehabilitation furrow soils, there was no effect of the 

fire on soil total C and N, organic C, CEC or P availability of all soils between pre-burn 

and one week post-burn samples.  Furrow and non-mined soils had higher total C and N 

values than mound soils (P < 0.05).  In the furrow soils, there was a decrease in organic 

C and total C one week post-burn, but this change was not significant at P < 0.05 to pre-

burn values (Table 5.2).  Despite no significant change in total C and organic C between 

pre-burn and one week post-burn, soil total C and organic C at 12 months post-burn was 

significantly higher than one week post-burn (Table 5.2). 

Interestingly, even though there was a substantial loss in the quantities of coarse 

litter after the fire at some sites; this loss was not significant (P < 0.05) due to the large 

variability in litter loadings between replicate sites.  There were significant changes in 

coarse litter C and C/N of the burnt furrows and in the C and N content of coarse litter 

on the mounds over the year (P < 0.05; Table 5.2).  In the furrows, coarse litter C 

initially increased one week after the fire (P < 0.05; Table 5.2) relative to the pre-burn 

values.  No litter could be collected from the mounds one week after fire; hence no 

analyses could be completed.  However, at 36 weeks after fire, coarse litter C of the 

mounds was greater than pre-burn C content (P < 0.05; Table 5.2).  The N content of 
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coarse litter from the mounds initially increased following the fire, but then after 52 

weeks post-burn had almost half the content of the pre-burn coarse litter (P < 0.05; 

Table 5.2). A similar trend was observed for the fine litter collected from the mounds.  

 The prescription fire had no immediate effect on the MBC of any of the soils.  

However, 36 weeks post-burn there was a significant increase in MBC in the furrow 

soils compared with pre-burn and one week post-burn values (P < 0.05; Table 5.2).  

This increase was also observed in the non-burnt sites and as such can not be solely 

related to the fire.  Similarly, the mounds soils showed an increase in MBC 36 weeks 

post-burn compared to that measured pre-burn and one week post-burn (P < 0.05; Table 

5.2).  However, in these soils, the increase was different to the non-burnt soils.  The 

MBC of the burnt non-mined forest soils did not change over time. 

 With the exception of the mound soils, the fire had no significant impacts on 

total NH4
+
 and NO3

- 
concentrations across all soils.  One week after the fire the mound 

soils showed a three fold increase in NH4
+
 concentration relative to those of the pre-

burn and non-burnt mound soils (P < 0.05; Table 5.2).   

5.3.2.2  Resistance - C and N process rates  

 At one week post-burn the basal respiration rates in the furrow, mound and non-

mined soils had increased to be 1.5, 1.8 and 1.7 fold greater than pre-burn rates 

respectively (Figure 5.2).  The elevated basal respiration rates led to an increase in the 

metabolic quotient (qCO2) across all soils following the fire (P < 0.05; Figure 5.3).  

However, the fire had no significant effect on the gross NH4
+ 

mineralisation or 

immobilisation across all soils (Table 5.3). At one week after the fire, the rate of 

nitrification in the furrow soils were not significantly different to the nitrification rates 

observed in the pre-burn furrow soils (Table 5.3).  However, this decrease was not 

significant due to variation between field replicates in rates of gross nitrification and 

also the low concentrations of NO3
-
 in the soils.  
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Table 5.2  Soil and litter properties of the furrows, mounds and non-mined sites affected (P < 0.05) by the fire. EC is expressed as dSm, organic C and total C 

as a %. MBC, coarse and fine litter C and N and NH4
+
 are expressed as mg kg dry weight 

-1
.  The nc = data not collected. Letters indicate significance (P<0.05) . 

 Pre-burn 
Post-burn 

1 week  8 weeks   36 weeks 52 weeks 

Furrows      

pH 4.3a 4.3a 5.2b 5.2b 5.2b 

EC 0.1a 0.1a 0.1a 0.1a 0.07b 

Organic C 4.1ab 3.3a 4.1ab 4.0ab 5.0b 

Total C 4.8ab 4.0a 5.0ab 4.8ab 6.1b 

MBC 309.6a 342.1a nc 689.1b 608.7b 

Coarse litter-C 45.0a 55.0b nc 49.5a 46.9a 

Coarse litter C/N 73.8a 73.2a nc 67.1a 96.2b 

Mounds      

pH 4.8a 5.1b 5.4b 5.3b 5.3b 

EC 0.05a 0.08ab 0.09b 0.05a 0.05a 

MBC 219.7a 150.1a nc 404.4b 353.3b 

Inorganic NH4
+
 6.7a 18.6b nc 7.2a 5.9a 

Coarse litter-C 43.3a nc nc 48.9b 48.9b 

Coarse litter-N 0.7a 0.1b nc 0.6a 0.5a 

Fine litter-N 1.3b 1.4b nc 1.3b 0.6a 

Non-mined      

pH 5.0a 5.4bc 5.7c 5.2ab 5.3ab 

EC 0.05a 0.07ab 0.09b 0.06a 0.05a 
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Table 5.3 Soil NH4
+
 and NO3

-
 (mg/kg) and the gross mineralisation and gross nitrification 

rates (μg N g soil hr
-1

) of rehabilitation furrow and mound soils and non-mined soils before and 

after the fire. The nc = data not collected at this time point.  Numbers in normal font below are 

standard errors (n = 4). 

 

 

 

 

Inorganic NH4
+
 

Gross NH4
+ 

Mineralisation 

 

Inorganic NO3
-
 

Gross  NO3
-
 

Nitrification 

Furrows     

Pre-burn 7.7 9.2 3.9   8.5 

 4.2 1.1 2.1 6.4 

 

One week 11.8 7.6 6.9  0.0 

 5.3 1.4 4.3 1.4 

 

36 weeks 4.6 5.5 3.8 5.4 

 1.7 2.3 1.5 2.3 

 

52 weeks 5.6 6.5 1.1  nc 

 1.2 2.1 0.4  

 

Mounds     

Pre-burn 6.7 4.0 0.5 1.4 

 1.5 1.5 0.4 1.2 

 

One week 18.7 6.3 0.20 0.0 

 3.2 0.8 0.2 0.02 

 

36 weeks 7.2 0.0 3.1 0.0 

 1.8 1.5 1.1 0.8 

 

52 weeks 5.9 3.9 0.9 nc 

 1.4 1.0 0.5  

 

Non-mined     

Pre-burn 4.8 7.5 1.3 0.3 

 0.6 0.8 0.2 0.2 

 

One week 10.5 7.9 0.3  0.0 

 3.8 0.5 0.3 4.7 

 

36 weeks 3.9 4.8 2.4 1.4 

 0.9 2.6 1.8 0.7 

 

52 weeks 4.4 7.9 1.5  nc 

 0.6 2.5 0.9  
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Figure 5.2 Basal respiration rate (CO2-C evolved; μg CO2-C g dry soil
-1

) normalised to the pre-

burn values in the burnt (closed) and non-burnt (open) of the furrow (a), mound (b) and non-mined 

forest soils (c). Points represent means with ± S.E (n = 4).  The dashed line represents the pre-burn. 

0.0

0.5

1.0

1.5

2.0

2.5

N
o

rm
al

is
ed

 C
O

2
-C

 e
v

o
lv

ed
 (

u
g

 C
O 2

 g
 d

ry
 s

o
il

) (b)

0.0

0.5

1.0

1.5

2.0

2.5

3.0

0 10 20 30 40 50 601
//

Time since burn (weeks)

(c)

0.0

0.5

1.0

1.5

2.0

2.5 (a)



 133 

 

Figure 5.3 Metabolic quotient (qCO2) normalised to the pre-burn values of the burnt (closed) 

and non-burnt (open) furrow (a), mound (b) and non-mined forest soils (c). Points represent means 

with ± S.E (n = 4).  The dashed line represents the pre-burn. 
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5.3.2.3  Resistance - Community level physiological profiles 

 The CLPP of the furrow and mound soils were not altered by fire one week post 

burning (Figure 5.4a and b).  However, one week after the burn, CLPP of non-mined soils 

were different (P < 0.05) to those of the pre-burn soils (P < 0.05; Figure 5.4c).  In contrast 

to the pre-burn comparisons, the CLPP of both furrow and mound soils were both different 

to that of the non-mined forest soils one week after the fire.  In all soils, the total substrate 

response decreased (P < 0.05; Figure 5.5), and the evenness (Simpson-Yule Index) 

increased (P < 0.05; Figure 5.6) one week after the fire. 

  

5.3.2.4  Resistance - Bacterial community structure 

 Fire had a significant effect on the bacterial community structure (P < 0.005).  All 

soils demonstrated dramatic shifts in structure from pre-burn to that noted one week after 

the fire (Figure 5.7).  The only soil property that explained a significant proportion of the 

variation in bacterial structure of pre-burn and one week post-burn furrow soils was organic 

C (P < 0.05; 22 % of variation explained).  However, for the mound and non-mined forest 

soils the only soil variable with a significant relationship with the bacterial community 

structure pre-burn and one week post-burn was the increase in soil pH observed in these 

two soils (P < 0.05; 19 % and 27 % of variation explained respectively). 
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5.3.3 Effect of the fire: Resilience 

 

5.3.3.1  Resilience - General soil and litter properties 

The increase in soil pH that occurred after the fire in the furrow and mound soils 

was still evident at 52 weeks post-burn (Table 5.2).  However, in the non-mined soils, the 

initial increase in pH recorded one week after the fire had returned to pre-burn values after 

36 weeks.  The EC of both the mound and non-mined forest soils increased slowly over 

time but by 36 weeks post-burn the EC of both soils had returned to the respective pre-burn 

values (Table 5.2). The initial increase in N content of coarse litter from the mounds 

following the fire (P < 0.05; Table 5.2) returned to pre-burn levels between one week post-

burn and six months after the fire.   

The increase in microbial biomass in the furrow and non-mined soils observed at 36 

weeks after the fire was still evident at 52 weeks after the fire (P < 0.05; Table 5.2).  

However, in the mounds the increase in microbial biomass and NH4
+
 concentration after the 

fire was short lived and both measurements had returned to pre-burn levels by 36 weeks 

(Table 5.2).   

 

5.3.3.2  Resilience - C and N process rates 

 After the initial increase following the fire, basal respiration rates of the furrow soils 

had returned to pre-burn levels by 36 weeks post-burn (Figure 5.2).  However, basal 

respiration rates of the mound and non-mined soils remained elevated and at 52 weeks after 

the fire remained greater than pre-burn levels (Figure 5.2).  By 36 weeks the increased 

qCO2 noted one week after the fire was not significantly different to pre-burn levels across 

all soils (Figure 5.3).  While there was no significant effect of the fire on the gross rates of 
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nitrification in the furrow soils, there may be an increasing trend of nitrification in these 

soils as evidenced by the increase noted at 36 weeks following the initial decrease one 

week after the fire (Table 5.3).   

 

5.3.3.3  Resilience - Community level physiological profiles 

 Despite the CLPP of the furrow soils showing no change immediately after the fire, 

CLPP of furrow soils at 36 and 52 weeks were different to the CLPP of pre-burn soils (P < 

0.05; Figure 5.4). The CLPP of the mound soils was different at 36 weeks but similar at 52 

weeks post-fire to that of the pre-burn CLPP (Figure 5.4).  In contrast, the CLPP of the 

burnt non-mined soils remained different (P < 0.05) to the CLPP of pre-burn soils at 36 and 

52 weeks (P < 0.05; Figure 5.4).  In all soils the same five organic acids; Formic, α-

Ketobutyric, α-Ketoglutaric, L-Ascorbic, DL-Malic and Fumaric acid contributed to the 

dissimilarity of CLPP over time post-burn.  With Formic acid alone contributing between 

31 to 70 % of the dissimilarity of CLPP between soils at different times since the fire.  The 

total substrate response remained lower than pre-burn response in all soils 52 weeks after 

the fire (P < 0.05; Figure 5.5) and the evenness decreased as time since burn increased 

(Figure 5.6).   

 

5.3.3.4  Resilience - Bacterial community structure 

 The changes in bacterial community structure observed immediately post-burn 

across all soils were still evident 12 months after the fire in all soils and the structure 

remained different to that of the pre-burn soils (Figure 5.7).  The structure of bacterial 

communities in the furrow and non-mined forest soils were different at every sampling 
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time.  The only exception was the community structure of the mound soils at 36 weeks 

which were similar to that at 52 weeks.  The decrease in soil organic C explained 22 % of 

the variation between pre-burn and one week post-burn bacterial community structure in 

the furrow soils.  However, at 36 and 52 weeks, soil pH and EC explained the greatest 

proportion of the variation in bacterial community structure measured pre-burn and 36 and 

52 weeks post fire (P < 0.005; 20 % and P < 0.05; 13 % variation explained respectively). 
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Figure 5.4 Principle coordinate analysis plots of CLPP of pre-burn and burnt furrow (a), 

mound (b) and non-mined (c) soils during the experiment.  The different colours represent different 

sampling times. ￮ = preburn, ● = one week, ● = 36 weeks and ● = 52 weeks post-burn. 
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Figure 5.5  Sum of substrate responses (CO2-C evolved; μg CO2-C g dry soil
-1

) from the CLPP 

assay, normalised to the pre-burn values in the burnt (closed) and non-burnt (open) furrow (a), 

mound (b) and non-mined soils (c). Points represent means with ± S.E (n = 4).  The dashed line 

represents the pre-burn. 
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Figure 5.6  Simpson-Yule evenness normalised to the pre-burn values in the burnt (closed) and 

non-burnt (open) of the furrow (a), mound (b) and non-mined forest soils (c). Points represent 

means with ± S.E (n = 4).  The dashed line represents the pre-burn. 
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Figure 5.7 Principal coordinates analysis plots of ARISA of the burnt furrow (a), mound (b) 

and non-mined (c) soils and the non-burnt furrow (d), mound (e) and non-mined (f) soils during the 

experiment.   Symbols represent different sampling times. ￮ = preburn, ● = one week, ● = 36 weeks 

and ● = 52 weeks post-burn. 
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5.4 Discussion 

 

 It was hypothesised that the moderate fire investigated in this study would have 

little impact on microbial biomass of these 18 year old rehabilitation and non-mined forest 

soils.  It was also hypothesized that any ash associated increases in soil pH, nutrient 

availability, microbial activity and changes in C and N cycling, would be short-lived.  The 

results of this study mostly support these hypotheses as the majority of the soil attributes 

that were measured had recovered to pre-burn levels within 12 months after the fire.  While 

there were no differences in N processes after fire, there was a significant increase in the 

basal respiration rate and also distinct shifts in CLPP and bacterial community structure of 

both rehabilitation and non-mined forest soils from pre-burn patterns over the study period, 

independent of seasonal variation.  Furthermore, the hypothesis that the bacterial 

community structure would be affected by the fire and changes in structure would be 

related to changes in soil pH as a result of ash deposition was also supported. 

 

5.4.1 Microbial activity and C mineralisation  

The increased basal respiration rates and hence metabolic quotient (qCO2) of all 

soils post-burn but no immediate change in the microbial biomass post-burn demonstrated a 

fire induced increase in specific respiration rates.  Increases in qCO2 have previously been 

observed following prescription burning (Fritze et al., 1993) and in limed soils (Badalucco 

et al., 1992).  Such increases in the  qCO2 have been related to increases in soil pH, soluble 

C and microbial biomass (Fritze et al., 1993; Blagodatskaya and Anderson, 1998).  In the 

present study the lack of change in the size of the microbial biomass following the fire 
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suggests that the increase in CO2 evolution following the fire is likely to be mainly from 

direct utilisation of C for maintenance respiration rather than from biomass growth 

(Choromanska and DeLuca, 2001).  It has been suggested that changes in qCO2 are not 

always predictable (Wardle and Ghani, 1995) but can be related to decomposer-substrate 

relationships dominated by fast-growing r-strategists, often bacterial species.  Indeed, 

increases in respiratory activity of bacteria and decreases in fungal activity have been 

observed following increases in soil pH (Diaz-Ravina et al., 1996; Blagodatskaya and 

Anderson, 1998).  In this regard, changes in the qCO2 may be indicative of a shift in the 

structure of the microbial community composition. Increases in metabolic activity of the 

burnt soils may also reflect changes to the soil including increased C availability and soil 

alkalinity after the fire.  Enhanced mineralisation rates and microbial activity after fire have 

been attributed to the presence of ash, as ash increases soil pH and can result in an increase 

in the availability of water soluble organic and inorganic nutrients to microorganisms 

(Chambers and Attiwill, 1994; Guinto et al., 1999; Kennard and Gholz, 2001; Ubeda et al., 

2005). All soils in the present study had increased soil pH after fire, however, with the 

exception of increased organic C pool in the furrow soils, there were few other significant 

changes in soil C and N pools after the fire across all soils.  The potentially higher 

concentrations of readily decomposable organic C substrates following the fire may have 

favored r-strategist microorganisms that were previously inactive (Buyer et al., 2002). 

The soil soluble organic C content has been shown to be a very dynamic pool of C 

in soils (Boddy et al., 2007).  Hence, the static measurements that were made in this study 

may not provide a true reflection of the flux in this C pool after the fire.  In addition, it has 

been suggested that the quality of the dissolved organic C (DOC) may also change 

following ash deposition and that this may stimulate different populations of 
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microorganisms into activity (Jokinen et al., 2006).  For example, a study by Jokinen et al. 

(2006) found that following ash application to soil there was a decrease in relative 

abundance of hydrophobic and hydrophilic acids in the DOC and they proposed that this 

was indicative of a shift in the quality of the DOC.  So it is possible that this soluble 

organic C pool increased and also was altered after the fire and, in turn, this increased C 

availability to certain populations within the microbial community dependent on such C 

pools.   

 

5.4.2 N pools and processes 

 Following moderate or higher intensity fires, certain populations of autotrophic 

microbes may increase dramatically, particularly those that are involved in N cycling 

(Vitousek and Matson, 1985).  Nitrosomonas spp. and Nitrobacter spp. are soil bacteria that 

oxidise ammonia (NH3) to nitrite (NO2
-
) and nitrite to nitrate (NO3

-
) respectively.  These 

microorganisms are normally in low densities in soil, due to competition for NH4
+
 from 

vegetation, heterotrophic immobilisation and the presence of allelopathic compounds such 

as phenolic acids in litter.  After fire, this competition can be reduced as decreased 

vegetation growth and alteration of microbial substrates increase the NH4
+
 available for 

nitrifier populations.  In addition, during a fire, allelopathic compounds may be volatilised 

or adsorbed by newly produced charcoal (Wardle et al., 1998).  This has been suggested as 

being a cause of increased NO3
-
 production in soils after fire which can lead to increased 

loss of soil N through NO3
-
 leaching (Fisk, et al., 2002).  With the exception of the mound 

soils, in this study there were no increases in inorganic NH4
+
 or NO3

-
 concentrations 

following fire and also no change in mineralisation, NH4
+
 immobilisation or nitrification 

rates in any of the soils.  While the mound soils showed a three fold increases in NH4
+
, this 
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did not result in an increase in nitrification rates in these soils.  However, variation 

observed in nitrification rates between field replicates made it difficult to assess the impact 

of the fire on this process.  Variation in nitrification rates observed suggests a high level of 

heterogeneity across small spatial scales despite the fire disturbance.  This variation could 

be reflective of the spatial and temporal variability in factors affecting mineralisation (i.e. 

soil moisture, temperature, N availability, substrate quality and quantity) (Guinto et al., 

1999).  Indeed, heterogeneity in the distribution of NH4
+
 and NO3

-
 in rehabilitation soils has 

been related to the location of understorey species and initial site preparations (i.e. contour 

ripping) (Todd et al., 2000a).  The very low concentrations of NO3
-
 in all soils further 

added to the difficulty in using the 
15

N isotopic dilution approach in these forest soils.  

Despite these confounding factors, there did appear to be a large decrease (though not 

significant) in the gross nitrification rate of the furrow soils immediately following the fire 

and suggests that the influence of fire on nitrification rates warrants further examination 

under less variable replication.  However, if such an impact did occur it was short-lived as 

the nitrification rate observed at 36 weeks post-burn was no different to the pre-burn rate.  

Importantly, the pattern of response, in terms of the resistance and resilience of the furrow 

and mounds of these 18 year old forests suggests that such an age of rehabilitation has 

comparable functional resistance and resilience to moderate prescription fires as that of the 

non-mined forest soils.   

  

5.4.3 Community level physiological profiles 

 The heterotrophic diversity of soil has been shown to be influenced by fire 

(Pietikäinen et al., 2000a; D'Ascoli et al., 2005).  Changes in the CLPP of all soils from 

pre-burn CLPP were not observed immediately after the fire, but were evident 36 and 52 
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post-burn.  As this change did not occur in the non-burnt soils, this indicates a shift in the 

heterotrophic function of these soils as a result of the fire.  While CLPP and N 

mineralisation in soils are likely driven by similar soil properties such as the availability of 

organic C substrates, edaphic conditions and the physiology of the microbial community; 

results from this work suggest that CLPP is a more sensitive indicator of changes to the 

function of the microbial community than measures of N processes in soil.  

Despite increased basal respiration across all soils after the fire, results from the 

CLPP assay show that respiration responses to the majority of organic substrates were 

generally lower in burned soils during the whole study period.  In their study, D’Ascoli et 

al. (2005) suggested that the decrease in the respiration response to the substrates supplied 

was due to the general indirect effects of fire on the soil microbial community such as 

changes to soil microclimate due to reduced plant cover or to the inhibitory effects of toxic 

substances produced during the fire.  However, they did not report the basal respiration 

rates following fire to compare with the substrate induced respiration rates of the CLPP 

assay.  In this study, the increased basal respiration rate but general decrease in respiration 

response to the C substrates supplied in the CLPP assay observed in the burnt soils may be 

related to an increase in the proportion of readily available C substrates following the fire.  

As the MicroResp
TM

 assay is conducted over 4 hours, the resulting CO2 response is thought 

to be predominately from bacterial r-strategists.  The increase in readily decomposable C 

substrates for microbial activity after the fire may result in bacterial populations carrying 

out metabolic activity toward their capacity.  Hence, when more readily available organic C 

substrates are supplied, as during the assay, the response to such additions may be less than 

the pre-burn responses.  However, substrate adsorption tests are required to determine 

whether the greater quantities of charcoal in the burnt soils are increasing adsorption of 
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some of the added organic substrates, making them less available for microbial uptake 

(Pietikäinen et al., 2000b).  

The slow increase in the magnitude of respiration responses to added substrates over 

time, while still significantly different from pre-burn levels in all burnt soils at 52 weeks, 

may indicate that the activity of the r-strategists is returning to pre-burn levels.  However, 

ecosystems have been described as being in oscillation between various functional or 

steady states and that shifts in direction of these oscillations can be initiated by disturbances 

such as fire (Odum et al., 1995).  Hence, the disturbance may have resulted in a shift in 

functional state of the microbial communities in these soils.  This may be related to the shift 

observed in the underlying bacterial community structure.   

There was significantly greater variability in the CLPP of soils from the pre-burn 

rehabilitation soils compared with the non-burnt rehabilitation soils.  If the soils were not 

sampled pre-burn and there were only non-burnt soils to compare the burnt soils with, the 

interpretation of the effect of the fire would likely be different.  Even though non-burnt and 

burnt rehabilitation sites were the same age and chosen to match each other in terms of 

initial site preparations, different microbial communities may develop and hence may also 

influence soil heterotrophic function.  This is likely related to the initial site preparations 

that have been shown to have a strong influence on vegetation structure and may also 

influence soil characteristics (Norman et al., 2006).  In contrast to the rehabilitation soils, 

variability in CLPP of replicate non-mined forest soils was similar in the pre-burn and non-

burnt soils.  This suggests that the variability in heterotrophic function is more consistent 

within non-mined areas than in these 18 year old rehabilitation sites.  

 The similarity of CLPP of the non-burnt soils between sampling times may suggest 

that the C decomposition functions in these jarrah forest soils were relatively stable over the 
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period of study and that such functions change little as a result of season.  As all measures 

in this study incorporating bacterial activity were completed under constant temperature 

and water availability condition, such results suggest that seasonal changes in the 

heterotrophic function in these forest soils may not be large enough for this approach to 

determine.  The standard conditions employed allowed measurement of potential activity 

and heterotrophic ability of the soil microbial communities, and although these were not 

found to vary seasonally, actual in-situ field rates may vary throughout the year.  Similarly, 

in their assessment of factors regulating microbial community function and organisation in 

grassland soils, Grayston et al. (2001) determined that broad measures of microbial biomass 

and activity (MBC and CO2-evolved) varied little over time (seasonally) compared to 

measures of the structure of the microbial community, which varied with respect to 

environmental variables, including temperature and moisture, plant productivity and hence 

C substrate availability.   

 

5.4.4 Bacterial community structure 

In the present study, the bacterial community structure of all soils tested was altered 

by the fire and remained different to the pre-burn structure 12 months after the fire.  There 

were also seasonal changes in bacterial community structure in non-burnt soils noted at 36 

weeks, but at 52 weeks the structure of the bacterial community had returned to the original 

pre-burn state.  Such seasonal changes have been observed in other studies of bacterial 

communities in soils (Hoyle and Murphy, 2006), and there is evidence to suggest that 

increases in soil temperature result in increases in the pool size of C substrates available for 

microbial respiration (Zogg et al., 1997).  Hence, some of the changes observed in 

community structure within the burnt soils may be related to seasonal changes in soil 
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temperature and other edaphic factors (e.g. soil water potentials).  However, as the 

community structure of the burnt soils did not return to pre-burn community structure after 

52 weeks, such changes in community structure in the burnt soils indicate that these 

changes may be fire-induced.   

Studies that have investigated the impacts of wildfire in soils have also found fire 

induced changes in microbial community structure.  In their study of the effect of mixed 

conifer wildfire on two important groups of N cycling bacteria, Yeager et al. (2005) found 

that the proportion of nitrogen-fixing and ammonia-oxidizing species was less in soil from 

the fire-affected sites than from the non-burnt forest sites.  These shifts were still evident in 

fire-impacted soils 14 months after the fire.  They suggested that the fire-related increases 

in soil NH4
+
 and/or pH they observed may have influenced the structure of the ammonia 

oxidizing bacteria.  In addition, a study by Hamman et al. (2007) of both low and high 

intensity fires in recently burnt forest sites suggested that the microbial communities in 

both burn sites were structurally different from the populations in the non-burnt sites and 

that such changes were correlated with an increase in soil pH and soil C content.  Similarly, 

in the present study, changes in soil pH were correlated with a shift in the bacterial 

community structure following the fire.  The activity and structure of the microbial 

community is thought to be particularly sensitive to changes in soil pH (Blagodatskaya and 

Anderson, 1998).  Applications of ash to boreal forest soils that raised soil pH, resulted in 

higher total microbial activities and altered bacterial community structures (Baath and 

Arnebrant, 1994).  However, a the shift in bacterial structure is also likely to be reflective 

of increases in soluble organic compounds following the fire as changes in organic 

substrate input to soils have been shown to affect the structure of the microbial community 

(Blagodatskaya and Anderson, 1998; Grayston et al., 1998; Cookson et al., 2006).  The 
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nature of shift in bacterial community structure after the fire (i.e. < 1 week) observed in this 

study may be a reflection of the bacterial community’s ability to rapidly adapt (through 

high turnover rates) to changing soil environmental conditions.  Furthermore, the changes 

in bacterial community structure but lack of change in N cycling processes may be 

indicative of a certain degree of functional redundancy within the rehabilitation forest soils, 

which is comparable to that of the non-mined forest soils.  This apparent functional 

recovery may also be a reflection of adaptation by the surviving communities to the fire 

disturbance (Girvan et al., 2005).  

While assessing the recovery of soil functions after burning to that of pre-burn 

values is a valid approach to measuring the impact of the fire on these functions, the 

assessment of the pattern of recovery of rehabilitation soils in comparison with the pattern 

of recovery of the non-mined forest soils may be more important.  This may allow new 

functional states of the ecosystems post-disturbance to be recognised.  Considering that the 

changes in CLPP and bacterial community structure observed after fire in the furrow soils 

were similar to those observed in the non-mined forest soils, the heterotrophic function of 

the bacterial communities in the furrow soils seem to show a similar resilience to that of the 

non-mined forest soils.  Hence as with measures of N cycling, these findings suggest that 

the furrow soils in these 18 year old sites are exhibiting similar functional resilience to the 

non-mined forest soils.  
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5.5 Conclusions 

(i) The hypothesis that any ash associated increases in soil pH, nutrient availability, 

microbial activity (basal respiration) and changes in C and N cycling would be 

short-lived after the fire was partially supported.  There were no differences in N 

processes after the fire, but there was an increase (P < 0.05) in the basal 

respiration rate and also distinct shifts in the CLPP of all soils from pre-burn 

patterns.  These changes were still evident 12 months after the fire.  There may 

have been an effect of the fire on gross nitrification rates, however, variation in 

field replicates and low NO3
-
 concentrations make interpretation difficult;  

(ii) The increased metabolic activity of the burnt soils is likely to be reflective of 

indirect effects of the fire on the soil such as changes to the pool of microbially 

available C substrates and an increase in soil pH after the fire.  However, the 

decrease in respiration response to the C substrates (CLPP assay) observed in all 

burnt soils may be related to an increase in the proportion of readily available C 

substrates following the fire and increase in charcoal content of the soils; 

(iii) The shift in heterotrophic function after the fire may be related to the shift 

observed in the bacterial community structure as both are influenced by changes 

in C availability and soil environmental conditions, such as pH;   

(iv) The hypothesis that changes in bacterial community composition would be 

affected by the fire and would be related to changes in soil pH as a result of ash 

deposition was also supported through the DISTLM analysis; and  

(v) The pattern of response of these 18 year old rehabilitation forest soils, in terms 

of the resistance and resilience of the furrow and mound soils, suggests that 
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such an age of rehabilitation has comparable functional resistance and resilience 

to non-mined forest soils. 
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CHAPTER 6  
 

GENERAL DISCUSSION AND RECOMENDATIONS FOR 

FURTHER RESEARCH 

 

6.0 Introduction  

 

 To determine the success of forest rehabilitation it is important to assess the 

recovery of key ecosystem processes such as carbon (C) and nitrogen (N) cycling as 

well as the development of a diverse and well structured microbial community.  Within 

the research chapters of this thesis I have used both biochemical assays and molecular 

based techniques to assess the recovery of C and N cycling processes and structure of 

the microbial community within jarrah forests under rehabilitation.  This chapter 

summarizes the major findings identified in the preceding chapters and relates these 

findings to the evaluation of rehabilitation success, in particular, resilience of the 

microbial community to a moderate prescription fire. 

 

6.1 C and N cycling   

6.1.1 C and N cycling and forest succession   

  It is widely recognised that the C and N cycles in terrestrial ecosystems are 

intimately linked through a number of common ecological processes involving the soil 

microbial community (Hobbie et al., 2000; Berger et al., 2002).  Hence, disturbances 

that may temporarily disrupt microbial activity may decouple C and N cycles and may 

consequently alter rates of C and N mineralisation in soils.  Previous studies have 

shown that pools of inorganic N have re-accumulated to comparable to non-mined 

forest between 8 to 13 years following initial rehabilitation (Todd et al., 2000a; Ward, 
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2000) and that in 15.5 year old rehabilitation site, total N concentrations of soil, litter 

and understorey vegetation can exceed that of the non-mined forest (Ward and Koch, 

1996).  The findings of my research support these previous studies as pools of C and N 

in furrow soils were comparable to non-mined forest soils at 15 years of age (Chapter 

2), whereas for mounds the quantity of C in the soil was still significantly different to 

that of the non-mined forest at 18 years of age.  However, even though soil C remained 

lower in these 18 year old mound soils, the N content of the 18 years mounds had 

increased and was comparable to non-mined forest soils (Chapter 5).  

 Ecological theories of succession suggest that mineral nutrient cycling will 

become more conservative with increasing maturity such that there is an increased 

capacity to retain nutrient for cycling within the system (Odum, 1969).   Furthermore, 

close coupling or balancing of N mineralisation and immobilisation processes and low 

nitrification rates within forests such as jarrah forests, has been suggested as being 

indicative of stable forest ecosystems (Davidson et al., 1992; Tietema, 1998).  Under 

such conditions, it is likely that there will be no N ‘leakage’ in the form of more readily 

mobile NO3
-
 ions, and hence no net loss through leaching of NO3

-
 from the ecosystem 

(Tietema and Wessel, 1992; Stockdale et al., 2002).  As such, to fulfill rehabilitation 

obligations, it is expected that soils undergoing rehabilitation should develop a 

conservative and tightly coupled N cycling processes with minimal N losses.  Results 

presented in this thesis indicate that gross N mineralisation and immobilisation were 

indeed closely coupled in both 15 and 18 year old rehabilitation sites tested and the non-

mined forest soils (Chapter 2 and 5).  In addition, all soils (furrows, mounds and non-

mined) demonstrated very low concentrations of NO3
-
 and also low rates of gross 

nitrification (Chapter 2 and 5).  In Chapter 2, gross rates of N immobilisation were 

negatively correlated with the rate of gross nitrification and NH4
+ 

immobilisation was 

the dominant form of NH4
+
 consumption in these 15 year old soils.  Hence low rates of 
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nitrification suggest that this process was restricted by microbial NH4
+
 immobilisation.  

Similar results have been observed by Banning et al. (in press) when assessing a 

chronosequence of rehabilitation jarrah forest soils.  Results of studies in this thesis 

suggest that by 15 years of age, rehabilitation forests are demonstrating stability in N 

cycling processes.  However, within these 15 year old sites, only the furrows had 

comparable rates of N cycling to non-mined sites.  In contrast, in the 18 year old 

rehabilitation, both furrows and mounds had comparable rates of mineralisation and 

immobilisation to the adjacent non-mined forest soils (Table 6.1).  This suggests that 

mound soils may take 18 years or more to recover N cycling processes comparable to 

that of the non-mined forest soils (Table 6.1).  However, it should be noted that the lack 

of significant differences in gross nitrification rates may be an artifact of the low 

concentrations of NO3
-
 in the 18 year old furrows and mound soils (Chapter 5).  Such 

low concentrations made accurate determination of gross nitrification rates problematic.  

The variation in nitrification rates observed in 18 year old soils does suggest a high 

level of heterogeneity across small spatial scales, independent of furrows or mounds and 

despite the prescription fire disturbance (Chapter 5).  This variation possibly reflects the 

spatial and temporal variability in the factors affecting nitrification across both 

rehabilitation and non-mined forest soils (e.g. soil moisture, temperature, NH4
+
 

availability, substrate quality and quantity) (Guinto et al., 1999).   
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Table 6.1 Length of time for recovery of C and N cycling processes in rehabilitation soils 

comparable to the non-mined soils; as assessed in Chapters 2 and 5. 

 

Rehabilitation 

soil 
C Mineralisation 

Gross NH4
+
 

Mineralisation 

Gross NH4
+
 

Immobilisation 

Gross 

Nitrification 

Furrow <15 years < 15 years 

 

< 15 years 

 

 

< 15 years 

Mound <15 years 
> 15 but < 18 

years 

 

> 15 but < 18 

years 

 

 

< 15 years 

 

6.1.2 Soil C availability  

 Availability of C in soil often regulates the fate between N immobilisation and 

nitrification processes.  In addition, changes in C availability as a result of seasonal, 

land management or disturbance have been shown to influence the CLPP and microbial 

community composition of soils (Grayston et al., 2001; Myers et al., 2001).  The 

dominance of the NH4
+
 immobilisation pathway in both rehabilitation and non-mined 

soils (Chapter 2 and 5) suggests that C is not limiting in these ecosystems and is 

reflective of a low N soil environments.  It is likely that even though N inputs may be 

higher in rehabilitation forests than in the non-mined forest, that the N content of the 

litter inputs in 15 to 18 year old rehabilitation sites still does not meet microbial N 

demands in these soils and hence immobilisation of NH4
+
 pre-dominates (Chapter 2 and 

5).   

 The proportion of simple, readily decomposable C substrates (e.g. 

carbohydrates, amino acids) in soil has been shown to be a regulator of the C and N 
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cycling and composition of heterotrophic microbial communities (Wardle, 1992; 

Griffiths et al., 1999).  The structural composition of organic substrates (i.e. simple or 

complex) and the proportions of these substrates in soils, particularly the proportion of 

readily decomposable substrates has also been suggested as being an important factor 

regulating the rate of both N mineralisation and immobilisation (Bending et al., 2002).  

In Chapter 2, despite having a smaller mass of microorganisms, the 15 year old furrow 

soils had comparable rates of N cycling to that of the non-mined forest soils.  It was 

proposed that the higher specific activity (respiration/biomass) of the rehabilitation soils 

in comparison to that of the non-mined forest was a result of the rehabilitation forest 

soils having a greater proportion of more readily available C substrates than non-mined 

forest soils.   

 A greater proportion of bio-available C substrates in rehabilitation forests are 

likely due to the more abundant leguminous understorey in these sites compared to the 

non-mined forest.  In addition, the proportion of bio-available C substrates has been 

reported to be greater in younger, developing ecosystems (Graham and Haynes, 2004).  

But as the ecosystem develops further, there is a progressive accumulation of more 

complex recalcitrant C forms (Rumpel et al., 1999; Nierop et al., 2001).  As such, this 

may lead certain populations of micro-organisms in the older rehabilitation and non-

mined soils to become limited by the availability of appropriate C substrates and hence 

result in decreases in specific microbial activity.  In response to lower C availability, 

soil microorganisms may adjust their physiology (Lundquist et al., 1999; Goddard, 

2003).  Non-active organisms, including dormant forms, are suggested to dominate soils 

but in particular, in microbial communities in natural ‘mature’ ecosystems (Mamilov 

and Dilly, 2002).  The populations that are likely to be metabolically limited are the r-

strategists.  This is because higher concentrations of readily decomposable organic 

substrates favour copiotrophic microbes (r-strategists) (Buyer et al., 2002), whereas 
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lower concentrations favour oligotrophic species (K-strategists).  From this research, it 

is proposed that older rehabilitation (> 13 years old) and non-mined forest sites have a 

larger dormant population of r-strategists that are able to be triggered into activity after 

supply of appropriate C sources (Chapter 2, 4 and 5).  As the proportion of bio-available 

C substrates decreases with age, bacterial r-strategist populations that were more active 

during initial stages of re-establishment may become less active or dormant during later 

stages of ecosystem development.  Hence, the higher proportion or bio-available C and 

a larger proportion of active r-strategists may make the younger rehabilitation sites 

more active per unit biomass than older sites (Chapter 4).  

 

6.1.3 The microbial quotient  

 The qCO2 index provides information on the relative efficiency of the soil 

microbial biomass in using C resources and the degree of C limitation following a 

disturbance or stress (Wardle and Ghani, 1995).  In this study the qCO2 was able to 

determine differences in the C use efficiency between rehabilitation and non-mined 

forest soils (Chapter 2) and of soils following the fire (Chapter 5).  Relative to the non-

burnt soils, the qCO2 of the burnt soils was initially increased (one week after fire), 

likely indicative of an increase in C substrate availability and also changes in soil pH 

(Fritze et al., 1993; Blagodatskaya and Anderson, 1998).   The initial increases were 

also reflected in an increase in the basal respiration rates of all soils.  Such an increase 

may be indicative of less efficient microbial C utilisation and also reflect the stimulation 

of the r-strategist populations in soils following the input of available C and change in 

soil environment (Chapter 5).  Indeed, bacteria often dominate over other microbial 

groups after soil heating (Dunn et al., 1984; Vazquez et al., 1993).  During the year, 

respiration rates generally remained elevated but qCO2 decreased, reflective of an 

increase in the microbial biomass.  This suggests that more energy is going into growth 
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of the microbial community, but it may also be reflective of changes in the microbial 

composition toward a community with a larger proportion of K-strategist species.  Such 

species are thought to produce less CO2 per unit cell than r-strategist (bacterial) species 

(Alexander, 1977; Mamilov and Dilly, 2002).  With the exception of the furrow soils, 

the index was also reflective of other measures which indicated that the fire had short-

lived impacts on the microbial community as qCO2 had recovered to pre-burn levels by 

36 weeks post-fire.  

 

6.1.4 Effect of prescription fire on C and N processes  

 Studies that have investigated the effect of prescription fires on the microbial 

activity, nutrient availability and functional diversity of forest soils all suggest that 

while there may be short-term increases in soil nutrient availability following fire as a 

result of ash deposition (Kennard and Gholz, 2001; D'Ascoli et al., 2005), these 

increases in nutrients are often extremely transient in nature and return to pre-burn 

levels within months (Kennard and Gholz, 2001; Neill et al., 2007).  Indeed, a previous 

assessment of nutrient pools following prescription fires in jarrah rehabilitation soils has 

shown that N re-accumulates rapidly and approaches levels in non-burnt rehabilitation 

within five to eight years after burning (Morley et al., 2004).  In the present study, rates 

of basal respiration observed for soils of the 18 year old furrows, mounds and non-

mined forest soils were initially increased following the burn in all soils.  However, 

gross rates of N mineralisation and immobilisation remained unchanged following the 

burn and were comparable to pre-burn rates one year after the fire (Chapter 5).  This 

suggests that the prescription burns have little impact on N cycling processes in the 

short-term.   

 There was a large decrease (although due to high spatial variability this was not 

significant at P < 0.05) in the gross nitrification rate of the furrow soils immediately 
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following the fire (Chapter 5).  If such an impact on nitrification rates did occur it was 

short-lived as at 36 weeks post-burn there was no difference in the nitrification rates 

compared to the pre-burn rates.  However, as these 36 weeks occurred over winter 

months and leaching occurred in these soils, then although the effect was short-lived it 

could possibly have had an impact on nitrate loss from the system.  As such, the 

influence of prescription fires and wildfire on nitrification rates in these rehabilitation 

soils warrants further examination.  In general, the results from this research suggest 

that the effects of this moderate prescription fire were not large enough to decouple C 

and N cycling processes over the short-term (< 1 year) in an 18 year old rehabilitation 

forest.  In addition, the lack of change in N cycling processes in the rehabilitation and 

non-mined forest soils suggests that the rehabilitation soils demonstrate a comparable 

functional resilience to spring prescription fires as that of the non-mined forest soils.   

 Fire can dramatically influence the proportion of bio-available C substrates for 

soil microbial communities and this in turn has been provided as a reason for the 

observed increases in microbial respiration following fires (Chambers and Attiwill, 

1994; Choromanska and DeLuca, 2001; Choromanska and DeLuca, 2002).  As such, the 

observed increased basal respiration rate but general decrease in respiration response to 

the organic substrates in the CLPP assay after fire (Chapter 5) may be related to an 

increase in the proportion of readily available C substrates and the affect this has on the 

physiological activity of the microbial community.  However, it may also be related to 

the increase in charcoal in the burnt soils adsorbing some of the added organic 

substrates (Pietikäinen et al., 2000b).  The results from this research suggest that subtle 

changes in the pools of soil C can influence the microbial community structure, but that 

these changes do not influence the overall N cycling functioning of these rehabilitation 

and non-mined forest soils.  However, a greater understanding of the dynamics between 

changes in microbial community structure and changes in soil C pools would aid in our 
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understanding of C and N cycling in these forest ecosystems.  In addition, investigations 

into the changes in the proportions of readily decomposable C substrates (i.e. labile) in 

conjunction with measures of the microbial community structure would enhance the 

ecological interpretation of CLPP assays.   

 

6.2 Community level physiological profiles   

 This research has shown that measurement of community level physiological 

profiles (CLPP) can be a useful approach to assessment of changes in the functional 

ability of microbial communities.  Changes in heterotrophic function are likely to be 

related to the physiological status of the microbial community which is in turn related to 

the soil C and N availability (Chapter 2, 3, 4, 5).  However, the findings also highlight 

how the interpretation of CLPP and, in particular, the interpretation of how well these 

rehabilitation forests have recovered heterotrophic abilities can be greatly affected by 

the approach used.  

 

6.2.1  The approach used influences interpretation  

 Standard approaches that are used in soil microbial ecology are useful as they 

provide a base for which to compare between studies.  The CLPP approach can be 

considered a standard approach for assessment of microbial activity and heterotrophic 

function and as such has been used extensively since the 1990’s (Garland and Mills, 

1991; Bending et al., 2000; Giai and Boerner, 2007).  However, the different CLPP 

methodologies developed (i.e. Biolog versus whole soil approaches) make comparison 

between studies difficult.  As the Biolog and whole soil approaches are distinctly 

different, there is confusion as to what aspect of the microbial community is being 

measured.  Hence this has made development of models as to how heterotrophic 
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function recovers post-disturbance or during ecological restoration difficult.  For 

example, in their study of the effects of a prescription fire on mixed-oak forests in the 

USA, Giai and Boerner (2007) report that total substrate utilisation by bacteria, as 

measured by the Biolog approach, was greater following fire when compared to pre-

burn utilisation.  However, there was no increase in the activity of the microbial 

community as measured using enzyme assays.  The results of Chapter 5 suggest that 

when using the MicroResp
TM

 approach there was an overall decrease in the total 

substrate utilisation following the fire.  In their study, Giai and Boerner (2007) suggest 

that the noted increase in activity may have been related to the minimization of the 

impact of charcoal/black carbon as a result of protocols with which the samples were 

prepared for the Biolog assay, but that was not present in the enzyme assay.  Indeed, 

this was postulated as an explanation for reduced respiration response in Chapter 5.  

This further highlights that researchers must give careful consideration the 

interpretations of such assays.  This is particularly so when assessing the success of 

ecological restoration and providing advice on achievement of restoration goals.   

 The use of the Degens and Harris (1997) approach in Chapter 2 was unable to 

distinguish between 15 year old rehabilitation (furrow and mound) soils and non-mined 

soils.  The lack of significant differences suggests that the 15 year old rehabilitation 

soils have a similar heterotrophic function to non-mined forest soils.  However, the 

addition of the C substrates in a 2 mL solution to 1 g dry weight soil means that for soils 

which under natural conditions would not be water logged soils, such conditions would 

not be reflective of natural in situ soil conditions.  An assessment of the Degens and 

Harris (1997) approach and the MicroResp system (Campbell et al., 2003) in Chapter 3 

used the same soils, substrates and the recommended concentrations as reported in the 

original research papers.  The results of this assessment demonstrated that the 

MicroResp™ approach was better able to distinguish between CLPP of 3 and 13 year 
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old rehabilitation (P < 0.05) whereas the Degens and Harris (1997) approach did not.  

As a consequence, the CLPP produced different interpretations of the functional 

diversity of these soils.  As with results of Chapter 2, findings from the Degens and 

Harris (1997) approach would lead to us the conclusion that there were no differences 

between treatments and thus that the 3 and 13 year old rehabilitation soils (furrow and 

mound soil) had the same heterotrophic function as the non-mined forest (i.e. complete 

recovery by 3 years of age; see Table 6.2).  In comparison, the MicroResp™ approach 

identified numerous differences in CLPP between treatments and suggested that the 

aspect of microbial heterotrophic function measured in this study takes less than 3 years 

to re-establish in furrow soils and between 3 and 13 years in mound soils (Chapter 3).  

Differences in the CLPPs produced are thought to be related to the way the two 

approaches influence the physiological status of these microorganisms over the duration 

of the assay.  To reduce the length of time required to determine the heterotrophic 

function of these soils and also to make the approach as reflective of in situ soil 

conditions as possible, it is recommended that the MicroResp approach be utilised in 

preference to the Degens and Harris (1997) approach.  

   

6.2.2  The substrates used influence interpretation 

 In addition to the CLPP assay being more reflective of in situ soil conditions 

than Biolog (Degens and Harris, 1997), it has been suggested that the CLPP assay can 

be further enhanced to reflect specific ecosystems and hence better serve as indicators 

of differences in soils, if the C substrates supplied reflect the diversity of C substrates in 

the soil under study (Campbell et al., 1997; Staddon et al., 1998).  The selection of 

carbon substrates that may be present or absent from different soils (e.g. forest soils that 

have been burnt as opposed to forest soils that have not been burnt), may provide 

information on the function and structure of the microbial communities in these soils.  
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In turn, this may provide information on the trajectory of the recovery of such 

ecosystems through time when compared to non-mined forest soils.  In Chapter 4, I used 

a range of C substrates selected on the basis of providing relevance to these forest soils, 

and assessed CLPP from rehabilitation (3, 13 and 26 years post-mining) and non-mined 

jarrah forest soil.  I also assessed whether prescription burning (conducted 2 years prior 

to sampling) would affect CLPP in a 13 year old rehabilitation and adjacent non-mined 

forest soils.  Analyses of CLPP using all 86 substrates, suggested that  (i) contrary to the 

results of the MicroResp
TM

 assay in Chapter 3, recovery of soil heterotrophic function 

comparable to the non-mined soils takes between 3 and 13 years in the furrows of 

contour rip-lines and between 13 and 26 years in the mound soils of rehabilitation 

forests (Table 6.2), (ii) two years after the moderate prescription burn there was no 

effect of the burn on CLPP in either rehabilitation or non-mined forest soils, and that the 

effect of the burn on the heterotrophic function of these soils was short-lived, and (iii) in 

addition to the approach used to measure CLPP that the C substrates supplied can also 

influence the interpretation of the recovery of heterotrophic function in these soils (see 

Table 6.2).   
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Table 6.2 Length of time to recovery of heterotrophic function in rehabilitation soils 

comparable to the non-mined soils as assessed using the Degens and Harris (1997) approach 

or the MicroResp
TM

 approach in Chapter 3 and 4. 

 

Rehabilitation soil 
Degens and Harris 

using 24 substrates 

MicroResp using 24 

substrates 

MicroResp using 86 

substrates 

Furrow < 3 years < 3 years 

 

> 3 but < 13 years 

 

Mound < 3 years > 3 but <13 years 

 

> 13 but < 26 years 

 

 

 Differences between the CLPP of the 3 year old rehabilitation compared with the 

13 and 26 year old rehabilitation, and between the 3 year old rehabilitation and non-

mined soils were due primarily to differences in response to less than 10 of the 86 

substrates tested.  Hence, the response to the majority of substrates was similar between 

all soils and supports the findings of previous studies which have suggested that using 

numerous substrates does not improve our ability to distinguish differences in CLPP 

between treatments (Campbell et al., 1997; Lalor et al., 2007).  However, the question is 

whether the similarity in responses of soils to the majority of substrates tested matters 

with respect to ecosystem function, when treatment separation is based on only a few 

substrates.  It may be that soil heterotrophic function had indeed largely recovered from 

any mining impact within the first three years following the disturbance.  This does 

seem plausible given the central role of organic C decomposition to the survival of 

heterotrophic microorganisms.   

An underlying premise of the CLPP approach is that a more functionally diverse 

microbial community is required to break-down complex organic molecules in soils due 

to the necessity for a variety of enzymes capable of degrading such molecules.  
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However, differences between the rehabilitation ages and also between rehabilitation 

and non-mined soils were not based on differential responses to complex substrates but 

were largely due to different responses to a few organic acids (i.e. Formic, Ascorbic and 

Fumaric acid).  This may indicate that these substrates play a specific role in the 

recovery of ecosystem function.  A similar response to simple organic acids was 

observed in soil tested in other chapters where this was assessed (Chapter 3 and 5).  

This raises another question.  Does the ability of the older rehabilitation sites to 

decompose these few substrates to different extents than the younger sites mean that 

these particular substrates have some significance to soil function?  In Chapter 4, I 

proposed that differences in responses to these simple organic acids between 

successional ages of these forests was likely related to the differences in the proportion 

of bio-available C substrates between different aged forests.  Such differences in bio-

available C may be influencing the physiological status and composition of the 

microbial community, which in turn may also indirectly influence CLPP.  In addition to 

the physiological status of the microbial community (which in turn is related to 

microbial resource availability), differences in CLPP between soils may also be related 

to changes in community composition and/or the relative abundance of suitable 

enzymes.  Greater insight into mechanisms and the feedbacks between respiration 

response and community composition would enhance the use of this whole soil CLPP 

assay as an indicator of ecosystem recovery post-disturbance.  However, from this 

work, it is suggested that future investigations into the heterotrophic ability of these 

jarrah forest soils using a reduced number of substrates will be able to maintain the 

ecological relevance of the interpretation.  In addition, at present there have been few 

studies that have investigated the ecological significance of microbial responses to 

individual substrates, or whether changes in responses to individual substrates can be 

interpreted in a more broad ecological sense (Cookson et al., 2007).  As such, further 
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investigation into the functional implications of responses to simple organic compounds 

such as the organic acids is warranted (Jones et al., 2003).  

 

6.2.3 Interpretation of heterotrophic evenness (the Simpson-Yule Index) 

There are numerous approaches to statistical analysis of CLPP data including 

univariate diversity indices that assess both the richness and evenness of a soils’ 

heterotrophic response to the addition of substrates.  As the richness of substrate usage 

often does not vary much between soils even using a very large number of substrates 

(i.e. see Chapter 4; Degens and Harris 1997; Campbell et al., 1997), indices are mostly 

used to compare the evenness of substrate use only.  The Simpson-Yule index has been 

used to distinguish between CLPP of soils under different land-uses (Degens et al., 

2000; Stevenson et al., 2004), different levels of applied stress (Degens et al., 2001) and 

from a successional series (Schipper et al., 2001).  Evenness values > 21 (out of a 

maximum = 25) have been postulated as being indicative of increased metabolic ability, 

whereas values < 18 are indicative of reduced resistance and resilience to stress and 

disturbances (Degens, 2001; Degens et al., 2001).  Decreases in evenness values have 

been related to decreases in organic C availability for the microbial community (Degens 

et al., 2000; Schipper et al., 2001).  However, it has been suggested that calculating 

univariate values of heterotrophic evenness can produce quantitative expressions that do 

not bear any reference to specific patterns of substrate utilization (Bradley et al., 2006).  

Some studies have also observed that soils with similar values of heterotrophic evenness 

can present distinctively different patterns of substrate utilization (Staddon et al., 1998; 

Bradley et al., 2006), making interpretation of such indices troublesome.  In this 

research, I have used the evenness to assess changes in CLPP from soils from 3, 13, 15 

and 26 year old forest and non-mined forest soils (Chapter 3 and 4).  All of these studies 

revealed similar evenness values, often where there were distinct differences in organic 
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C content of the soils and the pattern of substrate use as determined using multivariate 

statistical approaches.  Despite there being significant differences in organic C content 

between some soils from 3 and 13 year old rehabilitation sites (furrow), and 3 year old 

(furrow and mound) and non-mined forest soils and also all of these soils showing 

differences in the CLPP, this difference was not evidenced in changes to the evenness of 

substrate use (Chapter 3).  However, in Chapter 4 evenness values were significantly 

increased in 18 year old rehabilitation furrow and mound soils one week after being 

burnt when compared to pre-burn evenness values.  Similar such results have been 

shown in a study using Biolog to assess the impact of clear-cutting, scarification and 

prescription fire disturbances on forest soils (Staddon et al., 1997).  Therefore, the 

findings presented in this thesis suggest that such an index may be useful when soil 

conditions have been rapidly altered.  

 

6.2.4 CLPP as an indirect measure of community structure 

 The whole-soil CLPP approach may also be indirectly reflective of changes in the 

structure of the underlying bacterial community (Chapter 4, 5).  This is because those soil 

properties regulating the physiology of the microbial community, such as organic C quality 

and quantity and soil conditions (e.g. moisture and temperature) also influence the 

composition of the microbial community (Zogg et al. 1997).  As successional processes, 

disturbances and season can alter the composition of C substrates entering the soil, changes 

in the proportion of C pools in soils may stimulate different populations of microorganisms 

and hence result in changes in the structure and heterotrophic function.  However, DNA 

based approaches provide larger amounts of information on the presence/absence of 

microorganisms in soil.  Few studies have investigated the interactions between microbial 

community composition and whole soil CLPP.  In addition, future research that involves the 

assessment of the taxonomic and functional characterization of 
13

C DNA or 
13

C labeled 
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PLFAs may allow us to gain a more accurate understanding of how the structure of 

microbial communities in soils are affected by additions of C substrates in space and time 

(Nannipieri et al., 2003).  For example, the study by Stemmer et al. (2007) was able to 

investigate the temporal dynamics of the soil microbial community and carbon 

incorporation during mineralisation of plant residues through assessment of 
13

C natural 

abundance of phospholipid fatty acids in the soil.  They provided evidence that the temporal 

dynamics of 
13

C labeling of microbial PLFAs were different between bacterial and fungal 

PLFA biomarkers.  They were also able to show that utilisation of maize straw by bacterial 

PLFAs peaked immediately after the application (2 weeks), whereas labeling of the fungal 

biomarker was greatest at 5 weeks after the application (Stemmer et al., 2007).   

 

6.3 Microbial community structure  

6.3.1 Microbial community structure and forest succession 

Rehabilitation of these jarrah forests is attempting to mimic the pre-disturbance 

conditions and hence recreate a self-sustaining jarrah forest (Grant, 2006).  A key 

question for restoration ecologists is whether the microbial community structure of soils 

will become comparable to that of non-disturbed areas over time.  There is evidence to 

suggest that the structure of microbial communities in rehabilitation soils will become 

more similar to non-disturbed soils over time (Mummey et al., 2001a; McKinley et al., 

2005).  However, studies in other ecosystems have predicted that it may take many 

decades for microbial communities to develop similar structure to non-disturbed soils 

but that in reality placing a timeline on such a prediction is fraught with difficulty 

(McKinley et al., 2005).  In this thesis, I have shown that after 15 and 18 years of age 

the microbial community structure of rehabilitation forest soils is still distinctly 

different to adjacent non-mined forest soils (Chapter 2 and 5).  Hence, the question 
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remains as to whether the microbial community structure will converge with that of 

non-mined forest soils at some point in the future.  In recent years it has been suggested 

that return of the range and magnitudes of key ecosystem functions to disturbed lands 

may be of greater importance to the recovery of microbial diversity and other measures 

of the microbial community structure (Neher, 1999).  As such, the key question is: How 

important is it for soil function and ecological sustainability that microbial community 

structure of rehabilitation forest soils converges toward non-mined forests?   

 Findings of my investigations have shown that despite there being differences in 

community structure between the furrows of the 15 and 18 year old rehabilitation and 

non-mined forests, that these soils had similar potential to carry out broad nutrient 

cycling processes of C and N (Chapter 2 and 5).  This suggests that differences in 

microbial community structure do not limit the rates of C and N cycling at this 

successional age.  However, such differences in community structure may have 

important effects on the stability of these soil processes following further disturbances 

(e.g. drought and fire).  Chapter 5 enabled an examination of this question for 18 year 

old rehabilitation and this is discussed below in section 6.3.2.  

Differences in community structure between rehabilitation and non-mined forest 

soils are likely due to differences in the age of the rehabilitation and non-mined forests.  

Successional changes in microbial community structure may occur as a result of 

allogenic (external) factors interacting with the microbial community, (e.g. quality of 

litter inputs, rhizodeposition, soil acidity or alkalinity and soil moisture) and also as a 

result of autogenic (internal) processes occurring within the microbial communities 

themselves (Jackson et al., 2001).  These rehabilitation forest soils provide researchers 

with an ideal ecosystem with which to assess current ecological theories relating to 

microbial succession and may include investigations into the influence of the initial 

composition of microbial colonizers on the trajectory of microbial community structure.  
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Such research may help to provide a model useful for predicting the trajectory of 

succession in these rehabilitation ecosystems.  Our understanding of the dynamics of 

microbial succession within these rehabilitation forests would be enhanced through 

investigating changes in community structure within a chronosequence of rehabilitation 

forest sites and attempting to link findings with changes in key soil processes.   

The research in this thesis has focused on comparisons of microbial community 

structure rather than microbial diversity. The diversity of microbial species cannot be 

estimated from the PLFA approach used (Chapter 2) as a single bacterial species may 

contain many individual fatty acids (Carney and Matson, 2005).  The DNA-based 

profiling technique used in this study (ARISA; Chapter 5), provides relatively high 

resolution for comparisons of microbial community structure but is not necessarily an 

accurate indicator of diversity. This is because PCR-based approaches generally detect 

only the most abundant species in an environmental DNA sample and furthermore a 

single ribotype may actually represent more than one species (Singh et al., 2006; Fierer 

et al., 2007).  Future research may benefit from the use of RNA-based approaches to 

taxonomically and functionally characterize the active proportion of the soil microbial 

community (Nannipieri et al., 2003).  The complexity and dynamic nature of soil 

microbial communities in space and time continue to make any hypotheses regarding 

factors driving changes in microbial diversity or community structure difficult to 

investigate (Marschner et al., 2002; Fitter et al., 2005).   

 

6.3.2 Effect of prescription fire on bacterial community structure 

 A key question that has arisen during this thesis is how important the recovery of a 

comparable microbial community structure within rehabilitation sites compared to non-

mined sites is for ecosystem function following normal forest disturbances such as 

prescription fire.  In particular, does a difference in the community structure between 



 172 

rehabilitation and non-mined forests mean that the resilience and resistance of key soil 

processes to ecological disturbances is compromised?  The results of Chapter 5 

demonstrates that differences in the bacterial community structure between 18 year old 

rehabilitation and non-mined forest soils did not limit the ability of the rehabilitation soils 

to demonstrate resistance and resilience to prescription fire in the short term (< 1 year; 

Chapter 5).  It is postulated that that ability of these rehabilitation soils to show resistance 

and resilience to this prescription fire was related to the large functional redundancy that is 

thought to exist in soil microbial communities (Chapter 5).  However, given that only the 

bacterial community structure was investigated in this study, to provide a more holistic 

assessment of the impact of fire on the soil microbial community, the impact of fire on the 

fungal community in these soils is required.   The importance of the recovery of community 

structure comparable to non-mined ecosystems for ecosystem function in the long-term 

remains unclear and can only be determined through sampling of a longer chronosequence 

of time since fire.  

  Despite N mineralisation and immobilisation in rehabilitation and non-mined forest 

being relatively unchanged by the prescription fire, nitrification rates may have been 

affected.  As such, identifying the effects of prescription fire on specific functional groups 

such as N-fixers, ammonifiers and nitrifiers through genotypic analyses would further 

increase our understanding of recovery of above and below-ground community (Hamman et 

al., 2007).  Prior studies have investigated changes in bacteria involved in N cycling, but 

these have been conducted in intense stand-replacing fires (Yeager et al., 2005; Smithwick 

et al., 2005a).  Considering that prescription fires are frequently used as a forest 

management tool, future research should consider evaluation of the impact of these fires on 

these important soil microorganisms. 
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6.4 Influence of contour ripping on soil C and N cycling and 

community structure 

 The most apparent reoccurring difference observed between rehabilitation and 

non-mined forest throughout my research was the influence of initial contour ripping of 

rehabilitation areas on soil processes and community composition within these soils 

(Chapter 2, 3, 4, 5).  Previous studies have shown that the contour ripping pattern 

(furrows and mounds) produced during initial preparation of rehabilitation sites greatly 

influences soil properties (e.g. higher nutrient and lower soil pH) and nutrient cycling 

processes by acting as litter and nutrient traps (Todd et al., 2000a).   Considering this, it 

may not be surprising that furrow soils demonstrated greater rates of C and N cycling 

(Chapter 2, 5) than the mound soils.  In addition, the rates of C and N cycling in the 

furrow soils of 15 year old rehabilitation were comparable to the non-mined forest soils 

where the mounds were significantly less at 18 years old (Chapter 2 and 5).  This is 

likely to be true of other nutrient cycling processes (e.g. P, S).  In addition to differences 

in C and N cycling processes, heterotrophic function (Chapters 3, 4, 5) and also the 

composition of the microbial community (Chapter 2, 5) were observed to be different 

between the furrows and mound soils of rehabilitation forest soils.  Differences between 

the furrow and mound soils are likely to be due to the differences in soil environmental 

conditions (e.g. surface soil temperature, moisture), litter deposition and initial fertilizer 

application (Chapter 2, 3, 4, 5).  However, perhaps this does not matter if on a landscape 

level soil processes have recovered comparable to non-mined forest levels?  For 

example, when the furrow and mound were averaged (assuming a 50 % cover of both 

furrow and mound) the intrinsic spatial heterogeneity within rehabilitation sites was 

excluded and both C and N processes were comparable to the non-mined forest 

(Chapter 2).   So it can be argued that even though these is distinct spatial separation of 

nutrient cycling processes within rehabilitation sites, that at the landscape level, these 
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forests have comparable rates of nutrient cycling processes as that of the non-mined 

forest soils by 15 years of age.  Furthermore, despite the observed differences between 

furrow and mound soils, it is likely that as successional processes continue, the physical 

distinction between the furrow and mound will decrease over time.  Indeed, recent 

improvements in the rehabilitation processes that reduce the size of furrows and mounds 

aim to make the surface of rehabilitation more homogenous.  Such a change in the 

design of contour ripping will also likely substantially reduce the spatial heterogeneity 

in litter deposition and hence nutrient cycling within rehabilitation sites.  

 

6.5 Final conclusions 

 

(i) Measurement of CLPP can be a useful approach for assessment of changes 

in the functional ability of microbial communities.  However, the  

interpretation of how well these rehabilitation forests have recovered 

heterotrophic abilities can be greatly affected by the methodological 

approach used; 

(ii) The MicroResp™ approach was substantially better than the Degens and 

Harris (1997) approach in distinguishing between treatments within these 

forest ecosystems; 

(iii) Results from this thesis suggest that rates of C and N cycling are likely to 

become similar to the non-mined forest soils as age of the rehabilitation 

increases; in furrow soils, C and gross N mineralisation were comparable to 

non-mined by 15 years of age, whereas for mounds soils it may take greater 

than 18 years for C and N processes to recover; 

(iv) The close coupling of gross N mineralisation and immobilisation and the 

very low concentrations of NO3
-
 and low rates of gross nitrification in both 
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15 and 18 year old rehabilitation (furrows and mounds) and non-mined 

forest soils suggests that all forests are demonstrating stability of N cycling 

processes; 

(v) Differences in the C and N cycling and structure of microbial communities 

observed in rehabilitation and non-mined forest soils in this thesis are likely 

due to differences in soil environmental conditions (pH, soil moisture) and C 

substrate availability which influence the physiological status of the 

microbial community and are in turn related to successional age; 

(vi) While there are similar rates of C and N cycling the underlying microbial 

community composition may be distinctly different.  What this means for 

stability of C and N cycling in the long-term within rehabilitation forest soils 

requires further investigation; 

(vii) The effect of the prescription fire on the function of soil microbial 

communities is likely to be short-lived (< 2 years);  

(viii) The effects of a moderate spring prescription fire were not large enough to 

decouple key C and N cycling processes over the short-term (< 1 year) in a 

typical 18 year old rehabilitation or non-mined forest soils; and 

(ix) Rehabilitation forests that were of 18 years old when prescription burnt, 

demonstrated comparable functional resilience to a moderate prescription 

fire as the non-mined forests soils. 
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