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Abstract

Generalist herbivores profoundly influence the biomass and species composition of

macroalgae assemblages. In subtidal ecosystems of temperate latitudes, large

invertebrates are usually the most influential herbivores. I tested the prediction that
exclusion of invertebrate herbivores would lead to changes in the biomass and species

composition of the macroalgae assemblages that are a prominent feature of the reefs in

south-western Australia.

The most abundant invertebrate herbivores were sea urchins (Heliocidaris

erythrogramma, Phyllacanthus irregularis and Centrostephanus tenuispinus), and these
occupied different trophic positions. Heliocidaris was present at virtually all reefs

surveyed, and was particularly abundant in the Fremantle region. Analyses of stable

isotopes and direct observations of gut contents revealed that it was almost exclusively
herbivorous, and that it mainly ate foliose brown algae. In contrast, Phyllacanthus and

Centrostephanus were omnivorous; while they consumed large proportions of algae, a
substantial proportion of the diet of both species was animal tissue.

Because Heliocidaris is a generalist herbivore that occurs at high densities, it could

exert a large influence on the macroalgae assemblage. This prediction was tested by a
series of press experiments. Contrary to the prediction, Heliocidaris exerted a very

minor influence on the biomass, and no detectable influence on the species composition,
of attached macroalgae. However, it exerted a major influence on the retention of drift

macroalgae and seagrass by trapping and feeding on drift. It exerted a particularly

strong influence on retention of the kelp Ecklonia radiata. This kelp was not abundant
in the attached algae assemblage (when all plots were pooled it ranked 35th in biomass),

but was abundant as drift (ranking 1st). Most of the drift Ecklonia was retained by sea
urchins, rather than freely drifting.

Herbivorous fish may also influence macroalgae assemblages. To compare the effects

of sea urchins versus fish on recruiting and adult macroalgae a 13-month exclusion
experiment was conducted. There were no detectable effects of sea urchins (mainly

Heliocidaris) on either recruiting or adult macroalgae. There were some patterns in the

biomass of recruiting algae consistent with an influence by herbivorous fish; however,
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these patterns were also consistent with the presence of artefacts (shading and reduced

water flow) by fish exclusion devices.

I began with the prediction that large invertebrate herbivores were a major influence on
the macroalgae assemblages of subtidal reefs in south-western Australia. Overall, there

was little evidence to support this prediction: within spatial extents of tens of square
metres and over periods of 1-2 years, only minor effects were detected. However, it

remains plausible that herbivores exert an influence over long time periods across large

spatial extents in south-western Australia. I propose that trophic subsidies support the
comparatively high densities of Heliocidaris that exist at some reefs. I further propose

that these subsidies mediate the effects of sea urchins on the attached macroalgae

assemblage, and that they might play an important role in energy and nutrient cycling in
these nearshore ecosystems.
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Chapter 1

Introduction

“In one moment I’ve seen what has hitherto been

Enveloped in absolute mystery

And without extra charge I will give you at large

A Lesson in Natural History”

The Hunting of the Snark, by Lewis Carroll
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Herbivores profoundly influence the biomass and species composition of marine

macrophytes. In subtidal ecosystems of temperate latitudes, the most influential
herbivores are usually large invertebrates — especially sea urchins (see reviews by

Lawrence 1975, Branch 1981, Lubchenco & Gaines 1981, Hawkins & Hartnoll 1983,
Harrold & Pearse 1987, Sala et al. 1998a, Valentine & Heck 1999).

The crucial influence of herbivores is particularly evident when they die out. For

example, mass mortalities of sea urchins can result in landscape-scale changes to the
distribution of macroalgae (Scheibling 1986, Hughes et al. 1987, Lessios 1988, Levitan

1988, Scheibling & Raymond 1990, Andrew 1991, Christie et al. 1995). There is an

urgent need to understand the changes that occur when herbivores die out, because
global, local and ecological extinctions of marine herbivores are occurring due to

human activities (Estes et al. 1989, Carlton et al. 1991, Anderson 1995, Jackson 1997).

The current rate of extinction of all organisms is probably greater than at any other

epoch, but the effects of losing so many species are poorly-known (Tilman et al. 1994,

Pimm et al. 1995, Chapin et al. 2000, Myers et al. 2000). Ecologists are faced with the
challenging task of documenting the community-level effects of extinctions, and

(perhaps more importantly) predicting the effects of continued species loss.

Because of the rapid rate of extinction, there is no time for ecologists to conduct

detailed studies of all threatened species (May 1994). In marine ecosystems, it might not

even be possible to identify which species are threatened. There is therefore a need for
predictions about the general effects of declining species diversity. There is also a need

for predictions about the specific effects of losing important species. Ecologists have
recently placed much attention on predicting general effects; it is my intention in this

thesis to focus on one way of attempting predictions of specific effects, using marine

herbivores. Here, I briefly review the concept of general biodiversity-function models,
highlight their limitations for predicting specific effects, and introduce the way I have

sought to make specific predictions.

PREDICTING GENERAL EFFECTS:  BIODIVERSITY – FUNCTION MODELS

A popular approach to identifying general trends is to formulate models that predict the

qualitative form of relationships between biodiversity and ecosystem functioning
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(usually defined as the cycling or transformation of resources such as energy, nutrients

or water). The rationale behind this approach is that knowledge of general relationships

(if they do indeed exist) will facilitate predictions about the general effects of losing
species via simple mathematical models (Chapin et al. 2000, Schwartz et al. 2000,

Hector et al. 2001). Various conceptual models have been formulated (Figure 1.1). The
simplest model (Figure 1.1a), often called the ‘rivet-popper’ model after Ehrlich &

Ehrlich’s (1982) aircraft analogy, predicts a linear relationship, in which all species

exert an influence. In the second model (Figure 1.1b) some species are ‘redundant’ in
the sense that they are ecologically similar (Walker 1992, Walker 1995) — this leads to

an asymptotic relationship in which extinction of a species does not result in immediate

changes to ecosystem functioning. In the third model (Figure 1.1c), general patterns are
difficult to predict, because some species influence ecosystem functioning more than

others, and it is the identity of the species lost, rather than just the number of species,
which is most relevant. Other models exist (Naeem 1998, Peterson et al. 1998), but

these three models are the ones most commonly invoked (Naeem et al. 1995, Johnson et

al. 1996).

(a) (b) (c)

Number of species

E
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u
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Figure 1.1: Three commonly-proposed models to describe the form of relationships between
biodiversity and ecosystem functioning. See text for descriptions of each model. Redrawn after

Lawton (1994) and Naeem (1998).

Each of these models has received some empirical support (Naeem et al. 1994, Tilman

& Downing 1994, Tilman et al. 1996, Naeem & Li 1998, Symstad et al. 1998, Schläpfer
& Schmid 1999, Hall et al. 2000), and the first two have been explicitly linked to

mathematical models of resource use (Tilman 1982, Tilman et al. 1997a). Based on the
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empirical and theoretical evidence, ecologists predict that, on average, resource use (and

thus ecosystem functioning) will decline as diversity decreases.

However, the utility of such models will lie in the degree to which they can predict the
effects of local extinctions: if they cannot predict the effects of species loss in specific

instances, then they are of limited practical value.

There are several limitations that might hamper the models’ predictive power in specific

instances. First, the logic of applying results from randomly-assembled experimental

assemblages (the source of much of the empirical evidence) to real extinction events has
been criticised, because species loss in ecological communities is probably highly non-

random. Because species loss is not random, predictions about species loss derived from

experimental assemblages might not be accurate (Purvis & Hector 2000).

A second problem, arising mainly from the ‘redundancy’ model, is that the rates of

resource use that are used as proxies for ecosystem functioning usually reach
asymptotes at levels of diversity far below those that exist in natural ecosystems

(Tilman et al. 1997b, Tilman et al. 1997a). This implies that many species could be lost

before ecosystem functioning is compromised. There are many instances in which this
clearly is not true — for example, the changes that occurred following population

reductions of single species of sea urchins in boreal kelp forests (Estes et al. 1978,
Duggins 1980, Scheibling 1986, Estes & Duggins 1995, Hagen 1995).

A third problem is that tests of the models have mostly been on plants (although see

Ritchie & Olff 1998, Duffy & Hay 2000), and thus most of the empirical support also
applies mainly to plants. Interactions among herbivores, and between herbivores and

plants, might be more complex, so diversity-function patterns that exist for plants might
not exist for herbivores (Ritchie & Olff 1998).

The utility of predictions from the general models to predict outcomes in specific

circumstances is then questionable; even if the models give good ‘average’ predictions,
their predictive power in specific instances might be poor. When attempting to predict

what changes might occur when species become extinct, the ability to predict with more
accuracy than that yielded by the ‘average’ predictions is very desirable.
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PREDICTING SPECIFIC EFFECTS

One way in which more accurate predictions could be achieved is if species could be

classified according to the type and magnitude of their interactions — both trophic and
non-trophic — with other species. (Note that the ‘redundancy’ model in Figure 1.1b

incorporates classifications of species according to the type of interactions, but not

according to the magnitude of interactions.) Some explicit classifications of this sort
exist, usually categorising species into ‘guilds’ that use similar resources (Simberloff &

Dayan 1991), or into ‘functional groups’ based on structural attributes, with the implicit
assumption that structure reflects ‘function’ (Steneck & Watling 1982). Other

classifications implicitly categorise species according to their effects on their

environment — for example classification of species as ‘keystone’ species (Power et al.
1996, Simberloff 1998) or ‘ecosystem engineers’ (Jones et al. 1994, Lawton 1994).

Such classifications are in a sense artificial, because they impose somewhat arbitrary

delineations to divide continua into discrete units. When such artificial divisions are
imposed, exceptions will often occur (see Phillips et al. 1997 for an example).

Furthermore, the classification will vary, depending on the resource or attribute on
which it is based (Padilla & Allen 2000). Nevertheless, simplifications of this kind can

be useful.

To be useful for making predictions about the effects of species loss, they need to
incorporate at least the qualitative nature of interactions (e.g. what prey are eaten or

what other species are facilitated). Preferably, they should also incorporate the
magnitude of those interactions. Furthermore, to be most useful, a classification should

be parsimonious, including only the detail necessary to correctly predict outcomes.

Classification of species into guilds, according to their trophic position and resource
use, may be useful for predicting their effects on the ecological communities in which

they live. For example, a guild of ‘generalist herbivores’ can influence the abundances
and distributions of primary producers.

A PROPOSED MODEL

I developed a model to predict that species which could be classed as ‘generalist
herbivores’ would exert a major influence on the macroalgae assemblages that are a

prominent feature of the subtidal reefs of south-western Australia (Figure 1.2). This
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model was based on a synthesis of observations that generalist herbivores exert a strong

influence in similar ecosystems elsewhere (see reviews by Lawrence 1975, Lubchenco

& Gaines 1981, Harrold & Pearse 1987, Sala et al. 1998a). Essentially, the model
predicts ‘consumer-control’ of the macroalgae assemblages by herbivores. For

completeness, the model incorporates ecological processes that tend to increase
herbivore populations (e.g. settlement, recruitment, facilitation) and those that tend to

decrease herbivore populations (e.g. predation, competition, disease). The focus of my

research was the herbivore-macroalgae interaction. I hoped to gain an understanding of
the influence of herbivory on macroalgae-dominated reefs, and of the effects of

removing herbivores. From this understanding, I hoped to make some predictions about

some of the changes that would follow the removal of these consumers in a specific
temperate subtidal reef ecosystem.

Herbivore assemblage

Macroalgae

Processes that increase abundances
(e.g. settlement, recruitment, facilitation)

+–
Processes that decrease abundances
(e.g. predation, competition, disease)

–

+

Figure 1.2: Simple model designed to predict the influence of herbivores on macroalgae
growing on subtidal reefs in south-western Australia. Symbols indicate positive (+) or negative

(–) influences.

AIMS

My primary aim was to identify the potentially important herbivorous invertebrates, and

to study the effects of removing them. A secondary aim was to identify potential
limitations to deriving predictions of the effects of biodiversity loss.
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THE STUDY AREA

The nearshore environment off the coast of south-western Australia is relatively shallow

(mostly < 20 m deep), and the main benthic habitats are seagrass, unconsolidated sand
and reef. A prominent feature of this coast is a series of aeolianite limestone ridges that

extend parallel to, and up to 12 km from, the shore (Searle & Semeniuk 1985). These

ridges form chains of islands and high-relief limestone reefs.

Nearshore hydrodynamics are mainly wind-driven (Pattiaratchi et al. 1997). Summer is

characterised by easterly land breezes in the morning, and westerly to south-westerly
sea breezes in the afternoon; winter is characterised by north-westerly to south-westerly

storm winds (Masselink & Pattiaratchi 2001). The coast is also strongly influenced by

oceanic swells, which arrive mainly from a west to south-west direction (Searle &
Semeniuk 1985). Further offshore is the warm, southward-flowing Leeuwin Current,

which periodically mixes with nearshore water (Phillips & Pearce 1997). Nutrient

concentrations in coastal waters are low, and there is very little terrestrial runoff along
most of the coast (Johannes et al. 1994).

The fauna and flora include both temperate and tropical species (Huisman & Walker
1990, Hutchins 2001). Diversity is high: for example, there are over 350 species of

macroalgae (Huisman & Walker 1990) and over 100 species of reef fishes (Hutchins

2001) in the Perth area alone.

On the subtidal reefs, the dominant space occupiers are large brown algae, especially

Ecklonia radiata and Sargassum spp. (Kendrick & Walker 1994, Kendrick & Walker
1995, Phillips et al. 1997, Kendrick et al. 1999), although smaller patches exist that are

dominated by other algae, and sessile fauna characterise caves and overhangs. The most

abundant fishes of the reefs are representatives of the families Kyphosidae, Labridae,
Pomacentridae and Monodactylidae (Howard 1989, Harman 2001, Hutchins 2001).

Other than the western rock lobster Panulirus cygnus and abalone Haliotis spp. — each
the target of an important fishery — the invertebrate fauna is poorly described.

The importance of predation and herbivory has not been determined for subtidal reef

ecosystems in this region. Some studies have examined herbivory on rocky platforms in
the intertidal (Berry & Playford 1992, Scheibling 1994, Prince 1995), but the influence

of herbivores in adjacent subtidal ecosystems remains poorly-known.
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STRUCTURE OF THIS THESIS

The first stage in my research was to characterise the distributions and abundances of

herbivorous invertebrates (Chapter 2). The focus was on testing whether there were
differences in abundance across biogeographic spatial scales (> 400 km), and whether

there were patterns of segregation of species at the smallest scale.

Because there was little information on the diets of these herbivores, and knowing that
the effects of consumers on their environment will depend on the ways that they use

prey resources, I also examined their trophic positions and diets (Chapter 3). This study
focussed on sea urchins, because the studies detailed in Chapter 2 revealed that the

dominant herbivores on the reefs were sea urchins. I concentrated on testing whether

three sympatric species of sea urchins occupied the same trophic position (by analysis
of stable isotopes), and on testing whether there was overlap in the foods consumed (by

examining gut contents).

Perhaps the most important component of this research was experimental manipulation
of consumers to test their effects on the macroalgal assemblage. I approached this in

several ways. In the first set of experiments (Chapter 4), I tested hypotheses about the
effects of the most abundant sea urchin, Heliocidaris erythrogramma. This involved

one enclosure experiment designed to hold densities constant at four levels, and two

removal experiments designed to test the effects of total exclusion. Another experiment
was performed using cages to test hypotheses about the effects of sea urchins and

another main group of herbivores — fish (Chapter 5).

Each of these chapters is written in a ‘stand alone’ format for publication as individual

studies.

Finally, I have synthesised the results, and presented them in the context of predictions
of the effects of biodiversity loss (Chapter 6).
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Chapter 2

Distribution and abundance of large invertebrate

herbivores in south-western Australia, and their

potential links to local and regional processes
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INTRODUCTION

The distribution and abundance of a species is influenced by multiple processes at

multiple spatial and temporal scales (Wiens 1989, Levin 1992). The variation among
species in life cycles and survival strategies implies that different species will be more

influenced by some processes than others (Wiens 1989, Holt 1993). Ecological

communities therefore comprise species that have been influenced by different
processes at multiple spatial and temporal scales, and species within a community are

therefore likely to exhibit different patterns of abundance and distribution (e.g. Hughes
et al. 1999).

Documenting those patterns of abundance and distribution, and how they vary among

species, can provide a basis for understanding what are the processes that most
influence ecological communities (Thrush 1991, Underwood et al. 2000). For example,

the importance of grazing at a particular location is often a function of the abundances

of grazers (Lubchenco & Gaines 1981). Spatial and temporal variation in abundances of
grazers occurs at a range of scales. Because of this variation, the importance of grazing

also varies from place to place and time to time.

Spatial variation in the abundances of large invertebrate grazers occurs at scales from

hundreds of kilometres (e.g. Mann 1982) to metres or less (e.g. Andrew 1993). Large

aggregations of sea urchins can graze over extensive areas — sometimes large enough
to remove entire stands of macroalgae covering several hectares (Foreman 1977, Pearse

& Hines 1979, Watanabe & Harrold 1991, Hagen 1995). At a smaller scale, the
tendency for some species of sea urchins to graze mainly around refuges can create a

mosaic of patches with and without erect macroalgae, where each patch may cover

several metres or less (Fletcher 1987, Andrew 1993, Benedetti-Cecchi & Cinelli 1995).

Temporal variation in the distribution of large invertebrate grazers occurs at scales of

days to decades. At small temporal scales, sea urchin grazing fronts can move through
an area in a short time (days to months) (Dean et al. 1984, Scheibling & Raymond

1990, Alcoverro & Mariani 2000, Wright & Steinberg 2001). At much larger temporal

scales, fluctuations in sea urchin densities can occur over decades — such fluctuations
have been observed in the Caribbean and north-west and north-east Atlantic, where they
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were associated with concomitant changes in the algal assemblage (Miller 1985, Liddell

& Ohlhorst 1986, Scheibling 1986, Carpenter 1988, Carpenter 1990a, Hagen 1995).

The importance of grazing at a particular place may also be a function of the number of
grazing species (Lubchenco & Gaines 1981). In many places where grazing is an

important process, multispecies assemblages of herbivores are present (e.g. Breen &
Mann 1976, Duggins 1981b, Sammarco 1982a, Dean et al. 1984, McClanahan 1988).

On subtidal rocky reefs, sea urchins are often the dominant grazers (see reviews by

Lawrence 1975, Lawrence & Sammarco 1982, Harrold & Pearse 1987). Gastropods
may also be important grazers (Ayling 1981, Fletcher 1987) but on subtidal reefs their

influences are generally less than those of sea urchins. Studies of patterns of coexistence

among species, can help ecologists to form hypotheses about the nature of interactions
between species and can yield insights into processes that produce and maintain diverse

assemblages of similar species. For example, patterns of segregation may suggest that
species are competing: hypotheses about the nature of interactions can then be formed

and tested (see for example Andrew & Choat 1985, Choat & Andrew 1986).

In this study, I sought to quantify patterns in the abundances of herbivorous
invertebrates on reefs in south-western Australia, where there are extensive areas of

subtidal rocky reef, but the distributions of organisms, and the most important
ecological processes, are poorly known. My overall aims were to document the

distribution patterns of large herbivorous invertebrates, to test whether they were

randomly distributed in space and time, and to test for patterns of segregation. The
research was done as three studies, each designed to test distinct hypotheses arising

from these aims. In the first study (the ‘spatio-temporal survey’), I tested hypotheses
about spatial and temporal variation in abundances along < 40 km of coastline and over

26 months. In the second study (the ‘large-scale survey’), I tested hypotheses about

spatial variation in a hierarchical design along > 400 km of coastline in a single time
period. In the third study (the ‘nearest-neighbour study’), I tested a hypothesis about the

spatial segregation of individual sea urchins at several places on one reef. By taking this
three-pronged approach, I was thus able to quantify patterns of abundance and

coexistence at small (centimetres) to very large (hundreds of kilometres) spatial scales.
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METHODS

Study area

This study was done in south-western Australia, between the latitudes 30°16´ and
34°13´ (Figure 2.1). One of the most prominent features of the subtidal environment on

this coast is a series of aeolianite limestone ridges parallel to, and up to 12 km from, the

shore (Searle & Semeniuk 1985). These ridges form chains of islands and high-relief
limestone reefs surrounded by unconsolidated sand. The reefs are generally

characterised by stands of large brown algae, especially Ecklonia radiata and
Sargassum spp. (Kendrick & Walker 1994, Kendrick & Walker 1995, Phillips et al.

1997, Kendrick et al. 1999), although smaller patches exist that are dominated by other

algae, and sessile fauna characterise caves and overhangs.

Nearshore circulation is mainly wind-driven (Pattiaratchi et al. 1997). In summer winds

are generally easterly land breezes in the morning, and westerly to south-westerly sea
breezes in the afternoon; winter is characterised by north-westerly to south-westerly

storm winds (Masselink & Pattiaratchi 2001). The coast is also strongly influenced by

oceanic swells, which arrive mainly from a west to south-west direction (Searle &
Semeniuk 1985).
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Figure 2.1: Locations of areas surveyed in south-western Australia
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Designs of spatio-temporal and large-scale surveys

In the spatio-temporal survey, the aim was to test whether there was spatial and

temporal variation in abundances of invertebrates along a restricted section of the coast
(< 50 km), and to determine the most important sources of variation. This study

included two geographical areas (hereafter called ‘regions’): in each region I surveyed
three different reefs. Each reef was surveyed on six occasions over a 26-month period,

between January 1999 and February 2001.

In the large-scale survey, the aim was to test for spatial variation only in abundances of
invertebrates along a more extensive part of the coast (> 400 km): I was especially

interested in establishing the spatial scales at which variation was most pronounced. To
do this, I surveyed three reefs in each of five regions (including the two regions from

the spatio-temporal survey: Table 2.1). In this study, each reef was surveyed only once,

in the austral summer of 2000/2001; the study was not designed to test for temporal
variation.

In both studies, I surveyed two distinct habitats on each reef: flat or sloping rock
surfaces in open sections of reef (hereafter called the ‘flat reef’ habitat), and sloping to

vertical rock surfaces at the base of steep rock faces (hereafter called the ‘rock face’

habitat).

Abundances of invertebrates were censused by recording densities in 5 ¥ 1 m belt

transects. Transect size was determined to be a suitable sampling unit for most large

benthic invertebrates from the results of a pilot study. In both habitats at every reef, sea

urchins and gastropods were counted within six replicate transects. To record the
numbers of individuals, a 5 m lead-core rope was laid on the reef and individuals within

50 cm of each side of the rope were counted.
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Table 2.1: Location and depth of each of the reefs surveyed in this study.

Region Reef Latitude Longitude Depth (m)

Seaward Ledge 30º17´26´´ 114º58´24´´ 6-8
North Tail 30º16´01´´ 114º58´15´´ 8-10Jurien Bay
Jurien Bay 1 30º16´00´´ 114º58´41´´ 8-10

The Lumps 31º47´39´´ 115º42´54´´ 7-9
Horseshoe Reef 31º50´18´´ 115º42´60´´ 5-6Marmion
Marmion Reef 31º51´07´´ 115º42´48´´ 5-7

Straggler Rocks 32º04´01´´ 115º38´17´´ 5-7
Mewstone 32º05´09´´ 115º39´30´´ 5-7Fremantle
Carnac Island 32º10´04´´ 115º40´52´´ 6-8

First Rock 32º18´47´´ 115º41´07´´ 8-10
Passage Rock 32º19´49´´ 115º41´31´´ 8-10Warnbro Sound
The Sisters 32º21´07´´ 115º41´13´´ 6-8

Hamelin Bay 1 34º12´56´´ 115º01´02´´ 6-8
Hamelin Bay 2 34º13´38´´ 115º00´56´´ 6-8Hamelin Bay
Hamelin Bay 3 34º13´03´´ 115º00´37´´ 5-7

Statistical analyses of survey data

Counts of each species within transects at different regions, reefs and dates of sampling

were analysed by ANOVA. The surveys were not designed to test for differences
between the two habitats, and to include habitat in the ANOVA would have resulted in

an inability to construct exact F-ratios for several sources of variation. Instead, possible
differences in the distribution of each species between habitats were tested with c2

goodness of fit tests: in these tests the null hypothesis was that the frequency of

occurrence of each species in the transects (rather than the counts within each transect)

did not vary between habitats.

For the spatio-temporal survey, an ANOVA was constructed that incorporated the

factors Region (random with two levels), Reef (random and nested in Region, with three
levels per Region), and Date (random, with six levels). In this model, there was no exact

way to calculate an F-ratio for the Region factor. To enable an exact F-ratio to be

calculated, the Region ¥ Date interaction was removed from the model whenever it was

not significant at P > 0.25.

For the large-scale survey, a nested ANOVA was constructed that contained the factors

Region (random with five levels) and Reef (random and nested in Region, with 3 levels

per Region).
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For both sets of analyses, I was interested in determining the relative importance of

different sources of variation. In the case of spatial variability, I was interested in which

scale (i.e. among-Region, among-Reef or among-transect), was associated with the
greatest variability. To do this, I focussed on the relative magnitude of effect (w2), as

this index does not depend directly on the degrees of freedom, unlike P  values

(Underwood & Petraitis 1993, Graham & Edwards 2001). The relative magnitudes of

effects were calculated as the variance component of each factor, divided by the sum of
all variance components (Winer 1971). When calculations yielded negative variance

components, I followed the pooling procedure outlined by Graham & Edwards (2001)
to set the negative variance components to zero.

Nearest-neighbour study

To investigate whether individuals of each sea urchin species were segregated, I used

individual point mapping. This study was only done at Mewstone, located

approximately 8 km off the coast in the Fremantle region (31º51´07´´, 115º42´48´´), and
was only done at the base of steep rock faces. Because gastropods were not abundant in

this habitat, I included only sea urchins in this study. Sea urchins were mapped in three
separate plots, ranging in size from 6-11 m2.

Plots were marked by hammering three steel bars into the rock to form a right scalene

triangle. Distances between the bars varied from plot to plot, the shortest distance for
each plot ranged from 210 cm to 298 cm. A tag was attached to each bar to mark a fixed

point: the three fixed points thus defined a plane. Using a flexible tape measure, the

distances between each tag were measured. The distances from centre of the aboral
surface of all sea urchins within the plot to each of the three tags were then measured,

and measured the test diameter (in millimetres) of each urchin with vernier callipers.

The Cartesian coordinates of the location of each urchin Pi(xi,yi) were calculated as:

† 

xi =
OA 2

+ OPi

2

- APi

2( )
2 ¥ OA  and 

† 

yi =
OB 2

+ OPi

2

- BPi

2( )
2 ¥ OB

where OA and OB are the distances from the outer tags (A, B) to the central tag (O), and
OPi, APi and BPi are the distances from urchin Pi to each tag.

The distances (dij) between all sea urchins were then calculated as
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† 

dij = xi - x j( )2
+ (yi - y j )

2 - (ri + rj)

where xi, yi and xj, yj are the Cartesian coordinates, and ri and rj are the radii (calculated
from the test diameter), of the sea urchins.

From these distances, the hypothesis that individual sea urchins of each species were

segregated was tested using the method outlined by Romesburg (1989). First, a test
statistic R was calculated as

    

R = d 2 Pik , Pjk( )
i=1
i≠ j

nk

Â
k =1

s

Â

where s is the number of species, nk is the number of individuals of species k, Pik is

individual i of species k, and Pjk is the individual of species k that is the nearest

neighbour (Romesburg 1989). Second, the identities (i.e. the species) of individual sea
urchins were randomly reassigned. Third, R was recalculated. The latter two steps were

repeated 4 999 times, and the proportion of R values equal to or smaller than the
observed R yielded a P-value for testing the null hypothesis of no segregation (Manly

1991).

To quantify the magnitude of the errors produced in the mapping process, three small
steel rods were hammered into the rock at haphazardly-chosen positions within a plot,

and distances measured from the top of these rods to (a) each tag and (b) the other rods.
Distances yielded by calculating the Cartesian coordinates of the rods were within 11%

of distances yielded by direct measurements between bars.
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RESULTS

During this survey, 5 species of sea urchins and 8 species of large herbivorous

gastropods were recorded (Table 2.2). Of these, only 3 species of sea urchins
(Heliocidaris erythrogramma Valenciennes, Phyllacanthus irregularis Mortensen and

Centrostephanus tenuispinus H.L. Clark) and 2 species of gastropod (Turbo torquatus

Gmelin and Australium squamifera Koch) were present frequently enough to yield
meaningful analyses (hereafter I refer to these species by their genus names for brevity).

The sea urchin Heliocidaris was not encountered in either habitat more frequently than
expected (Table 2.2). The sea urchins Phyllacanthus and Centrostephanus were

recorded mainly in the flat reef habitat; the gastropods Turbo and Australium were

recorded mainly in the rock face habitat (Table 2.2).

Table 2.2: Species recorded during the spatio-temporal and large-scale surveys, the number of
transects in which they were recorded, and the results of c2 tests of the null hypothesis that the
frequency each species was recorded in each habitat was equal. Numbers in parentheses in
the column header are the total numbers of transects. NS = not significant; — = not tested.

Spatio-temporal survey Large-scale survey

Flat
reef

(432)

Rock
face

(432)

c2 Flat
reef

(180)

Rock
face

(180)

c2

Sea urchins
Heliocidaris erythrogramma 129 142 NS 35 52 NS
Phyllacanthus irregularis 29 133 <0.001 6 46 <0.001
Centrostephanus tenuispinus 3 71 <0.001 0 17 <0.001
Goniocidaris tubaria 4 5 — 0 2 —
Tripneustes gratilla 0 0 — 1 0 —

Gastropods
Turbo torquatus 97 17 <0.001 35 6 <0.001
Turbo intercostalis 2 4 — 2 4 —
Turbo jourdani 0 0 — 0 1 —
Australium squamifera 70 1 <0.001 14 0 <0.001
Australium tentorium 1 0 — 0 0 —
Haliotis roei 1 1 — 9 0 —
Haliotis scalaris 11 1 — 2 0 —
Scutus antipodes 3 0 — 2 0 —

Spatio-temporal survey

In all analyses of sea urchin counts, the Region ¥ Date interaction was not significant at

P > 0.25, and so the pooled model was used. In analyses of gastropod counts the Region

¥ Date interaction was not significant, but at P < 0.25, so the full model was retained.
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In the flat reef habitat, counts of Heliocidaris varied greatly between regions, and this

accounted for 69% of the total variance (Table 2.3). Counts were higher at all reefs in

the Fremantle region (Figure 2.2). However, beyond this, the analysis did not yield
straightforward patterns. There was a significant Reef(Region) ¥ Date interaction,

meaning that differences among reefs were not consistent at each time they were

surveyed. However, despite being significant, the relative magnitude of effect for the

interaction was minor, accounting for just 2.6% of the total variance. Temporal
variation (i.e. differences among dates) accounted for 0% of the total variance.

For the gastropods Turbo and Australium, there was no exact test for differences
between regions, because the full model was retained. There were differences among

reefs; the highest counts of each species were recorded at different reefs in the Marmion

region (Figure 2.2). Counts fluctuated in an inconsistent way, as revealed by significant
Reef(Region) ¥  Date interactions (Table 2.3). There were negative variance

components, but because the pooled model could not be used, the magnitudes of effects

for different sources of variation could not be calculated.

In the rock face habitat, differences between the two regions were the most important

source of variation for Heliocidaris and Centrostephanus (Table 2.3). The magnitudes

of effects show this most clearly, with differences between regions accounting for > 50
% of the total variance in each case. Counts of both Heliocidaris and Centrostephanus

were highest in the Fremantle region (Figure 2.2). Differences among reefs within
regions, although significant in both cases, were a less important source of variation.

Temporal variation was neither significant nor a major contributor to total variance.

In contrast, differences between regions were relatively minor for Phyllacanthus,
accounting for only 1.8% of the total variance (Table 2.3). Differences among reefs

within each region were significant, but the most important source of variation for

Phyllacanthus was among replicate transects: this is demonstrated by the high
magnitude of effect for the residual term, accounting for 76.9% of the total variance.

The high among-transect variation suggests that Phyllacanthus is patchily distributed
within reefs.
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T
able 2.3: R

esults of analyses of variance testing for differences betw
een regions, am

ong reefs w
ithin a region and am

ong dates of sam
pling for (a) the flat reef

habitat, and (b) the rock face habitat. R
esults for H

eliocidaris, P
hyllacanthus  and C

entrostephanus  are given only for the pooled m
odel, i.e. the m

odel in w
hich the

R
egion x D

ate interaction is pooled into the R
eef(R

egion) x D
ate interaction. B

old type indicates sources of variation w
here differences w

ere significant at P
 <

0.05. vc =
 variance com

ponents.

(a)
H

eliocidaris erythrogram
m

a
Turbo torquatus

Australium
 squam

ifera

Transform
ation

x
0.25

x
0.25

x
0.25

Cochran’s test
P > 0.05

P > 0.05
P > 0.05

Source of variation
df

M
S

F
P

vc
w

2
M

S
F

P
vc

w
2

M
S

F
P

vc
w

2

Region
1

125.30
26.57

0.007
1.12

69.0
0.002

N
o test

-0.04
1.60

N
o test

-0.17
Reef(Region)

4
4.71

7.56
<0.001

0.11
7.1

3.71
8.71

<0.001
0.09

4.60
11.26

<0.001
0.52

D
ate

5
0.47

0.75
0.596

0.00
0

1.19
1.69

0.289
0.01

0.12
0.19

0.956
-0.05

Region ¥ D
ate

Pooled
0.70

1.65
0.192

0.02
0.64

1.56
0.215

0.04
Reef(Region) ¥  D

ate
25

0.62
1.80

0.015
0.04

2.6
0.43

1.66
0.044

0.03
0.41

2.10
0.005

0.18

 (b)
H

eliocidaris erythrogram
m

a
Phyllacanthus irregularis

Centrostephanus tenuispinus
Transform

ation
x

0.25
x

0.25
x

0.25

Cochran’s test
P > 0.05

P > 0.05
P < 0.05

Source of variation
df

M
S

F
P

vc
w

2
M

S
F

P
vc

w
2

M
S

F
P

vc
w

2

Region
1

81.99
21.4

0.009
0.72

62.2
2.78

1.42
0.300

0.01
1.8

43.65
11.99

0.026
0.37

57.7
Reef(Region)

4
3.83

13.69
<0.001

0.10
8.3

1.96
3.86

0.017
0.04

9.6
3.64

20.71
<0.001

0.10
14.9

D
ate

5
0.54

1.68
0.290

0.01
0.5

1.38
3.46

0.100
0.02

5.8
0.24

1.00
0.500

0.001
0.2

Region ¥ D
ate

Reef(Region) ¥  D
ate

25
0.28

0.83
0.688

0
0

0.51
1.54

0.073
0.03

6.1
0.18

1.03
0.435

0.003
0.4

Residual
180

0.34
0.34

29.0
0.33

0.33
76.9

0.17
0.17

26.7



DISTRIBUTION AND ABUNDANCE

24

Flat rock habitat
Heliocidaris erythrogramma Turbo torquatus

     
Australium squamifera

Rock face habitat
Heliocidaris erythrogramma Phyllacanthus irregularis

     
Centrostephanus tenuispinus

Figure 2.2: Mean (± SE, n = 36) numbers of sea urchins and gastropods per 5 m2 transect,
showing spatial trends between regions (Fremantle and Marmion) and among reefs within each
region. S = Straggler Rocks; M = Mewstone; C = Carnac Island; L = The Lumps; H = Horseshoe

Reef; Mr = Marmion Reef.
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Large-scale survey

Spatial variation in the abundances of the invertebrates studied was even more

pronounced in the survey covering > 400 km of coastline.

In the flat reef habitat, variation in the abundances of Heliocidaris among regions was

more important than variation among reefs within regions and among replicate transects
for Heliocidaris (Table 2.4). However, in the rock face habitat variation among regions

was less important than variation among replicate transects (Table 2.4). In both habitats,

Heliocidaris was most abundant in the Fremantle region (Figure 2.3).

For the gastropods Turbo and Australium, differences among transects were the most

important source of variation, accounting for > 60% of the total variance in each case
(Table 2.4). Differences among reefs were significant but less important relative to the

small-scale variation (Table 2.4). Differences among regions were not significant and

accounted for 0% of the total variance. However, only Turbo was widely distributed
among all regions (Figure 2.3).

Other than the Fremantle region, Centrostephanus was only recorded at one reef in
Jurien Bay (Figure 2.3). Differences among regions were therefore important for

Centrostephanus, and among-region variation accounted for most of the variation

(Table 2.4). Differences among reefs contributed less to total variation, but were
nevertheless significant, suggesting that within the Fremantle and Jurien regions,

Centrostephanus was patchily distributed.

Variation among replicate transects was the greatest source of variation for

Phyllacanthus, while differences both among reefs and among regions were neither

significant nor contributed to much of the total variance (Table 2.4). Phyllacanthus was
the only species to be recorded at all 15 reefs surveyed (Figure 2.3), and was the most

evenly distributed species among regions. This result is similar to that observed from

the spatio-temporal survey.
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T
able 2.4: R

esults of nested analyses of variance testing for differences betw
een regions, and am

ong reefs w
ithin a region for the survey covering H

am
elin B

ay
to Jurien B

ay, for (a) the flat reef habitat, and (b) the rock face habitat. B
old type indicates sources of variation w

here differences are significant at P
 <

 0.05. vc =
variance com

ponents.

(a)
H

eliocidaris erythrogram
m

a
Turbo torquatus

Australium
 squam

ifera

Transform
ation

x
0.25

x
0.5

x
0.5

Cochran’s test
P > 0.05

P > 0.05
P > 0.05

Source of var.
df

M
S

F
P

vc
w

2
M

S
F

P
vc

w
2

M
S

F
P

vc
w

2

Region
4

10.28
6.27

0.009
0.48

51.0
0.62

0.37
0.826

0
0

0.45
0.78

0.562
0

0
Reef(Region)

10
1.64

7.25
<0.001

0.24
25.0

1.68
4.51

<0.001
0.18

31.0
0.58

4.64
<0.001

0.07
35.9

Residual
75

0.23
0.23

24.0
0.37

0.37
69.0

0.12
0.13

64.1

(b)
H

eliocidaris erythrogram
m

a
Phyllacanthus irregularis

Centrostephanus tenuispinus

Transform
ation

x
0.25

x
0.25

x
0.25

Cochran’s test
P > 0.05

P > 0.05
P < 0.05

Source of var.
df

M
S

F
P
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w

2
M

S
F

P
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w
2

M
S

F
P
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w

2
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4

3.59
3.50

0.049
0.14

25.4
0.76

1.49
0.277

0.01
3.4

4.08
12.26

0.001
0.21

67.5
Reef(Region)

10
1.03

3.46
0.001

0.12
21.7

0.51
1.38

0.204
0.02

5.8
0.33

6.18
<0.001

0.05
15.1

Residual
75

0.30
0.30

53.0
0.37

0.37
90.8

0.05
0.05

17.5
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Flat reef habitat
Heliocidaris erythrogramma Turbo torquatus

     
Australium squamifera

Rock face habitat
Heliocidaris erythrogramma Phyllacanthus irregularis

Centrostephanus tenuispinus

Figure 2.3: Mean (± SE, n = 6) numbers of sea urchins and gastropods per 5 m2 transect,
showing spatial trends between regions and among reefs within each region. JU = Jurien Bay;

MA = Marmion Lagoon; FR = Fremantle; WA = Warnbro Sound; HA = Hamelin Bay.
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Nearest-neighbour study

In Plots 1 and 2, individual sea urchins were spread over an area of sloping rock that

terminated in sand patches in both cases (Figure 2.4a and b). In these plots, individuals
of different species were weakly, but not significantly, segregated (Table 2.5). In Plot 3,

all individuals were positioned in a line parallel to a vertical rock face (Figure 2.4c). In
this plot there was no statistical evidence of segregation among species (Table 2.5).

Overall, there is not enough evidence to support rejection of the null hypothesis that sea

urchin species are not segregated. This demonstrates that, at Mewstone, different
species of sea urchins coexist within a few centimetres of each other, and do not tend to

segregate very strongly.

Table 2.5: Results of randomisation tests of segregation by individuals of the three species of
sea urchins at Mewstone. The table shows the numbers of individual of each species, the

observed R value for each plot, and the probability P that sea urchins were not segregated.

Plot
#

Numbers of individuals Romesburg’s
R

P

H. erythrogramma C. tenuispinus P. irregularis
1 42 3 18 9 836.9 0.065
2 52 6 15 38 736.8 0.079
3 33 13 13 50 073.1 0.787
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Figure 2.4: Two-dimensional representations of the positions of all individual sea urchins in
each plot derived from the point mapping for the nearest neighbour study.
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DISCUSSION

Abundances of the most common herbivores varied significantly among regions, reefs

and times of sampling, but the relative magnitude of the different sources of variation
differed among species. In addition, species were not evenly distributed between the flat

reef and rock face habitats. This led to considerable variation in the overall assemblage:

at some places many species co-occurred in high densities, in other places there were
few species, each occurring in low densities. Where sea urchins co-occurred in high

densities, individuals were generally distributed without regard for the identity of
neighbours — in other words, species were not segregated.

Flat reef versus rock face habitats

There were some differences in distribution related to the two habitats studied. The sea
urchins Phyllacanthus irregularis and Centrostephanus tenuispinus were almost

entirely restricted to the rock face habitat, while the gastropods Turbo torquatus and
Australium squamifera were predominantly found in the flat reef habitat. The rock face

habitat was topographically more complex, with crevices and overhangs: the restricted

distribution of Phyllacanthus and Centrostephanus may be related in some way to this
complexity. This would be consistent with the behaviour of similar species elsewhere.

For example, Centrostephanus rodgersi, a congener found in eastern Australia generally
shelters in crevices by day, foraging by night (Andrew & Underwood 1993; but see

Andrew & O’Neill 2000), as does Centrostephanus coronatus in the eastern Pacific

(Vance 1979). Cidarids also generally tend to occur in holes or crevices (Birkeland
1989).

Only one species (Heliocidaris erythrogramma) was frequently recorded in both
habitats. Individuals of this species were invariably in small depressions in the rock,

from which they moved rarely or not at all (pers. obs.). This behaviour has been

reported for other populations of H. erythrogramma elsewhere in Australia (e.g. Sinclair
1959). However, in some places it is a mobile grazer (e.g. Wright & Steinberg 2001). H.

erythrogramma thus exhibits some plasticity in behaviour – at least among broad

geographic regions.
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Spatial variation

Spatial variation was considerably greater than temporal variation for all three species

of sea urchins at the scales studied here, but the relative magnitude of different sources
of spatial variation (i.e. among regions, among reefs and among transects) differed

among species.

The sea urchins Heliocidaris and Centrostephanus were consistently more abundant

within some geographical regions (especially the Fremantle region) than others.

Furthermore, within regions, all species except Phyllacanthus were consistently more
abundant at specific reefs. Even so, among-reef differences were almost invariably a

smaller source of variation than differences among regions (for Heliocidaris and
Centrostephanus) or differences within reefs (for Phyllacanthus, Turbo and

Australium).

All species were patchily distributed within reefs, and for some (Phyllacanthus, Turbo,

Australium) this patchiness was the most important source of variation. The size of

individual ‘patches’ (that is, places on the reef where individuals tended to aggregate)
was apparently larger than the transect I used (i.e. 5 ¥ 1 m), but considerably smaller

than an individual reef. This suggests that there may be some aggregation over spatial

scales of tens of metres.

Segregation

One possible explanation for the among-transect variation in abundance is spatial

segregation of different species. In the rock face habitat at Mewstone, where all three
species of sea urchins were abundant, there was little evidence of segregation. Instead,

all three species coexist in close proximity and individuals are apparently distributed

without regard for the identity of neighbours. The mechanisms that permit coexistence
of such apparently similar organisms at Mewstone are unclear: however, the weak

segregation suggests that interactions among different species in this assemblage are not
a strong influence on the distribution of individuals within a species. The small-scale

(i.e. among-transect) variation observed is therefore likely to be due to other influences.
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Temporal variation

There was little temporal variation in abundances of sea urchins over the 26 month

study. This result contrasts with changes in abundances among years, or even months,
observed for sea urchins elsewhere (e.g. Ayling 1981, Andrew & Underwood 1989,

Benedetti-Cecchi et al. 1998, Cole & Keuskamp 1998, Sala et al. 1998b). Changes in
abundances have been attributed to mortality or movement: this study suggests that

these factors may be relatively unimportant in the regions studied (see also Ayling

1981, Andrew 1988, Andrew & Underwood 1989). Stable abundances over such
lengths of time are also consistent with either regular, low levels of recruitment, or a

population derived from infrequent cohorts of recruits that persist for long periods. In
this study, the latter explanation is the most likely. I observed few very small (and

therefore young) individuals at the reefs I visited regularly (see for example the sizes of

sea urchins in Figure 3, all of which give unimodal size frequencies), and most of the
individuals are relatively large (> 4 cm for Heliocidaris; > 7 cm for Centrostephanus

and Phyllacanthus), and therefore probably at least several years old. These
observations suggest the possibility that recruitment is not regular in the sea urchin

populations studied, but may be sporadic and infrequent. Sporadic recruitment has been

observed in other sea urchins, where populations may be maintained by large,
infrequent recruitment events (Pearse & Hines 1987). Nevertheless, a 26-month study is

not long enough to be able to make strong conclusions about the periodicity of
recruitment or population fluctuations. There is growing evidence that observations of

sea urchin populations may need to span several decades or more before such

conclusions may be made (Miller 1985, Hughes et al. 1987, Hagen 1995, Sala et al.
1998a, Edmunds & Carpenter 2001).

Abundances of each of the gastropods varied with time, but in an inconsistent way that

varied from reef to reef. These gastropods may be more influenced by short-term, small-
scale stochastic processes that either directly influence abundances or influence the

behaviour of individuals (for example leading to movement out of the study area).

Regional versus local processes

Different species within the invertebrate assemblage varied at different spatial scales.
The sea urchins Centrostephanus and Heliocidaris showed spatial variation at all scales:

among regions, among reefs and among transects. The sea urchin Phyllacanthus and the



DISTRIBUTION AND ABUNDANCE

33

gastropods Turbo and Australium showed some spatial variation among reefs and

considerable variation among transects, but not among regions.

The large-among region differences exhibited by Heliocidaris and Centrostephanus

suggest that abundances are influenced by processes with broad spatial extents. The lack

of temporal variability observed in their abundances suggests low adult mortality; if
true, this in turn implies that processes influencing settlement and recruitment are more

important controls of abundance than processes that affect adults. One relevant process

is larval dispersal which is influenced by oceanographic circulation patterns and is a
strong influence on settlement (Roughgarden et al. 1988, Rodriguez et al. 1993,

Botsford 2001). Post-settlement processes influencing the number of recruits may also

vary at large scales, for example predator abundance (in turn affecting predation on
recruits: Sala 1997), and geology (the friability of the rock may determine the

availability of shelter: Andrew & Underwood 1989).

Similar processes may also have been contributing to among-reef variability. For

example, settlement may vary among places separated by hundreds of metres to a few

kilometres — the distances between reefs in this study — due to water circulation
patterns. Post-settlement processes, such as predation on recruits, may vary on similar

scales.

The multiscale variability in abundances of the invertebrates surveyed in this study may

therefore be manifestations of the same ecological processes: we cannot simply classify

these processes according to the spatial extent of their influence (see Huston 1999).
Settlement, for example, may be strongly influenced by water circulation patterns, and

water circulation patterns vary greatly at all spatial and temporal scales (Botsford 2001;
Ebert et al. 1994). In the study area, water circulation is primarily wind-driven and is

influenced by the reefs themselves (Pattiaratchi et al. 1997), although further offshore

there is a southward-flowing current which periodically influences nearshore circulation
(Pearce 1991). Changes in wind strength and direction can rapidly change circulation

patterns: even larvae with brief residence times in the plankton, such as those of
Heliocidaris, which are planktonic for <4 days (Williams & Anderson 1975), may

therefore be subject to changing conditions which may either keep them near source

populations or drive them many kilometres away. Inferences about the relative
influences of different processes are therefore weak, because multiscale variability may
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be due to a single ecological process (e.g. settlement) that is in turn influenced by

spatially variable physical processes (e.g. hydrodynamics). I propose that multiscale

hydrodynamic processes influence dispersal and settlement patterns of invertebrate
larvae, in turn influencing the abundances of the most abundant herbivorous

invertebrates on reefs in south-western Australia.
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Chapter 3

Inter-species differences in trophic position and

diet of three sympatric sea urchin species
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INTRODUCTION

Identifying trophic relationships among species is not a simple task, because trophic

relationships can be complex. For example, many organisms change trophic position
and diet during their life, either because of ontogenetic shifts, or because they adapt to

changing resource availability (Polis & Strong 1996). Sea urchins exemplify the ability
to adapt to changing resource availability. Sea urchins can change diet and feeding

behaviour in response to the arrival of new food sources, or the decline of usual food

sources (Moore 1966, Lawrence 1975, Andrew 1989). Because of this plasticity,
populations of sea urchins may exert quite different effects on their environment at

different places, or at different times (Harrold & Reed 1985, Watanabe & Harrold 1991,
Hagen 1995).

One of the ways in which sea urchins can take advantage of changing food availability

is by omnivory (Duggins 1981a, Andrew 1989, Nestler & Harris 1994). Potentially,
variations in the importance of omnivory among species could result in sympatric

species occupying different trophic positions (e.g. Hobson 1993, Gurney et al. 2001). In

the same way, variation in omnivory among populations of a species can lead to intra-
specific differences in trophic position (Beaudoin et al. 1999, Vander Zanden et al.

2000).

In this study, I tested the hypothesis that the trophic positions of three sympatric sea

urchin species were different, using natural abundances of stable isotopes. The diets of

each species were also examined to clarify patterns yielded by stable isotopes. The
study was conducted across a large geographical extent (> 270 km), and between two

times of the year, to test for spatial and temporal variability in trophic position and diet.
I focussed on the three most abundant species of sea urchins occurring on subtidal reefs

in south-western Australia: the purple sea urchin Heliocidaris erythrogramma

Valenciennes, the western slate pencil sea urchin Phyllacanthus irregularis Mortensen,
and the grey sea urchin Centrostephanus tenuispinus H.L. Clark. In some places, all

three species occur sympatrically in high densities (Chapter 2).

In this study, two main tools were used: measurements of natural abundances of stable

isotopes and direct observations of gut contents. Each of these methods addresses
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slightly different aspects of an organism’s diet. Gut contents provide an indication of

what was recently ingested; material may pass through a sea urchins gut in less than 24

h (Mills et al. 2000). However, observations of gut contents do not always yield reliable
evidence for the relative importance of different types of food in an organism’s diet. For

example, some food is digested more slowly than others, and so the quantity in the gut
may not accurately reflect the proportion ingested (Day & Cook 1995). Similarly,

variations in absorption efficiency (e.g. Vadas 1977) may mean that gut contents are a

poor indicator of the relative nutritional importance of different types of food. For these
reasons, I used measurements of natural abundances of stable isotopes to augment the

direct observations of gut contents.

Stable isotopes can be useful because the ratio of stable isotopes in the tissues of a
consumer reflect the compounds that have been assimilated during growth or turnover

(Peterson & Fry 1987, Gearing 1991, Schoeller 1999, Robinson 2001): the ratio of
13C:12C does so with relatively little change, while the ratio of 15N:14N is usually slightly

higher (enriched) in a consumer relative to it’s prey (DeNiro & Epstein 1981; see also

Appendix 1). Knowledge of stable isotope ratios in the tissue of a consumer therefore
enables inferences to be drawn about the food that has been assimilated. The difference

in 15N:14N ratios between consumers and their prey can also help identify the trophic
position of a consumer (Peterson 1999, Ponsard & Arditi 2000).

Inferences drawn from studies of stable isotopes are not without problems of their own,

as a series of assumptions (for example, that enrichment is generally consistent among
different consumers) are made when drawing inferences about diet (Gannes et al. 1997).

However, when used in combination the two approaches can yield robust conclusions
about important food sources.

METHODS

Stable isotopes

The aims of analyses of stable isotope measurements were twofold. First, I wanted to

test the hypothesis that the three species of sea urchins occupied different trophic levels.

Second, I wanted to estimate the relative importance of different types of food for each
species of sea urchin.
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Sea urchins and potentially important food sources (macroalgae, seagrass and sponges)

were hand-collected. Four individual sea urchins of each species were collected at each

date from Mewstone and Straggler Rocks in July 1999 and January 2000, three
individuals of each species were collected from three other reefs in January 2000

(Figure 3.1). For macroalgae, seagrass and sponges, usually three individuals were
collected, but in some cases only one or two individuals were collected. After

collection, all organisms were taken to the laboratory and frozen.

Because stable isotope measurements from all potential food sources were not possible
(at all the reefs studied, there are hundreds of species of algae and sessile invertebrates

that are potential food for sea urchins), I wished to determine the importance of the

main ‘categories’ of food consumed by sea urchins. To do this at all reefs and dates of
sampling I collected the following representative categories of food: brown algae

(Ecklonia radiata), red algae (Plocamium spp. or Rhodymenia sonderi), green algae
(Caulerpa obscura), seagrass (Amphibolis antarctica) and sessile invertebrates

(Chondrilla australiensis, a sponge). Because differences in the stable isotope ratios of

different species within categories would confound interpretations, I tested for
differences within food categories. For this, in July 1999 I collected additional species

of brown algae, red algae and sponges.

Abundances of stable isotopes were measured from muscle of sea urchins, and from

bulk tissue of other organisms. Muscle was carefully removed from the Aristotle’s

lantern of each sea urchin. Macroalgae and seagrass material were cleaned of epiphytes
by scraping with a razor blade. All samples were rinsed in deionised water, and then

dried in an air-circulating oven at 60°C. After drying, samples were ground using a
mortar and pestle, and then stored in Eppendorf microcentrifuge tubes. Lipids were not

extracted.
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Figure 3.1: Locations of reefs studied. Mewstone and Straggler Rocks were studied in July 1999
and January 2000; The Lumps, Carnac and Hamelin Bay were studied in January 2000 only.

Abundances of stable isotopes were measured by continuous-flow isotope ratio mass

spectrometry (CF-IRMS) using Europa Scientific (Roboprep-CN/Tracermass and

ANCA-NT/20-20 units) and Isogas Sira 9 instruments. Most samples were analysed in
dual isotope mode, allowing 13C:12C and 15N:14N ratios to be determined simultaneously

on one sample. Samples containing a disproportionate amount of C relative to N
(seagrass and some of the brown algae) were analysed in single isotope mode. The

analytical precisions of the instruments were at least ± 0.5 ‰ (1 SD) and ± 0.2 ‰ (1

SD) for C and N isotopes, respectively. Isotope ratios were converted to d  units as

    
dX  =  1000 sampleR - standardR

standardR

Ê 

Ë Á 
ˆ 

¯ ˜ Equation 3.1

where X is either d13C or d15N, and R is either the 13C:12C or 15N:14N ratio. The Rstandard for
15N:14N is atmospheric N2 (Mariotti 1983), and the Rstandard for 13C:12C is belemnite
carbonate from the Pee-Dee Formation, South Carolina, USA (Craig 1957).
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Trophic position

d15N values were used to test for differences in trophic position. Because d15N can vary

spatially and temporally (Jennings et al. 1997, Ponsard & Arditi 2000), they were first

adjusted to correct for among-reef variations in baseline d15N. To do this, a weighted

average macroalgae d15N for each reef was calculated following Zar (1996, p. 131)

using measurements from Ecklonia, Plocamium and Caulerpa. For each reef, I then
calculated the difference between the d15N for each species of sea urchin and the

average d15N for macroalgae. These values were then analysed by mixed-model

ANOVA, testing for differences between species (fixed factor) and reefs (random

factor). Two analyses were necessary, because the grey sea urchin (Centrostephanus)

did not occur at two of the reefs studied (Hamelin Bay and The Lumps): one analysis
tested for differences between Phyllacanthus and Heliocidaris across all five reefs, the

second analysis tested for differences among the three sea urchin species across the
three reefs where they co-occurred.

I then tested the hypothesis that each species of sea urchin occupied the trophic position

expected for a herbivore. To test this hypothesis, I compared whether the difference in
d15N between macroalgae and each sea urchin species (i.e. ∆sea urchin – macroalgae) was

significantly greater than the expected ∆consumer-diet for a herbivore. To calculate the

expected ∆consumer-diet for a herbivore, I used the results of a synthesis of controlled studies

of ∆consumer-diet enrichment (see Appendix 1). Because measurements of d15N for the sea

urchins were taken from muscle tissue, only the results of studies in which consumer
muscle was measured were used. Calculations were done separately for each reef

studied in January 2000, thus yielding 5 estimates of ∆sea urchin – macroalgae for Heliocidaris

and Phyllacanthus, and 3 estimates for Centrostephanus. The set of ∆sea urchin – macroalgae

estimates for each species of sea urchin were then compared to the ∆consumer-diet

enrichment values using a mixed-model meta-analysis (Gurevitch & Hedges 1993;
Hedges et al. 1999). The outcome of each analysis was the homogeneity statistic Q,

which can be tested against a c2 distribution with degrees of freedom equal to the

number of groups minus 1 (Gurevitch & Hedges 1993). The result is the probability that
the means of each group are equal — for the comparisons here this was interpreted as

the probability that the difference ∆sea urchin-macroalgae was equivalent to one trophic step. A

low probability for any species of sea urchin would thus suggest that the species did not
occupy the trophic position of a herbivore.
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Using patterns of d13C and d15N to infer diet

d13C and d15N data were used to calculate mixing models (Ben-David et al. 1997;

Phillips 2001) as a way of assessing the overall importance of different types of food to

each species of sea urchin. However, these models are likely to be inaccurate for

situations in which the number of potential food sources exceeds the number of stable
isotope ratios by >1 (Phillips 2001), and in practice the calculations proved highly

sensitive to relatively minor variations in the input values. As a result, I restrict the
results here to graphs of the data: interpretations of the graphs can be used to infer

important food sources but are necessarily subjective, and do not lend themselves to

rigorous testing.

Because I chose to use a single species to represent each of five categories of food

(brown algae, red algae, green algae, seagrasses, sponges), I also tested the assumption
that within-category variation in stable isotope ratios were small. To do this, I used one-

way MANOVA to test differences among (a) three species of brown algae (Ecklonia

radiata, Lobophora variegata, Scytothalia doryocarpa), (b) two species of red algae
(Plocamium sp., Rhodymenia sonderi) and (c) three species of sponges (Chondrilla

australiensis, Microcionidae sp. and Thorectidae sp.). Each dependant variable (i.e. d13C

and d15N) was first tested for homogeneity of variances using Cochran’s test to ensure

that the assumption of equal variances was met.

Gut contents

The study of gut contents was designed to identify the main food sources of each sea

urchin species. The individual sea urchins used were the same individuals from which
stable isotope abundances were measured.

To quantify the amount of each type of food consumed, gut contents were rinsed and

put in an 18.5 cm diameter glass petri dish. The dish was placed over a sheet with 60
randomly-positioned dots. Contents of the dish were viewed under a Gilbert magnifying

lamp and food pieces present over each dot recorded. In this way, each food type was
given a score from a possible 60 (note that according to binomial probability 60 dots

gives a 95% probability of recording a food type comprising 5% or more of the gut

contents). This score was then multiplied by 100 to give a percentage (% of gut) as
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% of gut = No. of records

60
¥100 Equation 3.2

Food types observed in the gut, but not recorded by this method, were assigned a value

of 1%.

Because many of the pieces were difficult to identify even to family level, I developed a
list of 21 identifiable categories by combining coarse taxonomic and morphological

descriptors (Table 3.1). Pieces that could not be categorised immediately were observed
under dissecting or compound microscopes at increasing magnification until

categorisation was possible.

Table 3.1: The 21 food types recognised in the study of sea urchin gut contents.

Plant categories Animal categories
Bluegreen algae Bryozoan
Brown algae - Foliose Crinoid
Brown algae - Filamentous Crustacean
Red algae - Foliose Gastropod
Red algae - Filamentous Hydroid
Red algae – Corticated terete Sponge / Ascidian
Red algae – Articulated coralline Unidentified
Red algae – Crustose coralline
Green algae - Foliose Abiotic categories
Green algae - Filamentous Sand / Rock fragments
Green algae - Coenocytic Worm tube
Seagrass

Statistical analyses of gut content data

Statistical analyses of gut content data were focused on testing for (a) differences

among sea urchin species, and (b) whether any differences were consistent among reefs
(spatial consistency) and between the two dates of sampling (temporal consistency).

Separate analyses addressed the questions of spatial consistency and temporal

consistency.

Because there were many categories of food present (and thus many independent

variables), multivariate analyses were used to analyse the gut contents. I used several

multivariate statistical techniques, each to address specific questions. Factorial
nonparametric multivariate analyses of variance (NPMANOVA: Anderson 2001;

McArdle & Anderson 2001) were used to test the significance of differences among
species and either reefs or dates of collection, and were based on Bray-Curtis

dissimilarities calculated using untransformed data.
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Mixed-model NPMANOVA was used to test for differences among species (fixed) and

reefs (random). In tests including all reefs, the number of levels was 2 for species and 5

for reef; in tests including only reefs where all species co-occurred, the number of levels
was 3 for both. When testing for temporal consistency of among-species differences,

separate analyses were done for each reef (Mewstone and Straggler Rocks). The main
effects here were species (3 levels, fixed) and date (2 levels, random).

To identify which types of food contributed most to differences among species, I used

the ‘Indicator Value’ method of Dufrêne & Legendre (1997). This approach is a useful
exploratory tool, because it identifies variables (in this case food categories) that were

recorded from the majority of individuals of a species (or from a reef) and that are also

characteristic of that species (Dufrêne & Legendre 1997). The ‘Indicator Value’ is
calculated as

IVij = ijxÂ
i.xÂ

¥ ijnÂ
. jnÂ

¥100 Equation 3.3

where xij is the mean value of food category i in the jth species, xi. is the mean of i

across all species, nij is the number of observations of food category i present in the jth
species, and n.j is the total number of observations in the jth species. The maximum IV

across all j species represents the Indicator Value. The Indicator Value is then compared
to a distribution of values yielded by a permutation test (Dufrêne & Legendre 1997). I

ran 4 999 permutations, and arbitrarily set a at 0.01 (i.e. for a food to be considered

‘characteristic,’ its Indicator Value needed to be ranked in the top 1% of the values

yielded by the permutation test).



TROPHIC POSITION AND DIET

45

RESULTS

Trophic position

Adjusted d15N values varied significantly among sea urchins for the comparison of

Heliocidaris and Phyllacanthus across all reefs, and the comparison of all three sea
urchin species where they co-occurred (Table 3.2; unadjusted values described in next

section). In both cases, d15N values for Heliocidaris were significantly lower than

Phyllacanthus and Centrostephanus. The analysis incorporating all reefs also yielded

significant differences among reefs, although the mean squares for this factor was
substantially lower than the mean squares for species (Table 3.2), suggesting that it was

less important. The among-reef differences were probably due to low adjusted d15N

values at Hamelin Bay. These results suggest that the different sea urchin species

occupy different trophic positions, and also that trophic position of each species may
vary spatially.

Table 3.2: Results of analyses of variance testing for differences in d15N, after adjusting for
among-reef differences in macroalgae d15N. To enable fully orthogonal ANOVA, two analyses

were done: the first incorporated the two sea urchin species found at all five reefs surveyed, the
second included three sea urchin species at the three reefs where all were found.

Analysis 1: 2 species (Heliocidaris, Phyllacanthus), 5 reefs

Source of variation df MS F P

Species (S) 1 125.00 131.84 <0.001
Reef (R) 4 3.33 6.20 <0.001
S ¥ R 4 0.95 1.77 0.1629
Residual 29 0.54

Analysis 2: 3 species (Centrostephanus, Heliocidaris, Phyllacanthus), 3 reefs

Source of variation df MS F P

Species (S) 2 49.56 12.39 0.019
Reef (R) 2 0.83 2.11 0.141
S ¥ R 4 0.02 0.06 0.992
Residual 26 0.39
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Comparisons of d15N enrichment confirmed that the sea urchins occupied different

trophic positions. The synthesis of meta-data (see Appendix 1), indicated that the ∆sea

urchin-macroalgae should be approximately 2.3‰ (± 0.4 SE) if the sea urchins were

herbivorous (Figure 3.2). The ∆sea urchin-macroalgae for Heliocidaris in this study was 1.5‰ —
this was not significantly different from the enrichment expected for a herbivore (Figure

3.2; Table 3.3). In contrast, the ∆sea urchin-macroalgae for Phyllacanthus (5.7‰) and

Centrostephanus (5.5‰) were significantly higher than the values expected for a
herbivore (Figure 3.2; Table 3.3). These two species are therefore likely to be

omnivorous.
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Figure 3.2: Mean ∆consumer-diet (±SE; n = 7 for the meta data, n = 5 for Heliocidaris and
Phyllacanthus, n = 3 for Centrostephanus) for meta-data and for each of the sea urchin species.

The value for meta-data represents a weighted mean of controlled studies of d15N enrichment
(Appendix 1). The values for the sea urchins represent weighted means of ∆sea urchin-macroalgae

values for each reef.

Table 3.3: Results of meta-analyses comparing the ∆consumer-diet values yielded by a synthesis of
controlled studies of  d15N enrichment to ∆sea urchin-macroalgae values. P yielded by comparing the Q-

statistic against the c2 distribution, df for each test = 1.

Meta-data vs. Homogeneity statistic Q P

Heliocidaris 0.235 P > 0.6
Phyllacanthus 20.366 P < 0.001
Centrostephanus 12.960 P < 0.001
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Diet

If the high d15N values of Centrostephanus and Phyllacanthus, relative to Heliocidaris,

are indeed due to consumption and assimilation of animal tissue, then measurements of

stable isotopes of likely prey should yield values close to those of the sea urchins, and
direct observations of gut contents should reveal animal remains.

General patterns of d13C and d15N

Individual species would be poor representatives of particular categories of food if there
was a large amount of variation within each category. Brown algae and red algae

showed some variation in stable isotope ratios among species (Figure 3.3), but the

differences were not significant (Table 3.4). Differences among species of sponges were
significant (Table 3.4); variances for these data were heteroscedastic, so clear

interpretations of this result are difficult, but the plot of d13C vs. d15N (Figure 3.3)

suggests that there were meaningful differences. Overall, these results indicate that the

species of brown algae and red algae used did broadly represent the stable isotope ratios
of their respective categories, but that Chondrilla, the sponge used in the remainder of

this study, may have tended to underestimate the d13C and d15N of other sponges.

Relative differences among the five potential food categories and the three sea urchin
species remained quite consistent among reefs and between dates (Figure 3.4). Red

algae and green algae always yielded the lowest d13C values (between –25‰ and

–33‰), while seagrass always yielded the highest d13C values (between –9‰ and

–15‰). The d13C of brown algae, sponge tissue and the sea urchins tended to fall in a

relatively narrow range (between –17‰ and –20‰ for brown algae, between –18‰ and

–20‰ for sponges, and between –16‰ and –19‰ for sea urchins).

The primary producers (algae and seagrass) fell within a narrow range of d15N; sponge

tissue always yielded higher d15N than the primary producers (usually 1-3‰ higher).

d15N of Heliocidaris was usually higher than the algae, but never higher than sponge

tissue. Phyllacanthus and Centrostephanus always yielded the highest d15N values,

usually around 2-4‰ higher than sponge tissue, and around 4-7‰ higher than the
primary producers.
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Table 3.4: Results of parametric MANOVA testing for significant variation in stable isotope ratios
among species of algae and sponges. The species used were: the brown algae, Lobophora

variegata, Ecklonia radiata, Scytothalia doryocarpa; the red algae Plocamium sp., Rhodymenia
sonderi; the sponges Chondrilla australiensis, Microcionidae sp., Thorectidae sp.

Source of variation Wilk’s L Numerator df Denominator df P

Brown algae
Species 0.354 2 6 0.22

Red algae
Species 0.026 1 2 0.16

Sponges
Species 0.002 2 6 <0.01

Figure 3.3: Mean (± SE) d13C and d15N values for different species of brown algae (dark
symbols), red algae (crossed boxes) and sponges (open symbols). Tests for significance of

differences are shown in Table 3.4.

Brown algae

Red algae

Sponges
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Figure 3.4: Plots of mean (± SE) d13C and d15N for
each of the food categories (brown algae, red algae,
green algae, seagrass, sponges) and the sea urchins

collected at each reef.
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Gut contents

Inter-species differences

The food present in the guts varied between sea urchins and among reefs (Table 3.5).
The main difference between the two species of sea urchins was the amount of

sponge/ascidian tissue present (Figure 3.5): on average, sponge/ascidian tissue

comprised 8.0% of the gut of Phyllacanthus, and 0.3% of the gut of Heliocidaris. Other
differences existed but were not statistically significant (Figure 3.5).

Spatial variability was apparently more important than differences between the two
species: this conclusion is suggested by the higher F-ratio yielded by NPMANOVA for

among-reef variation (Table 3.5). On the basis of a posteriori pairwise comparisons,

reefs could be broadly classed in two groups: in one group were The Lumps, Straggler
Rocks and Mewstone, in the sencond group were Carnac and Hamelin Bay (Table 3.5).

Spatial differences in the types of food eaten were not related to the distances separating
the reefs; Carnac was more similar to Hamelin Bay than to any of the other (much

closer) reefs. The difference was mainly due to the presence of less foliose brown algae

in the guts of sea urchins collected from Carnac and Hamelin Bay (average 22.1%) than
those collected from the other reefs (average 66.0%). Instead, other types of algae,

especially terete red algae and coenocytic green algae, were present in significantly
larger quantities (terete red algae 28.3% vs 1.6%, coenocytic green algae 6.9% vs

0.1%).

PhyllacanthusHeliocidaris

CentrostephanusSeagrass

SpongeGreen algae

Red algaeBrown algae
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Table 3.5: Results of NPMANOVA testing for differences in the composition of the gut contents
of two species of sea urchins (Heliocidaris, Phyllacanthus) collected from five reef locations.

Source of variation df MS F P

Species (S) 1 3 446.8 3.49 0.034
Reef (R) 4 5 361.2 4.73 0.002
S ¥ R 4 986.4 0.87 0.593
Residual 20 1 132.3

A posteriori comparisons
Lumps    Mewstone    Straggler    Carnac    Hamelin

                                                       ______________________________________________________________           _____________________________________
                                                                                                                                                ________________________________________

Figure 3.5: The proportion of each food type present in the guts of Heliocidaris and
Phyllacanthus, averaged over all individual sea urchins collected from all five reefs. Values
represent the mean % of gut contents (± SE; n = 15), calculated following Equation 3.1. The

asterisks mark the sponge/ascidian category, which differed significantly between Heliocidaris
and Phyllacanthus.
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Analysis of the gut contents of all species of sea urchins from the three reefs where they

co-occurred yielded differences among sea urchin species, and among reefs (Table 3.6).

Differences among sea urchins were greatest between Centrostephanus and
Phyllacanthus (Table 3.6); there were differences between Centrostephanus and

Heliocidaris, but these were weaker (P < 0.1). The amount of sand and rock fragments
in the gut of Centrostephanus was an important contribution to the overall difference

(Figure 3.6), averaging 9.5% of the gut of Centrostephanus, 2.4% of the gut of

Phyllacanthus, and 0.8% of the gut of Heliocidaris.

Again spatial variation seemed to be more important than inter-species variation, and

again differences among reefs were due to Carnac, which was significantly different to

both Mewstone and Straggler Rocks. Minor differences existed between Mewstone and
Straggler Rocks (P > 0.5). As with the previous analysis of data from five reefs, less

foliose brown algae was present in the guts of sea urchins collected at Carnac (26.5%)
than of those from Mewstone or Straggler Rocks (57.3%).

Table 3.6: Results of non-parametric MANOVA testing for differences in the composition of the
gut contents of three species of sea urchins (Heliocidaris, Phyllacanthus, Centrostephanus)

collected from three reef locations (Straggler Rocks, Mewstone, Carnac).

Source of variation df MS F P

Species (S) 2 2 802.1 3.58 0.015
Reef (R) 2 3 829.2 3.29 0.006
S ¥ R 4 782.4 0.67 0.798
Residual 18 1 162.2

A posteriori comparisons t P

Sea urchins
Centrostephanus vs. Heliocidaris 1.443 0.084
Centrostephanus vs. Phyllacanthus 1.868 0.023
Heliocidaris vs. Phyllacanthus 1.030 0.364

Reefs
Carnac vs. Mewstone 1.943 0.010
Carnac vs. Straggler Rocks 2.174 0.008
Mewstone vs. Straggler Rocks 0.846 0.514
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Figure 3.6: The proportion of each food type present in the gut of sea urchins, averaged over all
individual sea urchins examined from all reefs. Values represent the mean (± SE) % of gut

contents, calculated following Equation 3.1. The asterisks mark the sand/rock category, which
contributed to differences among species.
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Temporal patterns

At Mewstone, there was significant variation in the food present in the guts of different
species and on different dates, but no significant species ¥ date interaction (Table 3.7).

Differences among species were mainly due to Phyllacanthus, which consumed

different food from both Centrostephanus and Heliocidaris. Brown foliose algae were
consumed more, and filamentous red algae were consumed less, by Phyllacanthus

(67.7% and 2.2% respectively), than both Centrostephanus (42.1% and 7.4%) and

Heliocidaris (49.0% and 4.9%).

Temporal variation was partly due to a greater amount of seagrass consumed in July

1999 (10.4%) than January 2000 (3.7%). A significantly greater proportion of
bryozoans was present in the gut of sea urchins collected in July (1.0% in July vs 0.4%

in January). This is directly related to the consumption of seagrass, as these were almost

exclusively present as epiphytes on seagrass leaves: although the difference was
statistically significant, bryozoans comprised a very minor proportion of the gut

contents.

At Straggler Rocks, there were again differences among sea urchin species, but no

difference between dates, and no significant species ¥ date interaction (Table 3.8).

Unlike at Mewstone, the differences among species were due to Centrostephanus

(Table 3.8): this was partly because Centrostephanus consumed less brown foliose
algae (36.2%) than Phyllacanthus (60.4%) and Heliocidaris (63.7%). Centrostephanus

also consumed more fragments of sand and rock (11.9%) than Phyllacanthus (2.1%)

and Heliocidaris (1.6%), and more articulated red algae and crustaceans, although both
were present in only very small amounts even in Centrostephanus (Figure 3.8).
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Table 3.7: Results of non-parametric MANOVA testing for differences in the composition of the
gut contents of three species of sea urchins (Heliocidaris, Centrostephanus, Phyllacanthus)

collected from Mewstone on two dates (July 1999, January 2000).

Source of variation df MS F P

Species (S) 2 2 379.8 4.13 0.032
Date (D) 1 3 872.1 4.82 0.007
S ¥ D 2 575.3 0.72 0.645
Residual 18 804.0

A posteriori comparisons

t P

Centrostephanus vs. Heliocidaris 1.02 0.347
Centrostephanus vs. Phyllacanthus 1.80 0.022
Heliocidaris vs. Phyllacanthus 1.97 0.026

Table 3.8: Results of non-parametric MANOVA testing for differences in the composition of the
gut contents of three species of sea urchins (Heliocidaris, Centrostephanus, Phyllacanthus)

collected from Straggler Rocks on two dates (July 1999, January 2000).

Source of variation df MS F P

Species (S) 2 2 674.0 3.55 0.031
Date (D) 1 1 421.0 1.44 0.201
S ¥ D 2 751.6 0.76 0.624
Residual 18 988.6

A posteriori comparisons

t P

Centrostephanus vs. Heliocidaris 2.21 0.005
Centrostephanus vs. Phyllacanthus 1.88 0.020
Heliocidaris vs. Phyllacanthus 0.69 0.813
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Figure 3.7: The proportion of each food type present in the gut of sea urchins, averaged over all
individual sea urchins collected at Mewstone in July 1999 and January 2000. Values represent
the mean (± SE) % of gut contents, calculated following Equation 3.1. The asterisks mark the

types of food that differed significantly between Phyllacanthus and the other species.
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Figure 3.8: The proportion of each food type present in the gut of sea urchins, averaged over all
individual sea urchins collected at Straggler Rocks in July 1999 and January 2000. Values

represent the mean (± SE) % of gut contents, calculated following Equation 3.1. The asterisks
mark the types of food that differed significantly between Centrostephanus and the other

species.
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DISCUSSION

Inter-species differences in trophic position and diet

The most abundant reef-dwelling sea urchins in south-western Australia occupy
different trophic levels. d15N data provided the clearest evidence for this, and were

supported by direct observations of gut contents.

The d15N of Heliocidaris was consistent with the d15N expected for a herbivore; in

contrast, the d15N of both Phyllacanthus and Centrostephanus were considerably higher

than the d15N expected for a herbivore. These results indicate that Heliocidaris is

primarily herbivorous, and that Phyllacanthus and Centrostephanus are omnivorous (in

the sense of feeding on more than one trophic level). Phyl lacanthus  and
Centrostephanus yielded similar d15N, placing both at similar trophic positions. The

relative differences in trophic position were consistent over > 270 km of coastline.

The conclusion that there were differences in trophic position was supported by direct

observations of gut contents. However, gut contents also showed broad overlap in diet.
For each species, foliose brown algae always comprised the highest overall proportion

of the gut contents when averaged over the reefs or dates used in the analyses (although
this was not the case for some species at some reefs), and red algae usually comprised

the second highest proportion.

The substantial consumption of brown algae by all species might reflect the widespread
availability of brown algae over the entire study area. Large brown algae, primarily

Ecklonia radiata and Sargassum spp., are abundant on subtidal reefs in south-western
Australia (Kendrick & Walker 1994, Phillips et al. 1997), and these were the dominant

algae at each of the reefs studied. It is therefore possible that brown algae were simply

eaten in proportion to its availability. However, it might also reflect a preference for
brown algae as food. Laboratory food choice experiments with sea urchins elsewhere

have found clear preferences for brown algae (Vadas 1977, Larson et al. 1980,

Himmelman 1984, Himmelman & Nédélec 1990, Lemire & Himmelman 1996). For the
sea urchin Evechinus chloroticus in New Zealand, the kelp Ecklonia radiata is a

preferred food (Schiel 1982).
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In most cases foliose red algae comprised the second highest proportion of the gut

contents. However, this was not reflected in the d13C of the sea urchins. The d13C of the

red algae studied here (Plocamium and Rhodymenia) were very negative. If red algae

were an important source of nutrition for the sea urchins then the d13C of sea urchin

muscle should reflect this — however, it did not. It is possible that Plocamium and
Rhodymenia did not broadly represent red algae at the reefs studied — the d13C of

marine red algae can range from –5‰ to –34‰, with many in the range –14‰ to –22‰

(Smit 2001, Raven et al. 2002). However, Plocamium and Rhodymenia were chosen

because they are ubiquitous and abundant, and because they were present in the guts of
sea urchins. An alternative explanation is that red algae, although ingested, was not

assimilated into muscle tissue: this seems unlikely given that other studies have shown
that assimilation of red algae is comparable to assimilation of other algae (e.g. Vadas

1977).

Animal tissue formed a minor component of the gut contents of Heliocidaris, and never
exceeded 6% of the gut in any individual examined. The gut contents therefore support

the conclusion from d15N data that Heliocidaris is almost exclusively herbivorous. In

contrast, animal tissue formed a larger proportion of the gut contents of Phyllacanthus

and Centrostephanus. The similarity of d13C and d15N values of Phyllacanthus and

Centrostephanus suggests they share similar diets. However, analyses of gut contents
suggested that, while there was broad overlap, Phyllacanthus and Centrostephanus ate

different types of food wherever they occurred together (see summary of differences in
Table 3.9). The differences appear to be subtle, as IndVal analyses revealed few

significant differences for food sources. One recurring difference was the presence of

greater quantities of sand/rock in the gut of Centrostephanus — this may indicate an
active grazing behaviour (de Ridder & Lawrence 1982). Both species ingested

substantial quantities of animal tissue — exceeding a third of the total gut contents in
some individuals. Much of this animal tissue was from sponges or ascidians. This

present further evidence for omnivory, supporting the interpretations of the d15N data.
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Table 3.9: Summary of statistically significant differences in the gut contents of sea urchins
reported in this chapter. Species sharing a common letter did not consume different food;

species with different letters did consume different food. — = did not occur.

Comparison Heliocidaris Phyllacanthus Centrostephanus

All reefs a b —
Three reefs a a b
Mewstone: July 1999 & January
2000

a b a

Straggler Rocks: July 1999 &
January 2000

a a b

Omnivory by sea urchins has been regularly noted by other researchers — in fact Moore
(1966) even went so far as to say that:

“Most of the regular echinoids studied seem to be at least facultatively omnivorous.”

However, omnivory by Phyllacanthus and Centrostephanus might be more than simply
facultative or opportunistic: they might consume animal tissue by actively selecting it

over plant tissue. The high proportion of sponge/ascidian tissue in the gut of
Phyllacanthus is one line of evidence for this. (Centrostephanus ingested higher

amounts of sponge/ascidian than Heliocidaris, but usually less than Phyllacanthus). In

fact the proportion observed could be an underestimate of the true amount ingested, as
animal tissue tends to be digested more quickly than algae (Fernandez & Boudouresque

2000). Sponges and ascidians were generally identified in the gut through the presence
of spicules and asters, and occasionally through the presence of spongin; usually very

little cellular material was present. Taxa without such hard structural elements (for

example some ascidians) may leave little or no trace in the gut. The presence of other
fauna in the gut, such as crustaceans and epiphytic hydroids or bryozoans may be the

result of opportunistic feeding behaviour or incidental ingestion with seagrass or algae.
Nevertheless, the tissues of animals such as crustaceans are high in nitrogen, and so

even the small amounts observed may be a valuable source of nutrition.

Dietary plasticity of sea urchins

The spatial and temporal differences in abundances of stable isotopes and in the

composition of the gut contents suggest that the sea urchins can be plastic in their food
choice. The absence of any statistical interactions between species and either reef or

date suggests that all species responded in similar ways to spatial or temporal variations

in food availability. For example, all species ate more seagrass in July 1999 than in
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January 2000. Very little seagrass grows on the reef at Mewstone or Straggler Rocks,

but there are large beds of seagrass immediately adjacent, and winter swells tend to

bring drift seagrass onto the reef. The presence of seagrass in the gut shows that all
species of sea urchin were feeding on this drift.

The consistency of spatial differences (that is, differences between reefs at Hamelin Bay
and Carnac Island compared to The Lumps, Straggler Rocks and Mewstone) across all

species also points to dietary plasticity, as it suggests that all species were adapting to

local food availability. The lower proportion of brown algae, and higher proportion of
terete red algae and coenocytic green algae, in the guts of sea urchins collected at

Hamelin Bay and Carnac Island may be due to among-reef differences in the algal

assemblages. I do not have data for most reefs, so cannot explore this in detail:
however, the data I have for Mewstone indicate that Heterosiphonia crassipes, a terete

red alga, and Caulerpa obscura, a coenocytic green alga, comprise a large proportion of
the algal biomass. The differences in gut contents may therefore reflect temporary

availability of food sources at some reefs, rather than spatial differences in algal

assemblages. Whatever the reason, the spatial differences in gut contents do suggest
plasticity in adapting to local availability of food.

The evidence for dietary plasticity here is consistent with statements by other authors
that regular sea urchins are opportunistic feeders that eat the food sources that are

immediately available (Duggins 1981a, de Ridder & Lawrence 1982). Although sea

urchins often exhibit clear preferences when given choices in laboratory experiments
(Lawrence 1975, Larson et al. 1980, Schiel 1982, Klumpp et al. 1993), the food they eat

in their natural environment usually reflects what is readily available (Lawrence 1975,
Schiel 1982).

Ecological similarity of sympatric sea urchins

The three sea urchin species studied here appear to be ecologically dissimilar.
Researchers that have studied the diet of sympatric sea urchin species elsewhere have

concluded in many cases that some differences in diet exist: this suggests the possibility
that food resource partitioning allows different species of sea urchins to coexist (there

are of course other possible mechanisms; see for example Duggins 1981b, McClanahan

1988). For example, Paracentrotus lividus and Arbacia lixula, two species that
commonly co-occur in the Mediterranean Sea seem to exhibit some dietary partitioning,



TROPHIC POSITION AND DIET

62

with P. lividus eating erect algae and A. lixula eating encrusting algae (Verlaque &

Nédelec 1983, Frantzis et al. 1988). Vásquez et al. (1984) reported that the dietary

overlap among four species of sea urchins was quite high, with three mainly eating the
kelp Macrocystis pyrifera, while a fourth ate mainly sessile animals (serpulid worms

and barnacles). In contrast, Vadas (1977), drawing on three years of direct observations,
found no important differences between two species of Strongylocentrotus from San

Juan Island, north-western USA.

Given the community-level influences that sea urchins can exert (Lawrence 1975,
Harrold & Pearse 1987, Valentine & Heck 1999), these results have important

implications for understanding trophic relationships of reefs in south-western Australia.

For example, the observation that Heliocidaris is almost exclusively herbivorous,
combined with observations that it is the most abundant sea urchin on most reefs, raises

the hypothesis of whether it exerts a major influence on the macroalgae assemblages
growing on the reefs.
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Chapter 4

Effect of Heliocidaris erythrogramma on benthic

macroalgae and drift retention
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INTRODUCTION

Sea urchins influence the biomass and species composition of macrophytes in many

marine ecosystems around the world (see reviews by Lawrence 1975, Lawrence &
Sammarco 1982, Harrold & Pearse 1987). In many temperate reef ecosystems, the

influence of sea urchins is so great that they prevent the growth of all organisms other

than encrusting algae (e.g. Breen & Mann 1976, Foreman 1977, Chapman 1981,
Andrew & Underwood 1993, Hagen 1995, Hjörleifsson et al. 1995).

The magnitude of the influence of sea urchins is often a function of their density. High
densities of sea urchins are usually associated with intensively-grazed areas (e.g. Camp

et al. 1973, Foreman 1977, Watanabe & Harrold 1991, Hagen 1995, Wright &

Steinberg 2001). Experiments in which the densities of sea urchins are manipulated
usually yield a negative relationship between the biomass of benthic macrophytes and

sea urchin density (Carpenter 1981, Sammarco 1982b, Valentine & Heck 1991, Andrew

& Underwood 1993, Prince 1995, Benedetti-Cecchi et al. 1998). Even low densities of
sea urchins can influence the biomass of benthic macrophytes (e.g. Palacín et al. 1998).

However, density is not the only important factor determining the effects of sea urchins
on benthic macrophytes: feeding behaviour is also important. In some places, high

densities of sea urchins exist apparently without changing the biomass or species

composition of the benthos. In these places, the sea urchins do not actively graze, but
instead rely on drift algae (Harrold & Reed 1985, Day  & Branch 2002). There is some

evidence that if drift becomes scarce, sea urchins can change their feeding behaviour
from drift feeding to grazing (Harris et al. 1984, Dayton 1992).

In south-western Australia, there do not seem to be any intensively-grazed areas of

subtidal reef comparable to those found elsewhere in the world, although sea urchin
densities reach comparable densities on some reefs (Chapter 2). The absence of

intensively-grazed areas in south-western Australia may be because (a) sea urchins have
a more subtle influence on the benthos; (b) they use drift as the main food source and do

not graze except perhaps in very small areas; or (c) some combination of these. In this

chapter, I describe several experiments that were designed to test hypotheses arising
from these alternative models. The aims of this study were to test the hypotheses that

Heliocidaris erythrogramma influences the biomass of macroalgae and species
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composition of attached macroalgae, and the biomass and species composition of drift

macrophytes retained on the reef.

The sea urchin studied was the purple sea urchin Heliocidaris erythrogramma

Valenciennes, the most abundant species of sea urchin on reefs in south-western

Australia (Chapter 2). Two experiments were performed. The first was designed to test
for effects of Heliocidaris at different densities, using fenced plots in which the

densities of Heliocidaris were controlled. The second (which was repeated twice) was

designed to test for effects of natural densities of sea urchins on benthos, using unfenced
plots from which all sea urchins were removed.

METHODS

Site description

The study was done on a subtidal reef at Mewstone, a rocky islet located approximately

8 km off the coast of Fremantle, Western Australia (31º51´07´´, 115º42´48´´). The reef
is part of a chain of islands and high-relief limestone reefs formed from an aeolianite

limestone ridge that runs parallel to the shore (Searle & Semeniuk 1985). The

experiments were done on flat to gently-sloping rock surfaces in depths of 4-7 metres.
At Mewstone the reef was dominated largely by the fucoid algae Sargassum spp. The

most abundant sea urchin at this location is the purple sea urchin Heliocidaris

erythrogramma Valenciennes (see Chapter 2), and the experiments described here

focussed on this species.

Experiment 1: Manipulating Heliocidaris density

Experimental design

This experiment tested the null hypothesis that Heliocidaris has no influence on the
biomass or species composition of attached macroalgae or drift macrophytes at any of

the naturally occurring densities at Mewstone. The experiment consisted of six

treatments: four densities of Heliocidaris (0, 6, 12 and 30 per plot) and two types of
controls (‘Half fence’ and ‘No fence’) in which densities were not manipulated. The

control plots were used to test for caging artefacts. In the ‘Half fence’ control, three
sides of each plot were fenced, while the fourth was left open. In the second type of

control, plots were simply marked at the corners with steel pickets. If there were no
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artefacts associated with the fence structure, there should be no consistent differences

between these two treatments.

There were 4 replicate plots for each treatment. Plots were 1.5 m ¥ 1.5 m (2.25 m2), and

were marked at the corners with 60 cm steel pickets hammered into the rock to a depth
of about 20 cm. Plots in which densities were manipulated were fenced around the

entire perimeter with 60 ply black polyethylene mesh (2 inch stretched), attached top

and bottom to a border of double-braided polyester rope (10 mm diameter). The mesh
was tied to the steel pickets with elastic cord, and attached to the rock with galvanised

steel pegs. The mesh was not attached to the rock in the ‘Half fence’ control, to enable
urchins to move in and out.

The experiment was started on 10-12 November 1999. Plots were allocated to

treatments according to a table of random numbers. Urchins were removed from all
plots except those designated as ‘No fence’ controls. Urchins were then added to

treatments as appropriate. Urchins were returned to the ‘Half fence’ controls in their
original densities – this was to control for possible effects of removing and

repositioning urchins. Prior to manipulation, densities of Heliocidaris did not vary

significantly among treatments (1-way ANOVA on log(x+1) transformed densities,
F0.05(2),5,18 = 1.42, P>0.25), with an overall mean of 6.9 Heliocidaris per plot. Densities of

Heliocidaris inside plots were checked regularly, and adjusted as necessary.

In the final week of April 2000, a severe storm (significant wave heights to six metres)

destroyed two high density plots, with the damaged mesh scouring away much of the

substratum. The experiment was ended on 1-3 May 2000.

Data collection and analysis

Densities of Heliocidaris and the dominant alga Sargassum were measured several
times during the experiment. For Heliocidaris, densities were measured for the entire

plot, while for Sargassum densities were measured in a 0.25 m2 quadrat placed in the

centre of the plot. Because the same area was measured on each occasion, repeated-
measures ANOVA was used to test the hypothesis that densities of Sargassum did not

vary significantly over time or among treatments; data were first tested for sphericity

using Mauchly’s sphericity test. Because time was not relevant for analyses of
Heliocidaris densities (the hypothesis was simply that densities were significantly
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different whenever measured), data for each occasion were analysed with 1-way

ANOVAs, with a adjusted for multiple testing by Bonferroni adjustment.

During the course of the experiment, it became apparent that urchins inside fenced plots

tended to aggregate at the edges. It was therefore possible that the effects of urchins
might be concentrated at the edges. At the end of the experiment, densities of

Heliocidaris, densities of Sargassum and the biomass of attached macroalgae, were

measured at both the edges and middles of plots. For Heliocidaris, the ‘edge’ was
defined as the area within 22 cm of the fence (i.e. half the area of the plot), and the

remainder of the plot was considered ‘middle’: all urchins in these two areas were
counted. Sargassum densities were counted in 0.25 m2 quadrats — one placed in the

centre of the plot, and another at a randomly chosen position at the edge. Biomass of

attached macroalgae was harvested from 0.25 m2 quadrats, one placed at the edge and
one in the centre of each plot. Macroalgae were removed by hand or with a scraper and

placed in calico bags, and were later sorted to species, dried for 48 h in an oven at 80°C

and then weighed. Split-plot ANOVA was used to test the null hypothesis that
assemblages did not differ between edges and middles of plots, or among treatments, at

the end of the experiment.

Drift macroalgae and seagrass were collected from each plot at the end of the
experiment. The drift was collected by hand from the entire plot and placed in calico

bags, and were later sorted to species, dried for 48 h in an oven at 80°C and then

weighed. Differences in total biomass of drift among treatments were compared using

1-way ANOVA.

Prior to all ANOVAs, heterogeneity of variances was tested using Cochran’s test: if

variances were heterogeneous, data were transformed and re-tested. Transformation
stabilised variances in all cases.

Experiment 2: Effects of removing Heliocidaris

Experimental design

This experiment tested the null hypothesis that removal of Heliocidaris would have no

influence on the biomass or species composition of attached macroalgae or drift
macrophytes. The experiment consisted of two treatments: sea urchins removed (–U)

and sea urchins left (+U). The experiment was done twice, once over an 11-month
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period (June 2000 to May 2001), and once over a 5-month period (December 2000 to

May 2001). At the beginning of each run of the experiment, four plots were marked by

hammering steel rods into the rock: each plot was 4 m ¥ 4 m (16 m2). Two plots were

randomly assigned to the +U treatment, the other two were assigned to the –U
treatment: sea urchins were removed from the –U plots and released > 500 m away.

Tests of urchins accidentally killed were also removed. Plots were checked throughout

the experiment, and any sea urchins found inside the –U plots were removed.

At the beginning of the experiments, sea urchins were counted in four 1 m2 quadrats per

plot. Densities of sea urchins did not vary significantly among plots at the beginning of
either run of the experiment (untransformed densities; F0.05(2),3,12 = 1.05, P > 0.4 for plots

established in June, F0.05(2),2,9 = 0.45, P > 0.6 for plots established in December).

Attached macroalgae were harvested from the plots that were established in June 2000
on the first day of the experiment, and on two occasions approximately 6 months and 11

months later. Attached macroalgae were harvested from the plots that were established
in December 2000 on the first day of the experiment, then approximately 5 months

after. Macroalgae were only harvested from the central 3 m ¥ 3 m area of each plot to

allow a ‘buffer zone’: this central area was divided into an imaginary grid of 36 ¥

0.25m2 squares and 5 randomly-chosen squares were harvested at each time to avoid

harvesting the same area twice.

At the end of the experiment, drift algae and seagrass were collected by hand from three

1 m2 quadrats haphazardly placed within each plot.

Harvested algae and drift were put into calico bags and frozen. Later, the contents were
thawed and sorted into species. Algae were then dried at 80ºC for at least 48 hours and

weighed. Because of the potential for variations in biomass of small species (i.e. that
were difficult to collect by hand) to be due to variations in harvesting effort, only values

of > 0.5 grams dry weight were included in analyses.

Statistical analyses

The hypothesis that removal of Heliocidaris would lead to differences in biomass of

attached macroalgae was tested using mixed-model ANOVA with the factors Treatment
(fixed), Plot (random and nested in Treatment) and Time (fixed). Data for each run of

the experiment were analysed separately. Because the biomass of attached macroalgae
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was expected to be similar between treatments at the beginning of the experiment, and

change over the course of the experiment, the source of variation that was of most

interest was the Treatment ¥  Time interaction. For this reason, when the

Plot(Treatment) ¥ Time interaction was not significant at P > 0.25, it was pooled into

the Residual term to increase the power of the test.

The hypothesis that removal of Heliocidaris would lead to differences in biomass of

drift macroalgae and seagrass was tested using mixed-model ANOVA with the factors

Treatment (fixed) and Plot (random and nested within Treatment). Because the biomass
of drift was not expected to be influenced by the duration of the experiment, and

because the final data collection from both runs occurred on the same date, all plots
were included in a single analysis.

Prior to all ANOVAs, the assumption of homogeneous variances was tested using

Cochran’s test. If variances were heterogeneous, data were transformed and re-tested.
Transformation stabilised variances in all cases.

The hypothesis that removal of Heliocidaris would lead to differences in species
composition of macroalgae was tested using NPMANOVA (Anderson 2001, McArdle

& Anderson 2001), based on Bray & Curtis similarities calculated from fourth-root

transformed data.

Selection of drift by Heliocidaris

To explore the possibility that Heliocidaris at Mewstone might be selecting some
species of macrophytes from the drift in preference to others, Chesson’s (1983) index

was used to analyse the drift data from Experiment 2. This index is

  

† 

ai =
ri pi

rj p j
j =1

m

Â
, i =1,K,m

(Chesson 1983) where ri is the proportion of biomass of species i in the drift, and pi is

the proportion of biomass of species i growing on the reef. These were calculated
separately for each plot using the average biomass from the drift (for ri) and the average

biomass from the attached algae (for pi) at the end of the Heliocidaris removal

experiment. If the algae were present in the drift in equal proportion to their biomass on
the reef, then ai=m-1. A value higher than this indicates that the proportion of drift was



EFFECTS OF HELIOCIDARIS

71

greater than expected. To test the hypothesis that the presence of sea urchins influenced

the proportion of each macrophyte present as drift, the ai values for the two treatments

were compared by Student’s t-test.

RESULTS

Experiment 1: Manipulating Heliocidaris density

Heliocidaris

Immediately after establishing the experiment, densities of Heliocidaris were not
significantly different among treatments (Table 4.1). This was partly due to mortality of

sea urchins placed into the plots; the evidence for this was empty tests in the plots when
they were checked four days later. More individuals were added and densities of

Heliocidaris stabilised within two weeks of the beginning of the experiment;

manipulations maintained significant differences for the remainder of the experiment
(Table 4.1; Figure 4.1). At the end of the experiment, densities were significantly higher

at the edges than in the middles of plots (Table 4.2; Figure 4.2).
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Table 4.1: Summary of 1-way ANOVAs testing for differences among treatments (df = 5, 18) in
densities of Heliocidaris at each date. * = significantly different after Bonferroni adjustment to a.

Date of counts 14/11/99 17/12/99 6/1/00 12/3/00 16/4/00 1/5/00

Transformation Log (x+1) None None None Log (x+1) Log (x+1)

Cochran’s test C = 0.36,
P>0.05

C = 0.37,
P>0.05

C = 0.1,
P>0.05

C = 0.49,
P>0.05

C = 0.51,
P>0.05

C = 0.29,
P>0.05

F 1.42 37.24* 33.76* 39.51* 14.96* 6.42*
P P>0.5 P<0.001 P<0.001 P<0.001 P<0.001 P<0.005

Figure 4.1: Mean numbers of Heliocidaris per plot (± SE, n = 4 except the High density
treatment for the final date where n = 2  because of storm damage) for each treatment during

the experiment. Comparisons of means at each date are given in Table 4.1.
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Table 4.2: Results of 2-way ANOVA testing for differences among treatments in densities of
Heliocidaris among treatments and between positions in plot (edges vs middles) at the end of

the experiment. § = adjusted to compensate for destroyed high density plots.

Transformation Log (x+1)
Cochran’s test C = 0.23, P>0.05

Source of variation df SS MS F P
Treatment 5 3.20 0.64 10.335 <0.001
Position 1 0.36 0.36 5.820 0.022
T ¥ P 5 0.35 0.07 1.136 0.362
Residual 32§ 1.98 0.06

Figure 4.2: Mean densities (± SE, n = 4 except the High density treatment for which n = 2
because of storm damage) of Heliocidaris in edges and middles of plots for each treatment at

the end of the experiment. Comparisons of means are given in Table 4.2.
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Attached macroalgae

Densities of adult and juvenile Sargassum did not vary among treatments (Table 4.3).

However, densities did vary significantly with time: there were fewer adults at the end
of summer, but high densities of juveniles (Figure 4.3).

At the end of the experiment, neither adult nor juvenile Sargassum densities varied
among treatments nor between edges or middles of plots (Table 4.4; Figure 4.4). There

were significant differences between plots within treatments, indicating spatial variation

in Sargassum densities (Table 4.4).

Table 4.3: Results of repeated-measures ANOVA testing for differences among treatments and
times in densities of (a) adult and (b) juvenile Sargassum spp. § = adjusted to compensate for

missing data. Note: Data tested for sphericity using Mauchly’s sphericity test; P > 0.3 in all
cases.

(a) Adult Sargassum
Source of variation df MS F P

Treatment 5 534.70 1.038 0.426
Plot (Treatment) 18 515.22
Time 3 948.21 27.808 <0.001
Treatment ¥ Time 15 49.469 1.451 0.160
Within plots 51§ 34.10

(b) Juvenile Sargassum
Source of variation df MS F P

Treatment 5 5 317.81 0.448 0.809
Plot (Treatment) 18 11 874.33
Time 2 100 144 21.990 <0.001
Treatment ¥ Time 10 2 644.7 0.581 0.818
Within plots 34§ 4 554.04

      

Figure 4.3: Mean densities (± SE, n = 4 except the High density treatment for the final date
where n = 2  because of storm damage) of (a) adult and (b) juvenile Sargassum spp in each

treatment during the experiment. Comparisons of means are given in Table 4.3.
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Table 4.4: Results of split-plot ANOVA testing for differences among treatments in densities of
(a) adult and (b) juvenile Sargassum spp among treatments and between edges and middles of
plots at the end of the experiment. § = adjusted to compensate for destroyed high density plots.

(a) Adult Sargassum
Transformation None
Cochran’s test C = 0.18, P>0.05

Source of variation df SS MS F P

Treatment 5 578.85 115.77 1.16 0.369
Plots within Treatments 16§ 1 592.62 99.54 8.35 <0.001
Position 1 6.57 6.57 0.55 0.469
Position ¥ Treatment 5 76.31 15.26 1.28 0.320
Position ¥ Plots 16§ 190.62 11.91

(a) Juvenile Sargassum
Transformation None
Cochran’s test C = 0.22, P>0.05

Source of variation df SS MS F P

Treatment 5 17 611 3 522.2 0.74 0.606
Plots within Treatments 16§ 76 384 4 774 8.22 <0.001
Position 1 1 536.4 1 536.4 2.64 0.123
Position ¥ Treatment 5 3 865.6 773.1 1.33 0.301
Position ¥ Plots 16§ 9 297 581.06

  

Figure 4.4: Mean densities (± SE, n = 4 except the High density treatment for which n = 2
because of storm damage) of (a) adult and (b) juvenile Sargassum spp in each treatment at the

end of the experiment. Comparisons of means are given in Table 4.4.



EFFECTS OF HELIOCIDARIS

76

Total biomass of attached macroalgae did not vary among treatments at the end of the

experiment (Table 4.5), and there appeared to be no trend in biomass related to urchin

density (Figure 4.5). Because Sargassum dominated biomass in most plots, and did not
appear to be affected by grazing, the same analyses were performed after removing

Sargassum from the data: results remained essentially unchanged (analyses not shown),
indicating that other species of macroalgae were also unaffected by Heliocidaris.

Table 4.5: Results of split-plot ANOVA testing for differences among treatments in biomass (g.
dw 0.25 m-2) of erect macroalgae among treatments and between in edges and middles of plots

at the end of the experiment. § = adjusted to compensate for destroyed high density plots.

Transformation None
Cochran’s test C = 0.21, P>0.05

Source of variation df SS MS F P

Treatment 5 2 649.6 529.92 1.578 0.217
Plots within Treatments 18 6 045.2 335.85 1.589 0.178
Position 1 456.98 456.98 2.162 0.161
Position ¥ Treatment 5 1 451.1 290.22 1.373 0.286
Position ¥ Plots 16§ 3 381.2 211.33

Figure 4.5: Mean biomass (± SE, n = 4 except the High density treatment for which n = 2
because of storm damage) of attached macroalgae in edges and middles of plots for each

treatment at the end of the experiment. Comparisons of means are given in Table 4.5.
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Drift

Drift collected from the plots at the end of the experiment was mainly large fragments,

and included macroalgae and seagrass with associated epifauna (particularly the
ascidian Pyura). Biomass of drift was higher in the high density treatments (Figure 4.6),

but this difference was not statistically significant (Table 4.6). However, differences in
drift biomass among treatments accounted for 30% of the variation, suggesting that

there were important differences, but these were obscured by variability among plots.

Table 4.6: Results of 1-way ANOVA testing for differences among treatments in biomass (g. dw
2.25 m-2) of drift at the end of the experiment. § = adjusted to compensate for destroyed high

density plots.

Transformation None
Cochran’s test C = 0.41, P>0.05

Source of variation df MS F P

Treatment 5 9.52 2.43 0.08
Residual 16§ 3.91

Figure 4.6: Mean biomass (± SE, n = 4 except the High density treatment for which n = 2
because of storm damage) of drift for each treatment at the end of the experiment.

Comparisons of means are given in Table 4.6.
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Removal experiment

Heliocidaris

The experiment successfully reduced Heliocidaris densities in the –U plots, and few sea
urchins moved into the plots during the experiment. At the end of the experiment, the

average Heliocidaris densities in each plot ranged from 0-0.3 per m2 in the –U plots and
from 4.3-16.0 per m2 in the +U plots.

Attached macroalgae

In the first run of the experiment (started in June 2000), there were no significant
differences between treatments in the total biomass of attached macroalgae (Table 4.7;

Figure 4.7). There was significant temporal variation, with higher biomass in summer
(December). During this biomass peak there was a greater biomass of attached algae in

the plots from which sea urchins had been removed (Figure 4.7) — this was reflected by

a significant Treatment ¥ Time interaction in the analysis (Table 4.7). The fucoid

Sargassum subgenus Sargassum was dominant, comprising >70% of the biomass in
most plots; the green alga Caulerpa obscura was also dominant in some quadrats in one

of the –U plots in December; most other species yielded low biomasses (Table 4.8).
Because the high biomass of these taxa may have influenced results, the analysis was

performed again after removing these taxa from the dataset; in this analysis there were

no significant Treatment ¥ Time interactions (results not shown). The possibility that

changes in species composition contributed to the results was tested: there was
significant temporal variation, but no significant differences between treatments, and no

significant interaction (Table 4.9).

In the second run of the experiment (started in December 2000), the total biomass of
algae did not differ between treatments (Table 4.7; Figure 4.7). There was again

significant temporal variation — biomass was significantly lower in May 2001 than
December 2000 (Table 4.7) — but no significant interaction between treatment and

time. Sargassum subgenus Sargassum was again dominant in most plots (Table 4.8);

species composition showed no significant variation with time (Table 4.9).
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Table 4.7: Results of ANOVA testing for differences in the combined biomass of all algae from
the experimental plots established in (a) June 2000 and (b) in December 2000. In the ANOVA

model, Treatment and Time were considered fixed factors, while Plot was considered a random
factor. * = denominator for the F-ratio was pooled MS of the Pl (Tr) ¥ Ti interaction and the

Residual. Data were square-root transformed (Cochran’s test P > 0.05).

(a) Experiment established in June 2000

Transformation X0.5

Cochran’s test C = 0.24, P > 0.05

Source of variation df MS F P

Treatment 1 3.09 0.37 0.605
Plot (Tr) 2 8.37 3.65* 0.033
Time 2 125.4 54.67* <0.001
Tr ¥ Ti 2 7.64 3.33* 0.043
Pl (Tr) ¥ Ti 4 1.36 0.57 0.682
Residual 48 2.37

(b) Experiment established in December 2000

Transformation None
Cochran’s test C = 0.34, P > 0.05

Source of variation df MS F P

Treatment 1 282.9 1.01 0.421
Plot (Tr) 2 280.2 0.66* 0.524
Time 1 11520.0 27.1* <0.001
Tr ¥ Ti 1 1.0 0.002* 0.962
Pl (Tr) ¥ Ti 2 1.8 0.004 0.996
Residual 32 451.5

        

Figure 4.7: Mean biomass (± SE, n = 10) of total combined algae harvested from 0.25 m2

quadrats within plots with (+U) and without (-U) sea urchins. (a) experiment started in June
2000, (b) experiment started in December 2000.
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Table 4.8: Summary of biomasses (g. dry weight 0.25 m-2) of attached macroalgae present in
the experiments established in (a) June 2000 and (b) December 2000.

Experiment (a) June 2000 (b) December 2000

Time T1 T6 T12 T1 T6
Treatment +U -U +U -U +U -U +U -U +U -U

Amphibolis antarctica 0.12 0.00 0.00 0.00 1.63 0.00 0.00 0.00 0.00 0.00
Amphiroa anceps 2.01 2.14 5.82 2.45 1.28 5.39 11.22 17.88 8.82 5.02
Asparagopsis armata 0.00 0.00 0.18 0.00 0.00 0.00 0.00 0.00 0.00 0.00
Asparagopsis
taxiformis

0.87 0.45 0.41 0.00 1.26 0.96 1.50 0.76 1.32 0.95

Botryocladia obovata 0.00 0.00 0.00 0.00 0.40 0.00 0.00 0.33 0.00 0.51
Brongniartella
australis

0.00 0.00 0.25 0.33 0.06 0.41 0.16 0.10 0.06 0.09

Carpothamnion
gunnianum

0.00 0.00 0.00 0.00 0.00 0.00 0.08 0.07 0.53 0.07

Caulerpa flexilis 0.00 0.00 1.03 0.00 0.00 0.00 0.00 0.00 0.00 0.00
Caulerpa geminata 0.00 0.00 0.00 0.00 0.00 0.10 0.00 0.19 0.00 0.00
Caulerpa obscura 0.00 0.00 0.00 18.34 0.00 0.92 0.00 0.00 0.00 0.00
Caulerpa
simpliciuscula

0.29 0.00 0.22 0.00 1.34 0.40 0.23 0.00 0.19 0.00

Cladophora spp 0.00 0.00 0.00 0.00 0.00 0.16 0.00 0.00 0.00 0.00
Cladostephus
spongiosus

0.00 0.00 0.00 0.00 0.00 0.16 0.00 0.00 0.24 0.00

Codium harveyi 0.00 0.00 0.00 0.00 1.77 0.91 0.00 0.00 0.67 0.00
Codium duthiae 0.00 0.00 0.00 0.41 0.00 0.00 0.17 0.00 0.42 0.05
Codium lucasi 0.06 0.00 0.00 0.00 0.13 0.27 0.00 0.00 0.13 0.00
Dictyota dichotoma 0.00 0.00 0.00 0.00 0.00 0.00 0.14 0.05 0.00 0.00
Ecklonia radiata 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.14 0.00
Epiphloea bullosa 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.07 0.00 0.00
Gelidiopsis sp 0.00 0.00 0.00 0.00 0.00 0.09 0.05 0.00 0.34 0.16
Gloiocladia rubispora 0.00 0.00 0.00 0.00 0.00 0.00 0.20 0.00 0.18 0.00
Halimeda cuneata 0.00 0.10 0.00 0.36 0.08 0.00 0.17 0.00 0.00 0.00
Haliptilon roseum 0.00 0.07 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00
Heterosiphonia
crassipes

2.98 0.64 6.73 2.69 7.53 5.91 8.15 18.98 11.87 12.81

Hypoglossum sp 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.17 0.09 0.00
Jania verrucosa 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.57 0.71 0.25
Jeannerettia pedicillata 0.00 0.00 0.00 0.00 0.00 0.00 0.06 0.00 0.53 0.00
Laurencia spp 0.00 0.00 0.25 0.00 0.00 0.08 0.00 0.33 0.00 0.00
Lobophora variegata
(dark form)

3.70 1.55 1.86 0.79 2.12 1.71 0.79 0.42 0.91 1.21

Lobophora variegata
(light form)

0.77 0.68 1.17 0.90 1.67 1.96 0.31 0.79 0.74 0.97

Lobospira bicuspidata 0.00 0.00 0.41 1.18 0.00 0.18 0.21 0.21 0.08 0.00
Metagoniolithon
radiatum

1.72 0.48 4.05 1.23 2.01 2.25 0.93 1.16 0.38 0.26

Metagoniolithon
stelliferum

0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.35 0.00 0.00

Pterocladia lucida 0.00 0.00 0.00 0.00 0.00 0.05 0.00 0.00 0.00 0.00
Sargassum subgen.
Arthrophycus

0.34 0.00 0.07 0.00 2.85 1.63 0.00 0.00 0.00 0.00

Sargassum subgen.
Sargassum

39.27 39.94 86.23 116.4 22.13 20.40 44.76 20.74 7.05 7.76

Spatoglossum
macrodontum

0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.11 0.00 0.00

Symphiocladia sp 0.00 0.00 0.09 0.07 0.00 0.00 0.00 0.00 0.00 0.00
Ulva australis 0.00 0.00 0.00 0.05 0.00 0.00 0.00 0.00 0.00 0.00
Zonaria turneriana 0.00 0.00 0.00 1.27 0.00 0.00 0.26 1.10 0.37 0.00
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Table 4.9: Results of NPMANOVA testing for differences in species composition from the
experiments established in (a) June 2000 and (b) December 2000. Data were fourth-root

transformed.

(a) June 2000

Source of variation df MS F P

Treatment 1 609.5 1.21 0.330
Time 2 1 588.8 3.15 <0.001
Tr ¥ Ti 2 430.6 0.85 0.624
Residual 6 505.2

(b) December 2000

Source of variation df MS F P

Treatment 1 679.2 0.95 0.519
Time 1 725.0 1.02 0.468
Tr ¥ Ti 1 467.7 0.66 0.731
Residual 4 712.3

Drift algae

The biomass of drift algae was significantly different between plots with and without

sea urchins (Table 4.10). Plots with sea urchins had, on average, 400% higher biomass
of drift algae (Figure 4.8). In contrast, there was no significant difference in the biomass

of drift seagrass (Table 4.10). Both algae and seagrass showed significant variability
among plots, indicating spatial patchiness in the distribution of drift. The dominant algal

species present as drift were Ecklonia radiata, Plocamium sp. and Lenormandia

marginata (Table 4.11). Of these algae, only Ecklonia was present in the attached algae
harvested from quadrats, and the biomass was low.

Table 4.10: Results of nested ANOVA testing for differences in the biomass of drift algae and
drift seagrass between plots with and without sea urchins.

Drift algae Drift seagrass

Transformation Log x Log x
Cochran’s test C = 0.34, P > 0.05 C = 0.32, P > 0.05

Source df MS F P MS F P

Treatment 1 1.675 6.85 0.040 0.037 0.174 0.691
Plot (Treatment) 6 0.244 3.03 0.035 0.212 5.863 0.002
Residual 16 0.081 0.036
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Table 4.11: Summary of biomasses (g. dry weight m-2) of drift algae and seagrass collected at
the end of the experiment. Biomasses from each experiment pooled. Table shows mean ±

standard deviation.

Treatment -U +U

x SD x SD

Seagrass
Amphibolis spp 3.11 2.10 4.33 3.26
Heterozostera tasmanica 0.04 0.07 0.05 0.09
Posidonia coriacea 2.03 1.48 2.21 2.49
Thalassodendron pachyrhizum 0.03 0.07 0.00 0.00
Algae
Amphiroa anceps 0.05 0.18 0.21 0.73
Bornetia binderiana 0.03 0.09 0.00 0.00
Brongniartella australis 0.00 0.00 0.07 0.23
Callophyllis sp. ? 0.00 0.00 0.05 0.16
Carpothamnion gunniamun 0.00 0.00 0.04 0.13
Caulerpa obscura 0.02 0.06 0.00 0.00
Cladostephus spongiosus 0.03 0.05 0.00 0.00
Codium duthiae 0.05 0.18 0.06 0.21
Dictyomenia sonderi 0.28 0.42 0.58 0.47
Dictyomenia tridens 0.01 0.02 0.00 0.00
Dictyopteris australis 0.02 0.06 0.00 0.00
Dictyota dichotoma 0.04 0.15 0.06 0.18
Dictyota naevosa? 0.00 0.00 0.04 0.08
Dilophus fastigiatus 0.01 0.04 0.00 0.00
Ecklonia radiata 0.38 0.73 4.08 8.87
Glossophora nigricans 0.00 0.00 0.02 0.07
Haloplegma preissi 0.10 0.21 0.16 0.41
Heterodoxia sp. 0.01 0.02 0.00 0.00
Hypnea spp. 0.06 0.09 0.11 0.16
Jeanerettia pedicillata 0.28 0.49 0.75 0.94
Kuetzingia canaliculata 0.01 0.02 0.00 0.02
Laurencia spp. 0.00 0.00 0.01 0.03
Lenormandia marginata 0.36 0.57 1.60 2.15
Lobophora variegata 0.05 0.10 0.27 0.41
Lobospira bicuspidata 0.00 0.00 0.08 0.28
Plocamium mertensii 0.82 0.71 2.43 2.91
Sargassum subgen. Sargassum 0.34 0.42 1.18 1.60
Zonaria turneriana 0.00 0.00 0.06 0.20
Invertebrate
Pyura sp. 0.00 0.00 0.05 0.18
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Figure 4.8: Biomass of drift algae (mean ± SE, n = 3) in plots with and without sea urchins.
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Selection of drift by Heliocidaris

Eight species were over-represented in the drift compared to their relative biomass as

attached algae in at least one of the plots: two species of seagrasses and six species of
macroalgae. (Table 4.12). One brown algae (Ecklonia radiata) and one red algae

(Lenormandia marginata) yielded significantly lower ai values in sea urchin removal

plots, indicating that their abundance in the drift was influenced by the presence of
Heliocidaris (Table 4.12).

Table 4.12: Results of analyses testing the hypothesis that the composition of drift was different
to the composition of algae growing on the reef, using Chesson’s a. P = results of Student’s t-

test of differences between the mean a of urchin-removal and control plots.

Drift species No. of plots in which ai > m-1 P

+U -U
Seagrass
Posidonia coriacea 4 4 0.113
Amphibolis antarctica 3 4 0.095

Macroalgae
Ecklonia radiata 4 0 0.018
Plocamium mertensii 3 3 0.163
Lenormandia marginata 3 0 0.039
Jeannerettia pedicillata 2 1 0.788
Dictyomenia sonderi 2 0 0.299
Dictyomenia australis 0 1 0.356

These results suggest that Heliocidaris retains preferred algae from the drift, leading to
disproportionate representation of these preferred algae in the drift. This hypothesis was

tested by collecting drift from six 0.25 m2 quadrats in November 2001: in each quadrat
drift was separated into items that were loose and items that were retained by sea

urchins. If sea urchins do select preferred algae, then those algae should be present

mainly as drift retained by sea urchins — this hypothesis was tested using one-tailed
paired t-tests. At the time of sampling, only Ecklonia, Amphibolis and Posidonia were

abundant as drift: analyses therefore focussed on these species. Ecklonia was only
present as drift retained by sea urchins, and was never loose: this difference was

significant (t0.05(1),5 = 2.39, P = 0.03). Amphibolis and Posidonia were present as loose-

lying drift and retained by sea urchins: there was no difference in the biomass of loose
drift versus drift retained by sea urchins (P > 0.15 in each case). The results further
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support the idea that Heliocidaris preferentially selects and retains Ecklonia; there was

no evidence to suggest they also preferentially select seagrass.

DISCUSSION

The purple sea urchin Heliocidaris erythrogramma exerted little influence on the

biomass, and no detectable influence on the species composition, of attached

macroalgae in the experiments conducted at Mewstone. However, it exerted a
substantial influence on the biomass of drift algae retained on the reef and preferentially

retained Ecklonia radiata. These results are consistent with the model that Heliocidaris

at Mewstone is not an active grazer, but relies primarily on drift algae for food.

Biomass and species composition of attached algae

No differences in the biomass of macroalgae were detected in the experimental
manipulation of Heliocidaris density. However, a small difference in biomass of

macroalgae was present between plots with and without sea urchins in December 2000
in the first removal experiment, suggesting that they have a slight influence. The result

is consistent with a small amount of grazing, but may also be simply due to pre-emption

of space by Heliocidaris. At the densities observed at Mewstone, Heliocidaris occupies
up to 20% of the space available in small areas. On reefs in south-western Australia,

Heliocidaris tends to occupy depressions in the rock, and individuals probably remain
in these depressions for long periods. By doing this, they may prevent other organisms

from growing on that space — this mechanism could explain the small difference in

algal biomass detected during the summer growth peak.

The difference was only present in December, the beginning of the austral summer,

when Sargassum species reach their annual growth peak; by May (just prior to winter)
the annual thalli have senesced (Kendrick & Walker 1995). The difference in biomass

thus occurred at the growth peak of the dominant algae at Mewstone; at other times the

biomass may have been too low to detect any small differences that might have existed.

No differences were detected in species composition of attached macroalgae in any of

the experiments. A difference would have been expected if Heliocidaris was grazing

preferentially on certain species of algae. The absence of any differences therefore
suggests that Heliocidaris did not show preferential grazing behaviour, or was not

actively grazing.
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Drift algae

The clearest outcome of the experiments was the positive effect of Heliocidaris on the

biomass of drift algae. The difference was significant in the removal experiments, and
approached statistical significance in the experimental manipulation of Heliocidaris

density (P < 0.1). The positive effect was due to the ‘trapping’ behaviour of the sea
urchins: they were observed to hold drift algae with their tube feet, preventing it from

being taken away by water movement.

Several other species of echinoids have been observed to trap algae or other material,
often holding the trapped material over the dorsal surface of the test (Crook et al. 1999,

James 2000, Barnes & Crook 2001). Various explanations have been proposed for the
habit of covering the test with algae or other material, including protection from light

and predators (de Ridder & Lawrence 1982, Barnes & Crook 2001). Dix (1970)

suggested that covering behaviour in the sea urchin Evechinus chloroticus was related
to feeding – that is, the sea urchins were trapping the algae to eat. At Mewstone,

Heliocidaris seemed to be trapping the algae primarily as food. Although some were
observed to hold the algae over the test, many were feeding on it. These observations,

together with the evidence that plots with Heliocidaris contained significantly more

drift than plots without Heliocidaris, is consistent with drift feeding behaviour.

Heliocidaris also showed evidence that they were preferentially retaining some species

of algae from among the drift. The strongest evidence is for the laminarian alga
Ecklonia radiata. The biomass of drift Ecklonia was higher in plots with sea urchins,

and was never present as loose-lying drift; it was always retained by sea urchins. The

high proportion of Ecklonia could not be explained by the amount growing on the reef,
as it grew on the reef only in small quantities. When all plots were pooled, Ecklonia

ranked 35th in biomass of attached algae, but 1st in biomass of drift algae (although the

biomass of drift Amphibolis, a seagrass, was greater). It might have arrived as drift from
elsewhere, either another part of the reef at Mewstone (small patches of Ecklonia grew

in shallower areas), or reefs further offshore. An alternative explanation is that the small
amount of drift that was produced on Mewstone was retained preferentially by

Heliocidaris — however, given the large difference in rankings between attached and

drift algae, this explanation seems unlikely. Other sea urchins have been shown to have
preferences for certain laminarian algae (Vadas 1977, Larson et al. 1980, Schiel 1982,
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Himmelman 1984, Himmelman & Nédélec 1990) — the apparent selection of Ecklonia

may be because it is a preferred food for Heliocidaris.

Effects of sea urchins on macroalgal assemblages

The minor influence of Heliocidaris on the macroalgal assemblage seems to be

relatively unusual. Sea urchin populations of similar, or lower, densities on temperate
reefs elsewhere in the world generally have a much greater influence on their

environment. At Mewstone, densities of Heliocidaris can approach 40 per m2 (Chapter

2), although in the plots used for the Heliocidaris removal experiments densities rarely
exceeded 30 per m2, and mean densities were somewhat lower. Most individuals are in

the size range 5-8 cm test diameter. Similar, or lower, densities of sea urchins of
comparable sizes on temperate reefs elsewhere have been shown to influence the

biomass and species composition of benthos: examples are Strongylocentrotus

fransicanus and S. purpuratus in California (Mattison et al. 1977, Pearse & Hines
1979), Paracentrotus lividus and Arbacia lixula in Europe (Kitching & Ebling 1961,

Benedetti-Cecchi & Cinelli 1995), Evechinus chloroticus in New Zealand (Andrew &
Choat 1982) and Centrostephanus rodgersi in eastern Australia (Andrew & Underwood

1989, Andrew 1993). Experimental reductions of sea urchin densities have shown that

sea urchins can exert a major influence at lower densities (Andrew & Underwood 1993,
Benedetti-Cecchi et al. 1998). Naturally low densities (< 5 per m2) of P. lividus can

influence the abundance of macroalgae (Palacín et al. 1998).

Few studies have yielded the conclusion that sea urchins at densities comparable to

those at Mewstone have no influence on the benthos. However, one such result was

reported by Day & Branch (2002): removal of Parechinus angulosus from reefs in
South Africa yielded no change in the cover of foliose algae or the number of holdfasts

or sporelings of the kelp Ecklonia maxima. In that study, there was a decline in the

biomass of drift kelp when sea urchins were removed (Day  & Branch 2002), a result
that suggests that the absence of an effect was because P. angulosus was feeding on

drift algae.

It remains possible that Heliocidaris may influence the attached algae over longer

periods, as the temporal scale of this study was limited (< 2 years). Over longer time

periods, changes in the density or behaviour of Heliocidaris may occur that could result
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in stronger effects on the reef community — as observed for Strongylocentrotus

fransiscanus in Californian kelp forests (Harrold & Reed 1985, Dayton 1992).

Drift feeding and ‘spatial subsidy’ by drift algae

Consumption of drift is a common mode of feeding by echinoids (Lawrence 1975,

Lawrence 1987), and has been observed in many species of sea urchins (e.g. Mattison et
al. 1977, Duggins 1981b, Verlaque & Nédelec 1983, Contreras & Castilla 1987,

Rodríguez & Fariña 2001). In some instances consumption of drift has been invoked as

a possible reason for unexpected lack of effects of sea urchins on benthos (Bulleri et al.
1999, McClanahan 1999). However, the amount of drift has rarely been quantified. In

the studies in which drift has been quantified, various patterns have emerged. In
California, drift algae are more abundant inside Macrocystis stands than outside

(Harrold & Reed 1985), and this probably enables Strongylocentrotus to remain in

shelters instead of foraging in the open (Lowry & Pearse 1973, Harris et al. 1984,
Harrold & Reed 1985). Harrold & Pearse (1987) suggested that fluctuations in the

amount of drift cause switches in the feeding behaviour of Strongylocentrotus, and this
in turn influences the recruitment and growth of macroalgae.

The studies in the Macrocystis stands of California suggest that sea urchins feed on drift

generated within the forest that they live in. This does not seem to be the case at
Mewstone. The greatest biomass of drift algae in May was recorded for the kelp

Ecklonia radiata, and the red algae Plocamium sp. and Lenormandia marginata. None
were dominant components of the algal assemblage at Mewstone. Ecklonia is abundant

at reefs elsewhere on the south-western Australian coast (Phillips et al. 1997), but at

Mewstone is restricted to a few small stands; juvenile Ecklonia occurred in the
experimental plots, but in low densities, and exhibited no differences between +U and

–U treatments. Plocamium and Lenormandia did not occur in the experimental plots

except as drift (although Plocamium does grow epilithically elsewhere); at Mewstone
both are more commonly found as epiphytes of larger macroalgae and the seagrass

Amphibolis griffithii, which grows in large meadows around Mewstone.

The main food for Heliocidaris at Mewstone is probably drift that comes from

elsewhere, either from adjacent seagrass beds or reefs further offshore. Further evidence

for this was provided by the study of the diet of Heliocidaris at Mewstone: greater
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quantities of seagrass, which is available only as drift, were present in the gut contents

of sea urchins in winter, when water movement is greatest (Chapter 3).

Such reliance on inputs of food from elsewhere has been termed ‘spatial subsidy’ (Polis
et al. 1997). Potentially, subsidies of this nature can lead to strong indirect effects on

community composition (Polis & Strong 1996). For example, in some parts of southern
Africa, exceptionally high biomass of intertidal limpets are maintained by subsidies in

the form of drift kelp; the limpets in turn exert a strong influence on the intertidal

community, preventing macroalgae and other organisms from establishing (Bustamante
et al. 1995). At Mewstone, Heliocidaris is apparently maintained by subsidies of drift

macroalgae and seagrass, but exert a limited influence on the epilithic macroalgae

around them.

Of the hypotheses outlined in the introduction, there was only weak evidence to support

the hypothesis that Heliocidaris influenced the biomass of attached macroalgae, no
evidence to support the hypothesis that Heliocidaris influenced the species composition

of attached macroalgae, and strong evidence to support the hypothesis that Heliocidaris

influenced the biomass of drift retained at Mewstone. I propose that at Mewstone
Heliocidaris is ‘subsidized’ by drift from elsewhere; this results in weak interactions

between Heliocidaris and the attached macroalgae, and limited short-term effects on the
macroalgal assemblage.
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Chapter 5

Relative effects of sea urchins and fish on adult and

recruiting macroalgae at Mewstone, south-western

Australia
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INTRODUCTION

The feeding activities of herbivores often determine the distribution and abundance of

marine macrophytes. In most ecosystems there is a variety of herbivores, usually
representing several phyla. In temperate subtidal ecosystems the most typical herbivores

are sea urchins, gastropods, and crustaceans (Gaines & Lubchenco 1982), although fish

may also be important herbivores in some places (Choat 1982, Jones & Andrew 1990).

The effects of these main groups of taxa vary in magnitude across space and through

time. For example, while a major influence by gastropods on algal assemblages in rocky
intertidal habitats is common, their influence on algal assemblages in subtidal habitats is

generally of lower magnitude (Hawkins & Hartnoll 1983). In contrast, sea urchins can

be a major influence in both intertidal and subtidal habitats (Paine & Vadas 1969,
Lawrence & Sammarco 1982, Harrold & Pearse 1987), but their influence can vary

dramatically in space (e.g. Mattison et al. 1977, Christie et al. 1995) and time (e.g.

Scheibling 1986, Watanabe & Harrold 1991). Herbivorous fish, while generally not
thought to be a major influence in temperate marine habitats (Gaines & Lubchenco

1982), can also exert a localised influence (Harris et al. 1984, Andrew & Jones 1990,
Berry & Playford 1992, Sala & Boudouresque 1997, Ojeda & Muñoz 1999).

The feeding activities of a variety of herbivores, each with characteristic feeding

behaviour and together encompassing a range of body sizes, might be an important
influence on algal assemblages (Lubchenco & Gaines 1981). Simple diversity-function

models predict positive relationships between diversity and the rates of ecosystem
processes (Tilman 1999). At the simplest level, we may therefore predict a positive

relationship between herbivore diversity and overall rates of herbivory. However,

interactions among herbivores, and between herbivores and plants, may be complex,
and simple models predicting additive effects might not be accurate (Ritchie & Olff

1998).

Predictions based on diversity-function models about the effects of herbivore diversity

have not been widely tested (although see Ritchie & Olff 1998, Duffy & Hay 2000 for

some exceptions). One prediction is that decreases in the functional diversity of
herbivores will result in reduced rates of herbivory on all or some components of an

algal assemblage. The reduction in herbivory might then be manifested by greater
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recruitment and increased overall biomass, or perhaps by increases in only preferred

food plants, leading to changes in diversity and species composition. Furthermore, the

changes might be monotonic (suggesting an additive effect of different herbivores) or
variable, according to the strength of influence of different herbivores.

Tests of these predictions have particular relevance in a context of biodiversity loss. For
example, in the Caribbean coral reefs with previously high coral cover have experienced

a ‘phase shift’ to reefs dominated by macroalgae (Hughes 1994), a shift that may be due

to the progressive loss of most types of herbivores due to overfishing and disease
(Hughes 1994, Jackson 2001).

In subtidal reef habitats in south-western Australia, sea urchins and herbivorous fishes

are abundant (Chapter 2 of this thesis; Howard 1989, Harman 2001). Here, the
hypothesis that these herbivores exert additive effects on the macroalgal assemblage

was tested by a long-term (13 month) experiment. Specific predictions were that there
would be effects on recruitment of macroalgae to limestone plates, and that there would

be effects on the biomass and species composition of the algal assemblages growing on

the reef.

METHODS

Site description

The experiment was conducted approximately 300 m north of Mewstone Rock

(32°04´56˝ S, 115°39´36˝ E), a rocky islet located approximately 8 km off the coast of

Fremantle, Western Australia. The reef is comprised of aeolianite limestone; in the
experimental area the depth was generally 7-8 m. The dominant canopy algae at this

location were Sargassum spp.: other prominent algae included Heterosiphonia

crassipes, Amphiroa anceps and Lobophora variegata. Densities of sea urchins in the

experimental area ranged from 1 to 20 individuals per m2. Herbivorous fishes present

included species of the genera Parma, Odax and Kyphosus.

Experimental design

The experiment consisted of four experimental treatments and a fifth, unmanipulated,
control treatment. The four experimental treatments were:

• exclusion of both fish and sea urchins (–F–U)
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• exclusion of fish, allowing access by sea urchins (–F+U)

• exclusion of sea urchins, allowing access by fish (+F–U)

• a partial cage to allow access by both fish and sea urchins, while mimicking the
effects of the structures used in the previous treatments (+F+U).

For the –F–U treatment, plots were caged, with the top and sides enclosed down to the
reef surface (Figure 5.1a). For the –F+U treatment, a roof was included to restrict

grazing by fish, but sides were not enclosed so that sea urchins (and other invertebrates)

could move in and out (Figure 5.1b). For the +F–U treatment a 50 cm tall fence
structure was used to enclose each plot, thus preventing access by sea urchins while

allowing access by fish (Figure 5.1c). The +F+U treatment had three sides enclosed and

a partial roof covering half the plot: this design is similar to cage controls used in some
other studies (Steele 1996, McCook 1997).

There were four replicate plots for each treatment. Each plot measured 1.5 m ¥ 1.5 m

(2.25 m2). To establish the cages and fences, holes were drilled in the reef, and steel
bars hammered into the holes. The cage, roof and fence structures were tied to these

bars with elastic cord. These structures were made of 60 ply black polyethylene net

mesh (2 inch stretched) with a border of double-braided polyester rope (10 mm
diameter) along the top and bottom. For the treatments other than the –F+U treatment,

the mesh was secured to the reef with steel pegs. The unmanipulated control plots were
marked with steel bars but were not otherwise modified.

The experiment was begun in April 2000, and the structures were regularly replaced to

prevent excessive fouling. Sea urchins were removed from the plots allocated to the
–F–U and +F–U treatments when the cage and fence structures were erected. Any sea

urchins found in these plots during the course of the experiment were removed.
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(a)

(b)

(c)

Figure 5.1: Examples of (a) the –F–U (b) the –F+U and (c) the +F–U exclusion plots used in the
experiment.
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Adult algae

On three occasions during the experiment (April, July and November 2000), the species

of attached macroalgae present were identified, and their percent cover estimated, from
a 0.25 m2 quadrat placed in the centre of each plot.

At the end of the experiment (May 2001), attached algae were harvested from a 0.25 m2

quadrat placed in the centre of each plot. The algae were placed in calico bags,

transported to the laboratory and frozen. Algae were subsequently sorted to species

level, dried in an oven at 80ºC for 48 hours, and weighed.

Recruitment plates

To test whether herbivores exerted detectable influences on recruitment of macroalgae,
rectangular limestone plates measuring 300 ¥ 160 ¥ 30 mm were used. They were first

conditioned by leaving them in seawater in the laboratory for several days. They were

then placed in situ adjacent to the study area for a period of several weeks — during this

time they were not placed into the experimental plots to allow settlement of algal
propagules (this was done because cage structures would potentially hinder settlement

of algal propagules, and then interpretations about the effects of herbivores on
recruitment could be confounded by variations in settlement). After this period, one

plate was placed flat on the substratum in each plot and secured to a metal rod.

When collecting the recruitment plates, they were carefully placed in plastic bags to
avoid abrasion of algae growing on them, and the bags were then placed into a crate

which was lifted to the boat. After collection, the plates were transported to the
laboratory and frozen.

The total biomass of algae that had recruited to the plates was measured as ash-free dry

weight (AFDW). To do this, all algae within a 140 ¥ 100 mm area in the centre of the

plate were scraped off with a razor blade. The material was placed into a pre-weighed
crucible and dried in an oven at 80ºC for 48 hours (to yield dry weights). The crucibles

were then weighed, put in an oven at 550ºC for 2 hours and weighed again (to yield ash

dry weights). Subtraction of ash dry weights from dry weights yielded AFDW.
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Caging artefacts

To test whether the cage structures used were modifying local environmental

conditions, the effects of cages on the rate of sediment deposition, and the intensity of
light reaching the algal assemblages, were evaluated.

The rate of sediment deposition was estimated using sediment traps in January 2001.
Traps were made from PVC pipe (16 mm internal diameter, 150 mm long) with one end

closed. One trap was placed in each plot, secured to a steel rod, and left for ten days.

When retrieved, traps were closed with a cap, then transported to the laboratory and
refrigerated. Material from each trap was passed through a 125 mm sieve; the particles

retained were put into a pre-weighed crucible, dried in an oven at 60°C for 24 hours and

then weighed. The rinse water that passed through the sieve was drawn into syringes
and passed through pre-combusted Whatman GF/F glass microfiber filters; the filters

were then put into pre-weighed crucibles, dried in an oven at 60°C for 24 hours and

then weighed. (Ash-free dry weights were also measured, but these did not yield
different patterns and so are not presented here).

Light intensity (µE m-2 sec-1) in the cages was measured over 20 days in April-May
2001. Light loggers (Model 392, Dataflow Systems Pty Ltd) were deployed in two plots

each of the –F–U, –F+U and unmanipulated control treatments. However, only two of

these were retrieved (one each from the –F–U and –F+U treatments): the others were
lost during rough conditions, when they became detached and floated away.

Data analysis

Total biomass of recruiting organisms, of attached macroalgae harvested from quadrats,

and the mass of particles collected in the sediment traps were analysed by one-way

ANOVA. The aim of this was to test for differences among the experimental treatments.
When significant differences were detected, the nature of differences was explored

using planned contrasts. In this procedure, the first step involved comparing the
unmanipulated control plots to the partially-caged +F+U plots. If this step yielded a

significant difference between these two treatments (indicating that the cage structures

were themselves influencing the biota), further comparisons with other treatments were
restricted to the partially-caged treatment. If the comparison of unmanipulated control

plots to the partially-caged plots did not yield a significant difference, the next step
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involved comparing each of the other treatments to the mean of all the control plots (i.e.

the unmanipulated and the partially-caged control plots combined).

Patterns in the densities of Sargassum among treatments and dates were analysed by
repeated-measures ANOVA; data were tested for sphericity using Mauchly’s sphericity

test.

Differences in the assemblage structure of attached algae among treatments were tested

using one-way nonparametric analysis of variance (NPMANOVA: Anderson 2001,

McArdle & Anderson 2001). Separate analyses were performed for each date on which
percent covers were measured and for the final date for which biomass was measured.

Patterns in assemblages were assessed by semi-strong hybrid multidimensional scaling

ordination (SSH: Belbin 1991). All multivariate analyses were based on Bray-Curtis
dissimilarities calculated from untransformed data.
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RESULTS

Sea urchins

The manipulation of sea urchins was effective. Before the start of the experiment there
were no significant differences in densities of sea urchins among the experimental

treatments (Table 5.1). After sea urchins were removed from the two sea urchin

exclusion treatments (i.e. the –F–U and +F–U treatments), densities remained
significantly lower than other treatments for the remainder of the experiment (Table 5.1;

Figure 5.2). By November, sea urchin densities in the unmanipulated control were
higher than the +F+U and –F+U treatments (Figure 5.2), but this difference was not

statistically significant (F0.05(2),2,9 = 1.7, P = 0.23).

Table 5.1: Results of one-way ANOVAs testing for differences in densities of sea urchins among
treatments before the start of the experiment (March 2000) and on two dates during the

experiment (June and November 2000).

Date of counts March 2000 June 2000 November 2000

Transformation None None None
Cochran’s test C = 0.35,

P>0.05
C = 0.45,
P>0.05

C = 0.58,
P>0.05

F4, 15 0.249 9.070 9.504
P P>0.5 P<0.001 P<0.001

Figure 5.2: Densities (n = 4, ± SE) of sea urchins in experimental plots before the start of the
experiment (March 2000) and on two dates during the experiment (June 2000 and November

2000).
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Algal assemblage

There were large differences among treatments in total biomass of attached algae

harvested at the end of the experiment (Table 5.2). Planned contrasts yielded a
significant difference between the unmanipulated control and the partial cage control

(Table 5.2): biomass was higher in the unmanipulated control (Figure 5.3). Further
contrasts between the other treatments and the partially-caged control yielded no

statistically significant differences; however, there was generally higher biomass in the

+F-U treatment (Figure 5.3).

Table 5.2: Results of ANOVA testing for differences in total biomass of attached algae among
treatments at the end of the experiment (May 2001).

Transformation Untransformed
Cochran’s test C = 0.43, P > 0.05

Source of variation df MS F P

Treatment 4 264.36 4.033 0.020
Residual 15 65.55

Contrasts
Unmanipulated control vs +F+U  P = 0.03
-F-U  vs  +F+U P = 0.80
-F+U  vs  +F+U P = 0.52
+F-U  vs  +F+U P = 0.16

Figure 5.3: Mean biomass of attached algae (± SE, n = 4) harvested from each treatment at the
end of the experiment. Analysis of these data is shown in Table 5.2.
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There were no significant differences among treatments in species composition of the

algal assemblage on any of the three dates on which visual estimates of percent cover

were made (Table 5.3). However, there did seem to be a trend towards changes in the
macroalgal assemblages as the experiment progressed — this conclusion is supported

by the increase in the mean squares, and the decline in the P-values, as the experiment
progressed (Table 5.3)

When attached algae were harvested at the end of the experiment, there were significant

differences among treatments in species composition (Table 5.4). The ordination helps
interpret this result. In the ordination space, quadrats harvested from the unmanipulated

control and the +F–U treatment (neither of which had any roof structure) cluster close

together; in contrast, quadrats harvested from the +F+U partially-caged control and the
–F–U and –F+U treatments (all of which had some roof structure) were more dispersed,

reflecting greater variability (Figure 5.4).

The differences were primarily due to the biomass of Sargassum: plots without roof

structures (i.e. the unmanipulated control and the +F–U treatments) yielded a

Sargassum biomass of 8.3 g. dry weight 0.25 m-2, while all plots with some roof
structure yielded a Sargassum biomass of 0.8 g. dry weight 0.25 m-2.

However, when differences in Sargassum densities among treatments during the
experiment were tested with repeated-measures ANOVA, there were no significant

differences among treatments and no significant Treatment ¥ Time interaction (Table

5.5). There was a significant decline in Sargassum densities from April to November

(Figure 5.5; Table 5.5).
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Table 5.3: Results of NPMANOVA testing for differences in species composition: tests were
based on Bray-Curtis similarities calculated from untransformed percent cover data recorded on

three dates during the experiment.

Source of variation df MS F P

April 2000
Treatment 4 1 038.66 0.8576 0.6802
Residual 15 1 211 .60

July 2000
Treatment 4 1 116.40 0.9810 0.4984
Residual 15 1 138.07

November 2000
Treatment 4 1 784.66 1.4237 0.1032
Residual 15 1 253.54

Table 5.4: Results of NPMANOVA testing for differences in species composition: tests were
based on Bray-Curtis similarities calculated from untransformed biomass data from quadrats

harvested at the end of the experiment (May 2001).

Source of variation df MS F P

Treatment 4 5 293.3 1.49 <0.001
Residual 15 3 561.6

Figure 5.4: Ordination of all experimental plots: ordination is semi-strong hybrid
multidimensional scaling, based on Bray-Curtis dissimilarities calculated from untransformed
biomass of attached algae harvested at the end of the experiment. Analysis of these data is

shown in Table 5.4.
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Table 5.5: Results of repeated-measures ANOVA testing for differences in densities of
Sargassum spp. among treatments and times.

Source of variation df MS F P
Treatment 4 41.97 0.81 0.537
Plot (Treatment) 15 51.67
Time 2 57.35 5.25 0.011
Treatment ¥ Time 8 15.79 1.44 0.218
Within plots 30 10.92

Mauchly’s test for sphericity W = 0.92, c2 = 1.46, P > 0.4

Figure 5.5: Mean densities of Sargassum (± SE, n = 4) recorded in each treatment on three
dates during the experiment.
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Recruitment plates

Patterns in the biomass of recruiting organisms varied between times of deployment.

Plates left from April to September 2000 (five months) yielded significant differences in
biomass (AFDW) among treatments (Table 5.6). Planned contrasts showed that

unmanipulated controls yielded more biomass than the partially-cage controls (Table
5.6; Figure 5.6). Further contrasts of the other treatments with the partially-caged

controls showed that plates from the –F+U treatment yielded significantly more

biomass; there was also more biomass on plates from the –F–U treatment, but this
difference was not statistically significant. The greater biomass on plates in the two –F

treatments cannot be simply attributed to a few taxa, as a diverse array of species were
present (see example in Figure 5.7a).

Plates left from December 2000 to February 2001 (three months) also yielded

significant differences in biomass of recruiting organisms among treatments. Here, there
were no significant differences between unmanipulated controls and the partially-cage

controls (Table 5.6). There was significantly more biomass on the plates left in the
–F–U treatments than the combined controls; neither the –F+U nor the +F–U treatments

were different from the controls (Table 5.6; Figure 5.6). The greater biomass in the

–F–U treatments was due to large amounts of foliose green algae that were much less
abundant in the other treatments (see example in Figure 5.7b).

Plates left from February 2001 to May 2001 (three months) yielded no significant
differences in biomass of recruiting organisms (Table 5.6). The large biomass of foliose

algae that typified some treatments in the previous periods was absent (Figure 5.6).

Similarly low biomass was observed from one-month plate deployments by Lee (2000)
for the months of April to June 2000.
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Table 5.6: Results of ANOVAs testing for differences in AFDW of recruiting organisms among
treatments for three different periods of deployment.

(a) April 2000 to September 2000

Transformation Untransformed
Cochran’s test C = 0.50, P > 0.05

Source of variation df MS F P

Treatment 4 1.165 5.849 0.005
Residual 15 0.199

Contrasts
Unmanipulated control vs +F+U  P = <0.001
-F-U  vs  +F+U P = 0.098
-F+U  vs  +F+U P = 0.036
+F-U  vs  +F+U P = 0.545

(b) December 2000 to February 2001

Transformation Untransformed
Cochran’s test C = 0.35, P > 0.05

Source of variation df MS F P

Treatment 4 0.393 5.711 0.005
Residual 15 0.069

Contrasts
Unmanipulated control vs +F+U  P = 0.228
-F-U  vs  combined controls P < 0.001
-F+U  vs combined controls  P = 0.662
+F-U  vs combined controls P = 0.261

(c) February to May 2001

Transformation Untransformed
Cochran’s test C = 0.56, P > 0.05

Source of variation df MS F P

Treatment 4 0.036 0.525 0.719
Residual 14 0.069
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Figure 5.6: Mean biomass (±SE, n = 4) of recruiting organisms growing on limestone plates left
inside plots during three different periods of the experiment. Analyses of these data are shown

in Table 5.6

(a) (b)

Figure 5.7: Examples of the limestone plates from (a) the –F–U treatment, left in situ from April
2000 to September 2000, showing the diversity of algae present and (b) the –F–U treatment,
left in situ from December 2000 to February 2000, showing the large amount of foliose green

algae that typified plates from this treatment.
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Testing for caging artefacts

The cages had no detectable influence on the amount of sediment collected in the

sediment traps. Analyses of coarse (> 125 mm) and fine (< 125 mm) particles yielded the

same conclusions, so only the analysis of pooled data is shown (Table 5.7). This result
suggests that there was little or no change in sedimentation rate due to the cages or

fences.

Table 5.7: Results of ANOVA testing for differences among treatments in dry weight of material
collected in sediment traps over a ten day period in January 2001. Data were homoscedastic

(Cochran’s test; C = 0.49, P > 0.05) and so were not transformed. § = df for residual reduced to
account for two missing sediment traps.

Source of variation df MS F P

Treatment 4 0.0335 0.462 0.762
Residual 13§ 0.0723

The light loggers recorded a steady decrease in light intensity over the 20 days they

were deployed (Figure 5.8). Light reduction was rapid, decreasing by >20% after 5
days, >50% after 10 days and >90% after 20 days. The magnitude of the decrease in

light intensity cannot be unequivocally attributed to light attenuation by the roof alone,

as the sensors themselves can be overgrown by microalgae.
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Figure 5.8: Decline in the maximum daily irradiance recorded by two light loggers deployed in
caged plots for 20 days.
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DISCUSSION

This study was designed to test hypotheses about whether sea urchins and fishes exerted

additive effects on recruiting macroalgae, and/or on the biomass and composition of
adult macroalgae. There were some results consistent with an influence by fish on

recruiting algae; however, an alternative (although not exclusive) explanation for

patterns observed is that the cage structures themselves exerted some influence on the
algal assemblage independent of herbivore exclusion.

Explanation 1: Effects of herbivores?

There was little evidence to suggest that fish and sea urchins exerted additive effects on

the macroalgal assemblage. To reach such a conclusion, the –F–U treatment alone

needed to differ consistently from other treatments. In fact, this occurred once. The
biomass of algal recruits present on plates deployed in the –F–U treatment from

December 2000 to February 2001 was significantly higher than all other treatments.
This result is consistent with additive effects of both types of herbivores: however, two

of the three sets of data from the recruitment plates yielded no patterns consistent with

this conclusion. It is possible that high growth rates in December to February (the
austral summer) allowed detection of effects that were too small to detect when growth

rates were lower, but the data are too limited to draw broad conclusions. Kennelly
(1991) showed that experiments conducted in the same month in two consecutive years

yielded different results, highlighting that general conclusions about seasonality from

one set of data are not appropriate.

There was equivocal evidence to support the hypothesis that herbivory by fish had an

influence on the macroalgal assemblage. If herbivory by fish influenced macroalgae, the
two –F treatments should have differed from the other manipulated treatments. This

occurred for measures of the biomass of recruiting organisms, but not in a consistent

way that allows unambiguous conclusions. On one set of plates (April-September 2000)
there was significantly higher biomass in the –F+U treatment; there was also higher

biomass in the –F–U treatment, but this difference was not statistically significant. On

another set of plates (December 2000-February 2001) there was significantly higher
biomass in the –F–U treatment, but not in the –F+U treatment. The inconsistency of

these results means that simple conclusions about the effects of fish are not possible
from the results of this experiment.
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There was essentially no evidence to support the hypothesis that herbivory by sea

urchins influenced the macroalgal assemblage. To conclude that herbivory by sea

urchins influenced macroalgae, the two –U treatments should have differed from the
other manipulated treatments. This did not occur. While the absence of a detectable

effect is poor support for a conclusion that there is no effect (Parkhurst 2001), the lack
of difference in biomass and species composition of attached macroalgae between the

unmanipulated controls and the +F–U treatment suggests that sea urchins did indeed

have no influence.

Explanation 2: Artefacts of caging?

An alternative explanation for the patterns observed invokes caging artefacts, rather
than herbivory, as the reasons for differences. It is well-known that changes to the

environment due to caging artefacts may be so great that they override changes due to

herbivore exclusion (Vadas 1985, Steele 1996, Connell 1997). In this study, there was
no evidence for changes in the rate of sediment deposition due to caging, but there was

evidence that light intensity decreased in cages over time, almost certainly due to
fouling on the tops of cages. The decreasing light intensity cannot be unequivocally

attributed to light attenuation by the roof alone, because the light sensors can be

overgrown by microalgae (and the sensors in control plots that would have disentangled
these two processes were lost). However, it is probable that most of the light attenuation

was due to algae growing on the cages. The lower biomass and more variable species
composition observed in caged and roofed plots at the end of the experiment were

probably partly due to light attenuation by the roofs.

Lower light intensity in caged and roofed plots could explain the difference in
macroalgal biomass, especially Sargassum. Light levels recorded in the cages after 20

days were in the order of 5-10 µE m-2 sec-1. The levels of irradiance needed to reach

compensation for most macroalgae are approximately 2-11 µE m-2 sec-1 (Lobban &
Harrison 1994); for Sargassum it is approximately 10-30 µE m-2 sec-1 (Gao & Umezaki

1988). The light available in the cages at some periods may therefore have been
insufficient for photosynthesis to exceed respiration. Towards the end of summer, this

might have combined with the seasonal senescence of Sargassum (Kendrick & Walker

1994) to greatly diminish the Sargassum canopy.
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Why then was biomass of recruiting algae higher in these plots? One interpretation is

that a decline in canopy algae released the algal recruits from competition. This

interpretation is supported by the fact that the algal recruits that contributed to the
increased biomass in this treatment were ephemeral, fast-growing foliose green algae.

However, there are several inconsistencies with this interpretation. For example, while
the –F+U treatment experienced the greatest decline in densities of Sargassum (see

Figure 5.5), and yielded the least biomass of attached algae the end of the experiment

(see Figure 5.3), it did not always yield the highest biomass of recruiting organisms.

The possibility that reduced light intensities may have negatively influenced the

macroalgae (and indirectly benefited recruiting algae) confounds conclusions about the

effects of fish, because the treatments that excluded fish also incorporated a roof. It is
true that recruiting algae in some of the fish exclusion plots yielded higher biomass than

the partially-caged controls, which also incorporated a roof over half the plot: however,
because such partial cages cannot fully imitate the modifications of the environment

made by full cages (Vadas 1985, Steele 1996), conclusions remain equivocal.

The difficulty of interpreting the results of caging experiments was highlighted by
Kennelly (1991), who found that increases in cover of algae and sessile invertebrates

were difficult to separate from the potential effects of cages — particularly changes in
sediment cover in that study.

The fenced plots were unlikely to be affected by artefacts, so the conclusion that sea

urchins exerted little or no influence remains the most parsimonious explanation for the
lack of difference between +F-U plots and unmanipulated control plots at the end of the

experiment. This result further supports the results presented in Chapter 4, in which a
series of experiments at a nearby location indicated that the effects of sea urchins were

negligible.

Fish vs sea urchin herbivory

There appears relatively little evidence for or against the presence of additive effects of

fish and sea urchins in similar ecosystems elsewhere. Experiments in which researchers
have attempted to disentangle the relative contributions of fish and sea urchins towards

herbivory in marine communities have been few, except in the Caribbean (e.g.

Carpenter 1986, Foster 1987, Morrison 1988b).
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Experiments in Caribbean coral reef ecosystems, designed to contrast herbivory by sea

urchins (predominantly Diadema antillarum) and fish, generally showed that sea

urchins exerted the greatest influence on macroalgae: sea urchin grazing was generally
so dominant that the effects of fish were not detectable (Carpenter 1986, Foster 1987).

However, Morrison (1988) found differential susceptibility of algal species to sea
urchins and fish: different species composition was observed where both fish and sea

urchins were prevented than where only sea urchins were excluded. However, to

prevent fish Morrison placed experimental units at places 30-40 m from the reef, so an
alternative explanation for the patterns observed is differential dispersal of propagules

from the reef.

Some experiments showed that, where sea urchin grazing was less important, for
example on deeper reefs, fish influenced algal species composition (Carpenter 1986,

Morrison 1988a). This observation illustrates how complex interactions can yield
results contrary to the predictions of simple models: the influence of fish may depend

on the presence or absence of sea urchins. Experiments have shown that densities of

herbivorous fish increase when sea urchins are removed (McClanahan et al. 1994,
McClanahan et al. 1996). Similarly, fish densities increased on Caribbean reefs after the

mass mortality of Diadema (Hay 1984, Carpenter 1990b, Robertson 1991). Those
results suggest that competition between fish and sea urchins may exist, at least in some

tropical locations: such interactions are not accommodated in simple diversity-function

models (Ritchie & Olff 1998).

Little comparable work has been conducted on temperate reefs. In one of the few

ecosystems that has been studied — temperate reefs near Sydney, Australia — the
herbivorous fish Odax cyanomelas and the sea urchin Centrostephanus rodgersii tend to

be spatially segregated; fish tend not to forage in areas that have been intensively grazed

by sea urchins (Andrew & Jones 1990, Jones & Andrew 1990). However, Andrew
(1994) found that grazing by O. cyanomelas augmented mortality of the kelp Ecklonia

radiata within areas that were intensively grazed by sea urchins, a result that suggests
limited additive effects of sea urchins and fish.

The evidence from these studies argues against models of simple additive effects of

herbivore diversity in marine ecosystems. Rather it supports an ‘idiosyncratic’ model
(Lawton 1994): in such a model, knowledge of diversity alone does not allow accurate
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predictions, because the presence of certain species can influence outcomes in a

disproportionate way.

The results presented here provide equivocal evidence for an influence by fish, and
strong evidence that sea urchins have little influence on the algal assemblage. The

absence of any effects of sea urchins probably relate to the preferred mode of feeding of
the dominant sea urchin, Heliocidaris erythrogramma, which feeds primarily on drift

algae in the area studied (Chapter 4). The complexity of differences in feeding

behaviour and inter-species interactions implies that simple predictions from diversity-
function models are unlikely to accurately predict outcomes of decreasing consumer

diversity.
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Chapter 6

Synthesis

In the midst of the word he was trying to say,

In the midst of his laughter and glee,

He had softly and suddenly vanished away—

For the Snark was a Boojum, you see.

The Hunting of the Snark, by Lewis Carroll
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AIMS

My primary aims in this thesis were to identify the important herbivorous invertebrates

inhabiting subtidal reefs in south-western Australia, and to study the effects of removing
them on macroalgae assemblages. My motivation for this was to derive lessons about

the effects of removing herbivores from ecosystems. This in turn was motivated by a

desire to better understand and predict more specifically the effects of local extinctions:
therefore a secondary aim was to identify what the limitations to the accuracy of such

predictions might be.

Predictions about the effects of losing a species from an ecosystem are not always

straightforward, because ecosystems are complex, comprised of a multitude of species

that directly and indirectly interact with each other. The outcomes of these interactions
depend in complex ways on whether the interactions are donor-controlled (also called

‘bottom up’ control) or consumer-controlled (‘top down’ control), and on the influence

of multiscale biophysical processes (Polis & Strong 1996, Menge 2000). Schemes of
classification, such as guilds or functional groups, pool over some of this variability, so

that general patterns can be identified (Hay 1994). I tested whether general patterns
observed in many marine ecosystems for a coarsely-defined guild (‘generalist

herbivores’) would yield accurate predictions in a relatively poorly-known ecosystem

(subtidal rocky reefs in south-western Australia).

In the introduction to this thesis, I proposed a model of ‘consumer-control’ to predict

that herbivorous invertebrates would influence the macroalgae that are a prominent
feature of subtidal reefs in south-western Australia. To test this model, I first identified

the main herbivorous invertebrates by studying distribution and diet; I found a single

species, the purple sea urchin Heliocidaris erythrogramma, to be the most abundant
herbivorous invertebrate. I then tested hypotheses about the effects of removing this

species, and of excluding guilds of sea urchins and fishes, using ‘press’ experiments.

MAJOR FINDINGS

Patterns in the abundances of large invertebrate herbivores

Large invertebrate herbivores were present on all reefs surveyed along > 400 km of
coastline. Generally diversity was low; only three species of sea urchins (Heliocidaris

erythrogramma, Phyllacanthus irregularis, Centrostephanus tenuispinus) and two
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species of gastropods (Turbo torquatus, Australium squamifera) were frequently

recorded. Overall, sea urchins were more abundant than gastropods. The purple sea

urchin, Heliocidaris erythrogramma, was present at all of the reefs surveyed, and was
usually the most abundant species.

Spatial patterns in abundances were unique for each species of sea urchin, and temporal
variability over 26 months was low. Abundances of Heliocidaris and Centrostephanus

varied greatly among regions separated by tens to hundreds of kilometres, and among

reefs separated by a few kilometres within regions. Both were most abundant in the
Fremantle region, but Heliocidaris was recorded in all regions, while Centrostephanus

was recorded only in two regions. In contrast, abundances of Phyllacanthus were more

consistent, and showed little variation among regions, or among reefs within regions.

Within reefs, Heliocidaris was found on flat to sloping rock in open areas of reef, and

on sloping to vertical rock at the base of steep reef faces; Centrostephanus and
Phyllacanthus were mainly found in the latter habitat. Where all three species of sea

urchins occurred in high densities at the base of steep reef faces, there was little or no

segregation of species.

Trophic positions of sea urchins

The three most abundant species of sea urchins occupied different trophic positions.
Heliocidaris yielded d15N ratios consistent with those expected for a herbivore, and

direct observations of gut contents showed that it mainly fed on foliose brown algae.

Phyllacanthus and Centrostephanus also consumed large proportions of foliose brown

algae, but yielded higher d15N ratios than expected for herbivores. Direct observations

of gut contents showed that they both regularly consumed animal tissue, mainly sessile
fauna such as sponges and ascidians, but also mobile fauna such as crustaceans.

Although algae form the bulk of their diet, Phyllacanthus and Centrostephanus are
omnivores, consuming and assimilating prey from multiple trophic levels.

The differences in trophic position and diet are consistent with food resource

partitioning. One further observation is consistent with this: while analysis of d15N

suggested that Phyllacanthus and Centrostephanus occupied similar trophic positions,
wherever they occurred together the composition of their gut contents was different.

Consistent patterns of difference were generally not present; the exception is the
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consistently higher presence of sand / rock fragments in the gut of Centrostephanus —

perhaps indicating a more active grazing feeding behaviour (de Ridder & Lawrence

1982).

Effects of Heliocidaris on macroalgae

The observation that Heliocidaris was the most abundant herbivorous invertebrate,
combined with the observation that it mostly ate foliose brown algae, raised the

hypothesis that it exerted a major influence on the macroalgae assemblages. This

hypothesis was tested by a series of experiments, one in which the density of
Heliocidaris was manipulated in enclosures, and two in which Heliocidaris was

removed from 16 m2 areas of reef for different lengths of time.

Heliocidaris exerted a minor influence on attached algae, but a major influence on drift

algae, due to its feeding behaviour. Individual sea urchins tended to remain in

depressions in the rock and trap drifting algae and seagrass, which they then fed on. In
this way drift was retained on the reef rather than being washed away.

After Heliocidaris was removed from 16 m2 areas of reef, there was a slightly — but
significantly — higher biomass of attached algae in the urchin-free plots at the

beginning of the austral summer (December), but not at the end of the austral autumn

(May). Sargassum dominates the biomass of attached macroalgae at Mewstone;
biomass peaks in early summer, and by winter thalli have senesced and biomass is

lower (Kendrick & Walker 1995).

At the end of the experimental removals, there was 400% higher biomass of drift in

plots with Heliocidaris. Heliocidaris preferentially retained certain species of algae,

especially the kelp Ecklonia radiata. Ecklonia was not abundant as attached algae at
Mewstone (when all plots were pooled it ranked 35th in biomass), but comprised a large

proportion of the total biomass of drift algae (ranking 1st in biomass). Most of the drift

Ecklonia present was retained by sea urchins. I propose that Heliocidaris selectively
retains Ecklonia, and some red algae, because they are preferred food.
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Effects of sea urchins and fish on the reef community

Observations of the minor influence of Heliocidaris on the macroalgae assemblages

raised a further question: did herbivory by other organisms influence the macroalgae
assemblage more? This question was addressed through a caging experiment.

Sea urchins exerted no detectable influence on recruiting or adult macroalgae. Fish
might have exerted some influence. Evidence for this was yielded by measurements of

biomass of recruiting algae; in some treatments, at some times of the year, there were

differences consistent with suppression of algal recruits by fish. However, this evidence
was equivocal, because results were also consistent with effects of caging artefacts.

A PROPOSED (NEW) MODEL

The model that I proposed in the introduction predicted consumer control of
macroalgae, and was largely based on a synthesis of studies from temperate subtidal

reef ecosystems elsewhere in world. From the results of my studies, I propose a new
model to explain patterns, and predict likely processes, on subtidal reefs in south-

western Australia (Figure 6.1).

I propose that the among-region (hundreds of kilometres) and among-reef (kilometres)
spatial patterns in distribution and abundance of sea urchins are the result of patterns in

settlement of larvae, and that settlement is in turn influenced by multiscale
heterogeneity in water circulation. Settlement of larvae influences the abundance and

distribution of sea urchins elsewhere (Ebert et al. 1994, Balch & Scheibling 2000). I

propose that it is a major influence on the distribution and abundance of sea urchins in
south-western Australia.

Other factors that could influence sea urchin abundances in south-western Australia
include predation on adults and juveniles (Estes et al. 1978, Andrew & Choat 1982,

McClanahan & Muthiga 1989, Bustnes & Lønne 1995, McClanahan 1995, Wootton

1995, Sala 1997, McClanahan 1999), competition (McClanahan 1988) and disease
(Lessios et al. 1984a, Miller 1985, Scheibling 1986, Lessios 1988, Scheibling &

Raymond 1990, Christie et al. 1995). However, based on observations made during my

research, I propose that these are relatively minor influences. The low temporal
variability in abundances suggests low adult mortality; from this observation I propose

that predation on adults is a minor influence. Within reefs, some spatial segregation at
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the scale of metres to tens of metres was evident from the differential distribution

among habitats (Heliocidaris occurred frequently in the open reef habitat while

Phyllacanthus and Centrostephanus did not); from this observation I propose that the
availability of suitable shelter influences the distribution of Phyllacanthus and

Centrostephanus, but only within reefs. Within the rock face habitat spatial segregation
of sea urchin species was weak; from this observation, I propose that inter-species

competition for space is a minor influence.

These propositions are based on ‘weak’ inferences, because they are based on
interpretations of patterns, with no data on rates of processes (such as settlement,

recruitment, predation, mortality). For this reason they are posed as predictions rather

than conclusions.

Grey sea urchin
Centrostephanus

Purple sea urchin
Heliocidaris

Pencil sea urchin
Phyllacanthus

Competition

Drift algae

Competition

Attached macroalgae

Predation Predation

Fish
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si
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Figure 6.1: Model to predict some of the important processes that influence populations of
herbivores, and that influence the relative importance of herbivory. The width of the line
represents the importance of the process: wide lines suggest a major influence, thin lines
suggest a minor influence. The shading of each line reflects whether quantitative data were
provided in this thesis: dark shading indicates that data were provided (‘strong’ inferences), light
shading suggests that no data were provided (‘weak’ inferences).
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Stronger inferences are possible about the influence of sea urchins on the macroalgae

assemblage of the reefs. Herbivory by sea urchins is apparently a minor influence on the

macroalgae assemblage —"at least at Mewstone, where I found the highest abundances
of herbivorous invertebrates of any reef surveyed along > 400 km of north-to-south

oriented coastline.

I propose that spatial subsidies by drift macroalgae from reefs further offshore, and by

seagrass and epiphytic macroalgae from adjacent seagrass beds, are the reason for the

minor influence of sea urchins on the attached macroalgae assemblage. Furthermore, I
propose that spatial subsidies allow sea urchins to feed on preferred algae that are not

abundant on the reef where they live, that spatial subsidies maintain higher densities of

Heliocidaris than would otherwise be present at Mewstone, and that spatial subsidies
mediate the potential effects of sea urchins on the macroalgae assemblage at Mewstone.

The lack of influence by sea urchins observed in this study differs from many other
temperate areas, where sea urchins and other herbivores exert an important influence on

macroalgae assemblages (see reviews by Lawrence 1975, Lawrence & Sammarco 1982,

Harrold & Pearse 1987). For example sea urchins from the genus Strongylocentrotus

exert a major influence on macroalgae assemblages in temperate North America,

sometimes affecting areas several hectares in extent (Paine & Vadas 1969, Foreman
1977, Pearse & Hines 1979, Himmelman et al. 1983, Dean et al. 1984, Harrold & Reed

1985, Scheibling 1986, Keats 1991, Watanabe & Harrold 1991, Tegner et al. 1995). In

eastern Australia, the sea urchin Centrostephanus rodgersii intensively grazes patches
up to hundreds of square metres in extent (Fletcher 1987, Andrew 1991, Andrew 1993,

Andrew & Underwood 1993, Andrew 1994, Andrew & O'Neill 2000). In the
Mediterranean Sea and eastern Europe, the sea urchins Paracentrotus lividus and

Arbacia lixula also exert a strong influence (Kitching & Ebling 1961, Kitching & Thain

1983, Benedetti-Cecchi & Cinelli 1995, Benedetti-Cecchi et al. 1998, Palacín et al.
1998, Bulleri et al. 1999). Other species exert a similar influence elsewhere: Evechinus

chloroticus in New Zealand (Ayling 1981, Andrew 1988, Cole & Keuskamp 1998),
Echinus esculentus in Britain (Jones & Kain 1967), and Loxechinus albus in South

America (Dayton 1985).

The above catalogue provides ample evidence that sea urchins can exert a major
influence on macroalgae assemblages of temperate reefs. However, there is also
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evidence that sea urchins can exist within stands of macroalgae while exerting little

influence. For example, in some places at some times Strongylocentrotus exerts a minor

influence (Mattison et al. 1977, Harrold & Reed 1985). In South Africa, Parechinus

angulosus can exist in high densities within Ecklonia maxima forests, but exerts little

influence on the macroalgae assemblage (Day  & Branch 2002).

The mechanism that mediates the potential effects of sea urchins on the macroalgae

assemblage is apparently an ability to feed on drift algae (Harrold & Reed 1985, Day  &

Branch 2002). In places where drift algae are abundant, sea urchins tend not to graze,
preferring instead to remain relatively immobile and trap drift.

The feeding behaviour is not necessarily fixed. From California there is some evidence

that sea urchins may switch behaviour from feeding on drift to actively grazing if the
amount of drift algae is reduced (Harris et al. 1984, Harrold & Reed 1985, Watanabe &

Harrold 1991).

In the Californian and South African studies, sea urchins apparently fed on drift that

was produced locally. In California, there was more drift inside Macrocystis stands than

outside (Mattison et al. 1977, Harrold & Reed 1985), suggesting that Strongylocentrotus

was feeding on drift produced within the forest in which it inhabited. In contrast, at

Mewstone much of the drift was produced elsewhere. The drift seagrass (and epiphytic
macroalgae such as Lenormandia) was produced in adjacent seagrass beds. The drift

Ecklonia might have been produced on reefs further offshore — it is not possible to

exclude the possibility that the patterns observed were a result of sea urchins retaining
the small amount of drift Ecklonia produced at Mewstone, but this seems unlikely. The

sea urchins were thus apparently maintained by spatial subsidies from adjacent habitats
(Bustamante et al. 1995, Polis & Strong 1996, Polis et al. 1997).

Spatial subsidies can allow populations of consumers to reach higher densities than they

otherwise would (Polis & Hurd 1995). This in turn allows them to exert a major
influence on the environment in which they live (Polis & Strong 1996, Polis et al.

1997). This possibility was suggested by Sala et al. (1998) for Paracentrotus lividus, as
it periodically feeds on drift Posidonia oceanica from adjacent seagrass beds (Verlaque

& Nédelec 1983). I found no evidence for this at Mewstone. However, the ability to

detect such complex processes may be a function of the temporal scale of the study.
During this research, I observed the sea urchins at Mewstone for ~3 years; evidence



SYNTHESIS

124

from studies of Strongylocentrotus in California suggests that switches in feeding

behaviour might occur at intervals greater than this (Harrold & Reed 1985, Watanabe &

Harrold 1991). Therefore, I cannot exclude the possibility that populations of
Heliocidaris, maintained by spatial subsidies, periodically exert a greater influence than

detected in this study.

PREDICTIONS ABOUT THE EFFECTS OF SPECIES LOSS

Herbivores exerted little influence on macroalgae assemblages at Mewstone. The effects

of losing Heliocidaris would not be comparable to, say, the effects of losing
Strongylocentrotus in North America, or Centrostephanus rodgersii in eastern

Australia. Sea urchins at high densities do not always exert a strong influence.

Therefore, simple classifications based on taxonomic divisions and trophic positions
will not yield accurate predictions for all locations.

One implication is that the model I used to predict outcomes was too simple. The model

was based on a simple taxonomic (invertebrates) and trophic (herbivores) guild. In the
case of predicting the effects of a species on its environment, a more useful model could

include feeding behaviour, and incorporate more ‘natural history’ (Dayton & Sala
2001). A similar conclusion was reached by Simberloff & Dayan (1991).

From the results of the experiments at Mewstone, one could predict that local extinction

of Heliocidaris would result in little change to the attached macroalgae assemblage.
However, there are several limitations that constrain the accuracy of such predictions.

Two of the biggest constraints are the limited consequences and generality of ecological
experiments.

Limited consequences: scaling up from experiments

Field experiments are a valuable tool for identifying strong direct effects, allowing
discrimination between competing hypotheses (at least in theory) and enabling strong

inferences to be made (Wilbur & Travis 1984, Elner & Vadas 1990, Underwood 1997).
But it is logistically difficult to conduct experiments over biologically meaningful

spatial and temporal extents, so experimental units are generally small. It is likely that

the consequences of small-scale experiments to mimic extinction will not be the same as
the consequences of real extinction. There are two problems.
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First, experimental units are usually small (usually a few square metres or less), but

many ecological processes encompass large spatial extents. Manipulations, such as

removal experiments, that encompass small areas may therefore fail to identify the true
importance of a species. For example, in south-western Australia Heliocidaris might

play an important role in nutrient and carbon cycling over hundreds of metres to
kilometres by trapping, consuming and digesting a large proportion of the drift — my

studies at the scale of a few tens of square metres could not identify this.

Second, experiments are usually relatively short in duration — a few months or years at
the most. However, the true magnitude of a species’ influence may only be revealed by

many years, or even decades, of study (Connell et al. 1997, Dayton et al. 1999). At

Mewstone, Heliocidaris might periodically alter the macroalgae assemblage — for
example when and if the supply of drift is reduced: my experiments, ranging in duration

from 6 to 13 months, would not have lasted long enough to reveal these changes.

An example of the mismatch between the consequences of removal experiments and the

consequences of local extinction is the mass mortality of the tropical sea urchin

Diadema antillarum in the Caribbean. In the 1970s a series of Diadema removal
experiments were conducted; these generally suggested that removal of Diadema led to

increases in the biomass of algae (Sammarco et al. 1974, Sammarco 1982a, Sammarco
1982b, Hay & Taylor 1985, Morrison 1988a), and even some corals (Sammarco 1982a).

In 1983 there was a mass mortality of Diadema, decimating virtually every population

in the Caribbean (Lessios et al. 1984b, Lessios et al. 1984a). The changes that ensued —
namely a large increase in biomass of macroalgae and a decrease in coral cover (de

Ruyter van Steveninck & Bak 1986, Liddell & Ohlhorst 1986, Carpenter 1988, Levitan
1988) — were qualitatively similar to those that would have been predicted on the basis

of experimental removals. However, the magnitude of the changes after the mass

mortality were far greater than those observed in the experimental manipulations
(Hughes et al. 1987, Lessios 1988). In this example, experiments were able to broadly

predict the nature of the consequences of losing Diadema (i.e. increases in macroalgae
and decreases in coral cover), but were unable to predict the magnitude of the changes.

Limited generality

The generality of experimental outcomes is also restricted by the complexity of
ecosystems (Foster 1990, Beck 1997). Results obtained from studies of one ecological
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community are not always transferable to other ecological communities elsewhere

(Estes & Duggins 1995). In addition, the results may not even be transferable to the

same ecological community at some future time: the influence of a species may change
if interactions within the community change, for example following the disappearance,

or invasion, of another species. Predictions from a single experiment may therefore be
applicable only in very similar ecological communities, and the generality of a model

may therefore be limited.

CONCLUSIONS

The research that I have presented here suggests that herbivory by the numerically

dominant herbivores at Mewstone is a relatively minor influence on the biomass and

composition of the attached macroalgae assemblages. The potential effects of
herbivores are probably mediated by spatial subsidy of drift algae from elsewhere.

Based on these results, one prediction is therefore that loss of even a large biomass of

herbivores would have relatively minor effects on the subtidal reefs of south-western
Australia. This would be in stark contrast to many communities elsewhere, in which

loss of the dominant herbivores quickly results in large changes. However, Dayton et al.
(1998) provide an example of the southern Californian kelp forests, in which the algae

assemblage remained relatively uninfluenced by the loss of most of the animal biomass.

Are herbivorous invertebrates on reefs in south-western Australia really passengers
(Ehrlich & Ehrlich 1982) in a community largely oblivious to their presence? While

there appears to be little influence, the focus of the experiments here was the
macroalgae assemblage, and provides no information about the potential importance of

the herbivores to other components of the nearshore ecosystem. For example,

herbivores themselves may support populations of predators or commensals. Another
possibility is that the consumption of drift is important in terms of the nearshore detrital

cycle.

Finally, the results showed that predictions based on simple taxonomic divisions and

trophic classifications will not always be accurate — even if they incorporate the

magnitude of effect observed for similar organisms elsewhere.  It is tempting to suggest
that refining the classifications (for example, to restrict the model to ‘grazing

herbivores’) might yield more accurate predictions. Indeed, in the interests of pursuing a
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‘predictive ecology’ (Peters 1991) this is worth testing. However, it might simply be the

case that, while functional and trophic classifications are useful for constructing broad

generalisations, they might not be accurate in specific instances. When trying to predict
the local effects of extinctions, it is the specific instances that are usually of greatest

relevance.
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Appendix 1

Compilation of studies investigating d15N enrichment

The following tables list estimates of d15N enrichment for different taxonomic classes,
compiled from published studies in which diet was known or controlled. ∆ = mean d15N
enrichment, calculated as in equation 1; v(∆) = the variance of the mean d15N
enrichment, and was calculated as in equation 2. * = data that were used in calculations
of trophic position in Chapter 3.

Consumer ∆ v(∆) Tissues Author
Mammals

Mustelus vison, mink 2.2 0.09 Blood cells Ben-David 1996
Mus musculus, mouse 2.2 1.29 Brain, kidney, fur, liver DeNiro & Epstein 1981
Ursus americanus, black
bear

2.2 0.16 Plasma Hilderbrand et al. 1996

Pagophilus groenlandicus,
harp seal

2.3 0.23 Skin Hobson et al. 1996

Mustelus vison, mink 2.7 0.04 Blood cells Ben-David 1996
Rattus sp., rat 2.8 1.77 Liver, lungs, heart,

spleen, kidneys, brain, red
cells, plasma

Yoneyama et al. 1983

*Mus musculus, mouse 2.9 0.18 Muscle Minagawa & Wada 1984
*Vulpes vulpes, fox 3.5 0.18 Serum, blood cells, liver,

muscle, fur
Roth & Hobson 2000

Mus musculus, mouse 3.6 2.50 Brain, kidney, fur, liver DeNiro & Epstein 1981
Mus musculus, mouse 3.8 2.11 Brain, kidney, fur, liver DeNiro & Epstein 1981
Ursus americanus, black
bear

4.1 0.06 Plasma Hilderbrand et al. 1996

Bos taurus, cow 4.2 <0.01 Blood Steele & Daniel 1978
Ursus americanus, black
bear

4.2 0.03 Plasma Hilderbrand et al. 1996

Mustelus vison, mink 4.3 0.05 Blood cells Ben-David 1996

Weighted mean

Standard error

3.7

0.08
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Consumer ∆ v(∆) Tissues Author
Birds

*Gallus gallus, chicken 1.1 0.32 Liver, muscle, collagen,
feather

Hobson & Clark 1992

*Coturnix japonica, quail 1.9 0.29 Blood, liver, muscle,
collagen, feather

Hobson & Clark 1992

*Larus delawarensis, gull 2.7 0.37 Blood, liver, muscle,
collagen, feather

Hobson & Clark 1992

Falco peregrinus, falcon 3.0 0.20 Blood, feather Hobson & Clark 1992

Phalacrocorax carbo,
cormorant

3.7 0.61 Feather Mizutani et al. 1992

Egretta alba, egret 3.9 1.74 Feather Mizutani et al. 1992

Nycticorax caledonicus,
heron

4.2 1.52 Feather Mizutani et al. 1992

Ardea cinerea, heron 4.3 1.54 Feather Mizutani et al. 1992

Eudocimus albus, ibis 4.3 0.32 Feather Mizutani et al. 1992

Eudocimus ruber, ibis 4.5 0.24 Feather Mizutani et al. 1992

Spheniscus humboldti,
penguin

4.8 0.39 Feather Mizutani et al. 1992

Phalacrocorax aristotelis,
cormorant

4.9 0.19 Feather Bearhop et al. 1999

Larus crassirostris, gull 5.3 1.33 Feather Mizutani et al. 1992

Weighted mean

Standard error

3.6

0.18

Fish
Lebistes sp., guppy 3.2 1.02 Whole body Minagawa & Wada 1984

*Chasmistes cujus, fish 3.4 0.08 Muscle Estep & Vigg 1985

*Coregonus nasus, broad
whitefish

3.8 0.16 Muscle Hesslein et al. 1993

Weighted mean

Standard error

3.5

0.24



APPENDIX 1

149

Consumer
∆ v(∆) Tissues Author

Insects
Melanoplus sanguinipes,
grasshopper

-0.7 2.94 Whole body DeNiro & Epstein 1981

Calliphora vicina, blow fly 1.4 0.01 Whole body DeNiro & Epstein 1981

Melanoplus sanguinipes,
grasshopper

1.7 1.09 Whole body DeNiro & Epstein 1981

Calliphora vicina, blow fly 1.8 0.24 Whole body DeNiro & Epstein 1981

Locusta migratoria, locust 2.2 1.70 Whole body Webb et al. 1998

Sitophilus oryzae, weevil 2.8 0.35 Whole body DeNiro & Epstein 1981

O n c o p e l t u s  f a s c i a t u s,
milkweed bug

2.8 1.35 Whole body DeNiro & Epstein 1981

Drosophila melanogaster,
fruit fly

2.8 0.05 Whole body Ponsard & Amlou 1999

Hippodamia variegata, beetle 2.9 0.27 Whole body Ostrom et al. 1997

Musca domestica, house fly 3.4 0.61 Whole body DeNiro & Epstein 1981

Drosophila nigrospiracula,
fruit fly

3.5 0.01 Whole body Markow et al. 2000

Desmia funeralis, moth 4.2 7.08 Whole body DeNiro & Epstein 1981

Musca domestica, house fly 4.5 0.61 Whole body DeNiro & Epstein 1981

Sitophilus granarius, weevil 5.9 3.98 Whole body DeNiro & Epstein 1981

Weighted mean

Standard error

2.6

0.20
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Consumer ∆ v(∆) Tissues Author
Crustaceans

Amphithoe valida,
amphipod

-0.7 0.20 Whole body Macko et al. 1982

Amphithoe valida,
amphipod

-0.2 0.20 Whole body Macko et al. 1982

Callinectes sapidus, crab 0.1 0.17 Whole body Dittel et al. 2000

Callinectes sapidus, crab 0.8 0.08 Whole body Dittel et al. 2000

Callinectes sapidus, crab 0.9 0.09 Whole body Dittel et al. 2000

Callinectes sapidus, crab 1.5 0.07 Whole body Dittel et al. 2000

Parhyale hawaiensis,
amphipod

2.2 0.20 Whole body Macko et al. 1982

Parhyale hawaiensis,
amphipod

2.3 0.20 Whole body Macko et al. 1982

Callinectes sapidus, crab 2.3 0.09 Whole body Dittel et al. 2000

Mysis mixta, mysid 2.7 0.15 Whole body Gorokhova & Hansson
1999

Callinectes sapidus, crab 3.1 0.98 Whole body Dittel et al. 2000

Neomysis intermedia,
mysid

3.2 0.11 Whole body Toda & Wada 1990

Mysis mixta, mysid 3.6 0.71 Whole body Gorokhova & Hansson
1999

Artemia sp., brine shrimp 4.9 0.20 Whole body Minagawa & Wada 1984

Weighted mean

Standard error

1.7

0.16
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Appendix 2

Diversity-stability models: towards testable

hypotheses

At the beginning of my PhD research, I reviewed diversity-function

and diversity-stability models, with the aim of applying them to the
reef communities that I was studying. I ended up pursuing different

models, but present in this Appendix a manuscript that is the outcome

of my review. It is not currently published.
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ABSTRACT

Ecologists have made substantial progress towards understanding diversity-stability

relationships. Part of this progress has been the development of several theoretical
models. However, there have not yet been experimental tests that unambiguously

discern among models. This is, at least in part, because hypotheses that enable

unambiguous tests have not been formulated. Explicit, testable hypotheses are necessary
to advance towards a deeper understanding of interactions between diversity and

stability. To develop such hypotheses, ecologists need to clearly define what they mean
by stability, and decide what the relevant properties of stability are. In addition, they

need to consider how predicted responses may vary according to the attribute measured,

the measure of diversity used, and the type and magnitude of perturbation. Importantly,
hypotheses must allow unambiguous support for just one of the ‘competing’ models.

Our understanding of interactions between diversity and stability would also benefit

from careful thought about how other relevant models (e.g. the ‘intermediate
disturbance’ and ‘dynamic equilibrium’ models) can be incorporated into current

theory.

INTRODUCTION

Recently, ecologists have been re-examining theories that predict a positive relationship

between biological diversity and ecosystem properties (Johnson et al. 1996). The
resurgent interest in these theories is, at least in part, due to concern about large-scale

changes in biodiversity that have occurred as a direct result of human impacts: such

changes may have deleterious effects on ecosystem properties (Ehrlich & Wilson 1991;
Chapin et al. 1997; Schläpfer et al. 1999). Stability has been one of the most frequently

discussed ecosystem properties, and is the focus of this paper.

The aim of this paper is to contribute to the development of diversity-stability models

by highlighting some ambiguities that may lead to weak tests of models, and by

suggesting ways to develop hypotheses that will enable clear, unambiguous tests. I have
focussed on hypothesis testing as, although theoretical discussions, mathematical

models and experimental studies each yield important contributions to the development
of our ideas, it is experiments that usually provide the clearest tests of models.
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DIVERSITY-STABILITY MODELS

Much of the basis for current thought about diversity-stability relationships can be

traced to theories formed decades ago by MacArthur (1955) and Elton (1958), and since
then ecologists have developed many conceptual models. Researchers initially focussed

on the development of theoretical models. Proponents of these early theoretical models

postulated that complex ecosystems (quantified using measures such as ‘connectance’)
would be more likely to be stable than simple ecosystems. This conclusion was based

on the reasoning that a system with many links in the food web would have many
potential energy pathways, and would thus be buffered against changes to (or loss of)

some components (MacArthur 1955; Leigh 1965). Later modeling by others (e.g.

Gardner & Ashby 1970; May 1972) found the reverse: above a certain level of
complexity, modeled systems quickly became unstable. However, the models used were

based on several mathematical conditions and assumptions (e.g. the existence of certain

equilibrium conditions) that rarely, if ever, apply to real ecosystems (Goodman 1975).

In more recent models, researchers have moved away from a direct focus on food webs,

and measures of complexity and connectance have been used less frequently (although
see McCann 2000). Several models describing the potential qualitative relationships

between species diversity and ecosystem properties (i.e. not just pertaining to stability)

has resulted. Lawton (1994) outlined four:

• a linear relationship, in which all species contribute to ecosystem function in a

roughly equal manner (the ‘rivet’ model: Ehrlich & Ehrlich 1981)

• an asymptotic relationship, in which some species have similar patterns of

resource utilization, so there is little increase in ecosystem function once a
threshold level of diversity has been reached (the ‘redundant species’ model:

Walker 1992, Lawton & Brown 1994)

• an unpredictable relationship, in which identity is of prime importance and

diversity per se counts less (the ‘idiosyncratic response’ model: Lawton 1994)

• no relationship between diversity and ecosystem functioning (the ‘null’ model:

Lawton 1994).
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The underlying construct of each of the first three models is similar: species diversity is

important because each species in an ecosystem is slightly different and contributes in

some way to ecosystem properties. It is in the degree of contribution by each species
that the models differ.

These are the most often cited models in the ecological literature (Naeem et al. 1995;
Johnson et al. 1996) although other models do exist (Naeem 1998; Peterson et al. 1998).

Functional diversity has been incorporated in similar models, influencing ecosystem

processes as a direct result of richness, as per the linear and asymptotic models, or
identity, as per the idiosyncratic model (Tilman et al. 1997; Allison 1999).

So, since the development of ideas about diversity-stability relationships, many models

have been developed to qualitatively predict the form of diversity-stability relationships.
Yet ecologists have not established clear empirical evidence that discerns among these

‘competing’ models. Each model has received equivocal support: empirical studies have
variously supported the linear model (e.g. Frank & McNaughton 1991), asymptotic

model (e.g. Tilman & Downing 1994) and idiosyncratic model (e.g. Wardle et al. 2000).

However, no study has unequivocally supported one model to the exclusion of others.
Of course, each model may reflect reality, but only one model will apply in any given

situation. For the models to be useful, ecologists need to know in what situations each
will apply. In order to do so, ecologists need to derive unambiguous evidence that

enables them to discern among models. Empirical evidence that supports or rejects

models will only be achieved by formulating explicit, testable hypotheses. Hypothesis
testing is vital for development of a corpus of empirical evidence for or against a model.

Without such evidence, there is a temptation for ecologists to enter a cycle of arguments
about which models are relevant, with no hope of resolution.

TOWARDS TESTABLE HYPOTHESES

Here, it is important to highlight the distinctions between models and hypotheses. A
model is essentially a theory about a set of processes that lead to a particular pattern,

and can be quite general in nature: Lawton’s (1994) four models are examples. In

contrast, a hypothesis is a specific prediction about an outcome derived from a model
(Underwood 1997). Testing diversity-stability models thus requires predictions about

the response(s) of an assemblage in specific circumstances. To avoid ambiguous
outcomes, hypotheses must be formulated so that they state precisely what outcomes
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will be considered evidence for or against a model. Without this degree of precision,

there may be outcomes that can be interpreted in various ways. Such ambiguous

outcomes do not advance our understanding, and can easily lead to confusion and
endless arguments over interpretation.

In terms of hypotheses developed for tests of diversity-stability models, there are
several critical components that must be clearly defined. One of the first steps is to

develop a clear idea of what stability is, and how to quantify it.

AN OPERATIONAL DEFINITION: WHAT IS STABILITY?

Stability has become something of a pseudocognate term (Peters 1991), and has been

criticized for lacking an operational definition (Paine 1969). So, what do ecologists

mean by the term stability? Definitions have varied (see Pimm 1984, Grimm & Wissel
1997 for some examples). However, several important concepts exist, and the following

brief synthesis outlines the key concepts that should form part of an operational

definition.

A binary state: The first concept requiring clarification is whether stability is a binary

state (i.e. an assemblage is either stable or not: Neubert & Caswell 1997), or whether
stability can be expressed as a continuum (i.e. an assemblage can be ‘more stable’ or

‘less stable’: DeAngelis & Waterhouse 1987). Neubert & Caswell (1997) applied the

first concept, because an assemblage either returns after perturbation, or does not.
Following this reasoning, it seems logical to consider stability in this binary sense (see

also Pimm 1984). An assemblage is either stable or unstable in response to a
perturbation: there is no continuum from stability to instability.

Perturbation: Connell & Sousa (1983) suggested that stability is only relevant in the

context of a perturbing force. If an assemblage resists a perturbation, or returns after it
has been displaced, it is considered stable. In this context, there is a distinction between

perturbation and disturbance (Sutherland 1990). Huston (1994) made the distinction that
disturbance implies some mortality (of an organism or part of an organism), while

perturbation involves a change in some part of an assemblage that does not necessarily

lead to mortality. Sutherland (1990) made the point that a perturbation has the potential
to significantly change an assemblage: if the assemblage remains essentially unchanged,

it has remained stable.
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A reference state: Another common concept inherent in stability has been that of an

‘equilibrium’ or ‘normal’ state. The concept of equating stability with an equilibrium

state does not sit comfortably with recent theory that such states rarely exist in natural
ecosystems, but that predictable and unpredictable temporal fluctuations are the norm

(Huston 1979; May 1986; Schaffer & Kot 1986). Perhaps the key to this uneasy link is
to consider stability in the sense of Lewontin (1969), who discussed stability in the

context of an ‘equilibrium ensemble’ in which an assemblage fluctuates constantly, and

there are a number of states at which it could be at any given time. Stability may even
be thought of in terms of a return to a particular magnitude or regularity of fluctuation

(Whittaker 1975). Sutherland (1990) also considered the concept of stability to be

relevant when a perturbation causes an assemblage to deviate from its’ trajectory.
Grimm & Wissel (1997) used the term ‘reference state,’ a term that avoids connotations

of equilibrium and is therefore very appropriate. The reference state is maintained, or
returned to, if an assemblage is stable.

Time: The fourth concept is that of time. It only makes sense to consider stability in a

temporal framework. An assemblage must remain in, or return to, some reference state
in order to be considered stable. Stability should not be considered just in a spatial

sense.

A synthesis of the four concepts yields the following operational definition: an

assemblage is stable if it resists a perturbation, or (if displaced) it can return within the

bounds of a reference state within some period of time. Conversely, instability occurs if
a perturbation forces an assemblage outside the bounds of a reference state, and it does

not return to within these bounds.

Properties of stability

Operational definitions are an important starting point, but definition alone is not

enough to allow us to formulate testable hypotheses—we need to be more precise about
the response of an assemblage.

Predictions about responses have resulted in a plethora of terms. These terms have
further added to the confusion, as terms created for a particular context have taken on

multiple meanings. Furthermore, some authors have tended to use terms

interchangeably (Pimm 1984; Grimm & Wissel 1997). There is therefore (again) a need
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for accurate definitions of what these terms mean, not for scientific hairsplitting, but to

derive operational concepts that will enable testable hypotheses (Peters 1991). Although

some authors have attempted to define the terms (Orians 1975; Pimm 1984; Underwood
1989; Grimm & Wissel 1997), wholesale adoption of their definitions is not possible, as

often the definitions do not agree. However, Grimm & Wissel (1997) outlined three
fundamental properties of stability that can be used as the basis for formulating testable

hypotheses (see also Dayton 1992 for similar properties). These are:

• constancy (staying essentially unchanged),

• resilience (return to a particular reference state) and

• persistence (continued existence through time).

As Grimm & Wissel (1997) pointed out, these properties may also be referred to by
their logical opposites (e.g. the logical opposite of constancy would be variability).

Tilman (1999) and Schläpfer & Schmid (1999) have defined resistance and invariability
as separate properties. However, for the purposes of this discussion I consider that each

is a form of constancy (i.e. staying essentially unchanged).

These three properties provide a valuable operational framework for defining ecosystem
response. However, a testable hypothesis also needs to make some qualitative or

quantitative prediction about the response. For example, a hypothesis simply phrased as

• HA: assemblage x is resilient

• HO: assemblage x is not resilient

cannot be tested. Phrased in this way, there is no framework for quantification, so any
study designed to test such a hypothesis is likely to yield ambiguous outcomes. The

hypothesis must incorporate some quantitative (e.g. rate or magnitude of change) or
qualitative (e.g. form or direction of change) prediction to be testable. The predictions

will be different for each property (it is thus important to determine a priori what

property is being tested for an effective test to be designed).

Taking a step back from the discussion, it is apparent that ecological stability, can be

viewed in a somewhat hierarchical sense (Figure 1). At the top level is stability, a binary
factor in which an object is stable or not (Collins 1995; Neubert & Caswell 1997). This
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is then determined by measuring the three main properties outlined by Grimm & Wissel

(1997): constancy, resilience and persistence. This measurement requires some

quantification, which is the third level in the hierarchy: measurement of change and
recovery (Figure 1).

Ecosystem
Population-level?
Community-level?
Process or static variable?

Perturbation
What magnitude?
What type?
Over what spatial and ! !
! temporal scale?

Persistent?
For how long?
Magnitude of change?

Resilient?
Magnitude of change?
Rate of change?
Rate of recovery?

Constant?
Degree of variability?
Over what time scale?

Stability
Stable or unstable?

ECOSYSTEM RESPONSE

Figure 1: Schematic representation of important components to include when developing
testable hypotheses from diversity-stability models. Hypotheses should include statements that

characterize the ecosystem, the perturbation, and the response (in terms of stability) to the
perturbation. The response of the ecosystem is shown in a hierarchical manner: to determine

whether the ecosystem is stable or unstable, three main properties (constancy, resilience,
persistence) need to be examined. For each property there are a specific set of measurements

that will be required.

What to measure: populations, communities or processes?

Part of the operational framework for determining stability is the ‘reference state’ of an
assemblage. Predictions need to be based on some characterization of this state. This

means that hypotheses need to be formulated after careful thought about the attributes of
an ecosystem that they should measure. Predicted responses will vary, depending on

what attribute of an ecosystem is considered (McNaughton 1977; Pimm 1984; Tilman

1996). For example, responses to perturbation by densities of individual species may be
different to the response of total density for all species combined (Tilman 1999). In

addition, the responses of species composition or rates of community-level processes
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(e.g. productivity) may also be different. It is important for researchers to develop a

clear idea of the predicted response of the attribute they choose to measure.

The four main models outlined earlier have generally been used to predict the response
of ‘community-level’ measures (e.g. total biomass, productivity). What response do

these models predict for other attributes, such as populations of individual species,
species compositions or rates of ecosystem processes? The answer should be revealed

by careful thought about the relationships between the biological mechanisms that may

promote stability (Tilman 1996; 1999), the properties of stability (i.e. constancy,
resilience, persistence: Grimm & Wissel 1997) and various ecosystem attributes.

Tilman (1999) outlined three mechanisms that could enhance stability—statistical

averaging, overyielding and compensatory interactions—each of which predicts
different responses, depending on what properties and attributes are considered. For

example, the theory of compensatory interactions predicts both constancy and resilience
of community-level attributes, but variability of population-level attributes.

Clearly, there is still much to resolve in terms of sorting out these relationships, and it is

an area ripe for further research. However, without models that unambiguously predict
the responses of different attributes, ecologists will find it difficult to set hypotheses and

design tests of hypotheses.

Complexity vs diversity

When generating hypotheses, researchers should also refer to models to help decide
what diversity measures are relevant. There are many opinions about what constitutes

biodiversity—which also means that there are many ways of measuring it. The most

conventional opinion is that biodiversity encompasses a hierarchy from genes to species
and ecosystems (Gaston 1996; Purvis & Hector 2000). This is somewhat unwieldy to

apply, and only certain levels in this hierarchy have been incorporated into diversity-

stability models. Generally, the components of biodiversity that have been predicted to
influence stability are diversity of interactions in food webs, diversity and evenness of

species, species composition and diversity of functional groups (Chapin et al. 2000).

Initially, MacArthur (1955) used food web complexity in his predictions of a link

between diversity and stability. He measured food web complexity as the number of

interactions among species. By this definition, an assemblage could have an identical



APPENDIX 2

162

number of species, but different complexity. Complexity defined in this way was used

in early theoretical treatments (MacArthur 1955; Leigh 1965; Paine 1966; May 1972;

DeAngelis 1975; McNaughton 1978), but was replaced by concentration on species
diversity (Pimm 1984; Tilman 1996; Doak et al. 1998; Tilman et al. 1998; Tilman

1999). In part, this may have began as a surrogate for complexity (i.e. more species-rich
assemblages should be more complex), but in more recent theory species diversity has

been considered without reference to complexity.

A weakness in many experiments has been the lack of explicit statements about whether
the diversity measures used were appropriate to the hypotheses being tested—despite

the necessity of this to make valid conclusions. Species diversity has been measured in

various ways. Some authors have used species richness (e.g. Dodd et al. 1994; Tilman
& Downing 1994; Tilman 1996). Others used various diversity indices (e.g. Frank &

McNaughton 1991; McNaughton 1994; Sankaran & McNaughton 1999). The Shannon-
Wiener diversity index has remained popular despite incisive early criticism (Hurlbert

1971; Goodman 1975). There has been relatively little discussion about whether

diversity measures other than simple species richness are valid for testing diversity-
stability models (although see Goodman 1975). This is an important factor to

consider—after all, predictions of a positive relationship between species richness and
stability is certainly not the same as predictions using evenness (see also King & Pimm

1983).

Functional diversity is a form of diversity that has become the focus of more recent
research (e.g. Tilman et al. 1997). This too may be measured in several ways. Martinez

(1996) mentioned two: the diversity of functions, and the diversity of organisms
performing each function. Again, decisions about the relevant measure of diversity

require careful thought. The number of functions may be most important for enhancing

ecological processes such as primary production, but may be less relevant in terms of
stability. Conversely, the number of species performing each function is likely to be

critical in continued maintenance of these ecosystem processes, and thus important for
stability (Walker 1995; Martinez 1996).

If researchers are to formulate testable hypotheses, the measure (or measures) of

diversity should be carefully selected. This involves careful thought about the models
that have been constructed, and what diversity measure is most relevant.



APPENDIX 2

163

Quantifying perturbations

Because stability is only relevant in terms of some perturbation (Connell & Sousa

1983), some statement about the perturbation is necessary. Current models do not
incorporate predictions of how different types and magnitudes of perturbation will

affect different ecosystem attributes at different levels of diversity. Yet both the type
and magnitude of a perturbation are important: a system may be stable in response to

one perturbation, but unstable in response to another.

Ecosystems may respond differently to different types of perturbation. DeAngelis &
Waterhouse (1987) listed three main types of disturbance that also apply to categorizing

perturbation. These are perturbations that

• directly affect population numbers

• affect the resources used by populations, and

• are endogenous properties of the interactions between consumers and resources.

Each of these types of perturbations could conceivably lead to different predictions by

diversity-stability models. For example, a disease that reduces the densities of one or
more species may elicit a different response to a drought.

Similarly, the magnitude of perturbation may be important. Diversity may help

ecosystems respond to small perturbations, but may be irrelevant in the face of large
perturbations. For example, a severe prolonged drought may yield a different result to a

small drought.

Few types of perturbation have been examined in the context of diversity-stability

relationships. Drought is probably the most common type of perturbation studied

(examples are Frank & McNaughton 1991, Tilman & Downing 1994, Rodriguez &
Gómez-Sal 1994, Tilman 1996), although grazing has also been considered (e.g.

McNaughton 1977). In some studies, perturbation has not been explicitly defined (e.g.

Murdoch et al. 1972; Dodd et al. 1994). If ecologists are to form diversity-stability
models that can be used to predict outcomes of different scenarios, then perturbations

must be defined.
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TESTABLE HYPOTHESES

Ecologists will only progress towards a deeper understanding of diversity-stability

relationships by developing a series of specific empirical tests. So, when formulating
testable hypotheses, the question cannot be: does diversity influence stability? Instead,

hypotheses should make predictions about whether diversity influences some property

of stability, measured for some ecosystem attribute, in the context of some perturbation.
Thus, whether or not an assemblage is stable should be determined by examining the

effect of a perturbation (e.g. storm, oil spill, invasion of an exotic species) on some
attribute of the assemblage (e.g. biomass, species composition) which may be examined

for a number of different properties (constancy, resilience, persistence). In addition, this

may be investigated for several measures of diversity. Clearly, there are many aspects of
diversity-stability relationships that can be tested (see also Pimm 1984).

The form of the hypothesis (and therefore the subsequent experimental design) will vary

depending on what is being tested. Tests of hypotheses about constancy will involve
predictions about responses to a perturbation, and the expected deviation from the

reference state. Tests of hypotheses about resilience will not only involve predictions
about expected deviations from a reference state, but also the expected return to that

state.

Importantly, the predicted responses must be able to discern among alternative,
‘competing’ models. This has implications for the analytical approach used. If

regression is to be used, the hypothesis must state what statistical models are predicted
by the logical model being tested. Failure to correspond to this should mean rejection of

that model. Conversely, correspondence with the model should allow unambiguous

rejection of the alternative models. If an ANOVA approach is to be used, the hypothesis
should specify which effects (or more likely interactions between effects, as per Wardle

et al. 2000) will allow rejection of alternative models, and unambiguous acceptance of
one.

Detection and measurement

Formulation of a testable hypothesis is the first step. However, when measuring the
response of an assemblage to perturbation, we must be able to determine when it is

stable, and when it is not. This is a complex task, and a full discussion of the
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requirements is beyond the scope of this paper. Nevertheless, some key points are

important to mention. There are several key factors that must be satisfied in separating

the effect of diversity on stability:

• separation of differences among diversity ‘treatments’ from confounding factors

• characterization of a reference state

• detection of change from that state, and (if there is change)

• return to that state

The first of these requires good experimental logic, and the issues were well covered by
Huston (1997). The remainder require researchers to think about the most appropriate

temporal and spatial scales for testing their hypotheses.

The temporal scale of a study will have an influence on whether or not ecologists
conclude that an ecosystem is stable (Rahel 1990). To decide what temporal scale to

use, we need information about the life histories of the organisms being studied, and the
magnitude and type of perturbation (Connell & Sousa 1983; Sutherland 1990). The

property of stability to be tested is also relevant, as resistance (a form of constancy) may

be determined over the temporal extent of a perturbation, while resilience may take
considerably longer (Sutherland 1990)

Identification of the appropriate spatial scale is equally critical, and will again depend
on the organisms and the perturbation. Measurements should encompass the spatial

extent of a perturbation. This is often different to the scales that measurements are

taken—measurements are usually taken in quadrats, transects or some other similarly
small area. The question of whether the scale of measurement corresponds to the scale

of the relevant processes is not trivial (Collins 1995; Collins & Benning 1996). Stability
in small plots where measurement almost invariably occurs is unlikely, as they have

inherently high variability (DeAngelis & Waterhouse 1987; Collins & Benning 1996).

Variability occurs due to stochastic influences or deterministic chaos, and general
patterns can only be derived as average values over larger spatial and temporal scales

(Levin 1992). Researchers testing hypotheses about diversity-stability models need to
ensure that their measurements, and conclusions, are made at an appropriate (and

explicitly stated) spatial scale.
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LINKING DIVERSITY-STABILITY MODELS WITH OTHER MODELS

Research into diversity-stability models would benefit greatly from a synthesis with

other models. Take as an example the concept of a return to some reference state
following perturbation. The development of an assemblage of organisms may

potentially have a number of different outcomes (Drake et al. 1996). For example, an

assemblage recovering from a perturbation (say, a storm) may reach a different species
composition to the original pre-perturbation condition. In some situations there may be

a limited number of quite different alternative states. Community assembly can be
determined by relatively predictable influences (e.g. season that assembly commences),

or by chaotic or stochastic influences. Petraitis & Latham (1999) predicted that the

spatial extent of disturbance could also be an important factor influencing community
assembly. What then is the reference state? Is it just one of the possible outcomes, or

does it encompass a range of possible outcomes?

The interplay between perturbation, stability and diversity may be even further
complicated. For example, although recent research has focussed on the effects of

diversity (as an independent variable) on the ability of ecosystems to respond to
perturbation, there may be some synergism between the three. For example, both the

‘dynamic equilibrium’ and ‘intermediate disturbance’ models predict that certain

frequencies and magnitudes of disturbance will enhance diversity. Huston (1994)
offered the argument that frequency of disturbance and growth rates simultaneously

influence diversity and the rate at which a system recovers from disturbance. How do
these models relate to predictions that enhanced diversity will allow a system to better

respond to perturbation? And would predictions differ for the different properties of

stability (constancy, resilience and persistence)? Clearly, feedback models could be
developed to predict the interplay among perturbation, diversity and stability. Our

understanding of ecosystems would be greatly improved by such models, and by
appropriate tests of these models.

SUMMARY

Despite more than 40 years of discussion and research, it seems that ecologists are still
yet to determine with confidence the nature of diversity-stability relationships. In part,

this has stemmed from some confusion among ecologists over what stability really

means, over what to measure and over how to measure it. This confusion has led to
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vague, untestable hypotheses (although some useful models have been developed). In

this paper, I have argued that, armed with operational definitions and a clear idea of

how to quantify the various components, ecologists should be able to formulate testable
hypotheses. Through a process of identifying important questions, and then turning

these into unambiguous hypotheses for testing, refining and re-testing, ecologists should
be able to progress towards a deeper understanding of the interactions between diversity

and stability.
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