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ABSTRACT 

 

Globally, microbial mineralisation of organic matter (OM) in mangrove soils plays a key 

role in maintaining productivity and strongly influences carbon (C) storage of mangrove 

ecosystems. Mangroves growing at higher latitudes and/or on more arid coastal fringes are 

generally less productive than their tropical counterparts, yet there has been relatively little 

assessment of microbial community composition and functioning. This thesis thus sought 

to determine the major controls of soil microbial OM cycling in arid oligotrophic Avicennia 

marina mangrove forests and scrublands at four contrasting sites along the west Australian 

coastline, between latitudes 18 - 34º South. The main objectives of this research were to: 

(i) identify nutrient and carbon source limitations to microbial OM cycling under arid 

conditions; and (ii) investigate the effects and relative importance of aridity and intertidal 

position on production of dissolved inorganic carbon (DIC), and microbial community 

structure in mangrove soils. 

 

I tested the response of soil microorganisms to tidal nutrient delivery and long term 

nitrogen (N) or phosphorus (P) additions in an arid zone mangrove. Measurements were 

taken in years of contrasting hydrology: in 2012 following cyclonic flooding of the region 

and again in 2013 where there was only average rainfall of c. 260 mm. Microbial biomass 

in soils of the low intertidal forest were generally twice that of the high intertidal scrub. In 

2012, long-term N fertiliser addition was found to enhance microbial biomass by c. 30% 

and α-and β-glucosidase activity by c. 50%. Microbial biomass and activity did not 

increase with long-term P fertiliser addition, explained in part by no observable increase 

in the available soil P fraction. Additional nutrients delivered to the site in 2012 from 

cyclone activity, however, appeared to alleviate limitations in the soil microbial 

community. These findings suggest that even small additions to nutrients from marine or 
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intermittent coastal catchments may be important for the functioning of arid mangrove 

ecosystems.  

 

Short-term experiments are required to better understand potential microbial metabolic 

responses to differences in forms of C and nutrient availability, which can vary over 

intertidal positions and climates. I hypothesised that microbial respiration in arid mangrove 

ecosystems is primarily limited by supply of labile C sources. I measured short-term 

respiration responses to additions of glucose, citric acid, gallic acid, PO4
3ˉ, NH4

+, NO3ˉ, 

urea and glutamic acid to mangrove soils using an adaptation of the MicroRespTM 

procedure in the laboratory and to added glucose, gallic acid, PO4
3ˉ, NH4

+, and urea in the 

field. Both laboratory and field measurements indicated microbial communities were 

limited by gallic acid, PO4
3ˉ and NH4

+. Glucose, however, was not limiting, suggesting 

adaptations of the arid microbial community to more complex C sources (i.e. gallic acid). 

These results contrast with studies of more productive tropical mangrove systems and 

demonstrate the critical role of microorganisms in maintaining organic matter turnover and 

nutrient supply in a relatively pristine and water-limited environment.   

 

I also investigated the potential sources contributing to the DIC pool in mangrove 

porewater, including microbial mineralisation of dissolved organic carbon (DOC), and 

how they may change along the west Australian coastline. While there were no obvious 

changes in DIC sources or concentrations with aridity, porewater DIC was diluted by 

marine tidal water at sites that were more regularly inundated. Sites that were less recently 

inundated by marine waters had higher DIC concentrations and more depleted δ13CDIC 

signatures and were strongly correlated to DOC concentrations across all sites. 

Characterisation of fluorescent dissolved organic matter (DOM) revealed that DOM in the 
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porewater closely matched that of fine root OM rather than inputs from fresh leaf leachates 

or litter. I suggest that DIC production in mangrove soils along the west Australian coast 

is strongly influenced by microbial metabolism of roots or root exudates.   

 

Finally, I sought to characterise differences in bacterial and archaeal communities of 

mangrove soils in relation to differences in available C, nutrients and tidal inundation along 

the WA coast. As expected, Proteobacteria were most abundant at all sites, but 

interestingly, Bacteroidetes, which specialise in degradation of complex OM, were the 

second most abundant phylum. While the high intertidal scrub sites had bacteria and 

archaea community structures that were unique to each site, low intertidal forest sites were 

generally more similar among sites.  Overall, differences in N supply, complexity of 

organic C along with salinity are some of the strongest predictors of bacterial and archael 

community structures among sites.  
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CHAPTER ONE: General Introduction 

 

The aim of this thesis is to increase understanding of the role of microbial communities in 

organic matter processing in mangrove soils along the west Australian coastline. In 

particular, I sought to identify some of the major controls on organic carbon (OC) cycling 

in arid, semi-arid and Mediterranean mangrove soils. I focussed on how processes that 

occur at different spatial scales affect microbial communities and their functioning. 

Specifically, I examined microbial cycling processes in relation to carbon (C) and nutrient 

availability at individual sites in relation to position within the intertidal zone. I also 

compared key processes and drivers of carbon cycling in mangrove soils across a 

latitudinal gradient encompassing arid, semi-arid and Mediterranean-type climates.   

 

In this introductory chapter I first describe carbon cycling in mangrove ecosystems with a 

particular focus on microbial processing. I go on to highlight the differences in ecosystem 

functioning between arid, semi-arid and Mediterranean mangroves to wet tropical 

mangroves, including reduced productivity and importance of intertidal position. Lastly, I 

address the impact climate change could have on microbial C cycling in Australian 

mangroves, and explain the choice in study sites along the west Australian coast. This 

background thus provides context for the experimental rationale that is developed in 

Chapters 2-5 of this thesis.  
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1.1 Microbial organic carbon cycling 

 

Mangroves live on the boundary between land and sea and depend on adjacent marine, 

riverine, and groundwater ecosystems for delivery of water, organic matter (OM) and 

nutrients to maintain productivity. Mangrove systems are a valuable ecological and 

economic resource that provide many ecosystem services including C storage, nutrient 

cycling, nursery grounds for fish and crustaceans, providing habitat for threatened birds 

and other biological diversity, and buffering coastal environments from storms (Alongi, 

2012; Donato et al., 2011; Duke et al., 1998; Ewel et al., 1998; Mumby et al., 2004; 

Robertson and Duke, 1987). Mangrove ecosystems are often highly productive despite low 

nutrient availability as they have developed mechanisms to retain OM and nutrients within 

the intertidal zone (Alongi et al., 2002; Alongi et al., 1993; Holguin et al., 1992). For 

example, allochthonous OM entering from the tides, rivers or runoff from the land is 

trapped in the mangrove soil and aerial root systems (Furukawa and Wolanski, 1996). The 

more labile OM is quickly decomposed and nutrients are taken up by the extensive fine 

roots of mangroves (Alongi, 1994; Alongi et al., 2002). The relatively high productivity, 

combined with often anoxic soils, has created perfect conditions for C storage in many 

mangrove forests, which along with seagrasses and saltmarshes, have now been labelled 

as ‘Blue Carbon’ sinks (e.g. McLeod et al., 2011).  

 

While there has been much emphasis to date on quantifying carbon stocks in mangroves, 

relatively few studies have investigated the mechanisms that drive C turnover by microbes. 

For instance, studies to date on C storage in mangrove forests have focused primarily on 

assessing the roles of one or two physical factors, such as rainfall, salinity or soil N and P, 

in driving C accumulation in soil and/or biomass (e.g. Adame et al., 2013; Atwood et al., 

2017; Sanders et al., 2016). However, C storage is not only affected by physical factors, 
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but by the effect physical or biological factors have on primary productivity, plant 

allocation (e.g. leaves vs roots) or decomposition (Fig. 1.1, McLeod et al., 2011). For 

instance, a recent study which indicated that total C stocks in mangrove ecosystems 

increase with increasing rainfall suggested that the relationship was likely owing to greater 

levels of waterlogging and anoxia in high rainfall areas inhibiting decomposition, however 

this mechanism was not confirmed (Sanders et al., 2016). Understanding the mechanisms 

underpinning the C cycle will assist with our understanding of future climatic changes, and 

this has also been recently recognised in research on other ‘Blue Carbon’ ecosystems such 

as seagrass meadows (Belshe et al., 2017). This thesis will investigate how physical drivers 

(e.g. temperature, rainfall, salinity, nutrients) affect microbial C turnover at different scales 

(e.g. tidal positions or climatic gradients) (Fig. 1.1). 
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Fig. 1.1. Conceptual diagram showing some of the major drivers controlling carbon (C) 

storage in mangrove forests (McLeod et al., 2011). Blue arrow indicates the link this thesis 

intends to clarify along the west coast of Australia (i.e. how physical conditions affect 

microbial decomposition).  

 

While microbial activity and turnover of OM is impacted by inputs from both above and 

belowground as well as environmental conditions, the degree of OM processing and thus 

nutrient supply can in turn feed back to affect the long-term productivity of mangroves 

(Alongi, 1994; Alongi et al., 2002) and C sequestration efficiency (Alongi, 2012). 

Microbial OM processing is strongly determined by both the quality and amount of OM 

that accumulates in soils (Alongi et al., 2000a; Bouillon et al., 2004). OM sources may be 

autochthonous (e.g. leaf litter, root detritus and exudates, microphytobenthos) or 



 5 

allochthonous (e.g. phytoplankton, algae, seagrass or terrestrial inputs) (Fig. 1.2, 

Kristensen et al., 2008; Saintilan et al., 2013). In its simplest sense, during decomposition, 

OM is converted into inorganic C and nutrients. In oligotrophic environments low in the 

intertidal zone, the majority of nutrients are tightly held within the system and taken up 

efficiently by the fine roots of mangrove trees (McKee, 2001), but may be lost through 

porewater drainage from mangroves higher in the intertidal zone. Inorganic C, however, 

may exit the system as respired CO2 from the soil surface, become precipitated as 

carbonates, or exit the system as dissolved inorganic carbon (DIC) (CO2, HCO3
-, or CO3

2-

) from underground seepage through the porewater (Fig. 1.2, Alongi, 2014; Bouillon et al., 

2008). The OC that remains undecomposed contributes to longer term C accumulation in 

mangrove soils (Fig. 1.2, Alongi, 2012; Donato et al., 2011). Both biological and physical 

limitations on the microbial decomposer community will ultimately control the amount of 

OM that is processed (Fig. 1.1).  For example, higher temperatures (Alongi et al., 2000a) 

or mixing root litter of differing mangrove species  (Huxham et al., 2010) may increase 

decomposition rates. However, examination of biogeochemical cycling processes within 

mangrove ecosystems has primarily focussed on highly productive forests in tropical zones 

(e.g. Alongi et al., 1999; Bouillon et al., 2007, 2003; Kristensen et al., 2000). While the 

importance of microbes to ecosystem functioning in general is well recognised, we are yet 

to understand the basic mechanisms controlling OC cycling in arid, semi-arid and 

Mediterranean mangrove ecosystems.  
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Fig. 1.2. Microbial organic carbon cycle in mangrove soils, where organic carbon is 

converted to inorganic carbon, cycled within the microbial community, or stored within 

the soil (Alongi, 2014;  Bouillon et al., 2008; Kristensen et al., 2008). Where OC = organic 

carbon, DIC = dissolved inorganic carbon.  

 

1.2 Living on the edge in arid, semi-arid and Mediterranean 

mangrove ecosystems 

 

Around a quarter of the global coastline area that is inhabited by mangroves occurs outside 

the wet tropics (Spalding et al., 2010), yet remarkably little research has investigated the 

functioning of these ecosystems.  Mangrove forests and shrublands growing in arid, semi-

arid and Mediterranean-type climates are likely to have different ecological attributes to 

the wet tropical regions that have been the focus of most mangrove research to date, and 

of particular note is a greater likelihood of sensitivity to changing hydrological regimes 

DIC

stored OC

CO2

CO2

OC & DOC

CO2
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and temperature (Semeniuk, 2013). Indeed, mangrove productivity in arid, semi-arid and 

Mediterranean regions is strongly limited by freshwater availability and high temperatures 

(Osland et al., 2017).  We might thus expect that microbial processing of carbon in these 

environments will also reflect similar limitations.  

 

In arid, semi-arid and Mediterranean mangrove ecosystems, fresh water availability, 

nutrients and temperature can limit species diversity, OM cycling and productivity (Alongi 

et al., 2003; Livesley and Andrusiak, 2012; Lovelock et al., 2011). Few species of 

mangrove can tolerate hypersalinity and cold temperatures, and therefore mangrove forests 

growing in arid, semi-arid and Mediterranean areas are often comprised of only one or two 

tree species that are often stunted in growth (Osland et al., 2017; Spalding et al., 2010). 

Mangrove forests growing in Mediterranean and arid regions are generally less productive 

than their wet tropical counterparts (Alongi, 2009; Saenger and Snedaker, 1993). In some 

arid ecosystems, litter fall has been recorded to be as little as one third of what some 

tropical mangrove ecosystems produce (Sánchez-Andrés et al., 2010; Sukardjo et al., 

2013). In addition, less mangrove leaf litter is retained in hot dry climates compared to 

wetter and colder regions (Adame and Lovelock, 2010). Therefore, in arid environments, 

less litter (and consequently OM) is available for decomposition within forest soils than in 

wet tropical or Mediterranean environments. Hence, other mechanisms, such as nutrient 

storage in dead roots may be more important in conserving nutrients and maintaining 

productivity in oligotrophic arid mangrove environments (Alongi et al., 2003). In arid 

systems, productivity depends on tidal delivery of OM and nutrients, and therefore it is 

expected that microbial biomass and activity will reflect distinct differences in supply of 

substrates over intertidal gradients. 
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OM inputs can change substantially over the intertidal gradient owing to differences in 

tidal inundation (Weiss et al., 2016). The communities lower in the intertidal zone have 

higher levels of marine influence, while those higher in the intertidal zone are generally 

more strongly influenced by adjacent terrestrial ecosystems (Kristensen et al., 2008).  In 

wetter climates, mangroves may receive terrestrial OM via rivers (Dittmar et al., 2001) or 

overland flow, while in drier climates terrestrial OM is delivered less frequently, e.g. 

during flooding events, or in localised areas such as via mammal faeces (Reef et al., 2014). 

Therefore, terrestrial OM and leaf litter are not likely to be large inputs of OM into arid 

mangrove ecosystems. In addition, mangrove leaf litter is often washed out, especially 

from low in the intertidal zone and in warm and dry climates (Adame and Lovelock, 2010). 

Hence, arid ecosystems are more likely to rely upon tidal inputs of OM and nutrients for 

maintenance of productivity (Alongi et al., 2003; Lovelock et al., 2011). In addition, 

sporadic weather events such as storms and cyclones delivering large quantities of marine 

inputs and terrestrial material delivered by flooding play a large role in the maintenance of 

productivity in arid zone mangroves (Castañeda-Moya et al., 2010; Lovelock et al., 2011).  

 

In mangrove ecosystems, the structure and functioning of microbial communities are 

highly dependent on diurnal and longer term fluctuations in salinity, nutrient delivery, 

redox conditions, and temperature – all of which change over intertidal gradients (Alongi, 

1988; Gonzalez-Acosta et al., 2006; Tam, 1998; Weiss et al., 2016). Microbial biomass 

and activity are generally higher in soils of seaward fringing forests compared to soils 

higher in the intertidal zone in tropical mangrove ecosystems (Alongi, 1988; Alongi et al., 

2002; Keuskamp et al., 2015). Greater microbial activity and biomass in seaward zones 

have been attributed to greater addition of OM and nutrients by tides combined with more 

consistently high levels of soil moisture (Alongi et al., 2002), higher C content of soils 
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(Keuskamp et al., 2015), and smaller soil grain size (Alongi, 1988). The position in the 

intertidal zone is therefore likely to play a key role in determining C and nutrient 

limitations to the soil microbial community.  

 

The differences in salinity between mangroves growing at low intertidal positions versus 

those further inland can be large. Often, in wet climates such as wet tropical or temperate 

areas where riverine inputs of freshwater are more significant, salinity will decrease away 

from the seaward edge (Duke et al., 1998). Conversely, in dry arid climates, salinity often 

increases away from the shore, where high intertidal positions are inundated less frequently 

and generally do not receive freshwater flows, allowing salt concentrations to build up via 

evaporation. Few mangrove species can tolerate hypersaline conditions; the threshold of 

mangrove salt tolerance appears to be 90 ppt (Semeniuk, 1983). Mangroves that grow in 

the extensive hypersaline high intertidal zone exhibit stunted tree growth, which may 

restrict or alter OM availably to the soil decomposer community (Cintron et al., 1978; 

Lovelock et al., 2011). Microbial community composition was found to change (e.g. 

increases in halotolerant and photosynthetic bacteria) as salinity increased in a hypersaline 

South Australian lagoon (Jeffries et al., 2012). However, the effect of shifts in salinity on 

microbial functioning in mangrove forests are not well known. The large shifts in salinity 

and mangrove productivity across tidal positions in arid regions impact soil conditions and 

OM availability and thus we might expect that microbial C cycling will also differ.  

 

While mangroves are frequently described as C-rich ecosystems (Donato et al., 2011), 

microorganisms may nevertheless be limited by the availability of labile C (Keuskamp et 

al., 2013). The combination of low quality OM and low oxygen availability can limit 

decomposition, and lead to the formation of peat in some tropical mangrove forests 
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(Middleton and McKee, 2001). However, arid, semi-arid and Mediterranean mangrove 

ecosystems often contain lower soil C stocks than their wet tropical counterparts (Alongi 

et al., 2003; Donato et al., 2011; Livesley and Andrusiak, 2012; Schile et al., 2017). Peat 

may not build up as readily in arid environments compared to the tropics as there are less 

OM inputs (Sánchez-Andrés et al., 2010) and greater leaf litter export (Adame and 

Lovelock, 2010). In addition, less leaf litter on the surface may allow for greater oxygen 

penetration into the soils (Schile et al., 2017), thereby increasing aerobic decomposition. 

Other factors that also increase the likelihood of air-filled pores in arid and semi-arid 

systems include larger grain sizes as fine-grained sediment deposition from rivers are less 

likely, and depending on the tidal elevation, soils could be less waterlogged as surface 

water flows are minimal. Aerobic decomposition is faster than anaerobic decomposition in 

marine sediments after initial leaching has occurred (Kristensen et al., 1995). Therefore, in 

dry arid climates where OM is less abundant, and aerobic decomposition dominates, there 

is potential that the available OM is more completely decomposed by the microbial 

community. It could be implied therefore, that microorganisms in dry arid climates could 

be better adapted to breaking down more recalcitrant forms of C compared to 

microorganisms in the tropics. 

 

In many mangrove ecosystems both mangrove tree growth (Reef et al., 2010) and 

microbial processes (e.g. Feller et al., 1999; Keuskamp et al., 2015) are also nutrient 

limited. Microbial decomposition in tropical mangrove forests appears strongly limited by 

either the availability of nitrogen (N) (Kristensen et al., 2008) or phosphorus (P) (Feller et 

al., 1999). Microbial biomass and activity can either increase, decrease or remain 

unchanged in response to N or P fertilisation in a tropical mangrove (Keuskamp et al., 

2015; Romero, 2009). It is therefore important to determine which, if any, nutrients are 
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limiting microbial processes, particularly in arid oligotrophic ecosystems where small 

shifts in microbial processing could cause large shifts in ecosystem functioning. 

 

Microbial diversity and community structure are also likely to change across latitudes, 

reflecting large-scale patterns in temperature and salinity. In marine ecosystems, microbial 

community structure and diversity are known to shift with temperature in particular, along 

latitudinal gradients (Fuhrman et al., 2008; Pommier et al., 2006; Romero et al., 2009). 

However, there is a paucity of knowledge on the shifts in microbial communities of 

mangrove soils across large (continental) scales. Increasing temperatures at lower latitudes 

along the west Australian coastline best explained microbial mineralisation rates (Alongi 

et al., 2000a). Warmer water in arid environments can support proliferation of algae 

(Holguin et al., 2006; Toledo et al., 1995), which in turn can increase labile C and dissolved 

O2 available to microorganisms. Salinity in estuaries may also change along latitudinal 

gradients. For instance, many estuaries in arid and semi-arid climates may not receive 

freshwater during the dry season, creating inverse estuaries with hypersaline waters (Digby 

et al., 1998; Ridd and Stieglitz, 2002). Although studies have assessed variation in bacterial 

diversity with salinities below that of seawater (< 35 ppt) (e.g. Crump et al., 2004; 

Henriques et al., 2006), variation in microbial communities in salinities above that of 

seawater (i.e. hypersaline), which are more common within arid coastal environments (e.g. 

Jeffries et al., 2011), are virtually undescribed. It is therefore important to understand the 

effect changing climate has on microbial communities so that we may be able to better 

identify drivers of OC cycling in what appear to be OM limited systems. 
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1.3 Climate change impacts on Australian mangroves 

 

Because mangroves live at the intersection between/of marine, terrestrial and often 

freshwater ecosystems, they are especially vulnerable to compounding effects to/of 

changes in each ecosystem. Mangrove ecosystems have become one of the world’s most 

threatened tropical ecosystems, with climate change ultimately impacting all regions over 

which they occur (Gilman et al., 2008; UNEP, 2013; Valiela et al., 2001). The world’s 

total mangrove area has declined by approximately 35 % in the past 30 years and most of 

the remaining areas are already in a degraded state (Giri et al., 2011). In Australia, 

mangroves were listed as the one of the top ten ecosystems most likely to  reach a tipping 

point of ecosystem alteration following environmental disturbances such as those relating 

to climate change (Laurance et al., 2011). In the summer of 2015/2016, mangrove trees 

died along 1000 km of coastline in the Australian Gulf of Carpentaria, coinciding with an 

unusually extreme weather event including high temperatures and drought (Duke et al., 

2017). Additionally, mangroves on the west Australian coastline close to my Exmouth 

field site also died in response to El Niño associated fluctuations in sea level (Lovelock et 

al., 2017). Both events are potential examples of impacts on mangrove ecosystems 

resulting from a changing climate. However, most shifts in climate may cause more subtle 

changes to ecosystem functioning that result in mangroves reaching the limits of their 

physiological tolerances. For instance, in regions where rainfall is reduced and 

temperatures rise there may be a shift toward more drought-tolerant mangrove 

communities similar to those along the west Australian coast. In addition, climate 

projections predict that cyclones, which are both locally highly destructive (Paling et al., 

2008) but also one of the major drivers of inputs that stimulate productivity in arid 

mangrove ecosystems (Lovelock et al., 2011), will decrease in frequency in the southern 

hemisphere (Knutson et al., 2010; Walsh et al., 2016). Compounding this, any increase in 
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air or sea temperatures will increase evaporation and salinization in already hypersaline 

forests and scrublands along the west Australian coast (Semeniuk, 2013). As the climate 

warms, mangroves in Australia are also occupying more temperate zones that have been 

dominated by salt marsh (Saintilan et al., 2013; Semeniuk, 2013). Increasing winter 

temperatures could further increase the mangrove cover in Bunbury (the most southern 

extent of mangroves on the west Australian coast), which has been expanding since the 

1940’s (Semeniuk, 2013). By gaining a deeper understanding of how arid, semi-arid and 

Mediterranean mangrove ecosystems function in relation to tropical mangroves, the 

ecosystem consequences of future changes in climate will become more apparent.  

 

1.4 West Australian mangroves – a unique opportunity  

 

The west Australian coastline harbours some of the most arid and poleward mangrove 

forests in the world; almost half of west Australia’s mangrove forests and shrublands occur 

outside the wet tropics (Peel et al., 2007; Spalding et al., 2010). Given the extent of arid 

and semi-arid mangroves along the eastern rim of the Indian Ocean, it is important we 

understand basic ecosystem functioning of these mangrove ecosystems in order to 

underpin management of the coastal zone and enhance understanding of the impacts of 

climate change. The west Australian mangrove ecosystems are, for the most part, relatively 

pristine and not as heavily impacted by anthropogenic activities as many other regions of 

the world, including eastern Australia (Corstanje et al., 2007; Gibbes et al., 2014; Santos 

et al., 2011).  

 

The western coastline of Australia provides the perfect opportunity to study carbon 

dynamics in mangrove communities along a gradient that represents the climatic range that 
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arid to semi-arid mangroves occupy. The sites chosen for the research described in this 

thesis represent some of the most extreme climatic conditions mangrove forests can 

tolerate. Most of the mangrove ecosystems of the west Australian coast south of Broome 

(see Fig. 1.3) are dominated by a single species, Avicennia marina (Forsk.)Vierh.. A. 

marina is the only species of mangrove in Australia capable of withstanding hypersaline 

conditions and cold temperatures, and can persist over a broad range of tidal conditions 

(Macnae, 1966). Two of the four sites chosen for this study are listed under special 

protected status, including a World Heritage Area (UNESCO) near Shark Bay and a 

Ramsar wetland near Broome (Roebuck Bay) (Fig. 1.3, Table 1.1). Likewise, the Exmouth 

Gulf site is one of the largest unmodified arid zone estuaries in the world (Fig. 1.3, Table 

1.1). The most southern extent of mangroves in west Australia is located in the city of 

Bunbury (population ~ 33 000, ABS), with the nearest mainland mangrove population 

~1000 km to the north, at Shark Bay (Fig. 1.3).  The mangrove forest at Bunbury is 

carefully monitored, along with the Leschenault Inlet water quality which contains 

nitrogen and phosphorus levels that are only slightly elevated above natural levels 

(McKenna, 2007). Overall, Bunbury mangroves are considered relatively pristine 

compared to highly impacted mangroves in more eutrophic settings (e.g. Alongi and 

McKinnon, 2005).  
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Fig. 1.3. Location of sites along the west Australian coast with images of typical vegetation 

in the lower intertidal forest and higher intertidal scrub at each site; Broome, Exmouth, 

Shark Bay and Bunbury.  
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Table 1.1. General site information for the four Avicennia marina mangrove sampling 

locations along the west Australian coastline: Broome, Exmouth, Shark Bay and Bunbury. 

Climate data obtained from Bureau of Meteorology (2016).  

Site Broome Exmouth Shark Bay Bunbury 

 Roebuck Bay Exmouth Gulf Gueshenalt Point Leschenault Inlet 

Latitude, 

longitude 

17.98oS, 

122.4 oE 

22.53oS,  

114.3oE 

25.4oS,  

113.3oE 

33.32 oS,  

115.6 oE 

Climate* 

 

Hot semi-

arid (BSh) 

Hot desert 

(BWh) 

Hot desert  

(BWh) 

Hot summer 

Mediterranean 

(CSa) 

Annual max 

temp (oC)  

32 32 29 23 

Annual min 

temp (oC)  

21 18 16 11 

Annual rainfall 

(mm yr-1) 

611 261 214 725 

Rainfall season Dec - Apr Mar - May May - Aug May - Aug 

Freshwater flows Wet season, 

cyclonic 

Cyclonic  Winter Perennial  

Max tidal range 

(m)  

10  ca. 1.6   1.5  1.1  

*Climate is Koppen-Geiger (Peel et al. 2007). 

 
 

1.5 Objectives of this thesis  

 

The general objective of this thesis is to characterise the role of microbial communities in 

carbon cycling in mangrove soils along the west Australian coastline. I sought to determine 

the significance of key ecological processes on soil microbial composition and functioning 

at a range of scales, i.e. at the site-scale (carbon and nutrient availability and intertidal 

position) and across a large latitudinal gradient that encapsulates a range of aridities.  I 
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expected microbial decomposition to be limited by OM quality and quantity. OM 

availability may change with fertilisation (e.g. cyclones, eutrophication), intertidal position 

(marine inputs and tree productivity), and degree of aridity (freshwater inputs and tree 

productivity). Specifically, the aims of this thesis are to: (i) identify nutrient and carbon 

source limitations to microbial OM cycling under arid conditions; and (ii) investigate the 

effects and relative importance of aridity and intertidal position on production of dissolved 

inorganic carbon (DIC) and microbial community structure in mangrove soils. I will also 

consider how microbial cycling of OM in arid mangrove soils may be impacted by 

changing climatic or environmental conditions. 

 

Collectively, this study will extend our knowledge of microbial metabolism in mangrove 

soils and porewaters and help address the paucity of mangrove studies outside the wet 

tropics and more temperate regions of the world. This research is the first systematic 

investigation of the role of microorganisms in mangrove soils and porewaters along the 

west Australian coastline, and provides new insights into the functioning of the mangrove 

ecosystem, particularly in arid or semiarid areas.  

 

In this study, I applied a range of techniques and approaches to explore how 

microorganisms cycle C and OM under differing environmental conditions.  Chapters 2 

and 3 investigated microbial responses to nutrient additions, focussing on a single arid site 

(Exmouth Gulf). In Chapter 2, I assessed how long-term fertilisation with N or P affects 

microbial biomass and activity at high and low intertidal positions and how these are 

related to substrate availability (organic carbon and nutrients). In Chapter 3, I sought to 

experimentally determine whether different forms of carbon, phosphorus and nitrogen (and 

some combination thereof) are limiting microbial respiration rates in the short term.  
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In Chapter 4, I investigated changes in dissolved organic matter (DOM) and inorganic 

carbon (DIC) concentrations within mangrove soil porewaters along the west Australian 

coastline at high and low intertidal positions. I also sought to determine the likely sources 

of DIC, with a particular focus on the contribution of mangrove roots. In Chapter 5, I 

characterised differences in bacterial and archaeal communities of mangrove soils in 

relation to differences in available C, nutrients and tidal inundation along the west 

Australian coast. 

 

Chapter 6 provides a general discussion of the outcomes of this research and its relevance 

to understanding the basic mechanisms of microbial carbon cycling in arid, semi-arid and 

Mediterranean mangrove ecosystems, and suggests avenues for further research.  
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CHAPTER TWO: Nutrient delivery affects soil microbial 

biomass and activity of an arid zone mangrove via tree 

growth 

 

2.1 Introduction  

 

Productivity in mangrove ecosystems is largely maintained by microbial mineralisation of 

organic matter (OM), which increases nutrient availability to trees in often oligotrophic 

systems (Alongi, 1994; Alongi et al., 2002). Microorganisms and their dynamics are in 

turn strongly determined by both the quality and amount of OM that accumulates in soils. 

Autochthonous inputs, such as leaf litter and root exudates, as well as riverine and marine 

inputs, such as algae and wrack, can deliver OM of varying quality over different spatial 

and temporal scales (Alongi et al., 2000a; Bouillon et al., 2004). In arid zone mangrove 

ecosystems, where rivers are generally scarce, ecosystem productivity may depend upon 

marine inputs; in the sub-tropics these inputs are particularly associated with sporadic but 

intense weather events, such as heavy rainfall associated with cyclones (Castañeda-Moya 

et al., 2010; Lovelock et al., 2011). In the southern hemisphere, cyclones are predicted to 

become less frequent but more intense (Emanuel, 2005; Knutson et al., 2010; Walsh et al., 

2016).  A decrease in frequency of cyclone events would reduce nutrient delivery to the 

intertidal zone, limiting tree growth (Lovelock et al., 2011). However, more intense 

cyclones could cause greater destruction of trees and increase tree mortality (Doyle et al., 

1995; Paling et al., 2008). These changes in the amount, timing and quality of OM will 

likely also alter microbial dynamics in mangrove ecosystems with subsequent 

consequences to ecosystem productivity.  
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Tidal delivery of allochthonous OM and nutrients will influence microbial biomass and 

activity differently over the intertidal gradient. Arid zone mangroves rely on allochthonous 

inputs of OM such as algae, seagrass or phytoplankton in order to maintain productivity.  

Thus, arid zone mangroves are often more productive toward the seaward edge. Similarly, 

microbial biomass and activity is generally higher in soils of low elevation intertidal forests 

compared to soils in high elevation intertidal scrub in tropical mangrove ecosystems due 

to greater frequency of tidal flooding (Alongi, 1988; Alongi et al., 2002; Keuskamp et al., 

2015). Greater microbial activity and biomass in seaward zones have been attributed to 

greater addition of OM and nutrients by tides combined with more consistent soil moisture 

(Alongi et al., 2002), higher C content of soils (Keuskamp et al., 2015), and smaller soil 

grain size (Alongi, 1988). In arid systems where productivity can depend on tidal delivery 

of OM and nutrients it is expected that microbial biomass and activity will reflect distinct 

differences over the intertidal gradient. 

 

Both mangrove tree growth (Reef et al., 2010) and microbial processes (e.g. Feller et al., 

1999; Keuskamp et al., 2015) are extremely nutrient-limited in most pristine environments. 

Long-term addition of nitrogen (N) and/or phosphorus (P) can enhance aboveground tree 

growth in arid zone mangrove forests (Lovelock et al., 2011). However, microbial 

responses to changes in nutrient supply are less predictable. For example, in mangrove 

forests where trees were primarily P-limited, microbial activity was primarily N-limited, 

but microbial biomass nevertheless increased in response to long-term additions of P 

(Keuskamp et al., 2015).  Long-term additions of N to N-limited mangrove forests has both 

increased (Romero, 2009) or decreased (Keuskamp et al., 2015) microbial biomass and 

activity. Microbial biomass and activity may also respond differently to fertiliser addition 

treatments depending on the intertidal position (Keuskamp et al., 2015). These contrasting 
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observations may in part be explained by differences in tree growth responses and 

subsequent changes in litter production and quality, which over the long-term alter both C 

and nutrient availability to microbial decomposers. 

 

In this study, I investigated the effects of intertidal position and long-term fertiliser addition 

(10 years) on the microbial soil communities in an N-limited mangrove forest (Lovelock 

et al., 2011) of the Exmouth Gulf in Western Australia. Because tides are the primary 

mechanism for C and nutrient delivery in this arid system (Brunskill et al., 2001), I 

expected that the low intertidal forest soils would contain higher microbial N and P 

biomass and enzyme activities than soils in the high intertidal scrub, reflecting the higher 

C and nutrient contents in the soil and/or concentrations in the porewater in the low 

intertidal forests. Given that aboveground tree growth generally responds to long-term N 

but not P fertiliser addition (Lovelock et al., 2011), I also expected that microbial N and P 

biomass and enzyme activities would respond positively to N fertiliser addition but not P 

fertiliser addition following changes to OM delivery to the soil. As nutrient delivery is 

sporadic in this arid environment, due to pulse events such as cyclones, productivity and 

therefore OM quantity and quality to the soil differs from year to year (Lovelock et al., 

2011). Therefore, measurements were repeated over two consecutive years, one with 

summer-dominated rainfall associated with a tropical cyclone, the other with winter-

dominated rainfall. 
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2.2 Materials and methods 

2.2.1 Study site description  

 

The Exmouth Gulf is a large (2600 km2), unmodified estuary that supports both a 

commercial and a recreational fishing industry (Loneragan et al., 1998). The Gulf is 

dominated by wind and tidal action (tidal range ~ 1.6 m) (Semeniuk, 1985) and is classified 

as a “weak inverse estuary” (Brunskill et al., 2001).  The climate is hot and arid with 

daytime maximum air temperatures ranging between 24oC in July and 38oC in January 

(Australian Bureau of Meteorology, 2017b). Mean annual rainfall is 261 mm but varies 

widely year to year, with rain consistently falling in the winter months (May-July) but 

sporadic cyclonic rain falling during summer months (Dec-April). The sampling campaign 

was conducted in August of 2012 (rainfall was 152 mm in the 12 months prior to sampling, 

most of which fell during late January) and August of 2013 (rainfall was 265 mm in the 12 

months prior to sampling, most of which fell during June).  

 

The study site was on the eastern side of the Sandalwood Peninsula on the edge of a tidal 

creek within Giralia Bay (Fig. 2.2, 22.437oS, 114.346oE, see Lovelock et al. (2010) for 

more detail). The Exmouth Gulf is fringed by approximately 161 km2 of mangrove forests 

dominated by Avicennia marina (Forssk.) Vierh. and surrounded by high intertidal salt 

flats dominated by cyanobacteria (Brunskill et al., 2001; Lovelock et al., 2010). In the 

Exmouth Gulf, mangrove trees have lower biomass and productivity compared to their 

tropical counterparts, due to aridity, cold winters and hypersalinity (Semeniuk, 1993a). 

The mangrove trees range from 3-4 m height in the forest fringing the creeks to 1-2 m 

height and lower tree density in the high intertidal, landward scrub. On average, the low 

intertidal forest soils are inundated 75 % of the time whereas the high intertidal scrub soils 
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are inundated only 18 % of the time (estimated over a six month period from July 2014 to 

February 2015; Catherine Lovelock unpub. data) (Fig. 2.1). 

 
Fig. 2.1. Location of the Exmouth Gulf along the west Australian coast with aerial view of 

the study site, showing the low intertidal forest fringing the estuary, the high intertidal 

scrub on the landward edge, and the adjacent salt flat.  

 

2.2.2 Experimental design and field sampling 

 

The study was undertaken at sites that are part of a long-term fertiliser experiment (see 

Lovelock et al., 2011). Replicate individual trees of Avicennia marina were fertilised with 

either N or P in both the low and high intertidal zones. Nine trees for each treatment have 

been fertilised annually since 2004 with N, applied as urea, or P, applied as triple super 

phosphate (27 % P); an additional nine trees received no fertiliser (controls). Fertiliser was 

applied in cored holes (about 250 g per hole) at a depth of 10 – 20 cm on either side of the 

base of each tree; holes were then re-filled with soil (Feller, 1995; Lovelock et al., 2011). 

For consistency, soil beneath control trees were also cored and refilled but no fertiliser was 

added.  Soil and porewater samples were collected ~ 50 cm from the base of fertilised and 

unfertilised mangrove trees, at least 30 cm from the most recent fertiliser addition position. 

In each intertidal position, soil and porewater samples were collected at low tide from 
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beneath five replicate trees that were fertilised with N, or P, or those designated as controls.  

Samples were collected one year after the most recent addition of fertiliser (prior to the 

annual fertiliser addition). Duplicate cores (10 cm long x 6 cm diameter) were collected 

side by side. Porewater was collected directly from soil core holes in 2012 and with a 

suction device in 2013 (McKee et al., 1988) at approximately 20 cm depth, depending on 

saturation of soils. Porewater was stored in polystyrene vials for up to 12 h at 4oC in 

darkness until filtered to 0.2 μm with nylon syringe filters. Cores and porewater were kept 

cool (4oC) and upright until analysis in the laboratory. In the laboratory, cores were cut 

into three depth segments (0-1 cm, 1-4 cm and 4-10 cm) and sealed in plastic bags for 

microbial and physiochemical analyses.  

 

2.2.3 Soil and porewater physiochemical analyses  

 

Organic C content, total nitrogen content, δ13C, and δ15N signatures of soil were 

determined using a continuous flow system consisting of a Delta V Plus mass spectrometer 

connected with a Thermo Flush 1112 via Conflo IV (Thermo-Finnigan/Germany) in the 

West Australian Biogeochemistry Centre at The University of Western Australia. Prior to 

analysis, samples were oven dried for 48 h at 50oC and ground to a powder with a ball-mill 

grinder. Organic C and its isotopic signature were determined after acidification with 4 % 

HCl, while unacidified soils were used for nitrogen content and its isotopic signature. 

Organic matter (OM) content (%) was calculated from loss on ignition (LOI) using a 

modification of Ben-Dor and Banin (1989). Briefly, 2 g air dry soil was ground to <0.4 

mm before being dried at 105oC for 24 h, weighed, and dried again at 400oC for 16 h. OM 

content (%) was the difference in weight where OM (%)=LOI=((weight105 – 

weight400)/weight105) x 100. Nitrate (NO3
-) and ammonium (NH4

+) were determined via 
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cold KCl extracts of fresh soil stored at 4oC (Rayment and Higginson, 1992). Briefly, 5 g 

of soil were mixed with 50 mL 1M KCl, filtered and stored at 4oC until analysis using 

automated colorimetric techniques (Technicon, 1977). NO3
- and NH4

+ of porewater were 

analysed using automated colorimetric techniques (Technicon, 1977). Readily extractable 

total and inorganic P content of air-dry soil was determined using the NaOH extraction 

method (Bowman and Cole, 1978). Samples were either filtered for inorganic P or digested 

for total P followed by colorimetric determination (Murphy and Riley, 1962).  An 

alternative assay for available inorganic P (Pi), was also determined from the unfumigated 

samples in the microbial P anion exchange membrane procedure, providing resin-Pi. 

Particle size analysis was completed using a modification of the fractionation method (Gee 

and Bauder, 1986). Briefly, 20 mL hydrogen peroxide was mixed with 10 g of air dried 

soil sieved to 2 mm and heated to dissolve OM. Particle size was determined in the 

remaining soil by pipetting at 5 cm depth of the soil suspension. Soil pH was determined 

using an electronic pH meter (Orion model 520A) with 5 g of air-dry soil in a 1:2 soil:water 

ratio. Porewater pH was determined within one week of collection using an electronic pH 

meter (Orion model 520A). Porewater dissolved organic carbon (DOC) and total dissolved 

nitrogen (TDN) were analysed on a TOC/TDN analyser with a combustion detector and 

high sensitivity catalyst (Shimadzu TOC/TDN analyser). Salinity of porewater was 

measured within 12 h of collection using a refractometer to nearest 1 PSU.  

 

2.2.4 Microbial biomass  

 

Microbial N and P biomass in soils were determined using fumigation/extraction 

procedures. Within one month of collection, soil samples were incubated at 28oC for two 

weeks in sealed plastic bags. Soil microbial biomass N was then estimated on pre-
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incubated soils using a modified fumigation-extraction procedure (Amato and Ladd, 

1988). Duplicate sub-samples (5 g) of incubated soil were weighed into 50 mL centrifuge 

tubes. Half of the tubes were fumigated with 1 mL alcohol-free chloroform for 36 h at 

25oC. Chloroform was then evaporated off, and samples, along with unfumigated controls, 

were extracted with 20 mL 2M KCl solution by shaking for 1 h then centrifuged at 1500 

for 5 min. The supernatant was analysed for ninhydrin-reactive N following Amato and 

Ladd (1988).  

 

Microbial biomass P was determined by chloroform fumigation with anion exchange 

membranes (Kouno et al., 1995 as modified by Grierson and Adams, 2000). Each soil 

sample was separated into 5 g samples of P-spiked, chloroform fumigated, and 

unfumigated vials, where P microorganisms = P fumigated – P unfumigated * extraction 

efficiency of membranes determined by P-spiked. Vials were shaken for 16 hrs in milli-Q 

water with anion exchange membranes. After, membranes were thoroughly rinsed under 

milli-Q water and the phosphate was recovered by shaking for 1 h in 30 mL 0.5 M HCl. 

Phosphorus in solution was determined by analysing the acid solution colorimetrically 

(Murphy and Riley, 1962).  

 

2.2.5 Enzyme activity  

 

Enzyme activity assays were conducted on fresh surface soils (0-1 cm depth) of each 

treatment.  Five common enzymes were analysed because of their functional importance 

for metabolism of C and N, or P harvesting; α-glucosidase, β-glucosidase, acid-

phosphatase, alkaline-phosphatase and urease. Glucosidases are involved in the breakdown 

of polysaccharides derived from cellulose (β-glucosidase) and starch (α-glucosidase), into 
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glucose for use as biomass (C) and energy. Acid and alkaline phosphatase break down 

organic phosphate compounds into inorganic phosphate. Urease catalyses urea to 

ammonium and CO2. Urea was used as the N-fertiliser in this study and is a common waste 

product of biological reactions. The enzymes α-glucosidase, β-glucosidase, acid-

phosphatase and alkaline-phosphatase were determined by the colorimetric procedure 

described in Eivazi  and Tabatabai (1988). Briefly, soil extracts were prepared by 

suspending 1 g soil in 4 mL modified universal buffer (MUB). An enzyme-specific 

substrate was added to each soil extract; acid and alkaline phosphatases were determined 

using p-nitrophenyl phosphate disodium salt hexahydrate (pNPP; Sigma-Aldrich N4645, 

USA), α-glucosidase was determined using p-nitrophenyl-α -D-glucopyranoside (PNG; 

N1377 Sigma Aldrich, Switzerland), and β-glucosidase was determined using P-

nitrophenyl- β -D-glucopyranoside (PNG; N7006 Sigma Aldrich, Switzerland). Samples 

were then incubated at 37oC for 1 h. After incubation, CaCl2 solution and THAM buffer 

were added before filtering and the colour determined spectrophotometrically at 405 nm. 

For all enzyme analyses, a reference extract was prepared for each sample without the 

substrate. Urease was determined using the method described in Kandeler and Gerber 

(1988). In this method, 2 g soil was added to 20 mL borate buffer and urea (51456, Fluka 

Sigma-Aldrich, Germany) in duplicate, mixed and incubated at 37oC for 2 hrs. After 

incubation, 30 mL KCl-HCl solution was added, shaken for 30 minutes and filtered. Lastly, 

diluted sodium salicylate-sodium hydroxide and sodium dichlorocisocyanurate were added 

before reading on a spectrophotometer at 660 nm.  
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2.2.6 Root biomass and nutrients 

 

To determine root growth in soils (mg g-1) and nutrient contents of roots, root ingrowth 

bags made from nylon mesh were filled with root-free soil from the site and inserted into 

the top 20 cm of soil. Bags were placed approximately 50 cm from the base of each 

fertilised and unfertilised tree in 2013 in replicates of nine, and extracted after one year 

(Aug 2014). The volume of the ingrowth bags was measured after which roots were 

extracted by hand by washing over sieves and weighed. Root C, N and P were obtained on 

a subset of six of the nine replicates. Root C and N (% weight) were obtained by 

combustion using a LECO Truspec CHN analyser. Root P was determined by acid 

digestion and inductively coupled plasma optical emission spectrometry (ICP-OES) 

analysis.  

 

2.2.7 Data analysis  

 

Differences between intertidal positions (low intertidal forest vs high intertidal scrub) of 

the control treatments were tested using two-way ANOVAs (intertidal position*soil depth) 

in each year. The effects of fertiliser addition (N or P) and any interactions with intertidal 

position were analysed using three-way ANOVAs (intertidal position*fertiliser addition 

treatment*soil depth) within each year. Data was presented as pooled depths, except in 

instances where there was a significant interaction between depth and another factor. Data 

collected at only one depth (i.e. porewater and enzyme activity) were analysed using two-

way ANOVAs. Comparisons between years (2012 and 2013) were conducted using 

student’s t-tests. Post-hoc tests on significant main effects and interaction terms in the 

ANOVAs were done using student’s t-tests and accepted as significant where sequential 
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Bonferroni ≥ α = 0.05 (Holm, 1979). All data were analysed using JMP (10.0.0 SAS 

Institute Inc.). Data were checked for normality using distribution histograms and 

homogeneity of variance with bar plots and inspection of the residuals by predicted plots. 

Square root transformations were applied to NO3
- and NH4

+ contents in the soil and 

porewater H+ as data were positively skewed. Natural log transformations were applied to 

porewater DOC, acid phosphatase in 2013, soil N:P and soil C:P in 2012, and root biomass 

prior to analysis. Linear regression was used to explore relationships between microbial 

and soil or porewater variables. Leaf area index (LAI) was assessed at each point using 

hemispherical photographs and analysed using the Hemiview software (version 3.1, Delta 

T Devices, Oxford, UK). 

 

2.3. Results  

2.3.1 Effects of intertidal position on soil, porewater, root, and microbial 

characteristics  

 

Soil nutrient and C contents were generally higher in seaward, low intertidal forests 

compared to the high intertidal, landward scrub soils. Soils in the low intertidal forest 

contained double the TN contents and at least 1.5 times more OH-Pt than found in the high 

intertidal scrub in both years (all F > 24, P < 0.001; Table 2.1). Soils in the low intertidal 

forest also contained double the NH4
+ contents observed in the high intertidal scrub, but in 

2012 this was only evident in the top centimetre of the soil (2012 0-1cm: tratio = 3, P = 

0.003, 2013: F = 68, P < 0.001). Other inorganic nutrients (resin Pi, OH-Pi and NO3
-) were 

similar between intertidal positions in both years (Table 2.1a). Soil OC was about twice as 

high and OM content was about 20 % higher in the soils of the low intertidal forest control 

trees compared to the high intertidal scrub soil in both years (all F >15, P < 0.001; Table 
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2.1a). However, the OM:OC ratios were not constant between intertidal positions, with 

low intertidal forest soils generally containing OM:OC <2, while high intertidal scrub soils 

contain OM:OC >2 (Table 2.1a). In the low intertidal forest, δ13C and δ15N of soil OM 

were lower by approximately 2 ‰ and 1.5 ‰ respectively compared to the high intertidal 

scrub soils (all F > 70, P < 0.001; Table 2.1a). While soil stoichiometry was generally 

similar between intertidal positions, in 2012 soil Nt:Pt ratios were higher in the low 

intertidal forest than the high intertidal scrub at 4-10 cm depth (t ratio = 2.8, P = 0.011). 

Also, in 2013 soil Nt:Pt ratios were higher in the low intertidal forest compared to the high 

intertidal scrub (F = 6.08, P = 0.02), as was Co:Pt below 1 cm depth (t ratio ≥ 3.75, P ≤ 0.001) 

(Table 2.2). 

 

Porewater C and nutrient concentrations were similar between intertidal positions. 

However, porewater in the high intertidal scrub was almost 15 PSU more saline than in the 

low intertidal forest in both years (all F > 10, P < 0.05; Table 2.1b). Soil and porewater pH 

in the low intertidal forest was more basic than the high intertidal scrub in 2012 (all F > 

12, P < 0.01; Table 2.1a & b), but in 2013 there was no difference between intertidal 

positions. Soil, porewater and microbial stoichiometric ratios were generally similar 

between intertidal positions (Table 2.2). The low intertidal forest soils had a lower redox 

potential than the high intertidal scrub soils, indicating the low intertidal forest was more 

anoxic (Table 2.1a). The low intertidal forest also contained a lower proportion of finer 

clay particles than the high intertidal scrub zone, but more silt (sand:silt:clay low intertidal 

forest 60:33:7, high intertidal scrub 64:12:24). Root growth, and tissue C, N and P contents 

and ratios did not differ between intertidal positions (Fig. 2.2; Table 2.2).  
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Table 2.1a. Edaphic properties beneath A. marina forests of the Exmouth Gulf, Western Australia. Measurements are reported beneath 

unfertilised control (Ctrl) and fertilised (+N or +P) trees at low (Forest) and high (Scrub) intertidal positions in two years (2012 and 2013). 

Values are pooled means of all depths (0-1 cm, 1-4 cm, 4-10 cm), and significant differences between forest and scrub control sites within 

each year are indicated by different letters (α ≤0.05). Significant differences are not reported for fertiliser treatment owing to some variables 

with significant interactions between fertiliser treatment and depth. (-) means no data available.  

  2012 2013   
 Forest Scrub Forest Scrub  
  Ctrl +N  +P Ctrl +N +P  Ctrl +N  +P Ctrl +N +P  unit 

Soil              

pH   8.33a 8.24 8.34 8.21b   8.40 8.40 8.67 a 8.64 8.65 8.71 a 8.69 8.77  
TN   0.09 a  0.11 0.09 0.05 b   0.08 0.06 0.10 a 0.12 0.09 0.05 b 0.07 0.05 % 

NO3
-   0.39 a 0.56 0.28 0.49 a   2.69 0.97 0.22 a 0.32 0.26 0.17 a 0.23 0.28 mg kg-1 

NH4
+ 30.0 a  44.2 30.3 20.9 b 30.8 15.1 12.1 a 16.9 14.3 3.7 b 4.7 2.9 mg kg-1 

OH-Pi   1.48 b 1.32 1.33 2.05 a    2.58 2.37 1.12 a 1.19 1.19 1.13 a 1.44 1.66 μg g-1 

resinPi 31.3 a  44.6 49.9 31.3 a  37.7 26.0 33.2 a  44.1 47.1 30.9 a  31.1 26.9 μg g-1 

OH-Pt   9.04 a  10.81 2.40 5.29 b 9.60 3.84 7.46 a 9.03 7.71 5.27 b 6.08 6.19 μg g-1 

δ15N   1.50 b 1.37 1.35 2.98 a  2.61 2.73 1.44 b 1.41 1.48 2.78 a 2.54 2.67 ‰ 

δ13C  -26.1 b -26.1 -26.2 -23.7 a  -24.4 -24.2 -25.8 b -26.0 -25.9 -23.8 a -24.8 -23.6 ‰ 

OC  3.32 a  3.19 3.74 1.77 b 2.27 1.91 3.82 a 4.20 3.78 1.86 b 2.40 1.73 % 

OM  6.50 a  6.47 5.56 4.82 b 6.16 4.40 6.63 a 6.93 6.26 5.09 b 5.94 4.80 % 

Leaf 

litter - - - - - - 1 a 0 0 2 a 9 1 

 leaves 30 

cm-2 

Redox  - - - - - - 29 a 17 55 124 a 80 82 Eh^ 

TN= total nitrogen, OH-Pi= inorganic OH-extractable phosphorus, OH-Pt= total OH-extractable phosphorus, OC= organic carbon, OM= 

organic matter, ^ indicates the measurements were taken in 2010.  
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Table 2.1b. Site-specific porewater properties beneath A. marina forests of the Exmouth Gulf, Western Australia. Measurements are reported 

beneath unfertilised control (Ctrl) and fertilised (+N or +P) trees at low (Forest) and high (Scrub) intertidal positions in two years (2012 and 

2013). Values are means and significant differences between forest and scrub control sites are indicated by different letters (α ≤0.05). (-) means 

no data available. 

  2012 2013   
 Forest Scrub Forest Scrub  
  Ctrl +N  +P Ctrl +N +P  Ctrl +N  +P Ctrl +N +P  unit 

Porewate

r              

pH  7.72 a 7.71 7.74 7.52 b 7.49 7.59 8.21 a 8.11 8.10 8.19 a 8.11 8.19  
salinity 51.8 b 52.4 49.8 65.2 a 63.8 66.6 49.0 b 50.8 50.0 57.6 a 68.4 64.8 ppt 

DOC  5.76 a 9.85 6.82 15.56 a 25.97 14.76 24.42 a 29.60 23.48 15.59 a 28.64 51.20 mg L-1 

TDN  0.37 a 0.39 0.31 0.44 a 0.55 0.39 0.45 a 0.63 0.39 0.42 a 0.44 0.42 mg L-1 

NH4
+ - - - - - - 0.171 a 0.175 0.125 0.044 a 0.059 0.068 ppm 

NO3
- 0.002 a 0.004 0.003 0.012 a 0.005 0.008 0.002 a 0.001 0.001 0.005 a 0.002 0.003 ppm 

DOC= dissolved organic carbon, TDN= total dissolved nitrogen, DOM= dissolved organic matter 
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Table 2.2. Elemental stoichiometric ratios of soil, microbial biomass and root tissue in an A. marina forest in the Exmouth Gulf of Western 

Australia. Soils are from 0-10 cm depth (n=5), microbial biomass from 0-10 cm depth (n=5) and A. marina roots from up to 20 cm depth 

(n=3). Samples were taken under low intertidal mangrove forests (Forest) and high intertidal scrub (Scrub) where trees were fertilised with 

nitrogen (+N), phosphorus (+P) and unfertilised control (Ctrl). Where (-) indicates no data. Significant differences between fertiliser treatments 

or tidal positions are indicated by different letters (α ≤0.05) in each year. Bold indicates where a difference occurs but it interacts with another 

factor.  

  2012 2013 
 Forest Scrub Forest Scrub 

  Ctrl +N  +P Ctrl +N +P  Ctrl +N  +P Ctrl +N +P  

Soil             

Co:Nt 38 a 30 a 44 a 33 a 29 a 37 a 41 a 38 a 43 a 49 a 43 a 43 a 

Co:Pt 4251 b 3339 b 

18553 

a 5234 b 2538 b 5016 b 5235 a  4788 a 4991 a 3482 a 4060 a 2807 a 

Nt:Pt 110 c 114 c 483 a 160 b* 92 c 135 c 130 ab 126 b 120 b 93 c 111 cb 72 c 

Microbial             

N:P 1 a 2 a 1 a 1 a 1 a 1 a 6 a 2 a 4 a 1 a 11 a 6 a 

Roots             

C:N - - - - - - 30 a 67 b 31 a 37 a 28 a 38 a 

C:P - - - - - - 320 a 388 a 170 b* 310 a 242 a 206 b* 

N:P - - - - - - 14 a 6 a 6 a 9 a 9 a 6 a 

Where Co= organic carbon, Nt= total nitrogen, Pt= total OH-extractable phosphorus 
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Fig. 2.2. Avicennia marina root chemical characteristics and biomass after one year of 

growth in the Exmouth Gulf of Western Australia. Where a) is root carbon (C), b) is root 

nitrogen (N), and c) is root phosphorus (P) (n = 6).  In addition, d) represents root biomass 

(n = 9) in unfertilised control (Ctrl), or nitrogen (+N) or phosphorus (+P) treatments. 

Values are means with standard error bars, and (*) represents significant difference 

between control and fertiliser treatments (P ≤ 0.05).  

 

Microbial biomass N (measured as Ninhydrin reactive N) in the low intertidal forest soils 

was double that of the high intertidal scrub in unfertilised control soils in both years (all F 

> 30, P < 0.001). Microbial biomass P in the low intertidal forest was also double that of 

the high intertidal scrub in 2012 (F = 10, P = 0.002) but was not different in 2013 (Fig. 

2.3). In 2012, microbial biomass N correlated most strongly with NH4
+ and OC (both R2 ≥ 

0.41, P < 0.001; Fig. 2.4). In 2013 microbial biomass N correlated most strongly with TN, 

OC and OM (all R ≥ 0.39 P < 0.001; Fig. 2.4). A visual assessment of the significant 

correlations among microbial biomass N and organic C and nutrients revealed that the 

differences in C and nutrient contents were owing to intertidal positions rather than 
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fertiliser addition effects. Microbial biomass P was highly variable and did not correlate 

with any measured physiochemical variables. 

 

Enzyme activities were generally similar across intertidal zones, however α-glucosidase 

activity was slightly lower in the low intertidal forest than the high intertidal scrub in 2013 

(t ratio =2.30, P = 0.028; Fig. 2.5). In contrast, urease activity was slightly higher in the low 

intertidal forest than the high intertidal scrub in 2012 (P = 0.049). Phosphatase activities 

did not differ between intertidal zones, with the exception of alkaline phosphatase activity, 

which was higher in the low intertidal forest compared to the high intertidal scrub in 2013 

(t ratio = 2.69, P = 0.028; Fig. 2.5). In both 2012 and 2013, glucosidase activities were 

correlated to OM, and a-glucosidase was also correlated to LAI (Table 2.3). While acid 

phosphatase was not strongly correlated to any measured variable, alkaline phosphatase 

was correlated to OH-Pt in both years. Urease was not strongly correlated to any variables 

in 2012, but was correlated to TN, OC and OM in 2013 (Table 2.3). 
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Fig. 2.3. Ninhydrin reactive N (microbial biomass N) and microbial biomass P in 

Avicennia marina soils of the Exmouth Gulf, Western Australia.  Soils received long-term 

addition of nitrogen (+N) or phosphorus (+P) or were left as a control in two consecutive 

years. Values are means with standard error bars. Letters indicate significant differences 

between forest and scrub control treatments. There are no letters indicating significant 

differences between fertiliser treatments as there was no interaction between fertiliser 

treatment and intertidal position.  
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Fig. 2.4. Correlations in 2012 and 2013 between Ninhydrin reactive N (microbial biomass 

N) and C, N and P soil characteristics for Avicennia marina soils from the Exmouth Gulf, 

Western Australia. Where OM = organic matter, OC = organic carbon, TN = total nitrogen, 

NH4
+ = ammonium, OH-Pt = OH-extractable total phosphorus and resin Pi= available 

inorganic phosphorus.  R2 values are all adjusted R2.  Correlations are significant where P 

≤ * 0.05, ** 0.01, *** 0.001. 
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Fig. 2.5. Radar plots illustrating the relative mean enzyme activities in Avicennia marina 

soils in the Exmouth Gulf of Western Australia. Where blue is unfertilised control (Ctrl), 

green is N fertiliser addition (+N), and orange is P fertiliser addition (+P). Plots illustrate 

activity in the low intertidal forest (Forest) and high intertidal scrub (Scrub) in two 

consecutive years (2012 and 2013). Enzyme activities were normalised relative to their 

maximum activities in each year.  
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Table 2.3. Significant correlations between enzyme activities and soil variables in 

Avicennia marina soils of the Exmouth Gulf, Western Australia. Data are presented for 

2012 and 2013. All correlations are positive, where brackets () indicate adjusted R2 value. 

Up to three correlations are listed, and significance indicated by P ≤ * 0.05, ** 0.01, *** 

0.001. Note: OH-Pt is highly correlated to OH-Po (R
2 > 0.95). 

  
β-Glucosidase α-Glucosidase 

Acid 

phosphatase 

Alkaline 

phosphatase 
Urease 

2012 OH-Pt (0.33 **)  LAI (0.36 ***) TN (0.11 *)- OH-Pt (0.13 *) OH-Pt (0.15 *)- 

 OM (0.19 **) OH-Pt (0.33 ***)  OM (0.13 *)  

  OM (0.22 **)    

2013 OM (0.64 ***) OM (0.66 ***) OM (0.16 *)- NH4
+ (0.41 ***) TN (0.46 ***) 

 TN (0.56 ***) TN (0.33 ***)  OC (0.32 ***) OC (0.40 ***) 

 OC (0.29 **) LAI (0.23 **)  OH-Pt (0.23 **) OM (0.39 ***) 

TN = total nitrogen, OC = organic carbon, OM = organic matter, OH-Pt = total OH-

extractable phosphorus, LAI = leaf area index 

 

2.3.2 Effects of long-term N addition on soil, porewater, root, and microbial 

characteristics 

 

Most forms of soil C and nutrients were higher after long-term fertiliser addition with N, 

especially in the top centimetre of the soil. Under N fertiliser addition, soil TN was higher 

relative to the unfertilised control in both years (2012 P = 0.002, 2013 P = 0.012; Table 

2.1a). NH4
+ contents were higher in N fertiliser addition treatments compared to the 

control, but in 2012 levels of NH4
+ was only significantly elevated in the top centimetre 

(all P <0.01). δ15N was depleted relative to the unfertilised control in both years, reflecting 

the isotopic signature of the fertiliser (McKee et al., 2002) but in 2013 this depletion only 

occurred in the top centimetre (all Pst-t  <0.01; Table 2.1a). N fertilisation enhanced OM in 

the high intertidal scrub soil in 2012 (tratio = 3.9, P ≤ 0.001), but not the low intertidal forest 

soil. In 2013, N fertilisation addition enhanced leaf litter, OM and OC in the top centimetre 

of soil compared to the control (low intertidal forest and high intertidal scrub combined), 

but not in deeper layers (all P <0.01; Table 2.1a). N fertiliser addition enhanced OH-Pt and 
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OH-Pi in 2012 (P <0.01). However, in 2013 OH-Pt was only higher at 4-10 cm in the low 

intertidal forest (tratio = 2.7, P = 0.01) and OH-Pi was similar to the control levels. Resin-Pi 

contents were not influenced by N fertilisation in either year and neither was δ13C of soil 

organic material. Porewater C and nutrient concentrations did not change under long-term 

N addition, but porewater was more saline under N fertilised trees in 2013 compared to the 

control (P <0.01; Table 2.1b). Stoichiometric ratios in soil, porewater, and microbial 

biomass were similar between N fertilised and control treatments (Table 2.2). In general, 

root biomass and tissue C, N and P content of N fertilised trees were also similar to the 

controls (Fig. 2.2), although root C:N in the N fertilised low intertidal forest soils were 

double that of the control (t ratio = 3.2, P = 0.008). In addition, N fertilisation increased LAI 

(Ctrl = 0.46, +N treatment = 0.79, P = 0.02; Catherine Lovelock unpublished data). 

 

Microbial biomass and activity often responded positively to long-term N addition. Long-

term N fertiliser addition enhanced microbial N and P biomass by approximately a third in 

2012 (all P <0.01; Fig. 2.3) but not in 2013, although mean values of microbial biomass N 

tended to be elevated in N fertilised treatments compared to controls in 2013. Glucosidase 

activities were typically enhanced under N fertiliser addition, whereas urease and 

dephosphorylating enzymes were not affected. β-glucosidase activity was 55% higher 

under N fertiliser addition, but only in 2012 (P = 0.004; Fig. 2.5). α-glucosidase activity 

was 40-50% higher under N addition in both years (both P ≤ 0.011; Fig. 2.5). α-glucosidase 

activity was positively correlated with parameters that increased with N fertilisation, 

including soil OM content and leaf area index (LAI), both in 2012, and in 2013 (Table 2.2, 

Fig. 2.6).  
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Fig. 2.6. Relationship between α-glucosidase activity in soils and leaf area index (LAI, 

green leaf area per unit ground surface) in mangrove forests in the Exmouth Gulf, Western 

Australia.  In 2012, α-glucosidase µmol pNP g-1 h-1 = 9.042 + 9.786*LAI, R2
adj = 0.36, P 

< 0.001; in 2013, α-glucosidase µmol pNP g-1 h-1 = 9.396 + 9.606*LAI, R2
adj = 0.23, P = 

0.004). 

 

2.3.3 Effects of long-term P addition on soil, porewater, and root chemistry and 

microbial characteristics  

 

After long-term fertiliser addition with P, most available forms of C and nutrients were 

either depleted or unaffected, regardless of tidal position or year of sampling. The only soil 

nutrients that increased after P fertiliser addition were resin Pi in the low intertidal forest 

in both years, and OH-Pi in 2013 (all P < 0.01; Table 2.1a). P fertiliser addition correlated 

with lower OH-Pt content (P < 0.001) and OM content in the low intertidal forest (P < 0.01) 

relative to the control in 2012 but not in 2013. P fertiliser addition did not alter porewater 

or soil OC and TN contents. In addition, δ15N and δ13C isotope signatures were not affected 

by P fertiliser addition. Fertiliser addition with P generally did not alter C:P or N:P ratios, 

however, soil Co:Pt and Nt:Pt ratios quadrupled (both t ratio ≥ 10.4, both P ≤ 0.001) in the 

low intertidal forest in 2012. P fertiliser addition reduced root biomass by one third in the 
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high intertidal scrub (P = 0.019, Fig. 2.2d). P fertiliser addition also increased root P 

contents compared to the control (P = 0.002, Fig. 2.2c), which contributed to reducing root 

C:P by two thirds compared to the control (t ratio = 3.5, P = 0.004; Table 2.2). 

 

Microbial biomass and activity typically did not respond to long-term P addition. Long-

term P fertiliser addition did not impact microbial biomass P in either year, although 

microbial biomass N was slightly enhanced in 2012 (P = 0.044), and slightly reduced in 

2013 (P = 0.036; Fig. 2.3). Acid phosphatase was the only enzyme that responded to P 

addition, and was reduced by approximately one third in the P treatment relative to the 

control in 2013 (P = 0.017; Fig. 2.5).  

 

2.4. Discussion 

 

Shifts in microbial biomass and activity between intertidal positions and among nutrient 

treatments differed between years, which may be owing to climate-driven variation in 

delivery of nutrients and OM to the sites. Overall, microbial biomass tended to respond 

more to OM quantity and origin of OM as determined by isotopes, while enzyme activity 

was mostly responsive to differences in substrate (OM quality). Hence, microbial biomass 

was generally more influenced by intertidal position, while enzyme activity was generally 

more influenced by fertilisation treatments.  

 

2.4.1 Effects of intertidal position on microbial biomass and activity 

 

Microbial biomass was typically higher in the low intertidal forest than the high intertidal 

scrub, but enzyme activity generally was not. These results are consistent with recent 

studies of tropical mangrove forests in the Caribbean, where microbial biomass was higher 
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in low intertidal forest soils while most enzyme activities were similar across tidal zones 

(Keuskamp et al., 2015). I also found that microbial biomass N correlated with higher C 

and nutrient contents in low intertidal forest soils. The higher C and nutrient contents in 

the low intertidal forest, which had lower δ15N values than the high intertidal scrub, were 

likely a result of more frequent and deeper tidal inundation that enhanced input of labile 

marine material to the mangroves. Lower δ15N indicates organic matter is from N-fixers 

which preferentially fix the lighter N isotope, such as diazotrophs, which are likely washed 

in from the gulf waters (Li et al., 2010). Therefore, decomposing diazotrophs may have 

been the reason for enhanced microbial biomass N in the low intertidal forest. Although N 

may be primarily delivered to the low intertidal forest via tidal waters, C may be produced 

more by mangroves given the lower δ13C values. Despite the low intertidal forest being 

higher in C and nutrient content than the high intertidal scrub, most stoichiometric ratios 

were similar, as were most enzyme activities. Interestingly, the high intertidal scrub site 

had higher OM:OC ratios and higher δ15N values and δ13C values compared to the low 

intertidal forest, which suggests another OM source, such as benthic algae, may be an 

important contributor to the scrub (e.g. Lovelock et al. 2010). My results suggest the 

microbial biomass, but not enzyme activities, were more responsive to quantity and origin 

of OM. 

 

While microbial biomass was higher in the low intertidal forest than the high intertidal 

scrub in 2012, by 2013 a P-limitation to the microbial biomass started to develop. 

Microbial communities have been previously identified as P-limited in tropical mangrove 

forests (Alongi et al., 1993). In 2012, microbial biomass N:P ratios were around 1:1, well 

below the average for terrestrial systems of 7:1 (Cleveland and Liptzin, 2007), suggesting 

P was not limiting. However, in 2013 the microbial biomass N:P ratio’s had generally 



 44 

returned closer to the average for terrestrial microbial biomass. In addition, by 2013, 

microbial biomass P was no longer higher in the low intertidal forest than the high intertidal 

scrub, which would be expected if P was tidally delivered. Instead, soil C:P and N:P ratios 

as well as alkaline phosphatase was higher in the low intertidal forest than the high 

intertidal scrub in 2013 (as opposed to being similar between tidal positions in 2012), 

indicating a P limitation developing in the low intertidal forest. Annual variation in 

nutrients delivered to the site, probably due to flooding associated with Cyclone Heidi in 

2012, may have alleviated some microbial P-limitation in the low intertidal forest as a 

result of nutrients and sediments delivered to the Gulf (Castañeda-Moya et al., 2010). A 

similar phenomenon was found in the same intertidal position at the same site, whereby a 

cyclone in 2008 alleviated a P-limitation starting to develop in the trees on the low 

intertidal forest (Lovelock et al., 2011).  

 

2.4.2 Effects of long-term N addition on microbial biomass and activity  

 

Microbial biomass and glucosidase enzyme activities appeared to increase with tree growth 

following N-addition, rather than direct fertilisation, thus partially supporting my second 

hypothesis that microbial N and P biomass and enzyme activities would respond positively 

to N fertiliser addition. N fertiliser addition enhanced microbial N and P biomass and 

glucosidase activities in 2012, but effects were less apparent in 2013, when above-ground 

tree growth was lower (2012 = 6.6 cm year-1, 2013 = 2.3 cm year-1 mean stem extension, 

P = 0.01, Catherine Lovelock unpublished data). Unlike other mangrove and terrestrial 

studies (e.g. Keuskamp et al., 2015; Treseder, 2008) the data suggest the microbial 

community did not respond directly to urea fertiliser addition, as urease activity remained 

stable. Instead, urea fertiliser was likely rapidly converted to NH4
+ before entering 
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microbial or plant biomass, or leached from the soils via tidal flushing. I expect the urea 

fertiliser more likely fuelled plant aboveground growth, as N limits autotrophic production 

(Lovelock et al., 2011) and therefore faster tree growth rates may provide more material 

for decomposition by the microbial community. It is likely that the indirect response to N 

addition is at least partially a consequence of the fertilisation event taking place a year 

before sampling. The portion of fertiliser that may have been removed via tidal flushing 

could also vary between intertidal positions and years, depending on time in the tidal cycle 

that fertiliser was applied, and proximity to large rain events (it was the dry season so rain 

was absent). Above-ground tree-growth was higher in 2012 compared to 2013, and thus 

perhaps a growth threshold was reached which enabled detection of changes in microbial 

functioning with N fertilisation in 2012 compared to 2013. 

 

Microbial biomass N was moderately positively correlated to NH4
+, both of which were 

typically higher under N fertilised trees. The relationship further suggests that urea has 

been converted to NH4
+. Interestingly, soil NH4

+ content was four times higher in 2012 

than 2013 (P < 0.001), which could be indicative of diazotrophs washed into the mangroves 

from the gulf. Chlorophyll a concentrations (which may represent diazotrophs) in the gulf 

tend to increase with rainfall events that exceeded 20 mm, which are often associated with 

cyclones (Fig. 2.7). Although 36 mm per day is the approximate amount of rainfall needed 

to generate runoff in the Pilbara interior (Charles et al., 2013), near the coast it is more 

likely ~ 20 mm per day. There was high regional summer rainfall associated with Cyclone 

Heidi in January 2012 that caused extensive regional flooding, especially in the Ashburton 

River catchment (66 850 km2) that debouches to the ocean at the eastern end of the 

Exmouth Gulf, approximately 100 km north of the field site (Australian Bureau of 

Meteorology, 2012b; Fig. 2.1). Ashburton river discharge volumes recorded in January 
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2012 were among the highest on record, at 897,328 ML. By comparison, the highest 

monthly discharge in 2013 was in June at 65,501 ML (DWER, 2017). With surface ocean 

currents flowing from north to south along the west Australian coast, the flood water 

exiting from the Ashburton River would have entered the Gulf and likely contributed to 

the enhanced chlorophyll in the Gulf waters (Fig. 2.7). This additional NH4
+ in 2012 may 

help to explain the higher above-ground tree growth observed, given trees in the Exmouth 

Gulf are N-limited (Lovelock et al., 2011), and subsequent flow-on effects to the microbial 

community.  

 

 

Fig. 2.7. Mean chlorophyll a content for the Exmouth Gulf using the OC3 algorithm (black 

dots), over 2012 to 2013 (time 0 =1/1/2012). Red lines indicate daily rainfall at Learmonth 

Airport (mm). Blue lines indicate cyclones crossing the Pilbara coast, or near to the 

Exmouth Gulf, in order from left to right: Cyclone Heidi, Iggy, Lua, Peta and Rusty. 

 

α-glucosidase increased in response to N fertiliser addition in both years, which degrades 

starch and may be a sensitive indicator for tree growth. Starch can form up to 800 mg g-1 

leaf dry weight in mangrove leaves (Parida et al., 2002).  In my study, α-glucosidase 
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activity was positively correlated with soil OM content and canopy cover, assessed as leaf 

area index (LAI). The correlation suggests that α-glucosidase is a good indicator for 

enhanced canopy productivity in the N fertilised trees, especially in 2012 when above-

ground tree growth was higher. For instance, beneath the N fertilised trees there was more 

leaf litter and higher OM and OC content in the surface soil, as well as higher nutrient 

levels. The higher levels of C and OM under trees fertilised with N, particularly in the high 

intertidal scrub, may have contributed to the enhanced C-harvesting activities, as has been 

observed in other terrestrial environments (Keeler et al., 2009; Sinsabaugh et al., 2008). α-

glucosidase activity has not, to the authors knowledge, been assessed in mangrove soils in 

the biogeochemical literature to date. However, it could be important to measure α-

glucosidase activity in future as it  could be a sensitive indicator to changes in the quantity 

of leaves and leaf quality.  

 

2.4.3 Effects of long-term P addition on microbial biomass and activity  

 

Long-term P fertiliser addition typically had little to no impact on microbial biomass and 

enzyme activities, thus partially supporting our hypothesis that microbial biomass and 

activity would not respond positively to P fertiliser addition. It is not surprising that the 

microbial biomass and activities on the whole were unresponsive to P addition given 

available soil P content did not always increase, and sometimes decreased, with 

fertilisation. In addition, P fertiliser addition reduced root biomass and did not significantly 

alter aboveground tree growth (Lovelock et al., 2011). When phosphate is added to soil 

that is not completely anoxic, it could quickly adsorb onto positively charged clay surfaces 

as well as Fe3+, Al3+ and Ca2+, which are abundant in Exmouth Gulf sediments (Brunskill 

et al., 2001), hence rendering P no longer biologically available. While microbial biomass 



 48 

P did not change with long-term P fertilisation, microbial biomass N responded positively 

to the high soil N:P ratios in 2012, but when N:P was lower in 2013 microbial N reduced. 

Therefore, long-term addition of P did not typically stimulate microbial biomass or 

activity, and in some cases reduced it. 

 

2.5. Conclusion  

 

This study shows that the microbial community primarily responds to N additions rather 

than to P additions, although the response appears to be more of an indirect response via 

tree growth. Microbial biomass and enzymes responded to N fertilisation regardless of 

whether the N was supplied experimentally or via tidal delivery of diazotrophs from the 

gulf. Tidal delivery of N likely increases with high rainfall and extreme weather events. It 

is predicted that with climate change the frequency of storms will decrease but the intensity 

will increase in the southern hemisphere (Emanuel, 2005; Knutson et al., 2010). If these 

predictions are true, then nutrient limitation could become more severe in the microbial 

community and trees, ultimately limiting OM turnover and productivity in an already 

underproductive site. 
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2.6. Supplementary  

 

Table 2.1. Mean enzyme activities in Exmouth Gulf mangrove soils. Values in parentheses are (± S.E.). 
Year Intertidal 

position 

Fertilisation 

treatment 

Acid Phosphatase 

(µmol PNP g-1 hr-1) 

Alkaline Phosphatase 

(µmol PNP g-1 hr-1) 

ß-Glucosidase (µmol 

PNP g-1 hr-1) 

α-Glucosidase (µmol 

PNP g-1 hr-1) 

Urease  

(ug NH4
+N g-1 2 hr-1) 

2012 Forest Control 393 (77) 265 (46) 26.7 (2.2) 13.5 (0.6) 0.117 (0.013) 

2012 Forest Nitrogen 343 (73) 262 (30) 32.5 (4.4) 15.2 (1.3) 0.087 (0.031) 

2012 Forest Phosphorus 236 (45) 196 (38) 27.2 (6.5) 14.7 (1.7) 0.071 (0.018) 

2012 Scrub Control 212 (55) 180 (23) 21.7 (2.3) 11.4 (0.8) 0.077 (0.011) 

2012 Scrub Nitrogen 254 (55) 238 (30) 42.7 (4.6) 21.4 (2.3) 0.124 (0.008) 

2012 Scrub Phosphorus 228 (31) 160 (19) 25.3 (3.7) 16.1 (2.7) 0.076 (0.012) 

2013 Forest Control 339 (20) 707 (62) 72.8 (6.8) 13.6 (1.8) 0.149 (0.014) 

2013 Forest Nitrogen 273 (27) 954 (161) 72.2 (7.2) 15.2 (1.7) 0.151 (0.023) 

2013 Forest Phosphorus 216 (23) 417 (26) 70.5 (10.3) 12.6 (1.4) 0.122 (0.014) 

2013 Scrub Control 430 (108) 438 (78) 65.4 (10.6) 15.1 (1.7) 0.114 (0.018) 

2013 Scrub Nitrogen 407 (52) 563 (56) 97.3 (17.7) 24.1 (2.1) 0.185 (0.023) 

2013 Scrub Phosphorus 282 (50) 401 (52) 51.7 (11.9) 12.9 (2.6) 0.085 (0.014) 



 50 

CHAPTER THREE: Short-term microbial respiration in an 

arid zone mangrove soil is limited by availability of gallic 

acid, phosphorus and ammonium 

 

3.1. Introduction  

 

Mangrove ecosystems are generally considered as highly productive, especially in the wet 

tropics (Bouillon et al., 2008; Kristensen et al., 2008). Mangrove soils thus potentially play 

an important role in global carbon (C) storage (Alongi et al., 2003). However, around a 

quarter of the global mangrove coastline occurs in arid and semi-arid climates (Spalding 

et al., 2010). The main controls of organic matter (OM) turnover and thus C storage of arid 

zone mangrove ecosystems are largely unknown. Mangroves in the arid tropics are less 

productive than other tropical forests as a consequence of low rainfall and high salinities 

(Cintron et al., 1978; Saenger and Snedaker, 1993; Semeniuk, 1993b), which likely reduce 

the amount of available C to the soil microbial community.  Mangrove ecosystems in more 

arid environments are also often naturally oligotrophic, which is likely to further limit 

microbial activity (Reef et al., 2010). Consequently, arid conditions may create more 

severe C and nutrient limitations for soil microorganisms compared to their wet tropical 

counterparts.  

 

 Mangrove soils show vertical stratification of the structure of the microbial community 

over relatively small scales (mm to cm scales; Leopold et al., 2013; Tam, 1998). 

Autotrophic microorganisms (such as diatoms and cyanobacteria) are often abundant and 

form a surface layer in soils of both tropical and temperate mangrove forests (Alongi et al., 

2001; Leopold et al., 2013; Lovelock, 2008).  Conceptually, this layer might be considered 
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somewhat analogous to the biological soil crusts in deserts (Belnap and Lange, 2001; 

Elliott et al., 2014), and often include a high abundance also of nitrogen-fixing diazotrophs 

(Holguin et al., 2001). Photoautotrophs are likely to be nutrient rather than C-limited as 

they fix CO2 during daylight hours. For example, benthic microalgae in wet tropical 

mangrove soils have been described as either phosphorus (P) or nitrogen (N) limited 

(Alongi et al., 1993; Lee and Joye, 2006).  The canopies of arid zone mangroves are more 

open than tropical forests and thus surface microbes are generally not light limited. It could 

be expected, then, that autotrophic microbes in surface soils to respond to nutrient 

additions. In deeper soil, where heterotrophic microorganisms dominate (Tam, 1998), 

microbial metabolism may also be more limited by the availability of labile carbon 

substrates.  

 

In mangrove ecosystems, intertidal hydrology can further impact microbial processes due 

to tidal influence on biophysical factors, such as supply of allochthonous C and nutrients, 

as well as the quality and supply of OM (Kristensen et al., 2008; Lee and Joye, 2006; 

Lovelock, 2008). Generally, the low intertidal soils receive more allochthonous OM 

inputs; fine roots of trees fringing the water edge may also have higher nutrient contents 

compared to those higher in the intertidal zone (Adame et al., 2010; Lovelock et al., 2006). 

Arid mangrove ecosystems are likely to rely more upon tidal inputs of C and nutrients for 

maintenance of productivity (Alongi et al., 2003; Lovelock et al., 2011), whereas tropical 

ecosystems may also rely upon riverine inputs (Twilley et al., 1992). In the arid zone, 

hypersalinity occurs in many higher intertidal positions, due to low rates of freshwater 

inputs and less frequent inundation coupled with high rates of evaporation, which in turn 

may result in a shorter ‘scrub’ forest. Long-term studies of mangrove soils have 

demonstrated soil respiration and/or microbial biomass increases more in response to long-



 52 

term fertilisation of trees (or scrub) high in the intertidal zone compared with areas that are 

more frequently inundated by tides (Keuskamp et al., 2015; Lovelock et al., 2014). 

However, short-term experiments are required to better understand potential microbial 

metabolic responses to differences in both forms and amounts of C, and nutrient 

availability, that can arise from lower rates of OM production and inputs at  higher 

compared to lower intertidal positions.  

 

Mangrove soils in the Exmouth Gulf of Western Australia are low in C and nutrients 

(Lovelock et al., 2011) compared to those in the wet tropics, owing to extreme aridity, 

ancient weathered parent materials (Beard 1990) and isolation from human developments 

(Brunskill et al., 2001). Here, I sought to determine the C and/or nutrient substrates that 

promote microbial respiration in a low productivity mangrove ecosystem. I hypothesised 

that (i) microbial respiration in arid mangrove soils is primarily limited by availability of 

labile C and secondarily by N and P; (ii) microbial respiration is more responsive to P and 

N additions in surface soils, but to labile C additions in subsurface soils; and (iii) C, P and 

N limit microbial respiration more in high intertidal scrub soils compared to low intertidal 

fringe forest soils. 

 

3.2. Methods 

3.2.1 Study site description and field sampling  

 

 The study site was at Giralia Bay, on the oligotrophic Exmouth Gulf of arid Western 

Australia (22.53oS, 114.3oE). Mean annual rainfall is 260 mm and daytime maximum air 

temperatures range between 24oC in July and 38oC in January (Australian Bureau of 

Meteorology, 2016). Samples were collected and measurements taken from mangrove 
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soils beneath Avicennia marina (Forsk.) Vierh. stands at the low intertidal position (forest) 

and from scrub at higher elevations near an inland saltpan where tidal influence is reduced 

(scrub). For a full description of the study site see Lovelock et al. (2011).  

 

For laboratory incubations I collected five replicate soil cores (10 cm deep and 6 cm 

diameter) at each of the low and high intertidal soils in early August 2013. Porewater was 

collected from water that infiltrated the core holes at approximately 10 cm depth, which 

was then filtered to 0.2 µm and stored at 4oC until analysis within two weeks. Cores were 

collected within 1 m of the base of each of five trees, using PVC pipe, and capped. Cores 

were stored intact in the dark at 4oC for approximately three months. Prior to 

commencement of the experiment, all soil cores were brought to room temperature and 

then incubated at 25oC in the dark for one week. Surface (0-1 cm) and sub-surface samples 

(1-4 cm) were then separated before measurement of response to C and nutrient additions.  

 

3.2.2 Laboratory carbon and nutrient additions  

 

In order to assess the potential limitations of C and nutrients to soil microbial activity I 

used an adaption of the MicroRespTM method (Campbell et al., 2003), which I adjusted for 

wetter intertidal soils. To my knowledge this is the first time the MicroRespTM method has 

been applied to mangrove soils; I also tested nutrient substrates in addition to C substrates. 

The MicroRespTM method consists of two microtitre plates. One plate is a deep-well plate 

that holds soil samples with added substrates. Another plate sits on top of the soil plate and 

detects the evolved CO2 via colour change. The plate that detected colour change had 

modified reactant concentrations for the indicator gel as per Lalor et al., (2007). 

Approximately 4 mm3 of fresh soil was sub-sampled from each soil depth (surface or 
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subsurface) using a 1 mL syringe with the tip cut off and placed into a deep well in a 96-

well microtitre deep-well plate. The syringe volume measure of 4 mm3 approximated 0.38 

g ± 0.02 SD (standard deviation) dry weight in the low intertidal forest and 0.45 g ± 0.06 

SD dry weight in the high intertidal scrub soils. Soil was dispensed into wells as quickly 

as possible and wells were plugged with an airtight seal to maintain soil moisture until 

substrates were added. Respiration was tested under slightly aerobic conditions. 

 

A range of substrates was selected to test microbial community responses to labile C and 

nutrient limitations, with a Milli-Q (MQ) water control (Table 3.1). Substrates were either 

C-based (glucose, citric acid, gallic acid), phosphorus-based (NaH2PO4), or nitrogen-based 

((NH4)2SO4, NaNO3, urea and glutamic acid). Representative C (glucose and gallic acid), 

P (phosphate), and N (NH4
+) substrates were also combined in a pairwise manner to test 

for any secondary limiting substrates. I focused on combinations of C with N that were 

expected to produce the largest response based on published studies of mangrove soils (see 

Table 3.1); amounts of each substrate added were also consistent with those used in 

previous studies of Western Australian soils (Cookson et al., 2008; Lalor et al., 2007). 

Combined phosphate and gallic acid was not tested under laboratory conditions owing to 

limited surface soil collected, and a small time window in which to pipette soil to wells 

and add substrates without soils drying out. The same molar amount of each substrate was 

added to each well in their separate and combined forms.  
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Table 3.1. Carbon, nitrogen and phosphorus substrates added to mangrove soils under 

laboratory conditions using the MicroRespTM procedure. A summary of why each substrate 

was used is shown, based on prior studies.  

Substrate Formula Amount 

added 

(mg substrate 

g soil water-1) 

Justification Reference 

β-d-Glucose C6H12O6 22 Most abundant neutral 

sugar (>50%) in leaves 

and wood of Avicennia 

germinans, Rhizophora 

mangle, Laguncularia 

racemosa, Crenea 

maritima, and 

Acrostichum aureum.  

Marchand et 

al., (2005) 

Citric acid C6H8O7 22 Most abundant low 

molecular weight 

organic acid from root 

exudates of Kandelia 

candel. 

Haoliang et al., 

(2007) 

Gallic acid C7H6O5 5.5 Simple phenolic acid 

present in leaves of 

Rhizophora mangle and 

root exudates of 

Bruguiera gymnorrhiza, 

Excoecaria agallocha, 

and Heritiera fomes. 

Hernes et al., 

(2001), Kumar 

et al., (2009) 

Ammonium 

sulphate 

(NH4)2SO

4 

22 Common form of 

inorganic N in anoxic 

marine soils 

Raven and 

Scrimgeour, 

(1997) 

Sodium nitrate NaNO3 22 Product of nitrification 

under oxic conditions 

Kaspar, (1983) 

Urea CH4N2O 22 Common N fertiliser; 

used to assess growth 

responses of A. marina 

at Exmouth  

Lovelock et 

al., (2011) 

L-Glutamic 

acid 

C5H9NO4 5.5 Common amino acid in 

tropical mangrove soils 

Stanley et al., 

(1987) 

Sodium 

orthophosphate 

NaH2PO4 44 Inorganic P fertiliser 

often used to assess P 

limitations 

Sullivan and 

Daiber, (1974) 
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Preliminary tests (data not shown) were undertaken to confirm that concentrations of 

substrate added to the soil samples were in excess of what the microbial community could 

use within a two hour incubation period (i.e. no significant decrease in respiration rates 

over the two hour period). Because the mangrove soils had a higher moisture content 

(approx. 30 – 40 % w/w) than most soils under field conditions, I reduced the 

concentrations of substrate added in Lalor et al., (2007) by approximately one third.  

Therefore, most substrates were applied at a rate of 22 mg substrate g soil water-1, but 

slightly less if they were insoluble in water (gallic acid and glutamic acid), or slightly more 

if respiration rates slowed at 22 mg substrate g soil water-1 (phosphate) (Table 3.1). The 

volume of the substrate delivered to each well was 60 μL in total, submerging the soil 

cylinders by about 10 %. Substrate solutions were made by dissolving the substrate in MQ 

water and adjusted to pH 7.5 in order to minimise possible reaction of substrates with soil 

carbonates. While solutions containing nutrients were slightly more saline than the MQ 

water control and C solutions, we ensured salinity levels were within the range expected 

to occur at the site. Given the microbial community in intertidal mangrove soils often 

experience a range of salinities even across the course of a single day, I anticipate that 

slight changes in salinity within a certain range will have little effect on soil respiration 

(Lovelock et al., 2014). This is unlike other ecosystems where salinity is very low and not 

often variable, such as freshwater tidal marshes (e.g. Chambers et al., 2013). Each substrate 

was added to soil in three replicate wells allocated randomly within the plate, and the 

average obtained to minimise any well-to-well variability (Campbell et al., 2003). 

Substrates were pipetted over the soil cylinders at room temperature as rapidly as possible 

(within 1-2 mins). Substrates were added to five replicates of soil collected from each tidal 

position and depth, except for NO3ˉ and the NH4
+ + gallic acid addition, which only had 

two replicates at each tidal position and depth, owing to limited soil sample. Plates were 
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then incubated at 25oC for two hours in the dark and read at 590 nm on a plate reader 

(ASYS Hitech, EXPERT 96, microplate reader). To determine optimum incubation time 

each microplate was also read at four hours, but no additional limiting substrates were 

identified, although reaction rates slowed as the efficiency of gel uptake of CO2 diminished 

as more CO2 was absorbed (Renault et al., 2013). A CO2 calibration curve was fitted as 

described in Lalor et al. (2007).  All absorbance values were normalised to minimise any 

plate well bias before conversion to respiration rates, as: 

Normalised wells = ((Well post-absorbance / Well pre-absorbance) x Mean well pre-

absorbance of entire plate)        

 

3.2.3 Field carbon and nutrient additions 

 

I also investigated whether the limitations observed in the laboratory were representative 

of field conditions. Owing to limited time to conduct measurements at low tide, and as no 

major differences in responses between intertidal positions were evident from the 

laboratory incubations, field measurements focused on the higher intertidal scrub. CO2 

efflux rates were measured with an infrared gas analyser with an opaque chamber (IRGA; 

Ciras 1, PP Systems) in July of 2015, in similar but slightly cooler conditions than when 

laboratory samples were collected two years prior (Australian Bureau of Meteorology, 

2016). After baseline respiration was established, 1 mL of a concentrated solution or MQ 

water (control) was added evenly to the soil surface in the area under the IRGA chamber 

(diameter 10 cm, 78 cm2). Glucose was applied at a rate of 130 g m-2, NH4SO4 was applied 

at 39 g m-2, urea at 32 g m-2, and gallic acid and NaH2PO4 were made to saturation at 25oC 

and hence applied at approximately 13 g m-2. In an ecological sense, relatively pristine 

mangrove ecosystems have been observed to receive high nutrient loadings to soils from 
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seabird and/or bat guano or mammal droppings (Adame et al., 2015; Reef et al., 2014). At 

least occasional inputs of high nutrients from perching birds in particular are likely at the 

sites on the Exmouth Gulf. Solutions were made with MQ water and pH adjusted to 7.5. 

Substrates were then mixed in a pairwise fashion, combining glucose or gallic acid with 

NH4
+ or phosphate, and NH4

+ with phosphate. Initial CO2 efflux rates were taken before 

substrates were added, and these values were subtracted from the measurements taken 45 

minutes after the addition of each substrate. ‘Surface’ measurements were made on 

undisturbed soil in four replicate positions within a 25 m x 25 m plot. ‘Subsurface’ 

measurements were taken adjacent to the ‘surface’ measurements after removing the top 

centimetre of soil using a knife, and the process repeated in replicates of three.  

 

3.2.4 Soil and porewater physiochemistry 

 

Carbon and nitrogen contents of soils were determined on an Automated Nitrogen Carbon 

Analyser-Mass Spectrometer consisting of a 20/20 mass spectrometer connected with an 

ANCA-SI preparation system (Europa Scientific Ltd., Crewe, UK). Organic and inorganic 

(carbonates) carbon were determined via acidification of samples prior to analysis. Organic 

matter (OM) content (%) was calculated from loss on ignition (LOI) using a modification 

of Ben-Dor and Banin (1989). OM content (%) was calculated as: 

 

OM (%)=LOI=((Weight105 – Weight400)/Weight105) x 100      

 

where Weight105 = mass after drying at 105oC and Weight400 = mass after combustion at 

400oC 
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Total OH-extractable phosphorus was determined by extraction with 0.1N NaOH 

(Bowman and Cole, 1978) and colorimetric determination (Murphy and Riley, 1962). Soil 

pH was determined using a 1:2 soil:water ratio, with 5 g of air-dry soil and an electronic 

pH meter (Orion model 520A). Particle size analysis was completed using a modification 

of the fractionation method (Gee and Bauder, 1986). Briefly, 20 mL hydrogen peroxide 

was mixed with 10 g of air-dry soil sieved to 2 mm and heated to dissolve OM. Particle 

size was determined in the remaining soil by pipetting at 5 cm depth of the soil suspension. 

Microbial N biomass was deduced by measuring ninhydrin-reactive nitrogen (NRN) 

according to a modification of the Amato and Ladd (1988) procedure.  Dissolved inorganic 

nitrogen (DIN: NO3
- and NH4

+) of porewater was analysed using automated colorimetric 

techniques (Technicon, 1977). Porewater dissolved organic carbon (DOC) was analysed 

on a TOC/TDN analyser with a combustion detector and high sensitivity catalyst 

(Shimadzu TOC/TDN analyser). Soluble reactive P (SRP) was determined via colorimetric 

analysis on filtered water samples (Murphy and Riley, 1962). Salinity was determined 

from porewater at 30 cm depth with a refractometer.  

 

3.2.5 Data analyses 

  

In order to detect differences between depths and intertidal position for each soil 

physiochemical property I conducted a two-way ANOVA with a random term for soil core, 

as each depth came from the same core. Porewater was only measured at one depth and 

therefore t-tests were conducted to determine if each porewater property was different 

between intertidal positions. 
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In order to determine if each substrate stimulated microbial respiration in the laboratory 

experiment, a three-way ANOVA was conducted with a random term for soil core (source 

[control vs substrate] x depth [0-1 cm vs 1-4 cm] x intertidal position [low intertidal forest 

vs high intertidal scrub]). To correct for normality and homogeneity of variance in the 

laboratory experiment, respiration rates of each substrate were log transformed before 

analysis. In order to determine if each substrate stimulated CO2 efflux rates in the field, a 

two-way ANOVA was conducted (source [control vs substrate] x depth [surface vs 

subsurface]). No data transformations were necessary before analysis of the field data. 

 

To assess the impact of soil depth and intertidal position on substrate response I first 

subtracted the MQ control respiration/CO2 efflux rates from each substrate respiration/CO2 

efflux rate. In the laboratory experiment, a two-way ANOVA was conducted for each 

substrate to test for differences in intertidal position and depths, with a random term for 

soil core (depth [0-1 cm vs 1-4 cm] x intertidal position [low intertidal forest vs high 

intertidal scrub]). To satisfy the assumptions of normality and homogeneity of variance in 

the laboratory data, NH4
+ alone and in combination with glucose were cube-root 

transformed. Only the scrub intertidal position was measured in the field experiment, but 

t-tests were conducted to test for differences in soil depth (surface vs subsurface) for each 

substrate. All data were checked visually for normality and heterogeneity of variance using 

distribution and residual plots. Student’s t-tests were conducted on any significant 

interaction in the ANOVAs with Sequential Bonferroni corrections applied (Holm, 1979) 

with a cut-off of α = 0.05. P values were considered significant at α ≤ 0.05. All analyses 

were performed using JMP (10.0.0 SAS Institute Inc.).   
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3.3. Results  

3.3.1 Site characterisation 

 

As expected, surface soils were more carbon and nutrient rich than subsurface soils, but 

this was more often true for the scrub than the forest. In the surface soils, microbial N 

biomass (F = 11.6, P = 0.011), hydroxide-extractable total phosphorus (OH-Pt) (F = 8.2, 

P= 0.021) and pH (F = 25.2, P< 0.001) were all higher than the subsurface, regardless of 

tidal zone (Table 3.2). OM and organic carbon (OC) were also higher in the surface than 

the subsurface, but only in the higher scrub intertidal zone (all P < 0.016, Table 3.2).  

 

The low intertidal forest soils had higher C and nutrient contents than the high intertidal 

scrub soils and almost 10 practical salinity units (PSU) lower salinity (Table 3.2). The low 

intertidal forest soils also contained more OC (F = 28.4, P = 0.001), more total nitrogen 

(TN) (F = 10.1, P = 0.013), more OH-Pt (F = 16.9, P = 0.003) and greater microbial N 

biomass (F = 7.0, P = 0.030) than the high intertidal scrub soils (Table 3.2). The inland 

scrub porewater contained higher DOC concentrations than the low intertidal forest (F = 

74.0, P < 0.001, Table 3.2), but SRP (F = 4.8, P = 0.059) and DIN (F = 5.2, P = 0.052) 

were similar between intertidal positions.  
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Table 3.2. Soil, porewater and tree characteristics in the low intertidal mangrove forest 

(Forest) and the higher intertidal scrub (Scrub) at the Exmouth Gulf, Western Australia. 

Soil characteristics at 0-1 cm and 1-4 cm depth. Values are mean ± standard error. * data 

from C. Lovelock unpublished data.  

 Forest  Scrub  

Soil  0-1 cm 1-4 cm 0-1 cm 1-4 cm 

OM (%) 6.66 ± 0.38 6.61 ± 0.60 6.07 ± 0.54 4.66 ± 0.38 

OC (%) 3.72 ± 0.27 4.18 ± 0.25 2.55 ± 0.29 1.69 ± 0.30 

TN (%) 0.101 ± 0.011 0.103 ± 0.015 0.072 ± 0.018 0.036 ± 0.007 

OH-Pt (μg g soil-1) 8.40 ± 0.56 7.10 ± 0.64 5.65 ± 0.37 4.65 ± 0.51 

MicN (μg g soil-1) 24.2 ± 2.7 20.0 ± 2.0 18.6 ± 1.9 12.5 ± 1.7 

pH 8.81 8.58 8.75 8.64 

Sand: silt: clay (%) 60:33:07    64:12:24  

Porewater 0-10 cm  0-10 cm  

DOC (mg C L-1) 12.1 ± 5.1  81.7 ± 6.3  

DIN (µg N L-1) 214 ± 40  309 ± 27  

SRP (µg P L-1) 0.363 ± 0.095  0.091 ± 0.078  

Salinity (PSU) 49 ± 1  58 ± 2  

Trees*     

Height (m) 3-5  <2  

LAI (m2 leaf m2 

ground-1) 

0.55 ± 0.10  0.49 ± 0.07  

OM = organic matter, OC = organic carbon, TN = total nitrogen, OH-Pt = total OH-

extractable phosphorus, MicN = ninhydrin reactive N, DOC = dissolved organic carbon, 

DIN = dissolved inorganic nitrogen, SRP = soluble reactive phosphorus, LAI = leaf area 

index. 
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3.3.2 Carbon versus nutrient limitations  

 

Respiration rates in the laboratory and CO2 efflux rates in the field were more responsive 

to complex forms of C than simple forms. Respiration/CO2 efflux rates were not stimulated 

by the addition of simpler C, such as glucose or citric acid under laboratory or field 

conditions. However, addition of gallic acid increased respiration rates four-fold relative 

to the control in the laboratory (control = 1.34 ± 0.17 µg CO2-C g soil-1 hr-1, F = 282.2, P 

≤ 0.001, Fig. 3.1) and increased CO2 efflux rates approximately four-fold relative to the 

control in the field (control = -0.69 ± 0.24 g CO2 m
-2 hr-1, F = 87.2, P ≤ 0.001, Fig. 3.2).  

 

The addition of phosphate stimulated respiration rates in the laboratory and CO2 efflux 

rates in the field. Under laboratory conditions, respiration rates of soils with phosphate 

added were enhanced eight times relative to the control (F = 365.6, P < 0.001, Fig. 3.1), 

far exceeding respiration rates of any other substrate added alone. In the field, CO2 efflux 

rates of soils with phosphate added were enhanced almost four times relative to the control 

(F = 54.8, P < 0.001, Fig. 3.2). 

 

Some forms of N enhanced respiration/CO2 efflux rates relative to the control. Addition of 

NH4
+ increased respiration rates by around 25 % in the laboratory (F = 8.5, P = 0.008, Fig. 

3.1) and increased CO2 efflux rates three- fold in the field (F = 31.6, P < 0.001, Fig. 3.2). 

Under laboratory conditions, glutamic acid also slightly increased respiration by 15 % (F 

= 4.4, P = 0.0470, Fig. 3.1). However, neither NO3
- or urea stimulated respiration when 

tested under laboratory conditions or CO2 efflux rates when tested under field conditions 

(Fig. 3.1 & 3.2).   
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The combination of phosphate or N with a C substrate enhanced respiration under 

laboratory conditions and CO2 efflux rates under field conditions. Addition of phosphate 

combined with glucose enhanced respiration rates six-fold in the laboratory relative to the 

control (F = 438.9, P < 0.001, Fig. 3.1), and enhanced CO2 efflux rates three-fold in the 

field (F = 32.6, P < 0.001, Fig. 3.2). CO2 efflux rates in the field also increased four-fold 

with addition of phosphate in combination with gallic acid (F = 60.7, P < 0.001, Fig. 3.2).  

When NH4
+ was combined with a carbon source (glucose or gallic acid) in both the 

laboratory and field, respiration/ CO2 efflux rates were two- to three-fold greater than the 

control (both F ≥ 19.2, both P < 0.001, Fig. 3.1 & 3.2). However, by combining NH4
+ with 

gallic acid, the positive effect of gallic acid was reduced in the laboratory (F =14.3, P < 

0.001), and marginally in the field (F = 3.9, P = 0.07).  

 

The combination of phosphate and NH4
+ enhanced respiration under laboratory conditions 

and CO2 efflux rates under field conditions. When phosphate was combined with NH4
+ 

under laboratory conditions, respiration rates were enhanced ten times the control (F = 

432.2, P < 0.001). Therefore, the combination of phosphate and NH4
+ increased respiration 

rates beyond the rates produced by each substrate separately (P < 0.001, Fig. 3.1). 

Similarly, the combination of phosphate with NH4
+ in the field produced some of the 

highest CO2 efflux rates, and was almost five times higher than the control (F = 78.1, P < 

0.001, Fig. 3.2).   
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Fig. 3.1. Microbial respiration rates (µg CO2-C g soil-1 hr-1) after additions of carbon, 

nitrogen and phosphorus substrates to arid mangrove soils from the low intertidal position 

(Forest) to further inland (Scrub). Rates were measured over 2 h at 25oC. No differences 

were detected between depths, so results are means for 0-4 cm. Bars are means with 

standard errors.  (^) indicates enhanced microbial respiration compared to the control, and 

() indicates significant differences between low intertidal forest and scrub (all P ≤ 0.05). 

All rates are minus the control. n.d. indicates no data collected.   
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Fig. 3.2. CO2 efflux rates (g CO2 m
-2 hr-1) in the field after addition of carbon, nitrogen 

and phosphorus substrates in the high intertidal position of an arid mangrove soil. Rates 

are after 45 minutes, comparing soil surface and subsurface (>1 cm) depths. Bars are means 

with standard errors where (^) indicates substrate that enhances CO2 efflux rates compared 

to the control, and (*) indicates significant difference between depths (all P ≤ 0.05). All 

rates are minus the control. n.d. indicates no data collected.  

 

3.3.3 Surface versus subsurface soils 

 

CO2 efflux rates were stimulated to a greater extent by addition of nutrients in surface soils 

than subsurface soils in the field. However, respiration rates for all substrate additions in 

the laboratory were similar between depths. In the field, C and P substrates added alone 

also stimulated CO2 efflux rates to similar extents in surface and subsurface soils (Fig. 3.2). 

CO2 efflux rates were twice as fast after addition of NH4
+ in the surface than the subsurface 

in the field (tratio = 5.13, P = 0.002, Fig. 3.2).   
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The only substrate combinations that produced different CO2 efflux rates between depths 

were combinations of nutrients with glucose under field conditions. Addition of phosphate 

combined with glucose produced 40 % faster CO2 efflux rates in surface than subsurface 

soils under field conditions (tratio = 2.90, P = 0.034, Fig. 3.2). Furthermore, addition of 

NH4
+ combined with glucose in subsurface soils produced more than twice the CO2 efflux 

rates of surface soils under field conditions (tratio = 5.47, P = 0.003, Fig. 3.2).  

 

3.3.4 Forest versus scrub soils  

 

Overall, microbial respiration responses to substrate addition to surface soils (0-1 cm) did 

not differ between intertidal positions. While respiration responses to C and N substrates 

were similar across intertidal positions, addition of phosphate stimulated respiration by 40 

% more in soils from the low intertidal forest compared to the high intertidal scrub (F = 

6.4, P = 0.032, Fig. 3.1). However, respiration rates from NH4
+ combined with gallic acid 

or with phosphate did not differ between tidal positions.  

 

3.4. Discussion  

 

Microbial respiration in these arid and oligotrophic mangrove soils appears to be primarily 

limited by gallic acid, phosphate and NH4
+, with no obvious secondary limiting substrates. 

Microbial functional diversity is frequently high in mangrove soils (Bai et al., 2013), and 

often contain high autotrophic diversity compared to surrounding sediments (Wang et al., 

2012). I anticipate that a broad range of microbial functional groups in this study are also 

responding to different substrates. This contrasts with the only other studies of microbial 

respiration of both arid and tropical mangrove ecosystems, which found glucose was most 
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limiting (Keuskamp et al., 2015, 2013; Kristensen and Suraswadi, 2002). However, these 

studies did not test microbial responses to C sources other than glucose. I demonstrate that 

in this arid setting, a more ecologically relevant C source than glucose (gallic acid) was 

limiting microbial respiration and CO2 efflux. My approach demonstrates a new 

application for the MicroRespTM method, which allows rapid assessment of a larger 

number of C and nutrient limitations in wet intertidal soils. Such approaches are useful for 

understanding the limitations of the microbial community across a wider range of 

mangrove ecosystems than has been investigated to date, which in turn will improve 

predictions of long term outcomes to ecosystem C balances with changes to nutrient and 

C delivery in the future.  

 

3.4.1 Carbon versus nutrient limitations to microbial respiration in mangrove 

soils 

 

I found that microbial communities were highly responsive to additions of more complex 

forms of carbon, such as gallic acid. Microbial communities in mangrove soils of the 

Exmouth Gulf may be especially adapted to decompose more complex C forms as the trees 

produce thick, C-rich leaf tissues as a result of growing in a hypersaline arid environment 

(Feller et al., 2007). Gallic acid may be present in the soil as leaf tannins or plant detritus, 

and can be degraded by microbes using enzymes such as phenol oxidase (Freeman et al., 

2004). The lack of response to glucose in my study may in part be explained by the duration 

of the study, which occurred over minutes or hours rather than days as in other mangrove 

studies (Keuskamp et al., 2015, 2013; Kristensen and Suraswadi, 2002). Peak glucose 

responses in another mangrove study (Keuskamp et al. 2013) did not occur until at least 

10 hours, suggesting dormancy of r-strategist microbes may play a role in the lack of 
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response to glucose additions in my study. However, the shorter timescale in my study 

likely captured responses of the existing k-strategist microbial community that is adapted 

to breaking down recalcitrant soil OM, rather than the r-strategists that specialise in labile 

C, and were likely dormant (Fontaine et al., 2003).  This is particularly important given the 

predominance of more recalcitrant organic matter in oligotrophic systems.  

 

Microbial respiration and CO2 efflux at my study sites was also highly responsive to P 

and/or N additions. Not only autotrophs, but also heterotrophic microorganisms require N 

and P for growth, and they may be limited by these nutrients in marine settings (Caron, 

1994; Obernosterer et al., 2003). Available P content in the mangrove soils and porewater 

of the Exmouth Gulf is extremely low (Table 1); most phosphate is held in recalcitrant 

forms and/or bound to iron and carbonates (Brunskill et al., 2001).  NH4
+ also appears to 

stimulate microbial respiration and CO2 efflux, especially under field conditions. Nitrogen 

limits growth of mangrove trees in the Exmouth Gulf (Lovelock et al., 2011), and almost 

all NH4
+ is taken up by fine roots in mangrove forests globally (Alongi, 2013). Adding 

NH4
+ to gallic acid in the laboratory experiment reduced the positive effect of gallic acid, 

indicating N is not a secondary limiting factor. This finding contrasts to the positive 

combined responses of C with N substrates found in other laboratory-based studies in 

mangrove soils (Keuskamp et al., 2015, 2013). However, I note that N cycling processes 

in soils of tropical forests are particularly sensitive to cold storage (Arnold et al., 2008; 

Verchot, 1999). While the mangrove soils in this study are both oligotrophic and subject 

to more variable temperature regimes naturally than in tropical forests, I cannot completely 

exclude the possibility that the small response to NH4
+ in the laboratory experiments 

compared to field experiments may have been a result of some ammonification or 

consumption of C occurring during storage.  This notwithstanding, I considered that any 
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effects of storage on microbial communities would be similar among treatments but also 

likely to be minimal in the context of this study. Previous research on temperate and 

Mediterranean agricultural, forest, woodland and grassland soils has repeatedly 

demonstrated little impact on substrate induced respiration after storage at 4°C for up to 3 

months (Černohlávková et al., 2009; Gonzalez-Quiñones et al., 2009; Lee et al., 2007; 

Stenberg et al., 1998).  My study site was located in the warm arid tropics, but where winter 

temperatures occasionally reach 4°C (Australian Bureau of Meteorology, 2017b). I 

anticipated the microbial community would be somewhat better adapted to cold storage 

than tropical forests, where prolonged storage at 4°C has indeed been shown to impact 

microbial functioning in soils (Arnold et al., 2008; Turner and Romero, 2010). 

 

3.4.2 Surface versus subsurface respiration rates 

 

CO2 efflux rates were enhanced more by additions of nutrients in the surface soils than in 

the subsurface soils as hypothesised, but only in the field. However contrary to my 

hypothesis, CO2 efflux did not respond more to C substrates in subsurface than surface 

soils. Because microbial biomass was higher in the surface than the subsurface, the similar 

responses to C in both depths could imply that the greater microbial biomass in the surface 

was primarily of autotrophic origin and the abundance of heterotrophs were similar at both 

soil depths.  

 

The surface soils at the Exmouth Gulf sites likely contain a surface biofilm. In situ CO2 

efflux rates measured before addition of any substrate were much lower in the surface than 

the subsurface (mean surface rates = 0.05 g CO2 m
-2 hr-1 compared to mean subsurface 

rates = 0.30 g CO2 m
-2 hr-1, t ratio= 20.4, P < 0.001). The ‘suppressed’ respiration in the 
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surface supports the idea that a microalgal biofilm layer presents a physical barrier to CO2 

efflux from the soil surface. Similar suppressions of CO2 emissions from the soil surface 

have been observed in other mangrove forests in New Zealand, Australia and Thailand, 

where there were microbial mats or biofilms present on the surface, that often contain 

benthic algae (Alongi et al., 2001; Lovelock, 2008).  

 

I hypothesise here that the greater response to P addition observed under field conditions 

in the surface soils compared to subsurface soils reflects P limitations to diazotrophs, which 

are abundant in the expansive cyanobacterial mat that adjoins the landward edge of the 

mangrove forest (Lovelock et al., 2010). I also found that CO2 efflux rates were more 

responsive to N in surface soils under field conditions than when measured in the 

laboratory experiments; this finding is consistent with N-limitations demonstrated for 

phytoplankton and mangrove trees in the Exmouth Gulf (Ayukai and Miller, 1998; 

Lovelock et al., 2011). The differences in field and laboratory results illustrate some key 

challenges to being able to adequately control for or reflect field environments.  For 

example, respiration measurements of ‘surface’ soils in the field were 100% in contact 

with the top few mm layer where microbial autotrophs are most likely to be found (Decho, 

2000). However, respiration measurements in the laboratory were in contact with the top 

10 mm of soil, meaning that there was a considerable dilution of the surface autotroph 

layer. The storage of samples prior to laboratory experiments may also have undescribed 

effects on the autotrophic community. Based on my observations I suggest that the field 

measurements are a more accurate assessment and suggest that microbial respiration in the 

surface soils are slightly more P and N limited than the microbes in the subsurface, 

potentially because they contain a higher representation of autotrophs.  
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3.4.3 Intertidal influences on microbial respiration  

 

While responses to substrates typically did not differ between intertidal positions, 

respiration responses to phosphate was higher in the soils of the low intertidal forest 

compared to high intertidal scrub. Therefore my hypothesis that low intertidal forest soils 

would exhibit a smaller response to added C and nutrients compared to scrub soils is 

rejected. Gallic acid was the only C substrate that stimulated respiration, but it was 

stimulated to the same extent in both intertidal positions. However, microorganisms in the 

low intertidal forest soils appear to have a greater capacity to respond to added P than those 

in higher intertidal zones.  This may be due to the low intertidal forest soils containing 

more organic C and greater microbial biomass (Table 1). Hypersalinity reduces bacterial 

abundance in mangrove forests (Ólafsson et al., 2000) and this may have also contributed 

to the slightly lower response to P addition in the higher intertidal scrub soil, which reached 

salinities of up to 70 PSU. A previous study found in situ soil respiration rates were three 

times higher in the low intertidal forest than the scrub soils at the same Exmouth Gulf site 

(Lovelock, 2008). Given that the low intertidal forest and scrub had remarkably different 

characteristics, this did not translate to a large difference in C and nutrient limitations 

between tidal positions.  

3.5. Conclusions 

 

The broad spectrum of C, P and N limitations persist regardless of intertidal position and 

soil depth, suggesting these limitations are influenced by broader scale rather than local 

scale processes. Broad scale limitations are likely driven by regionally high carbonate 

concentrations in sediments, which restrict nutrient availability to plants, as well as limited 

OM inputs due to low productivity of trees and intermittent river flows which deliver 
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terrestrial materials. Given the low productivity and arid nature of the environment, even 

small increases in OM turnover could create disproportionately large changes to 

biogeochemical processes in the Exmouth Gulf mangroves. However, nutrient additions 

could not only increase rates of OM turnover, but also enhance C fixation via the micro-

autotrophic community on the soil surface. Given most studies of carbon dynamics of 

mangrove ecosystems have focussed on the wet tropics, my study provides perspective for 

up to a quarter of the world's mangrove coastlines that occur in arid and often oligotrophic 

systems.  The relatively pristine nature of this study system represents a benchmark against 

which the condition of arid mangroves under development pressures and impacts of 

climate change can be assessed into the future. For example, nutrient delivery associated 

with cyclone frequency is predicted to decrease in the southern hemisphere with climate 

change, impacting microbial C cycling (Knutson et al., 2010; Lovelock et al., 2011; Walsh 

et al., 2016). However, if there is significant coastal development in the region, it is likely 

that localised increases of nutrient and carbon delivery will impact ecosystem functioning, 

including enhancing carbon effluxes from the soil surface.   
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CHAPTER FOUR:  Sources of dissolved inorganic carbon in 

mangrove porewater along the west Australian coastline – 

are roots important? 

 

4.1. Introduction 

 

Mangroves are among some of the most productive ecosystems worldwide, storing on 

average about 956 Mg organic carbon (OC) ha-1, primarily in the soil and root biomass 

(Alongi, 2014; Robertson and Alongi, 2016). However, a large component of the carbon 

fixed by mangrove trees remains unaccounted for in carbon budgets (Bouillon et al., 2008). 

Recent studies suggest that approximately 40% of annual net primary production of 

mangrove trees may be exported to the ocean as dissolved inorganic carbon (DIC) via 

subsurface flows (Alongi et al., 2012; Alongi, 2014, 2009). Mangrove trees can contribute 

to porewater DIC either directly via root respiration, or indirectly via leaching and 

decomposition of leaves, roots and exudates (Benner et al., 1986; Curran et al., 1986; 

Kristensen and Alongi, 2006). DIC that is produced in mangrove porewaters can return to 

the atmosphere as CO2 via diffusion through the soil surface, but almost twice as much 

DIC is predicted to be exported to adjacent waters via subsurface tidal flows or 

groundwater advection (Alongi, 2014; Bouillon et al., 2008; Maher et al., 2013). Given 

large volumes of DIC can be exported from mangrove ecosystems, it is important to 

understand the mechanisms underpinning DIC production and how DIC production is 

affected by climate, so that we may be better able to understand potential changes to C 

fluxes under changing climatic conditions. 
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DIC concentration in mangrove porewaters can be affected by biological factors such as 

OM availability and decomposition pathways, as well as physical factors such as 

evaporation and salinity (Bouillon et al., 2007; Lee et al., 2008). These biological and 

physical factors vary and interact over both larger scale climatic gradients as well as across 

more local intertidal zones. For instance, in arid zones, the high intertidal position may be 

subjected to extended periods of hypersalinity owing to high evaporation rates, but is also 

often nitrogen limited, which reduces both productivity and decomposition rates (e.g. 

Alongi et al., 2003). Export of exchangeable dissolved organic carbon (EDOC), which is 

comprised of volatile and semi-volatile compounds, from mangrove ecosystems to coastal 

oceans also show a strong latitudinal gradient from the tropics south (Sippo et al., 2017). 

Although productivity is often less in arid regions compared to the wet tropics (Cintron et 

al., 1978; Saenger and Snedaker, 1993; Semeniuk, 1993b), evaporative losses are greater, 

which may cause DIC to concentrate in the porewater. However, the effects of aridity may 

be less apparent at lower and more seaward intertidal positions, which are likely to receive 

more frequent and longer tidal inundations, thus increasing the likelihood of leaf litter 

export and increasing inundation time for tidally-derived C in the porewater.  

 

The relative amount of mangrove-derived carbon contributing to porewater DIC and how 

much is derived from above versus belowground inputs likely varies with climate and 

growth conditions. Mangroves are known to be the primary source of DIC in some tropical 

creeks, via subsurface transfers of porewater DIC (Bouillon et al., 2007; Maher et al., 

2013). However, it is not known whether mangroves make similar contributions to DIC in 

arid and temperate mangrove ecosystems, where productivity is reduced although a greater 

proportion of biomass may be allocated to root production (Alongi, 2009; Ouyang et al., 

2017; Robertson and Alongi, 2016; Saenger and Snedaker, 1993). In addition, microbial 
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decomposition rates in mangrove soils slow with declining temperature (Alongi et al., 

2000a), transforming less DOC into DIC. Therefore the contribution of mangrove-derived 

C to DIC may be reduced in lower productivity areas in cooler arid or more temperate 

areas. 

 

Mangrove forest productivity and tidal connectivity (defined here as inundation frequency 

and distance to open water) could alter the relative contribution of mangrove leaves versus 

roots to the porewater DIC pool. Leaves are more nutrient-rich than fine roots (Alongi et 

al., 2003; Lovelock et al., 2006), and therefore have greater potential to leach and 

decompose in situ, entering the porewater DIC pool directly (Robertson, 1988).  While wet 

tropical environments may have conditions that favour high rates of decomposition of leaf 

litter in situ, in arid environments leaf litter is more likely to be exported by tidal flows 

(Adame and Lovelock, 2010). While mangrove roots are generally more recalcitrant than 

leaves, they can release labile exudates, including simple phenolic acids, which can 

stimulate microbial decomposition (Alongi, 2005; Alongi et al., 2001; Holguin et al., 2001; 

Chapter 3). Mangrove roots also respire CO2 directly into the soil matrix (Alongi et al., 

2011; Curran et al., 1986; Lovelock, 2008). Microbial mineralisation of root detritus has 

been recorded up to 1 m deep in mangrove soils (Kristensen and Alongi, 2006), with very 

high mineralisation rates of 18.8 g C m-2 d-1 recorded in a tropical Australian mangrove 

soil (Robertson and Alongi, 2016). It is thus possible that roots contribute relatively more 

to porewater DIC than leaves, especially in arid environments.  

 

In this study, I sought to determine the contribution of mangrove carbon to DIC in 

mangrove porewaters along the west Australian coastline across a latitudinal range from 

18ºS to 34ºS. The vast majority of mangrove forests along the west Australian coastline 
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rarely receive freshwater inputs and so rely on tidal exchange for regulating salinity of 

porewater, and thus productivity (Lovelock et al., 2011). Firstly, I expected productivity 

and/ or evaporation to be the major drivers of DIC concentrations in mangrove porewaters. 

Secondly, I hypothesised that DIC in mangrove porewaters would be primarily of 

mangrove origin in more productive forests. I expected that as aridity increased, a greater 

proportion of porewater DOM – which would be mineralised to DIC – would be derived 

more from roots than leaves. I sought to distinguish the contributions of leaves versus roots 

for the first time in mangrove porewaters by using fluorescence analysis of aromatic 

dissolved organic matter (DOM) compounds (Fellman et al., 2010).  

 

4.2 Methods  

4.2.1 Study sites  

 

I sampled porewater and mangrove leaves and roots from three mangrove forests along the 

west Australian coastline outside of the rainy season (Bunbury in April, Broome in June, 

and Exmouth in July). All sites were dominated by Avicennia marina (Forssk.) Vierh. At 

each site, I sampled from low intertidal forests, generally on the seaward edge, and high 

intertidal scrub, generally on the landward edge. The most temperate and southern site, 

Bunbury, was relatively flat such that ‘high’ and ‘low’ tidal positions were not as clearly 

defined.  The tallest trees were growing on the landward edge along a tidal creek, and 

received freshwater seepage (Semeniuk et al., 2000a), while the scrub was located nearer 

the inlet. I named the two positions at Bunbury according to their productivity; thus I 

named the more productive intertidal positions at all sites ‘low intertidal forest’ and the 

less productive positions at all sites ‘high intertidal scrub’ (Table 4.2). For the purposes of 

this study I refer to tree height and cover as ‘productivity’ (Table 4.2). Study locations 
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extend across 16 degrees of latitude (~1800 km) and differed substantially in their climate 

and tidal characteristics (Table 4.1). The most northern site was located in the dry tropics, 

near the township of Broome, at Roebuck Bay, a Ramsar wetland (Table 4.1). The 

mangroves at the Broome site were located on raised mudflats that did not receive any 

surface freshwater during the dry season and were inundated only during spring tides. The 

Exmouth site was located in the Exmouth Gulf, which is classified as an inverse estuary 

and one of largest unmodified arid-zone estuaries in the world (Table 4.1). Mangroves 

growing at the Exmouth site grow under hypersaline conditions and are surrounded by 

extensive high intertidal salt flats that are extensively colonised by cyanobacteria 

(Brunskill et al., 2001). The Bunbury site was located in the Leschenault Inlet within the 

township of Bunbury, which is the most southern extent of mangroves along the west 

Australian coastline (Semeniuk et al., 2000b; Table 4.1).  
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Table 4.1. General site information for three Avicennia marina mangrove sampling 

locations along the Western Australian coastline: Broome, Exmouth and Bunbury. Climate 

data obtained from Bureau of Meteorology (2016). 

Site Broome Exmouth  Bunbury 

 Roebuck Bay Exmouth Gulf Leschenault 

Inlet 

Latitude, longitude 17.98 oS, 122.4 oE 22.53oS, 114.3oE 33.32 oS, 115.6 oE 

Climate* Hot semi-arid 

(BSh) 

Hot desert (BWh) Hot summer 

Mediterranean 

(CSa) 

Annual max temp (oC)  32 32 23 

Annual min temp (oC)  21 18 11 

Annual rainfall (mm yr-

1) 

611 261 725 

Rainfall season Dec–Apr Mar–May May–Aug 

Freshwater flows Wet season, 

cyclonic 

Cyclonic  Perennial  

Tidal maxima (m) 10  ca. 1.6  1.1  

*Climate is Koppen-Geiger (Peel et al. 2007). 

 

At each site, samples of soil and porewater were collected from beneath five replicate trees 

at each of the low intertidal and high intertidal positions, except for Exmouth where only 

two replicates could be collected in the low intertidal forest and one in the high intertidal 

scrub. Each replicate was sampled 10 – 20 m apart to capture spatial variation within the 

site. Three replicate samples of mangrove leaf and root material were collected from the 

same trees, or immediately adjacent to where soil and porewater were collected from, at 
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each site and tidal position. Approximate tree height as an indicator of forest productivity 

(Saenger and Snedaker, 1993) was also noted at each site, along with the percentage of 

canopy cover within 5 m of each tree trunk under the same tree that soil and porewater 

were collected. 

4.2.2 Water sampling 

 

Porewater samples were collected for analysis of DIC from within 50 cm of the tree base 

at 25 ± 5 cm depth. All porewater was sampled on an ebb tide to capture ‘outgoing’ carbon, 

although a 10 h test at the mangrove low intertidal forest in Bunbury indicated there was 

no statistical difference in porewater chemistry between flood and ebb tides, or with tidal 

amplitude (P > 0.7). Porewater was collected using a suction device at each site (McKee 

et al., 1988). However, at the time of sampling in Exmouth, soils were relatively dry and 

only three samples of free water could be taken (two replicates in the low intertidal forest 

and one in the high intertidal scrub).  

 

Inlet water and, where possible, groundwater were also collected to determine potential 

ex-situ sources of porewater DIC. Inlet water was collected at high tide at Bunbury and 

Exmouth within 20 m of the closest porewater collection site. Groundwater samples were 

collected at Bunbury and Exmouth, but not Broome where access to groundwater wells 

was not available. Groundwater at Bunbury was collected from an established bore located 

approximately 300 m inland from the mangrove low intertidal forest at approximately 4 m 

depth. Samples were collected after extracting three times the volume of the bore to remove 

surface water. Groundwater at Exmouth was collected from three bores from the Giralia 

Pastoral Station homestead bores approximately 25 km inland from the study site at (-

22.75 ºS, 114.39 ºE).  
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All water samples were placed into 125 mL plastic vials with no headspace and kept at 4oC 

and in the dark, until filtration to 0.2 μm within 2-6 hours. Water for DIC analysis was 

filtered with a sterile syringe and filtered into a sterile glass vial with septa and capped 

with no headspace.  

4.2.3 Soil sampling 

 

Soil samples were collected under the same trees as porewater, within 50 cm of the tree 

base. Soil was collected to 10 cm depth with a corer that measured 6 cm in diameter. Soil 

samples were kept intact in the cores at 4oC in the dark until analysis for organic matter 

(SOM), stable carbon isotope composition and carbonate content. 

4.2.4 Leaf and root sampling  

 

To determine the contribution of leaf and root C to porewater DIC, green and senescent 

leaves, leaf litter and fine roots were collected from Avicennia marina trees at both low 

intertidal forest and high intertidal scrub at all sites. Green and senescent leaves were 

collected at 1 – 2 m height on the tree and placed into paper envelopes. Leaf litter was 

collected by selecting brown leaves that were still intact, sitting on the surface of the 

ground beneath the trees. Fine roots (< 2 mm diameter) were collected from the upper 10 

cm of soil, avoiding pneumatophores and large roots, and sealed in plastic bags. In the high 

intertidal scrub in Broome, fine roots were not growing at the surface, and coarse roots 

were instead collected (3 – 4 mm diameter). Before analysis, samples were stored for up 

to 5 days in the dark at ambient temperatures (~ 20 – 25oC) for green and senescent leaf 

samples, and at 4oC for wet root samples.  
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4.2.5 Water chemistry  

 

Dissolved inorganic carbon (DIC) concentrations and δ13CDIC of water samples were 

determined after acidifying 1 mL water with 100 % H3PO4 in a vial previously flushed 

with helium on a GasBench II coupled with Delta XL Mass Spectrometer (Thermo-Fisher 

Scientific, Paul and Skrzypek, 2006). All results were expressed using the standard -

notation (13C and 18O) and were reported in per mil (‰) after normalisation to Vienna 

Pee Dee Belemnite isotope scale [VPDB], using three international standards NBS18, 

NBS19 and L-SVEC for δ13C (Skrzypek, 2013). The analytical uncertainty for δ13C was 

±0.10‰ (1σ). At Broome, the tidal creek had not been recently flushed with a large tide, 

therefore skewing the δ13CDIC values for the creek. Instead, for Broome I used a 

representative shallow coastal δ13CDIC value from the Exmouth coast (1.0 ‰), which fell 

between the accepted range of ocean carbonates of -0.8 to 2.2 ‰ (Kroopnick, 1985). As 

inlet water along the arid coast of west Australia is primarily seawater, I felt this proxy 

would be suitable for the Broome site. 

 

δ2H and δ18O of water samples was analysed using an Isotopic Liquid Water and 

Continuous Water Vapor Analyzer Picarro L1102-i (Picarro, CA, USA). δ18O and δ2H 

values are reported in per mil (‰) after normalisation to VSMOW/SLAP2 scale (Vienna 

Standard Mean Ocean Water/Standard Light Antarctic Precipitation), following a three-

point normalisation, based on three laboratory standards each replicated twice (Coplen, 

1994). All laboratory standards were calibrated against international reference materials 

for the VSMOW/SLAP scale provided by the International Atomic Energy Agency 

(Coplen, 1995). Analytical precision was 0.1 ‰ for δ18O and 1.0 ‰ for δ2H (Skrzypek and 

Ford, 2014). Salinity of unfiltered porewater was measured with a refractometer in 
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Exmouth or with an electrical conductivity (EC) meter (Eutech Instruments, CyberScan 

CON410) within a week of collection. pH was determined within one week of collection 

on samples filtered to 0.2 µm and stored without headspace using an electronic pH meter 

(Orion model 520A). Nitrate (NO3
-) and ammonium (NH4

+) concentrations were 

determined using automated colorimetric techniques (Technicon, 1977). Soluble reactive 

phosphorus (SRP) was measured using the ascorbic acid method with a 1 cm cell (Murphy 

and Riley, 1962). Porewater dissolved organic carbon (DOC) and total dissolved nitrogen 

(TDN) were analysed on a TOC/TDN analyser with a combustion detector and high 

sensitivity catalyst (Shimadzu TOC/TDN analyser).  

4.2.6  Characterisation of potential DOM inputs to porewater 

 

Dissolved organic matter fractions were collected from root and leaf leachates. Any 

mangrove litter or roots that were covered in sediment were quickly and carefully rinsed 

with milli-Q water to remove sediment. For each sample, ten leaves were cut into ~ 2 cm2 

pieces, or roots were cut into 1 – 4 cm lengths and then placed into 250 mL conical flasks.  

Flasks were filled with 200 mL milli-Q water and gently shaken in the dark at 25oC for 2 

h (Fellman et al., 2013). Leachates were then filtered through a 0.2 μm syringe filter and 

stored in the dark at 4oC until analysis for DOM fluorescence, usually less than 7 days. 

 

DOM of water samples and leachates of plant were characterised using fluorescence 

excitation-emission matrices (EEMs) measured on a Varian Cary Eclipse fluorimeter 

(Hood et al., 2007). To minimise inner filter effects, samples were diluted when optical 

density was > 0.05 at 254 nm within a 1 cm quartz cuvette (Green and Blough, 1994). All 

fluorescence excitation-emission matrices (EEMs) were corrected for instrument bias 

using correction files provided by Varian Cary, and normalised to Raman Units (R.U.) by 
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the area under the Raman water peak at Excitation 350 nm. To identify and quantify DOM 

peaks, EEMs were analysed using a peak-picking method (Coble, 1996), as the porewater 

was not varied enough to validate a model using parallel factor analysis (PARAFAC). 

Peaks were identified and labelled as the closest peak determined in bulk seawater by 

Coble (1996); peak A (ex 260, em 380-460), peak C (ex 350, em 420-480), peak M (ex 

312, em 380-420), peak B (ex 275, em 310) and peak T (ex 275, em 340). Peaks A and C 

represent predominantly oxidised, high molecular weight and conjugated aromatic humic 

acids (Cory and McKnight, 2005; Fellman et al., 2010; Hudson et al., 2007). Peak M 

represents a low molecular weight humic acid that is common to marine environments 

(Coble, 2007). Peaks B and T resemble tyrosine and tryptophan-like fluorescence, and are 

generally considered to arise from proteinaceous material (Coble, 1996; Fellman et al., 

2011; Hudson et al., 2007). SUVA254 values were also calculated as a measure of 

proportion of DOC that was aromatic (as DOC/ absorbance at 254 nm). 

4.2.7 Plant and soil analyses 

 

To determine potential sources of porewater DIC, plant and soil samples were analysed for 

δ13C isotopic compositions and soils were also analysed for carbonate content (% by 

weight). Prior to analysis, samples were oven dried for 48 h at 50˚C and ground to a powder 

with a ball-mill grinder. Carbonate content in soils were calculated from total carbon and 

organic carbon content (acidified with 4 % HCl). Stable carbon isotope composition (δ13C) 

and organic C contents (% by weight) were measured using a continuous flow system 

consisting of a Delta V Plus mass spectrometer connected with a Flush 1112 via Conflo 

IV (Thermo-Finnigan/Germany) in the West Australian Biogeochemistry Centre at The 

University of Western Australia. All δ13C values are given in per mil [‰] after 

normalisation to VPDB scale (Vienna Pee Dee Belemnite), following a multi-point 
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normalisation in order to reduce raw values to the international scale (Skrzypek, 2013). 

Normalisation was based on international standards provided by IAEA (NBS22, USGS24, 

NBS19, LSVEC) and laboratory standards (Coplen et al., 2006). Analytical precision was 

0.1 ‰ for δ13C.  

4.2.8 Data analysis  

 

Two-way fixed-factor analysis of variance (ANOVAs) using site x forest structure (low 

intertidal forest or high intertidal scrub) were used to test for differences in DIC 

concentration and other physiochemical characteristics. Post-hoc tests on significant main 

effects and interaction terms in the ANOVAs were made using Tukey’s HSD. All reported 

R2 values for linear correlations were adjusted for sample size. Data were visually checked 

for normality using distribution histograms. Homogeneity of variance was visually 

checked with bar plots and inspection of the residual by predicted plots. Appropriate 

transformations were applied to skewed data. All univariate data were analysed using JMP 

(10.0.0 SAS Institute Inc.).  

To determine the likely contribution of tidal water, mangroves, and other sources to 

porewater DIC, I used three approaches. First, I used a δ13CDIC vs 1/DIC (mM-1) plot to 

indicate if only two sources were likely to contribute to porewater DIC. Second, to 

determine the likely contribution of A. marina to porewater DIC, I used a simple two 

source mixing model with trees and inlet tidal water as the end members:  

δ13CDIC = (δ13Cs1)X + (δ13Cs2)(1−X) 

where C s1 is the inlet tidal water, Cs2 is the mangrove roots and SOM, and X is the 

proportion of inlet tidal water.  
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Given roots and soil organic matter (SOM) had very similar mean δ13C (P = 0.81), I 

averaged root and SOM values to represent ‘mangrove-derived’ C in the porewater (Cs2). 

δ13C was directly measured as part of the DIC pool in inlet or seawater. It was assumed 

that no fractionation occurred between gaseous and aqueous DIC species, as CO2 rapidly 

equilibrates with HCO3
-
(aq) and CO3

2-
(aq), and therefore degassing of CO2(g) is negligible. 

Given I assumed that it was a ‘closed system’, the results are likely underestimating 

fractionation of mangrove material, and represent a ‘minimum’ contribution of mangroves 

to porewater DIC.  

Lastly, I calculated the difference in DIC concentration between the porewater and the tidal 

water, and assumed that concentrations above the background level of tidal water was 

added by mangroves and/or other sources, using the equation: 

DICporewater= DICtidal water + DICmangroves/other. 

 

4.3. Results 

4.3.1 Porewater DIC concentrations and other physiochemical variables  

 

Porewater dissolved inorganic carbon (DIC) concentrations ranged between 27 – 176 mg 

C L-1 across all sites. DIC concentrations at sites that were not inundated daily during the 

field campaigns (Exmouth high intertidal scrub and Broome) were consistently > 100 mg 

C L-1, and were significantly higher than sites that were inundated daily (P ≤ 0.001)  (Table 

4.2). The DIC concentration in the tidal creek/ inlet water was much lower than the 

porewater, (tratio = 3.95, P ≤ 0.001) around 34 ± 16 mg C L-1. However, the most productive 

sites with greater aboveground biomass, such as Bunbury and the low intertidal forest in 

Exmouth, contained some of the lowest DIC concentrations (Table 4.2). DOC 

concentrations in porewater followed a similar trend to DIC, exceeding 40 mg C L-1 at sites 
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that were not inundated daily, and were significantly higher than sites that were inundated 

daily (P ≤ 0.001, Table 4.2). Porewater pH was generally neutral, except the low intertidal 

forest in Bunbury, which was slightly acidic (Table 4.2). Salinity of porewater was higher 

than standard seawater (35 PSU) at every site, ranging from an average of 39 PSU in the 

high intertidal scrub in Bunbury to 59 PSU in the high intertidal scrub in Exmouth (Table 

4.2). δ18O in porewater was slightly enriched and indicative of evaporated water, ranging 

from 1.0 ‰ in the low intertidal forest in Broome to 2.12 ‰ in the high intertidal scrub in 

Exmouth (Table 4.2). 

 

Table 4.2. Porewater physiochemistry at three sites along the west Australian coast 

(Broome, Exmouth and Bunbury), and in two intertidal positions (low intertidal forest 

(Forest) and high intertidal scrub (Scrub)). Values are reported as means ( S.E.) (n = 3-

5), except for Exmouth (n=1-2).  

Site Intertidal 

position 

DIC  

(mg C L-1) 

DOC 

(mg C L-1) 

pH Salinity 

(PSU) 

δ18O  

(‰) 

Broome  Forest 154.6 (6.0) 83.1 (6.3) 7.16  43  0.96  

 Scrub  100.9 (10.5) 40.2 (10.7) 7.37  42  1.17  

Exmouth Forest 41.6 5.8 7.41 48 1.54 

 Scrub  124.5 98.8 6.87 59 2.12 

Bunbury Forest 71.2 (13.5) 17.9 (7.8) 6.56  44  1.53  

 Scrub  50.9 (4.4) 6.0 (0.9) 7.15  39  1.29  

DIC= dissolved inorganic carbon, DOC= dissolved organic carbon 

 

DIC concentration in porewaters were correlated to carbon variables (DOC, δ13CDIC, 

SUVA254, carbonates) and, less strongly, to nutrient variables (e.g. NH4
+, PO4

3ˉ). DIC 

concentration correlated most strongly with DOC concentration (R2 = 0.91, P < 0.001 Fig. 
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4.2 a).  Generally, as DIC concentrations decreased below 100 mg C L-1, SUVA254 values 

increased (Fig. 4.2 b). In addition, both DIC and DOC were negatively correlated to δ13CDIC 

(P ≤ 0.019). δ13CDIC values were below -11 ‰ in sites which exceeded DIC concentrations 

of 100 mg C L-1 or DOC concentrations of 40 mg C L-1 (Fig. 4.2 c, d). However, in sites 

that had DIC concentrations below 100 mg C L-1 or DOC below 40 mg C L-1, δ13CDIC 

values varied widely from -5.9 ‰ to -13.4 ‰ (Fig. 4.2 c, d). DIC concentration also 

correlated positively with soil carbonate content (R2= 0.58, P < 0.001, Fig 4.2 e) and creek 

temperatures (R2 = 0.61, P < 0.001, Fig. 4.2 f). DIC concentrations were also weakly 

positively correlated to PO4
3ˉ (R2 = 0.27, P = 0.007) and NH4

+ (R2 = 0.23, P = 0.012) (data 

not shown). There was only a weak correlation between DIC concentrations and both 

salinity (R2= 0.17, P = 0.027) and δ18O (R2= 0.15, P = 0.038), implying that evaporation 

did not have a strong effect on porewater DIC concentrations. However, salinity and δ18O 

were positively correlated with each other (R2 = 0.36, P = 0.002, Fig. 4.3).  
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Fig. 4.2. Relationships between dissolved inorganic carbon (DIC) in Avicennia marina 

porewater with a) dissolved organic carbon (DOC), b) SUVA254, c) δ13CDIC, e) soil 

carbonate content, and f) creek water temperature, and d) relationship between dissolved 

organic carbon (DOC) and δ13CDIC. Relationships include all data points within low 

intertidal forest and high intertidal scrub intertidal positions at three sites along the west 

Australian coastline (Broome, Exmouth and Bunbury).   
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Fig. 4.3. Relationship between salinity and δ18O in Avicennia marina porewater in low and 

high intertidal positions at Broome, Exmouth and Bunbury.  

 

4.3.2 Productivity and inundation 

 

Tree size, and inferred productivity, was generally higher in the low intertidal forest than 

the high intertidal scrub (Table 4.3). Overall, the most productive mangrove site was the 

taller forest at Bunbury, and the most productive scrub site was at Exmouth (Table 4.3). 

Both tidal positions in Bunbury, and the low intertidal forest in Exmouth, were inundated 

on a consistent daily basis, while the other sites were inundated only 18 % of the time in 

the high intertidal scrub in Exmouth (Chapter 2), or only during spring tides in Broome 

(Table 4.3).  
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Table 4.3. Productivity rank and tidal connectivity of Avicennia marina forests along the 

coast of Western Australia. Where 1= most ‘productive’ site and 6 = least ‘productive’ site 

as calculated by stand height (Height) and average canopy cover (Cover) within 5 m of 

trunk ( SD). Where (-) indicates no SD as one sample. 

Site Intertidal 

position 

Height 

(m) 

Cover 

(%) 

Productivity 

rank 

Inundated 

daily  

Dist. to 

inlet (m) 

Broome  Forest 3 50 (10) 3 No 20 

 Scrub  1 18 (3) 6 No 250 

Exmouth  Forest 3.5 65 (7) 2 Yes 20 

 Scrub  2 50 (-) 4 No 200 

Bunbury  Forest 4 65 (10) 1 Yes 175 

 Scrub  2.5 13 (3) 5 Yes 20 

 

4.3.3 Contribution of mangrove organic matter to porewater DIC 

 

δ13CDIC of mangrove porewater along the west Australian coastline was approximately    -

11.3 ± 0.5 ‰, and for inlet tidal water was -0.6 ± 0.8 ‰ (Table 4.4). δ13C of fine roots 

(- 25.2 ‰) and SOM (-25.6 ‰) were less depleted than leaves (-28.0 ± 0.3 ‰) (Table 4.4). 

However, leaves were not included in the mixing model; firstly because their isotopic 

signature is too similar to roots and SOM to be distinguished if included as a third source 

in a mixing model, and secondly because leaves were less likely to contribute to porewater 

OM than roots according to the DOM fluorescence data (see section 3.3 below). 

Groundwater was excluded as a potential source as it did not appear to contribute to 

porewater when modelled with δ18O and δ2H in Bunbury and Exmouth (Supplementary 

Fig. 4.1). In addition, groundwater was fresh (< 4 PSU) with higher TDN (2 - 38 mg L-1), 

unlike porewater samples which were hypersaline with low TDN (< 1 mg L-1). 
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The relative contribution of mangrove and other sources to porewater as determined by 

three different methods varied among sites and intertidal positions. The δ13CDIC versus 

DIC−1 plot indicated that the scrub in Bunbury was the only site which had a strong linear 

regression between 13CDIC and DIC-1 (R2 = 0.91), and a low y-intercept of -22 ‰ (Fig. 

4.4). Other sites did not have strong linear correlations (i.e. R2 was < 0.3), and mostly 

maintained isotopic signatures between -11 ‰ to -14 ‰. In addition, there were too few 

points at Exmouth to draw any meaningful correlation (Fig. 4.4). The 2-source isotopic 

mixing model indicated that the Broome site, Exmouth scrub and Bunbury forest all had 

approximately 50% of mangrove-derived material contributing to DIC (Table 4.5). The 

more tidally connected sites, Exmouth forest and Bunbury scrub, had lower mangrove-

derived contributions of 25-30% (Table 4.5). The DIC concentration calculations indicated 

that the most tropical site, Broome, and the Exmouth scrub, had the highest ‘additional’ 

DIC, with approximately 70-80% derived from sources other than tidal waters. Again, the 

most tidally connected sites, Exmouth forest and Bunbury scrub had the lowest percentage 

of DIC that was derived from non-tidal water sources (Table 4.5). These results suggest 

that sources other than just tidal water and mangroves contribute to porewater DIC, 

especially at the Broome and Exmouth sites.   
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Table 4.4. δ13C values of porewater and potential sources in three Avicennia marina low 

intertidal forests along the west Australian coastline and in two intertidal positions (low 

intertidal forest (Forest) and high intertidal scrub (Scrub)). Values are reported as means 

(± S.D.) for δ13C. Where DIC= dissolved inorganic carbon, OC= organic carbon, SOM= 

soil organic matter. Where n= 5 for porewater and SOM, and n= 3 for roots, leaves and 

inlet. * indicates a representative shallow coastal seawater sample from the Pilbara coast 

near the Exmouth site.  

Site Intertidal 

position 

Porewater 

δ13CDIC 

(‰) 

Tidal water 

δ13CDIC (‰) 

Root  

δ13COC 

(‰) 

SOM  

δ13COC 

(‰) 

Senescent 

Leaves 

δ13COC (‰) 

Broome  Forest -12.2 (1.1) 1.0 *  -25.1 (0.9) -24.5 (1.0) -28.2 (0.4) 

 Scrub  -11.8 (0.6) -23.9 (3.7) -24.6 (0.5) -27.4 (0.5) 

Exmouth Forest -7.9  -1.8 (0.1) -26.6 (0.3) -26.2 (0.5) -29.1 (0.7) 

 Scrub  -14.2 -25.8 (0.3) -25.5 (0.4) -28.4 (0.5) 

Bunbury Forest -13.0 (0.3) -0.7 (0.2) -25.7 (0.3) -25.7 (1.0) -25.9 (0.8) 

 Scrub  -9.0 (2.6) -26.9 (0.4) -25.7 (1.0) -26.3 (0.9) 
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Fig. 4.4. δ13CDIC versus DIC−1 for the Broome, Exmouth and Bunbury sites in forest (closed 

symbols) and scrub (open symbols). Regression equations and R2 are provided for sites 

with linear trends (BrS = Broome Scrub, BuS = Bunbury Scrub, BuF = Bunbury Forest). 

 

Table 4.5. Relative contributions of ‘tidal water’, ‘mangrove’ (mangrove root respiration/ 

SOM decomposition) and/or ‘mangrove/other’ sources to dissolved inorganic carbon in 

mangrove porewaters at three sites along the west Australian coastline at low intertidal 

forest and high intertidal scrub. Method ‘A’ values are derived from a 2-source mixing 

model, and method ‘B’ values are derived from DIC concentration calculations. 

Site Intertidal 

position 

Tidal water 

(%): method A 

Mangrove 

(%): method A 

Tidal water  

(%): method 

B 

Mangrove/ 

other (%): 

method B 

Broome Forest 49 51 19 81 

 
Scrub 50 50 28 72 

Exmouth Forest 75 25 51 49 

 
Scrub 48 52 17 83 

Bunbury  Forest 51 49 40 60 

  Scrub 68 32 56 44 
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4.3.4 Fluorescent dissolved organic matter in roots and leaves versus porewater  

 

Fluorescence spectra of porewater DOM was similar across all sites and tidal positions. 

There were two distinct fluorescence groups in the porewater at all the sites: the humic-

like fluorescence (peaks A, C and M) and the protein-like fluorescence (peaks B and T) 

(Fig. 4.5). Humic-like peak A was the most dominant fluorescence peak present in all 

porewater samples, ranging from an average of 1.2 R.U. in the low intertidal forest at 

Exmouth to 7.2 R.U. in the low intertidal forest at Bunbury. Peak A and the less intense 

peak C were present in all porewater samples and were correlated almost perfectly together 

(R2 = 0.99, P < 0.001, peak C = 0.39*(peak A) + 0.05). Exmouth porewater contained two 

C peaks, one that closely resembled the C peak in Coble (1996) (C1) and another at lower 

excitation that was only present in the high intertidal scrub (C2). Peak M was only present 

in Broome porewater but also correlated strongly with peak A (R2= 0.90, P < 0.001, peak 

M = 0.43*(peak A) – 0.08). Tyrosine-like peak B was the most common protein-like peak, 

and was present in almost all of the porewater samples but at lower intensity than peak A, 

ranging from 0.2 – 0.8 R.U. Tryptophan-like peak T, however, was only present in the 

Broome high intertidal scrub porewater (Fig. 4.6). Where present, peaks M, B and T did 

not correlate with DIC concentration at any of the sites (P > 0.28). 

 

In general, fluorescence maps of DOM peaks in mangrove porewaters more closely 

matched with leachates derived from mangrove fine roots than from leaves (Figs. 4.5 & 

4.6). The most dominant peak in porewater, peak A, was also present in fine root leachates 

but not in leachates of leaves, although excitation wavelengths were slightly redshifted 

(higher wavelength) by 5 nm (Fig. 4.6). While Peak C in porewater was most closely 

matched to fine root leachates taken from Exmouth and Bunbury, at Broome Peak C was 

only found in leachates from leaves and leaf litter (Fig. 4.6). Peak M, identified in Broome 
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porewater, was not found in any leachates (Fig. 4.6). Peak B was present at low intensity 

in most porewater samples and had similar peak positions as the leaves and roots at all sites 

(Fig. 4.6). Peak T was only detected in the high intertidal scrub in Broome, where leachates 

from both coarse roots and porewater shared the peak (Figs. 4.5 & 4.6).  

 

 

Fig. 4.5. Excitation emission matrices (EEMs) of representative porewater, leaf and fine 

root dissolved organic matter (DOM) fluorescence. Red colours are higher intensities and 

dark blue is lowest intensity. Approximate peak locations are labelled A (humic-like), C 

(humic-like), M (marine humic-like), B (tyrosine-like) and T (tryptophan-like) according 

to Coble (1996). 
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Fig. 4.6. Mean excitation and emission of each peak (labelled in capital letters, A, B, C, 

C1, C2, M, T) in porewater and root, leaf and leaf litter samples at each site, tidal positions 

combined. Bars are ranges. Porewater peaks C2, and T occurred only in the high intertidal 

scrub at the site.  
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4.4. Discussion 

 

Dissolved inorganic carbon (DIC) concentrations were highest at sites that were least 

tidally connected at the time of the field campaign (Broome and the high intertidal scrub 

in Exmouth). Thus, the data does not support the first hypothesis as tidal connectivity 

appears to override any more subtle effects of productivity or evaporation on DIC 

concentrations. DIC was also strongly and positively correlated to DOC concentrations in 

porewater. My findings are thus consistent with previous studies of tropical mangrove 

forests, whereby DIC and DOC concentrations were higher at less frequently inundated, 

albeit less productive high intertidal scrub, compared to the more hydrologically connected 

low intertidal forest (Lee et al., 2008; Lee and Joye, 2006; Lovelock et al., 2015). A 

possible mechanism that explains higher DIC and DOC concentrations in sites that are less 

productive but less hydrologically connected is that DIC and DOC are diluted during tidal 

inundation and exported to nearby tidal creeks (e.g. Bouillon et al., 2008, 2007).  

 

The results of this study indicate that DIC in mangrove porewaters is largely produced in-

situ from biological sources rather than by inorganic sources or physical processes. The 

extremely high correlation between DIC and DOC concentration suggests that DOC is 

either directly metabolised to form DIC via microbial decomposition or is tightly linked to 

root respiration, such as root exudates. Lovelock et al. (2015) discovered in a tropical 

mangrove that microbial respiration was a major contributor to C effluxes in the high 

intertidal scrub, compared to low intertidal forests. Other studies have also shown DOC 

from A. marina root exudates stimulate microbial abundance (Kristensen and Alongi, 

2006). In addition, DIC concentrations in porewater are highest below 13CDIC values of  -

11 ‰, which suggests biological sources (e.g. decomposition or respiration of mangrove 
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material, -25 ‰), rather than inorganic sources (e.g. carbonate dissolution) and physical 

processes (e.g. evaporation, -8 ‰, seawater infiltration, 0 ‰) are driving higher DIC 

concentrations. Similarly, 13CDIC in Kenyan mangrove porewaters was approximately -15 

‰, which was likely primarily derived from sulfate-reduction of OM, rather than inorganic 

sources (Bouillon et al., 2007). However, physical aspects, such as water temperature may 

have stimulated microbial metabolism of DOC in this study. For example, porewater DIC 

concentrations and creek water temperatures were positively correlated across all sites. 

This suggests that microbial mineralisation could have been occurring at a faster rate in 

warmer temperatures, similar to another study in north west Australia (Alongi et al., 

2000a). Therefore, DIC may build up in porewaters via biological mechanisms, but 

become diluted at sites with high tidal connectivity. 

 

Most of the sites along the west Australian coastline likely had more than two sources 

contributing to porewater DIC. The only exception was the scrub in Bunbury, which had 

a strong linear regression between 13CDIC and DIC-1 (R2 = 0.91), suggesting that there 

were only two sources (Faure, 1986). The y-intercept of the linear regression provides an 

estimate of the 13C value of the DIC that is added to the original DIC pool (e.g. inlet 

water) (Hellings et al., 2000). The y-intercept of the regression was -22 ‰, indicating that 

the added DIC source was likely mostly derived from mangrove roots or SOM (~ -26 ‰). 

The other sites likely had more than two sources, as they had weak relationships between 

13CDIC and DIC-1, higher y-intercepts (~ -13 ‰), and in most cases their porewater DIC 

concentrations were too elevated for mangroves and tidal waters to be the only 

contributors. Other potential sources are discussed below. 
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Groundwater was not deemed a major contributor to DIC in porewater collected from up 

to 30 cm depth. The lack of groundwater in the porewater could have been due to the 

relatively shallow sampling depth, as groundwater advection through porewater likely only 

plays a role below the water table (Maher et al., 2013). Groundwater does, however, play 

an important role in maintaining ecosystem productivity, at least in Exmouth and Bunbury 

where deep roots are able to draw upon groundwater resources (Santini et al., 2015; 

Semeniuk et al., 2000a).  

 

Evaporation could have played a minor role in concentrating DIC and DOC in porewater 

as hypothesised. Salinity and 18O correlated weakly with DIC concentration, and salinity 

and 18O were also correlated with each other, which could indicate evaporation may have 

partly concentrated solutes. 18O was highest in the high intertidal scrub in Exmouth, 

which was also the most saline site (18O increases with evaporation as the lighter isotope 

is preferentially evaporated). Sampling was conducted outside of the summer months, 

which meant that evaporative conditions were similar among all sampling sites; average 

daily pan evaporation at in the month of collection was highest in Broome (~ 6.1 mm, 

June) and slightly lower in Exmouth (~ 4.3 mm, July) and Bunbury (~ 4.4 mm, April) 

(Australian Bureau of Meteorology, 2017a, 2017b, 2017c). Although evaporation likely 

played a small role in concentrating porewater solutes, evaporation could play a larger role 

during the summer months when evaporative pressure increases.  

 

Carbonates were another potential source of DIC in porewater samples, especially given 

soil pH is as high as 8 – 9 in Exmouth and Broome (see Chapters 2 and 5) and the west 

Australian coast is rich in limestones (Semeniuk, 1983; Tille, 2006). Carbonate content 

was positively correlated with DIC concentrations, indicating some carbonates may have 
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been formed in-situ from mangrove material. Carbonate dissolution may have contributed 

to some elevated DIC concentrations in Broome and the scrub in Exmouth, where DIC 

concentrations were high and 13C of porewater DIC was approximately midway between 

that of the carbonate (~0 ‰) and CO2 (likely ~ -26 ‰), which is the expected value of a 

carbonate source that has been formed from mangrove material. I thus suggest that 

carbonate dissolution is a potential contributor to DIC in mangrove porewaters at some of 

the sites high in carbonates. 

 

However, I found that DIC in more productive sites was not necessarily derived more from 

mangrove C than less productive sites. Overall, my second hypothesis that DIC in 

mangrove porewaters would be primarily of mangrove origin in more productive forests is 

partially rejected. Instead, the sites with greater contributions of mangrove and other C to 

porewater DIC were those that weren’t inundated daily (Broome and the high intertidal 

scrub in Exmouth) and therefore could have built up mangrove-derived DIC. However, at 

the two sites that were closest to the inlet and inundated daily (Exmouth low intertidal 

forest and Bunbury high intertidal scrub), the tidal inlet water accounted for more of the 

DIC than any other source, likely diluting any mangrove-derived DIC. Mangrove-derived 

DIC may contribute more to porewaters during the wet season in the arid tropics when tree 

growth is not limited by freshwater inputs. Given I sampled in the dry season in the arid 

tropics (Broome and Exmouth), and at the end of the dry season in Bunbury, it is unlikely 

that major differences in growth and phenology between sites impacted the contribution of 

mangrove DIC to porewater. The δ13C of porewater DIC further suggest that the DIC in 

the less tidally connected sites are primarily derived from metabolism/ mineralisation of 

mangrove-derived and/or other non-tidal water sources of carbon.  
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Fluorescence characterisation of porewater DOM best matched DOM from root leachates 

than leaves at all sites, thus partially supporting my third hypothesis that porewater DOM 

would be derived more from roots than leaves, although, unlike my hypothesis, it did not 

change with aridity along the coastline. Porewater DOM along the west Australian 

coastline appeared similar to that in a tropical mangrove study (Tremblay et al., 2007). The 

most dominant peak in the porewater (humic-like peak A) was present in root leachates 

from all sites but absent in the leaf and litter leachates measured in this study. However, 

peak A fluorescence has previously been detected in Rhizophora leaf leachates (Shank et 

al., 2010). As peak C was correlated almost in a 1:1 relationship to peak A, it likely 

represents a signature from the same source as peak A (i.e. fine roots). Mangrove root 

leachates also generally shared protein-like peaks B and T with that found in porewater. 

While this T peak is thought to represent highly labile tryptophan-like protein fluorescence, 

it may also represent non-proteinaceous material such as N-containing aromatics or 

carboxylic-rich alicyclic molecules (Kellerman et al., 2015; Maie et al., 2007; Siebers et 

al., 2016; Stubbins et al., 2014). It is more likely that the T peak from coarse roots observed 

at the Broome site represents non-proteinaceous material as coarse roots in mangrove 

forests are thought to be more refractory than fine roots (Lee et al., 2008; Robertson and 

Alongi, 2016). 

 

Mangroves allocate a greater proportion of their biomass belowground compared to upland 

forests (Komiyama et al., 2008). In particular, belowground dead root biomass has been 

recorded up to ~ four times greater than aboveground biomass in A. marina forests along 

the arid west Australian coastline (Alongi et al., 2000a). Although dead mangrove roots 

are slow to decompose, labile exudates from live roots may stimulate microbial 

decomposition of DOM to DIC (Alongi, 2005; Alongi et al., 2001; Holguin et al., 2001). 
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In addition, isotopic analyses and comparisons of root and shoot biomarkers have recently 

confirmed the dominance of root-derived carbon in terrestrial soil microorganisms from 

agroecosystems (Kramer et al., 2012). These recent studies highlight the importance of 

root C in microbial soil decomposition, and this study indicates roots could be a major 

source of DIC in the mangrove soils along the west Australian coast.  

 

The contribution of roots compared to leaves to porewater DIC could be amplified along 

the arid west Australian coastline. At my study sites there may also be relatively high levels 

of leaf export, especially given they are in low rainfall zones with high temperatures 

(Adame and Lovelock, 2010), which limits aboveground inputs of OM to mangrove soils. 

One further interesting characteristic of the Avicennia mangrove ecosystems of Western 

Australia is the lower activity of leaf burying crabs (such as sesarmid) that are common in 

more tropical mangrove forests dominated by other genera (Robertson and Daniel, 1989; 

Smith et al., 1991). Leaf litter is thus less likely to be incorporated into soils and/or 

metabolised to porewater DIC. Further studies using manipulative experiments are needed 

to fully quantify when and where roots are the most important drivers of DIC in mangrove 

ecosystems, including comparison with other species of differing rooting morphologies 

(e.g. Rhizophora) and where ‘ecosystem engineers’ such as leaf burying crabs may be more 

or less abundant.  

 

In this study, I have made the assumption that DOC was predominantly comprised of 

mangrove-derived C rather than from benthic microalgae. However, a recent global study 

has suggested benthic microalgae can contribute the equivalent of ~15 % of the NPP of 

mangrove trees (Alongi, 2014). However, protein-like peaks B or T (which would be 

expected to be higher where benthic microalgae are abundant) were at low intensity in the 
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mangrove porewater at all sites and did not correlate to DIC concentrations. Further, I did 

not observe algal mats at any of my study sites. The tropical site at Broome, however, had 

a relatively distinct DOM signature, where porewater and leachate DOM peaks were not 

strongly correlated. At this site, input of other sources such as benthic algae, guano or crab 

waste could also be contributing to DOM in porewater and these sources could also be 

important in determining microbial community structure (see Chapter 5). Microbial 

mineralisation of benthic algae, guano, or crab waste may also contribute to the especially 

high DIC concentrations at the Broome site. A much more detailed study of OM production 

and characterisation of different sources using techniques such as GC-MS coupled with 

mineralisation studies may help to identify possibly unique sources at this site.  

 

Finally, this study confirms that DIC is accumulated in porewater where tidal flushing is 

limited. I conclude that most of the DIC at my sites along the west Australian coastline is 

a result of biological processes, including microbial metabolism of DOC. Despite lower 

productivity and soil C concentrations in mangroves of arid regions compared to wet 

tropical settings, DIC concentration in mangrove porewater is strongly influenced by the 

metabolism of roots.  
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4.5. Supplementary 

 

 

Supplementary Fig. 4.1. Water isotopes of Bunbury and Exmouth porewater and inlet 

water (positive values) and groundwater (negative values), versus the global meteoric 

water line (GMWL).  
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CHAPTER FIVE: Aridity drives bacterial and archaeal 

community structure in west Australian mangrove soils 

 

5.1. Introduction 

 

Microbial communities play major roles in many ecosystem services that mangrove forests 

are renowned for, such as efficient nutrient cycling and carbon storage. In Chapter 4, I 

showed that microbially-mediated processes metabolising organic carbon derived from 

roots and other sources likely regulate dissolved inorganic carbon (DIC) production in 

mangrove soils along the west Australian coastline. In Chapters 2 and 3, I also showed that 

microbial activity and biomass in mangrove soils is strongly influenced by intertidal 

position and the availability of carbon substrates and nutrients. While bacteria and archaea 

are likely the key microbial groups responsible for carbon and nutrient transformations of 

organic matter (OM) in these systems (e.g. Alzubaidy et al., 2016; Andreote et al., 2012; 

Ismail et al., 2017; Taketani et al., 2010; Yan et al., 2006), remarkably few studies have 

characterised microbial communities of Australian mangrove soils. In particular, the 

bacterial and archaeal diversity, and community structure of mangrove soils along the 

largely pristine and also highly oligotrophic west Australian coastline have never been 

assessed.  

 

As mangroves exist on the boundary between land and sea, the bacterial and archaeal 

diversity is likely to be a reflection not only of mangrove soil conditions but also of marine 

tidal influences (Hewson et al., 2003; Wang et al., 2012). The soils lower in the intertidal 

zone are more frequently inundated than those in the high intertidal zone closer to the land-

edge, thus potentially receiving more marine-derived material such as algae and marine 
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bacteria that are delivered during tidal flooding. Marine microbial community structure 

has been observed to vary with temperature along latitudinal gradients, whereby diversity 

generally decreases with increasing latitude (Fuhrman et al., 2008; Pommier et al., 2006). 

I thus anticipate that the structure of microbial communities of the low intertidal 

mangroves along the west Australian coastline, from the low latitudes at Broome to the 

higher latitudes at Bunbury, may follow this pattern. In contrast, the microbial community 

from higher intertidal scrub soils might be expected to have characteristics more similar to 

terrestrial soils, where diversity and structure change are more influenced by small scale 

differences in edaphic factors such as pH, soil water content and organic carbon (OC) 

(Angel et al., 2010; Bachar et al., 2010; Fierer and Jackson, 2006).  

 

Modern studies of mangrove soil microbial communities have identified that the most 

abundant bacterial phylum is Proteobacteria, with Gammaproteobacteria and 

Deltaproteobacteria typically the most abundant classes, reflecting the marine nature of the 

soils (Basak et al., 2015; dos Santos et al., 2011; Ghosh et al., 2010; Liang et al., 2007). 

Given the anoxic nature of most mangrove soils, it is perhaps not surprising that the most 

dominant groups identified to date are the sulfur oxidising (in Gammaproteobacteria) and 

sulfate reducing (in Deltaproteobacteria) bacteria, even in locations contaminated by 

pollutants (dos Santos et al. 2011). One of the first studies to examine in detail the 

microbial community of mangrove sediment with the rhizosphere microbiome of 

Avicennia marina from the Red Sea (Alzubaidy et al., 2016) revealed a predominance by 

Proteobacteria, Bacteroidetes and Firmicutes, also with high abundance of sulfate reducers 

as well as archaeal methanogens.  However, it is unknown if these community structures 

of A. marina vary among sites and particularly across large latitudinal gradients.   
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More locally, microbial community structure have been observed to vary over intertidal 

gradients in tropical mangroves (Dias et al., 2010); given the differences in microbial 

activity observed within sites included in this study (see Chapters 2 and 3) this is likely to 

also be the case in arid and more temperate climate mangroves. Variation in community 

structure over intertidal gradients are likely in response to changes in salinity and nutrient 

availability as well as the water content of soils, which in turn affect mangrove tree 

productivity, including allocation to root growth and exudate production (Feller, 1995; 

Feller et al., 2003; Lovelock et al., 2011; McKee et al., 2002; Naidoo, 2010, 2006). 

 

The study sites described in this thesis offer a unique opportunity to assess the impact that 

latitude and aridity as well as different intertidal positions have on microbial community 

structure. My objective with this study is to provide insight into the range of microbial 

diversity in the soils of A. marina dominated mangrove ecosystems growing in 

oligotrophic and pristine locations across a broad climatic range, encompassing almost 

2000 km of the west Australian coastline. First, I hypothesised that bacterial and archaeal 

diversity would decrease with increasing latitude, but only in low intertidal forest sites, 

which are more strongly influenced by marine surface waters.  Second, I expected 

Proteobacteria, specifically Gammaproteobacteria and Deltaproteobacteria, to be the most 

abundant clades at my sites, regardless of latitude.  Lastly, I hypothesised that bacterial 

and archaeal community structures would be more similar among the low intertidal, 

regularly inundated forest sites owing to the presence of ubiquitous marine clades, such as 

Alphaproteobacteria, Gammaproteobacteria, and Bacteroidetes (Acinas et al., 1999; 

Crespo et al., 2013; Crump et al., 1999), whereas high intertidal zone scrub sites would be 

more variable, reflecting the greater range of edaphic conditions found with greater 

isolation from marine inputs (see Chapter 2).  
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5.2.  Methods 

5.2.1. Study sites and experimental design 

 

Samples were collected from low intertidal positions under trees fringing the waters edge 

and high intertidal positions under shorter ‘scrub’ trees (<2 m height) at four mangrove 

forest sites along the west Australian coastline. All sites were dominated by Avicennia 

marina (Forssk.) Vierh. Three of the four sites (Broome, Exmouth and Bunbury) are 

previously described in Chapter 4. The additional site was located in the World Heritage 

Listed Area of Shark Bay, approximately 1000 km north of Bunbury, and remarkably, the 

nearest site to Bunbury on the mainland that supports mangrove forests (Semeniuk et al., 

2000b). The Shark Bay site was added to provide a more comprehensive analysis of the 

potential variation in microbial community structure in west Australian mangrove forests. 

The Shark Bay site was located on a marine sandbar at Gueshenalt Point (25.4°S, 113.3°E), 

where the tidal maxima is approximately 1.5 m. Shark Bay has a warm mild climate, with 

mean annual temperature maxima of 29°C and minima of 16°C. Shark Bay receives 

approximately 210 mm rain year-1, most of which falls from May to August (Australian 

Bureau of Meteorology, 2017d).  

 

Samples from Broome, Exmouth and Bunbury were collected during the dry season, when 

rainfall was at a minimum. Broome samples were collected in June, Exmouth samples in 

July and Bunbury samples in April. However, sites at Shark Bay could only be sampled 

during winter (June) owing to logistics in accessing this remote area. However, it is 

unlikely rainfall had a large impact on the Shark Bay site as there are no freshwater inputs 

adjacent to the site and there were no observed stream channels leading into the mangroves 

at Gueshenalt Point. Rainfall was ~100 mm for the 3 months prior to collection, and only 
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1.2 mm of rain fell in the week prior to sampling (Australian Bureau of Meteorology, 

2012a).   

 

5.2.2 Experimental design and collection 

 

At each site, I collected replicate samples (n= 3 – 5) at forest and scrub intertidal positions 

along a 50 ± 20 m transect parallel to the waters edge to gain a representative sample of 

the spatial heterogeneity of the site. At each site, I sampled soil beneath the tree canopy 

approximately 50 cm from the tree base. Soil designated for DNA analysis was collected 

from the top centimetre using a 3 mL syringe with the tip cut off. The soil sample was 

transferred directly into a 1 mL cryovial which was stored at 4°C during collection and 

frozen in liquid nitrogen within three hours of collection. Cryovials were then stored at -

80°C until analysis. Soil for chemical analyses were collected with a soil corer and stored 

in the dark at 4°C until analysis. Temperature of the adjacent creek/ estuary water at each 

site was measured using a handheld oxygen, conductivity, temperature and salinity system 

(Model 85, YSI incorporated). 

 

5.2.3 Soil and porewater physiochemical analyses 

 

Soil samples were analysed on the top centimetre of soil, and analyses were conducted as 

described in Chapter 4 for the following components: organic carbon (OC) content, 

carbonate content, total nitrogen (TN) content, δ13C, δ15N, organic matter (OM) content 

(%), nitrate (NO3
-) and ammonium (NH4

+) content, OH-extractable total and inorganic P 

content, particle size, and pH. Salinity of porewater was extracted with a ‘sipper’ at 20-30 

cm depth (McKee, 1993) at Broome, Exmouth and Bunbury. At Shark Bay, soils were 
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sandy and porewater was instead extracted by centrifugation. Salinity was measured with 

an electrical conductivity (EC) meter at Broome and Bunbury (Eutech Instruments, 

CyberScan CON410), but owing to low sample volumes in Shark Bay and Exmouth 

salinity was measured using a refractometer. All salinity measurements were recorded to 

the nearest practical salinity unit (PSU), where any measurements in parts per thousand 

(ppt) were converted to PSU using the following equation; Salinity (ppt) = Salinity 

(PSU)*(35.16504/35.000) g kg-1 (Millero, 2010). 

 

5.2.4 DNA extraction, bacterial and archaeal community structure 

 

Duplicated DNA extractions were performed for each sample using the PowerSoil™ DNA 

Isolation Kit (MoBio Laboratories Inc.) following the manufacturer’s instructions. DNA 

extractions for each soil were then pooled and quantified using a Qubit™ and the DNA 

extract stored at –40°C prior to further analysis. 

Amplicon sequencing was performed as described in Gleeson et al. (2016). Briefly 

approximately 300 bp of the V4 region of the 16S rRNA gene was amplified by PCR primer 

set 515F (5’-GTGCCAGCMGCCGCGGTAA-3’) and 806R (5’-

GGACTACHVGGGTWTCTAAT-3’) (Caporaso et al., 2010; Mori et al., 2014). For PCR 

amplification, template DNA (1 ng) was amplified in a 20 µl volume containing 0.2 µM 

each of the reverse primer and a tagged forward primer, 600 ng BSA (Life Technologies) 

and 2.5 × 5 Prime Hot Master Mix (5 Prime, Australia). The reaction was run on an 

Eppendorf Master cycler EP S module (Thermo Fisher Scientific, Australia) using the 

following conditions: an initial denaturation at 94°C for 2 min, followed by 25 cycles of 

denaturation at 94°C for 45 s, annealing at 50°C for 1 min, elongation at 65°C for 1 min 

30 s, then seven cycles of denaturation at 94°C for 45 s and annealing at 65°C for 1 min 
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30 s and, lastly, a final extension at 65°C for 10 min. PCR products were purified, 

quantified (Qubit; Thermo Fisher Scientific, Australia) and equally pooled for multiplex 

sequencing on an Ion Torrent Personal Genome Machine (Thermo Fisher Scientific, 

Australia). Sequencing libraries were loaded onto Ion 316 chips and sequenced using the 

Ion PGM Sequencing 400 kit. After sequencing, individual sequence reads were filtered 

within the PGM software to remove low quality and polyclonal sequences; sequences 

matching the PGM 3’ adaptor were also automatically trimmed.  

All PGM quality-filtered data were exported as FastQ files which were split into 

constituent *.fasta and *.qual files and subsequently analysed using the QIIME pipeline 

(www.qiime.org). Briefly, the data were subjected to quality control whereby each 

sequence was screened for an average Q (quality score; Q ≥ 20), ambiguous bases (count 

= 0), allowable primer mismatches (count = 0), homopolymers (length ≤ 12) and removal 

of singleton OTUs. Within the QIIME environment, OTU picking was performed at a 

sequence similarity of 97%, representative sequences were aligned with PyNAST, and 

taxonomy assignment was completed via the UCLUST consensus taxonomy assigner. 

Phylogenetic tree building was performed with FastTree and OTU tables prepared. All 

potentially chimeric sequences were identified using usearch61 (Edgar, 2010; Edgar et al., 

2011) and removed. All non-bacterial and non-archaeal OTUs were removed, including 

Chloroplasts. The sequence data were subsampled to 3000 sequences per sample to ensure 

comparable estimators across experimental units (Gihring et al., 2012). 

5.2.5 Data analysis 

 

In order to determine the six most abundant phyla, the relative abundances were calculated 

as a percentage of the total. Owing to their dominance in most mangrove soils, the 

Proteobacteria were split by class (e.g. Alphaproteobacteria, Betaproteobacteria etc.). A 
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two-way analysis of variance (ANOVA) was used to determine if the relative abundance 

of each of the six most dominant phyla and Proteobacterial classes differed among sites or 

between intertidal positions. Post-hoc tests were performed using Tukey HSD unless 

significant interactions between site and intertidal zone were detected, in which case 

student’s t test with sequential Bonferroni were used at α = 0.05.  

 

I used both Shannon and Faith’s Phylogenetic Diversity (PD) Whole Tree diversity 

estimates as well as total observed species, and Chao1 richness estimates calculated by 

QIIME to estimate bacterial and archaeal diversity and richness. PD Whole Tree is a 

diversity measure that is calculated from the minimum total branch length of the 

phylogenetic tree that incorporates all OTUs in a sample.  Chao1 estimates richness, and 

increases with the likelihood of more undetected OTUs. To determine differences between 

sites or intertidal position, a two-way ANOVA was conducted for each measure using (site 

* intertidal position) as factors. Post-hoc tests were performed using Tukey HSD unless 

significant interactions between site and intertidal zone were detected, in which case 

student’s t-test with sequential Bonferroni were used. 

 

Untransformed bacterial and archaeal abundance data at the family level were used to 

generate a resemblance matrix using the Bray Curtis similarity algorithm (Bray and Curtis, 

1957). Bacterial and archaeal community composition differences were tested using a two 

factor (site * intertidal position) Permutational Multivariate Analysis of Variance 

(PERMANOVA) (Anderson et al., 2008). Tests were completed using 999 permutations 

under Type III sum of squares (SS) and a reduced model to generate a permutated F statistic 

(F) and P-value (P). When significant interactions occurred, pair-wise a posteriori tests for 

all combinations of factors were conducted using the t-statistic. Significance was 
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determined using the Monte Carlo P statistic, as unique permutations were low (<130). 

Differences in bacterial and archaeal community structure in the forest and the scrub were 

visualised using multidimensional scaling plots (MDS). The contribution of OTUs to the 

average dissimilarity between sites and intertidal positions were calculated using a 

similarity percentages procedure (SIMPER), which identifies OTUs that are characteristic 

of bacterial community structure (Clarke and Gorley, 2006). Any ‘unassigned’ OTUs were 

not included in SIMPER analyses. Subsequent one-way analysis of variance (ANOVA) 

was conducted to determine significant differences of the top families contributing to 

dissimilarity as identified by SIMPER. 

 

To determine which physiochemical variables best explained the variation in bacterial and 

archaeal composition, I performed distance based linear model (DistLM) analyses and 

visualised them through Distance-based Redundancy Analysis (dbRDA) plots (Clarke and 

Gorley, 2006). All physiochemical variables were untransformed. Particle size and 

temperature were not included in the DistLM analyses owing to low replication. I also used 

Principal coordinate analysis (PCO) plot combined BEST analysis to better visualise the 

variability in bacterial and archaeal community structure in the low intertidal forest sites. 

All multivariate statistical tests were performed using the software PRIMER-E v6 (Clarke 

and Gorley, 2006). 

 

In order to compare environmental characteristics among sites, a two-way ANOVA (site 

* intertidal position) was performed on each environmental variable. Prior to analysis to 

determine statistical significance OM, OC, TN, OH-Pt, OH-Pi, NO3
-, and NH4

+ were all 

natural log (ln) transformed. Post-hoc tests were performed using Tukey HSD. All 

univariate statistical tests were performed using JMP (10.0.0 SAS Institute Inc.). 
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5.3. Results 

5.3.1 Alpha diversity of A. marina soils  

 

Comparing across sites, there was no clear latitudinal pattern in bacterial and archaeal 

diversity patterns overall. Exmouth had the highest α-diversity (Shannon and PD Whole 

Tree) and number of observed species compared to Shark Bay and Bunbury (all P ≤ 0.010) 

(Fig. 1a, b & c). The α-diversity (Shannon and PD Whole Tree) at Broome, however, was 

similar to other sites along the west Australian coastline (Fig. 5.1a, b & c).  

 

α-diversity (Shannon, PD Whole Tree) and number of observed species were similar 

between intertidal positions at each site. However, Chao1 richness, which increases with 

the likelihood of more undetected OTUs, was higher in the low intertidal forest at Broome 

and Exmouth compared to Shark Bay and Bunbury (all P ≤ 0.014; Fig. 5.1d). In contrast, 

Chao1 richness of soils from the high intertidal scrub was similar across sites (Fig. 5.1d). 

None of the diversity or richness measures correlated strongly with any of the 

physiochemical variables (i.e., all R2 < 0.25). 
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Fig. 5.1. Bacterial and archaeal α-diversity measures of mangrove soil along the west 

Australian coastline. Values are means of low intertidal forest and high intertidal scrub 

combined for a) Shannon diversity, b) Faith’s PD Whole Tree diversity, and c) Observed 

species. Low intertidal forest (Forest) and high intertidal scrub (Scrub) means were 

seperated for  d) Chao1 richness as there was a significant interaction. Bars are means with 

standard errors. 

 

5.3.2 Most abundant phyla in west Australian mangrove soils 

 

The six most abundant phyla (and classes of Proteobacteria) in mangrove soils along the 

west Australian coastline were Bacteroidetes (18.7%), Gammaproteobacteria (18.3%), 

Deltaprotebacteria (13.1%), Alphaproteobacteria (8.6%), Chloroflexi (6.1%), and 

Acidobacteria (4.7%). The relative abundance of Bacteroidetes was highest at Shark Bay, 

followed by Broome and Bunbury, followed by Exmouth (all sig P ≤ 0.021, tratio ≥ 2.44).  
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In the low intertidal forest, Gammaproteobacteria decreased in relative abundance as 

latitude increased; relative abundance was highest in Broome, followed by Exmouth, 

followed by Shark Bay and Bunbury (Fig. 5.2a, all P < 0.007, t ratio= 2.91). Exmouth and 

Bunbury soils also contained relatively more Deltaproteobacteria than found at Broome 

and Shark Bay (all sig P ≤ 0.022, t ratio ≥ 2.43). In the higher intertidal scrub,  

Alphaproteobacteria were relatively more abundant in Shark Bay than at any other site (P 

≤ 0.010, tratio ≥ 2.78, Fig. 5.2b). Chloroflexi (broadly described as filamentous green non-

sulfur bacteria) were also less abundant in Shark Bay scrub soils than at any other site 

located high in the intertidal zone (all P < 0.001, tratio ≥ 4.19, Fig. 5.2b). Over all sites, 

Bacteroidetes were more abundant in the high intertidal scrub than the low intertidal forests 

(P < 0.001, F = 25.6). Conversely, Deltaproteobacteria was 50% higher (P = 0.006, F = 

9.1) and Acidobacteria were more than twice as abundant in the low intertidal forest (P = 

0.028, F = 5.4) than the high intertidal scrub.  
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Fig. 5.2. Mean relative abundance (± standard error) of the six most common phyla (or 

Proteobacterial classes) in mangrove soils at a) low intertidal forest and b) high intertidal 

scrub along the west Australian coastline.  

 

5.3.3 Bacterial and archaeal community structure between sites and 

explanatory environmental variables 

 

Bacterial and archaeal community structure differed between sites, but more so in the high 

intertidal scrub than the low intertidal forest (P interaction = 0.001, Fig. 3). While the scrub 

sites high in the intertidal zone contained bacterial and archaeal community structures that 

were unique to each site, the community within the low intertidal forest sites were more 

statistically similar between sites owing to higher within-site variability. In the low 
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intertidal forest sites, bacterial and archaeal community structure were not significantly 

different between Bunbury and Exmouth, or between Bunbury and Shark Bay, partially 

owing to high within-site variability at those sites (Table 5.1, Fig. 5.4). δ13C of organic 

matter best explained the within-site variability in the low intertidal forest sites (Fig. 5.4). 

Bacterial and archaeal community structure at the low intertidal position in Broome, 

however, was different to all other low intertidal sites, and was instead more structurally 

similar to the higher intertidal position in Broome (Fig. 5.3, Table 5.1).  

 

The families contributing most to differences between the low intertidal position at 

Broome compared to other sites were a greater abundance of aerobic bacterial families 

such as Oceanospirillaceae and Flammeovirgaceae and less abundance of sulfate reducers 

such as Desulfo- families (Supplementary Table 5.1a). Bacterial and archaeal community 

structure in the low intertidal position were also different between Exmouth and Shark Bay 

(Table 5.1). The difference observed between Exmouth and Shark Bay were driven by an 

unknown family in the Chromatiales order, which were higher at Exmouth than at any 

other site, and an unknown family in the Bacteroidales order which were higher at Shark 

Bay than at Exmouth (all P ≤ 0.007, tratio ≥ 3.20, Supplementary Table 5.1a). 
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Table 5.1. Site differences of bacterial and archaeal community composition at the family 

level in A. marina mangrove soils along the west Australian coastline at low and high 

intertidal positions (PERMANOVA results :t-statistic and P (Monte Carlo)). Where * 

indicates significant difference at α = 0.05. 

Site comparison Low intertidal forest High intertidal scrub  

      t  P(MC)      t  P(MC) 

Broome v Exmouth 2.014 0.023* 1.800 0.027* 

Broome v Shark Bay 1.951 0.022* 2.339 0.008* 

Broome v Bunbury 2.056 0.025* 1.722 0.028* 

Exmouth v Shark Bay 1.855 0.037* 3.617 0.001* 

Bunbury v Exmouth 1.452 0.135 2.191 0.004* 

Bunbury v Shark Bay 1.151 0.271 2.829 0.003* 

 

 

Fig. 5.3. MDS (Bray Curtis Similarity) of bacterial and archaeal community structure in 

soils at the family level from low intertidal forest and high intertidal scrub along the west 

Australian coastline.  

 

In the low intertidal forest sites, δ13C and NH4
+ explained 34.4% of the variation of the 

bacterial and archaeal community structure using the AICc stepwise DistLM (Fig. 5.5a). δ 
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13C values of mangrove soils were more enriched at Broome and Shark Bay sites ( -23 ‰) 

compared to Exmouth and Bunbury (-27 ‰; Fig. 5.5a, Table 5.2, P ≤ 0.001). NH4
+ 

concentrations were ~ 5 – 27 times greater in soils from the low intertidal forest at Shark 

Bay compared to any other low intertidal site (Fig. 5.5a, Table 5.2, all P < 0.001). 

 

 

Table 5.2. Physiochemical parameters in the low intertidal forest and high intertidal scrub 

at each site. Letters denote significant differences between sites and intertidal position 

according to Tukeys HSD at α = 0.05. All P ≤ 0.02, all F ≤ 4.88. Where (-) means no data 

as it was below accurate detection. 

Where OM = organic matter, OC = organic carbon, TN = total nitrogen, OH-Pt = OH-extractable 

total phosphorus, OH-Pi = OH-extractable inorganic phosphorus. 

 

 Low intertidal forest High intertidal scrub  

 Broome Exmouth Shark 

Bay 

Bunbury Broome Exmouth Shark 

Bay 

Bunbury 

Water         

Salinity 

(PSU) 

43 bcd 48 b 48 b 44 bc 42 cd 59 a 44 bcd 39 d 

Temp (oC) 24 21 18 22 24 23 18 22 

Soil         

pH 7.96 bc 7.58 cd 7.92 bc 6.19 e 8.2 b 7.82 bc 9.27 a 7.14 d 

OM (%) 3.9 c 8.3 ab 16.5 a 4.3 c 4.3 c 6.5 bc 0.3 e 1.1 d 

OC (%) 5.3 bc 4.3 bc 12.1 ab 23.6 a 6.8 b 2.3 c 0.1 d 3.3 bc 

TN (%) 0.08 de 0.16 cd 0.72 b 1.6 a 0.05 e 0.08 de 0.003 f 0.22 c 

OH-Pt 

(ug g-1) 

10.3 bc 13.7 b 59.1 a 80.3 a 6.1 c 6.8 bc 2.6 d 44.5 a 

OH-Pi 

(ug g-1) 

2.3 de 3.3 cd 7.9 c 52.4 a 1.4 e 2.0 de 0.4 f 18.6 b 

δ13C -23.31 a -26.66 b -23.45 a -26.98 b -24.34 ab -25.27 ab -26.35 ab -23.44 a 

δ15N 4.69 ab 1.86 c 2.08 c 2.15 c 5.24 a 2.44 c - 3.75 b 

NO3
- 

(mg kg-1) 

0.36 c 0.47 c 55.03 a 1.47 bc 0.32 c 0.2 c 4.83 b 1.12 bc 

NH4
+ 

(mg kg-1) 

8.71 c 11.46 c 240.4 a 50.36 b 7.6 c 1.95 d 23.42 bc 7.44 c 

Co:N 69 b 28 c 16 c 15 c 130 a 29 c 35 c 17 c 

Carbonate

s (%) 

4.0 a 2.1 bc 0.6 cd 0.0 d 2.7 ab 3.3 ab 0.1 d 0.0 d 

Sand (%) 44 61 89 30 27 65 99 61 

Silt (%) 26 33 2 47 38 12 1 24 

Clay (%) 30 7 9 23 35 24 0 15 
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Each site had a unique bacterial and archaeal community structure at the higher intertidal 

position (Table 5.1, Fig. 5.3). The Broome site differed from other sites primarily owing 

to lower abundance of the ‘distinctive’ families compared to other sites. For example, soils 

from the high intertidal position at Exmouth had greater abundance of Desulfobulbaceae 

as well as an unknown family in the order Chromatiales compared to all other sites (all P 

≤ 0.023, tratio  ≥ 2.55, Supplementary Table 5.1b). The high intertidal position at Shark Bay 

also had a higher abundance of Flavobacteriaceae and Rhodobacteraceae (all P < 0.001, 

tratio ≥ 6.73, Supplementary Table 5.1b). By contrast, the bacterial and archaeal community 

structure at the higher intertidal position in Bunbury was primarily differentiated from the 

other sites by greater abundance of the candiate phyla Balneolaceae and 

Acidaminobacteraceae, as well as more abundant A4b (a bacterial family part of 

Chloroflexi) (all P ≤ 0.029, tratio ≥ 2.43, Supplementary Table 5.1b).  

 

In soils from the higher intertidal scrub, NH4
+, salinity and C:N explained 53.6% of the 

variation among sites in bacterial and archaeal community structure (Fig. 5.5b). NH4
+ 

concentrations at Shark Bay site were an order of magnitude higher than any other site (all 

P ≤ 0.008, Fig. 5.5b, Table 5.2). Salinity, which was highest at the high intertidal position 

in Exmouth (all P < 0.001, Table 5.2), and C:N, which was highest at Broome (all P < 

0.001, Table 5.2), explained 12-14% of the variation differentiating Exmouth and Broome 

from Shark Bay and Bunbury (Fig. 5.5b). 
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Fig. 5.4. PCO plot of bacterial and archaeal community structure in low intertidal forest 

mangrove soils along the west Australian coastline. Where vectors are the four BEST 

variables, NH4
+ is mg/kg soil, δ13C is of organic carbon, OC is organic carbon, and salinity 

is in PSU. 

 

 

Fig. 5.5. dbRDA plots of DistLM (AICc stepwise, Bray Curtis Similarity) of bacterial and 

archaeal community structure in mangrove soils at (a) low intertidal forest and (b) high 

intertidal scrub along the west Australian coastline. Where NH4
+ is mg/kg soil, δ13C is 

organic carbon, C:N is organic C: total nitrogen, and salinity is PSU.  



 124 

5.4. Discussion 

 

Bacterial and archaeal α-diversity did not consistently decrease with increasing latitude, 

thereby partially rejecting my first hypothesis that bacterial and archaeal diversity would 

decrease with increasing latitude in the low intertidal zone. The most arid site, Exmouth, 

had the highest α-diversity (Shannon and PD Whole Tree) measured in this study. Other 

studies of terrestrial ecosystems have found that microbial α-diversity either increases with 

aridity in grasslands (Wang et al., 2015) or decreases with aridity in global drylands 

(Maestre et al., 2015). However, mangroves growing in arid environments are often more 

productive than the surrounding terrestrial vegetation, owing to marine inputs of organic 

matter and nutrients, as well as the occurrence of groundwater seepage (Lovelock et al., 

2011; Semeniuk, 1983). The greater diversity at Exmouth may instead reflect a highly 

variable local environment, where more productive warmer marine waters influence the 

low intertidal position, while a landward microbial mat adapted to drier and more saline 

conditions occurs at higher intertidal positions. Additional factors such as proximity to 

diverse coral reef habitats at Exmouth (Ningaloo Reef) may also contribute to greater 

microbial diversity. Like most terrestrial environments, microbial diversity in mangrove 

forests is a result of intrinsic characteristics of the underlying environment, but it is also 

determined by the diversity in surrounding ecosystems. Although bacterial and archaeal 

diversity at these sites are among the highest recorded in relatively unpolluted mangroves 

(Fernandes et al., 2014; Mendes et al., 2012), studies using metagenomics techniques 

would provide a more complete assessment of the potential total diversity. 

 

As expected, Proteobacteria were the most dominant bacterial phylum.  

Gammaproteobacteria decreased in abundance from the lower and warmer latitudes 
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(Broome) to the higher latitude site at Bunbury. This pattern is consistent with the 

dominance of Gammaproteobacteria observed at higher productivity tropical sites (e.g. dos 

Santos et al., 2011; Liang et al., 2007). However, intriguingly, I found the Bacteroidetes 

were even more abundant than Gammaproteobacteria overall.  

 

In studies of the metagenomics of mangrove soils to date, which have focused primarily 

on highly productive tropical sites, Bacteroidetes have not been identified among the three 

dominant phyla (Basak et al., 2015; Dias et al., 2010; dos Santos et al., 2011; Ghosh et al., 

2010; Liang et al., 2007). In contrast, I found that Bacteroidetes was the second most 

abundant phylum in the well-draining sandy soils of Shark Bay, and was especially 

abundant in the high intertidal scrub. Shark Bay and  the higher intertidal positions are  

either less frequently inundated and/or less reduced/more oxic than soils in the low 

intertidal zone and at other sites (Chapter 2). Interestingly, Bacteroidetes specialise in 

degradation of complex OM (Church, 2008) and are thought to initiate mineralisation of 

high molecular-weight OM (Kirchman, 2002). Bacteroidetes were also found predominate 

in the rhizosphere of Avicennia marina in the Red Sea (Alzubaidy et al., 2016) and in 

coastal marine waters (Crespo et al., 2013). Bacteroidetes are also a key component in 

determining C fluxes in oceans (Nagata, 2008). The dominance of Bacteroidetes at my 

study sites contrasts to the majority of mangrove literature and indicate that the soils could 

have an abundance of complex C that can be readily mineralised. This observation is also 

consistent with greater activity of mangrove soil microbes in response to gallic acid as 

opposed to glucose (Chapter 3) and with the high dissolved C fluxes observed from A. 

marina mangrove systems described in Chapter 4 and elsewhere (Maher et al., 2013; Tait 

et al., 2016).  
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As expected, Deltaproteobacteria were also one of the most abundant classes  in mangrove 

soils along the west Australian coastline. However, Deltaproteobacteria were more 

abundant at sites that were inundated by tides for longer periods, such as the lower 

intertidal positions or Bunbury, or close to cyanobacterial covered saltflats as in the case 

of Exmouth (see Supplementary Fig. 2.1, Chapter 2). The most common order within 

Deltaproteobacteria were the Desulfobacterales, which is composed exclusively of 

(anaerobic) sulphate-reducing bacteria (Taketani et al., 2010); anaerobic conditions, of 

course, are more likely under frequent tidal inundation. However, Desulfobacterales also 

contain hydrogenotrophs, which use H2 produced in cyanobacterial mats (Burow et al., 

2014). Runoff from the cyanobacterial mat adjacent to the landward edge in Exmouth may 

be promoting growth not only of Desulfobacterales in this site, but also contributed to the 

relatively high abundance of Chloroflexi (Nübel et al., 2001). Chloroflexi are coupled to 

sulfate reducing bacteria and cyanobacteria in the consumption of fermentation products 

in microbial mats (Lee et al., 2014). The dominance of Desulfobacterales in low intertidal 

soils suggests appropriate conditions for sulfate reduction, but in high intertidal soils may 

indicate consumption of fermentation products from cyanobacterial mats, which in turn 

may also be supporting the abundance of Chloroflexi.  

 

The soils from my study sites had a distinct lack of Betaproteobacteria (<1%). 

Betaproteobacteria are often dominant in contaminated mangrove sediments (e.g. Gomes 

et al., 2008; Peixoto et al., 2011; Varon-Lopez et al., 2014) or in estuaries, as they tend to 

favour brackish conditions (Bouvier and del Giorgio, 2002). The lack of 

Betaproteobacteria in the west Australian mangrove soils are likely a result of these sites 

being contained within extremely saline inverse estuaries with little freshwater presence 

combined with relatively unpolluted surroundings. Instead, the sites along the west 
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Australian coast contained relatively more Acidobacteria than has been described for 

disturbed or polluted mangrove soils (e.g. dos Santos et al., 2011; Liang et al., 2007). The 

abundance of this group  are further evidence of the relatively pristine state of the west 

Australian coastal mangroves; Acidobacteria clone numbers have been observed to 

decrease with soil contamination (George et al., 2009). Acidobacteria are also K-strategists 

and thought to be more abundant in oligotrophic environments with low C, which are also 

characteritiscs of the west Australian sites (Fierer et al., 2007). Acidobacteria were most 

abundant in the low intertidal forest at each site, likely owing to the OM build up from the 

more productive fringing trees that in turn lower soil pH (Jones et al., 2009). Overall, the 

dominance of Acidobacteria over Betaproteobacteria are indicative of the relatively 

unpolluted nature of the west Australian mangrove forests.  

 

Bacterial and archaeal community structure differed among all of the high intertidal scrub 

sites but not all of the low intertidal forests, thus partially supporting the hypothesis that 

bacterial and archaeal diversity community structure would be more similar between the 

low than the high intertidal sites. The community structure of the low intertidal forest sites 

were more similar to each other than the high intertidal scrub forest sites owing to greater 

within-site variation in community structure in three of the low intertidal sites (Exmouth, 

Shark Bay and Bunbury). The larger within-site variation in Exmouth, Shark Bay and 

Bunbury was largely attributed to variation in δ13C of soil organic carbon, indicating that 

sources of OM are important in driving bacterial and archaeal community structure. 

Different sources of OM have different δ13C signatures, which range from leaf litter values 

(-28‰; Chapter 4) to root (-25 ‰; Chapter 4) or marine source values (typical seagrass -

12 ‰; algae -20 ‰, e.g. Fry, 1984). The few samples that contained δ13C signatures similar 

to leaf litter often had vastly different bacterial and archaeal communities to those that had 
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δ13C signatures closer to roots or macroalgae (see Fig. 5.4). Large spatial heterogeneity in 

bacterial distribution has been previously noted in productive mangrove soils, and 

attributed to variation in nutrient concentrations in the soils (Gonzalez-Acosta et al., 2006). 

The distribution of leaves on the sediment surface and thus the level of outwelling (Adame 

and Lovelock, 2010; Twilley, 1985), may also play an important role in shaping bacterial 

and archaeal communities in the low intertidal forests in three of the four sites. 

 

Broome was the only low intertidal fringe site that did not exhibit large spatial 

heterogeneity in bacterial and archaeal community structure and instead appeared more 

similar to the higher intertidal scrub site. At Broome, I observed almost no leaves on the 

soil surface compared to the other sites (however leaf litter was not quantified). In addition, 

the less negative δ13C values (around -23 ‰) were more indicative of roots or algae inputs 

(Fry, 1984; Saintilan et al., 2013). Variation in δ13C values explained much of the variation 

in community structure at the low intertidal position at Broome compared to the other sites. 

At the high intertidal position in Broome, however, the difference in community structure 

compared to other sites was primarily explained by extremely high soil C:N ratios, which 

were over 100. C:N ratios over 100 are perhaps a result of the feeding behaviour of dense 

populations of fiddler crabs, which target N-rich microphytobenthos and bacteria on the 

soil surface (Botto et al., 2005; Bouillon et al., 2002). Fiddler crabs (Uca flammula) were 

observed in particularly high numbers at the Broome site (Supplementary Fig. 5.2). Fiddler 

crabs also consume leaf detritus, which they were observed pulling leaves into their 

burrows (Supplementary Fig. 5.3, France, 1998). Both of these feeding activities serve to 

reduce the N content from the soil surface (Ribeiro and Iribarne, 2011). The burrowing 

activities of the crabs also alter the quality of OM on the surface by replacing surface-

derived material with less reactive partly degraded material from depth in the soil during 

burrowing activities (Gutiérrez et al., 2006; Katz, 1980). Because the Broome site is only 
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inundated on spring tides, this may allow OM to become highly degraded and recycled 

between tidal flushing. The dominant microbial taxa in Broome are known to be well 

adapted to aerated, low OM and low nutrient marine environments, and include marine 

aerobic heterotrophs such as Oceanospirlliaceae and Flammeovirgaceae in the 

Gammaproteobacteria phyla. I speculate here that crabs and their feeding and burrowing 

behaviours likely play an important intermediary role in determining the structure of the 

bacterial and archaeal community in the surface soils of the rarely inundated Broome site.  

However, further studies, such as field manipulation with crab exclusion areas, are needed 

in order to determine the role of crabs on the soil microbial community. 

 

The unique bacterial and archaeal community at Exmouth, particularly in the high 

intertidal scrub, was primarily driven by hypersalinity (see Fig. 5.5). Desulfobulbaceae and 

an unknown family in Chromatiales order contributed most to differentiating the 

community at Exmouth from other sites in both intertidal positions. Desulfobulbaceae and 

Chromatiales are both associated with anaerobic conditions and microbial mats such as the 

cyanobacterial mat adjacent to the scrub at Exmouth (Severin et al., 2012). Studies 

assessing impact of oil contamination on mangrove bacterial and archaeal populations have 

also found that the relative abundance of Chromatiales declines with oil contamination 

(dos Santos et al., 2011). Therefore the high relative abundance of Chromatiales at the 

Exmouth site may be considered a further indicator of the current unpolluted nature of the 

soils. The adjacent extensive cyanobacterial mats at Exmouth also appear to influence the 

bacterial and archaeal community compared to other sites. 

 

Shark Bay had the most unique bacterial and archaeal community structure, primarily 

associated with the higher NH4
+ concentrations than the other sites, especially Broome and 

Exmouth. At the Shark Bay site, hundreds of seabirds (pied cormorant, Phalacrocorax 
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varius) were observed sitting on a sandbar, which extends approximately 100 m out from 

the mangroves into the ocean and is exposed on low tides (Supplementary Fig. 5.3).  

Seabirds likely contribute to the elevated NH4
+ in the soil via their urea-rich guano, which 

could easily be washed into the mangroves along with feathers (Supplementary Fig. 5.4). 

Seabirds have previously been shown to contribute significant nutrient-subsidies to 

mangrove islands (Adame et al., 2015). The importance of nutrients in driving bacterial 

and archaeal community composition has been found in other, more productive, mangrove 

forests (e.g. Gonzalez-Acosta et al., 2006). An unknown family in the order Bacteroidales 

was more abundant at the low intertidal position in Shark Bay. In other studies, the 

Bacteroidales have been found to be associated with mangrove rhizospheres (Wu et al., 

2016);  their abundance is consistent with the occurrence of a very dense root mat at the 

low intertidal soil in Shark Bay, which may be accessing surface-derived nutrients washed 

in from nearby birds (Supplementary Fig. 5.5). The importance of bird guano to these 

mangrove ecosystems could be determined via carbon and nitrogen stable isotope 

signatures (δ13C, δ15N). High NH4
+ concentrations, likely derived from seabirds, are 

associated with the unique bacterial and archaeal composition observed in Shark Bay.  

 

The high intertidal position in Bunbury also had a unique bacterial and archaeal community 

structure, which was primarily associated with lower C:N ratios and salinity. The A4b 

family in the SBR1031 order of the Chloroflexi phylum was particularly abundant at the 

Bunbury site. The Chloroflexi, including SBR1031, have been linked to important nutrient 

cycling processes in high nutrient environments such as in wastewater sludge (Björnsson 

et al., 2017). Also of note is the greater abundance of the candidate family 

Acidaminobacteraceae at Bunbury compared to other sites; this group is known to increase 

with oil contamination (Koo et al. 2015). While relatively pristine, the mangroves site at 
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Bunbury are nevertheless close to a regional urban centre, within 500 m of roads and 

adjacent to a harbour from which hydrocarbons runoff as well as receiving nutrient runoff 

from agriculture in the watershed (McKenna, 2007). The greater abundance of 

Acidaminobacteraceae at Bunbury might thus be a useful and sensitive indicator of 

changing environmental conditions and pollution. 

 

5.5. Conclusion 

 

Overall, these results suggest bacterial and archaeal α-diversity in mangrove soils along 

the west Australian coast do not follow terrestrial or marine patterns with latitude, but 

nevertheless reflect conditions associated with aridity as well as organic matter inputs and 

nutrient availability. In particular, the dominance of Bacteroidetes found in this study 

contrasts to the majority of mangrove literature. The strength of outwelling, which 

influences the distribution of leaves on the sediment surface, may also play an important 

role in shaping bacterial and archaeal communities in the low intertidal forests. At tropical 

sites such as Broome, crabs may play a key role in shaping microbial communities by first 

consuming leaf detritus. I speculate here that the crabs thus overlay their own signature on 

the microbial community. These results highlight the importance of local factors in 

influencing soil microbial communities and indicate they may be powerful indicators of 

change in environmental, biotic and human activities. 
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5.6 Supplementary  

 

Supplementary Table 5.1. Top five families in mangrove soil contributing most to 

dissimilarity (Simper test) between sites within the low intertidal forest (a) and high 

intertidal scrub forest (b). 

a) Low intertidal forest 

          

Av.Abund 

           

Av.Abun

d Av.Diss Diss/SD 

Contrib

% 

Average dissimilarity = 43.26 Broome Exmouth    

Desulfobulbaceae 0.01 0.05 1.86 4.12 4.31 

Oceanospirillaceae 0.04 0 1.8 1.15 4.17 

Chromatiales;f__ 0.04 0.08 1.7 1.82 3.92 

Koribacteraceae 0 0.03 1.68 0.78 3.88 

Flammeovirgaceae 0.06 0.03 1.57 1.74 3.62 

Average dissimilarity = 55.74 Broome Shark Bay   

Bacteroidales;f__ 0.01 0.08 3.19 1.76 5.72 

Oceanospirillaceae 0.04 0 2.03 1.29 3.65 

Koribacteraceae 0 0.04 1.79 0.56 3.21 

Chromatiales;f__ 0.04 0.01 1.57 2.87 2.81 

Desulfobacteraceae 0.04 0.05 1.45 1.29 2.61 

Average dissimilarity = 58.38 Broome Bunbury    

Koribacteraceae 0 0.06 3.06 0.94 5.25 

Desulfobacteraceae 0.04 0.08 2.63 0.89 4.5 

Oceanospirillaceae 0.04 0 2.03 1.29 3.48 

Bacteroidales;f__ 0.01 0.04 1.57 0.81 2.68 

Flammeovirgaceae 0.06 0.03 1.51 1.58 2.59 

Average dissimilarity = 56.95 Exmouth Shark Bay   

Chromatiales;f__ 0.08 0.01 3.23 3.56 5.67 

Bacteroidales;f__ 0.01 0.08 3.2 1.79 5.61 

Koribacteraceae 0.03 0.04 2.63 0.96 4.61 

Chromatiaceae 0 0.03 1.46 2.27 2.57 

Desulfobacteraceae 0.03 0.05 1.45 1.29 2.55 

Average dissimilarity = 51.49 Exmouth Bunbury    

Koribacteraceae 0.03 0.06 3.06 1.14 5.95 

Chromatiales;f__ 0.08 0.01 3.05 3.17 5.92 

Desulfobacteraceae 0.03 0.08 2.64 0.89 5.13 

Desulfobulbaceae 0.05 0.01 1.94 3.7 3.77 

Bacteroidales;f__ 0.01 0.04 1.53 0.79 2.97 

Average dissimilarity = 54.86 Shark Bay Bunbury    

Koribacteraceae 0.04 0.06 3.33 1.01 6.07 

Bacteroidales;f__ 0.08 0.04 2.76 1.59 5.04 

Desulfobacteraceae 0.05 0.08 2.76 1.09 5.02 

[Chthoniobacteraceae] 0.01 0.03 1.44 1.03 2.62 

Flammeovirgaceae 0.05 0.03 1.24 1.12 2.26 
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b) High intertidal scrub 

forest 

         

Av.Abund 

          

Av.Abund Av.Diss Diss/SD Contrib% 

Average dissimilarity = 40.38 Broome Exmouth    

Flammeovirgaceae 0.07 0.04 1.54 1.57 3.82 

Chromatiales;f__ 0.02 0.04 1.24 2.21 3.06 

Piscirickettsiaceae 0.02 0.04 1.21 1.76 2.99 

Desulfobulbaceae 0.02 0.04 1.19 1.53 2.94 

Flavobacteriaceae 0.04 0.01 1.17 1.2 2.9 

Average dissimilarity = 51.15 Broome Shark Bay   

Flavobacteriaceae 0.04 0.13 4.85 3.84 9.48 

Rhodobacteraceae 0.02 0.07 2.67 2.53 5.21 

Saprospiraceae 0.03 0.07 1.8 2.77 3.51 

[Balneolaceae] 0.03 0 1.34 2.14 2.62 

Flammeovirgaceae 0.07 0.05 1.27 1.37 2.48 

Average dissimilarity = 43.16 Broome Bunbury    

[Acidaminobacteraceae] 0 0.04 2.05 0.67 4.75 

[Balneolaceae] 0.03 0.06 1.53 1.63 3.54 

A4b 0.01 0.04 1.49 0.95 3.45 

Acidimicrobiales;f__ 0.03 0 1.48 1.96 3.44 

Flammeovirgaceae 0.07 0.05 1.38 1.38 3.19 

Average dissimilarity = 53.47 Exmouth Shark Bay   

Flavobacteriaceae 0.01 0.13 5.99 7.19 11.2 

Rhodobacteraceae 0.01 0.07 3.07 2.96 5.75 

Chromatiales;f__ 0.04 0.01 1.93 2.65 3.61 

Desulfobulbaceae 0.04 0 1.88 2.62 3.52 

Saprospiraceae 0.04 0.07 1.59 2.87 2.97 

Average dissimilarity = 41.34 Exmouth Bunbury    

[Balneolaceae] 0.01 0.06 2.62 3.06 6.35 

[Acidaminobacteraceae] 0 0.04 2.06 0.67 4.99 

A4b 0.01 0.04 1.44 0.93 3.49 

Chromatiales;f__ 0.04 0.02 1.2 2.19 2.91 

Phormidiaceae 0 0.02 1.19 0.61 2.88 

Average dissimilarity = 51.89 Shark Bay Bunbury    

Flavobacteriaceae 0.13 0.02 5.72 6.45 11.03 

[Balneolaceae] 0 0.06 2.8 3.28 5.4 

Rhodobacteraceae 0.07 0.02 2.49 2.38 4.79 

[Acidaminobacteraceae] 0 0.04 2.1 0.67 4.04 

A4b 0 0.04 1.74 1.1 3.36 
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Supplementary Fig 5.1. Rarefaction curves for number of observed bacterial and archaeal 

species from soil beneath A. marina trees at the high and low intertidal position at Broome, 

Exmouth, Shark Bay and Bunbury along the west Australian coast. Lines are averages. 

 

 

Supplementary Fig. 5.2. Fiddler crabs (Uca flammula) at the high intertidal scrub at 

Roebuck Bay, Broome, Western Australia.  
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Supplementary Fig. 5.3. A. marina leaves inside fiddler crab (Uca flammula) burrow at 

Roebuck Bay, Broome, Western Australia. 

 

 

Supplementary Fig. 5.3. Hundreds of seabirds (Pied Cormorants) sitting on a sandbar that 

extends out from the mangrove forest (to the left not in the frame) at Gueshenalt Point, 

Shark Bay, Western Australia.  
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Supplementary Fig. 5.4. Feathers washed in to mangrove stand from nearby seabirds at 

Gueshenalt Point, Shark Bay, Western Australia. 

 

 

Supplementary Fig. 5.5. Dense pneumatophores of Avicennia marina at the low intertidal 

forest at Gueshenalt Point, Shark Bay, Western Australia.  
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CHAPTER SIX: General discussion: importance of tidal 

inundation and climate on microbial organic carbon cycling 

in mangrove soils along the west Australian coast  

 

The findings of this thesis highlight the close coupling of microbial functioning with 

constraints on primary productivity in mangrove ecosystems,  particularly in lower 

productivity environments. My findings demonstrate the importance of tidal inundation 

and nutrient delivery, as well as aridity in determining organic matter (OM) quality and 

quantity in mangrove soils, and its subsequent mineralisation. In addition, this research 

suggests that a decline in cyclone frequency coupled with increased intensity predicted 

under future climate for the northwest coast of Australia (Emanuel, 2005; Knutson et al., 

2010; Walsh et al., 2016) may intensify nutrient limitations in already oligotrophic 

mangroves across the region. More generally, this research demonstrates the importance 

of considering how local environmental factors may be more or less important in 

influencing the functioning of mangrove ecosystems across multiple scales, which has 

implications for the ways that estimated carbon storage potential, for example, of 

mangrove ecosystems can be scaled up. 

 

The principal objectives of this research were to: (i) identify nutrient and carbon source 

limitations to microbial OM cycling under arid conditions; (ii) investigate the effects and 

relative importance of aridity and intertidal position on dissolved inorganic carbon (DIC) 

production and microbial community structure in mangrove soils; and (iii) to consider how 

microbial cycling of OM in arid mangrove soils may be influenced by changing climatic 

or environmental conditions. Overall, my results show microbial OC cycling in mangrove 

forests were strongly influenced by primary productivity, and indirectly influenced by 
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physical factors (such as the effects of variation in tidal inundation, nutrient enrichment 

and climate) via direct and indirect impacts on organic matter production (Fig. 6.1). Tidal 

inundation was particularly important in determining C cycling in this study compared to 

most studies to date, owing to the extremely low levels of freshwater or riverine inputs 

along the west Australian coastline. Productivity and overall C cycling was primarily 

stimulated by nutrient additions, which are derived from a range of sources. For instance, 

tropical cyclones and seabirds may deliver nutrients to more northern sites, while detritus 

and microphytobenthos feeding crabs at warmer sites increase OM turnover. Here, I 

discuss how mangrove productivity, tidal inundation, and nutrient delivery influence 

microbial functioning in arid and subtropical ecosystems. I also consider how predicted 

changes in climate (such as increased temperature, decreased or more episodic rainfall and 

decreased cyclone activity) may affect mangrove ecosystem functioning, with particular 

focus on the eastern Indian Ocean. I also seek to place my overall findings within the 

context of mangrove ecosystems globally. 
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Fig. 6.1. Proposed major drivers of decomposition along the west Australian coastline. 

Thick blue lines indicate the major mechanisms I suggest drive microbial activity and 

metabolism/decomposition of organic matter along the west Australian coast. The narrow 

blue line indicates a mechanism that is of less importance in the long term.  

 

6.1. The importance of tidal inundation in determining microbial C 

cycling in mangrove soils and porewater  

 

Tidal inundation frequency and duration, determined by tidal range and elevation, was one 

of the most important factors in determining microbial C cycling at my study sites. Tidal 

inundation acted to dilute hypersaline porewater, increase levels of waterlogging and 

anoxia, and deliver nutrients to the mangrove forests. As tidal range increases, so too do C 

and nutrient exchange with tidal creeks and coastal ocean (Alongi, 2014; Dittmar and Lara, 

2001). My results show that tidal inundation has direct effects on C concentrations in 
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mangrove porewaters (Chapter 4), but more likely indirect effects on C dynamics in the 

soil surface via the effects of tidal inundation on microbial communities and their activity 

(Chapters 2 and 5).  

 

The findings of this research suggest that the structure and functioning of microbial 

communities reflect changes in organic matter quality and quantity, resulting in turn from 

changes in vegetation to high salinity levels. Vegetation can change abruptly over the 

intertidal zone, often according to threshold tolerances to salinity and waterlogging (Clarke 

and Hannon, 1970). For instance, A. marina mangrove trees are one of the most salt-

tolerant mangrove species, tolerating salinities of up to 90 ppt along the west Australian 

coast (Semeniuk, 1983), although may appear smaller and scrub-like near the limits of their 

tolerance (Naidoo, 2006). Above 90 ppt, cyanobacterial mats form on bare salt flats and 

are common on the landward margin of mangrove forests in the tropical arid coast 

(Lovelock et al., 2010). Microbial community composition, however, are less obviously 

delineated by salinity, and are instead arranged according to a continuum of salinity 

tolerances (Oren, 2008; Chapter 5). The reason why microbial community structure was 

so unique in the high intertidal scrub at Exmouth was more likely due to N and metabolites 

washed in from the adjoining cyanobacterial mat (see Supplementary Fig. 2.1) rather than 

the hypersaline conditions (Chapter 5). Therefore any changes in vegetation associated 

with salinity likely mask direct microbial community responses to salinity. I suggest that 

salinity indirectly impacts microbial communities in arid mangrove soils via vegetation. 

However, in the future field manipulation studies are required to separate the direct effects 

of salinity on the microbial community versus the indirect effects of salinity via the 

dominant vegetation.  
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Tidal supply of nutrients to sustain greater productivity in the low intertidal forest appears 

to play a major role in shaping microbial C cycling along the arid and oligotrophic west 

Australian coastline. Soil C and nutrient contents (i.e., OM quantity) were major 

determinants of microbial biomass (Chapter 2) and microbial community structure 

(Chapter 5). Soil OM, based on δ13C signatures and fluorescence characteristics (Chapter 

4) was primarily derived from mangrove inputs of leaves and especially roots. Dead fine 

roots were found to be particularly abundant (approx. 16 – 28 kg m-2) in a low to mid 

intertidal tropical Australian Rhizophora forest (Robertson and Alongi, 2016). In arid 

oligotrophic coastlines, mangrove tree growth on the coastal fringes relies upon tidal inputs 

of nutrients (Alongi et al., 2003; Lovelock et al., 2011). Trees were consistently taller and 

denser at low intertidal sites fringing the waters edge. One indication that trees were 

accessing tidally derived nutrients was the proliferation of fine roots growing near the soil 

surface (in the top 5 cm) in the low intertidal forest at all of the sites I sampled. Similarly, 

fine roots have previously been found to proliferate in nutrient-rich microsites in otherwise 

low nutrient environments (McKee, 2001). Fine root accumulation in Caribbean island 

mangrove forests have been shown to increase from approximately 40 g m-2 yr-1 to 340 g 

m-2 yr-1 in response to P delivery in the high intertidal scrub (McKee et al., 2007). 

Therefore, fine root abundance may indicate nutrient microsites in oligotrophic 

environments, which stimulates tree productivity; both of these processes help to shape 

microbial dynamics in mangrove soils. 
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6.2. Cyclones as agents of nutrient delivery to oligotrophic 

mangrove ecosystems 

 

Tropical systems may receive infrequent nutrient pulses via storms such as cyclones or 

hurricanes. This is one mode by which mangrove forests along oligotrophic tropical 

coastlines may sustain their productivity (Castañeda-Moya et al., 2010; Lovelock et al., 

2011). As described in Chapter 2, Cyclone Heidi (Jan 2012) stimulated productivity in the 

Exmouth Gulf waters, delivering marine nutrients via tidal waters to the mangrove forest 

(Fig. 6.2). My study indicated that even quite small increases in nutrient levels can 

stimulate tree growth as well as microbial biomass; this was evident even ~ six months 

after the cyclone passed through (Chapter 2; Fig. 6.2). The destructive nature of cyclones 

and hurricanes to mangrove forests have been extensively documented in the literature 

(e.g. Cahoon et al., 2003; Paling et al., 2008). However, there is a paucity of research on 

the non-destructive effect of cyclones, such as those that cross the coast adjacent to 

mangrove forests and enhance nutrient delivery. For instance, cyclonic flooding in 

Australia causes rivers to discharge higher nutrient loads into the ocean (Mitchell et al., 

1997). Therefore, it could be useful in future to trace the fate of nutrients from these 

flooding events to document the secondary cyclone effects on ecosystem functioning in 

coastal systems, particularly microbial OM cycling and potential decomposition of old or 

stored C. 
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Fig. 6.2. Schematic of the role of microbes in nutrient cycling at the Exmouth Gulf. +N 

(nitrogen additions) combined with delivery of diazotrophs during storm events stimulates 

microbial activity months later via enhanced tree growth. Whereby +P (phosphorus 

addition) only stimulated microbial respiration in the short-term but was inaccessible in 

the long term. 

6.3. Locally important mechanisms of nutrient subsidies to 

stimulate mangroves 

 

Some mangrove systems may receive daily nutrient inputs in a very localised and 

consistent manner, resulting in more sustained higher nutrient contents, which in turn 

enhance the microbial processing of OM. For instance, some mangrove forests, such as at 

Shark Bay (Chapter 5) are closely associated with seabird colonies (Phalacrocorax varius) 

where nutrients are washed onto the soil surface in the form of guano (Adame et al., 2015). 

The relatively high ammonium levels in the soils at Shark Bay served to significantly alter 

the microbial community structure compared to sites without guano inputs (Chapter 5). 

Nutrients may also be consistently delivered to subsurface zones at other sites via 

groundwater seepage, as was the case here at Bunbury (Semeniuk et al., 2000a). Constant 

nutrient delivery by groundwater seepage to the root zone in Bunbury may have promoted 

Diazotrophs/ N2 fixers
+N

+P
hours

months

hours

days
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greater investment in leaves rather than roots (Tilman, 1991). Greater N availability in the 

groundwater may have directly or indirectly reduced foliar C:N ratios and resorption 

efficiency before senescence (Lovelock et al., 2011, 2007). Consequently, the low C:N 

ratio of OM altered the microbial community structure compared to sites with no consistent 

groundwater source. Perhaps mangroves growing along the arid coastlines which are able 

to access groundwater (e.g. Santini et al., 2015) also access the higher nutrient contents 

often associated with groundwater (Johannes and Hearn, 1985; Slomp and Van Cappellen, 

2004).  

 

Other mangrove systems may receive nutrient inputs at regular intervals, but interspersed 

over days or weeks, such as the macrotidal areas along much of Australia’s north 

(Robertson and Daniel, 1989). For example, the mangroves at the Broome study site 

experienced tidal maxima of 10 m, and were only inundated during spring tides. Perhaps 

owing to the infrequent nature of nutrient delivery, the ecosystem developed tight nutrient-

recycling mechanisms. Leaves were almost entirely absent from the soil surface in 

Broome, due to removal via strong outwelling and the rest are taken into burrows of fiddler 

crabs. Faecal material from crabs can potentially be of higher nutritional content than the 

leaves and have lower tannin content, thereby promoting microbial decomposition of 

detritus (Robertson 1986).  Crabs are abundant in tropical mangrove forests, and consume 

approximately 30 % of the annual litterfall in a tropical Avicennia marina forest in 

northeastern Australia, with microbes decomposing another 30% (Robertson and Daniel, 

1989). What is unique about the Broome site is that the crab species is not a well-known 

consumer of leaf detritus. This tight recycling of nutrients between crabs and the microbial 

community likely contributed to the maintenance of productivity, especially in the 

macrotidal environment, which was not often inundated.  
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6.4. The importance of roots in mangrove carbon cycles 

 

Chapter 4 highlighted the potentially important role of mangrove root C in fuelling DIC 

production via the activity of microbes and thus carbon exchange to marine ecosystems. 

There are a number of reasons why roots would be a more abundant food source for 

microorganisms in arid mangrove ecosystems than other potential sources, many of which 

can be accounted for by the dominant mangrove species. Firstly, A. marina trees along the 

arid west Australian coast often invest more C and nutrients belowground in roots than in 

aboveground components as compared to Rhizophora stylosa (Alongi et al., 2000a). In A. 

marina, up to 4 times the aboveground biomass is stored in belowground roots, most of 

which are dead, compared to approximately 1:1 aboveground to belowground biomass in 

R. stylosa (Alongi et al., 2000a). Similarly, Avicennia and other species such as 

Laguncularia root to shoot biomass increases with salinity (e.g. from less than 1 to over 4, 

Saintilan, 1997), but Rhizophora do not (Pezeshki and Delaune, 1989). Therefore, roots 

are particularly abundant in A. marina forests in saline arid conditions such as along much 

of the west Australian coast. Secondly, A. marina efficiently translocate oxygen to their 

roots, thus maintaining aerobic decomposition deep into the soil (Alongi et al., 2000a; 

Kristensen and Alongi, 2006). This means that decomposition of OC to inorganic C would 

likely occur faster than if under anaerobic conditions that are common in mangrove forests 

dominated by other species (Alongi et al., 2000a; Kristensen et al., 1995). Thirdly, A. 

marina roots decompose more quickly than other mangrove species (Alongi, 2009) such 

that they are more likely to be incorporated into the microbial biomass.  Overall, fine roots 

are likely to provide the major C source to mangrove soil microbes along the eastern Indian 

Ocean Rim.  
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Nevertheless, microbial communities can respond favourably to the presence of leaves, as 

leaves are generally more nutritious (in its simplest sense, have a lower C:N ratio) than 

roots (Middleton and McKee, 2001). A. marina leaves are also more degradable than 

several other mangrove species in northern Australia and elsewhere (Robertson, 1988; 

Steinke et al., 1990). I found that enzyme activities associated with microbial activity on 

the soil surface increased with specific leaf area (SLA, leaf area per leaf mass) of the trees 

(Chapter 2). Microbial community structure was also most differentiated among sites by 

the presence of mangrove leaf C at the soil surface (Chapter 5). Leaves may thus provide 

additional accessible forms of C to the soil microbial community, including gallic acid 

(Chapter 3; Hernes et al., 2001). Leaves are thus important micro-sites of accessible C and 

nutrients and serve to increase microbial diversity, biomass and activity on the soil surface 

(Chapter 2, 5; Steinke et al., 1990). Future changes to tidal regimes, storm surges or faunal 

activity associated with climate change could reduce the available leaf litter to microbial 

communities on the soil surface, which could serve to slow nutrient-and-C-recycling 

within these already nutrient-limited forests.  

6.5. Mechanisms underpinning C stocks in mangrove soils 

 

While there has been a global focus on quantifying C stocks in mangrove soils (e.g. Donato 

et al., 2011; Sanders et al., 2016), there has been relatively little assessment of the 

mechanisms controlling both the rates an amounts of C accumulation. One of the most 

recent investigations into C stocks in mangrove soils around the globe found that 

variability among mangrove ecosystems was high and could not be explained by climatic 

changes associated with latitude (Atwood et al., 2017). Instead, site-specific 

physiochemical properties may be more important in determining C storage (Atwood et 
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al., 2017). The findings presented in this thesis support this conclusion. My research has 

identified that at an individual site-scale, microbial C cycling is strongly influenced by 

mangrove productivity, which in turn is influenced by intertidal gradients, nutrient 

availability and salinity (Fig. 6.1). Similarly, studies that have assessed C stocks in tropical 

sites have also found that C stocks are determined by distance from seaward edge, salinity, 

and nitrogen and phosphorus content of the soil, mostly via limits to forest productivity 

(Adame et al., 2013; Donato et al., 2011), although site sea level history is also likely to 

be important (Hayes et al., 2017).  

 

My research also provided insights into the importance of climate, such as aridity, as a 

driver of C cycling at the continental scale. For instance, in arid climates where there is 

less freshwater and rainfall, it potentially leads to more aerobic soils, with more aerobic 

taxa and higher diversity (Chapter 5) compared to more humid sites where freshwater can 

contribute to waterlogging of soils. Mangrove forests growing in lower rainfall climates 

have less C stocks compared to those growing under higher rainfall (Sanders et al., 2016). 

Higher rainfall may increase the potential for waterlogging in soils (Davidson and 

Janssens, 2006), which reduces oxygen availability and limits OM decomposition (Alongi, 

2013). Changes to climate and rainfall, therefore, could have wide-reaching impacts on 

microbial C cycling and C storage in mangroves. 

 

6.6. Implications of this study for understanding potential impacts 

of a changing climate on mangrove ecosystems  

 

The findings of this thesis show that it is insufficient to apply the limited mechanistic 

understandings of C cycling derived solely from studies of humid tropical mangrove 
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forests to those growing in arid, semi-arid and temperate mangrove forests. I found that 

tidal inputs were more important in stimulating some aspects of microbial C cycling along 

the arid west coast of Australia, rather than riverine freshwater inputs that commonly 

deliver material in the wet tropics (e.g. Chapter 2). Perhaps most importantly for mangrove 

ecosystems in the arid tropics, tidal inputs from pulsed events such as cyclones, relieve 

underlying P-limitations, not only in the trees (Lovelock et al., 2011) but also in the 

microbial community (Chapters 2 and 3). However, with cyclone activity predicted to 

become less frequent in the Southern Hemisphere (Knutson et al., 2010), microbial 

decomposition and productivity could be reduced even further as P-limitations become 

more severe. Perhaps reduced cyclone activity will create forests with even greater 

nutrient-acquisition strategies, such as even more belowground root investment.  

 

Temperatures are projected to increase across west Australia in coming decades (CSIRO 

and Australian Bureau of Meteorology, 2017). Such increases could result in a southward 

extension of the range of fiddler crabs, as has been recently observed for several fish 

species (Cure et al., 2015; Wernberg et al., 2016). The more tropical sites in my study 

harboured a greater abundance of fiddler crabs, which were absent in the cooler sites. Crabs 

both at Broome and elsewhere play a significant role in many tropical mangrove forests, 

enhancing bioturbation and consuming leaf litter prior to microbial decomposition (Lee, 

1998). However, larvae of fiddler crabs do not tolerate cold water temperatures <18 °C 

(Sanford et al., 2006) and are absent entirely from the cooler sites like Bunbury and Shark 

Bay. The sites with fiddler crabs (Exmouth and Broome) were comparatively more 

oxygenated, with less OC built up in the soil profile. Any expansion of crabs southwards 

has the potential to impact C and nutrient cycling, aerating the soil and increasing 

decomposition of OM, thereby releasing stored C. 
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A. marina is often the only mangrove species growing along much of the arid west 

Australian coast.  However, if rainfall and temperatures increase, other mangrove species 

may expand their range to higher latitudes, as has been observed in the USA and elsewhere 

(Cavanaugh et al., 2014; Saintilan et al., 2014). While temperatures are predicted to 

increase, shifts in rainfall are less certain and may both increase or decrease depending on 

the location along the coastline and climate model (CSIRO and Australian Bureau of 

Meteorology, 2017). Assuming rainfall does increase, either periodically as large events 

or overall, then C storage potential of the forests is likely to increase. It has been observed 

that diverse mangrove stands also store more carbon than single species stands (Atwood et 

al., 2017). The composition of the tissues of species such as Rhizophora and Ceriops, 

allocation belowground as well as the structure of their root systems, may also result in 

variation in microbial community structure.  Increased rainfall may also enhance anaerobic 

conditions (Alongi et al., 2000a; Semeniuk, 2013); all of these factors may enhance C 

storage. Conversely, less predictable rainfall or drier conditions could see the expansion of 

arid mangrove forests, with a single dominant species (A. marina), and lower C storage 

potential. This thesis provides some of the first insights into microbial processing of C 

outside of the wet tropics and will provide a valuable baseline as the climate changes for 

future research.  

 

6.7. Future Research 

 

The results from this thesis provide an insight into the potential importance of tropical 

cyclones or heavy rainfall events in delivering nutrients to the coastal mangrove forests. In 

future, it would be beneficial to quantify the type and quality of nutrients and organic 
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matter that is delivered to the coastal mangroves, in order to better understand nutrient 

subsidies to these oligotrophic systems. It is also important to gain more of an 

understanding of the fate of nitrogen or phosphorus fertiliser, perhaps as part of a tracer 

study. Interestingly, phosphorus stimulated microbial respiration in the short-term 

experiment, but did little for tree growth or microbial biomass and activity as part of the 

long-term study (Fig. 6.2). Another approach to test the nutrient and substrate limitations 

could be a mesocosm study, which may provide an important link between the short-term 

laboratory findings and the long-term field study.  

 

The findings of this thesis (especially Chapter 4) warrants further investigation into the 

role of roots and root exudates in fuelling microbial decomposition, and OM turnover in 

arid mangroves where there is often a high level of below-ground investment. Further 

research is needed that focuses on quantifying relationships between fine root biomass 

production and turnover, coupled with experimental observations of microbial metabolism 

of root-derived C versus leaf and litter derived C to ascertain the significance of these 

processes to C dynamics in mangrove systems.  

 

While this thesis provides an initial assessment of C cycling along the west Australian 

coast, there is still much to discover, especially via emerging metagenomic techniques. 

The growing availability and rapid improvements in metagenomic sequencing will allow 

for more rigorous and comparative assessments of the microbial functions in mangrove 

soils around the world. As costs are further reduced, more studies in mangrove habitats are 

utilising this technique, although often in search of new species for medicine rather than 

in support of enhanced ecological knowledge. However, because techniques such as 

metagenomics can assess functioning such as C cycling, N and P cycling, it will become 
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an invaluable tool to ecologists in the very near future and will help detect changes in key 

microbial functional groups under changing climatic conditions.  

 

6.8. Conclusions 

 

This thesis provides much-needed insights into microbial C cycling mechanisms in arid, 

semi-arid and Mediterranean mangrove systems. We are now better placed to understand 

the mechanisms behind ecosystem functioning and C storage in mangrove forests outside 

the wet tropics. This research highlighted the importance of tidal inundation on the 

functioning of mangrove ecosystems – a mechanism that has not been previously 

emphasised in microbial research in mangrove forests. Microbial communities in arid 

mangrove soils have the characteristics of those that are encountered in aerobic soils, and 

compared to their tropical counterparts, potentially cycle OM and carbon at a faster rate. 

This is likely to be a nutrient conservation mechanism in oligotrophic soils of the arid zone. 

My thesis further supports the notion of tight cycling of C and nutrients between trees and 

microorganisms as stated in previous studies along the arid west Australian coast. This 

research also indicates fine root decomposition may be much more quantitatively 

important in arid ecosystems than leaf litter decomposition, which may be over-

emphasised in the current body of mangrove literature.  
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