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Abstract  

Biological invasions have emerged as one of the greatest threats to coastal ecosystems 

worldwide with the rate of reported invasions increasing exponentially over the last 200 years. 

Increases in international shipping as well as other anthropogenic vectors have escalated the 

extent and frequency of species transfer around the world. The artificial habitats that support 

these vessels such as breakwaters, jetties, ports and marinas are now common and widespread 

along urbanised coastlines. While they serve a variety of socioeconomic functions, coastal 

infrastructure introduces novel habitats that are colonised by a diverse marine biota often 

dominated by introduced species. As artificial structures continue to replace natural habitats, 

understanding their ecology is increasingly important for managing the impacts of human 

activities on marine biodiversity. This thesis evaluates patterns of distribution, recruitment and 

impact of non-indigenous species (NIS) and invasive species on coastal infrastructure and in 

estuarine ecosystems, and offers a management tool for a prevalent invasive ascidian.  

 

Studies in natural habitats have demonstrated systematic changes in the structure of 

assemblages dominated by native species in response to temperature gradients and seasonal 

temperature variation, as temperature is a major driver of ecological patterns. However, 

examining overall assemblage structure of sessile invertebrates dominating settlement panels 

placed at several locations along a 16° latitudinal gradient in Western Australia (WA) revealed 

that they do not exhibit the same patterns. At the regional scale, separated by 100s km, 

assemblage structure was highly variable, composed primarily of NIS, and unlike nearby natural 

communities, did not change systematically in response to the latitudinal temperature gradient 

(Chapter 2). Local-scale variability (and presumably processes acting at this scale), separated by 

10s km, was more pronounced. Recruitment patterns of NIS throughout the course of a year also 

lacked systematic predictability based on seasonal temperature fluctuations. Assemblages 

regularly changed in composition over the course of time but were consistently low in richness 
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and driven more by the local patterns and processes of the site than the seasonal changes and 

regional species pools (Chapter 3).  

 

NIS on coastal infrastructure often cause little effect on industry or nearby natural ecosystems. 

However, species defined as invasive pests, have characteristics that allow them to cause 

negative impacts on the environment, society and the economy. Ascidians are notorious marine 

pests, fouling infrastructure in many ecosystems globally. In WA, the colonial ascidian 

Didemnum perlucidum was prevalent not only on the artificial infrastructure throughout the 

state but also fouling native seagrasses in the Swan River estuary (Chapter 4). Artificial 

structures are the likely source of initial recruitment but once it had spread and established in the 

natural ecosystem, it had a measurable effect on seagrass biomass and an interaction with 

seagrass associated mud snails. While seasonal temperature changes played a role in the patchy 

distribution, local site characteristics were driving factors in the survival and spread of this 

species.  

 

As NIS continue to spread with the increase of globalisation and climate change, management 

must move towards the evaluation of local conditions and risk factors.  Early detection and 

monitoring is also important if we are to try and control the spread of invasive species such as 

D. perlucidum.  Molecular methods are increasingly being developed to detect species at an 

early stage of invasion, not only tissue samples from adult colonies but also larvae and 

fragments present in complex environmental samples. In this study real time PCRs (species 

specific molecular assays) developed for D. perlucidum and D. vexillum demonstrated that 

invasive ascidians can be detected in low abundance in the environment and at various life 

stages (Chapter 5).  

 

This study has added support to the prevalent hypothesis in invasion biology that assemblages 

on artificial substrates are very different to nearby natural communities because they are often 

dominated by non-indigenous fouling species. Many of the species detected throughout this 
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study are classified as introduced in WA and are commonly found on coastal infrastructure 

around the world. Many of these species have been associated with negative ecosystem and 

economic impacts in other introduced locations.  This study also demonstrated that while 

temperature is an important driver in the distribution and recruitment of individual invasive 

species and overall NIS assemblage structure, local conditions and processes are more important 

in determining the composition of assemblages on coastal infrastructure. Throughout WA, 

assemblages were highly variable but were presumably more associated with characteristics of 

the recipient environment and possibly the transport vectors that influence the local species pool 

than large scale gradation in temperature. Compared to nearby natural reef systems these fouling 

assemblages were also generally low in taxonomic richness and functionally similar to each 

other. The reduction in richness of these assemblages is widespread and is perhaps heading 

towards a global homogenisation of fouling species.  

 

As demonstrated by the recurring population of D. perlucidum in the Swan River estuary, the 

spread of NIS combined with multiple stressors from human activities increases the potential for 

invasive species to start spilling over (spreading) into natural environments. Biodiversity in 

coastal ecosystems is already vulnerable but the potential stress of NIS poses an additional and 

increasing threat now and most likely in the future. However, with vigilant surveillance and 

appropriate global management, there is hope that the transfer, establishment and impact of NIS 

can be mitigated.   
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Chapter 1: General Introduction 

 

1.1 Biological invasions 

Biological invasions, the expansion of species beyond their natural range (Ruiz et al. 2000),  

have received a large and rapidly growing amount of scientific attention, resulting in 

controversial and intense debate, thus highlighting the important implications of understanding 

the fundamental ecology and evolution of a natural ecosystem (Lowry et al. 2013). There is a 

common understanding that biological invasions have emerged as one of the greatest threats to 

coastal ecosystems worldwide with the rate of reported invasions increasing exponentially over 

the last 200 years (Ruiz et al. 2000, Bax et al. 2003, IMO 2006, Millennium Ecosystem 

Assessment 2005). There are currently over 1900 known invasive marine species worldwide 

(Pagad et al. 2015). Increases in international shipping as well as other anthropogenic vectors 

have escalated the extent and frequency of species transfer around the world (Catford et al. 

2009, Cope et al. 2016); with some species also shifting their geographical ranges in response to 

climate change (Gilrov & Crooks 2009). Any change in a recipient community, be it – physical, 

chemical, biological, ecological- may leave it susceptible to invasion (Carlton 1996). Moreover, 

coastal habitat alteration or expansion, particularly related to human activities, may facilitate 

invasions of some species with certain habitat preferences (Carlton 1996). The modification and 

development of coastal infrastructure is occurring rapidly all over the world and altering the 

composition of marine communities in favour of Non-Indigenous Species (NIS) (Airoldi et al. 

2015). 

 

There is often confusion in the literature regarding the definition and classifications of NIS. In 

this thesis I often use the terms non-indigenous (NIS) and invasive pest. An NIS is a plant or 

animal that has been transported beyond the limits of its native range and established a 

population where it was not previously known to occur (Blackburn et al. 2011). Other 

commonly used synonyms throughout the literature are non-native, alien and introduced 
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species. This differs from invasive pest species which are able to establish in a new location 

beyond their natural range, resulting in subsequent spread and negative impact on other species, 

the environment or the economy (Hayes & Sliwa 2003, Catford et al. 2009).  

 

Biological invasions are often discussed as chronological stages. While the number of stages 

and the terminology varies between authors, for the purpose of this thesis I refer to the unified 

framework for biological invasions proposed by Blackburn et al. (2011) (Fig 1.1). This 

framework divides the process of invasions into a series of stages in which species need to 

overcome certain barriers to become NIS. These stages are not static and placing individual 

species within this framework should be done within spatial and temporal context.   

 

 

Fig 1.1 Schematic of terminology and processes used in describing biological invasions, based 

on the framework presented by Blackburn et al. (2011) 
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1.2.1 Invasion Process 

Species travel around the world in many ways but the primary vector allowing species to break 

through geographic barriers and move beyond their native range is shipping, via ballast water 

and fouling of hulls and niche areas such as sea chests (Ruiz et al. 2000, Bax et al. 2003, Frey et 

al. 2014). Species carried by these means don’t always survive but there is a threat that as 

ballast water and ports become cleaner and the transit speeds of ships continue to increase, the 

rate of establishment will continue to increase as well (Bax et al. 2003). Another vector for 

transporting NIS is through aquaculture or intentional movement of species. In this case, species 

are brought from their native range into a new environment for the purposes of cultivation 

(McKindsey et al. 2007, Kernan et al. 2015). Often they are prevented from establishing in the 

new environment by human mediated barriers including cages and strict control strategies 

(Blackburn et al. 2011). However, they can sometimes escape the boundaries and become 

invasive or they can facilitate the release of other species that may have been transferred at the 

same time, such as fouling tunicates or pathogens (McKindsey et al. 2007).  

 

Whatever the means of arrival, once a species has arrived, the next barrier to establishment is 

survival and reproduction in the recipient environment. NIS establishment in a new environment 

is a function of propagule pressure and the biotic characteristics of the invading species. Not 

only does the arriving adult need to be able to survive the new conditions but it must also 

produce offspring that are able to tolerate the environment well enough to start a viable 

population (Blackburn et al. 2011). The ability to establish is also a function of the biotic and 

abiotic characteristics of the recipient community (Catford et al. 2009, Thomsen et al. 2011) 

and the potential disturbances that the assemblages face (Bugnot et al. 2016).  

 

A self-sustaining population has the ability to become invasive if it clears the final barrier of 

spreading beyond its point of introduction. This can be through natural dispersal or secondary 

spread by human mediated vectors. As a species spreads it will continually encounter these 

barriers but certain species, those with invasive characteristics and life history traits are often 
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easily able to overcome them. Temperature is one of the most fundamental factors in 

determining the spatial and temporal patterns in species abundance and distribution globally 

(Hutchins 1947, Sunday et al. 2012). In general, the latitudinal ranges of marine species 

correspond to their thermal tolerances and are sensitive to temperature change at their poleward 

and equatorward boundaries (Somero 2010, Sunday et al. 2012). Native species often have 

limited tolerance to changing environmental conditions, whereas NIS are often capable of rapid 

acclimatisation and may have wider tolerances to changes in temperature, CO2 and salinity 

(Lenz et al. 2011, Lockwood & Somero 2011, Sorte et al. 2013). Physiological adaptations that 

allow invasive species to overcome abiotic changes more quickly give them a competitive 

advantage to displace even closely related native species (Lockwood & Somero 2011) As 

climate change proceeds, coastal ecosystems may become increasingly unsuitable for native 

species unable to adapt to changing conditions and more vulnerable to invasion by NIS (Sorte et 

al. 2013). 

 

1.2.2 Impact 

Incursions of NIS, particularly those species identified as marine pests, can cause direct and 

indirect effects on the environment and the economy. There is a positive correlation between 

species having an ecological impact and an economic impact and invasive species rarely affect a 

single ecosystem service (Vilà et al 2010). Ascidians in particular have strong linkages between 

the economic ramifications of biofouling and environmental implications on biodiversity (Rius 

et al. 2011, Aldred & Clare 2014). Fouling tunicates can cause massive losses every year to the 

production of commercially farmed mussels and scallops (Lutz-Collins et al. 2009, Morris et al. 

2009) and when they become established in seagrass meadows can threaten seagrass growth and 

reproduction (Long & Grosholz 2015). Since the turn of the twenty first century Didemnum spp. 

began to be reported fouling offshore structures and rapidly began to spread around the world 

from New Zealand (Kott 2004) to North America (Bullard et al. 2007) to Europe (Gittenberger 

2007) and is now considered one of the most problematic introduced benthic species (Aldred & 

Clare 2014). Other commonly significant ascidian genera affecting maritime and aquaculture 
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infrastructure as well as the environment include Ciona, Styela,  Botryloides, Botrylus and 

Eudistoma.  

 

Incursions of invasive pest species can cause negative effects to infrastructure in a fast and 

dramatic way, leading to economic loss to maritime and aquaculture industries (McKindsey et 

al. 2007). In the US, the invasion of the zebra mussel (Dreissena polymorpha) alone cost over 

USD $5 billion per year in damages and associated control costs (Pimentel et al. 2001). In 

addition to the costs of maintaining levels of fouling on water treatment and electric power 

generation facilities, incursions of this species impact ecosystem functioning through all trophic 

levels (Kernan 2015).  Another example of an NIS causing both economic and environmental 

impact is the American Comb Jellyfish (Mnemiopsis leidyi) in the Black Sea. Within about 10 

years of this species being introduced, it accounted for over 90% of biomass loss in the Black 

Sea, leading to the near crash of commercial fisheries, over $1billion USD in loss to the seafood 

industry and 150,000 lost jobs. It also caused a decline in dolphin populations (Millenium 

Ecosystem Assessment 2005, Kernan 2015) 

 

NIS are often introduced to new regions through ports or in association with other coastal 

infrastructure but once they spread into the natural environment they can influence local 

communities in numerous ways (Crooks 2009, Grosholz & Ruiz 2009) on multiple spatial and 

temporal scales (Parker et al. 1999). Effects can range from limiting the abundance of a single 

species through to changing the overall productivity of an entire ecosystem (Parker et al. 1999). 

There can also be a lag period between establishment of an NIS and a measurable community 

effect (Simberloff et al. 2013) particularly when the population dynamics of an invader and the 

dynamics of the ecosystem vary over space and time. As NIS become increasingly integrated in 

coastal ecosystems worldwide there is potential for localised increases in biodiversity but often 

habitats begin to lose the once-distinct groups of species. The decline or replacement of native 

and endemic species with functionally similar NIS is leading towards worldwide 

homogenisation (McKinney & Lockwood 1999, Kernan 2015, Millennium Ecosystem  



6 
 

Assessment 2005) which may limit genetic diversity, decrease species richness and lower the 

resilience of communities to withstand disturbance (Olden et al. 2004).  

 

The total cost of a NIS incursion is very difficult to determine because it can include not only 

direct costs related to reductions in economic output but also indirect costs via damage to 

coastal infrastructure, social implications, risks to human health, loss of biodiversity and 

environmental impacts, which can be more difficult to quantify (Millennium Ecosystem 

Assessment 2005). What is clear, however, is that once an incursion has occurred and the NIS is 

established, eradication can be very costly and often ineffective (Bax et al. 2003, Pimentel et al. 

2000). 

 

1.2.3 Management 

Management of NIS can be highly variable, ranging from chemical and physical removal of 

ascidians from aquaculture infrastructure (Muñoz & McDonald 2014) through to inspecting and 

cleaning vessels (Piola & McDonald 2012), exchanging ballast water (Molina & Drake 2016) 

and even to the closure and poisoning of entire marinas (Ferguson 2000). Management 

responses are dependent on the target NIS, the threat that it poses and the likelihood of control 

or eradication being effective. The first step in evaluating the likely effectiveness of a control 

program is to conduct a delimiting survey to understand the distribution of the species and the 

scale of the impact (Coutts & Forrest 2007). In the case of Didemnum perlucidum in Western 

Australia, management options quickly became unfeasible. Once it became introduced and 

established throughout the State, its life history characteristics allowed it to quickly become 

widespread and resistant to control efforts (Muñoz & McDonald 2014). In contrast, a quick 

management response of the Black striped mussel Mytilopsis sallei introduction in the Darwin 

Harbour led to a successful eradication.  This incursion was detected early before the population 

was able to spread beyond the harbour and the affected areas were able to be quarantined and 

treated. This response utilised over 280 personnel, 187 tonnes of liquid sodium hypochlorite, 7.5 
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tonnes of copper sulphate and cost over $2.2 million but led to a 100% eradication of the 

species (Ferguson 2000).  

 

The best management scenario for the issue of invasive species is prevention. Yet even with the 

best strategies, incursions of new species are inevitable (Bishop & Hutchings 2011). Therefore 

management frameworks must include methods for early detection of invasive species before 

they manage to establish populations and spread. For effective pest management, robust 

targeted monitoring and surveys are a key component. Depending on the design, frequency and 

intensity of the surveys, they can address a wide range of biosecurity issues (Campbell et al. 

2007, Lee et al. 2008). They may aid in early detection of target pest species, facilitating the 

opportunity for eradication before the species is able to establish. With an effective design and 

appropriate spatial and temporal scales, they may also be able to establish a baseline of native 

and exotic biodiversity, assess invasion patterns and measure impact of invasions (Lee et al. 

2008, Bishop & Hutchings 2011).  

 

Target pest lists are being increasingly used as a surveillance tool (Campbell et al. 2007). They 

focus on the species that are not yet present in a particular jurisdiction but have been identified 

as likely invaders based on compatibility with the recipient community and environment, the 

risks of the prevalent vectors and the likelihood of causing harm (Hayes & Silwa 2003). These 

target pest lists can be used for presence/absence screening of surveillance tools such as 

settlement arrays, visual searches, pylon scrapes, dredging and traps. They can even be used for 

screening complex environmental samples such as seawater.  

 

Even with a narrow focus on the targeted pest species, surveillance and monitoring can be 

extremely costly, time consuming and specimens can be difficult to identify based on their 

variable morphology or life stage (Darling & Mahon 2011). The use of molecular tools is 

greatly increasing to enhance the confidence and effectiveness of surveillance regimes. 

Molecular barcoding tools are useful in confirming species identity, real time PCRs can detect 
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target species from tissue and mixed samples and high throughput sequencing techniques have 

the capabilities to detect minute amounts of DNA from complex environmental samples 

(Darling & Blum 2007, Bott et al. 2010, Comtet et al. 2015). 

  

1.2 Research objectives 

This dissertation is an investigation into the distribution and impact of introduced and invasive 

marine fouling species in Western Australia (WA). It also looks at some of the tools that can be 

used in research and management of these species. The project is comprised of four research 

components (presented in Chapters 2-5).  

 

Artificial habitats such as breakwaters, jetties, ports and marinas represent the most common 

intertidal and shallow subtidal habitats in urban coastal areas (Bacchiocchi & Airoldi 2003, 

Bulleri & Chapman 2004) and are recognised as invasion hotspots (Carlton 1987). As such, they 

are important places to study the ecology, patterns and processes of NIS incursions.  They are 

the first point of entry for arriving vessels, which may carry NIS in ballast waters and sea chests 

(Coutts et al. 2003) as well as on the hulls (Ruiz et al. 2000, Murray et al. 2011). Coastal 

structures are also hubs for anthropogenic activities which can affect the physical and chemical 

properties of the environment (Dafforn et al. 2009a) and are primarily constructed from 

artificial substrates (Dafforn et al. 2009b). This combination can lead to the development of 

communities which can differ greatly from the surrounding natural environment in species 

composition and abundance (Glasby & Connell 1999, Connell 2000, Bulleri 2005, Airoldi et al. 

2015).  Given these qualities, the majority of this study is conducted in and around the coastal 

infrastructure of Western Australia.  

 

Studying the factors affecting invasion success at multiple spatial and temporal scales is key to 

the design of management and control strategies for biological invasions. Both chapters 2 and 3 

cover the first ever quantitative investigation into the spatial and temporal patterns of sessile 
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invertebrate assemblages that have become integrated in the coastal ecosystem of Western 

Australia (WA). In this context, assemblage is defined as a taxonomically related group of 

species populations that occur together in space (Stroud et al. 2015), and sessile invertebrate 

assemblages are the focus of these studies because of the prevalence on coastal infrastructure 

and the likelihood that the composition will contain target marine pests species.   Chapter 2 

characterises the spatial changes of sessile invertebrate assemblages along the latitudinal 

gradient of WA on coastal infrastructure including ports and marinas. Using settlement plates, 

assemblages were analysed during two different sampling periods in five regions spanning the 

WA coastline. This sampling regime also described abiotic environmental conditions and 

physical properties of each location. The types of infrastructure examined differed in their 

design, characteristics and exposure to vectors and thus are expected to be characterised by 

different assemblages.  The goals of this study were to determine whether sessile invertebrate 

assemblages on artificial structures change systematically along the latitudinal temperature 

gradient in a similar way to natural reef communities and examine other potential drivers to 

assemblage composition.  

 

Chapter 3 continues the examination of sessile invertebrate assemblages on a smaller spatial 

scale.  In this study, three sites within the same region were examined using settlement plates 

every two months over the course of a year. Recruitment between sites and seasons was 

compared to determine whether the developing assemblages displayed temporal patterns as a 

function of seasonality.  

 

Both Chapters 2 and 3 use PVC plastic settlement panels as a standardised sampling unit. Using 

only plastic substrate may have biased the samples towards larvae that are partial to settlement 

on plastic but it is a very commonly used material throughout the coastal infrastructure of WA. 

The panels were all mechanically roughened prior to deployment. Using fresh, new panels as 

opposed to substrate that had been pre-soaked to develop a microfilm may have caused some 

additional bias in the settlement of larvae. However, maintaining consistency was the priority 
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and it was not logistically possible for panels to be pre-soaked in all regions or between seasons. 

The settlement panels used in these chapters were in line with standard practices commonly 

used in research and surveillance throughout Western Australia.  

 

Chapter 4 is an in-depth look at the colonial ascidian Didemnum perlucidum, a NIS found to be 

present throughout Western Australia. A relatively recent introduction, Didemnum perlucidum 

is an example of an invasive species that can become established and widespread in a very short 

amount of time and even infiltrate natural communities. This chapter examined the seasonal 

distribution of D. perlucidum throughout the Swan River and examined the possible drivers of 

survival and spread in an estuarine environment. It also provided the first look at the potential 

impact of this species on native seagrass. 

 

NIS have the potential to cause negative impacts on coastal infrastructure and the environment. 

It is therefore very important to detect invasive species incursions as early as possible to prevent 

establishment and spread, as in the case of D. perlucidum.  This species has quickly established 

and spread along the coastline of WA but in routine surveillance and monitoring can be difficult 

to identify morphologically. Molecular tools are becoming increasingly useful for early 

detection of invasive species, particularly for species that are challenging to identify and can be 

used both for suspect specimens and even water samples. Chapter 5 describes the development 

of a real time PCR method to detect Didemnum perlucidum from tissue and demonstrates the 

potential for detecting Didemnum species in water samples, thus emphasising how this tool can 

be used in routine biosecurity monitoring.  

 

Chapter 6 summarises the significant findings of this work and discusses the implications of 

invasive fouling species on the biodiversity, biosecurity and management of the Western 

Australian coastline. 
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1.3 Thesis structure 

The content of this thesis includes manuscripts designed to be published in peer-reviewed 

scientific journals. Chapter 2 has been published in the Journal of Experimental Marine Biology 

and Ecology, Chapter 4 has been published in the journal PLoS One and Chapter 5 has been 

published in the journal Molecular Ecology Resources.  Chapter 3 is in preparation for 

submission to the Aquatic Invasions journal. While the aim is to publish the content of this 

thesis in various journals, the chapters have been modified to maintain consistent formatting 

throughout. Each chapter contains a preface, abstract, introduction, methods, results, discussion 

and reference section.  

 

Due to the collaborative nature of the research, all of the data chapters have contributions from 

co-authors. The co-authors who assisted in the research are listed after the section titles and their 

roles are described within the preface of each chapter. 

 

The manuscript-based style of this thesis has potential to become repetitive, however, the use of 

cross-referencing between chapters aims to reduce this nature and assist in maintaining the 

overall flow between consecutive chapters. 
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2.1 Preface 

This chapter has been published in the Journal of Experimental Marine Biology and Ecology. 

The content is the same as that of the prepared manuscript with only minor changes to 
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incorporate thesis formatting and referencing. A copy of the manuscript is provided in the 

appendix.  

 

Biological invasions and global climate change are often described as the two greatest threats to 

the coastal marine environment. In addition to understanding the structure of assemblages on 

coastal infrastructure it is important to appreciate the influence of environmental drivers such as 

temperature on the establishment of NIS. The justification of this chapter is two-fold. It 

provided a description of the characteristic fouling species along the coastline of Western 

Australia. By examining assemblages systematically along a latitudinal temperature gradient it 

also allowed us to determine whether temperature or scales of variation change patterns of 

assemblages in a predictable way. This can give indications of the processes driving the system 

and be useful in predicting assemblage shifts as the oceans continue to warm.  

 

2.1.1 Statement of contribution 

Settlement panel arrays from Cygnet Bay were deployed and collected by the Kimberly Marine 

Research Station.  Arrays from Esperance were deployed and collected by the WA Department 

of Fisheries Marine Biosecurity Research and Monitoring team (DoF) as part of their regular 

monitoring regime. I deployed and collected arrays from Carnarvon, Geraldton and Albany 

myself with the assistance of Daniel Simpson, Anne Belot and Rachael Goetze. The panels 

collected by DoF were initially used for marine pest surveillance but the sampling design, 

methodology and focus on whole assemblages was my own initiative. I conducted the 

laboratory work and data analysis myself. As the lead author I prepared the drafts of the 

manuscript and had input and editing from the co-authors Dan Smale, Justin McDonald and 

Thomas Wernberg.  

 

2.2 Abstract 

Natural communities are structured by a complex suite of interacting physical and biological 

processes that operate across multiple spatial and temporal scales. Documenting spatio-temporal 
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variability in ecological patterns can yield insights into the key processes influencing the 

distributions of species and structure of communities. Many previous studies conducted in 

natural habitats have recorded systematic shifts in assemblage structure along broad-scale 

latitudinal gradients, largely because of individual species’ thermal affinities. However, it 

remains unclear as to whether similar patterns occur in artificial habitats, where patterns could 

be decoupled from natural processes. In this study, we examined patterns of spatial variability in 

the structure of sessile invertebrate assemblages in coastal infrastructure at multiple scales, 

including along a large-scale latitudinal gradient in Western Australia (WA). We deployed 

settlement panel arrays to sample invertebrate assemblages at 5 regions (in 2 seasons) along a 

latitudinal gradient spanning about 16° and >2000 km along the coast of WA. As sea 

temperature co-varies predictably with latitude in this system, the study also encompassed a 

temperature gradient of about 10°C. We examined spatiotemporal variability in several 

assemblage-level metrics, including total biomass, total cover, taxonomic richness and 

multivariate structure, as well as variability patterns for individual taxa. Unlike assemblages 

associated with natural habitats along the WA coastline, sessile invertebrate assemblages on 

coastal infrastructure did not vary systematically with latitude/temperature. Assemblage 

structure demonstrated little predictability at the regional scale, driven by processes including 

variability in temperature and adjacent species pools. Rather local-scale variability (and 

presumably processes and conditions acting at this scale) was far more important. This is an 

important consideration for coastal managers as local factors (e.g. the design of coastal 

infrastructure, human activities, hydrodynamic processes and propagule pressure) are likely to 

be important determinants of ecological pattern, with implications for the spread and 

establishment of non-indigenous species, biofouling and general ecological structure and 

functioning. 

2.3 Introduction 

In marine ecosystems, the distributions of species, structure of populations and composition of 

assemblages are influenced by a range of abiotic and biotic processes that operate across 

multiple spatial and temporal scales (Osman 1977, Richmond & Seed 1991, Perkol-Finkel & 
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Benayahu 2009, Bulleri & Chapman 2010, Airoldi & Bulleri, 2011). Of the suite of interacting 

processes, large-scale gradients in ocean temperature may be of critical importance, as 

temperature is one of the most fundamental factors in determining the eco-physiological 

performance, demography and geographical distribution of marine organisms (Hutchins 1947, 

Sunday et al. 2012, Wernberg et al. 2013). It has long been known, however, that temperature is 

not the sole determinant of ecological pattern, and species tolerances to other environmental 

parameters as well as their resource requirements, life history characteristics and dispersal 

capabilities are also important in determining patterns of distribution (Osman 1977, Brown et al. 

1996, Underwood et al. 2000, Lockwood et al. 2005, Clark & Johnston 2009, Kordas et al, 

2011). Unravelling the relative importance of regional and local scale processes in driving 

patterns of diversity and the structure of communities is a fundamental goal of ecology (Cornell 

& Lawton 1992), yet current understanding is limited by a lack of studies conducted across 

sufficiently large spatial scales (Harrison & Cornell 2008), particularly in the marine realm (but 

see Witman et al. 2004).        

 

The vast majority of work examining the influence of latitudinal gradients in ocean temperature 

on patterns of diversity and community structure has stemmed from natural habitats, such as 

rocky reefs (Rivadeneira et al. 2002, Wernberg et al. 2013) and soft sediments (Ellingsen & 

Gray 2002).  However, artificial habitats such as breakwaters, jetties, ports and marinas now 

represent some of the most common coastal habitat types in many regions (Bacchiocchi & 

Airoldi 2003, Bulleri & Chapman 2004). Understanding the ecology of artificial habitats, which 

continue to replace natural habitats in many regions of the world, is increasingly important for 

managing anthropogenic impacts on marine biodiversity (Connell 2000, Holloway & Connell 

2002). The artificial hardening of coastlines through building of infrastructure modifies 

hydrodynamics and transport processes (Martin et al. 2005), which has consequences for the 

structure and functioning of ecosystems at local and regional scales (Glasby & Connell 1999, 

Airoldi et al. 2005, Martin et al. 2005). Where regions are poorly connected by of a lack of 

suitable natural habitat, artificial structures can act as stepping stones, diminishing geographical 

barriers and facilitating the dispersal of species (Airoldi et al. 2005, 2015), including sessile 
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invertebrates which would naturally only disperse larvae over short distances (Svane & Young 

1989, Osman & Whitlatch 1998). On a larger scale, human mediated vectors, such as ballast 

water, can transfer propagules well beyond their natural range. Artificially enhanced 

connectivity can increase both the flow of genes within species (Palumbi 2003) and the flow of 

species between habitats and regions, including non-indigenous and pest species (Bulleri & 

Airoldi 2005, Glasby et al. 2007, Rius et al. 2014). The complexity of interacting factors from 

the physical design of artificial habitats (Floel & Inglis 2003), natural variability of recruitment 

processes (Connell & Slatyer 1977) and propagule pressure from various vectors (Drake et al., 

2005) makes the understanding the ecology of coastal infrastructure challenging, particularly as 

the driving mechanism could be decoupled from natural processes. 

 

There is strong evidence to suggest that assemblages of benthic organisms associated with 

artificial structures can be very different to those associated with natural habitats (Glasby & 

Connell 1999, Connell 2000, Holloway & Connell 2002, Bulleri 2005, Lam et al. 2009). 

Differences between assemblages on artificial and natural substrata occur very early on in 

succession and persist through time (Bulleri 2005). There are many important factors driving 

this distinction, including habitat orientation and complexity (Chapman & Bulleri 2003, Glasby 

& Connell 1999), water motion (Floerl & Inglis 2003), loading of nutrients, sediments and 

pollutants (Piola & Johnston 2008, Dafforn et al. 2009) and the physical and chemical structure 

of the substrate itself (Dafforn et al. 2009). These factors influence the development of 

assemblages in artificial habitats, which generally differ in their composition and diversity from 

those in adjacent natural habitats (Glasby 1999, Bulleri & Chapman 2004, Vaselli et al. 2008). 

Moreover, artificial habitats are often linked with the transfer and establishment of marine non-

indigenous species (NIS) (Carlton 1996, Bulleri & Airoldi 2005, Glasby et al. 2007). NIS are 

often more common than native species on artificial substrata (Airoldi et al. 2015), and they 

occur more frequently on coastal infrastructure than would be expected by chance given the 

available species pool (Glasby et al. 2007). Marine invasions are particularly common in or near 

ports because of the influence of international shipping traffic (Ruiz et al. 1997). Due to their 

increasing prevalence in coastal marine ecosystems and their importance within the context of 
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managing the spread of NIS, examining multiscale spatial variability patterns in assemblage 

structure within artificial habitats is a critical step towards understanding processes 

underpinning ecological patterns.    

 

Due to its spatial extent, spanning the tropics to temperate regions, the coastline of Western 

Australia (WA) provides a useful latitudinal gradient for studying changes in the structure of 

populations and communities in response to temperature. The Leeuwin Current is an eastern 

boundary current which flows poleward along the Western Australian coast transporting warm 

water and bringing with it the dispersal stages of a variety of warm-water marine fauna and flora 

(Pearce, 1991). Along this coastline, temperature has been described as a principal driver of 

ecological patterns (Wernberg et al. 2011, 2013) while other key environmental factors 

including wave exposure, nutrient availability and light are relatively consistent along the 

latitudinal gradient (Smale & Wernberg, 2009). This makes the WA coastline a ‘model system’ 

for examining the relationship between temperature and the structure of populations, 

communities and ecosystems (Smale & Wernberg, 2009; Foster et al., 2014). 

 

Previous studies along the WA coastline have focused on how assemblages of macroalgae 

(Wernberg et al. 2010, 2011, 2013), benthic algae and invertebrates (Smale et al. 2010), 

demersal fish (Tuya et al. 2011, Langlois et al. 2012) and highly mobile invertebrates (Foster et 

al. 2014) vary with latitude. These studies have been conducted in natural habitats along the 

open coastline of WA, which are characterised by high species turnover and rich assemblages of 

macroalgae, sessile invertebrates and demersal fish. Reef-associated assemblages exhibit 

predictable regional scale shifts in diversity and structure associated with the oceanic 

temperature gradient (Smale 2012, Wernberg et al. 2013) but, as yet, no studies have examined 

variability in assemblages associated with artificial habitats over similarly broad spatial scales. 

To date, the only regional-scale studies on sessile invertebrate assemblages developing on 

artificial substrata have been conducted 3-5 km offshore on rocky reef and sandy habitats and 

have not demonstrated a clear influence of temperature (Smale 2012, 2013). Expanding the 

spatial scale and thermal breadth of observation will allow a better understanding of the 



27 
 

importance of regional-scale variability (and processes acting at similar spatial scales) in 

assemblage structure within artificial habitats.     

 

Here we examined spatial and temporal variability in the structure of sessile invertebrate 

assemblages inhabiting artificial habitats along a large-scale latitudinal/temperature gradient in 

WA. The aims of this study were: (1) to determine whether the structure of these assemblages 

shifts predictably along a broad-scale latitude/temperature gradient; (2) to determine the relative 

importance of local and regional-scale variability in  assemblage structure; and (3) to examine 

whether spatial variability patterns are consistent in time (between summer and winter sampling 

periods).      

 

2.4 Methods 

2.4.1 Study area and sampling design 

This study was conducted in collaboration with the WA Department of Fisheries Marine 

Biosecurity Research team. As part of ongoing pest species monitoring, settlement panel arrays 

are regularly deployed into regional ports throughout the State. For this study, sampling was 

conducted at 5 regions, with 2 sites nested within each. Regions included Cygnet Bay, 

Carnarvon, Geraldton, Albany and Esperance, spanning a geographical range of ~16° latitude 

(Fig. 2.1). Cygnet Bay is the most northern and remote site. The sampling site was located on 

the eastern side of the Dampier Peninsula on a pearl farm with minimal hard structure and 

limited vessel traffic. This region had the largest tidal variation, ranging from 1 to 10 metres. 

Only one array was used in this region, as the other was lost during the first sampling period. 

Carnarvon Boat Harbour contained 2 arrays, one on each side of the service jetty, separated by 

only a few meters. The harbour was located on south of the Gascoyne River on a stretch of 

reclaimed land. The two arrays in Geraldton were located approximately 2 km from each other, 

one at the commercial Fishing Boat Harbour and the other at the recreational Batavia Coast 

Boat Harbour. In Albany, both arrays were located at the Albany Port, about 700 m from each 

other. The Port is located south of the city of Albany, within King George Sound. Esperance 
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sites were located within the Esperance Port, on an exposed point in Esperance Bay, and the 

recreational Bandy Creek Boat Harbour, at the mouth of Bandy Creek. All of the sampling sites, 

are classified as open ocean sites and receive little estuarine influence or freshwater run-off. 

Only Bandy Creek is prone to freshwater run off during the winter. All sites are also 

predominantly characterised by soft sediment and seagrass benthos, with minimal natural hard 

structure nearby. Further site details can be found in the supplementary materials (Tables S1, 

S2).  

 

 

Fig 2.1 Map of study area a) whole of Western Australia with Australia inset, b) Cygnet Bay, c) 

Carnarvon, d) Geraldton, e) Albany, f) Esperance 
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At each site, a settlement array was deployed containing 8 horizontally-orientated, spatially-

independent panels (10 x 10 cm grey PVC plates, separated by ~10cm). The arrays were 

designed to be free running along a vertical rope with two buoys at the top and ballast at the 

bottom to keep the panels suspended at a constant depth of ~1 m even during tidal variation. 

While vertical structures such as pylons are common in artificial habitats, in this study the 

panels were oriented horizontally to provide a shaded surface similar to the underside of 

pontoons and jetties. These panels were collected and analysed after two immersion periods of 

three months each, the first from November 2013 to February 2014 to document settlement 

during the summer months and the second from June to September 2014 to document settlement 

during the winter months. HOBO data loggers were deployed in each region to record 

temperature and light hourly (Fig. 2.2).   

 

 

Fig 2.2: Minimum, maximum and mean (± st dev) temperatures (°C) during summer and winter 

sampling at all regions 
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2.4.2 Panel Analysis 

Following the 3-month immersion period, settlement panels were removed from the water and 

frozen before being transported to the laboratory. Upon analysis, each panel was defrosted and 

weighed to determine the average total biomass accumulation from each site. A gridded overlay 

10 x10 cm in size with 1 cm
2
 grid squares was placed over each settlement panel and the 

dominant primary and secondary sessile invertebrate taxa within each grid space were identified 

to the lowest possible taxonomic levels and recorded to generate a proxy for percent cover. Taxa 

often overgrew one-another, creating total percent cover values in excess of 100% for most of 

the panels. Only the undersides of the panels were analysed because the upper face was 

primarily fouled with only algae and sediment.   

 

2.4.3 Statistical Analysis 

Univariate and multivariate analyses were carried out using Primer 7 statistical software (Clarke 

et al. 2014) with the PERMANOVA add-on (Anderson et al. 2008). The assemblage-level 

univariate metrics examined were total percent cover, taxon richness and total biomass. 

Euclidean distance resemblance matrices were constructed from untransformed data and 

permutational ANOVAs were conducted to examine spatiotemporal variability.  An initial 

‘global’ analysis was conducted with a full model including ‘Region’ (fixed, 5 levels), 

‘Sampling period’ (fixed, 2 levels) and ‘Site’ (random, nested within region). For the tests, 9999 

permutations were conducted under a reduced model.  Variability in multivariate assemblage 

structure (as defined by the percent cover of all taxa) was examined with PERMANOVA using 

the same model as outlined above. Data were square root transformed prior to analysis to down-

weigh the importance of highly abundant species and a Bray-Curtis similarity matrix was 

constructed. For all variables, highly significant (p<0.002) interaction terms were detected 

between ‘Sampling period’ and either ‘Region’ or ‘Site(region)’ (Table S2.3).  To fully examine 

the interaction term, subsequent analyses were conducted for the summer and winter sampling 

periods separately, using the 2-factor spatial model including ‘Region’ and ‘Site(region)’. 

Univariate response variables were visualised with bar plots for each sampling period and 
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multivariate patterns were visualised with metric principal coordinates (PCO) analysis. Where 

overall significant differences were detected (p<0.05) between regions, pairwise comparisons 

between regions were conducted. Where significant differences in multivariate assemblage 

structure were detected between adjacent regions, a SIMPER analysis was also performed to 

determine percentage contributions of individual taxa to any observed differences between 

regions. 

 

Finally, a RELATE test was conducted to examine serial correlation between the observed 

similarity matrix and a model matrix constructed from the latitudinal position of each region 

(Clarke et al. 2014). A correlation coefficient of 1 would indicate that shifts in assemblage 

structure are correlated with changes along the latitudinal gradient. This test was visualised with 

a non-metric MDS plot. Percent cover data were averaged between the sites within each of the 5 

regions, for each sampling period separately. 

 

2.5 Results 

In total, 144 settlement panels were analysed from 2 sampling periods in 5 regions, spanning 

~16ºS to ~35ºS and >4000 km of coastline. Mean summer temperatures ranged from 22°C in 

Esperance to 32°C in Cygnet Bay. Mean winter temperatures ranged from 17°C in Esperance to 

26°C in Cygnet Bay, creating about a 10° temperature gradient throughout the year (Fig. 2.2). 

At Cygnet Bay, the settlement array from one of the sites was lost during summer and not 

replaced for winter. Across all regions, a total of 28 taxonomic groups were recorded, 68% were 

identified to the species or genus level and the remaining 32% to coarser taxonomic groups, 

representing 7 phyla. Mobile invertebrates and algae were not quantified, but exhibited no 

obvious patterns across locations. Of the species able to be identified, the majority were non-

indigenous to Western Australia. We identified 15 (>80%) introduced and 2 cryptogenic 

ascidians and bryozoans, 1 invasive colonial ascidian (Didemnum perlucidum) and 1 native 

ascidian (Didemnum incanum). D. perlucidum was present in all regions except Albany while 

D. incanum was present only in Albany. Though not statistically significant, both species 
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exhibited higher abundance during the winter sampling period. A list of taxa is shown in Table 

S4.   

 

Total percent cover, taxon richness and total biomass exhibited different variability patterns 

(Table 2.1, Fig 2.3). For total cover, variability between regions was not significant whereas 

variability between sites was highly significant in both sampling periods (Table 2.1, Fig 2.3). 

Between-site variability was particularly pronounced at Geraldton in summer and in Esperance 

in winter, where mean total cover at Bandy Creek was almost twice that recorded at Esperance 

Port (Fig 2.3). Taxon richness, however, varied significantly between regions during the winter, 

with Cygnet Bay having significantly lower richness values than Carnarvon (Table 2.1). The 

lowest taxon richness values recorded for both seasons occurred at Cygnet Bay and Esperance 

(Fig 2.3), located at opposite ends of the latitudinal gradient. Site level variability was highly 

significant (Table 2.1). In summer, variability between regions was not significant whereas 

variability between sites was significant (Table 2.1) and particularly pronounced at Esperance, 

where richness values were 3-fold higher at Bandy Creek compared with Esperance Port.  Total 

biomass did not vary significantly between regions but it did vary significantly between sites in 

both summer and winter (Table 2.1). The greatest total biomass values during summer were 

recorded at Batavia Coast Boat Harbour at Geraldton, due to a high abundance of Bugula sp. 

and greatest values in winter at Left Jetty at Carnarvon due to a high abundance of 

Amphibalanus sp. (Fig 2.3). For all the univariate assemblage metrics, no clear trends with 

latitude were recorded (Fig 2.3) and the high variability between sites may be largely due to the 

low replication of settlement panels. 

 

Table 2.1 Results of PERMANOVA testing for differences in a) percent cover, b) taxon 

richness and c) biomass between regions for both sampling periods separately. Significant p 

values are indicated in bold type (p<0.05). Where significant differences between regions were 

observed, post hoc pairwise tests were conducted and significance accepted at p<0.05 (CB-

Cygnet Bay, C-Carnarvon, G-Geraldton, A-Albany, E-Esperance). 
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a) Total Percent Cover 

   

 

      Source df     MS Pseudo-F P(perm)  Unique perms 

Summer 

     Region 4 8950.2 2.042 0.2487 3503 

Site(Region) 4 4353.8 11.161 0.0001 9950 

Residual 61 390.1                         

      Winter 

        Region 4 32484 10.156 0.0905 3496 

Site(Region) 4 3143.2 7.79 0.0001 9950 

Residual 55 403.5                         

                                   

b) Taxon Richness 

Summer 

     Region 4 24.7 1.074 0.4264 3369 

Site(Region) 4 22.8 11.993 0.0001 9958 

Residual 61 1.9                         

      Winter 

     Region 4 51.5 9.496 0.0173 3111 

Site(Region) 4 5.3 4.936 0.0024 9951 

Residual 55 1.1                         

 

Region pairwise: CB < C, all other 

comparisons n.s.  

c) Biomass 

Summer 

     Region 4 2170.6 0.871 0.5086 3501 

Site(Region) 4 2475.5 26 0.0001 9954 

Residual 61 95.2          

  



34 
 

      Winter 

     Region 4 2901.2 2.738 0.1926 3511 

Site(Region) 4 1041.6 13.62 0.0001 9954 

Residual 55 76.5 
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Fig 2.3 Univariate response variables for both summer and winter sampling periods, (a - b) total 

percent cover,  (c - d) taxon richness and (e –f ) biomass from sampling at one site within 

Cygnet Bay (Pearl), and two sites within Carnarvon (L, R), Geraldton (FBH, BCBH), Albany 

(B1, B3) and Esperance (BC, EP). Bars represent mean values (n = 8 panels) ± SE.  

 

With regards to multivariate assemblage structure, variability between both regions and sites 

was significant in both sampling periods (Table 2.2). Post-hoc pairwise testing between regions 

indicated that the only assemblages that were significantly different from each other were 
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Cygnet Bay and Geraldton during summer and Cygnet Bay and Carnarvon during winter (Table 

2.2). The PCO plots showed some clear partitioning between regions during both sampling 

periods, although marked variability between sites was also observed for some regions (e.g. 

Geraldton in summer, Fig 2.4). A SIMPER analysis indicated that the observed dissimilarity 

between Cygnet Bay and Geraldton in summer was primarily driven by the presence of 

Watersipora sp. in Geraldton and Diplosoma listerianum in Cygnet Bay (Table 2.3). The 

observed dissimilarity between Cygnet Bay and Carnarvon during winter was primarily driven 

by the high abundance of Serpulidae and Bugula neritina in Carnarvon which was absent in 

Cygnet Bay and Diplosoma listerianum present in Cygnet Bay but absent in Carnarvon (Table 

2.3).  

 

Table 2.2 Results of PERMANOVA testing for differences in multivariate assemblage structure 

between regions for both sampling periods separately. Where significant differences between 

regions were observed, post hoc pairwise tests were conducted and significance accepted at 

p<0.05 (CB – Cygnet Bay, C-Carnarvon, G-Geraldton, A-Albany, E-Esperance). Significant p 

values are indicated in bold type. 

 

Source         df MS Pseudo F P Unique Perms  

Summer 

      

 

Region 4 31672 3.4714 0.0004 3500 

 Site(region) 4 9058.8 16.91 0.0001 9921 

 Residual 61 535.71                         

 

    

Region pairwise: CB ≠ G, all other 

comparisons n.s. 

     

Winter 

      

 

Region 4 27736 3.1501 0.0086 3533 

 

 

Site(region) 4 8654.3 11.981 0.0001 9924 
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Residual 55 722.35                         

 

 

        

Region pairwise CB ≠ C, all other 

comparisions n.s.     

 

 

Table 2.3 Percentage contributions of individual groupings to observed differences between 

significantly different regions, as determined by SIMPER analysis. Only the top 5 contributors 

to dissimilarities are shown. Average dissimilarities are parenthesised. ‘Mean covers’ relate to 

each region (in order) in the comparison, ‘Contr. %’ refers to the contribution of each benthic 

grouping to differences between regions, and ‘Cum. %’ is a running total of the contribution to 

the observed dissimilarity. 

 

  Mean Cover 1 Mean Cover 2 Contrib % Cum % 

Summer  

Cygnet Bay and Geraldton (92.09%) 

   Watersipora sp. 0 6 17.63 17.63 

Diplosoma listerianum 5.91 0.42 16.48 34.11 

Celloporaria sp. A 0 4.7 13.75 47.87 

Pteriidae 4.68 0.84 11.74 59.61 

Bugula neritina 0.22 3.1 9.2 68.8 

       

Winter 

Cygnet Bay and Carnarvon (96.49%) 

Serpulidae 0 8.53 20.27 20.27 

Bugula neritina 0 8.42 20 40.27 

Schizoporella errata 0 5.3 12.72 52.98 

Diplosoma listerianum 5.65 0.61 11.66 64.64 

Watersipora sp. 0 4.15 9.8 74.44 
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Fig 2.4 PCO plots indicating multivariate partitioning of assemblage structure between regions 

in both summer (a) and winter (b) sampling periods. Plots are based on Bray-Curtis similarity 

matrices constructed from square root transformed data (CB = Cygnet Bay, C = Carnarvon, G = 

Geraldton, A = Albany, E = Esperance). 

Variability in assemblages between the regions did not reflect the sequential change in 

geographic position along the coastline (Fig 2.4). For example, based on latitude alone, Cygnet 

Bay would be expected to pair more closely to Carnarvon but in both periods it was more 

closely related to Esperance, which is geographically the most remote region. This was an 

artefact of very low taxon richness in both Cygnet Bay and Esperance. Diplosoma listerianum 

and Didemnum perlucidum, both widespread colonial species, were present in both assemblages 

and there were very few other species to distinguish the two regions. As such, there was a 

significant but weak correlation between shifts in assemblage structure and distance along the 

coastline as demonstrated by a RELATE test between assemblages and a linear model of 

seriation along the latitudinal gradient (ρ = 0.32, p=0.001). This was, to some degree, evident 

from a PCO plot with assemblages averaged across sites within each region (Fig 2.5). In both 

sampling periods there was separation between the northern regions of Cygnet Bay, Carnarvon 

and Geraldton and the southern regions of Albany and Esperance. However, the correlation was 
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less than expected because of the similarity in assemblages and richness between Cygnet Bay 

and Esperance, particularly during the winter. 

 

 

Fig 2.5 MDS plot indicating multivariate assemblage structure averaged within 5 regions (2 

sites per area with the exception of Cygnet Bay) for summer and winter sampling periods and 

related to a seriation model. (Data square root transformed, Bray Curtis similarity). Open 

symbols indicate regions during winter sampling and closed symbols indicate regions during 

summer sampling. (CB = Cygnet Bay, C = Carnarvon, G = Geraldton, A = Albany, E = 

Esperance). 

 

The sites at Albany supported relatively high taxon richness, particularly in winter, and the 

region was distinct from the other regions because of the presence of some species not recorded 

elsewhere (including Didemnum incanum and Botrylloides violaceus). There was an average of 

8 taxonomic groups identified per panel. Conversely, Cygnet Bay was distinct because it 

supported the lowest richness, an average of 3 taxonomic groups per panel, and a high percent 

cover of D. listerianum (Fig 2.6). A PCO plot combining both sampling periods and overlaid 

with vectors showing the taxa that were highly correlated with the PCO axes (Fig 2.6) provides 

support for Albany being distinct and high in biodiversity compared to the other regions.  
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Fig 2.6 (a) PCO plot comparing assemblages between sites and regions and the vector overlay 

(b) indicates which taxa were positively correlated (>0.5) with the axes. The length of the vector 

indicates the strength of the relationship. 

 

At the level of individual taxa, there were no clear patterns. Many species including Diplosoma 

listerianum and Bugula neritina were present in all regions but the abundance varied 

considerably and there was no evidence of latitudinal trends (Fig 2.7). Other species were only 

present in one or two regions and may be partially driving differences between sites but with 

such a high level of variability it is impossible to draw conclusions from individual taxa.    
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Fig 2.7 Mean percent cover of abundant and/or discriminatory taxa for summer and winter 

sampling periods for each region. Bars represent mean values (n = 8 panels) ± SE. (CB = 

Cygnet Bay, C = Carnarvon, G = Geraldton, A = Albany, E = Esperance). 

 

2.6 Discussion 

The patterns of spatial variability in invertebrate assemblage structure documented here were 

consistent with those reported by Osman (2015) in that there was some predictability in patterns 

at the regional scale but local-scale variability (and presumably processes acting at this scale) 

dominated overall patterns. Previous studies in WA have demonstrated systematic changes in 

the structure of assemblages of fish (Tuya et al. 2011, Langlois et al. 2012), mobile 

invertebrates (Foster et al. 2014) and benthic flora and fauna (Smale et al. 2010, Wernberg et al. 

2013) in natural habitats, which correspond with the observed gradient in latitude and 

temperature. Such systematic shifts in the structure of assemblages, from tropical to temperate 

affinity, are largely due to individual species’ thermal tolerances (Langlois et al. 2012, 

Wernberg et al. 2016). As such, regional-scale patterns of assemblage structure in natural 
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habitats are a product of processes acting across both ecological (i.e. dispersal) and evolutionary 

timescales (Phillips 2001, McGowran et al. 1997). However, sessile invertebrate assemblages in 

artificial habitats did not show the same clear patterns with latitude and are likely to be 

structured by contrasting processes acting at different spatial and temporal scales.  

 

Shifts in sessile invertebrate assemblages on artificial substrata in WA were moderately 

correlated with latitude but, overall, assemblage turnover was not predictable at large spatial 

scales. As such, differences in other more localised factors, such as artificial habitat structure, 

transport vectors, hydrodynamic conditions and water quality, were perhaps more influential in 

determining assemblage composition than the broad-scale gradient in latitude/temperature. 

There are likely to be (at least) 3 reasons for this. First, assemblages were fairly homogenous, 

with 14% of taxa sampled at all sites and 54% sampled in both temperate and tropical regions. 

Rapid coastal development, the proliferation of artificial habitats and increased dispersal vectors 

(i.e. shipping) have caused, and will probably continue to cause, a homogenization of the global 

marine biota (McKinney & Lockwood 1999, Bulleri & Chapman 2010). In the current study, 

>80% of taxa resolved to species level were classified as cosmopolitan, introduced or invasive 

and, as such, are likely to have wide environmental tolerances and widespread distributions. 

This contrasts with assemblages typical of natural habitats which are considerably more diverse 

(Smale et al. 2010, Foster et al. 2014) and comprise species with relatively narrower 

environmental tolerances and restricted geographic distributions (Langlois et al. 2012). Biotic 

homogenization, or the replacement of local biotas with non-indigenous species causing 

reduced spatial diversity (McKinney & Lockwood 1999), was evident in this study. The most 

abundant species on the recruitment panels were encrusting bryozoans and colonial tunicates, 

which are early successional species and able to colonise new surfaces quickly (Floerl et al. 

2004). They have global distributions and are known to inhabit temperate, subtropical and 

tropical waters and become established in a wide range of conditions (Crooks & Rilov 2009). 

Similarly, a high abundance of introduced and cryptogenic ascidians and a low prevalence of 

native species were found in large-scale studies of ports and harbours in both South Africa (Rius 

et al. 2014) and the Mediterranean (Lopez-Legentil et al. 2015). In WA, these species showed 
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no clear trend in abundance with latitude and their distributions are likely to be strongly 

influenced by dispersal factors and local conditions. This homogenization of biota is increasing 

at a global scale through urbanisation, increased shipping activities and increased coastal 

activities (Ruiz et al. 1997, McKinney & Lockwood 1999, Bulleri & Chapman 2010).  

 

Second, connectivity between populations and assemblages inhabiting natural habitats along the 

WA coastline is not restricted by obvious biogeographical barriers or a lack of habitat 

availability (Tuya et al. 2011) which may facilitate north-south turnover of species. On artificial 

infrastructure, however, suitable habitats may be geographically disparate; in this case the 

regions are separated by hundreds of kilometres, while dispersal patterns associated with vectors 

may be defined by shipping and other human activities. Within natural habitats in WA, marked 

dissimilarity in the structure of mobile invertebrate assemblages between tropical and temperate 

regions was observed (Foster et al. 2014). However, in this study over half of the species and 

taxonomic groups were present in both temperate and tropical ecosystems but not necessarily 

present in adjacent regions or even sites. For example, Didemnum perlucidum and several of the 

bryozoan species were present in the extreme north and south regions but not recorded in 

Albany. Hydroids were also present in Cygnet Bay and Esperance but not in the other regions. 

Within any given artificial habitat, the design and extent of infrastructure will strongly influence 

the retention and exchange of water and dispersal stages (Bulleri & Chapman 2010), which 

could promote between-site and between-region variability. At some sites, populations may be 

maintained by relatively few breeding adults or regularly replenished by incoming dispersal 

stages transported by various vectors. Clearly, the transfer of dispersal stages between regions 

and sites, local propagule pressure from established populations and small-scale hydrodynamic 

processes are likely to influence assemblage development (Floerl & Inglis 2003, Bulleri & 

Chapman 2010, Hedge & Johnston 2012).  

 

Third, studies conducted on natural habitats have selected for similar habitat types (e.g. subtidal 

rocky reefs) and many of the key environmental factors including wave exposure, nutrient 

availability and light are relatively consistent along the latitudinal gradient (Smale & Wernberg, 
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2009). Comparable sites in these studies may exhibit less local-scale variability in structure so 

that regional-scale processes may be of relatively greater importance. Here, artificial habitats 

were examined using standardised settlement panels but the physical and biological 

characteristics of the sites varied considerably. Physical characteristics of the infrastructure, in 

terms of size, age, depth and exposure, varied considerably between sites and regions. They 

were also built for different purposes and therefore have exposure to different vectors. 

Moreover, the pre-existing proximal benthic assemblages, and therefore the local species pool 

available for colonisation of panels and their associated propagule pressure, almost certainly 

varied between sites and adjacent regions. For example, Albany Port supports the most vessel 

traffic of all of the regions so that the density, diversity and influx of dispersal stages may be 

greatest. During the year prior to the deployment of settlement arrays, over 200 vessels went 

through the Albany Port with 70% of them arriving from international waters and 5% arriving 

from interstate. This may explain why Albany generally exhibited the highest taxon richness 

and presumably the highest number of invasive species. These local scale factors appear to have 

been more important than regional processes in determining distributions and abundances of 

sessile invertebrates.   

 

Significant variability between regions was observed for both taxon richness (in winter) and 

multivariate assemblage structure (in both winter and summer). In all cases, assemblages at 

Cygnet Bay were distinct from the other regions. The Cygnet Bay region comprised only one 

site, a pearl aquaculture lease, which was atypical in several ways. Unlike other study sites, 

Cygnet Bay does not comprise large infrastructure, is not fully or semi-enclosed and receives 

very limited, localised vessel traffic throughout the year. Furthermore, the region is 

characterised by a large maximum tidal range (>10 m) which creates very strong tidal currents 

in the area. A combination of these factors may reduce propagule pressure and the likelihood of 

successful settlement and long-term survival of sessile invertebrates onto novel artificial 

substrata. The SIMPER analysis showed that the statistical dissimilarity between assemblages at 

Cygnet Bay and other regions (Carnarvon and Geraldton) was largely driven by a greater 

richness and abundance of invertebrate taxa at the other regions. The exception was the colonial 
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ascidian Diplosoma listerianum, a cosmopolitan species common on artificial hard substrata, 

which dominated the panels at Cygnet Bay. D. listerianum exhibits high growth rates and 

fecundity, can quickly monopolise newly-available space in the absence of competitors and 

generally develops a low-lying encrusting growth-form (Altman & Whitlatch 2007, Vance et al. 

2009), which may have facilitated its dominance at Cygnet Bay.         

 

Spatial patterns of marine assemblage structure often vary in time, and temporal sampling is 

therefore important to test whether observed spatial patterns are stable and general (Smale 

2013). Changes in the abundance of individual species can be dramatic as they undergo 

recruitment pulses. For example, during summer there was a recruitment pulse of Bugula 

neritina in Carnarvon, causing an increase in percent cover and in winter a pulse of Watersipora 

sp. caused an increase in cover in Geraldton. But overall, at the assemblage level, the spatial 

variability was more pronounced than the seasonal variation. 

 

Assemblages on artificial structures are often characterized by a lower diversity of species 

compared with surrounding natural habitats (Bacchiocchi & Airoldi 2003, Chapman 2003, 

Vaselli et al. 2008). Along the WA coast, the structure of sessile invertebrate assemblages on 

artificial substrata varied significantly between regions and sites, but taxon richness was 

consistently low. This study has added support to the view that sessile invertebrate assemblages 

associated with coastal infrastructure are very different to natural reef assemblages (Glasby & 

Connell 1999, Bacchiocchi & Airoldi 2003) and are drastically reduced in biodiversity. As such, 

the continuation of coastal development, including coastal hardening is likely leading to global 

homogenization of a few non-indigenous taxa. Processes controlling biodiversity are also very 

different. While regional-scale variability patterns of natural assemblages in many systems is 

strongly aligned with regional-scale gradients in temperature and natural dispersal,  assemblages 

associated with coastal infrastructure are more controlled by a complex interaction of factors 

and processes acting at local scales. This is an important consideration for natural resource 

management and for the design of coastal infrastructure, as physical features, location and 

human activities associated with artificial habitats are likely to influence the composition of 
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these assemblages, with implications for the spread and establishment of non-indigenous 

species, biofouling and general ecosystem functioning. 
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2.9 Supporting Information 

 

Table S2.1 Factors recorded for individual sampling sites 

Region/site Cygnet Bay  

Carnarvon 

Marina 

Geraldton 

BCBH Geraldton FBH Albany Port 

Esperance 

Port 

Esperance 

BCBH 

Coordinates 

16°26'22”S 

123°00'59”E 

24°52′49.08″S 

113°39′26.28″E 

28°46’15.6”S 

114°35’34.8”E 

 32°3’43.2”S 

115°44’44.88”E 

35°2’12.12S 

117°54’2.88”E 

 33°51'40"S 

121°53'31"E 

33° 49'00” S  

121° 56'00” E 

Type of Facility Pearl farm 

Multi-Use 

Marina 

Recreational 

Marina 

Commercial 

Marina Port Port 

Recreational 

Marina 

Age of Facility 69 133    189 126  

Summer mean 

temp (±SE) 30.91±0.03 27.73±0.04 24.95±0.02 24.95±0.02 21.25±0.04 20.24±0.03 20.24±0.03 

Summer max 

temp 33.95 32.34 26.98 26.98 24.45 23.2 23.2 

Summer min 

temp 29.05 23.68 22.33 22.33 17.38 17.67 17.67 

Winter mean 

temp (±SE) 24.65±0.02 19.39±0.04 18.67±0.02 18.67±0.02 15.5±0.02 16.9±0.02 16.9±0.02 

Winter max temp 27.76 24.74 21.86 21.86 20.9 18.2 18.2 
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Winter min temp 22.05 13.17 16.14 16.14 12.21 15.8 15.8 

Chlorphyll a 

summer conc. 1.02 0.46 1.02 1.02 0.19 0.19 0.19 

Chlorphyll a 

winter conc. 1.61 0.31 0.73 0.73 0.5 0.48 0.48 

Salinity summer 34.19 34.87 35.51 35.51 35.87 36.06 36.06 

Salinity winter 34.46 34.81 35.44 35.44 35.95 36 36 

Winter Light 

Intensity 432.4 504.3 132.3 132.3 572.0 285.9 285.9 

Tides 1-10m <2m <1.2m <1.2m <1.4m 1.1m 1.1m 

Depth 8-15m  13m 13m 4m 10.5-12.2m 14.5-19m 2-4m 

Pens/berths 0 12 pens 84 pens 156 pens 4 berths 3 berths 48 pens 
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Table S2.2 Factors recorded for local Port in Geraldton, Albany and Esperance. Cygnet Bay and Carnarvon are not included because there are no 

nearby ports in these regions 

 

Port Geraldton Albany Esperance 

Throughput tonnage 

 

3-4,000,000 11,000,000 

Exports grain, minerals, livestock grain, woodchips, silica sand nickel, iron ore, grain 

Imports fertiliser, mineral sands, fuel fertiliser, fuel fertiliser, fuel 

Total vessels arriving 2011 690 113 189 

Dominant vessel type Bulk carriers 69.2% Bulk carriers 69% Cargo vessels 98.5% 

2nd dominant vessel type Cargo vessels 17.6% Cargo vessels 15% 

 Risk rating of arriving vessels low risk low low 

Average duration of dominant vessel in port 2.2 days 2.4 days 2.2 days 

Percent from international Last Port Of Call (LPOC) 60.40% 56.60% 65.60% 

Top 3 countries of arrivals Singapore 21.3% Japan  39.1% China 35.5% 

 

China 19.9% Singapore 20.3% Singapore 19.4% 

 

Indonesia 15.8% China 9.4% Indonesia 12.1% 

Percent from domestic LPOC 39.30% 41.60% 33.30% 
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Top 2 interstate ports Portland 22.2% Adelaide 57.1% Adelaide 20% 

 

Adelaide 18.5% 

  Top 2 intrastate ports Kwinana 25% Esperance 30.3% Kwinana 30.2% 

 

Fremantle 19.3% Kwinana 24.2% Albany 23.3% 

Compatibility with incoming pests 80% 85% 92% 
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Table S2.3 Results of the 3-factor ‘global’ permutational ANOVAs to test for differences in 

univariate response variables and the PERMANOVA test to examine differences in multivariate 

assemblage structure. Variability between ‘Regions’, ‘Sampling period’ and ‘Sites(Regions) 

was examined for patterns of a) total percent cover, b) taxon richness, c) total biomass and d) 

multivariate structure of sessile invertebrate assemblages along the coast of Western Australia. 

Significant p values are indicated in bold type. 

 

Source of Variation  df     MS Pseudo-F P Unique perms 

a)Total Percent 

Cover 

     Region 4 33712 4.618 0.0916 6625 

Sampling Period 1 8544.6 28.911 0.0069 9857 

Site(Region) 4 7159.6 18.059 0.0001 9949 

RegionxPeriod 4 15831 53.321 0.0009 9968 

Site(Region)xPeriod 4 291.2 0.735 0.5668 9959 

Residual 116 396.5                         

b) Taxon Richness 

     Region 4 74.8 7.402 0.0219 6662 

Sampling Period 1 0.008 0.005 0.9671 9901 

Site(Region) 4 9.9 5.966 0.0002 9946 

RegionxPeriod 4 7.5 0.345 0.8341 9967 

Site(Region)xPeriod 4 21.5 12.924 0.0001 9951 

Residual 116 1.7                          

c) Biomass 

     Region 4 2202.5 0.837 0.5673 6673 

Sampling Period 1 56.02 0.044 0.8402 9851 

Site(Region) 4 2580.5 29.891 0.0001 9957 
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RegionxPeriod 4 3360.3 2.604 0.1796 9961 

Site(Region)xPeriod 4 1265.9 14.664 0.0001 9961 

Residual 116 86.3                         

d) Assemblage 

Structure  

     Region 4 39673 3.462 0.0051 6604 

Sampling Period 1 13639 2.138 0.1353 9952 

Site(Region) 4 11237 18.003 0.0001 9916 

RegionxPeriod 4 19484 3.041 0.0077 9925 

Site(Region)xPeriod 4 6285.6 10.07 0.0001 9920 

Residual 116 624.2                         
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Table S2.4. Species present on settlement arrays and their distribution status 

 

Taxonomic Group Species Status 

Worms Serpulid sp.  

Sabellid sp.  

Colonial ascidians Diplosoma listerianum Cosmopolitan 

Didemnum perlucidum Invasive 

Didemnum incanum Native 

Lissoclinum fragile Introduced 

Cystodytes dellechaijei Semi-cosmopolitan 

Botrylloides violaceus Cosmopolitan 

Botrylloides nigrum Introduced 

Botrylloides leachi Cryptogenic 

Botrylloides pizoni Introduced 

Botryllus schlosseri Cryptogenic 

Ascidiella aspersa Cryptogenic 

Solitary ascidians Ciona intestinalis Introduced 

solitary ascidian  

Encrusting bryozoans Celleporaria sp. A  

Celleporaria sp. B  

Cryptosula pallasiana Introduced 

Schizoporella errata Introduced 

Watersipora arcuata Introduced 

 Watersipora subtorquata Introduced 

Arborescent bryozoans Bugula neritina Introduced 

Bugula sp. Introduced 

Zoobotryon verticillatum Introduced 
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Sponge Sycon sp.  

Barnacle Amphibalanus sp.  

Mussel Arcuatula senhousia Invasive 

Mytilus sp. Introduced 

Oyster Ostreidae 

Pteriidae 
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3.1 Preface 

This chapter is in preparation as a manuscript to be submitted to the journal Aquatic Invasions. 

The content is the same as that of the prepared manuscript with only minor changes to 

incorporate thesis formatting and referencing.  

 

The previous chapter examined assemblages of NIS on coastal infrastructure in the context of 

temperature change along a latitudinal gradient and found that patterns do not change 

systematically in a predictable way. This chapter uses similar methodology to compare 

recruitment of NIS across a finer temporal scale and determine whether seasonal influences are 

drivers of predictable variability in invertebrate assemblages.  

 

3.1.1 Statement of contribution 

Settlement array panels for this study were deployed and collected by the WA Department of 

Fisheries Biosecurity Research team with support from the Australian Navy at Garden Island. 

Settlement panel analysis every two months forms part of their regular long term monitoring 

regime. After they screened panels for invasive species from the Western Australian Prevention 

List for Introduced Marine Pests, they gave the panels to me for further analysis. I conducted all 

of the laboratory work and data analysis myself. As lead author I also completed drafts of the 

manuscript myself with input and assistance from the co-authors along the way.  

 

3.2 Abstract 

Marine communities in coastal ecosystems often exhibit high levels of spatial and temporal 

variability across multiple scales. Variability patterns are driven by many complex interacting 

factors including seasonality in environmental factors, disturbance regimes and biological 

aspects such as the timing of recruitment, propagule pressure, competition and survival. In this 

study we placed new (clean) settlement panels at three locations around Garden Island, Western 

Australia every two months throughout the course of a year to document fine-scale temporal and 
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spatial variation in assemblages. The developing assemblages primarily consisted of introduced 

and invasive species, which often have life history strategies common to early colonisers and 

pioneer species. We found that sessile invertebrate assemblages varied spatially and temporally 

in assemblage structure, percent cover and biomass. While patterns of assemblage structure 

were moderately consistent with seasonal cycles, they were more likely to have developed in 

response to phytoplankton availability and other abiotic processes than temperature fluctuation. 

Due to the high turnover of species and the high variability between samples it is recommended 

that biosecurity surveillance at two-month intervals is more appropriate for the detection of 

invasive species than a bi-annual regime.  

 

3.3 Introduction 

A community is a set of organisms that co-occur and interact to affect each other’s distribution 

and abundance (Connell & Slatyer 1977) and the development, or succession, of a community is 

influenced by a complex variety of interacting biotic and abiotic factors (Connell & Slatyer 

1977, Sousa 1980). These factors may include the type of available substrate, temperature, 

timing and duration of recruitment, growth and competition (Osman 2015, Valentine et al. 

2016). In the event of space becoming available, the first species to occupy the area are often 

opportunistic species with broad dispersal, extended periods of recruitment and rapid growth. 

These species are often common to species pools, even those separated by hundreds of 

kilometres (Smale 2013, Chapter 2). The early colonisers then have a large effect on the rates 

and patterns of subsequent successional changes (Sousa 1980). In many communities, 

disturbance occurs frequently enough that succession is cut short and the process begins again 

before ever reaching a stable state (Connell & Slatyer 1977, Sousa 1984). In the marine benthos, 

succession is much more unpredictable than in terrestrial ecosystems due to the higher diversity 

within the species pool available for colonisation (Richmond & Seed 1991) and the high 

variability of larval settlement and recruitment and post-recruitment survival (Svane 1988). 

Variability is particularly pronounced at small spatial scales but in many cases can be as 
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important as large-scale processes in generating patterns in benthic assemblages (Fraschetti et 

al. 2005, Chapter 2). 

 

Many of the processes that influence the development and structure of marine communities vary 

with seasonal periodicity (Kain (Jones) 1989). It is well established that in temperate waters 

most spawning and recruitment of sessile invertebrates predictably occurs in the warmer months 

of the year, consistent with a seasonal increase in primary production (Grahame & Branch 1985, 

Starr et al. 1990). However, some species reproduce predictably, though not necessarily 

triggered by season, and other species reproduce all year round (Sutherland 1981). Recruitment 

is also variable within and among years (Sutherland & Karlson 1977, Keough 1983) with some 

species producing irregular, intense peaks of recruitment (Keough 1983). Invertebrates, 

particularly invasive species, tend to go through ‘boom and bust’ cycles. Following introduction 

and spread, the population of particular species increases significantly and then decreases again. 

The species rarely disappears completely and may boom again when conditions are favourable 

(Kauppi et al. 2015, Muñoz et al. 2015).  

 

Coastal infrastructure, such as seawalls, harbours and offshore platforms, serve as artificial 

habitats and generally support assemblages that are distinct from those associated with natural 

habitats (e.g. rocky reefs), with regards to their structure and biodiversity (Glasby & Connell 

1999, Connell 2000, Bulleri 2005, Lam et al. 2009). The provision of novel habitat can alter 

local biodiversity by modifying dispersal patterns and facilitating the spread of non-indigenous 

species (NIS) (Bulleri & Chapman 2010). One of the drivers in changing the species 

composition of an artificial habitat is the propagule pressure, or number of individuals released 

into an area to (Drake & Lodge 2006). This can be the release of adults or, more commonly 

larvae, from a vector into a new environment. Increases in propagule pressure from NIS can 

occur due to a greater frequency of arrival events or intensity of exposure during a single event 

(Lockwood et al. 2005, Johnston et al. 2009). Increased propagule pressure from NIS represents 

the potential for increased incursion events which can dramatically change species composition 

from that of a natural community in natural habitat.  
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On coastal infrastructure human activities such as shipping and vector movement 

simultaneously apply disturbance with increased propagule pressure (Cohen & Carlton 1998). 

Disturbance can include physical removal of established species due to vessels docking or 

maintenance of structures, or chemical perturbations such as antifouling paints and pollution 

which can inhibit the survival ofless tolerant species, particularly native species, and reduce 

biomass (Grime 1977). Regardless of the mechanism of disturbance, it often frees space 

(Stachowicz et al. 2002, Clark & Johnston 2005) and alters the availability of other resources 

such as light, nutrients and food for organisms persisting within or colonising the disturbed area. 

Competition for free space and resources is an important process is determining community 

composition (Osman 1977, Richmond & Seed 1991). By altering competitive interactions and 

freeing up resources, disturbance can facilitate propagule settlement and survival, and lower the 

minimum propagule pressure required for invasion (Clark & Johnston 2009). Due to the rapid 

development of coastal infrastructure and increasing global connectivity, disturbance is often 

juxtaposed with the supply of propagule pressure from plankton in ballast water and hull fouling 

from nearby vessels and structures (Ruiz et al. 2000). As these vectors often transport non-

indigenous species (NIS) there is greater opportunity for invasion on these structures (Clark & 

Johnston 2009).          

 

In sessile invertebrate assemblages, species composition and abundance can be very 

unpredictable due to the complex interaction of processes including seasonal recruitment, 

propagule pressure and disturbance. Information about scales of natural variability is very 

important in designing appropriate experiments (Glasby 1998). From a biosecurity perspective, 

surveillance for detection of invasive species within coastal ecosystems should also be 

conducted at an appropriate scale. By deploying settlement plates as novel available space for 

colonisation at multiple sites every two months we documented the spatial and temporal 

variability of assemblages over the course of one year to understand the level of species 

turnover. The amount of variability may be able to be used to recommend appropriate 

surveillance for NIS detection at Garden Island. We hypothesised that sessile invertebrate 
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assemblages would exhibit high spatial and temporal variability but 1) significant differences 

would be observed between sites and 2) between sampling periods, with the summer months 

having increased percent cover and biomass. As ports and marinas are known to be hotspots for 

bioinvasions, we predict that 3) much of the observed diversity would comprise non-indigenous 

and invasive species.  

 

3.4 Methods 

3.4.1 Study area and sampling design 

This study was undertaken at Garden Island, 5km off of the coast of Perth, 

Western Australia (WA). The island is about 10 km long and 1.5 km wide, and it 

is linked to the mainland by a man-made causeway.  The Royal Australian 

Navy's largest fleet is on the shores of Careening Bay, on the south-eastern 

section of Garden Island, facing Cockburn Sound. It is home to five frigates and 

all submarines of the Australian Submarine Service. For this study, sampling was 

conducted at 3 sites, Ammunition Jetty (Ammo), Parkes Jetty (Parkes) and the 

Small Boat Harbour (SBH) (Fig 3.1). SBH and Parkes are approximately 1km 

apart from each other in Careening Bay, with SBH being the most sheltered and 

Parkes having the highest turnover of visiting vessels. Ammo is roughly 7km to 

the north along the eastern coast of Garden Island and it is the most exposed site. 

These sites are regularly used for marine pest monitoring at Garden Island and 

are representative of different environmental conditions and NIS incursion 

likelihood.  
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Fig 3.1 Map of Garden Island sampling sites, Ammunition Jetty, Parkes Jetty and Small Boat 

Harbour  

 

This study utilised settlement arrays deployed by the Department of Fisheries Western Australia 

Marine Biosecurity Research team. As part of ongoing pest species monitoring, one settlement 

panel array was deployed and retrieved every two months from each of the Garden Island sites. 

Each settlement array contained 4 spatially independent, horizontally fixed PVC panels 10cm 

x10cm in size (separated by ~10cm). The arrays were designed to be free running along a 

vertical rope with two buoys at the top and ballast at the bottom to keep the panels suspended at 

a constant depth of ~1 m even during tidal variation. While vertical structures such as pylons are 

common in artificial habitats, in this study the panels were oriented horizontally to provide a 

shaded surface similar to the underside of pontoons and jetties.  These arrays were first 

deployed at each location in May 2013. After two months of immersion the panels were 

collected and frozen for later analysis and replaced by new panels. This continued until May 

2014. However, samples from March 2014 were missing from all sites. Samples were also 

missing from Ammo for May and November 2013. In addition, ‘HOBO’ temperature sensors 

with a logging frequency of every six hours were deployed Ammo to quantify seasonality in sea 

temperature. Phytoplankton concentration data was also obtained from NASA Earth 

Observations to show seasonal fluctuation in primary productivity.  While there are other 
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seasonally fluctuating abiotic factors that influence assemblage development, temperature and 

phytoplankton concentration were the only ones able to be measured for this study. 

 

3.4.2 Panel Analysis 

Each panel was weighed to determine the total biomass accumulation from each site.  

A gridded overlay 10 x10 cm in size with 1 cm
2
 grid squares was placed over each settlement 

panel and the dominant primary and secondary sessile invertebrate taxa within each grid space 

were identified to the lowest possible taxonomic levels and recorded to generate a proxy for 

percent cover. Taxa often overgrew one-another, creating total percent cover values in excess of 

100% for most of the panels. Only the undersides of the panels were analysed because the upper 

face was primarily fouled with only algae and sediment.   

 

3.4.3 Statistical Analysis 

Univariate and multivariate analyses were carried out using Primer 7 statistical software (Clarke 

et al. 2014) with the Permanova add-on (Anderson et al. 2008). Univariate attributes of the 

assemblages included total percent cover, taxon richness and biomass. Patterns of variability 

were examined with a 2-factor design using permutational multivariate analysis of variance 

(PERMANOVA). The model included sampling periods (fixed) and sites (fixed). Permutations 

were based on a Euclidean Distance similarity matrix generated from untransformed data, which 

is analogous to the traditional ANOVA. Where overall significant differences were detected 

(p<0.05) between sites or consecutive sampling periods, pairwise comparisons were conducted. 

Differences in dispersion for each of the univariate attributes were tested using the PERMDISP 

routine (Anderson et al. 2008). 

 

PERMANOVA was used to examine variability in multivariate assemblage structure, which 

used the same model as outlined above. Data was square root transformed prior to analysis to 

down-weigh the influence of highly abundant species. A Bray-Curtis similarity matrix was 

constructed and permutations (9999) were conducted under a reduced model. Where overall 
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significant differences were detected (p<0.05) between sites or consecutive sampling periods, 

pairwise comparisons were conducted. A SIMPER analysis was also performed to determine 

percentage contributions of individual taxa to any observed differences between sites and 

consecutive sampling periods. Components of multivariate dispersion were assessed using the 

PERMDISP routine and testing for variation among sites within each sampling period.  

 

RELATE routines were conducted for each site to test if assemblage structure correlates with 

water temperature or phytoplankton concentration (as estimated from NASA Earth 

Observations website). A RELATE test was also used to examine cyclical correlation between 

the observed similarity matrix and a model matrix constructed from the cyclical nature of 

seasonality (Clarke et al. 2014). A correlation coefficient of close to 1 would indicate that shifts 

in assemblage structure are correlated with changes over time (i.e. monthly patterns). Square 

root transformed assemblage data was then averaged over the replicates and a new Bray-Curtis 

matrix was computed with was visualised on an MDS. The seasonal cycle split between the 

three sites was overlaid on the plot.  

 

3.5 Results 

Sampling was completed over the course of a year from May 2013 to May 2014. During this 

time, the temperature ranged from 17 to 24°C with the coolest temperature occurring in 

September 2013 and the warmest temperature occurring in January 2014. Phytoplankton 

concentration ranged from 0.5 to 2 mg/m
3
 with the lowest concentration occurring in January 

2014 and the highest in May 2013 (Fig 3.2).  In total, 72 panels were weighed and analysed 

from 3 sites during 6 sampling periods. In the analysis of the sessile invertebrate taxa on the 

underside of the plates, animals were identified from 7 phyla. A total of 32 taxonomic groups 

were recorded. Ascidians and bryozoans were identified to species level; 10 species of ascidians 

(31% of the total taxonomic groups) and 11 species of bryozoans were classified (34%). All 

other sessile species were grouped into the course taxonomic groups: serpulid worms, sabellid 

worms, hydroids, sponges, mussels, barnacles, oysters, scallops and clams.  
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Fig 3.2 (a) Mean sea temperature (°C) at Garden Island collected at Ammunition Jetty from 

May 2013 to May 2014 (values are means calculated from six-hourly observations during the 2-

month observation period plus standard deviation). (b) Phytoplankton concentration on the day 

of sampling (mg/m
3
) during each sampling period. Data obtained from NASA Earth 

Observations 

 

Percent cover, biomass and richness indicated significant temporal and spatial variability (Table 

3.1, 3.2 and Fig 3.3). Total percent cover varied significantly between sites and across sampling 

periods. The highest variation at Parkes occurred between May and July and the highest 

variation at SBH occurred between July and September. However, during all sampling periods, 

there was no significant difference between Parkes and SBH. Unfortunately data from Ammo 

was missing for May 2013 and November, but it was significantly different to both Parkes and 

SBH during July and September with consistently lower cover throughout the year (Table 3.2). 

There were no significant differences in the degree of variability amongst levels within each 

factor (Table 3.4). Cover was largely driven by the patterns of the colonial tunicates. The 

ascidian species with highest percent cover were Didemnum perlucidum which reached 62% 

cover at Parkes in July, Botryllus schlosseri which reached 62% cover at the SBH in July and 

Diplosoma listerianum which reached 49% cover in November at the SBH (Fig 3.4).  
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Table 3.1 Results of univariate and multivariate PERMANOVAs testing the effects of sampling 

period (Month, fixed) and sites (Site, fixed) on patterns of total percent cover, taxon richness, 

biomass and assemblage structure of invertebrate species at Garden Island, Western Australia   

 

Source df     MS Pseudo-F P(perm) Unique perms 

Percent Cover 

    Month 5 7542 14.659 0.0001 9964 

Site 2 12037 23.395 0.0001 9961 

Month x Site 8 1235.4 2.4011 0.0305 9942 

Residual 48 514.5                         

Biomass 

     Month 5 1529.5 13.409 0.0001 9945 

Site 2 795.88 6.9774 0.0018 9960 

Month x Site 8 904.76 7.9319 0.0001 9946 

Residual 48 114.07             

Richness 

     Month 5 0.339 0.77 0.5804 9952 

Site 2 8.7944 19.979 0.0001 9941 

Month x Site 8 0.5782 1.3135 0.2629 9948 

Residual 48 0.44019 

         

Pairwise Site: 

Ammo ≠ 

Parkes, SBH        

Multivariate Assemblage Structure 

Month 5 6422.9 5.6646 0.0001 9914 

Site 2 16523 14.572 0.0001 9945 

Month x Site 8 2635.4 2.3242 0.0001 9881 

Residual 48 1133.9                         
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Table 3.2 P values of post hoc pairwise tests for a) percent cover and b) biomass data. Terms tested are month, site and month x site interaction. Only pairwise tests 

between consecutive months are shown. Significance accepted at p<0.05. X indicates no data from Ammo Jetty at sampling times May 2013 and Nov 2013.  

a) 

      

b) 

     Percent Cover Pairwise Tests 

   

Biomass Pairwise Tests 

   Term: Month           Term: Month         

             

 

May-

13 Jul-13 Sep-13 Nov-13 Jan-14 

  

May-13 Jul-13 Sep-13 Nov-13 Jan-14 

Jul-13 0.003 

     

Jul-13 0.4305 

    Sep-13 

 

0.0037 

    

Sep-13 

 

0.0009 

   Nov-13 

  

0.7574 

   

Nov-13 

  

0.2689 

  Jan-14 

   

0.1314 

  

Jan-14 

   

0.0684 

 May-14         0.1277   May-14         0.005 

Term: 'Month x Site' for pairs of levels of factor 'Month' Term: 'Month x Site' for pairs of levels of factor 'Month' 

SBH 

      

SBH 

     

 

May-

13 Jul-13 Sep-13 Nov-13 Jan-14 

  

May-13 Jul-13 Sep-13 Nov-13 Jan-14 

Jul-13 0.3952 

     

Jul-13 0.5991 
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Sep-13 

 

0.0586 

    

Sep-13 

 

0.0322 

   Nov-13 

  

0.7467 

   

Nov-13 

  

0.5132 

  Jan-14 

   

0.1147 

  

Jan-14 

   

0.03 

 May-14 

    

0.4541 

 

May-14 

    

0.4017 

Parkes 

      

Parkes 

     

 

May-

13 Jul-13 Sep-13 Nov-13 Jan-14 

  

May-13 Jul-13 Sep-13 Nov-13 Jan-14 

Jul-13 0.0298 

     

Jul-13 0.4292 

    Sep-13 

 

0.6287 

    

Sep-13 

 

0.1131 

   Nov-13 

  

0.5751 

   

Nov-13 

  

0.2811 

  Jan-14 

   

0.9717 

  

Jan-14 

   

0.6506 

 May-14 

    

0.1103 

 

May-14 

    

0.4806 

Ammo 

      

Ammo 

     

 

May-

13 Jul-13 Sep-13 Nov-13 Jan-14 

  

May-13 Jul-13 Sep-13 Nov-13 Jan-14 

Jul-13 x 

     

Jul-13 

 

x 

   Sep-13 

 

0.1126 

    

Sep-13 

 

0.5092 

   Nov-13 

  

x 

   

Nov-13 

  

x 

  



77 
 

Jan-14 

   

x 

  

Jan-14 

   

x 

 May-14         0.1111   May-14         0.0276 

             

             Term: Site           Term: Site         

 

Ammo Parkes 

     

Ammo Parkes 

   Parkes 0.0001 

     

Parkes 0.0017 

    SBH 0.0001 0.2917 

    

SBH 0.25 0.0074 

   

             Term: 'MonthxSite' for pairs of levels of factor 'Site' 

 

Term: 'MonthxSite' for pairs of levels of factor 'Site' 

May-13 

      

May-13 

     

 

Ammo Parkes 

     

Ammo Parkes 

   Parkes x 

     

Parkes x 

    SBH x 0.5196 

    

SBH x 0.1453 

   Jul-13 

      

Jul-13 

     

 

Ammo Parkes 

     

Ammo Parkes 

   Parkes 0.0267 

     

Parkes 0.8868 

    SBH 0.0302 0.0837 

    

SBH 0.0561 0.0275 

   Sep-13 

      

Sep-13 
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Ammo Parkes 

     

Ammo Parkes 

   Parkes 0.0267 

     

Parkes 0.0271 

    SBH 0.0275 0.461 

    

SBH 0.0313 0.1364 

   Nov-13 

      

Nov-13 

     

 

Ammo Parkes 

     

Ammo Parkes 

   Parkes x 

     

Parkes x 

    SBH x 0.9087 

    

SBH x 0.3682 

   Jan-14 

      

Jan-14 

     

 

Ammo Parkes 

     

Ammo Parkes 

   Parkes 0.1163 

     

Parkes 0.1152 

    SBH 0.0586 0.0564 

    

SBH 0.0272 0.5999 

   May-14 

      

May-14 

     

 

Ammo Parkes 

     

Ammo Parkes 

   Parkes 0.2301 

     

Parkes 0.0274 

    SBH 0.2871 0.5473         SBH 0.0282 0.2262       
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Table 3.3 P values of post hoc pairwise tests for multivariate assemblage data. Terms tested are month, site and month x site interaction. Only pairwise tests between 

consecutive months are shown. Significance accepted at p<0.05. X indicates no data from Ammo Jetty at sampling times May 2013 and Nov 2013. 

 

 

Assemblage Pairwise Tests 

    Term: Month         

       

  

May-13 Jul-13 Sep-13 Nov-13 Jan-14 

 

Jul-13 0.0001 

    

 

Sep-13 

 

0.0001 

   

 

Nov-13 

  

0.0054 

  

 

Jan-14 

   

0.0046 

   May-14         0.0004 

 

 Term: 'Month x Site' for pairs of levels of factor 'Month' 

 

SBH 

     

  

May-13 Jul-13 Sep-13 Nov-13 Jan-14 

 

Jul-13 0.0281 

    

 

Sep-13 

 

0.0308 

   

 

Nov-13 

  

0.0268 
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Jan-14 

   

0.4507 

 

 

May-14 

    

0.0273 

 

Parkes 

     

  

May-13 Jul-13 Sep-13 Nov-13 Jan-14 

 

Jul-13 0.0287 

    

 

Sep-13 

 

0.1465 

   

 

Nov-13 

  

0.0265 

  

 

Jan-14 

   

0.0281 

 

 

May-14 

    

0.0297 

 

Ammo 

     

  

May-13 Jul-13 Sep-13 Nov-13 Jan-14 

 

Jul-13 x 

    

 

Sep-13 

 

0.0264 

   

 

Nov-13 

  

x 

  

 

Jan-14 

   

x 

   May-14         0.7912 
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  Term: Site         

  

Ammo Parkes 

   

 

Parkes 0.0001 

    

 

SBH 0.0001 0.0001 

   

       

 

Term: 'MonthxSite' for pairs of levels of factor 'Site' 

 

May-13 

     

  

Ammo Parkes 

   

 

Parkes x 

    

 

SBH x 0.0299 

   

 

Jul-13 

     

  

Ammo Parkes 

   

 

Parkes 0.0275 

    

 

SBH 0.0291 0.0281 

   

 

Sep-13 

     

  

Ammo Parkes 

   

 

Parkes 0.0578 

    

 

SBH 0.0278 0.0262 
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Nov-13 

     

  

Ammo Parkes 

   

 

Parkes x 

    

 

SBH x 0.0276 

   

 

Jan-14 

     

  

Ammo Parkes 

   

 

Parkes 0.029 

    

 

SBH 0.0295 0.0278 

   

 

May-14 

     

  

Ammo Parkes 

   

 

Parkes 0.0253 

      SBH 0.0262 0.1455       
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Table 3.4 PERMDISP analyses comparing variability among sampling periods and sites.        

        

Source F df1 df2 P(perm) 

Percent Cover 

    Month 1.4968 5 58 0.2297 

Site 1.7967 2 61 0.2771 

Biomass         

Month 3.8171 5 58 0.0269 

Pairwise test: Sept > Nov 

Site 5.5221 2 61 0.0156 

Pairwise test:  

Ammo & SBH > Parkes  

Richness         

Month 3.0189 5 54 0.093 

Site 0.44431 2 57 0.6541 

Multivariate     

Month 5.3999 5 58 0.0019 

Pairwise test: Sept > July, 

Nov; Jan > May 2014 

Site 4.2138 2 61 0.0338 

Pairwise test: Ammo > 

Parkes, SBH 
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Fig 3.3 (a) Total percent cover, (b) biomass and (c) taxonomic richness of sessile assemblages 

from three sites at six sampling periods through the course of a year. Bars are mean values 

(n=4) (±SE). 

 

0

20

40

60

80

100

120

140

160

180

P
e

rc
e

n
t 

C
o

ve
r 

(%
) 

Ammunition Jetty

Parkes Jetty

SBH Workshop

0

10

20

30

40

50

60

70

80

B
io

m
as

s 
(g

) 

0

2

4

6

8

10

12

14

16

May-13 July Sept Nov Jan Mar May-14

Ta
xo

n
 R

ic
h

n
e

ss
 

a) 

a) 

b) 

c) 



85 
 

 

 

Biomass was also significantly different between sampling periods and between sites (Table 

3.1, 3.2) (Fig 3.3). In July, SBH had significantly higher biomass than Parkes but then it 

dropped significantly from July to September. In the following months (September to the 

following May) they remained similar to each other. Ammo was significantly different to both 

Parkes and SBH in September, January and the following May (Table 3.2).  This trend is likely 

to be the result of a high cover of barnacles at SBH in May and July 2013 and a high percent 

cover of barnacles at Ammo in May 2014 (Fig 3.4). PERMDISP detected significant variability 

in dispersion patterns, as biomass values were more variable in September compared with 

November and more variable at Ammo and SBH compared with Parkes (Table 3.4).   

 

Species richness was significantly different between Ammo and both of the other sites, with 

Ammo having the lowest diversity (Table 3.1). This site only supported a maximum of 5 taxa 

throughout the course of the year. Richness did not vary significantly between sampling periods. 

It was consistently low throughout the year at all sites. Parkes and SBH ranged between a mean 

richness of 6 to 11 taxa, with the highest diversity occurring during the winter (SBH in July and 

Parkes in September) (Fig 3.3). 
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 Fig 3.4 Percent cover (±SE) of the (a) barnacles and the most abundant ascidian species during 

the course of the year: (b) Didemnum perlucidum, (c) Botryllus schlosseri and (d) Diplosoma 

listerianum. 

 

Variability in assemblage structure was highly significant between sampling periods (p = 

0.0001) and sites (p = 0.0001), and the interaction term was also highly significant (p = 0.0001) 

(Table 3.1). Pairwise tests further demonstrated that there was significant variation between 

every site at almost every consecutive sampling period (Table 3.3, Fig 3.5). Examining the 

significant interaction term also showed that at all sites the assemblages varied with each 

sampling period and at each sampling period, all sites were significantly different to each other. 

The observed variability in assemblage structure may have also been influenced by significant 

differences in multivariate dispersion between levels of both factors (Table 3.3). The highest 

amount of dissimilarity between months was between July to September, which was primarily 

driven by the decrease in cover of barnacles and Didemnum perlucidum (Table 3.4). The period 

between July and September experienced the largest drop in percent cover and biomass, with 
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many of the dominant species diminishing during this time. However, these two periods also 

experienced the peak in taxon richness. Between sites, the highest amount of dissimilarity was 

between Ammo and the two other sites (Parkes and SBH). The distinctions were driven 

primarily by the absence of many species at Ammo such as encrusting bryozoans and colonial 

ascidians and the lower cover of those that were present. The absence of Celloporaria sp. and 

Botryllus schlosseri and the lower abundance of spirobid worms created a 32% difference 

between Ammo and SBH. Similarly, the absence of Watersipora sp. and serpulid worms and the 

lower cover of Didemnum perlucidum created a 28% difference between Ammo and Parkes 

(Table 3.4) 
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Fig 3.5 MDS plots indicating multivariate partitioning of assemblage structure at multiple 

sampling periods for each site a) Ammunition Jetty, b) Parkes Jetty and c) Small Boat Harbour. 

Plots are based on Bray-Curtis similarity matrices constructed from square root transformed 

data. 
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Table 3.4 Percentage contributions of individual groupings to observed differences between 

significantly different a) sampling periods and b) sites, as determined by SIMPER analysis. 

Only the top 5 contributors to dissimilarities are shown. Average dissimilarities are 

parenthesised. ‘Mean covers’ relate to each region (in order) in the comparison, ‘Contr. %’ 

refers to the contribution of each benthic grouping to differences between regions, and ‘Cum. 

%’ is a running total of the contribution to the observed dissimilarity. 

a) Mean Cover 1 Mean Cover 2 Contrib % Cum% 

May 2013 to July 2013 (56.79%) 

   Bugula sp. 0.37 1.17 7.99 7.99 

Spirorbis sp.  2.73 1.34 7.07 15.06 

Serpulidae 0 0.84 6.73 21.79 

D. perlucidum 1.12 1.18 6.49 28.28 

Celloporaria sp. A 1.23 0.25 6.46 34.74 

July 2013 to Sept. 2013 (69.07%) 

   Barnacle 1.71 0.4 14.24 14.24 

D. perlucidum 1.18 0.63 8.8 23.04 

Botryllus sp.  0.31 0.67 7.15 30.19 

Spirorbis sp.  1.34 1.43 6.8 36.98 

Oyster 0.56 0.66 6.71 43.69 

Sept. 2013 to Nov. 2013 (60.81%) 

   Celloporaria sp. A 1.1 0.45 9.27 9.27 

Serpulidae 0.39 1.08 7.69 16.97 

Barnacle 0.4 1.19 7.59 24.55 

Botryllus schlosseri 0.31 0.86 7.17 31.72 

Sponge 1 0.55 1.02 6.41 38.13 

Nov. 2013 to Jan. 2014 (49.46%) 

   Botryllus schlosseri 1.1 0.86 8.87 8.87 

Bugula sp. 0.81 0.59 8.7 17.57 

Serpulidae 0.83 1.08 8.4 25.97 

Diplosoma listerianum 0.25 0.97 8.15 34.12 
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Barnacle 1.54 1.19 7.12 41.23 

Jan. 2014 to May 2014 (49.03%) 

   Schizoporella sp.  0.32 1.44 12.82 12.82 

Celloporaria sp. B 0.3 1.36 12.04 24.86 

Diplosoma listerianum 0.25 1.12 9.02 33.88 

Botryllus schlosseri 1.1 0.24 7.35 41.22 

D. perlucidum 0.87 0.54 7.17 48.4 

     b) Mean Cover 1 Mean Cover 2 Contrib% Cum% 

Ammo and SBH (avg. dissim 71.75%) 

   Celloporaria sp. A 0 1.38 13.39 13.39 

Spirorbis sp.  0.72 2.25 10.97 24.36 

Botryllus schlosseri 0 1.16 8.01 32.37 

Schizoporella sp.  0.47 0.54 6.71 39.09 

Barnacle 1.66 1.53 6.12 45.21 

Ammo and Parkes (71.42%) 

   Serpulidae 0.1 1.17 10.29 10.29 

D. perlucidum 0.58 1.36 9.9 20.19 

Watersipora sp.  0 1.06 8.09 28.28 

Bugula sp. 0.11 1.13 7.59 35.87 

Spirorbis sp. 0.72 1.65 6.39 42.26 

SBH and Parkes (55.88%) 

   Celloporaria sp. A 1.38 0.38 8.81 8.81 

D. perlucidum 0.39 1.36 8.62 17.43 

Serpulidae 0.58 1.17 6.5 23.92 

Botryllus schlosseri 1.16 0.54 6.44 30.37 

Barnacle 1.53 0.92 6.44 36.8 

 

 

Surprisingly, the RELATE test indicated no correlation of assemblage structure to water 

temperature at any of the sites (Ammo – ρ = 0.048, p = 0.292, Parkes – ρ = 0.024, p = 0.357, 
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SBH – ρ = 0.003, p = 0.471). There was a stronger (but still fairly weak) correlation with 

phytoplankton concentration which was highly significant (ρ=0.252, p=0.0001). There was also 

a moderate but significant correlation between assemblage structure and a model generated from 

cyclicity in sampling months (ρ=0.292, p=0.001). The MDS plot of the assemblages shows a 

somewhat cyclical structure, particularly at SBH, with both May periods (late summer) being 

closely related to each other and September (late winter) being the least similar (Fig 3.6). All 

three sites are clearly distinct from each other but demonstrate a similar temporal pattern.  

 

 

 

 

Fig 3.6 MDS of assemblage structure related to a model of cyclicity. Data are split by site and 

averaged for each sampling period.  
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3.6 Discussion 

The availability of suitable settlement surfaces is one of the factors that regulate recruitment of 

sessile marine invertebrate organisms, which in this study we supplied in the form of 

standardised settlement plates. Despite the relative proximity of the sites to each other, each 

provided different abiotic characteristics and propagule supply that led to high levels of 

variation in space and time. This variation was moderately correlated with seasonality. The 

assemblage structure as well as percent cover, biomass and taxonomic richness after two month 

development periods were examined throughout the course of one year. In this time, there were 

seasonal fluctuations in water temperature, phytoplankton availability, physical conditions, 

seasonal changes in recruitment and changes in propagule pressure due to visiting vessels. 

These complex interactions, paired with the small surfaces of the panels being studied led to 

high spatial and temporal variability and supported the premise that bi-annual sampling in 

summer and winter with limited spatial replication will not necessarily be sufficient in the 

timely detection of NIS.  

 

Our first hypothesis that there would be significant spatial variation was supported. There were 

distinct differences between the three sites in assemblage structure, percent cover, biomass and 

taxonomic richness. As described by Osman (2015), local processes have an important role in 

determining recruitment success. Recruitment is strongly regulated by the supply of competent 

planktonic propagules, which is the product of larval abundance and the hydrodynamic 

environment that delivers the propagules to a given surface (Floerl & Inglis 2003). Recruitment 

can be highly variable at small scales. While many species have peaks of recruitment at 

particular time of the year, distribution of recruits evident on small panels is patchy and 

unpredictable (Keough 1983). 

 

Rates of recruitment can be enhanced within an enclosed marina environment, as opposed to a 

site with more wave exposure and water movement (Floerl & Inglis 2003). This is likely one of 

the defining differences in distinguishing Ammo, the most open and wave exposed site, from 
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Parkes and SBH which are in a sheltered bay and enclosed marina environment. The mechanical 

force of waves is an influential factor in driving community composition between exposed and 

sheltered areas (Vaselli et al. 2008). Ammo was dominated by barnacles which are generally 

more abundant in areas of higher wave exposure (Floerl & Inglis 2003, Moschella et al. 2005).   

The assemblage at this site also had a consistently lower taxonomic richness than the other two 

sites, again likely to be caused by increased water movement and possibly a smaller available 

local larval recruitment pool. There are fewer vessels bringing propagules into this area and the 

open environment may continually sweep propagules away from the area. In addition, vessels 

visiting Ammo jetty only remain there for very short periods of time, whereas vessels at Parkes 

may stay for months thus increasing propagule pressure over time.  

 

The other sites, Parkes and SBH, at the southern end of the island in the bay are very close 

together but treated as independent sites because of their differing environmental conditions and 

uses. They are thought to pose different risks in terms of invasive species incursions. Both sites 

were dominated by colonial ascidians, primarily introduced and invasive species. At Parkes, 

plate assemblages were dominated by D. perlucidum or D. listerianum. In the months when D. 

perlucidum was highly abundant, D. listerianum was reduced and vice versa. Both species are 

likely able to out-compete B. schlosseri (Dijkstra et al. 2007), which is low in abundance 

throughout the year in this location. At SBH, B. schlosseri was the most dominant ascidian 

species throughout the course of the year. SBH is a more sheltered location with less fluctuation 

of water movement so the resident population of B. schlosseri may be able to have a 

competitive edge over the other species regardless of sampling time. Colonial and solitary 

ascidians are often spatial dominants but they are also generally poor broad scale recruiters due 

to the short duration of their larval phase (Richmond & Seed 1991). The sheltered environment 

may enable the propagules to remain in the bay for longer and increase the recruitment of these 

species year round. The non-indigenous encrusting bryozoans Watersipora sp. and Celleporaria 

sp. were also prevalent on many of the settlement panels. They are early successional species 
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able to colonise new surfaces as well as provide surfaces for the recruitment of/ overgrowth by 

other NIS (Glasby et al. 2007). 

 

Our second hypothesis regarding seasonal variability in response to changes in temperature and 

food availability was partially supported. According to Osman (2015), if there is seasonal 

variation in recruitment then panels deployed at different times within the same site should have 

recruitment of different species but retain the same level of species richness. Overall biomass 

and percent cover were highest in late summer to early winter. While this pattern was not well 

correlated with water temperature, as would be expected in a temperate environment (Grahame 

& Branch 1985, Starr et al. 1990) the change in biomass, cover and species composition 

between sampling periods while maintaining a relatively constant level of diversity, suggests 

evidence of a seasonal response. There was also evidence of a correlation between assemblage 

structure and phytoplankton concentration. The higher food availability may have influenced 

recruitment and growth of many species particularly in May and July of 2013. There may have 

been other seasonal processes influencing the overall recruitment patterns and assemblage 

structure that have not been quantified. Similar to many other coastal ecosystems, the 

assemblages are highly variable and do not vary predicably with time (Smale 2013). 

 

Finally, the third hypothesis was also supported in that the majority of the species and 

taxonomic groups were introduced or invasive species. Barnacle and colonial ascidians were 

consistently the most common species on the settlement plates. The physical conditions of port 

habitats and the association with vessels and human interaction often lead to assemblages that 

are dominated with NIS (Carlton 1996, Airoldi et al. 2015, Glasby et al. 2007). These species 

may have been present in the available species pool, as they are likely to have been established 

at Garden Island for some time. NIS often experience time lags throughout the invasion process, 

where introduced populations can exist in low levels for long periods of time before exploding, 

or they may gradually increase in abundance and impact over time (Crooks 2005, Simberloff et 

al. 2013). However, being common fouling species worldwide they are equally as likely to have 
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been transported to these sites within the study period as attached to boat hulls or in ballast 

water. The mechanisms are unclear but the resulting assemblages at Garden Island consist of a 

high turnover of species exhibiting characteristics of rapid growth, long recruitment seasons and 

the ability to outcompete or overgrow other species. The panels represented small scale patches 

and demonstrated that the average species composition and richness of the region does not 

change greatly over time, but the species at each local site keep changing, producing local 

instability (Connell & Slatyer 1977, Osman 2015).  

 

In conclusion, assemblages around artificial substrates are highly variable and driven by a 

complex range of factors including the characteristics of the recipient site, seasonal variation 

and the propagules available in the species pool. Given the associated vectors and the physical 

properties of the infrastructure, these species are typically invasive but with regular small scale 

disturbance and regular vessel interaction there is high level of species turnover. In developing a 

biosecurity monitoring program, this level of change must be considered and higher frequency 

and replication of monitoring effort will increase the chance of early detection of invasive 

species.  
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Chapters 2 and 3 examined the assemblages of sessile invertebrates on hard infrastructure as 

demonstrated by settlement panel arrays. The majority of the species found on these panels were 

described as either introduced or cryptogenic, meaning their origin is unknown and they may 

have been introduced prior to baseline surveys. Didemnum perlucidum is an example of a 

species that is classified as invasive due to its reproductive and life history traits, growth 

patterns and potential to cause negative impact. In Chapters 2 and 3, D. perlucidum was found 

to be present throughout Western Australia on settlement arrays. Chapter Four examines the 

presence of this species in a natural estuarine ecosystem and looks more in depth at the ability 

of D. perlucidum to cause harm. 

 

4.1.1 Statement of contribution 

I planned and directed all field work activities for this project but it was made possible with the 

assistance of my colleagues. Julieta Muñoz, Matthew Hewitt, Claire Wellington, Roger Duggan 

and Mathew Hourston from the WA Department of Fisheries Biosecurity team helped 

implement the monthly monitoring of D. perlucidum at Point Walter in 2013. Emily Gates, 

Chenae Tuckett, Mariah Lumley, Tomas Pedlow and Mikaela Andrews from the Wernberg lab 

helped me with the multiple D. perlucidum monitoring surveys throughout the river in 2014 and 

2015. I did all of the data analysis and drafting of the manuscript myself. I also had valuable 

input from my supervisors Thomas Wernberg and Justin McDonald in the overall experimental 

design and the editing of the manuscript for publication. 

 

4.2 Abstract 

Didemnid ascidians are notorious marine invaders, fouling infrastructure in many ecosystems 

globally. However, there have been few reports of direct interactions of invasive Didemnids 

with native species in their natural environment. The invasive colonial ascidian Didemnum 

perlucidum was discovered in the Swan River estuary (Western Australia) growing on the 

native seagrass Halophila ovalis. Given the known effects of other related Didemnum species it 



104 
 

was expected that D. perlucidum could adversely affect the seagrass, with possible flow on 

effects to the rest of the ecosystem. This study aimed to document the distribution and 

abundance of D. perlucidum in the estuary, and to determine whether this species had a negative 

impact on H. ovalis or associated flora and fauna.  D. perlucidum was largely present near areas 

of infrastructure, particularly mooring buoys, suggesting these were the source of D. perlucidum 

recruits on the seagrasses. It showed a clear seasonal pattern in abundance, with highly variable 

cover and colony size. D. perlucidum had a measurable effect on H. ovalis, with colonies 

enveloping all plant tissue, likely restricting the photosynthetic ability of individual leaves and 

total plant biomass. There were also significantly less seagrass-associated mud snails (Batillaria 

australis) where D. perlucidum cover was high. These results demonstrate the ability of 

invasive ascidians to colonise and affect native seagrasses and associated biota. Seagrasses are 

pivotal to the ecological function of many urban estuaries world-wide. Biodiversity in these 

systems is already vulnerable to multiple stressors from human activities but the potential stress 

of fouling ascidians may pose an additional and increasing threat in the future. 

 

4.3 Introduction 

The introduction of non-indigenous species (NIS) that become invasive is an environmental 

challenge affecting the world’s oceans and coastal ecosystems, including estuaries (Carlton 

1989, Orth et al. 2006, Williams et al. 2007). The effect is accelerating rapidly as vectors for 

introduction continue to increase (Ruiz et al. 2000, Simberloff et al. 2013).  

 

Estuaries are semi-enclosed coastal water bodies with a free connection to the open ocean and 

within which seawater is measurably diluted with fresh water from land drainage (Pritchard 

1967). These areas constitute transition zones between land and sea, creating some of the most 

biologically productive areas on Earth (Kennish 2002, Orth et al. 2006). Seagrass meadows are 

a dominant habitat in many estuaries where they offer a variety of important ecosystem services 

to coastal regions such as increasing habitat complexity, stabilising sediments, filtering runoff, 

providing habitat for other plants and animals, and carbon sequestration (Orth et al. 2006, 
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Barbier et al. 2011, Höffle et al. 2012, Thomsen et al. 2012a, Kilminster & Forbes 2013). 

However, these transition zones are often focal points for multiple human activities, 

concentrating anthropogenic influences such as sedimentation, nutrients and pollution into 

localised areas. Stress on the natural ecosystem combined with multiple vectors for introduction 

conditions estuaries to become sinks for new opportunistic species (Lotze et al. 2006, Höffle et 

al. 2012, Thomsen et al. 2012a).  

 

At least 56 non-indigenous species have been documented in seagrass ecosystems worldwide, of 

which 64% have been demonstrated or inferred to have negative effects (Orth et al. 2006, 

Williams 2007). Negative effects include alterations to energy flow and dynamics of benthic 

communities (Suchanek 1994), decreased seagrass photosynthesis and growth (Williams 2007), 

reduction in species diversity, shifts in trophic organisation, infiltration of pathogens and 

alteration of habitats (Kennish 2002).  

 

Didemnum perlucidum is a colonial ascidian believed to be native to tropical Indo-Pacific 

waters (Lambert 2002). There is strong evidence suggesting that D. perlucidum may be a very 

successful invader (Kremer & Rocha 2011, Bridgwood et al. 2014). Like many ascidian species 

it has life history traits that favour invasion including rapid growth, high fecundity and multiple 

reproductive strategies (Lambert 2002, 2007), including the ability to regenerate from fragments 

(Bullard et al. 2007, Valentine 2007, Muñoz et al. 2015).  

 

Didemnum perlucidum was first documented in Western Australia in 2010 growing on 

settlement panels and jetty pylons in the lower reaches of the Swan River estuary. Colonies 

were observed overgrowing other fouling organisms and formed continuous mats that covered 

up to 50% of pylon surfaces (Smale & Childs 2012). Since then, D. perlucidum has been 

confirmed in several locations along the coast of WA on artificial structures from Broome to 

Esperance (Bridgwood et al. 2014, Muñoz & McDonald 2014), spanning a latitudinal range of 

about 16° from tropical to temperate waters. Due to its potential negative impacts D. perlucidum 
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has been added to the Western Australian Prevention List for Introduced Marine Pests as well as 

the United States National Exotic Marine and Estuarine Species Information System (Fofonoff 

et al. 2003). Observations in the Swan River estuary between 2013 and 2015 have shown that 

D. perlucidum was also living on leaves of the native seagrass Halophila ovalis (McDonald, 

personal observation), which has not previously been documented.   

 

Ascidian fouling has been implicated as a probable driver of seagrass decline in some 

ecosystems, often causing negative effects on seagrass photosynthesis and growth (Sand-Jensen 

1977, Thomsen et al. 2012a), likely through smothering the plants (Carman & Grunden 2010, 

Wong & Vercaemer 2012). In New England (USA), Didemnum vexillum spread to eelgrass 

(Zostera marina) habitats, contributing to a loss of eelgrass as well as negative impacts on a 

commercial scallop fishery (Carman & Grunden 2010). Ascidian fouling of eelgrass beds has 

demonstrated deleterious effects including reduced plant growth, decreased light attenuation and 

decreased chlorophyll a concentrations (Wong & Vercaemer 2012). Fouled plants may also 

collapse under the weight of the ascidians and break away, contributing to the decline of the 

seagrass canopy as well as furthering spread of the invasive ascidians (Williams 2007). 

 

The Swan River-Cockburn Sound estuarine ecosystem is located within the city of Perth, capital 

of the state of Western Australia. It supports considerable biodiversity and is one of the most 

commercially and recreationally exploited coastal ecosystems in Australia, supporting activities 

contributing >$40 billion to the national economy each year (Botting et al. 2009). Seagrasses 

are an important component of this aquatic ecosystem because of their role as primary 

producers, provision of habitat, sediment stabilisation and as a food source (Orth et al. 2006). In 

addition to carbon, the oxygen produced is important in creating oxic conditions for other 

animals around the water-sediment interface (Kilminster & Forbes 2013). The dominant 

seagrass in the Swan River, Halophila ovalis, is a highly productive species, with an estimated 

net primary production of 500g C m
-2

 year
-1

 (Hillman et al. 1995). H. ovalis meadows are 

estimated to cover about 20-25% of the total estuary benthos, with the Department of Water 
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estimating coverage of about 403 hectares in 2011 (Kilminster & Forbes 2013). However, as is 

the global pattern, H. ovalis has been declining in the Swan River, primarily due to human 

activities and stressors including increased temperature and sedimentation, excessive nutrient 

runoff, non-native seaweed proliferation and invasion of NIS (Hillman et al. 1995, Kendrick et 

al. 2002, Williams 2007). The introduction of the invasive colonial ascidian D. perlucidum may 

be an additional threat to the health and abundance of the native seagrass H. ovalis which could 

have ‘flow-on’ effects to the rest of the ecosystem. Consequently, it is important to identify 

whether there is an effect of D. perlucidum on H. ovalis, the scale of the effects and whether 

there are likely irreversible large-scale future impacts.  The aims of this study were to 1) 

quantify the distribution and abundance of D. perlucidum on natural and artificial substrates in 

the Swan River under different seasonal conditions, and to 2) determine whether the colonies of 

D. perlucidum could be causing negative effects on Halophila ovalis and associated flora and 

fauna, particularly Batillaria australis. 

 

4.4 Methods 

4.4.1 Distribution and temporal variation in abundance of Didemnum perlucidum 

To establish the distribution and temporal variation in abundance of D. perlucidum growing on 

seagrasses and infrastructure, 12 sites were surveyed across the lower reaches of the Swan River 

between the river mouth and the Narrows Bridge, about 15 km upstream (Fig 4.1).  Permission 

for surveying the sites was granted by a permit from the Swan River Trust and all flora and 

fauna sample collections were supported by permits from the WA Department of Parks and 

Wildlife. Snorkelers and SCUBA divers surveyed seagrass meadows, moorings, and jetty 

pylons in April, June and August 2014 to document the seasonal peak through to the decline in 

D. perlucidum abundance as well as a follow-up in March 2015 to confirm the reappearance the 

following year. Within each site, 3 x 60m parallel transects were surveyed perpendicular to the 

shore. Six random 0.25x0.25m quadrats were observed and photographed at 20, 40 and 60m 

along each transect. Within the quadrats, percent cover of seagrasses and D. perlucidum was 
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estimated. Based on DNA barcoding of over 100 colonies of suspect D. perlucidum from the 

Swan River estuary in previous studies (Simpson, unpublished), there was a high degree of 

confidence that all white ascidians observed within the estuary were D. perlucidum. 

Observations of cover for seagrasses and D. perlucidum were classed into categories of 0, 1-

10%, 11-25%, 26-50%, 51-75%, 76-90% and 91-100%. The midpoint of each of these cover 

categories was used as the reported value, to allow for calculating average percent cover and 

standard deviation (Kilminster & Forbes 2013). Observations and photographs were recorded at 

adjacent moorings and jetty pylons to determine presence/absence of D. perlucidum on artificial 

structures adjacent to seagrass meadows.  

 

 

Fig 4.1 a-c) Map of the Swan River showing the 12 sites sampled in April and June 2014 and 

March 2015. Green indicates Didemnum perlucidum growing on seagrass and artificial 

substrates, blue indicates D. perlucidum growing only on artificial substrates and not seagrass, 

red indicates no presence of D. perlucidum. d-f) Percent cover plus standard error of D. 

perlucidum on seagrass at each site in April, June and March. Sites are along the horizontal axis 

and run from the lower estuary upstream towards Perth CBD. (Site name abbreviations: GR- 

Gilbert Fraser Reserve, ZR – Zephyr Café, CP – Chidley Point, MB – Mosman Bay, PW – Point 
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Walter, FB – Freshwater Bay, CL – Claremont, PT – Point Resolution, M – Matilda Bay, HT – 

Heathcote Reserve). 

 

Statistical analyses were performed using Primer 6 software (Clarke et al. 2014) with the 

PERMANOVA add-on package (Anderson et al. 2008). Differences in cover of D. perlucidum 

among sites (random factor), times of the year (random factor) and transects (random factor 

nested in site) were tested by analysis of variance by permutation (PERMANOVA). Data was 

Log(x+1) transformed with Euclidean Distance resemblance. 

 

For each site a range of factors were recorded to determine if any environmental conditions 

correlated with the distribution of Didemnum perlucidum. Measurements of temperature and 

salinity were taken at each site using a YSI multimeter probe. Baardseth’s index was used as a 

proxy for water movement due to wave exposure at each site. This was calculated by counting 

the number of 10° sectors with a 3.75 km open fetch (Baardseth 1970, Wernberg & Thomsen 

2005). Thus, the exposure scale ranged from 0 = fully protected to 36 = fully exposed. 

Measurements were made on a marine chart with a 1:25,000 scale. This chart was also used to 

measure the distance of each site to the nearest jetty and to the river mouth. The number of 

moorings present within 100m by 100m around the measured transects was also recorded. 

Distance-based redundancy analysis (DISTLM) was used to identify the subset of 

environmental factors that best explained the distribution of D. perlucidum and identify the 

correlation of each factor. For this analysis environmental data were normalised and D. 

perlucidum cover data was square root transformed with Bray Curtis resemblance plus a dummy 

variable to reduce the influence of many zero values.  

 

A permanent 10m
 
x 10m quadrat was established at Point Walter from April 2013 to March 

2014 to further assess the growth and spread of D. perlucidum colonies over time. The entire 

quadrat was photographed, (100 1m
2
 photos) every month. Image J software was used to 

measure the area of all emergent colonies. To test for differences in colony size within each 



110 
 

quadrat from month to month we performed a repeated measures analysis of variance 

(ANOVA).  

 

4.4.2 Effects on seagrass 

Within five of the seagrass sites, (ZR, RB, MB, FB and PT, Fig 1), biomass samples were 

collected using randomly placed 10cm x10cm quadrats. Three samples of Halophila ovalis only 

and three samples of H. ovalis with Didemnum perlucidum were collected (total n=30). The D. 

perlucidum was carefully separated from the H. ovalis and each sample was dried for 24 hours 

at 40°C and then weighed. A PERMANOVA (Euclidian Distance, 9999 permutations) was 

performed to test for significant differences in seagrass biomass between sites and samples with 

and without D. perlucidum.  

 

Photosynthetic response of Halophila ovalis leaves that had been covered with Didemnum 

perlucidum colonies were compared in the laboratory to leaves without D. perlucidum. Samples 

were collected from Freshwater Bay and Mosman Bay in February 2015 in approximately 2 

metres depth.  Five D. perlucidum colonies, along with five adjacent unaffected samples of H. 

ovalis, were collected from each site (total n=20).  Leaves from within the D. perlucidum 

colonies were then separated from the tunicate tissue. Pulse amplitude modulated (PAM) 

chlorophyll fluorescence parameters were measured from the middle of the leaf using a Mini-

PAM (Walz, Germany). Maximum quantum yield (Fv/Fm) was measured, as this is frequently 

used as an indicator of photo-physiological stress to the PS2 complex. Data were downloaded 

and analysed using the WinControl-3 software. All leaves were placed in plastic ‘leaf clips’ and 

dark adapted for 10 minutes. Rapid light curves were produced using an incremental sequence 

of actinic illumination with seven discrete irradiance steps (0, 45, 90, 180, 300, 500, 700 µmol 

quanta m
-2

s
-1

). The maximum electron transfer rate (ETRmax) and photosynthetic efficiency (α) 

were calculated by fitting the rapid light curve data to an exponential function (Bité et al. 2007).  
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Pigment levels were measured by cutting a 1cm diameter disks from each leaf, measuring the 

wet weight and soaking them overnight in 3ml of 100% acetone. The following day, the 

remaining leaf tissue was removed and the acetone was mixed with 1 ml distilled water and 1ml 

methanol. Solutions were centrifuged for 3 minutes at 1500rpm and kept on ice. The top 3ml 

was measured using a spectrophotometer at 664nm wavelength to determine the concentration 

of chlorophyll a (Wheeler 1980).  

 

Photosynthetic activity and pigment concentrations can only be measured on leaves that are still 

alive. Consequently, this produced an overestimation of the health of the leaves within the D. 

perlucidum colony, as most of the leaves were dead. Therefore an index of the health of leaves 

within and without D. perlucidum colonies was estimated following the scale: 1 = alive (green), 

2 = alive with necrotic patches (green with brown spots), 3 = dead (various shades of brown). 

This index was used to qualify the photosynthetic and pigment results.  

 

4.4.3 Effects on Batillaria australis  

Battilaria australis is a mud snail which is currently the most abundant macroinvertebrate in the 

Swan River (Thomsen et al. 2010). These snails were sieved from sediment cores with and 

without Didemnum perlucidum colonies. Sediment cores (90mm diameter, 60mm depth) were 

collected from 3 sites (ZR, MB and FB) in April and June 2014 and March 2015. Within each 

site, 6 cores were collected, 3 containing a D. perlucidum colony and 3 without (total n=18). B 

australis individuals were counted in each core and analysed by PERMANOVA (data Logx+1 

transformed, Euclidean Distance resemblance) following a design of treatment (with or without 

D. perlucidum) (fixed), time of year (random) and site (random). 
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4.5 Results  

4.5.1 Distribution and monitoring of Didemnum perlucidum 

In April 2014, D. perlucidum was observed at 86% of the sites surveyed in the Swan River 

(S4.1 Table). Of those, 75% had D. perlucidum growing on seagrass, primarily on Halophila 

ovalis but in Rocky Bay, where other seagrasses are present, it was also growing on Zostera 

marina. Occasionally it was even seen growing on the macroalgae Gracilaria comosa, 

Cystoseira sp. and Chaetomorpha sp. Where D. perlucidum was associated with H. ovalis it was 

observed on individual seagrass blades but more often was spread across numerous blades, 

forming mats up to 30cm in diameter (~900 cm2).  Most observations of D. perlucidum on 

seagrass were found within 10s of meters of colonies growing on artificial structures such as 

jetties and mooring lines. Colonies were recorded from both natural and artificial substrates in 

the Swan River between 2m and 10m depth (Fig 4.2).   In June, D. perlucidum was only present 

on seagrass at 58% of the observed sites but was still widespread on artificial surfaces. In 

August, there was no observable D. perlucidum on either seagrass or artificial structures at any 

of the sites. In March 2015, D. perlucidum had returned on seagrass at 42% of the sites and 

artificial structures in 86% of the sites (Fig 4.1).  

 

 

 

Fig 4.2 Didemnum perlucidum on seagrass, a navigation marker and bare substratum. 
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The cover of Didemnum perlucidum varied considerably over time (Fig 4.1 and Table 4.1). In 

April, mean (± SE) cover across the estuary was 3% (±1.4) with a maximum mean cover of 

17% (±6.6) at Mosman Bay. In June, mean percent cover was 2% (±0.8) with a maximum of 

7% (±4.4) at Mosman Bay. By August and through to the following year there was no D. 

perlucidum visibly present at any of the sites being monitored. By March 2015 it was present 

again, with a mean cover of 2.6% (±1.9).  Again, the highest cover was observed in Mosman 

Bay, peaking at 22.6% (±3.9).  

 

Table 4.1 Analysis of Variance by Permutaion (PERMANOVA) testing for differences in 

percent cover of D. perlucidum among sites (random factor), times of the year (random factor) 

and transects (random factor nested in site). The analyses were based on Euclidean Distances 

calculated from Log(x+1) transformed data.  

 

Source df MS Pseudo-F P(perm) Unique Perms 

Time of Year 2 6.981 4.83 0.016 9946 

Site 11 3.535 2.10 0.014 9912 

Transect(Site) 24 0.379 1.28 0.223 9912 

Time x Site 22 1.455 4.94 <0.001 9914 

Time x Transect(Site) 48 0.294 0.55 0.995 9863 

Residual 227 0.540    

 

Within the permanent quadrat, at the beginning of the study in April, D. perlucidum colonies 

had an average size of 106cm
2
 ± 7.3 SE with a range of 6.8 to 853cm

2
. Colony size contracted 

significantly by May and continued to decrease each month through the winter. By August there 

were no noticeable colonies. We continued to monitor the permanent quadrat until April 2014. 

In that time, D. perlucidum never returned.  
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Though D. perlucidum was not present within the permanent quadrat in April 2014, it was 

present about 100m away on Halophila ovalis clustered around a navigation marker. It was also 

present on the marker itself. Colonies within a 20m radius of the marker were measured to 

compare to the size of colonies from the previous year (n=40). The average area of the colony 

was 33.1cm
2
 ± 6.6 and ranged from 1 to 196 cm

2
, demonstrating the extreme variability of 

colony sizes at that time. 

 

Of the abiotic variables measured throughout the study, the multiple regression model (DistLM) 

found the number of moorings within a site to explain the highest proportion of variation in D. 

perlucidum abundance, although this was only about 16% of the variation in D. perlucidum 

cover across the range of sites and seasons. Salinity (14 - 39.4ppt, Fig S4.1) contributed the 

second-most, explaining 10% of variation in cover (Table 4.2a and b).  Water temperature 

ranged from 13.1° to 27°C (Fig S4.1) and was expected to be highly correlated with abundance 

and distribution of D. perlucidum based on previous observations but in this model it was not 

significant.  Maximum depth correlated significantly but only explained very little variation in 

distribution. Other factors including wave exposure and distance to jetties were not significantly 

related to the distribution and abundance (Table 4.2a).  

 

Table 4.2 a) DistLM marginal test of contribution of factors to D. perlucidum distribution and 

b) model selections (Biological data square root transformed, Bray Curtis similarity, predictor 

environmental variables normalised, AICc selection criteria, stepwise selection procedure).  

a) Marginal Tests 

Variable SS(trace) Pseudo-F P Prop. 

 Temperature 1691 2.92 0.092 0.06 

 Salinity 3886 7.34 0.008 0.14 

Max Depth (m) 2329 4.12 0.038 0.09 

Dist. to closest jetty (m) 110 0.18 0.734 0.004 
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Moorings present 4280 8.22 0.006 0.16 

 Wave exposure 728 1.21 0.273 0.03 

 

b) Model Selections  

Variable AICc SS(trace) Pseudo-F P Prop. Cumul. 

Moorings present 290 4280 8.22 0.0048 0.16 0.16 

Salinity 287 2594 5.89 0.02 0.1 0.25 

Max depth 285 1841 4.18 0.04 0.07 0.32 

Wave exposure 285 1038 2.44 0.12 0.03 0.35 

 

4.5.2 Effects on seagrass 

Halophila ovalis biomass was significantly lower when associated with D. perlucidum (p = 

0.0003) (Fig 4.3, Table 4.3). In many cases, the plant tissue had disintegrated within the D. 

perlucidum colony. Differences in leaf biomass loss were not significant across the 3 sampling 

seasons (p = 0.059), implying that loss of biomass due to smothering by D. perlucidum did not 

change seasonally. The significant difference between the sites could be attributed to the spatial 

and seasonal variability in D. perlucidum and H. ovalis abundance (p = 0.001).  
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Fig 4.3 Dry weight biomass of Halophila ovalis with and without D. perlucidum. Colonies 

sampled and pooled from 5 sites in April and June 2014 and March 2015. 
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Table 4.3 Analysis of Variance by Permutation (PERMANOVA) testing for differences in H. 

ovalis biomass with and without D. perlucidum (fixed factor), times of the year (fixed factor) 

and sites (random, nested in season). The analyses were based on Euclidean Distances 

calculated from Log(x+1) transformed data.   

 

Source Df MS Pseudo-F P(perm) Unique perms 

Treatment 1 5.083 34.6 <0.001 9832 

Season 2 6.497 3.84 0.060 9819 

Site(season) 10 1.693 13.04 <0.001 9939 

Treatment x season 2 1.081 7.36 0.012 9959 

Treatment x site 9 0.147 1.13 0.362 9934 

Residual 52 0.130    

 

 

Rapid light curves for live Halophila leaves with and without D. perlucidum were different.  

Leaves covered with D. perlucidum showed a lower electron transport rate and overall lower 

light curve (Fig 4.4).  At both sites, leaves with D. perlucidum showed decreasing ETRmax and 

increased α compared to leaves without D. perlucidum. However, these differences were not 

statistically significant (ETRmax p= 0.247, α p=0.251).  Differences in chlorophyll a pigments 

were also not significant between leaves with and without coverage of D. perlucidum (p = 

0.259). 
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Fig 4.4 a) Relative light curve of H. ovalis tissues with and without D. perlucidum. b) α and 

ETRmax of H. ovalis tissue. D = plant tissue which had been covered with D. perlucidum colony. 

ND = plant tissue not impacted by D. perlucidum. 

 

Seagrass leaves within D. perlucidum colonies remained strongly attached to their stolons, 

which were rooted in the sediment. This suggests that leaves were alive when D. perlucidum 

settled and began to cover them rather than being dead or dying prior to settlement. This is 

further supported by the observation that D. perlucidum was seen growing on individual live 

leaves, and in sampling leaves around the D. perlucidum colonies it was evident that over 70% 

of the surrounding leaves appeared to be alive and healthy. The leaves chosen to measure 

photosynthesis and pigments were those which were still alive and photosynthetically active. As 

examined with the health index, this represented a small percentage of all the leaves within D. 

perlucidum colonies. Only 7% of the leaves within any given colony still maintained a bright 

green colour and only about 38% had some remaining green colour but were starting to turn 
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brown, indicating that they were unhealthy or dying. The remaining 55% of leaves were various 

shades of brown suggesting they were already dead. This was compared to samples of 

unaffected leaves, in which more than 70% of leaves were green and alive (Fig 4.5). While 

photosynthetic rates and pigments of individual leaves might be marginally lower when 

associated with D. perlucidum, the measured leaves were part of a greater assemblage of mostly 

dead leaves. This suggests that measuring photosynthesis on the remaining live leaves may be 

underestimating the overall reduction in production capacity of H. ovalis. The lack of 

manipulation in the design of this study limits the ability to fully interpret these findings and 

used in isolation, fluorescence parameters are not a good indicator of stress in response to D. 

perlucidum.   

 

 

 

Fig 4.5 Relative health index of H. ovalis leaves with and without D. perlucidum. 1 = alive 

(green), 2 = alive with necrotic patches (green with brown spots), 3 = dead (various shades of 

brown). 

 

4.5.3 Effects on Batillaria australis 

There were significantly lower densities of B. australis in the presence of D. perlucidum 

associated with H. ovalis (p = 0.003). Average counts of B. australis were 1.3 to 2.8 times 

higher in cores without D. perlucidum than those with colonies present (Fig 4.6).  
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Fig 4.6 Counts of Batillaria australis with and without D. perlucidum colonies sampled from 

9mm sediment cores and pooled from 3 sites in April and June 2014 and March 2015. (n = 9 

with D. perlucidum per site and 9 without D. perlucidum per site). 

 

4.6 Discussion 

Globally there has been rapid, large scale seagrass loss associated with multiple stressors 

including climate change, shifts in water quality and localised impacts such as pollution and 

increased sediment and nutrients (Orth et al. 2006, Lotze et al. 2006, Thomsen et al. 2012a). 

The introduction of invasive species, particularly ascidians, is another stressor contributing to 

seagrass loss (Sand-Jensen 1977, Carman & Grunden 2010, Wong & Vercaemer 2012). This 

study has shown that in the Swan River, a typical urban estuary, the invasive colonial ascidian 

Didemnum perlucidum has a widespread seasonal coverage throughout the lower reaches of the 

estuary with the potential to directly contribute to loss of the native seagrass Halophila ovalis. 

As far as we are aware, this is the first time that this species has been documented fouling on 

natural substrata such as live seagrass. We have shown that it has a measurable effect on small 

scale patches of seagrass, impacting the biomass and photosynthetic ability of leaves that it 
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settles on and also influencing the abundance of associated fauna. The presence of human 

infrastructure, particularly boat moorings, was found to be the best predictor of D. perlucidum 

distribution in the estuarine environment, suggesting these structures facilitate the spread to, and 

impact on, seagrass beds.   

 

4.6.1 Distribution of Didemnum perlucidum 

In this study, the distribution of Didemnum perlucidum in the lower estuary of the Swan River 

was patchy and seasonal, and appeared to be driven by the presence of infrastructure and the 

hydrology of the river, particularly the changes in salinity.  

 

The abundance of D. perlucidum colonies was consistently most prevalent in areas with 

artificial structure including boat moorings, jetties, yacht clubs and navigation markers. The first 

observations of colonies each year were concentrated around these structures (Simpson personal 

observation), suggesting they facilitated recruitment into seagrass beds. This also helps to 

explain the mechanism of dispersal and recolonization of D. perlucidum each summer. 

Settlement arrays in the inner harbour area of Fremantle Port (at the river mouth) and around 

nearby Garden Island have demonstrated overwintering colonies (Simpson unpublished data). It 

is possible that these colonies provide larvae for recruitment upriver as conditions become more 

favourable. There may also be overwintering colonies in deep pockets of the river where salinity 

remains high even during winter flooding, such as in Mosman Bay which consistently had the 

highest cover of D. perlucidum. It is likely that D. perlucidum maintains small colonies on 

mooring buoys over the winter. Recreational vessels are a likely vector for spread of propagules 

from these surviving colonies throughout the river.  

 

In addition, rafting on plant material could be another transport vector explaining the 

reappearance and spread of D. perlucidum. Rafting is an important process for the population 

dynamics of many organisms including ascidians and it has a strong influence on coastal 

biodiversity. Rafting on eelgrass is a previously described method of transport and spread for 
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other ascidian species including Botryllids and Ciona intestinalis and has been suggested as a 

method of spread for Didemnum vexillum (Theil & Gutow 2005, Bullard et al. 2007, Carman & 

Grunden 2010, Morris & Carman 2012). H. ovalis is vulnerable to dislodgement as the leaves 

grow from a shallow rhizome with only small roots below ground as an anchor. As leaves 

become smothered by D. perlucidum the extra drag increases the likelihood that the rhizome 

will break or the plant will become uprooted. They roll along the substrate and when they get 

snagged may induce settlement in new areas. D. perlucidum is very capable of regenerating 

from fragmentation (Muñoz et al. 2015).  Colonies may overwinter in deep seagrass areas or on 

artificial substrate near the Port or on vessels but are able to spread quickly to other areas 

throughout the season through larval dispersal, fragmentation and/or rafting. 

 

Hydrology of the river is also important in shaping the distribution of D. perlucidum. The Swan 

River is a microtidal estuary (tidal range <2m). Physical processes are driven by wind, wave 

action and freshwater runoff rather than tidal fluctuation. This results in a system of very low 

turbulence and high density stratification (Kurup et al. 1998).  The hydrology of the Swan River 

changes seasonally due to the nature of winter rainfall and following catchment runoff 

(Stephens & Imberger 1996, Kurup et al. 1998). Early in the summer, a salt wedge propagates 

upstream roughly 60km from the river mouth. As river flow increases in winter, there is usually 

a period of stratification before the salt wedge is pushed back out toward the lower estuary. Salt 

water remains longer in the deeper areas until the freshwater influx from rain eventually flushes 

the estuary (Kurup et al. 1998). This pattern of salinity helps to explain why D. perlucidum is 

able to survive so far upstream during the summer. Colonies were present throughout much of 

the lower estuary following periods of warm water and high salinity. As the salt wedge retreated 

with the influx of rainwater runoff, colonies retracted or died. D. perlucidum died off early near 

Point Walter because it is an area strongly influenced by freshwater runoff with low salinity by 

June. Mosman Bay and Chidley Point maintained large colonies later in the year because they 

are deeper sites which still had high salinity under the freshwater lens. By August the saltwater 
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had moved out of the estuary, resulting in a complete lack of visible D. perlucidum survival 

throughout the winter. 

 

Salinity and temperature are important environmental factors influencing the distribution and 

recruitment of D. perlucidum (Kremer et al. 2010, Muñoz & McDonald 2014). Growth and 

reproductive effort are highest throughout the warmest months and larvae production, 

recruitment and growth decline during the winter (Muñoz et al. 2015). Current knowledge of 

temperature thresholds suggest it can survive between 15 and 30°C (Bridgwood et al. 2014) and 

in situ experiments have shown that D. perlucidum increases in cover and biomass when water 

temperature is increased (Smale et al. 2011, Smale & Wernberg 2012). D. perlucidum can 

reproduce throughout the year but there is a reduction in colony size and larvae density during 

the period of winter to spring (Muñoz & McDonald 2014, Muñoz et al. 2015). But despite 

reduced recruitment, in a marine environment, D. perlucidum is able to continue to survive and 

reproduce throughout the year (Kremer et al. 2010, Muñoz & McDonald 2014). Within the 

Swan River, it is likely that the same pattern would persist. However, with the freshwater input 

through the estuary, the salinity becomes too low for ascidian survival and they appear to 

completely die off. In this study, our model suggested no evidence that temperature was a major 

driver in determining the distribution of D. perlucidum. This may be because although 

temperature is important to many aspects of the biology of D. perlucidum, salinity is most 

important in determining its survival. The salinity threshold has not yet been established but 

observations of D. perlucidum have shown a retraction of colonies in coastal environments 

during winter when freshwater runoff is increased, while colonies offshore do not seem to 

retract through winter (Simpson, personal observation). Multi-factorial studies need to be 

undertaken to determine the minimum salinity and temperature thresholds for survival and 

performance of this species.  
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4.6.2 Effect on seagrass 

Compared to other plant groups worldwide, seagrasses require very high light levels to provide 

oxygen to their roots and support large amounts of non-photosynthetic tissue (Orth et al. 2006). 

This light requirement means that seagrasses are highly influenced by environmental changes 

that alter light levels reaching the plant, such as turbidity (Orth et al. 2006), shading and fouling 

(Wong & Vercaemer 2012).  Fouling of D. perlucidum on Halophila leaves appears to cause the 

leaves to die and decompose within the colony. Ascidians can reduce PAR between 10 and 95% 

depending on the morphology of the zooids (Wong & Vercaemer 2012). D. perlucidum would 

be particularly variable because the presence of calcareous spicules in the tunic increases 

attenuation. The PAM analysis indicates that D. perlucidum is having an effect on the 

photosynthetic ability of the plant tissue but it cannot be concluded that reduced photosynthesis 

is the mechanism killing the plant.  

 

H. ovalis has a low tolerance to light deprivation, with complete plant death occurring after 38 

days in the dark (Longstaff & Dennison 1999). As D. perlucidum can persist for several months, 

the shading induced by this ascidian could clearly deprive the seagrass of the light required for 

effective photosynthesis. With limited tolerance to light deprivation, the long-term survival 

strategy of this species may be based on its ability to rapidly regrow from seed and/or vegetative 

fragments after light deprivation (Longstaff & Dennison 1999). If the long term survival 

strategy of Halophila is limited by other anthropogenic stressors, the additive effect of ascidian 

fouling will put additional pressure on the decline of seagrass meadows.  

 

In 2011, it was estimated that the Swan River estuary supported 403 ha of H. ovalis (Kilminster 

& Forbes 2013). In its peak season, as shown by measurements from April 2014 and March 

2015, D. perlucidum was present at 75% of the observed sites throughout the estuary, with its 

mean abundance being 3% cover. That would hypothetically equate to 9ha of H. ovalis being 

smothered by D. perlucidum during the peak season. Given an average biomass loss of 43%, 

regardless of season, that implies that as much as 3.9 ha of H. ovalis could be lost every year 
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during the peak D. perlucidum season, the same area as 6 soccer fields. During the low season, 

as measured in June 2014, 58% of the estuary had a D. perlucidum presence, with a mean cover 

of 2% at affected sites. This equates to 4.7 ha with a total potential loss of 2 ha of biomass. 

While this is a hypothetical extrapolation, it provides an estimation of the potential loss of H. 

ovalis at the estuary scale.   

 

4.6.3 Effects on Batillaria australis 

Studies on community structure in marine systems have often shown that invading species have 

the potential to displace resident species (Farnham 1980, Carlton et al. 1982, Race 1982) and in 

this study Batillaria australis was surveyed as an example of a benthic species that may be 

affected by the presence of an invasive fouling ascidian. B. australis was chosen as an example 

because it is the most abundant macroinvertebrate in the Swan River estuary (Thomsen et al. 

2010). It is also very important in creating habitat and facilitating overall diversity of benthic 

species (Thyrring et al. 2013). There were significantly higher numbers of the mud snail B. 

australis in cores without Didemnum perlucidum colonies. Thomsen et al. (2012b) found the 

opposite response to be true when the macroalgae Gracilaria comosa covered Halophila. It 

created a ‘habitat cascade’ where habitat forming seagrass provided living space and protection 

for another habitat former (macroalga) which then increased facilitation of invertebrate species 

including B. australis. However, where macroalgae provides oxygen, additional food and 

detritus used by the snails, D. perlucidum provides no nutritional benefit and at the same time 

seals off the decomposing seagrass within its acidic tunic. Didemnids have a pH within their 

tunic of less than 3, which is a level of acidity that deters most generalist fish predators (Pisut & 

Pawlik 2002, Bullard et al. 2007) other snails (Carman & Grunden 2010) and may deter B. 

australis as well. 

 

In 2012 it was estimated that there were over 5.2 billion snails in the seagrass meadows of the 

Swan River estuary, which has a massive impact on moving sediment, releasing nitrogen, 

filtering water and producing shells as potential substrate (Thomsen et al. 2010, Kilminster & 
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Forbes 2013). The peak abundance of B. australis also coincides with the peak abundance of D. 

perlucidum. Both species have the highest cover in the sites closest to the river mouth and both 

species appear to experience their highest recruitment during the late summer (Kilminster & 

Forbes 2013, Muñoz & McDonald 2014). B. australis populations also support other organisms 

such as billions of macroalgae attached to living snails and >100 million hermit crabs living in 

empty shells (Thomsen et al. 2010) as well as providing habitat to communities of sessile 

invertebrates (Thyrring et al. 2013). Further research is needed to determine the extent of 

interaction between these two species. However, given the abundance, distribution and 

ecosystem function that this species already has, the interaction of high numbers of D. 

perlucidum with 5.2 billion snails could eventually cause ecosystem effects that would be very 

difficult to measure or predict.  

 

4.6.4 Conclusions  

This study has demonstrated that Didemnum perlucidum is able to survive year after year 

colonizing native seagrass within an urban estuary. Its distribution is seasonal, patchy and 

largely driven by the presence of artificial infrastructure and changes in salinity.  D. perlucidum 

has shown the potential to impact Halophila ovalis at the level of the individual plant through 

decreasing photosynthetic ability and loss of biomass. It has also shown the potential to interact 

with another species on a small scale.  

 

Impacts from stresses on coastal marine communities are often manifested at the individual 

species level, but can magnify in effect throughout the entire ecosystem (Suchanek 1994, 

Simberloff 2014). Recent findings show that extremely consequential impacts at the ecosystem 

level (ie. trophic cascades, changing nutrient cycling, etc) may not be easily detected or may 

remain innocuous for some time (Simberloff et al. 2013) particularly in situations such as an 

estuary where population dynamics of an invader and the dynamics of the ecosystem vary over 

space and time. This demonstrates the need for regular long-term monitoring at an ecosystem 

level. The decline of seagrass is continuing in urban estuaries around the world due to many 
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factors such as nutrient eutrophication, human impacts and increasing temperatures (Orth et al. 

2006, Kilminster & Forbes 2013, Lotze et al. 2006) and it is these stressful conditions that 

enable invasive ascidian populations to thrive (Carman & Grunden 2010). The potential for 

impact from D. perlucidum or any other invasive ascidian species should not be ignored or 

underestimated.  
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4.9 Supporting Information 

Table S4.1 Locations of observed D. perlucidum in the Swan River during the sampling periods 

of April and June 2014 and March 2015, listed from downstream to upstream 

 

 

 

  



136 
 

 

Fig S4.1 Water conditions from Swan River during survey periods April and June 2014, and 

March 2015 listed from downstream to upstream. Conditions for August were obtained from the 

Swan River Trust weekly river profile reports 
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5.1 Preface 

This chapter has been published in the journal Molecular Ecology Resources and a copy of the 

manuscript can be found in the appendix. The content is the same as that of the submitted 

manuscript with only minor changes to incorporate thesis formatting, referencing and reviewers’ 

comments.  

.  

 

The prevalence of Didemnum perlucidum in Western Australia as found in previous chapters 

demonstrates the need to be able to detect invasive species before they become established in 

new locations. D. perlucidum is a good example of a species that is difficult to identify 

morphologically and early detection requires the ability to detect larvae prior to settlement. In 

Chapter 5 we develop a management tool for marine biosecurity to help in preventing the 

establishment and spread of invasive Didemnum species. 

 

5.1.1 Statement of contribution 

I developed the experimental design of this study with WA Department of Fisheries colleagues 

Joana Dias and Julieta Muñoz. We collected all of the Hillarys Boat Harbour water samples 

with the assistance of Roger Duggan and I collected the Swan River samples with the assistance 

of Mariah Lumley. Joana, Julieta and I also shared the tasks of filtering water and extracting the 

DNA. Joana developed the primer sets for Didemnum perlucidum and Didemnum vexillum and I 

completed all qPCR optimisation and screening of water sample DNA. Aliquots of DNA were 

also given to Tina Berry from Curtin University to trial the use of the D. perlucidum primers 

with next generation sequencing techniques. As the lead author I complied all of the results and 

produced the first and final drafts of the manuscript. Input and editing was provided by the co-

authors Joana Dias, Mike Snow and Tina Berry.  
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5.2 Abstract 

Prevention and early detection are well recognised as the best strategies for minimizing the risks 

posed by non-indigenous species (NIS) that have potential to become marine pests. Central to 

this is the ability to rapidly and accurately identify the presence of NIS, often from complex 

environmental samples like biofouling and ballast water. Molecular tools have been 

increasingly applied to assist with the identification of NIS and can prove particularly useful for 

taxonomically difficult groups like ascidians. In this study, we have developed real-time PCR 

assays suited to the specific identification of the ascidians Didemnum perlucidum and 

Didemnum vexillum. Despite being recognised as important global pests, this is the first time 

specific molecular detection methods have been developed that can support the early 

identification and detection of these species from a broad range of environmental sample types. 

These fast, robust and high-throughput assays represent powerful tools for routine marine 

biosecurity surveillance, as detection and confirmation of the early presence of species could 

assist in the timely establishment of emergency responses and control strategies.  The current 

study applied the developed assays to confirm the ability to detect Didemnid eDNA in water 

samples. Whilst previous work has focused on detection of marine larvae from water samples, 

the development of real-time PCR assays specifically aimed at detecting eDNA of sessile 

invertebrate species in the marine environment represents a world first and a significant step 

forwards in applied marine biosecurity surveillance. Demonstrated success in the detection of D. 

perlucidum eDNA from water samples at sites where it could not be visually identified, suggests 

value in incorporating such assays into biosecurity survey designs targeting Didemnid species. 

 

5.3 Introduction 

Marine non-indigenous species (NIS) can pose a significant threat to coastal ecosystems 

through their potential to decrease endemic biodiversity and modify habitats as well as threaten 

marine industries and infrastructure (Rilov & Crooks 2009). NIS are commonly transported and 

introduced through hull biofouling and ballast water, and represent an increasing threat due to 
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globalisation and increases in worldwide shipping activities.  The total economic cost of an NIS 

incursion is very difficult to determine because it can include not only direct costs related to 

reductions in economic output but also indirect costs via damage to coastal infrastructure, social 

implications, risks to human health and environmental impacts, which can be more difficult to 

quantify. What is clear, however, is that once an incursion has occurred, eradication of a NIS is 

very costly and often ineffective (Bax et al. 2003, Pimentel et al. 2000, Pochon et al. 2013). 

Prevention and early detection are well recognised as the best strategies for minimizing the risks 

posed by NIS that have potential to become marine pests (Bax et al. 2001, Hulme 2006, 

Simberloff 2001). Central to this is the ability to rapidly and accurately identify the presence of 

NIS, often from complex environmental samples like biofouling and ballast water (Bott et al. 

2010). In general, early detection of NIS can be problematic, as some species require highly 

specialised taxonomic expertise and morphological identification at early life stages is often 

challenging, particularly if samples are poorly preserved (Darling & Blum 2007, Darling & 

Mahon 2011).  

 

In an attempt to address some of these challenges, molecular tools have been increasingly 

applied to assist with the identification of NIS. These include DNA barcoding, real-time PCR 

and, more recently, metabarcoding (Bott et al. 2010, Comtet et al. 2015, Darling & Blum 2007, 

Zaiko et al. 2015). DNA barcoding involves the PCR amplification and sequencing of a 

diagnostic DNA region or gene (e.g. COI) and analysing that sequence against a reference 

database such as GenBank (Benson et al. 2013) or BoLD (Barcode of Life Data System, 

Ratnasingham & Hebert 2007). Such methodologies require only small amounts of tissue, allow 

for the identification of species at all development stages, and are becoming standardized across 

a wide range of taxa (Hebert et al. 2003). DNA barcoding has developed, during the last decade, 

into an efficient and affordable methodology routinely applied to complement taxonomic 

identification of individual specimens of suspected NIS (Armstrong & Ball 2005, Bott et al. 

2010, Comtet et al. 2015).  
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Real-time PCR is a method that, in addition to primers, includes fluorescent probes in the 

reaction which bind to the target species DNA. The species-specific detection occurs in ‘real-

time’ during the reaction, reducing the time arising from the post processing of samples and 

increasing sensitivity as compared to the end-point detection in agarose gels following 

conventional PCR. The probe fluorescence intensity is measured during the exponential 

amplification phase when it rises above the background level or Critical Threshold (Ct), and is 

directly correlated with initial template quantity. For this reason, real-time PCR can also be used 

quantitatively, with lower Ct values corresponding to an amplifiable higher DNA amount 

(Valasek & Repa 2005). The decreased processing time combined with the increased specificity 

and sensitivity of real-time PCR has motivated development of this technology for the detection 

of target NIS from complex environmental samples (Bott et al. 2010, Smith et al. 2012a, Loh et 

al. 2014).  

 

The use of molecular methods for biosecurity applications has been gaining momentum 

worldwide. In Australia and New Zealand, PCR and real-time PCR assays developed and 

adopted by biosecurity agencies have been aimed at detecting larval stages of NIS in the 

plankton communities of ballast water and commercial harbours (Deagle et al. 2003, 

Gunasekera et al. 2005, Smith et al. 2012a, Wood et al. 2013). In Canada, specific PCR assays 

have also been developed for the confirmation and detection of invasive tunicates species at 

multiple life stages (Stewart-Clarke et al. 2009, 2013) In addition to the targeted larval or 

gamete life stages of planktonic organisms, sources of NIS DNA present in the environment 

also include mucus, tissue, waste and free DNA. In the marine environment, environmental 

DNA (eDNA) has not been historically targeted by NIS detection methodologies until the recent 

advent of sensitive metabarcoding assays based on emerging high-throughput sequencing (HTS) 

technology (Thomsen & Willerslev 2015).  The ability to amplify thousands of DNA sequences 

(including a significant amount of trace DNA) from water samples has allowed researchers to 

detect eDNA from a variety of marine species including dolphins and fish (Foote et al. 2012, 

Thomsen et al. 2012). The background biodiversity information and sensitivity associated with 
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the ‘deep-sequencing’ capacity of metabarcoding technologies have long looked promising for 

the early detection of marine NIS (Bott et al. 2010, Comtet et al. 2015, Darling & Blum 2007, 

Zaiko et al. 2015). Despite reduction in costs and increased ease of access to HTS platforms, the 

successful application of metabarcoding to marine biosecurity is still greatly hindered by the 

lack of primers able to amplify a suitable shorter size read, diagnostic for the highly diverse taxa 

of largely invertebrate NIS (Pochon et al. 2013).  

 

Ascidians are common among biofouling communities and are among the taxa with the highest 

reported record of introduced species worldwide (Lambert 2002, López-Legentil 2015, Pagad et 

al. 2015). Non-native Didemnid ascidians, including the recognised marine pests Didemnum 

perlucidum and Didemnum vexillum, are considered a threat to Western Australia (WA) and are 

thus included on the WA Prevention List for Introduced Marine Pests (2014). D. perlucidum is 

an invasive colonial ascidian that has been introduced to many locations worldwide (Lambert 

2002, Dias et al. 2016). In WA, it has become well established on the infrastructure of ports, 

marinas and aquaculture facilities and on seagrass meadows of the Swan River (Bridgewood et 

al. 2014, Muñoz & McDonald 2014, Simpson et al. 2016).  Although D. perlucidum eradication 

is deemed unfeasible from many areas where it has become established, all suspected new 

detections of this species must be reported to the WA Government Department of Fisheries 

(DoF) so that its distribution can be tracked and its further spread potentially limited.  D. 

vexillum has also been described as a marine pest around the world, aggressively overgrowing 

native species and causing environmental and economic damage (Stefaniak et al. 2009) but to 

date has not been recorded in Australia. Routine surveillance is required to prevent future 

incursions of this species. Effectively managing the risk of introduction and spread of Didemnid 

species requires development of a fast and accurate method of confirming specimen identity 

given that these species are often difficult to identify visually. Colonies are variable in colour 

and morphology, as has been shown for both species (Stefaniak et al. 2009, Bridgwood et al. 

2014), and taxonomic identification is challenging, provided by only a few experts outside of 

Australia.  The development of methods suited to the rapid detection of Didemnid species, and 
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particularly D. perlucidum and D. vexillum, from surveillance programs remains a priority for 

the effective management of the risk posed by these species to WA.  

 

In order to address this priority, the aims of this study were to: 1) develop real-time PCR assays 

suited to the rapid identification of D. perlucidum and D. vexillum; 2) test the suitability of real-

time PCR for detecting Didemnum perlucidum eDNA from water samples; and 3) evaluate the 

potential of integrating these methods into current routine marine biosecurity monitoring 

regimes.   

 

5.4 Methods 

5.4.1 Vouchered specimen and larvae collection for primer testing 

Vouchered specimens of many Didemnid species and larvae from D. perlucidum were obtained 

to confirm the specificity and sensitivity of the primer sets prior to applying them to water 

samples. The DoF molecular laboratory was given access to taxonomically confirmed samples 

of DNA extracted from whole colonial tissue of D. perlucidum and look-alike Didemnid species 

collected as part of introduced marine pest (IMP) monitoring along the WA coast during 2011 - 

2012 (Bridgwood et al. 2014, Table 5.1). Didemnid DNA barcoding was performed as 

described in Bridgwood et al. (2014) and all WA D. perlucidum sequences were a 100% 

haplotype match to JQ731735, obtained from the Swan River from this species first detection in 

WA in 2010 (Smale & Childs 2012).  A DNA sample of a second distinct haplotype of D. 

perlucidum (GenBank JQ731740) was provided by the New South Wales (NSW) Department of 

Primary Industries. Further, a taxonomically vouchered D. vexillum DNA sample was made 

available from the DoF Taxonomic and Molecular Reference Collection (BoLD OZIMP002-

15).  
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Table 5.1 List of species from which samples were obtained to test assays specificity, collection 

location, haplotype (Hap) 1 is represented by GenBank JQ731735 and Hap 2 by GenBank 

JQ731740. A tick mark indicates a positive Ct value and ‘X’ a negative result for D. perlucidum 

assay (Dper) and D. vexillum assay (Dvex).  

 

Species Location Hap Dper Dvex 

Didemnum 

perlucidum 
Cygnet Bay, Western Australia 1 ✔ X 

 
Dampier, Western Australia 1 ✔ X 

 
Barrow Island, Western Australia 1 ✔ X 

 
Geraldton, Western Australia 1 ✔ X 

 
Hillarys, Western Australia 1 ✔ X 

 
Fremantle, Western Australia 1 ✔ X 

 
Henderson, Western Australia 1 ✔ X 

 
Busselton, Western Australia 1 ✔ X 

 
Swan River, Western Australia 1 ✔ X 

 
Twofold Bay, New South Wales 2 ✔ X 

Didemnum vexillum Port Nelson, New Zealand 
 

X ✔ 

Didemnum patulum Cygnet Bay, Western Australia 
 

X X 

Didemnum incanum Albany, Western Australia 
 

X X 

Lissoclinum fragile Port Hedland, Western Australia 
 

X X 

Didemnum sp. 
Queenscliff Marina, Victoria, 

Australia 
 

X X 

Didemnum sp. Broome, Western Australia 
 

X X 

 

 

Larvae were collected from colonies of confirmed D. perlucidum collected at Hillarys Boat 

Harbour (HBH) and stored in ethanol during the reproductive peak in summer (Muñoz et al. 

2015). Samples consisting of one larva and pools of 2 and 5 larvae were sorted using a 
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dissection microscope and transferred to Eppendorf tubes with 70% ethanol, in triplicate. 

Ethanol was removed from the larvae using a pipette and DNA was extracted from all larval 

samples using a Favorgen FavorPrep Tissue Genomic DNA Extraction Mini Kit, following the 

manufacturer’s instructions (Fisher Biotec). A blank filter control and a template free extraction 

control were included and all extracts were re-suspended in 50 µl Elution Buffer. All extracts 

were stored at -20°C until further use.  

 

5.4.2 Real-time PCR assay development, optimization and testing 

The COI gene was targeted for the development of D. perlucidum and D. vexillum specific real-

time PCR assays due to an appropriate level of variation within this gene region and availability 

of COI sequences for Didemnum species in public databases. At the time this work was 

conducted in 2014, sequences JQ731735 and JQ731740 represented the only two known COI 

haplotypes for D. perlucidum. These sequences were aligned with all known 16 haplotype 

sequences of D. vexillum (Stefaniak et al. 2009, Smith et al. 2012b) and 17 sequences of 

another 6 Didemnum species including D. patulum (JQ731736-9), D. fulgens (JX846617, 

KF309576), D. incanum (JQ692626-8), D. psammatode (EU742661), D. albidum (EU419432, 

EU419456) and D. granulatum (JQ780669, JQ780673, JQ780675, JQ780687, JQ780688). One 

primer pair per species was developed that flanked highly variable regions suitable for the 

design of species-specific TaqMan-MGB probes (Table 5.2). The primers and probes were 

designed using the Primer Express version 3.0 software (Applied Biosystems), based on the 

alignment of all sequences detailed above. To help guarantee the specificity of the method, all 

designed primer and probe sequences were tested in silico using the similarity-based Basic 

Local Alignment Search Tool (BLAST) (National Center for Biotechnology Information 

NCBI), to check for potential cross-reaction.  
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Table 5.2 List of real-time PCR primers and TaqMan®-MGB probes developed in this study 

with information on species assay, oligo name, sequence, melting temperature (Tm), GC 

content (%), length (bp = base pairs) and attributed dye (probes). *The Dv Probe2 has been 

designed on the lagging strand. 

 

Assay Oligo Sequence 5'- 3' Tm 

(°C) 

GC 

(%) 

Length 

(bp) 

Dye 

Didemnum 
perlucidum 

Dper 
new F 

AGCTCCTGATATAGCATTTCCTCGTTTAAA 63.3 37 30 - 

 Dper 

new R 

AGATATTCCTGCTAAATGTAATGAAAAAATAGCTA 61.2 26 35 - 

 Dp 

probe 

TAGCTCATTCAAATAGGGCAGTA 69 39 23 FAM 

       

Didemnum 
vexillum 

Dvex 
new F 

TGATTATTACCTTTAATAATCAGAGCTCCAGATA 61 29 34 - 

 Dvex 

new R 

AGATATTCTAGCTAAATGTAGAGAAAAAATAACTA 56.2 23 35 - 

 Dv 

probe2* 

ACTGTTCATCTAGTTCTAGCTC 69 41 22 VIC 

 

 

Real-time PCR assay testing and optimization was conducted using both multiplex and single-

probe reactions conducted in a final volume of 10 μl containing 1 μl of DNA template, 1x 

TaqMan® Fast Advanced master mix (Applied Biosystems), and combinations of 

concentrations of primers and probes (450, 900 and 1350 nM of each primer and 100, 200 and 

300 nM of each TaqMan® probe) (Applied Biosystems). Assays were performed on an ABI 

Step One Plus™ real-time PCR system using a cycling profile of 50 ºC for 2 min (UNG 

incubation) and 95 ºC for 20 s (DNA polymerase activation) followed by 45 cycles of 95 ºC for 

1 s (denaturation) and 60 ºC, 58 ºC, 56 ºC and 54 ºC for 20 s (annealing / extension). Assay 

specificity was tested across DNA extracts of Didemnid species (Table 5.1). All experiments 

included a negative control (no template DNA added). The efficiency of primers and probes, i.e. 

Efficiency (%) = [10
(-1/slope)

]-1 x 100, was assessed using standard curves based on triplicate 

singleplex reactions conducted on 10-fold dilutions of DNA extracted from D. perlucidum and 

D. vexillum colonies. Starting concentrations for the serial dilutions were 88.3 µg/ml D. 

perlucidum and 48.6 µg/ml D. vexillum. DNA extracts from confirmed D. perlucidum and D. 

vexillum colonies were used as positive controls in all runs. A standard curve based on DNA 
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extracted from the samples of D. perlucidum larvae was established to investigate the minimum 

number of larvae able to be detected by each assay.  

 

5.4.3 Water Sampling and DNA extraction 

Water sampling was conducted at two locations, Hillarys Boat Harbour (HBH) (31°49′30.70″S, 

115°44′07.71″E) and the lower Swan River Estuary (32° 0' 20.43"S, 115° 46' 20.00"E), in the 

WA Perth metropolitan area (Fig 5.1) where D. perlucidum is known to be well established 

(Smale & Childs 2012; Muñoz et al. 2015). Water sampling and visual surveys were conducted 

simultaneously in May, August and December 2014 at eight HBH sites. Five sites were located 

within the HBH sea walls, and three sites outside of the HBH sea walls namely at the HBH 

entrance, at the Boy in a Boat Reef sanctuary (no take) zone and at a further away control site. 

Water samples were collected by hand from a boat using sterile 100 ml plastic jars (5 replicates) 

and latex gloves, just below the water surface. The presence or absence of D. perlucidum was 

noted during snorkel surveys of the artificial structures neighbouring the five water sampling 

sites within HBH. Within the Swan River, water samples were collected opportunistically at a 

single occasion and site in Mosman Bay during January 2015. Visual surveys verified the 

presence of D. perlucidum colonies growing on seagrass on the river bottom at approximately 

2.5m depth. Five replicate water samples were collected from the surface above the colonies, 

mid water column (1m) and at the bottom near D. perlucidum colonies (2.5m deep).  
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Fig 5.1 Map showing (a) eight sampling sites (1 to 7 and control) at Hillarys Boat Harbour 

(HBH) and (b) single site at Mosman Bay in the Swan River, Perth, Western Australia. 

 

In the laboratory, all the replicate water samples collected from the same site and depth (5 

samples, 100 ml each) were pooled and spiked with Artemia franciscana. This is often used as 

an extraction process control (Giblot-Ducray & Bott 2013). One set of parallel samples was 

processed without the addition of Artemia to ensure that it did not limit the efficacy of the 

method. The pooled water samples were then filtered using an in-house assembled filtration unit 

(Fig 2). The unit was soaked in 10% bleach, rinsed, sprayed with absolute ethanol and dried 

prior to filtration. A nitrocellulose filter (0.45 µm HA) Merck Millipore® was placed on each 

unit using sterilised forceps. A volume of 500 ml of distilled water was passed through the filter 

prior to each sample as a blank negative control. The entire seawater sample (500 mL) was then 

filtered through a new filter which was transferred to a 7 ml prefilled Precellys® bead tube and 

stored at -20 °C until DNA extraction. A Favorgen FavorPrep Tissue Genomic DNA Extraction 

Mini Kit was used to extract DNA from the filtered samples, following the manufacturer’s 
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instructions (Fisher Biotec). The volumes of FATG1, FATG2 Buffer, Proteinase K and ethanol 

were increased from the manufacturer’s instructions to provide enough reagent volume to fully 

lyse the whole filter. The filter was homogenised with a Precellys homogeniser (6000rpm - 3x - 

30 sec, 15 sec hold). The homogenate was centrifuged and the supernatant was transferred to a 

fresh Eppendorf tube. From that point the protocol followed the manufacturer’s instructions.  

An extraction control (blank filter) was included and all samples were eluted in 100µL of 

Elution Buffer. All DNA extracts were stored at -20°C until further use. 

 

 

 

Fig 5.2 a) Photo of the water multi-sample filtration unit, assembled in-house from cut and 

adjusted plastic parts, and metal mesh for filters support.Sized for use within laminar flow 

cabinet (MSC Advantage, ThermoFisher) and using a vacuum pump (SparMax), b) schematic 

diagram of the filtration unit. 

 

5.4.4 Real-time PCR screening of water samples 

DNA extracts obtained from all water samples were screened using the developed D. 

perlucidum and D. vexillum singleplex real-time PCR assays (Table 5.2). All reactions were 

conducted in a final volume of 10 μl containing 1 μl of DNA template, 1x TaqMan® Fast 

Advanced master mix (Applied Biosystems), 450 nM or 1350 nM of each primer for D. 

perlucidum and D. vexillum assays respectively, and 200 nM of TaqMan® probe (Applied 

Biosystems). All assays were performed on an ABI Step One Plus™ real-time PCR system 
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using a cycling profile of 50 ºC for 2 min (UNG incubation) and 95 ºC for 20 s (DNA 

polymerase activation) followed by 45 cycles of 95 ºC for 1 s (denaturation) and 60 ºC or 58 °C 

for 20 s (annealing / extension) for D. perlucidum and D. vexillum respectively. Reactions were 

conducted in triplicate and all experiments included an equipment control, extraction control 

and negative real-time PCR control (no template DNA added). 

 

5.5 Results 

5.5.1 Real-time PCR assay development, optimization and testing 

When D. perlucidum and D. vexillum assays were multiplexed, the D. vexillum assay was 

strongly inhibited. In order to obtain accurate, reproducible and comparable results, real-time 

PCR assay efficiency should be as close to 100% (slope of -3.33) as possible (Pfaffl 2004; 

Valasek & Repa 2005). When used as singleplex assays, standard curves based on triplicate 

reactions of 10-fold dilutions of DNA extracted from D. perlucidum and D. vexillum colonies 

revealed slopes of -3.35 (Efficiency = 98.84%) and –3.52 (Efficiency = 92.35%) respectively. 

There was high correlation between Ct values and dilution factor, R
2 
= 0.991 and R

2 
= 0.999 for 

D. perlucidum and D. vexillum, respectively (Fig 5.3). Triplicate single-probe reactions yielded 

similar Ct values, with S.D. ± 0.003 – 0.085 for D. perlucidum and S.D. ± 0.099 - 0.688 for D. 

vexillum dilution series. 
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Fig 5.3 Efficiency of D. perlucidum (Dper) and D. vexillum (Dvex) real-time PCR singleplex 

assays. Average cycle threshold values (Cts) obtained from 10-fold dilutions of total DNA 

extracted from D. perlucidum (neat DNA concentration 88.3 µg/ml) and D. vexillum (neat 

concentration 48.6 µg/ml) colonial tissue. Slope values giving reaction efficiency of Taqman®-

MGB probes for each species are shown on the graphic. Standard deviations (SD) are ±0.04 and 

±0.42 for Dper and Dvex respectively and are too low to be visualised in the figure.  

 

Results from in silico evaluation of primer and probe specificity indicated that the designed 

real-time PCR assays were specific for D. perlucidum and D. vexillum.  This was supported by 

screening several Didemnid species. All D. perlucidum DNA samples generated positive Ct 

values (Ct range 21.5-35) when screened with the D. perlucidum assay. There was no cross-

amplification with all other Didemnid species screened (Table 5.1). Similarly, the D. vexillum 

DNA sample tested positive when screened with the D. vexillum assay (Ct range 24.6-31.2), 

while all other screened Didemnid species were negative (Table 5.1). The D. perlucidum assay 

was also able to detect all triplicate DNA samples extracted from pools of 5 larvae (average Ct 

25.1 ± 0.05, DNA concentration 0.525 µg/ml), 2 larvae (average Ct 27.65 ± 0.04, DNA 
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concentration 0.188 µg/ml), and from 1 larva (average Ct 28.56 ± 0.06, concentration too low to 

be determined). No detections were obtained from extraction controls or real-time PCR negative 

controls.  

 

5.5.2 Real-time PCR screening of water samples 

Water samples collected in May from HBH and screened using the real-time PCR assay for D. 

perlucidum were all positive with the exception of the control site. Values ranged from Ct 33.3 

to Ct 40.2 (Table 5.3). Visual surveys within the harbour confirmed the presence of D. 

perlucidum at all sites (Fig 5.1, Table 5.3). Sites 1 and 2 outside of the HBH sea walls were not 

visually assessed but were expected to have little to no presence of D. perlucidum due to sandy 

bottoms and the absence of D. perlucidum from natural reefs in WA. In August, D. perlucidum 

was visually detected at only 3 sites but it was detected by the real-time PCR assay at all sites, 

excluding the control site and Site 1. Values ranged from Ct 38.2 to Ct 40.2 (Table 5.3). In 

December, visual surveys indicated D. perlucidum was present at 3 out of 5 sites but real-time 

PCR detections were positive only at Site 7 with a value of Ct 38.1 (Table 5.3). From the water 

samples collected at Mosman Bay in January, the real-time PCR assay detected D. perlucidum 

eDNA at the river bottom near the observed colonies (~2.5m depth) and in the water column 

(~1m depth) but did not detect it from the surface (Table 5.3). All samples spiked with A. 

franciscana were positive for this species without hindering the ability to detect D. perlucidum. 

As expected, there were no D. vexillum detections in any of the water samples from the HBH or 

Mosman Bay. No detections were obtained from equipment, extraction or real-time PCR 

negative controls.   
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Table 5.3 Comparison of D. perlucidum detections through visual surveys and average Ct 

values (± standard deviation) of triplicate reactions of DNA extracted from water samples and 

screened using the D. perlucidum real-time PCR (ND indicates no detection). Higher Ct values 

imply lower concentrations of target DNA. 

 

Sampling site Location 
May-14 Aug-14 Dec-14 Jan-15 

Visual qPCR  Visual qPCR Visual qPCR Visual qPCR 

Marina 1 Marina Entrance   39.8   ND   ND     

Marina 2 Reef 
 

40.2   40.2±1.1   ND 
 

  

Marina 3 Refueling Jetty  ✔ 35.4±0.3 ✔ 38.7 X ND 
 

  

Marina 4 Jetty Z ✔ 34.8±0.2 ✔ 39.7±1.3 ✔ ND 
 

  

Marina 5 Wooden Jetty ✔ 35.1±0.2 X 38.7 X ND 
 

  

Marina 6 Jetty D ✔ 34.9±0.4 X 38.9±1.8 ✔ ND 
 

  

Marina 7 Boat ramp ✔ 33.5±0.01 ✔ 38.2±0.8 ✔ 38.1±0.1 
 

  

Marina 8 Control Site   ND   ND   ND     

Mosman Bay 1 Surface               ND 

Mosman Bay 2 Mid-column 1m depth             
 

39.1±1.4 

Mosman Bay 3 Bottom 2.5m depth             ✔ 38.1±0.9 

 

 

5.6 Discussion 

In this study, we have developed rapid, sensitive and species-specific real-time PCR assays 

suited to the specific identification of D. perlucidum and D. vexillum. Despite being recognised 

as important global pests, this is the first time an assay has been developed which is suitable for 

the fast and high-throughput routine identification and detection of D. perlucidum and D. 

vexillum from environmental samples. The ability to detect DNA extracted from as little as one 

larva and the efficiency values obtained for each assay, indicate detections should be robust and 

reproducible, providing the necessary confidence for the confirmation of these species from 

tissue samples. The fact that the D. perlucidum assay was able to detect not only the commonly 

found haplotype in WA, but also the haplotype reported from the only incursion event to date to 

the eastern states (Twofold Bay, New South Wales NSW), indicates the assay is suitable to 

monitor both potential spread of and potential future incursions of D. perlucidum. While not 

tested in the field, the in silico results provide confidence that the D. vexillum assay should also 

be able to detect all known haplotypes and be able to detect potential future incursions of D. 
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vexillum around Australia. Although the real-time PCR assay is not able to specify which 

haplotype is detected, this provides confirmation that testing new specimens will not result in a 

false negative. If required, barcode sequencing could be subsequently carried out to determine 

the haplotype. The assay represents a powerful tool for routine marine biosecurity diagnostic 

and management purposes, as it allows for positive identification of D. perlucidum or D. 

vexillum to be reported within 24 h from sample reception, allowing for the timely 

establishment of emergency responses and/or establishment of control strategies. This 

represents an advantage over the 2 - 3 days turnaround expected from DNA barcoding, and a 

much-needed faster alternative to the identification provided by the few expert taxonomists 

currently abroad. 

 

The lack of COI haplotype diversity (with one predominant haplotype) is common in introduced 

ascidian species worldwide (Ordóñez et al. 2015, Rocha et al. 2012, Stefaniak et al. 2012, 

Turon et al. 2003) and therefore the method is expected to be useful in detecting D. perlucidum 

at introduced worldwide locations. However, as with many other tropical introduced ascidians 

in Australia (Kott 2005, Torkkola et al. 2013, Zhan et al. 2010), the D. perlucidum native range 

and full COI haplotype diversity are unknown (Lambert 2002). Also, despite the high number of 

Didemnum species reported worldwide (>300 listed in the Ascidiacea World Database) and 

from Australia alone (Kott 2001, 2005), DNA barcodes were available on the GenBank 

database for only six species (plus D. perlucidum and D. vexillum). There is an urgent need to 

integrate Didemnid taxonomy and molecular identification, so that introduced species can be 

rapidly and confidently identified worldwide and the specificity of new detection assays can be 

fully verified.  

 

This study demonstrated the ability of the developed assay to detect D. perlucidum eDNA in 

water samples. It is the first time a real-time PCR assay has been specifically aimed at detecting 

eDNA of a sessile invertebrate species in the marine environment, and most importantly, in an 

applied marine biosecurity context. Results of this initial study also suggest that the ability to 
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detect colonial ascidians is largely correlated with their seasonal variation in colony size and 

larval abundance. At HBH, the strongest detections were obtained in May (Table 3), when 

visual surveys verified the highest abundance of D. perlucidum colonies at all sites inside the 

HBH sea walls, and which has been previously identified as the end of the D. perlucidum 

reproductive (spawning) peak period at this site (Mũnoz et al. 2015). In August and December, 

the assay detections were not always consistent with visual surveys. The apparent absence of D. 

perlucidum colonies at sites with positive eDNA detections in August (Table 3) was not 

unexpected, and we believe this is mostly due to the significant retraction in the size of the 

colonies during the winter months (Mũnoz et al. 2015).  

 

The capacity to detect D. perlucidum from water samples can also be variable due to ascidian 

limited larvae dispersal ability and potential limited eDNA shedding. The lack of detection in 

December at sites where D. perlucidum colonies were observed (Table 3) could likely be 

explained by the sessile nature of this invertebrate species. Aquatic organisms whose eDNA has 

been successfully detected from water samples in previous studies have been larger animals 

(e.g. fish and dolphins in the marine environment) that are constantly moving and shedding 

tissue and waste (Foote et al. 2012, Thomsen et al. 2012). It is very possible that small sessile 

colonial invertebrates like Didemnids shed very little DNA. Larvae, ova and testes could 

significantly contribute to the overall species eDNA, but these too have a limited patchy 

presence as they are known to be non-swimming, and unlikely to travel far (Svane & Young 

2005). Limited larval dispersal could explain the negative detections from the control site at all 

times and the weak eDNA detection at the marina entrance occurring in May (Deiner & 

Altermatt 2014).  In and around the marina, D. perlucidum was detected at distances greater 

than 100m from the closest known colonies during peak abundance, but the strength of the 

detection as indicated by the Ct value, decreased with increasing distance from the source. In 

the Swan River, where currents may be more pronounced, D. perlucidum was detected within 

only 1-2 meters of a known colony but was not detected from the surface. The time of sampling, 

the characteristics of the site (e.g. tides and boat traffic) and the dispersal ability of the target 
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species can all influence the real-time PCR assay eDNA detections on water samples taken from 

the aquatic environment (Furlan et al. 2015). There are also a multitude of biotic and abiotic 

conditions that affect the degradation of eDNA in the environment which determines how long 

it is able to persist and how far it may travel (Strickler et al. 2015). Most experiments to this 

point have focused on the degradation rates of eDNA of vertebrates and results have varied 

considerably (Dejean et al. 2011, Barnes et al. 2014) so it is unknown how long sessile 

invertebrate eDNA will persist. The difficulty in controlling these factors is likely to have 

hindered more applied work in open marine environments.  

 

The real-time PCR assay success in detecting D. perlucidum at sites and/ or times where it could 

not  be visually detected indicates that marine biosecurity could benefit from incorporating such 

assays in survey design.  The opposite (failure of eDNA detection despite visual confirmation) 

however, supports the use of the assay on complex environmental samples like water as a 

complementary method and not a replacement to visual screening methods. In established 

molecular facilities within biosecurity monitoring agencies where real-time PCR is routinely 

used (Dias et al. 2013), such assays can similarly be applied to the screening of pools of scrapes 

from pylons and settlement arrays, and plankton samples derived from commercial ports and 

ballast water. Due to their species-specific nature, they can be mostly useful when targeting a 

small number of species. 

 

In a not too distant future, the establishment of HTS metabarcoding protocols for marine 

biosecurity should greatly improve the sensitivity and consequent ability for early simultaneous 

detection of a high number of NIS eDNA from complex marine environmental samples (Comtet 

et al. 2015, Pochon et al. 2013). The amount of data generated can also provide an important 

baseline for monitoring environmental change at anthropogenic impacted sites. At the moment 

however, such expertise is only provided by a limited number of laboratories.  
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Using water samples from Hillarys Boat Harbour, HTS was initially explored as a pilot study, 

using MiSeq sequencer (Illumia) Next Generation Sequencing methodology (results not 

included). While D. perlucidum was detected, the preliminary results indicated that further 

optimisation of the primers would be required to allow for the consistent detection of the 

Didemnum species. The limited expertise, coupled with cost and technical implications is likely 

why, in aquatic environments, conventional PCR and real-time PCR continue to be the 

monitoring methods of choice in application to complex environmental samples (Ficetola et al. 

2008, Loh et al. 2014) including eDNA detection (Jerde et al. 2011, Deiner & Altermatt 2014, 

Takahara et al. 2013, Spear et al. 2015, Tréguier et al. 2014).   

 

Continuous improvement can be made to the sensitivity of all molecular based methods by 

evaluating and optimizing the survey technique to be specific to the conditions of the survey 

area and the dispersal of DNA molecules or larvae for the target species (Furlan et al. 2015). 

The usefulness of the high amount of data obtained from HTS metabarcoding technologies is 

also at present, greatly limited by the availability of barcodes in reference databases to assist 

interpretation (Ratnasingham & Hebert 2007). However, as genetic diversity continues to be 

described through extremely valuable and most necessary worldwide barcoding initiatives like 

BoLD, the confidence, application and value of molecular tools such as PCR based methods and 

HTS metabarcoding in supporting routine environmental monitoring is expected to increase 

(Bohmann et al. 2014, Thomsen & Willerslev 2015, Zaiko et al. 2015). 
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Chapter 6: General discussion and conclusions 

The frequency and severity of biological invasions is increasing due to progressively more 

globalised trade (Hulme 2009, Cope et al. 2016, Early et al. 2016, Ricciardi et al. 2017) and 

overall greater vessel traffic (Bax et al. 2003) as well as an increasing dependence on 

aquaculture (Naylor et al. 2001, Diana 2009) and offshore industries (Simons et al. 2016. 

Coastal landscapes are also being transformed by a worldwide increase of coastal hardening in 

the form of ports/marinas, coastal protection, and oil and gas/renewable energy platforms 

(Airoldi et al. 2015). As artificial structures continue to fragment and replace natural habitats, 

the associated assemblages are changing as well. Urban infrastructure does not function as a 

surrogate natural habitat (Bulleri & Chapman 2010) but rather a novel habitat which facilitates 

spread of NIS and invasive species (Glasby et al. 2007). 

 

Australia has been a regular port of call for oceanic vessels since the beginning of the nineteenth 

century (Sliwa et al. 2009) and over the last 50 years there has been an unprecedented increase 

in global trade (Hulme 2009) leading to increased incursions from a range of NIS and invasive 

species. According to the Global Invasive Species Database (GISD) Australia has the second 

highest number of recorded NIS in the world, which is largely driven by high degree of 

international trade (Westphal et al. 2008).  Several invasive species have established in Western 

Australia including the worm Sabella spallanzanii (Hayes et al. 2005), mussel Musculista 

senhousia (Huisman et al. 2008), seaweed Codium fragile (McDonald et al. 2015), and ascidian 

Didemnum perlucidum (Smale & Childs 2012). Other species such as the Asian  Green Mussel 

Perna viridis often arrive in Western Australia but fail to establish (McDonald 2012) despite the 

conditions of the new habitat being theoretically suitable.  

 

The vulnerability of the Australian coastline to species invasion has prompted government 

response at the state and national level. This includes developing lists of species that are 

targeted for prevention of incursion and management of species already established. An 

important aspect of this approach is having an understanding of what species are already present 
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in a given area, what vectors and pathways are likely to impact their distribution, and how 

assemblage structure changes over space and time. This thesis has added to the understanding of 

assemblages present in Australian coastal infrastructure at a range of spatial and temporal 

scales. It has also provided some management advice for the invasive colonial ascidian 

Didemnum perlucidum, which can be applied in a biosecurity context to other NIS. 

 

6.1 Spatial and temporal patterns of NIS assemblages 

Temperature has been identified as a principal driver of ecological patterns in Western Australia 

(Wernberg et al. 2011) and many studies along the WA coastline have demonstrated how 

assemblages of macroalgae (Wernberg et al. 2010, 2011), benthic algae and invertebrates 

(Smale et al. 2010), demersal fish (Tuya et al. 2011, Langlois et al. 2012) and highly mobile 

invertebrates (Foster et al. 2014) vary systematically with latitude. Temperature is also known 

to drive patterns of seasonality in the recruitment and growth of marine invertebrates (Grahame 

& Branch 1985, Kain (Jones) 1989). In testing this hypothesis at multiple scales, this study 

demonstrated that from large to local scale, to the observations of an individual species, 

temperature is not the only driver in the development of assemblages around coastal 

infrastructure. 

 

Examining the overall assemblage structure of fouling invertebrates from settlement panels 

placed at several locations along a 16° latitudinal gradient revealed that the they do not exhibit 

the same patterns as nearby natural assemblages. Assemblage structure was highly variable and 

composed primarily of NIS which are tolerant to a wide range of environmental conditions. 

While there is evidence of systematic change along a latitudinal gradient, characterised by 

environmental conditions, there is also continued evidence to support that change at the 

community level is driven by small scale variability. Vector movement was also demonstrated 

to be important in determining assemblage composition, as evidenced by similarities between 

facilities (ie ports, marinas). Recreational boating facilities supported closely related 

assemblages despite the distance between regions, as did port facilities between Albany and 
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Esperance. As these areas are geographically distinct from each other and not linked by natural 

dispersal patterns, the similarities are likely to be caused by linkages between vectors. These 

patterns were similarly seen by Lopez-Legentil et al. (2015) and Skinner et al. (2016). They 

observed ports and marinas in the Mediterranean Sea and Brazil, respectively, and discovered 

that they consisted of predominantly non-indigenous ascidian assemblages that were distributed 

partly by latitude and harbor type but also other local characteristics such as salinity and other 

activities operating in the vicinity. In the future, as vector pathways and ‘stepping stone’ 

structures become increasingly common and more closely linked, NIS composition will become 

more homogenised along the coastline and these patterns will continue around the world.  

 

Local-scale variability (and presumably processes acting at this scale) was also more 

pronounced than seasonal temperature fluctuations. At the regional scale spanning the coastline 

of WA and the fine scale around Garden Island, recruitment patterns of NIS throughout the 

course of a year lacked systematic predictability. There were significant differences between 

both summer and winter, as expected but also significant turnover of species every two months. 

Valentine et al. (2014) even documented assemblage differences at two-week intervals and 

concluded that changes were due to the interaction of multiple factors including substrate 

availability, recruitment and growth patterns of individual species, and competition, in addition 

to seasonal temperature variation.  Assemblages regularly changed in composition over the 

course of time but were consistently low in richness and driven more by the local patterns and 

processes of the site such as hydrodynamics and vector movement than the seasonal changes 

and greater regional species pool. In coastal locations of high movement and regular disturbance 

there is always new space created for new incoming species. During different seasons and 

environmental conditions, species present in the water column at the time act as early colonisers 

and fill the gaps created by the disturbance. If the environmental conditions at the time are 

favourable for these species, which are primarily NIS due to the movement of vessels in and 

around the site, they are then able to become established. This was evident at all locations 

observed through this study, as NIS were the predominant components of all the settlement 
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plates. Although it was outside of the scope of this study, it is likely that some of the patterns of 

recruitment would be able to be linked with the vessel traffic of commercial and recreational 

vessels into and around the State.  

 

Closer examination of a single species as a case study further supported the hypothesis that 

invasive species patterns are driven by local processes. Didemnum perlucidum was monitored 

consistently throughout multiple years in the Swan River as part of this study, but has also been 

reported opportunistically as part of ongoing State-wide monitoring and was repeatedly detected 

on settlement panels. While there were changes in abundance and biomass of D. perlucidum 

colonies based on the seasonal growth and reproductive ability of this species, its distribution 

was largely driven by local abiotic factors including salinity, depth, nearby structures and water 

flow. Through the seasons, D. perlucidum behaved as expected in the offshore environment 

where salinity was stable, ie. increased growth and reproduction in the summer with a reduced 

presence in the winter (Muñoz et al. 2015) . However, in the Swan River with the winter 

decrease in salinity, it seemingly disappeared until the estuary became more saline in the 

summer. One of the primary determinants in the distribution of this species throughout the Swan 

River estuary was the proximity to coastal structures, which are likely to be important stepping 

stones in the spread. Unpublished research also indicates that the appearance of D. perlucidum 

along the coast is a result of at least two introductory events by either a commercial vessel or 

seagoing yacht with further secondary spread by recreational vessels (Dias, pers. comm). The 

impact of this species also varied at the local scale because of the variability of the species it 

interacts with. In the Swan River, this species was the predominant colonial ascidian, which 

allowed it to become a major fouling species on the infrastructure as well as the seagrass and 

potentially have an increased negative impact on the environment. On the settlement plates 

throughout the ports and Garden Island sites, D. perlucidum was often present but had to 

compete with other colonial tunicates as well other NIS including bryozoans and barnacles, 

which had varying seasons of recruitment and growth. The variable patterns of D. perlucidum in 

different environments demonstrate that the population dynamics of the invader and the 
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ecosystem that it encounters both vary through space and time, making the interactions and 

impacts very difficult to predict.  

 

6.2 Implications and predictions 

At all scales, the dominant taxa found on the settlement arrays and surrounding hard structure 

were colonial tunicates. This is common throughout the world (Lambert 2002, Dijkstra et al. 

2007, Lopez-Legentil et al. 2015). There are at least 64 non-indigenous species of tunicates, 

over half of them colonial and almost 80% of these are have introductions in both the northern 

and southern hemisphere (Shenkar & Swalla 2011) Like Didemnum perlucidum, these species 

tend to have a wide tolerance to changing environmental conditions including temperature and 

salinity (Epelbaum et al. 2009) and are common on the prevalent vectors such as vessel hulls 

and ballast water (Lambert 2002). Individual species of these taxa which are common world-

wide often have low genetic diversity. In some cases, such as Didemnum vexillum and 

Diplosoma listerianum, reduced genetic diversity is an advantage in introduced populations. It 

can result in increased fusion between genetically related colonies, enhancing the invasive 

potential and ability of the species to grow and out-compete other species, including natives 

(Smith et al. 2012a, Sommerfeldt & Bishop 1999). This decrease not only in species richness 

but also genetic diversity leads closer to global homogenisation in urban coastal ecosystems.  

 

In addition to the increased incursions of colonial ascidians around the world, the gradual 

increase in global temperature and the frequency of heat wave events is predicted to impact 

dynamics of these taxa as well. Seasonally, warmer temperatures often trigger growth and 

reproduction of ascidians (Lambert 2005, Agius 2007, Muñoz et al. 2015). Annually, increased 

temperatures can be an important factor in structuring community dynamics. Dijkstra et al. 

(2007) demonstrated that over a 26 year period, the coverage of colonial ascidians doubled and 

also gradually shifted from higher abundance in late autumn and winter to high abundance in 

summer and early autumn. This had a profound influence on the benthic community as it 

impeded settlement and growth of other organisms. Even during short-term warming events 
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such as heat-waves, warmer surfaces can lead to greater growth and coverage of invasive 

ascidians (Smale et al. 2011).  

 

The consequences of increasing ascidian incursions and growth are difficult to quantity but may 

lead to the dominant NIS species on hard infrastructure being able to gradually move closer to 

the natural ecosystems such as nearby reefs, meadows and estuaries. Although healthy natural 

ecosystems with high diversity have been thought to be somewhat protected from NIS incursion 

(Stachowicz et al. 1999),  reefs  and natural ecosystems around the world are also becoming 

degraded and increasingly vulnerable to stress and introductions of NIS due to global warming 

and anthropogenic activities (Lambert 2002, Wernberg et al. 2016, Wyatt et al. 2005). As seen 

in the case of Didemnum perlucidum in the Swan River estuary, as well as other water bodies 

around the world, incursions of colonial tunicates can lead to loss of native species and stress on 

natural ecosystem functions (Simpson et al. 2016, Carman & Grunden 2010, Wong & 

Vercaemer 2012). This may be particularly problematic in areas of high conservation value 

characterised by unique or endemic species (Wyatt et al. 2005).  

 

6.3 Molecular management tools  

It is clear is that surveillance at multiple spatial and temporal scales is essential for the detection 

of species incursions at the earliest possible stage to prevent establishment. Once establishment 

has occurred, monitoring is essential for tracking and limiting the spread and impact, noting that 

there may be a lag phase between the introduction and impacts at the ecosystem level 

(Simberloff et al. 2013).  

 

Molecular tools can be very effective components of biosecurity surveillance and monitoring for 

a variety of purposes. They can be used for detecting small and cryptic species (Jerde et al. 

2011) as well as detecting early life stages of animals such as planktonic larvae (Deagle et al. 

2003, Smith et al. 2012b). They can also be very useful in discriminating between invasive and 

native species that are difficult to identify based on morphology (Dias et al. 2013).  It is 
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important to choose the most appropriate tool for the species in question and the desired 

application.  

 

In the case of Didemnum perlucidum and Didemnum vexillum, real time PCR assays proved to 

be useful for confirming the identity of suspect specimens. It also showed promise as a 

complementary method for detecting Didemnid species from within complex environmental 

samples, such as seawater in ports and marinas as well as ballast water in incoming vessels.  

 

As we have done for D. perlucidum and D. vexillum, real time PCR assays can be designed for a 

range of NIS. However, it is important to consider the results carefully, as both false negatives 

and false positives are possible outcomes. False negatives could result in missing the detection 

of a species if the test is not sensitive enough or there is not enough replication in the sample 

collection. More research needs to be done into the validation of molecular methods in terms of 

sensitivity and replication required to increase the confidence around negative results. False 

positives from amplification of a non-target species are also a possibility. This could result in 

costly resources being used to try to eradicate a species that is not actually present. This is why 

a molecular test should not be used in isolation as a surveillance tool. When used appropriately 

and with caution, adding these techniques to the general biosecurity toolkit allows surveillance 

and monitoring to be more targeted, less costly and less dependent on taxonomic expertise. This 

makes biosecurity more accessible and affordable on a larger scale. Surveillance and monitoring 

can potentially occur more frequently and cover more area by utilising molecular tools.  

 

6.4 Future research directions 

As demonstrated by this thesis, the threat of NIS in Western Australia is prevalent along the 

entire coastline, both on hard coastal infrastructure and throughout estuaries. This threat is 

occurring worldwide and will continue to increase through globalisation and climate change. 

While regular surveillance and monitoring is important for early detection of invasive species, 

visual assessment of settlement plates, as seen in chapters 2 and 3, is extremely time consuming 
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and reliant on taxonomic expertise.  Traditional methods of distribution monitoring, as used in 

chapter 4, can also be very time consuming and relies on teams of people being qualified for 

boating and diving or snorkelling. As qualification requirements and field work costs continue 

to increase, this type of sampling is becoming less feasible. In the future, long term sampling 

and monitoring may be more feasible through the use of molecular techniques, particularly 

those that can handle high-throughput processing of DNA from complex environmental samples 

such as water, sediment, plankton and settlement array scrapes.  

 

When compared side by side, there are biases to both traditional and molecular sampling 

approaches. While real-time PCRs as developed in chapter 5 are great for confirming identity of 

target species, there are some limitations around their use for environmental samples (Darling & 

Blum 2007, Smith et al. 2012b) and they are generally designed to be specific for only up to 

three species at a time. Biosecurity monitoring, such as the WA Department of Fisheries’ 

program targets a list of 79 species from multiple phyla simultaneously. A metabarcoding 

approach that can detect a wider range of species at once is much more efficient in monitoring 

ports and ecosystems.  Next Generation Sequencing (NGS) techniques will become much more 

prominent in biosecurity and biodiversity monitoring. These techniques should greatly improve 

the sensitivity and consequent ability for early simultaneous detection of a high number of NIS 

DNA from complex marine environmental samples (Pochon et al. 2013, Comtet et al. 2015). 

The amount of data generated can also provide an important baseline for monitoring 

environmental change at anthropogenic impacted sites. These types of technologies come with 

their own limitations as well. To assess multiple taxa in a single run, the primers need to be 

developed based on a gene that is fairly universal, such as 18S. However, the drawback is that 

they lower the resolution power for assigning the identities of closely related organisms to 

species level (Thomsen et al. 2012, Hajibabaei et al. 2016). Multiple primer sets covering more 

than one gene or region of a gene will be required to increase the resolution (Pochon et al. 

2013). As with real time PCR assays, another limitation is the incomplete reference databases 

used for assigning species identity. A molecular assay is only as good as the reference database 
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that it is being compared against and there is a major gap in the available databases, particularly 

with currently undescribed native flora and fauna (Darling & Blum 2007, Hajibabaei et al. 

2016, Ransome et al. 2017). There is a need to fill these gaps and compile all sequences in the 

same place through a coordinated effort of researchers worldwide (Ransome et al. 2017). 

Having a targeted list of invasive species to screen for particular known sequences against the 

overall sequence data generated from an environmental sample is a good approach to detecting 

specific species but because of the lack of knowledge currently around limits of detection, levels 

of required replication for various substrates and sequences of native species there is a risk of 

false negatives as well as false positives. As confidence in these techniques increases and the 

cost of such methodologies decreases, NGS will change approaches towards biodiversity and 

biosecurity monitoring and research. However, these molecular methods should be interpreted 

carefully and used in tandem with other traditional methods.  

 

6.5 Conclusions 

Assemblages on coastal infrastructure around Western Australia, including ports, marinas, 

estuaries and aquaculture zones are predominantly composed of non-indigenous sessile 

invertebrates, such as ascidians and bryozoans. Many of these species are classified as invasive 

marine pests in other parts of the world and have the potential to cause a variety of financial or 

environmental negative impacts. While these assemblages have relatively low species richness 

and are usually vastly different to the nearby natural reef or estuarine communities, there is still 

considerable variability between them. This variability is caused by the complex interaction of 

regional scale factors such as temperature, local processes such as hydrodynamics and 

recruitment, and movements of potential vectors. There can also be lag periods between the 

incursion of new species and its detection, spread and impact. It is therefore extremely difficult 

to predict which species will be present or abundant at any particular location. This implies that 

management of NIS cannot be addressed with a broad brush approach or by a single country. 

The world is connected by commercial and recreational vessel movements that need to be 

monitored from their origin and destination as a large-scale standardised monitoring regime. In 



176 
 

developing monitoring programs, coastal infrastructure in areas of high risk such as commercial 

ports or high value such as the Swan River estuary, should be assessed individually on several 

criteria including climate, water flow and water quality to determine the likelihood of incursion 

of target pest species, the areas in which they are most likely to settle first and the level of 

replication required to detect them early. This information can be combined with an assessment 

of the estimated value of the nearby natural habitats, either its financial or conservation value, 

and the likelihood of incursion of NIS from international shipping, recreational boating or 

aquaculture. All of these factors can be combined to determine the level of risk and the 

necessity of protecting the area. Infrastructure around high risk and high value areas should then 

be monitored frequently and with the appropriate methods and replication, including the quickly 

developing molecular techniques. With this approach managers may have a better chance of 

detecting NIS incursions early, limiting the spread of NIS establishment and protecting the 

nearby natural reef and estuarine habits. 
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A B S T R A C T

Natural communities are structured by a complex suite of interacting physical and biological processes that
operate across multiple spatial and temporal scales. Documenting spatiotemporal variability in ecological
patterns can yield insights into the key processes influencing the distributions of species and structure of
communities. Many previous studies conducted in natural habitats have recorded systematic shifts in assemblage
structure along broad-scale latitudinal gradients, largely because of individual species' thermal affinities.
However, it remains unclear as to whether similar patterns occur in artificial habitats, where patterns could be
decoupled from natural processes. In this study, we examined patterns of spatial variability in the structure of
sessile invertebrate assemblages in coastal infrastructure at multiple scales, including along a large-scale
latitudinal gradient in Western Australia (WA). We deployed settlement panel arrays to sample invertebrate
assemblages at 5 regions (in 2 seasons) along a latitudinal gradient spanning about 16° and> 2000 km along the
coast of WA. As sea temperature co-varies predictably with latitude in this system, the study also encompassed a
temperature gradient of about 10 °C. We examined spatiotemporal variability in several assemblage-level
metrics, including total biomass, total cover, taxonomic richness and multivariate structure, as well as variability
patterns for individual taxa. Unlike assemblages associated with natural habitats along the WA coastline, sessile
invertebrate assemblages on coastal infrastructure did not vary systematically with latitude/temperature.
Assemblage structure demonstrated little predictability at the regional scale, driven by processes including
variability in temperature and adjacent species pools. Rather local-scale variability (and presumably processes
and conditions acting at this scale) was far more important. This is an important consideration for coastal
managers as local factors (e.g. the design of coastal infrastructure, human activities, hydrodynamic processes
and propagule pressure) are likely to be important determinants of ecological pattern, with implications for the
spread and establishment of non-indigenous species, biofouling and general ecological structure and functioning.

1. Introduction

In marine ecosystems, the distributions of species, structure of
populations and composition of assemblages are influenced by a range
of abiotic and biotic processes that operate across multiple spatial and
temporal scales (Osman, 1977; Richmond and Seed, 1991; Perkol-
Finkel and Benayahu, 2009; Bulleri and Chapman, 2010; Airoldi and
Bulleri, 2011). Of the suite of interacting processes, large-scale gradi-
ents in ocean temperature may be of critical importance, as temperature
is one of the most fundamental factors in determining the eco-
physiological performance, demography and geographical distribution
of marine organisms (Hutchins, 1947; Sunday et al., 2012; Wernberg

et al., 2013). It has long been known, however, that temperature is not
the sole determinant of ecological pattern, and species tolerances to
other environmental parameters as well as their resource requirements,
life history characteristics and dispersal capabilities are also important
in determining patterns of distribution (Osman, 1977; Brown et al.,
1996; Underwood et al., 2000; Lockwood et al., 2005; Clark and
Johnston, 2009; Kordas et al., 2011). Unravelling the relative impor-
tance of regional and local scale processes in driving patterns of
diversity and the structure of communities is a fundamental goal of
ecology (Cornell and Lawton, 1992), yet current understanding is
limited by a lack of studies conducted across sufficiently large spatial
scales (Harrison and Cornell, 2008), particularly in the marine realm
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(but see Witman et al., 2004).
The vast majority of work examining the influence of latitudinal

gradients in ocean temperature on patterns of diversity and community
structure has stemmed from natural habitats, such as rocky reefs
(Rivadeneira et al., 2002; Wernberg et al., 2013) and soft sediments
(Ellingsen and Gray, 2002). However, artificial habitats such as break-
waters, jetties, ports and marinas now represent some of the most
common coastal habitat types in many regions (Bacchiocchi and
Airoldi, 2003; Bulleri and Chapman, 2004). Understanding the ecology
of artificial habitats, which continue to replace natural habitats in many
regions of the world, is increasingly important for managing anthro-
pogenic impacts on marine biodiversity (Connell, 2000; Holloway and
Connell, 2002). The artificial hardening of coastlines through building
of infrastructure modifies hydrodynamics and transport processes
(Martin et al., 2005), which has consequences for the structure and
functioning of ecosystems at local and regional scales (Glasby and
Connell, 1999; Airoldi et al., 2005; Martin et al., 2005). Where regions
are poorly connected by of a lack of suitable natural habitat, artificial
structures can act as stepping stones, diminishing geographical barriers
and facilitating the dispersal of species (Airoldi et al., 2005, 2015),
including sessile invertebrates which would naturally only disperse
larvae over short distances (Svane and Young, 1989; Osman and
Whitlatch, 1998). On a larger scale, human mediated vectors, such as
ballast water, can transfer propagules well beyond their natural range.
Artificially enhanced connectivity can increase both the flow of genes
within species (Palumbi, 2003) and the flow of species between habitats
and regions, including non-indigenous and pest species (Bulleri and
Airoldi, 2005; Glasby et al., 2007; Rius et al., 2014). The complexity of
interacting factors from the physical design of artificial habitats (Floerl
and Inglis, 2003), natural variability of recruitment processes (Connell
and Slatyer, 1977) and propagule pressure from various vectors (Drake
et al., 2005) makes the understanding the ecology of coastal infra-
structure challenging, particularly as the driving mechanism could be
decoupled from natural processes.

There is strong evidence to suggest that assemblages of benthic
organisms associated with artificial structures can be very different to
those associated with natural habitats (Glasby and Connell, 1999;
Connell, 2000; Holloway and Connell, 2002; Bulleri, 2005; Lam et al.,
2009). Differences between assemblages on artificial and natural
substrata occur very early on in succession and persist through time
(Bulleri, 2005). There are many important factors driving this distinc-
tion, including habitat orientation and complexity (Chapman and
Bulleri, 2003; Glasby and Connell, 1999), water motion (Floerl and
Inglis, 2003), loading of nutrients, sediments and pollutants (Piola and
Johnston, 2008; Dafforn et al., 2009) and the physical and chemical
structure of the substrate itself (Dafforn et al., 2009). These factors
influence the development of assemblages in artificial habitats, which
generally differ in their composition and diversity from those in
adjacent natural habitats (Glasby, 1999; Bulleri and Chapman, 2004;
Vaselli et al., 2008). Moreover, artificial habitats are often linked with
the transfer and establishment of marine non-indigenous species (NIS)
(Carlton, 1996; Bulleri and Airoldi, 2005; Glasby et al., 2007). NIS are
often more common than native species on artificial substrata (Airoldi
et al., 2015), and they occur more frequently on coastal infrastructure
than would be expected by chance given the available species pool
(Glasby et al., 2007). Marine invasions are particularly common in or
near ports because of the influence of international shipping traffic
(Ruiz et al., 1997). Due to their increasing prevalence in coastal marine
ecosystems and their importance within the context of managing the
spread of NIS, examining multiscale spatial variability patterns in
assemblage structure within artificial habitats is a critical step towards
understanding processes underpinning ecological patterns.

Due to its spatial extent, spanning the tropics to temperate regions,
the coastline of Western Australia (WA) provides a useful latitudinal
gradient for studying changes in the structure of populations and
communities in response to temperature. The Leeuwin Current is an

eastern boundary current which flows poleward along the Western
Australian coast transporting warm water and bringing with it the
dispersal stages of a variety of warm-water marine fauna and flora
(Pearce, 1991). Along this coastline, temperature has been described as
a principal driver of ecological patterns (Wernberg et al., 2011, 2013)
while other key environmental factors including wave exposure,
nutrient availability and light are relatively consistent along the
latitudinal gradient (Smale and Wernberg, 2009). This makes the WA
coastline a ‘model system’ for examining the relationship between
temperature and the structure of populations, communities and eco-
systems (Smale and Wernberg, 2009; Foster et al., 2014).

Previous studies along the WA coastline have focused on how
assemblages of macroalgae (Wernberg et al., 2010, 2011, 2013),
benthic algae and invertebrates (Smale et al., 2010), demersal fish
(Tuya et al., 2011; Langlois et al., 2012) and highly mobile inverte-
brates (Foster et al., 2014) vary with latitude. These studies have been
conducted in natural habitats along the open coastline of WA, which are
characterised by high species turnover and rich assemblages of macro-
algae, sessile invertebrates and demersal fish. Reef-associated assem-
blages exhibit predictable regional scale shifts in diversity and structure
associated with the oceanic temperature gradient (Smale, 2012;
Wernberg et al., 2013) but, as yet, no studies have examined variability
in assemblages associated with artificial habitats over similarly broad
spatial scales. To date, the only regional-scale studies on sessile
invertebrate assemblages developing on artificial substrata have been
conducted 3–5 km offshore on rocky reef and sandy habitats and have
not demonstrated a clear influence of temperature (Smale, 2012, 2013).
Expanding the spatial scale and thermal breadth of observation will
allow a better understanding of the importance of regional-scale
variability (and processes acting at similar spatial scales) in assemblage
structure within artificial habitats.

Here we examined spatial and temporal variability in the structure
of sessile invertebrate assemblages inhabiting artificial habitats along a
large-scale latitudinal/temperature gradient in WA. The aims of this
study were: (1) to determine whether the structure of these assemblages
shifts predictably along a broad-scale latitude/temperature gradient;
(2) to determine the relative importance of local and regional-scale
variability in assemblage structure; and (3) to examine whether spatial
variability patterns are consistent in time (between summer and winter
sampling periods).

2. Methods

2.1. Study area and sampling design

This study was conducted in collaboration with the WA Department
of Fisheries Marine Biosecurity Research team. As part of ongoing pest
species monitoring, settlement panel arrays are regularly deployed into
regional ports throughout the State. For this study, sampling was
conducted at 5 regions, with 2 sites nested within each. Regions
included Cygnet Bay, Carnarvon, Geraldton, Albany and Esperance,
spanning a geographical range of ~16° latitude (Fig. 1). Cygnet Bay is
the most northern and remote site. The sampling site was located on the
eastern side of the Dampier Peninsula on a pearl farm with minimal
hard structure and limited vessel traffic. This region had the largest
tidal variation, ranging from 1 to 10 m. Only one array was used in this
region, as the other was lost during the first sampling period. Carnarvon
Boat Harbour contained 2 arrays, one on each side of the service jetty,
separated by only a few meters. The harbour was located on south of
the Gascoyne River on a stretch of reclaimed land. The two arrays in
Geraldton were located approximately 2 km from each other, one at the
commercial Fishing Boat Harbour and the other at the recreational
Batavia Coast Boat Harbour. In Albany, both arrays were located at the
Albany Port, about 700 m from each other. The Port is located south of
the city of Albany, within King George Sound. Esperance sites were
located within the Esperance Port, on an exposed point in Esperance
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Bay, and the recreational Bandy Creek Boat Harbour, at the mouth of
Bandy Creek. All of the sampling sites, are classified as open ocean sites
and receive little estuarine influence or freshwater run-off. Only Bandy
Creek is prone to freshwater run off during the winter. All sites are also
predominantly characterised by soft sediment and seagrass benthos,
with minimal natural hard structure nearby. Further site details can be
found in the supplementary materials (Tables S1, S2).

At each site, a settlement array was deployed containing 8
horizontally-orientated, spatially-independent panels (10 × 10 cm gray
PVC plates, separated by ~10 cm). The arrays were designed to be free
running along a vertical rope with two buoys at the top and ballast at
the bottom to keep the panels suspended at a constant depth of ~1 m
even during tidal variation. While vertical structures such as pylons are
common in artificial habitats, in this study the panels were oriented
horizontally to provide a shaded surface similar to the underside of
pontoons and jetties. These panels were collected and analysed after
two immersion periods of three months each, the first from November
2013 to February 2014 to document settlement during the summer
months and the second from June to September 2014 to document
settlement during the winter months. HOBO data loggers were

Fig. 1. Map of study area a) whole of Western Australia with Australia inset, b) Cygnet Bay, c) Carnarvon, d) Geraldton, e) Albany, f) Esperance.

Fig. 2. Minimum, maximum and mean (± st dev) temperatures (°C) during summer and
winter sampling at all regions.
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deployed in each region to record temperature and light hourly (Fig. 2).

2.2. Panel analysis

Following the 3-month immersion period, settlement panels were
removed from the water and frozen before being transported to the
laboratory. Upon analysis, each panel was defrosted and weighed to
determine the average total biomass accumulation from each site. A
gridded overlay 10 × 10 cm in size with 1 cm2 grid squares was placed
over each settlement panel and the dominant primary and secondary
sessile invertebrate taxa within each grid space were identified to the
lowest possible taxonomic levels and recorded to generate a proxy for
percent cover. Taxa often overgrew one-another, creating total percent
cover values in excess of 100% for most of the panels. Only the
undersides of the panels were analysed because the upper face was
primarily fouled with only algae and sediment.

2.3. Statistical analysis

Univariate and multivariate analyses were carried out using Primer
7 statistical software (Clarke et al., 2014) with the PERMANOVA add-
on (Anderson et al., 2008). The assemblage-level univariate metrics
examined were total percent cover, taxon richness and total biomass.
Euclidean distance resemblance matrices were constructed from un-
transformed data and permutational ANOVAs were conducted to
examine spatiotemporal variability. An initial ‘global’ analysis was
conducted with a full model including ‘Region’ (fixed, 5 levels),
‘Sampling period’ (fixed, 2 levels) and ‘Site’ (random, nested within
region). For the tests, 9999 permutations were conducted under a
reduced model. Variability in multivariate assemblage structure (as
defined by the percent cover of all taxa) was examined with PERMA-
NOVA using the same model as outlined above. Data were square root
transformed prior to analysis to down-weigh the importance of highly
abundant species and a Bray-Curtis similarity matrix was constructed.
For all variables, highly significant (p < 0.002) interaction terms were
detected between ‘Sampling period’ and either ‘Region’ or ‘Site(region)’
(Table S3). To fully examine the interaction term, subsequent analyses
were conducted for the summer and winter sampling periods sepa-
rately, using the 2-factor spatial model including ‘Region’ and ‘Site
(region)’. Univariate response variables were visualised with bar plots
for each sampling period and multivariate patterns were visualised with
metric principal coordinates (PCO) analysis. Where overall significant
differences were detected (p < 0.05) between regions, pairwise com-
parisons between regions were conducted. Where significant differ-
ences in multivariate assemblage structure were detected between
adjacent regions, a SIMPER analysis was also performed to determine
percentage contributions of individual taxa to any observed differences
between regions.

Finally, a RELATE test was conducted to examine serial correlation
between the observed similarity matrix and a model matrix constructed
from the latitudinal position of each region (Clarke et al., 2014). A
correlation coefficient of 1 would indicate that shifts in assemblage
structure are correlated with changes along the latitudinal gradient.
This test was visualised with a non-metric MDS plot. Percent cover data
were averaged between the sites within each of the 5 regions, for each
sampling period separately.

3. Results

In total, 144 settlement panels were analysed from 2 sampling
periods in 5 regions, spanning ~16°S to ~35°S and> 4000 km of
coastline. Mean summer temperatures ranged from 22 °C in Esperance
to 32 °C in Cygnet Bay. Mean winter temperatures ranged from 17 °C in
Esperance to 26 °C in Cygnet Bay, creating about a 10° temperature
gradient throughout the year (Fig. 2). At Cygnet Bay, the settlement
array from one of the sites was lost during summer and not replaced for

winter. Across all regions, a total of 28 taxonomic groups were
recorded, 68% were identified to the species or genus level and the
remaining 32% to coarser taxonomic groups, representing 7 phyla.
Mobile invertebrates and algae were not quantified, but exhibited no
obvious patterns across locations. Of the species able to be identified,
the majority were non-indigenous to Western Australia. We identified
15 (> 80%) introduced and 2 cryptogenic ascidians and bryozoans, 1
invasive colonial ascidian (Didemnum perlucidum) and 1 native ascidian
(Didemnum incanum). D. perlucidum was present in all regions except
Albany while D. incanum was present only in Albany. Though not
statistically significant, both species exhibited higher abundance during
the winter sampling period. A list of taxa is shown in Table S4.

Total percent cover, taxon richness and total biomass exhibited
different variability patterns (Table 1, Fig. 3). For total cover, varia-
bility between regions was not significant whereas variability between
sites was highly significant in both sampling periods (Table 1, Fig. 3).
Between-site variability was particularly pronounced at Geraldton in
summer and in Esperance in winter, where mean total cover at Bandy
Creek was almost twice that recorded at Esperance Port (Fig. 3). Taxon
richness, however, varied significantly between regions during the
winter, with Cygnet Bay having significantly lower richness values than
Carnarvon (Table 1). The lowest taxon richness values recorded for
both seasons occurred at Cygnet Bay and Esperance (Fig. 3), located at
opposite ends of the latitudinal gradient. Site level variability was
highly significant (Table 1). In summer, variability between regions was
not significant whereas variability between sites was significant
(Table 1) and particularly pronounced at Esperance, where richness
values were 3-fold higher at Bandy Creek compared with Esperance
Port. Total biomass did not vary significantly between regions but it did
vary significantly between sites in both summer and winter (Table 1).

Table 1
Results of PERMANOVA testing for differences in a) percent cover, b) taxon richness and
c) biomass between regions for both sampling periods separately. Significant p values are
indicated with asterisks (* p < 0.05; ** p < 0.01). Where significant differences
between regions were observed, post hoc pairwise tests were conducted and significance
accepted at p < 0.05 (CB – Cygnet Bay, C-Carnarvon, G-Geraldton, A-Albany, E-
Esperance).

Source df MS Pseudo-F P(perm) Unique perms

a) Total percent cover
Summer
Region 4 8950.2 2.042 0.2487 3503
Site(Region) 4 4353.8 11.161 0.0001** 9950
Residual 61 390.1
Winter
Region 4 32,484 10.156 0.0905 3496
Site(Region) 4 3143.2 7.79 0.0001** 9950
Residual 55 403.5

b) Taxon richness
Summer
Region 4 24.7 1.074 0.4264 3369
Site(Region) 4 22.8 11.993 0.0001** 9958
Residual 61 1.9
Winter
Region 4 51.5 9.496 0.0173* 3111
Site(Region) 4 5.3 4.936 0.0024** 9951
Residual 55 1.1

Region pairwise: CB < C, all other
comparisons n.s.

c) Biomass
Summer
Region 4 2170.6 0.871 0.5086 3501
Site(Region) 4 2475.5 26 0.0001** 9954
Residual 61 95.2
Winter
Region 4 2901.2 2.738 0.1926 3511
Site(Region) 4 1041.6 13.62 0.0001** 9954
Residual 55 76.5
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The greatest total biomass values during summer were recorded at
Batavia Coast Boat Harbour at Geraldton, due to a high abundance of
Bugula sp. and greatest values in winter at Left Jetty at Carnarvon due
to a high abundance of Amphibalanus sp. (Fig. 3). For all the univariate
assemblage metrics, no clear trends with latitude were recorded (Fig. 3)
and the high variability between sites may be largely due to the low
replication of settlement panels.

With regards to multivariate assemblage structure, variability
between both regions and sites was significant in both sampling periods
(Table 2). Post-hoc pairwise testing between regions indicated that the
only assemblages that were significantly different from each other were
Cygnet Bay and Geraldton during summer and Cygnet Bay and
Carnarvon during winter (Table 2). The PCO plots showed some clear
partitioning between regions during both sampling periods, although
marked variability between sites was also observed for some regions
(e.g. Geraldton in summer, Fig. 4). A SIMPER analysis indicated that the
observed dissimilarity between Cygnet Bay and Geraldton in summer
was primarily driven by the presence of Watersipora sp. in Geraldton

Fig. 3. Univariate response variables for both summer and winter sampling periods (a - b) Total percent cover (c - d) taxon richness and (e –f) biomass from sampling at one site within
Cygnet Bay (Pearl), and two sites within Carnarvon (L, R), Geraldton (FBH, BCBH), Albany (B1, B3) and Esperance (BC, EP). Bars represent mean values (n = 8 panels) ± SE.

Table 2
Results of PERMANOVA testing for differences in multivariate assemblage structure
between regions for both sampling periods separately. Where significant differences
between regions were observed, post hoc pairwise tests were conducted and significance
accepted at p < 0.05 (CB – Cygnet Bay, C-Carnarvon, G-Geraldton, A-Albany, E-
Esperance). Significant p values are indicated with asterisks (*p < 0.05; **p < 0.01).

Source df MS Pseudo F P Unique perms

Summer
Region 4 31,672 3.4714 0.0004** 3500
Site(region) 4 9058.8 16.91 0.0001** 9921
Residual 61 535.71

Region pairwise: CB ≠ G, all other
comparisons n.s.

Winter
Region 4 27,736 3.1501 0.0086** 3533
Site(region) 4 8654.3 11.981 0.0001** 9924
Residual 55 722.35

Region pairwise CB≠ C, all other
comparisions n.s.
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and Diplosoma listerianum in Cygnet Bay (Table 3). The observed
dissimilarity between Cygnet Bay and Carnarvon during winter was
primarily driven by the high abundance of Serpulidae and Bugula
neritina in Carnarvon which was absent in Cygnet Bay and Diplosoma
listerianum present in Cygnet Bay but absent in Carnarvon (Table 3).

Variability in assemblages between the regions did not reflect the
sequential change in geographic position along the coastline (Fig. 4).
For example, based on latitude alone, Cygnet Bay would be expected to
pair more closely to Carnarvon but in both periods it was more closely
related to Esperance, which is geographically the most remote region.
This was an artefact of very low taxon richness in both Cygnet Bay and
Esperance. Diplosoma listerianum and Didemnum perlucidum, both wide-
spread colonial species, were present in both assemblages and there
were very few other species to distinguish the two regions. As such,
there was a significant but weak correlation between shifts in assem-
blage structure and distance along the coastline as demonstrated by a
RELATE test between assemblages and a linear model of seriation along
the latitudinal gradient (ρ= 0.32, p = 0.001). This was, to some
degree, evident from a PCO plot with assemblages averaged across
sites within each region (Fig. 5). In both sampling periods there was
separation between the northern regions of Cygnet Bay, Carnarvon and
Geraldton and the southern regions of Albany and Esperance. However,
the correlation was less than expected because of the similarity in
assemblages and richness between Cygnet Bay and Esperance, particu-

larly during the winter.
The sites at Albany supported relatively high taxon richness,

particularly in winter, and the region was distinct from the other
regions because of the presence of some species not recorded elsewhere
(including Didemnum incanum and Botrylloides violaceus). There was an
average of 8 taxonomic groups identified per panel. Conversely, Cygnet
Bay was distinct because it supported the lowest richness, an average of
3 taxonomic groups per panel, and a high percent cover of D. listerianum
(Fig. 6). A PCO plot combining both sampling periods and overlaid with
vectors showing the taxa that were highly correlated with the PCO axes
(Fig. 6) provides support for Albany being distinct and high in
biodiversity compared to the other regions.

At the level of individual taxa, there were no clear patterns. Many
species including Diplosoma listerianum and Bugula neritina were present
in all regions but the abundance varied considerably and there was no
evidence of latitudinal trends (Fig. 7). Other species were only present
in one or two regions and may be partially driving differences between
sites but with such a high level of variability it is impossible to draw
conclusions from individual taxa.

4. Discussion

The patterns of spatial variability in invertebrate assemblage
structure documented here were consistent with those reported by
Osman (2015) in that there was some predictability in patterns at the

Fig. 4. PCO plots indicating multivariate partitioning of assemblage structure between regions in both summer (a) and winter (b) sampling periods. Plots are based on Bray-Curtis
similarity matrices constructed from square root transformed data (CB = Cygnet Bay, C = Carnarvon, G = Geraldton, A = Albany, E = Esperance).

Table 3
Percentage contributions of individual groupings to observed differences between
significantly different regions, as determined by SIMPER analysis. Only the top 5
contributors to dissimilarities are shown. Average dissimilarities are parenthesised.
‘Mean covers’ relate to each region (in order) in the comparison, ‘Contr. %’ refers to
the contribution of each benthic grouping to differences between regions, and ‘Cum. %’ is
a running total of the contribution to the observed dissimilarity.

Mean cover 1 Mean cover 2 Contrib% Cum.%

Summer
Cygnet Bay and Geraldton (92.09%)
Watersipora sp. 0 6 17.63 17.63
Diplosoma listerianum 5.91 0.42 16.48 34.11
Celloporaria sp. A 0 4.7 13.75 47.87
Pteriidae 4.68 0.84 11.74 59.61
Bugula neritina 0.22 3.1 9.2 68.8

Winter
Cygnet Bay and Carnarvon (96.49%)
Serpulidae 0 8.53 20.27 20.27
Bugula neritina 0 8.42 20 40.27
Schizoporella errata 0 5.3 12.72 52.98
Diplosoma listerianum 5.65 0.61 11.66 64.64
Watersipora sp. 0 4.15 9.8 74.44

Fig. 5. MDS plot indicating multivariate assemblage structure averaged within 5 regions
(2 sites per area with the exception of Cygnet Bay) for summer and winter sampling
periods and related to a seriation model. (Data square root transformed, Bray Curtis
similarity). Open symbols indicate regions during winter sampling and closed symbols
indicate regions during summer sampling. (CB = Cygnet Bay, C = Carnarvon,
G = Geraldton, A = Albany, E = Esperance).
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regional scale but local-scale variability (and presumably processes
acting at this scale) dominated overall patterns. Previous studies in WA
have demonstrated systematic changes in the structure of assemblages
of fish (Tuya et al., 2011; Langlois et al., 2012), mobile invertebrates
(Foster et al., 2014) and benthic flora and fauna (Smale et al., 2010;
Wernberg et al., 2013) in natural habitats, which correspond with the
observed gradient in latitude and temperature. Such systematic shifts in
the structure of assemblages, from tropical to temperate affinity, are
largely due to individual species' thermal tolerances (Langlois et al.,
2012; Wernberg et al., 2016). As such, regional-scale patterns of
assemblage structure in natural habitats are a product of processes
acting across both ecological (i.e. dispersal) and evolutionary time-
scales (Phillips, 2001; McGowran et al., 1997). However, sessile

invertebrate assemblages in artificial habitats did not show the same
clear patterns with latitude and are likely to be structured by contrast-
ing processes acting at different spatial and temporal scales.

Shifts in sessile invertebrate assemblages on artificial substrata in
WA were moderately correlated with latitude but, overall, assemblage
turnover was not predictable at large spatial scales. As such, differences
in other more localised factors, such as artificial habitat structure,
transport vectors, hydrodynamic conditions and water quality, were
perhaps more influential in determining assemblage composition than
the broad-scale gradient in latitude/temperature. There are likely to be
(at least) 3 reasons for this. First, assemblages were fairly homogenous,
with 14% of taxa sampled at all sites and 54% sampled in both
temperate and tropical regions. Rapid coastal development, the pro-

Fig. 6. (a) PCO plot comparing assemblages between sites and regions and the vector overlay (b) indicates which taxa were positively correlated (> 0.5) with the axes. The length of the
vector indicates the strength of the relationship.

Fig. 7. Mean percent cover of abundant and/or discriminatory taxa for summer and winter sampling periods for each region. Bars represent mean values (n = 8–16 panels) ± SE.
(CB = Cygnet Bay, C = Carnarvon, G = Geraldton, A = Albany, E = Esperance).
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liferation of artificial habitats and increased dispersal vectors (i.e.
shipping) have caused, and will probably continue to cause, a homo-
genization of the global marine biota (McKinney and Lockwood, 1999;
Bulleri and Chapman, 2010). In the current study,> 80% of taxa
resolved to species level were classified as cosmopolitan, introduced or
invasive and, as such, are likely to have wide environmental tolerances
and widespread distributions. This contrasts with assemblages typical
of natural habitats which are considerably more diverse (Smale et al.,
2010; Foster et al., 2014) and comprise species with relatively narrower
environmental tolerances and restricted geographic distributions
(Langlois et al., 2012). Biotic homogenization, or the replacement of
local biotas with non-indigenous species causing reduced spatial
diversity (McKinney and Lockwood, 1999), was evident in this study.
The most abundant species on the recruitment panels were encrusting
bryozoans and colonial tunicates, which are early successional species
and able to colonise new surfaces quickly (Floerl et al., 2004). They
have global distributions and are known to inhabit temperate, sub-
tropical and tropical waters and become established in a wide range of
conditions (Crooks et al., 2009). Similarly, a high abundance of
introduced and cryptogenic ascidians and a low prevalence of native
species were found in large-scale studies of ports and harbours in both
South Africa (Rius et al., 2014) and the Mediterranean (López-Legentil
et al., 2015). In WA, these species showed no clear trend in abundance
with latitude and their distributions are likely to be strongly influenced
by dispersal factors and local conditions. This homogenization of biota
is increasing at a global scale through urbanisation, increased shipping
activities and increased coastal activities (Ruiz et al., 1997; McKinney
and Lockwood, 1999; Bulleri and Chapman, 2010).

Second, connectivity between populations and assemblages inhabit-
ing natural habitats along the WA coastline is not restricted by obvious
biogeographical barriers or a lack of habitat availability (Tuya et al.,
2011) which may facilitate north-south turnover of species. On artificial
infrastructure, however, suitable habitats may be geographically dis-
parate; in this case the regions are separated by hundreds of kilometres,
while dispersal patterns associated with vectors may be defined by
shipping and other human activities. Within natural habitats in WA,
marked dissimilarity in the structure of mobile invertebrate assem-
blages between tropical and temperate regions was observed (Foster
et al., 2014). However, in this study over half of the species and
taxonomic groups were present in both temperate and tropical ecosys-
tems but not necessarily present in adjacent regions or even sites. For
example, Didemnum perlucidum and several of the bryozoan species
were present in the extreme north and south regions but not recorded in
Albany. Hydroids were also present in Cygnet Bay and Esperance but
not in the other regions. Within any given artificial habitat, the design
and extent of infrastructure will strongly influence the retention and
exchange of water and dispersal stages (Bulleri and Chapman, 2010),
which could promote between-site and between-region variability. At
some sites, populations may be maintained by relatively few breeding
adults or regularly replenished by incoming dispersal stages transported
by various vectors. Clearly, the transfer of dispersal stages between
regions and sites, local propagule pressure from established populations
and small-scale hydrodynamic processes are likely to influence assem-
blage development (Floerl and Inglis, 2003; Bulleri and Chapman,
2010; Hedge and Johnston, 2012).

Third, studies conducted on natural habitats have selected for
similar habitat types (e.g. subtidal rocky reefs) and many of the key
environmental factors including wave exposure, nutrient availability
and light are relatively consistent along the latitudinal gradient (Smale
and Wernberg, 2009). Comparable sites in these studies may exhibit
less local-scale variability in structure so that regional-scale processes
may be of relatively greater importance. Here, artificial habitats were
examined using standardised settlement panels but the physical and
biological characteristics of the sites varied considerably. Physical
characteristics of the infrastructure, in terms of size, age, depth and
exposure, varied considerably between sites and regions. They were

also built for different purposes and therefore have exposure to
different vectors. Moreover, the pre-existing proximal benthic assem-
blages, and therefore the local species pool available for colonisation of
panels and their associated propagule pressure, almost certainly varied
between sites and adjacent regions. For example, Albany Port supports
the most vessel traffic of all of the regions so that the density, diversity
and influx of dispersal stages may be greatest. During the year prior to
the deployment of settlement arrays, over 200 vessels went through the
Albany Port with 70% of them arriving from international waters and
5% arriving from interstate. This may explain why Albany generally
exhibited the highest taxon richness and presumably the highest
number of invasive species. These local scale factors appear to have
been more important than regional processes in determining distribu-
tions and abundances of sessile invertebrates.

Significant variability between regions was observed for both taxon
richness (in winter) and multivariate assemblage structure (in both
winter and summer). In all cases, assemblages at Cygnet Bay were
distinct from the other regions. The Cygnet Bay region comprised only
one site, a pearl aquaculture lease, which was atypical in several ways.
Unlike other study sites, Cygnet Bay does not comprise large infra-
structure, is not fully or semi-enclosed and receives very limited,
localised vessel traffic throughout the year. Furthermore, the region is
characterised by a large maximum tidal range (> 10 m) which creates
very strong tidal currents in the area. A combination of these factors
may reduce propagule pressure and the likelihood of successful
settlement and long-term survival of sessile invertebrates onto novel
artificial substrata. The SIMPER analysis showed that the statistical
dissimilarity between assemblages at Cygnet Bay and other regions
(Carnarvon and Geraldton) was largely driven by a greater richness and
abundance of invertebrate taxa at the other regions. The exception was
the colonial ascidian Diplosoma listerianum, a cosmopolitan species
common on artificial hard substrata, which dominated the panels at
Cygnet Bay. D. listerianum exhibits high growth rates and fecundity, can
quickly monopolise newly-available space in the absence of competitors
and generally develops a low-lying encrusting growth-form (Altman
and Whitlatch, 2007; Vance et al., 2009), which may have facilitated its
dominance at Cygnet Bay.

Spatial patterns of marine assemblage structure often vary in time,
and temporal sampling is therefore important to test whether observed
spatial patterns are stable and general (Smale, 2013). Changes in the
abundance of individual species can be dramatic as they undergo
recruitment pulses. For example, during summer there was a recruit-
ment pulse of Bugula neritina in Carnarvon, causing an increase in
percent cover and in winter a pulse of Watersipora sp. caused an
increase in cover in Geraldton. But overall, at the assemblage level, the
spatial variability was more pronounced than the seasonal variation.

Assemblages on artificial structures are often characterised by a
lower diversity of species compared with surrounding natural habitats
(Bacchiocchi and Airoldi, 2003; Chapman, 2003; Vaselli et al., 2008).
Along the WA coast, the structure of sessile invertebrate assemblages on
artificial substrata varied significantly between regions and sites, but
taxon richness was consistently low. This study has added support to
the view that sessile invertebrate assemblages associated with coastal
infrastructure are very different to natural reef assemblages (Glasby and
Connell, 1999; Bacchiocchi and Airoldi, 2003) and are drastically
reduced in biodiversity. As such, the continuation of coastal develop-
ment, including coastal hardening is likely leading to global homo-
genization of a few non-indigenous taxa. Processes controlling biodi-
versity are also very different. While regional-scale variability patterns
of natural assemblages in many systems is strongly aligned with
regional-scale gradients in temperature and natural dispersal, assem-
blages associated with coastal infrastructure are more controlled by a
complex interaction of factors and processes acting at local scales. This
is an important consideration for natural resource management and for
the design of coastal infrastructure, as physical features, location and
human activities associated with artificial habitats are likely to
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influence the composition of these assemblages, with implications for
the spread and establishment of non-indigenous species, biofouling and
general ecosystem functioning.
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Abstract
Didemnid ascidians are notorious marine invaders, fouling infrastructure in many ecosys-

tems globally. However, there have been few reports of direct interactions with native spe-

cies in their natural environment. The invasive colonial ascidian Didemnum perlucidum was

discovered in the Swan River estuary (Western Australia) growing on the native seagrass

Halophila ovalis. Given the known effects of other related Didemnum species it was

expected that D. perlucidum could adversely affect the seagrass, with possible flow on

effects to the rest of the ecosystem. This study aimed to document the distribution and

abundance of D. perlucidum in the estuary, and to determine whether this species had a

negative impact on H. ovalis or associated flora and fauna. D. perlucidum was largely pres-

ent near areas of infrastructure, particularly mooring buoys, suggesting these were the

source of D. perlucidum recruits on the seagrasses. It showed a clear seasonal pattern in

abundance, with highly variable cover and colony size. D. perlucidum had a measurable

effect on H. ovalis, with colonies enveloping all plant tissue, likely restricting the photosyn-

thetic ability of individual leaves and total plant biomass. There were also significantly less

seagrass-associated mud snails (Batillaria australis) where D. perlucidum cover was high.

These results demonstrate the ability of invasive ascidians to colonise and affect native sea-

grasses and associated biota. Seagrasses are pivotal to the ecological function of many

urban estuaries world-wide. Biodiversity in these systems is already vulnerable to multiple

stressors from human activities but the potential stress of fouling ascidians may pose an

additional and increasing threat in the future.

Introduction
The introduction of non-indigenous species (NIS) that become invasive is an environmental
challenge affecting the world’s oceans and coastal ecosystems, including estuaries [1, 2, 3]. The
effect is accelerating rapidly as vectors for introduction continue to increase [4, 5].

Estuaries are semi-enclosed coastal water bodies with a free connection to the open ocean
and within which seawater is measurably diluted with fresh water from land drainage [6].
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These areas constitute transition zones between land and sea, creating some of the most biolog-
ically productive areas on Earth [2, 7]. Seagrass meadows are a dominant habitat in many estu-
aries where they offer a variety of important ecosystem services to coastal regions such as
increasing habitat complexity, stabilising sediments, filtering runoff, providing habitat for
other plants and animals, and carbon sequestration [2, 8, 9, 10, 11]. However, these transition
zones are often focal points for multiple human activities, concentrating anthropogenic influ-
ences such as sedimentation, nutrients and pollution into localised areas. Stress on the natural
ecosystem combined with multiple vectors for introduction conditions estuaries to become
sinks for new opportunistic species [9, 11, 12].

At least 56 non-indigenous species have been documented in seagrass ecosystems world-
wide, of which 64% have been demonstrated or inferred to have negative effects [2, 3]. Negative
effects include alterations to energy flow and dynamics of benthic communities [13], decreased
seagrass photosynthesis and growth [3], reduction in species diversity, shifts in trophic organi-
sation, infiltration of pathogens and alteration of habitats [7].

Didemnum perlucidum is a colonial ascidian believed to be native to tropical Indo-Pacific
waters [14]. There is strong evidence suggesting that D. perlucidummay be a very successful
invader [15, 16]. Like many ascidian species it has life history traits that favour invasion includ-
ing rapid growth, high fecundity and multiple reproductive strategies, including the ability to
regenerate from fragments [14, 17, 18, 19, 20].

Didemnum perlucidum was first documented in Western Australia in 2010 growing on set-
tlement panels and jetty pylons in the lower reaches of the Swan River estuary. Colonies were
observed overgrowing other fouling organisms and formed continuous mats that covered up to
50% of pylon surfaces [21]. Since then, D. perlucidum has been confirmed in several locations
along the coast of WA on artificial structures from Broome to Esperance [16, 22], spanning a
latitudinal range of about 16° from tropical to temperate waters. Due to its potential negative
impacts D. perlucidum has been added to the Western Australian Prevention List for Intro-
duced Marine Pests [23] as well as the United States National Exotic Marine and Estuarine Spe-
cies Information System [24]. Observations in the Swan River estuary between 2013 and 2015
have shown that D. perlucidum was also living on leaves of the native seagrass Halophila ovalis
(McDonald personal observation), which has not previously been documented.

Ascidian fouling has been implicated as a probable driver of seagrass decline in some ecosys-
tems, often causing negative effects on seagrass photosynthesis and growth [11, 25], likely
through smothering the plants [26, 27]. In New England (USA), Didemnum vexillum spread to
eelgrass (Zostera marina) habitats, contributing to a loss of eelgrass as well as negative impacts
on a commercial scallop fishery [27]. Ascidian fouling of eelgrass beds has demonstrated dele-
terious effects including reduced plant growth, decreased light attenuation and decreased chlo-
rophyll a concentrations [26]. Fouled plants may also collapse under the weight of the
ascidians and break away, contributing to the decline of the seagrass canopy as well as further-
ing spread of the invasive ascidians [3].

The Swan River-Cockburn Sound estuarine ecosystem is located within the city of Perth,
capital of the state of Western Australia. It supports considerable biodiversity and is one of the
most commercially and recreationally exploited coastal ecosystems in Australia, supporting
activities contributing>$40 billion to the national economy each year [28]. Seagrasses are an
important component of this aquatic ecosystem because of their role as primary producers,
provision of habitat, sediment stabilisation and as a food source [2]. In addition to carbon, the
oxygen produced is important in creating oxic conditions for other animals around the water-
sediment interface [10]. The dominant seagrass in the Swan River,Halophila ovalis, is a highly
productive species, with an estimated net primary production of 500g C m-2 year-1 [29].H. ova-
lismeadows are estimated to cover about 20–25% of the total estuary benthos, with the
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Department of Water estimating coverage of about 403 hectares in 2011 [10]. However, as is
the global pattern,H. ovalis has been declining in the Swan River, primarily due to human
activities and stressors including increased temperature and sedimentation, excessive nutrient
runoff, seaweed proliferation and invasion of NIS [3, 29, 30]. The introduction of the invasive
colonial ascidian D. perlucidummay be an additional threat to the health and abundance of the
native seagrass H. ovalis which could have ‘flow-on’ effects to the rest of the ecosystem. Conse-
quently, it is important to identify whether there is an effect of D. perlucidum onH. ovalis, the
scale of the effects and whether there are likely irreversible large-scale future impacts. The aims
of this study were to 1) quantify the distribution and abundance of D. perlucidum on natural
and artificial substrates in the Swan River under different seasonal conditions, and to 2) deter-
mine whether the colonies of D. perlucidum could be causing negative effects onHalophila ova-
lis and associated flora and fauna, particularly Batillaria australis.

Methods

Distribution and temporal variation in abundance of Didemnum
perlucidum
To establish the distribution and temporal variation in abundance of D. perlucidum growing
on seagrasses and infrastructure, 12 sites were surveyed across the lower reaches of the Swan
River between the river mouth and the Narrows Bridge, about 15 km upstream (Fig 1). Permis-
sion for surveying the sites was granted by a permit from the Swan River Trust and all flora
and fauna sample collections were supported by permits from the WA Department of Parks
andWildlife. Snorkelers and SCUBA divers surveyed seagrass meadows, moorings, and jetty
pylons in April, June and August 2014 to document the seasonal peak through to the decline in
D. perlucidum abundance as well as a follow-up in March 2015 to confirm the reappearance
the following year. Within each site, 3 x 60m parallel transects were surveyed perpendicular to
the shore. Six random 0.25x0.25m quadrats were observed and photographed at 20, 40 and
60m along each transect. Within the quadrats, percent cover of seagrasses and D. perlucidum
was estimated. Observations of cover for seagrasses and D. perlucidum were classed into cate-
gories of 0, 1–10%, 11–25%, 26–50%, 51–75%, 76–90% and 91–100%. The midpoint of each of
these cover categories was used as the reported value, to allow for calculating average percent
cover and standard deviation [10]. Observations and photographs were recorded at adjacent
moorings and jetty pylons to determine presence/absence of D. perlucidum on artificial struc-
tures adjacent to seagrass meadows.

Statistical analyses were performed using Primer 6 software [31] with the PERMANOVA
add-on package [32]. Differences in cover of D. perlucidum among sites (random factor), times
of the year (random factor) and transects (random factor nested in site) were tested by analysis
of variance by permutation (PERMANOVA). Data was Log(x+1) transformed with Euclidean
Distance resemblance.

For each site a range of factors were recorded to determine if any environmental conditions
correlated with the distribution of Didemnum perlucidum. Measurements of temperature and
salinity were taken at each site using a YSI multimeter probe. Baardseth’s index was used as a
proxy for water movement due to wave exposure at each site. This was calculated by counting
the number of 10° sectors with a 3.75 km open fetch [33, 34]. Thus, the exposure scale ranged
from 0 = fully protected to 36 = fully exposed. Measurements were made on a marine chart
with a 1:25,000 scale. This chart was also used to measure the distance of each site to the nearest
jetty and to the river mouth. The number of moorings present within 100m by 100m around
the measured transects was also recorded. Distance-based redundancy analysis (DISTLM) was
used to identify the subset of environmental factors that best explained the distribution of D.
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perlucidum and identify the correlation of each factor. For this analysis environmental data
were normalised and D. perlucidum cover data was square root transformed with Bray Curtis
resemblance plus a dummy variable to reduce the influence of many zero values.

A permanent 10m x 10m quadrat was established at Point Walter from April 2013 to March
2014 to further assess the growth and spread of D. perlucidum colonies over time. The entire
quadrat was photographed, (100 1m2 photos) every month. Image J software was used to mea-
sure the area of all emergent colonies. To test for differences in colony size within each quadrat
from month to month we performed a repeated measures analysis of variance (ANOVA).

Effects on seagrass
Within five of the seagrass sites, (ZR, RB, MB, FB and PT, Fig 1), biomass samples were col-
lected using randomly placed 10cm x10cm quadrats. Three samples ofHalophila ovalis only
and three samples ofH. ovalis with Didemnum perlucidum were collected (total n = 30). The D.
perlucidum was carefully separated from theH. ovalis and each sample was dried for 24 hours
at 40°C and then weighed. A PERMANOVA (Euclidian Distance, 9999 permutations) was per-
formed to test for significant differences in seagrass biomass between sites and samples with
and without D. perlucidum.

Fig 1. a-c)Map of the Swan River showing the 12 sites sampled in April and June 2014 and March 2015. Green indicates Didemnum perlucidum growing on
seagrass and artificial substrates, blue indicates D. perlucidum growing only on artificial substrates and not seagrass, red indicates no presence of D.
perlucidum. d-f) Percent cover plus standard error of D. perlucidum on seagrass at each site in April, June and March. Sites are along the horizontal axis and
run from the lower estuary upstream towards Perth CBD. (Site name abbreviations: GR- Gilbert Fraser Reserve, ZR–Zephyr Café, CP–Chidley Point, MB–
Mosman Bay, PW–Point Walter, FB–Freshwater Bay, CL–Claremont, PT–Point Resolution, M–Matilda Bay, HT–Heathcote Reserve)

doi:10.1371/journal.pone.0154201.g001
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Photosynthetic response ofHalophila ovalis leaves that had been covered with Didemnum
perlucidum colonies were compared in the laboratory to leaves without D. perlucidum. Samples
were collected from Freshwater Bay and Mosman Bay in February 2015 in approximately 2
metres depth. Five D. perlucidum colonies, along with five adjacent unaffected samples of H.
ovalis, were collected from each site (total n = 20). Leaves from within the D. perlucidum colo-
nies were then separated from the tunicate tissue. Pulse amplitude modulated (PAM) chloro-
phyll fluorescence parameters were measured from the middle of the leaf using a Mini-PAM
(Walz, Germany). Maximum quantum yield (Fv/Fm) was measured, as this is frequently used
as an indicator of photo-physiological stress to the PS2 complex. Data were downloaded and
analysed using the WinControl-3 software. All leaves were placed in plastic ‘leaf clips’ and dark
adapted for 10 minutes. Rapid light curves were produced using an incremental sequence of
actinic illumination with seven discrete irradiance steps (0, 45, 90, 180, 300, 500, 700 μmol
quanta m-2s-1). The maximum electron transfer rate (ETRmax) and photosynthetic efficiency
(α) were calculated by fitting the rapid light curve data to an exponential function [35].

Pigment levels were measured by cutting a 1cm diameter disks from each leaf, measuring
the wet weight and soaking them overnight in 3ml of 100% acetone. The following day, the
remaining leaf tissue was removed and the acetone was mixed with 1 ml distilled water and
1ml methanol. Solutions were centrifuged for 3 minutes at 1500rpm and kept on ice. The top
3ml was measured using a spectrophotometer at 664nm wavelength to determine the concen-
tration of chlorophyll a [36].

Photosynthetic activity and pigment concentrations can only be measured on leaves that are
still alive. Consequently, this produced an overestimation of the health of the leaves within the
D. perlucidum colony, as most of the leaves were dead. Therefore an index of the health of
leaves within and without D. perlucidum colonies was estimated following the scale: 1 = alive
(green), 2 = alive with necrotic patches (green with brown spots), 3 = dead (various shades of
brown). This index was used to qualify the photosynthetic and pigment results.

Effects on Batillaria australis
Battilaria australis is a mud snail which is currently the most abundant macroinvertebrate in
the Swan River [37]. These snails were sieved from sediment cores with and without Didem-
num perlucidum colonies. Sediment cores (90mm diameter, 60mm depth) were collected from
3 sites (ZR, MB and FB) in April and June 2014 and March 2015. Within each site, 6 cores
were collected, 3 containing a D. perlucidum colony and 3 without (total n = 18). B australis
individuals were counted in each core and analysed by PERMANOVA (data Logx+1 trans-
formed, Euclidean Distance resemblance) following a design of treatment (with or without D.
perlucidum) (fixed), time of year (random) and site (random).

Results

Distribution and monitoring of D. perlucidum
In April 2014, D. perlucidum was observed at 86% of the sites surveyed in the Swan River (S1
Table). Of those, 75% had D. perlucidum growing on seagrass, primarily on Halophila ovalis
but in Rocky Bay, where other seagrasses are present, it was also growing on Zostera marina.
Occasionally it was even seen growing on the macroalgae Gracilaria comosa, Cystoseira sp. and
Chaetomorpha sp. Where D. perlucidum was associated withH. ovalis it was observed on indi-
vidual seagrass blades but more often was spread across numerous blades, forming mats up to
30cm in diameter (~900 cm2). Most observations of D. perlucidum on seagrass were found
within 10s of meters of colonies growing on artificial structures such as jetties and mooring
lines. Colonies were recorded from both natural and artificial substrates in the Swan River
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between 2m and 10m depth (Fig 2). In June, D. perlucidum was only present on seagrass at
58% of the observed sites but was still widespread on artificial surfaces. In August, there was no
observable D. perlucidum on either seagrass or artificial structures at any of the sites. In March
2015, D. perlucidum had returned on seagrass at 42% of the sites and artificial structures in
86% of the sites (Fig 1).

The cover of Didemnum perlucidum varied considerably over time (Fig 1 and Table 1). In
April, mean (± SE) cover across the estuary was 3% (±1.4) with a maximum mean cover of
17% (±6.6) at Mosman Bay. In June, mean percent cover was 2% (±0.8) with a maximum of
7% (±4.4) at Mosman Bay. By August and through to the following year there was no D. perlu-
cidum visibly present at any of the sites being monitored. By March 2015 it was present again,
with a mean cover of 2.6% (±1.9). Again, the highest cover was observed in Mosman Bay, peak-
ing at 22.6% (±3.9).

Within the permanent quadrats, at the beginning of the study in April, D. perlucidum colo-
nies had an average size of 106cm2 ± 7.3 SE with a range of 6.8 to 853cm2. Colony size con-
tracted significantly by May and continued to decrease each month through the winter. By
August there were no noticeable colonies. We continued to monitor the permanent quadrat
until April 2014. In that time, D. perlucidum never returned.

Though D. perlucidum was not present within the permanent quadrat in April 2014, it was
present about 100m away on Halophila ovalis clustered around a navigation marker. It was
also present on the marker itself. Colonies within a 20m radius of the marker were measured to
compare to the size of colonies from the previous year (n = 40). The average area of the colony

Fig 2. Didemnum perlucidum on seagrass, a navigation marker and bare substratum.

doi:10.1371/journal.pone.0154201.g002

Table 1. Analysis of Variance by Permutaion (PERMANOVA) testing for differences in percent cover ofD. perlucidum among sites (random factor),
times of the year (random factor) and transects (random factor nested in site). The analyses were based on Euclidean Distances calculated from Log(x
+1) transformed data.

Source df MS Pseudo-F P(perm) Unique Perms

Time of Year 2 6.981 4.83 0.016 9946

Site 11 3.535 2.10 0.014* 9912

Transect(Site) 24 0.379 1.28 0.223 9912

Time x Site 22 1.455 4.94 <0.001* 9914

Time x Transect(Site) 48 0.294 0.55 0.995 9863

Residual 227 0.540

doi:10.1371/journal.pone.0154201.t001
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was 33.1cm2 ± 6.6 and ranged from 1 to 196 cm2, demonstrating the extreme variability of col-
ony sizes at that time.

Of the abiotic variables measured throughout the study, the multiple regression model
(DistLM) found the number of moorings within a site to explain the highest proportion of vari-
ation in D. perlucidum abundance, although this was only about 16% of the variation in D. per-
lucidum cover across the range of sites and seasons. Salinity (14–39.4ppt, S1 Fig) contributed
the second-most, explaining 10% of variation in cover (Table 2A and 2B). Water temperature
ranged from 13.1° to 27°C (S1 Fig) and was expected to be highly correlated with abundance
and distribution of D. perlucidum based on previous observations but in this model it was not
significant. Maximum depth correlated significantly but only explained very little variation in
distribution. Other factors including wave exposure and distance to jetties were not signifi-
cantly related to the distribution and abundance (Table 2A).

Effects on seagrass
Halophila ovalis biomass was significantly lower when associated with D. perlucidum
(p = 0.0003) (Fig 3, Table 3). In many cases, the plant tissue had disintegrated within theD. per-
lucidum colony. Differences in leaf biomass loss were not significant across the 3 sampling sea-
sons (p = 0.059), implying that loss of biomass due to smothering by D. perlucidum did not
change seasonally. The significant difference between the sites could be attributed to the spatial
and seasonal variability in D. perlucidum and H. ovalis abundance (p = 0.001).

Differences in photosynthetic responses were not significantly different between live Halophila
leaves with and without fouling by D. perlucidum (Fig 4). The differences between the rapid light
were not statistically significant and at both sites, there were no significant differences recorded for
ETRmax or α (ETRmax p = 0.247, α p = 0.251). Differences in chlorophyll a pigments were also
not significant between leaves with and without coverage of D. perlucidum (p = 0.259).

Seagrass leaves within D. perlucidum colonies remained strongly attached to their stolons,
which were rooted in the sediment. This suggests that leaves were alive when D. perlucidum
settled and began to cover them rather than being dead or dying prior to settlement. This is fur-
ther supported by the observation that D. perlucidum was seen growing on individual live

Table 2. a) DistLMmarginal test of contribution of factors toD. perlucidum distribution and b) model selections (Biological data square root trans-
formed, Bray Curtis similarity, predictor environmental variables normalised, AICc selection criteria, stepwise selection procedure).

a) Marginal Tests

Variable SS(trace) Pseudo-F P Prop.

Temperature 1691 2.92 0.092 0.06

Salinity 3886 7.34 0.008 0.14

Max Depth (m) 2329 4.12 0.038 0.09

Dist. to closest jetty (m) 110 0.18 0.734 0.004

Moorings present 4280 8.22 0.006 0.16

Wave exposure 728 1.21 0.273 0.03

b) Model Selections

Variable AICc SS(trace) Pseudo-F P Prop. Cumul.

Moorings present 290 4280 8.22 0.0048 0.16 0.16

Salinity 287 2594 5.89 0.02 0.1 0.25

Max depth 285 1841 4.18 0.04 0.07 0.32

Wave exposure 285 1038 2.44 0.12 0.03 0.35

doi:10.1371/journal.pone.0154201.t002
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leaves, and in sampling leaves around the D. perlucidum colonies it was evident that over 70%
of the surrounding leaves appeared to be alive and healthy. The leaves chosen to measure pho-
tosynthesis and pigments were those which were still alive and photosynthetically active. As
examined with the health index, this represented a small percentage of all the leaves within
D. perlucidum colonies. Only 7% of the leaves within any given colony still maintained a bright
green colour and only about 38% had some remaining green colour but were starting to turn
brown, indicating that they were unhealthy or dying. The remaining 55% of leaves were various
shades of brown suggesting they were already dead. This was compared to samples of unaf-
fected leaves, in which more than 70% of leaves were green and alive (Fig 5). While photosyn-
thetic rates and pigments of individual leaves might be marginally lower when associated with
D. perlucidum, the measured leaves were part of a greater assemblage of mostly dead leaves.
This suggests that measuring photosynthesis on the remaining live leaves may be underesti-
mating the overall reduction in production capacity ofH. ovalis. The lack of manipulation in
the design of this study limits the ability to fully interpret these findings and used in isolation,
fluorescence parameters are not a good indicator of stress in response to D. perlucidum.

Fig 3. Dry weight biomass ofHalophila ovaliswith and withoutD. perlucidum. Colonies sampled and pooled from 5 sites in April and June 2014 and
March 2015.

doi:10.1371/journal.pone.0154201.g003
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Effects on Batillaria australis
There were significantly lower densities of B. australis in the presence of D. perlucidum associ-
ated withH. ovalis (p = 0.003). Average counts of B. australis were 1.3 to 2.8 times higher in
cores without D. perlucidum than those with colonies present (Fig 6).

Discussion
Globally there has been rapid, large scale seagrass loss associated with multiple stressors includ-
ing climate change, shifts in water quality and localised impacts such as pollution and increased
sediment and nutrients [2, 11, 12]. The introduction of invasive species, particularly ascidians,
is another stressor contributing to seagrass loss [25, 26, 27]. This study has shown that in the
Swan River, a typical urban estuary, the invasive colonial ascidian Didemnum perlucidum has a
widespread seasonal coverage throughout the lower reaches of the estuary with the potential to
directly contribute to loss of the native seagrass Halophila ovalis. As far as we are aware, this is
the first time that this species has been documented fouling on natural substrata such as live
seagrass. We have shown that it has a measurable effect on small scale patches of seagrass,
impacting the biomass of leaves that it settles on and also influencing the abundance of associ-
ated fauna. While it is difficult to measure, the photosynthetic ability of leaved fouled by D. per-
lucidummay also be reduced. The presence of human infrastructure, particularly boat
moorings, was found to be the best predictor of D. perlucidum distribution in the estuarine
environment, suggesting these structures facilitate the spread to, and impact on, seagrass beds.

Distribution of Didemnum perlucidum
In this study, the distribution of Didemnum perlucidum in the lower estuary of the Swan River
was patchy and seasonal, and appeared to be driven by the presence of infrastructure and the
hydrology of the river, particularly the changes in salinity.

The abundance of D. perlucidum colonies was consistently most prevalent in areas with arti-
ficial structure including boat moorings, jetties, yacht clubs and navigation markers. The first
observations of colonies each year were concentrated around these structures (Simpson per-
sonal observation), suggesting they facilitated recruitment into seagrass beds. This also helps to
explain the mechanism of dispersal and recolonization of D. perlucidum each summer. Settle-
ment arrays in the inner harbour area of Fremantle Port (at the river mouth) and around
nearby Garden Island have demonstrated overwintering colonies (Simpson unpublished data).
It is possible that these colonies provide larvae for recruitment upriver as conditions become
more favourable. There may also be overwintering colonies in deep pockets of the river where
salinity remains high even during winter flooding, such as in Mosman Bay which consistently
had the highest cover of D. perlucidum. It is likely that D. perlucidummaintains small colonies

Table 3. Analysis of Variance by Permutation (PERMANOVA) testing for differences inH. ovalis biomass with and withoutD. perlucidum (fixed fac-
tor), times of the year (fixed factor) and sites (random, nested in season). The analyses were based on Euclidean Distances calculated from Log(x+1)
transformed data.

Source Df MS Pseudo-F P(perm) Unique perms

Treatment 1 5.083 34.6 <0.001 9832

Season 2 6.497 3.84 0.060 9819

Site(season) 10 1.693 13.04 <0.001 9939

Treatment x season 2 1.081 7.36 0.012 9959

Treatment x site 9 0.147 1.13 0.362 9934

Residual 52 0.130

doi:10.1371/journal.pone.0154201.t003
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Fig 4. a) Relative light curve of H. ovalis tissues with and without D. perlucidum. b) α and ETRmax of H. ovalis tissue. D = plant tissue which had been
covered with D. perlucidum colony. ND = plant tissue not impacted by D. perlucidum

doi:10.1371/journal.pone.0154201.g004
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on mooring buoys. Recreational vessels are a likely vector for spread of propagules from these
surviving colonies throughout the river.

In addition, rafting on plant material could be another transport vector explaining the reap-
pearance and spread of D. perlucidum. Rafting is an important process for the population
dynamics of many organisms including ascidians and it has a strong influence on coastal biodi-
versity. Rafting on eelgrass is a previously described method of transport and spread for other
ascidian species including Botryllids and Ciona intestinalis and has been suggested as a method
of spread for Didemnum vexillum [18, 27, 38,39].H. ovalis is vulnerable to dislodgement as the
leaves grow from a shallow rhizome with only small roots below ground as an anchor. As leaves
become smothered by D. perlucidum the extra drag increases the likelihood that the rhizome
will break or the plant will become uprooted. They roll along the substrate and when they get
snagged may induce settlement in new areas. D. perlucidum is very capable of regenerating
from fragmentation [20]. Colonies may overwinter in deep seagrass areas or on artificial sub-
strate near the Port or on vessels but are able to spread quickly to other areas throughout the
season through larval dispersal, fragmentation and/or rafting.

Hydrology of the river is also important in shaping the distribution of D. perlucidum. The
Swan River is a microtidal estuary (tidal range<2m). Physical processes are driven by wind,
wave action and freshwater runoff rather than tidal fluctuation. This results in a system of very

Fig 5. Relative health index of H. ovalis leaves with and withoutD. perlucidum. 1 = alive (green), 2 = alive with necrotic patches (green with brown
spots), 3 = dead (various shades of brown).

doi:10.1371/journal.pone.0154201.g005
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low turbulence and high density stratification [40]. The hydrology of the Swan River changes
seasonally due to the nature of winter rainfall and following catchment runoff [40, 41]. Early in
the summer, a salt wedge propagates upstream roughly 60km from the river mouth. As river
flow increases in winter, there is usually a period of stratification before the salt wedge is
pushed back out toward the lower estuary. Salt water remains longer in the deeper areas until
the freshwater influx from rain eventually flushes the estuary [40]. This pattern of salinity
helps to explain why D. perlucidum is able to survive so far upstream during the summer. Colo-
nies were present throughout much of the lower estuary following periods of warm water and
high salinity. As the salt wedge retreated with the influx of rainwater runoff, colonies retracted
or died. D. perlucidum died off early near Point Walter because it is an area strongly influenced
by freshwater runoff with low salinity by June. Mosman Bay and Chidley Point maintained
large colonies later in the year because they are deeper sites which still had high salinity under
the freshwater lens. By August the saltwater had moved out of the estuary, resulting in a com-
plete lack of visible D. perlucidum survival throughout the winter.

Fig 6. Counts ofBatillaria australiswith and withoutD. perlucidum colonies sampled from 9mm sediment cores and pooled from 3 sites in April
and June 2014 andMarch 2015. (n = 9 with D. perlucidum per site and 9 without D. perlucidum per site).

doi:10.1371/journal.pone.0154201.g006
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Salinity and temperature are important environmental factors influencing the distribution
and recruitment of D. perlucidum [22, 42]. Growth and reproductive effort are highest
throughout the warmest months and larvae production, recruitment and growth decline dur-
ing the winter [20]. Current knowledge of temperature thresholds suggest it can survive
between 15 and 30°C [16] and in situ experiments have shown that D. perlucidum increases in
cover and biomass when water temperature is increased [43, 44]. D. perlucidum can reproduce
throughout the year but there is a reduction in colony size and larvae density during the period
of winter to spring [20, 22]. But despite reduced recruitment, in a marine environment, D. per-
lucidum is able to continue to survive and reproduce throughout the year [22, 42]. Within the
Swan River, it is likely that the same pattern would persist. However, with the freshwater input
through the estuary, the salinity becomes too low for ascidian survival and they appear to
completely die off. In this study, our model suggested no evidence that temperature was a
major driver in determining the distribution of D. perlucidum. This may be because although
temperature is important to many aspects of the biology of D. perlucidum, salinity is most
important in determining its survival. The salinity threshold has not yet been established but
observations of D. perlucidum have shown a retraction of colonies in coastal environments dur-
ing winter when freshwater runoff is increased, while colonies offshore do not seem to retract
through winter (Simpson, personal observation). Multi-factorial studies need to be undertaken
to determine the minimum salinity and temperature thresholds for survival and performance
of this species.

Effect on seagrass
Compared to other plant groups worldwide, seagrasses require very high light levels to provide
oxygen to their roots and support large amounts of non-photosynthetic tissue [2]. This light
requirement means that seagrasses are highly influenced by environmental changes that alter
light levels reaching the plant, such as turbidity [2], shading and fouling [26]. Fouling of D. per-
lucidum onHalophila leaves appears to cause the leaves to die and decompose within the col-
ony. Ascidians can reduce PAR between 10 and 95% depending on the morphology of the
zooids [26]. D. perlucidum would be particularly variable because the presence of calcareous
spicules in the tunic increases attenuation. The PAM analysis suggests that D. perlucidum is
having an effect on the photosynthetic ability of the plant tissue but it cannot be concluded
that reduced photosynthesis is the mechanism killing the plant.

H. ovalis has a low tolerance to light deprivation, with complete plant death occurring after
38 days in the dark [45]. As D. perlucidum can persist for several months, the shading induced
by this ascidian could clearly deprive the seagrass of the light required for effective photosyn-
thesis. With limited tolerance to light deprivation, the long-term survival strategy of this spe-
cies may be based on its ability to rapidly regrow from seed and/or vegetative fragments after
light deprivation [45]. If the long term survival strategy of Halophila is limited by other anthro-
pogenic stressors, the additive effect of ascidian fouling will put additional pressure on the
decline of seagrass meadows.

In 2011, it was estimated that the Swan River estuary supported 403 ha of H. ovalis [10]. In
its peak season, as shown by measurements from April 2014 and March 2015, D. perlucidum
was present at 75% of the observed sites throughout the estuary, with its mean abundance
being 3% cover. That would hypothetically equate to 9ha of H. ovalis being smothered by D.
perlucidum during the peak season. Given an average biomass loss of 43%, regardless of season,
that implies that as much as 3.9 ha of H. ovalis could be lost every year during the peak D. per-
lucidum season, the same area as 6 soccer fields. During the low season, as measured in June
2014, 58% of the estuary had a D. perlucidum presence, with a mean cover of 2% at affected
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sites. This equates to 4.7 ha with a total potential loss of 2 ha of biomass. While this is a hypo-
thetical extrapolation, it provides an estimation of the potential loss of H. ovalis at the estuary
scale.

Effects on Batillaria australis
Studies on community structure in marine systems have often shown that invading species
have the potential to displace resident species [46, 47, 48] and in this study Batillaria australis
was surveyed as an example of a benthic species that may be effected by the presence of an
invasive fouling tunicate. This species was chosen as an example because it is the most abun-
dant macroinvertebrate in the Swan River estuary [37]. It is also very important in creating
habitat and facilitating overall diversity of benthic species [49]. There were significantly higher
numbers of the mud snail B. australis in cores without Didemnum perlucidum colonies. Thom-
sen et al. [50] found the opposite response to be true when the macroalgae Gracilaria comosa
covered Halophila. It created a ‘habitat cascade’ where habitat forming seagrass provided living
space and protection for another habitat former (macroalgae) which then increased facilitation
of invertebrate species including B. australis. However, where macroalgae provides oxygen,
additional food and detritus used by the snails, D. perlucidum provides no nutritional benefit
and at the same time seals off the decomposing seagrass within its acidic tunic. Didemnids
have a pH within their tunic of less than 3, which is a level of acidity that deters most generalist
fish predators [18, 51] other snails [27] and may deter B. australis as well.

In 2012 it was estimated that there were over 5.2 billion snails in the seagrass meadows of
the Swan River estuary, which has a massive impact on moving sediment, releasing nitrogen,
filtering water and producing shells as potential substrate [10, 37]. The peak abundance of B.
australis also coincides with the peak abundance of D. perlucidum. Both species have the high-
est cover in the sites closest to the river mouth and both species appear to experience their
highest recruitment during the late summer [10, 22]. B. australis populations also support
other organisms such as billions of macroalgae attached to living snails and>100 million her-
mit crabs living in empty shells [37] as well as providing habitat to communities of sessile
invertebrates [49]. Further research is needed to determine the extent of interaction between
these two species. However, given the abundance, distribution and ecosystem function that this
species already has, the interaction of high numbers of D. perlucidum with 5.2 billion snails
could eventually cause ecosystem effects that would be very difficult to measure or predict.

Conclusions
This study has demonstrated that Didemnum perlucidum is able to survive year after year colo-
nizing native seagrass within an urban estuary. Its distribution is seasonal, patchy and largely
driven by the presence of artificial infrastructure and changes in salinity. D. perlucidum has
shown the potential to impactHalophila ovalis at the level of the individual plant through
decreasing photosynthetic ability and loss of biomass. It has also shown the potential to interact
with another species on a small scale.

Impacts from stresses on coastal marine communities are often manifested at the individual
species level, but can magnify in effect throughout the entire ecosystem [13, 52]. Recent find-
ings show that extremely consequential impacts at the ecosystem level (ie. trophic cascades,
changing nutrient cycling, etc) may not be easily detected or may remain innocuous for some
time [5] particularly in situations such as an estuary where population dynamics of an invader
and the dynamics of the ecosystem vary over space and time. This demonstrates the need for
regular long-term monitoring at an ecosystem level. The decline of seagrass is continuing in
urban estuaries around the world due to many factors such as nutrient eutrophication, human
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impacts and increasing temperatures [2, 10, 12] and it is these stressful conditions that enable
invasive ascidian populations to thrive [27]. The potential for impact from D. perlucidum or
any other invasive ascidian species should not be ignored or underestimated.

Supporting Information
S1 Fig. Water conditions from Swan River during survey periods April and June 2014, and
March 2015 listed from downstream to upstream. Conditions for August were obtained
from the Swan River Trust weekly river profile reports
(TIF)

S1 Table. Locations of observed D. perlucidum in the Swan River during the sampling peri-
ods of April and June 2014 and March 2015, listed from downstream to upstream
(TIF)
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Abstract

Prevention and early detection are well recognized as the best strategies for minimizing the risks posed by non-

indigenous species (NIS) that have the potential to become marine pests. Central to this is the ability to rapidly and

accurately identify the presence of NIS, often from complex environmental samples like biofouling and ballast

water. Molecular tools have been increasingly applied to assist with the identification of NIS and can prove particu-

larly useful for taxonomically difficult groups like ascidians. In this study, we have developed real-time PCR assays

suited to the specific identification of the ascidians Didemnum perlucidum and Didemnum vexillum. Despite being

recognized as important global pests, this is the first time specific molecular detection methods have been developed

that can support the early identification and detection of these species from a broad range of environmental sample

types. These fast, robust and high-throughput assays represent powerful tools for routine marine biosecurity surveil-

lance, as detection and confirmation of the early presence of species could assist in the timely establishment of emer-

gency responses and control strategies. This study applied the developed assays to confirm the ability to detect

Didemnid eDNA in water samples. While previous work has focused on detection of marine larvae from water sam-

ples, the development of real-time PCR assays specifically aimed at detecting eDNA of sessile invertebrate species in

the marine environment represents a world first and a significant step forwards in applied marine biosecurity

surveillance. Demonstrated success in the detection of D. perlucidum eDNA from water samples at sites where it

could not be visually identified suggests value in incorporating such assays into biosecurity survey designs targeting

Didemnid species.

Keywords: Didemnum, environmental DNA, introduced species, invasive, marine biosecurity monitoring, pests, real-time

PCR
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Introduction

Marine nonindigenous species (NIS) can pose a signifi-

cant threat to coastal ecosystems through their potential

to decrease endemic biodiversity and modify habitats as

well as threaten marine industries and infrastructure

(Rilov & Crooks 2009). NIS are commonly transported

and introduced through hull biofouling and ballast

water, and represent an increasing threat due to global-

ization and increases in worldwide shipping activities.

The total economic cost of an NIS incursion is very diffi-

cult to determine because it can include not only direct

costs related to reductions in economic output but also

indirect costs via damage to coastal infrastructure, social

implications, risks to human health and environmental

impacts, which can be more difficult to quantify. What is

clear, however, is that once an incursion has occurred,

eradication of a NIS is very costly and often ineffective

(Pimentel et al. 2000; Bax et al. 2003; Pochon et al. 2013).

Prevention and early detection are well recognized as

the best strategies for minimizing the risks posed by NIS

that have the potential to become marine pests (Bax et al.

2001; Simberloff 2001; Hulme 2006). Central to this is the
Correspondence: J. S. Tiffany Simpson, Fax: +61 (08) 9203 0142;
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ability to rapidly and accurately identify the presence of

NIS, often from complex environmental samples like bio-

fouling and ballast water (Bott et al. 2010). In general,

early detection of NIS can be problematic, as some spe-

cies require highly specialized taxonomic expertise and

morphological identification at early life stages is often

challenging, particularly if samples are poorly preserved

(Darling & Blum 2007; Darling & Mahon 2011).

In an attempt to address some of these challenges,

molecular tools have been increasingly applied to assist

with the identification of NIS. These include DNA bar-

coding, real-time PCR and, more recently, metabarcod-

ing (Darling & Blum 2007; Bott et al. 2010; Comtet et al.

2015; Zaiko et al. 2015). DNA barcoding involves the

PCR amplification and sequencing of a diagnostic DNA

region or gene (e.g. COI) and analysing that sequence

against a reference database such as GenBank (Benson

et al. 2013) or BoLD (Barcode of Life Data System, Rat-

nasingham & Hebert 2007). Such methodologies require

only small amounts of tissue, allow for the identification

of species at all development stages and are becoming

standardized across a wide range of taxa (Hebert et al.

2003). DNA barcoding has developed, during the last

decade, into an efficient and affordable methodology

routinely applied to complement taxonomic identifica-

tion of individual specimens of suspected NIS (Arm-

strong & Ball 2005; Bott et al. 2010; Comtet et al. 2015).

Real-time PCR is a method that, in addition to pri-

mers, includes fluorescent probes in the reaction which

bind to the target species DNA. The species-specific

detection occurs in ‘real-time’ during the reaction, reduc-

ing the time arising from the postprocessing of samples

and increasing sensitivity as compared to the end-point

detection in agarose gels following conventional PCR.

The probe fluorescence intensity is measured during the

exponential amplification phase when it rises above the

background level or critical threshold (Ct), and is directly

correlated with initial template quantity. For this reason,

real-time PCR can also be used quantitatively, with

lower Ct values corresponding to an amplifiable higher

DNA amount (Valasek & Repa 2005). The decreased pro-

cessing time combined with the increased specificity and

sensitivity of real-time PCR has motivated development

of this technology for the detection of target NIS from

complex environmental samples (Bott et al. 2010; Smith

et al. 2012a; Loh et al. 2014).

The use of molecular methods for biosecurity applica-

tions has been gaining momentum worldwide. In Aus-

tralia and New Zealand, PCR and real-time PCR assays

developed and adopted by biosecurity agencies have

been aimed at detecting larval stages of NIS in the plank-

ton communities of ballast water and commercial har-

bours (Deagle et al. 2003; Gunasekera et al. 2005; Smith

et al. 2012a; Wood et al. 2013). In Canada, specific PCR

assays have also been developed for the confirmation

and detection of invasive tunicates species at multiple

life stages (Stewart-Clark et al. 2009, 2013). In addition to

the targeted larval or gamete life stages of planktonic

organisms, sources of NIS DNA present in the environ-

ment also include mucus, tissue, waste and free DNA. In

the marine environment, environmental DNA (eDNA)

has not been historically targeted by NIS detection

methodologies until the recent advent of sensitive

metabarcoding assays based on emerging high-through-

put sequencing (HTS) technology (Thomsen & Willerslev

2015). The ability to amplify thousands of DNA

sequences (including a significant amount of trace DNA)

from water samples has allowed researchers to detect

eDNA from a variety of marine species including

dolphins and fish (Foote et al. 2012; Thomsen et al. 2012).

The background biodiversity information and sensitivity

associated with the ‘deep-sequencing’ capacity of

metabarcoding technologies have long looked promising

for the early detection of marine NIS (Darling & Blum

2007; Bott et al. 2010; Comtet et al. 2015; Zaiko et al.

2015). Despite reduction in costs and increased ease of

access to HTS platforms, the successful application of

metabarcoding to marine biosecurity is still greatly hin-

dered by the lack of primers able to amplify a suitable

shorter size read, diagnostic for the highly diverse taxa

of largely invertebrate NIS (Pochon et al. 2013).

Ascidians are common among biofouling communi-

ties and are among the taxa with the highest reported

record of introduced species worldwide (Lambert 2002;

L�opez-Legentil et al. 2015; Pagad et al. 2015). Non-native

Didemnid ascidians, including the recognized marine

pests Didemnum perlucidum and Didemnum vexillum, are

considered a threat to Western Australia (WA) and are

thus included on the WA Prevention List for Introduced

Marine Pests (2014). D. perlucidum is an invasive colonial

ascidian that has been introduced to many locations

worldwide (Lambert 2002; Dias et al. 2016). In WA, it has

become well established on the infrastructure of ports,

marinas and aquaculture facilities and on seagrass mead-

ows of the Swan River (Bridgwood et al. 2014; Mu~noz &

McDonald 2014; Simpson et al. 2016). Although D. perlu-

cidum eradication is deemed unfeasible from many areas

where it has become established, all suspected new

detections of this species must be reported to the WA

Government Department of Fisheries (DoF) so that its

distribution can be tracked and its further spread poten-

tially limited. D. vexillum has also been described as a

marine pest around the world, aggressively overgrowing

native species and causing environmental and economic

damage (Stefaniak et al. 2009), but to date has not been

recorded in Australia. Routine surveillance is required to

prevent future incursions of this species. Effectively

managing the risk of introduction and spread of

© 2016 John Wiley & Sons Ltd
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Didemnid species requires development of a fast and

accurate method of confirming specimen identity given

that these species are often difficult to identify visually.

Colonies are variable in colour and morphology, as has

been shown for both species (Stefaniak et al. 2009; Bridg-

wood et al. 2014), and taxonomic identification is chal-

lenging, provided by only a few experts outside

Australia. The development of methods suited to the

rapid detection of Didemnid species, and particularly D.

perlucidum and D. vexillum, from surveillance programs

remains a priority for the effective management of the

risk posed by these species to WA.

To address this priority, the aims of this study were to

(i) develop real-time PCR assays suited to the rapid iden-

tification of D. perlucidum and D. vexillum; (ii) test the

suitability of real-time PCR for detecting Didemnum per-

lucidum eDNA from water samples; and (iii) evaluate the

potential of integrating these methods into current rou-

tine marine biosecurity monitoring regimes.

Materials and methods

Vouchered specimen and larvae collection for primer
testing

Vouchered specimens of many Didemnid species and

larvae from D. perlucidum were obtained to confirm the

specificity and sensitivity of the primer sets prior to

applying them to water samples. The DoF molecular lab-

oratory was given access to taxonomically confirmed

samples of DNA extracted from whole colonial tissue of

D. perlucidum and lookalike Didemnid species collected

as part of introduced marine pest (IMP) monitoring

along the WA coast during 2011–2012 (Bridgwood et al.

2014; Table 1). Didemnid DNA barcoding was per-

formed as described in Bridgwood et al. (2014), and all

WA D. perlucidum sequences were a 100% haplotype

match to JQ731735, obtained from the Swan River from

this species first detection in WA in 2010 (Smale & Childs

2012). A DNA sample of a second distinct haplotype of

D. perlucidum (GenBank JQ731740) was provided by the

New South Wales (NSW) Department of Primary Indus-

tries. Further, a taxonomically vouchered D. vexillum

DNA sample was made available from the DoF Taxo-

nomic and Molecular Reference Collection (BoLD

OZIMP002-15).

Larvae were collected from colonies of confirmed D.

perlucidum collected at Hillarys Boat Harbour (HBH) and

stored in ethanol during the reproductive peak in sum-

mer (Mu~noz et al. 2015). Samples consisting of one larva

and pools of two and five larvae were sorted using a dis-

section microscope and transferred to Eppendorf tubes

with 70% ethanol, in triplicate. Ethanol was removed

from the larvae using a pipette and DNA was extracted

from all larval samples using a Favorgen FavorPrep Tis-

sue Genomic DNA Extraction Mini Kit, following the

manufacturer’s instructions (Fisher Biotec). A blank filter

control and a template-free extraction control were

included, and all extracts were resuspended in 50 lL elu-

tion buffer. All extracts were stored at �20 °C until fur-

ther use.

Real-time PCR assay development, optimization and
testing

The COI gene was targeted for the development of D.

perlucidum- and D. vexillum-specific real-time PCR assays

due to an appropriate level of variation within this gene

Table 1 List of species from which samples were obtained to

test assay specificity and collection location; haplotype (Hap) 1

is represented by GenBank JQ731735 and Hap 2 by GenBank

JQ731740

Species Location Hap Dper Dvex

Didemnum

perlucidum

Cygnet Bay, Western

Australia

1 ✔ 9

Dampier, Western

Australia

1 ✔ 9

Barrow Island,

Western Australia

1 ✔ 9

Geraldton,

Western Australia

1 ✔ 9

Hillarys,

Western Australia

1 ✔ 9

Fremantle,

Western Australia

1 ✔ 9

Henderson,

Western Australia

1 ✔ 9

Busselton,

Western Australia

1 ✔ 9

Swan River,

Western Australia

1 ✔ 9

Twofold Bay,

New South Wales

2 ✔ 9

Didemnum

vexillum

Port Nelson,

New Zealand

9 ✔

Didemnum

patulum

Cygnet Bay,

Western Australia

9 9

Didemnum

incanum

Albany,

Western Australia

9 9

Lissoclinum

fragile

Port Hedland,

Western Australia

9 9

Didemnum sp. Queenscliff

Marina,

Victoria, Australia

9 9

Didemnum sp. Broome,

Western Australia

9 9

A check mark indicates a positive Ct value and ‘9’ a negative

result for D. perlucidum assay (Dper) and D. vexillum assay

(Dvex)
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region and availability of COI sequences for Didemnum

species in public databases. At the time this work was

conducted in 2014, sequences JQ731735 and JQ731740

represented the only two known COI haplotypes for D.

perlucidum. These sequences were aligned with all

known 16 haplotype sequences of D. vexillum (Stefaniak

et al. 2009; Smith et al. 2012b) and 17 sequences of

another six Didemnum species including D. patulum

(JQ731736-9), D. fulgens (JX846617, KF309576), D. incanum

(JQ692626-8), D. psammatode (EU742661), D. albidum

(EU419432, EU419456) and D. granulatum (JQ780669,

JQ780673, JQ780675, JQ780687, JQ780688). One primer

pair per species was developed that flanked highly vari-

able regions suitable for the design of species-specific

TaqMan-MGB probes (Table 2). The primers and probes

were designed using the Primer Express version 3.0 soft-

ware (Applied Biosystems), based on the alignment of all

sequences detailed above. To help guarantee the speci-

ficity of the method, all designed primer and probe

sequences were tested in silico using the similarity-based

Basic Local Alignment Search Tool (BLAST) [National

Center for Biotechnology Information (NCBI)], to check

for potential cross-reaction.

Real-time PCR assay testing and optimization was

conducted using both multiplex and single-probe reac-

tions conducted in a final volume of 10 lL containing

1 lL of DNA template, 19 TaqMan� Fast Advanced

master mix (Applied Biosystems), and combinations of

concentrations of primers and probes (450, 900 and

1350 nM of each primer and 100, 200 and 300 nM of each

TaqMan� probe) (Applied Biosystems). Assays were per-

formed on an ABI Step One PlusTM real-time PCR system

using a cycling profile of 50 °C for 2 min (UNG incuba-

tion) and 95 °C for 20 s (DNA polymerase activation) fol-

lowed by 45 cycles of 95 °C for 1 s (denaturation) and 60,

58, 56 and 54 °C for 20 s (annealing/extension). Assay

specificity was tested across DNA extracts of Didemnid

species (Table 1). All experiments included a negative

control (no template DNA added). The efficiency

of primers and probes, that is Efficiency (%) =
[10(�1/slope)] � 1 9 100, was assessed using standard

curves based on triplicate singleplex reactions conducted

on 10-fold dilutions of DNA extracted from D. perlucidum

and D. vexillum colonies. Starting concentrations for the

serial dilutions were 88.3 lg/mL D. perlucidum and

48.6 lg/mL D. vexillum. DNA extracts from confirmed

D. perlucidum and D. vexillum colonies were used as posi-

tive controls in all runs. A standard curve based on DNA

extracted from the samples of D. perlucidum larvae was

established to investigate the minimum number of larvae

able to be detected by each assay.

Water sampling and DNA extraction

Water sampling was conducted at two locations, Hillarys

Boat Harbour (HBH) (31°49030.70″S, 115°44007.71″E) and
the lower Swan River Estuary (32°00 20.43″S, 115°460

20.00″E), in the WA Perth metropolitan area (Fig. 1)

where D. perlucidum is known to be well established

(Smale & Childs 2012; Mu~noz et al. 2015). Water sam-

pling and visual surveys were conducted simultaneously

in May, August and December 2014 at eight HBH sites.

Five sites were located within the HBH sea walls, and

three sites outside the HBH sea walls, namely at the

HBH entrance, at the Boy in a Boat Reef sanctuary (no

take) zone and at a further-away control site. Water sam-

ples were collected by hand from a boat using sterile

100-mL plastic jars (five replicates) and latex gloves, just

below the water surface. The presence or absence of D.

perlucidum was noted during snorkel surveys of the arti-

ficial structures neighbouring the five water sampling

sites within HBH. Within the Swan River, water samples

were collected opportunistically at a single occasion and

site in Mosman Bay during January 2015. Visual surveys

verified the presence of D. perlucidum colonies growing

on seagrass on the river bottom at approximately 2.5 m

depth. Five replicate water samples were collected from

the surface above the colonies, mid-water column (1 m)

and at the bottom near D. perlucidum colonies (2.5 m

deep).

In the laboratory, all the replicate water samples

collected from the same site and depth (five samples,

Table 2 List of real-time PCR primers and TaqMan�-MGB probes developed in this study with information on species assay, oligo

name, sequence, melting temperature (Tm), GC content (%), length (bp = base pairs) and attributed dye (probes)

Assay Oligo Sequence 50–30 Tm (°C) GC (%) Length (bp) Dye

Didemnum perlucidum Dper new F AGCTCCTGATATAGCATTTCCTCGTTTAAA 63.3 37 30 —

Dper new R AGATATTCCTGCTAAATGTAATGAAAAAATAGCTA 61.2 26 35 —

Dp probe TAGCTCATTCAAATAGGGCAGTA 69 39 23 FAM

Didemnum vexillum Dvex new F TGATTATTACCTTTAATAATCAGAGCTCCAGATA 61 29 34 —

Dvex new R AGATATTCTAGCTAAATGTAGAGAAAAAATAACTA 56.2 23 35 —
Dv probe2* ACTGTTCATCTAGTTCTAGCTC 69 41 22 VIC

*The Dv probe2 has been designed on the lagging strand.
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100 mL each) were pooled and spiked with Artemia fran-

ciscana. This is often used as an extraction process control

(Giblot-Ducray & Bott 2013). One set of parallel samples

was processed without the addition of Artemia to ensure

that it did not limit the efficacy of the method. The

pooled water samples were then filtered using an in-

house assembled filtration unit (Fig. 2). The unit was

soaked in 10% bleach, rinsed, sprayed with absolute

ethanol and dried prior to filtration. A nitrocellulose fil-

ter (0.45 lm HA; Merck Millipore�) was placed on each

unit using sterilized forceps. A volume of 500 mL of dis-

tilled water was passed through the filter prior to each

sample as a blank negative control. The entire seawater

sample (500 mL) was then filtered through a new filter

which was transferred to a 7-mL prefilled Precellys�

bead tube and stored at �20 °C until DNA extraction. A

Favorgen FavorPrep Tissue Genomic DNA Extraction

Mini Kit was used to extract DNA from the filtered sam-

ples, following the manufacturer’s instructions (Fisher

Biotec). The volumes of FATG1, FATG2 buffer, pro-

teinase K and ethanol were increased from the manufac-

turer’s instructions to provide enough reagent volume to

fully lyse the whole filter. The filter was homogenized

with a Precellys homogenizer (4024 g, 3 9 30 s, 15 s

hold). The homogenate was centrifuged, and the super-

natant was transferred to a fresh Eppendorf tube. From

that point, the protocol followed the manufacturer’s

instructions. An extraction control (blank filter) was

included, and all samples were eluted in 100 lL of

elution buffer. All DNA extracts were stored at �20 °C
until further use.

Real-time PCR screening of water samples

DNA extracts obtained from all water samples were

screened using the developed D. perlucidum and D. vexil-

lum singleplex real-time PCR assays (Table 2). All reac-

tions were conducted in a final volume of 10 lL
containing 1 lL of DNA template, 19 TaqMan� Fast

Advanced master mix (Applied Biosystems), 450 or

1350 nM of each primer for D. perlucidum and D. vexillum

assays respectively, and 200 nM of TaqMan� probe

(Applied Biosystems). All assays were performed on an

ABI Step One PlusTM real-time PCR system using a

Fig. 1 Map showing eight sampling sites (1–7 and control) at Hillarys Boat Harbour (HBH) and the single site at Mosman Bay in the

Swan River, Perth, Western Australia.

© 2016 John Wiley & Sons Ltd
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cycling profile of 50 °C for 2 min (UNG incubation) and

95 °C for 20 s (DNA polymerase activation) followed by

45 cycles of 95 °C for 1 s (denaturation) and 60 or 58 °C
for 20 s (annealing/extension) for D. perlucidum and D.

vexillum, respectively. Reactions were conducted in trip-

licate, and all experiments included an equipment con-

trol, extraction control and negative real-time PCR

control (no template DNA added).

Results

Real-time PCR assay development, optimization and
testing

When D. perlucidum and D. vexillum assays were multi-

plexed, the D. vexillum assay was strongly inhibited. To

obtain accurate, reproducible and comparable results,

real-time PCR assay efficiency should be as close to 100%

(slope of �3.33) as possible (Pfaffl 2004; Valasek & Repa

2005). When used as singleplex assays, standard curves

based on triplicate reactions of 10-fold dilutions of DNA

extracted from D. perlucidum and D. vexillum colonies

revealed slopes of �3.35 (efficiency = 98.84%) and �3.52

(efficiency = 92.35%), respectively. There was high corre-

lation between Ct values and dilution factor, R2 = 0.991

and R2 = 0.999 for D. perlucidum and D. vexillum, respec-

tively (Fig. 3). Triplicate single-probe reactions yielded

similar Ct values, with SD �0.003–0.085 for D. perlucidum

and SD �0.099–0.688 for D. vexillum dilution series.

Results from in silico evaluation of primer and probe

specificity indicated that the designed real-time PCR

assays were specific for D. perlucidum and D. vexillum.

This was supported by screening several Didemnid spe-

cies. All D. perlucidum DNA samples generated positive

Ct values (Ct range 21.5–35) when screened with the D.

perlucidum assay. There was no cross-amplification with

all other Didemnid species screened (Table 1). Similarly,

the D. vexillum DNA sample tested positive when

screened with the D. vexillum assay (Ct range 24.6–31.2),
while all other screened Didemnid species were negative

(Table 1). The D. perlucidum assay was also able to detect

all triplicate DNA samples extracted from pools of five

larvae (average Ct 25.1 � 0.05, DNA concentration

0.525 lg/mL), two larvae (average Ct 27.65 � 0.04, DNA

concentration 0.188 lg/mL) and from one larva (average

Ct 28.56 � 0.06, concentration too low to be determined).

No detections were obtained from extraction controls or

real-time PCR negative controls.

Real-time PCR screening of water samples

Water samples collected in May from HBH and screened

using the real-time PCR assay for D. perlucidum were all

positive with the exception of the control site. Values

ranged from Ct 33.3 to Ct 40.2 (Table 3). Visual surveys

within the harbour confirmed the presence of D. perlu-

cidum at all sites (Fig. 1; Table 3). Sites 1 and 2 outside

the HBH sea walls were not visually assessed but were

expected to have little to no presence of D. perlucidum

due to sandy bottoms and the absence of D. perlucidum

(a) (b) Fig. 2 (a) Photograph of the water multi-

sample filtration unit, assembled in-house

from cut and adjusted plastic parts, and

metal mesh for filter support. Sized for

use within laminar flow cabinet (MSC-

Advantage; Thermo Fisher) and using a

vacuum pump (SparMax); (b) schematic

diagram of the filtration unit.

Fig. 3 Efficiency of D. perlucidum (Dper) and D. vexillum (Dvex)

real-time PCR singleplex assays. Average cycle threshold values

(Cts) obtained from 10-fold dilutions of total DNA extracted

from D. perlucidum (neat DNA concentration 88.3 lg/mL) and

D. vexillum (neat concentration 48.6 lg/mL) colonial tissue.

Slope values giving reaction efficiency of TaqMan�-MGB probes

for each species are shown on the graphic. Standard deviations

(SD) are �0.04 and �0.42 for Dper and Dvex, respectively, and

are too low to be visualized in the figure.
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from natural reefs in WA. In August, D. perlucidum was

visually detected at only three sites, but it was detected

by the real-time PCR assay at all sites, excluding the con-

trol site and Site 1. Values ranged from Ct 38.2 to Ct 40.2

(Table 3). In December, visual surveys indicated D. perlu-

cidum was present at three of five sites, but real-time

PCR detections were positive only at Site 7 with a value

of Ct 38.1 (Table 3). From the water samples collected at

Mosman Bay in January, the real-time PCR assay

detected D. perlucidum eDNA at the river bottom near

the observed colonies (~2.5 m depth) and in the water

column (~1 m depth) but did not detect it from the sur-

face (Table 3). All samples spiked with A. franciscana

were positive for this species without hindering the abil-

ity to detect D. perlucidum. As expected, there were no

D. vexillum detections in any of the water samples from

the HBH or Mosman Bay. No detections were obtained

from equipment, extraction or real-time PCR negative

controls.

Discussion

In this study, we have developed rapid, sensitive and

species-specific real-time PCR assays suited to the speci-

fic identification of D. perlucidum and D. vexillum. Despite

being recognized as important global pests, this is the

first time an assay has been developed which is suitable

for the fast and high-throughput routine identification

and detection of D. perlucidum and D. vexillum from envi-

ronmental samples. The ability to detect DNA extracted

from as little as one larva and the efficiency values

obtained for each assay indicate detections should be

robust and reproducible, providing the necessary confi-

dence for the confirmation of these species from tissue

samples. The fact that the D. perlucidum assay was able to

detect not only the commonly found haplotype in WA

but also the haplotype reported from the only incursion

event to date to the eastern states (Twofold Bay, New

South Wales NSW) indicates the assay is suitable to mon-

itor both potential spread of and potential future incur-

sions of D. perlucidum. While not tested in the field, the

in silico results provide confidence that the D. vexillum

assay should also be able to detect all known haplotypes

and be able to detect potential future incursions of D.

vexillum around Australia. Although the real-time PCR

assay is not able to specify which haplotype is detected,

this provides confirmation that testing new specimens

will not result in a false negative. If required, barcode

sequencing could be subsequently carried out to deter-

mine the haplotype. The assay represents a powerful tool

for routine marine biosecurity diagnostic and manage-

ment purposes, as it allows for positive identification of

D. perlucidum or D. vexillum to be reported within 24 h

from sample reception, allowing for the timely establish-

ment of emergency responses and/or establishment of

control strategies. This represents an advantage over the

2- to 3-day turnaround expected from DNA barcoding,

and a much-needed faster alternative to the identification

provided by the few expert taxonomists currently

abroad.

The lack of COI haplotype diversity (with one pre-

dominant haplotype) is common in introduced ascidian

species worldwide (Turon et al. 2003; Rocha et al. 2012;

Stefaniak et al. 2012; Ord�o~nez et al. 2015), and therefore,

the method is expected to be useful in detecting D. perlu-

cidum at introduced worldwide locations. However, as

with many other tropical introduced ascidians in Aus-

tralia (Kott 2005; Zhan et al. 2010; Torkkola et al. 2013),

the D. perlucidum native range and full COI haplotype

diversity are unknown (Lambert 2002). Also, despite the

Table 3 Comparison of D. perlucidum detections through visual surveys and average Ct values (�SD) of triplicate reactions of DNA

extracted from water samples and screened using the D. perlucidum real-time PCR (ND indicates no detection)

Sampling site Location

May-14 Aug-14 Dec-14 Jan-15

Visual qPCR Visual qPCR Visual qPCR Visual qPCR

Marina 1 Marina entrance 39.8 ND ND

Marina 2 Reef 40.2 40.2 � 1.1 ND

Marina 3 Refueling Jetty ✔ 35.4 � 0.3 ✔ 38.7 X ND

Marina 4 Jetty Z ✔ 34.8 � 0.2 ✔ 39.7 � 1.3 ✔ ND

Marina 5 Wooden Jetty ✔ 35.1 � 0.2 X 38.7 X ND

Marina 6 Jetty D ✔ 34.9 � 0.4 X 38.9 � 1.8 ✔ ND

Marina 7 Boat ramp ✔ 33.5 � 0.01 ✔ 38.2 � 0.8 ✔ 38.1 � 0.1

Marina 8 Control Site ND ND ND

Mosman Bay 1 Surface ND

Mosman Bay 2 Mid-column 1 m depth 39.1 � 1.4

Mosman Bay 3 Bottom 2.5 m depth ✔ 38.1 � 0.9

Higher Ct values imply lower concentrations of target DNA

© 2016 John Wiley & Sons Ltd
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high number of Didemnum species reported worldwide

(>300 listed in the Ascidiacea World Database) and from

Australia alone (Kott 2001, 2005), DNA barcodes were

available on the GenBank database for only six species

(plus D. perlucidum and D. vexillum). There is an urgent

need to integrate Didemnid taxonomy and molecular

identification, so that introduced species can be rapidly

and confidently identified worldwide and the specificity

of new detection assays can be fully verified.

This study demonstrated the ability of the developed

assay to detect D. perlucidum eDNA in water samples. It

is the first time a real-time PCR assay has been specifi-

cally aimed at detecting eDNA of a sessile invertebrate

species in the marine environment and, most impor-

tantly, in an applied marine biosecurity context. Results

of this initial study also suggest that the ability to detect

colonial ascidians is largely correlated with their sea-

sonal variation in colony size and larval abundance. At

HBH, the strongest detections were obtained in May

(Table 3), when visual surveys verified the highest abun-

dance of D. perlucidum colonies at all sites inside the

HBH sea walls, and which has been previously identified

as the end of the D. perlucidum reproductive (spawning)

peak period at this site (Mu~noz et al. 2015). In August

and December, the assay detections were not always con-

sistent with visual surveys. The apparent absence of D.

perlucidum colonies at sites with positive eDNA detec-

tions in August (Table 3) was not unexpected, and we

believe this is mostly due to the significant retraction in

the size of the colonies during the winter months (Mu~noz

et al. 2015).

The capacity to detect D. perlucidum from water

samples can also be variable due to ascidian limited lar-

vae dispersal ability and potential limited eDNA shed-

ding. The lack of detection in December at sites where

D. perlucidum colonies were observed (Table 3) could

likely be explained by the sessile nature of this inverte-

brate species. Aquatic organisms whose eDNA has been

successfully detected from water samples in previous

studies have been larger animals (e.g. fish and dolphins

in the marine environment) that are constantly moving

and shedding tissue and waste (Foote et al. 2012; Thom-

sen et al. 2012). It is very possible that small sessile colo-

nial invertebrates like Didemnids shed very little DNA.

Larvae, ova and testes could significantly contribute to

the overall species eDNA, but these too have a limited

patchy presence as they are known to be nonswimming,

and unlikely to travel far (Svane & Young 1989). Limited

larval dispersal could explain the negative detections

from the control site at all times and the weak eDNA

detection at the marina entrance occurring in May

(Deiner & Altermatt 2014). In and around the marina,

D. perlucidum was detected at distances greater than

100 m from the closest known colonies during peak

abundance, but the strength of the detection, as indicated

by the Ct value, decreased with increasing distance from

the source. In the Swan River, where currents may be

more pronounced, D. perlucidum was detected within

only 1–2 m of a known colony but was not detected from

the surface. The time of sampling, the characteristics of

the site (e.g. tides and boat traffic) and the dispersal abil-

ity of the target species can all influence the real-time

PCR assay eDNA detections on water samples taken

from the aquatic environment (Furlan et al. 2015). There

are also a multitude of biotic and abiotic conditions that

affect the degradation of eDNA in the environment

which determines how long it is able to persist and how

far it may travel (Strickler et al. 2015). Most experiments

to this point have focused on the degradation rates of

eDNA of vertebrates and results have varied consider-

ably (Dejean et al. 2011; Barnes et al. 2014), so it is

unknown how long sessile invertebrate eDNA will per-

sist. The difficulty in controlling these factors is likely to

have hindered more applied work in open marine

environments.

The real-time PCR assay success in detecting D. perlu-

cidum at sites and/or times where it could not be visually

detected indicates that marine biosecurity could benefit

from incorporating such assays in survey design. The

opposite (failure of eDNA detection despite visual con-

firmation), however, supports the use of the assay on

complex environmental samples like water as a comple-

mentary method and not a replacement to visual screen-

ing methods. In established molecular facilities within

biosecurity monitoring agencies where real-time PCR is

routinely used (Dias et al. 2013), such assays can simi-

larly be applied to the screening of pools of scrapes from

pylons and settlement arrays, and plankton samples

derived from commercial ports and ballast water. Due to

their species-specific nature, they can be mostly useful

when targeting a small number of species.

In a not-too-distant future, the establishment of HTS

metabarcoding protocols for marine biosecurity should

greatly improve the sensitivity and consequent ability

for early simultaneous detection of a high number of NIS

eDNA from complex marine environmental samples

(Pochon et al. 2013; Comtet et al. 2015). The amount of

data generated can also provide an important baseline

for monitoring environmental change at anthropogenic

impacted sites. At the moment however, such expertise

is only provided by a limited number of laboratories.

Using water samples from Hillarys, HTS was initially

explored as a pilot study, using MiSeq sequencer (Illu-

mina) Next Generation Sequencing methodology (results

not included). While D. perlucidum was detected, the pre-

liminary results indicated that further optimization of

the primers would be required to allow for the consistent

detection of the Didemnum species. The limited expertise

© 2016 John Wiley & Sons Ltd
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coupled with cost and technical implications is likely

why, in aquatic environments, conventional PCR and

real-time PCR continue to be the monitoring methods of

choice in application to complex environmental samples

(Ficetola et al. 2008; Loh et al. 2014) including eDNA

detection (Jerde et al. 2011; Takahara et al. 2013; Deiner &

Altermatt 2014; Treguier et al. 2014; Spear et al. 2015).

Continuous improvement can be made to the sensitiv-

ity of all molecular-based methods by evaluating and

optimizing the survey technique to be specific to the con-

ditions of the survey area and the dispersal of DNA

molecules or larvae for the target species (Furlan et al.

2015). The usefulness of the high amount of data

obtained from HTS metabarcoding technologies is also,

at present, greatly limited by the availability of barcodes

in reference databases to assist interpretation (Ratnasing-

ham & Hebert 2007). However, as genetic diversity con-

tinues to be described through extremely valuable and

most necessary worldwide barcoding initiatives like

BoLD, the confidence, application and value of molecular

tools such as PCR-based methods and HTS metabarcod-

ing in supporting routine environmental monitoring are

expected to increase (Bohmann et al. 2014; Thomsen &

Willerslev 2015; Zaiko et al. 2015).
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Abstract 

The colonial tunicate Didemnum perlucidum has been identified from numerous tropical and temperate locations worldwide, but its native 
and introduced ranges remain largely unknown. In Australia, D. perlucidum is listed as a target species under the introduced marine pest 
national monitoring network. In order to investigate the introduced status and potential routes of introduction and dispersal of D. perlucidum, 
we developed 17 new polymorphic microsatellite markers using 454 shotgun sequencing. Two to six alleles per locus were detected. No 
evidence of linkage disequilibrium between pairs of loci was identified and 12 of the 17 loci were in Hardy-Weinberg equilibrium. 

Key words: Didemnidae, genetic markers, 454 sequencing, sea squirt, invasive, Western Australia 

 
Introduction 

The ascidian Didemnum perlucidum (Monniot, 1983) 
is a colonial tunicate with a reported worldwide 
distribution across the Atlantic, Pacific and Indian 
Oceans (Lambert 2002). Although D. perlucidum 
was first described from the island of Guadeloupe 
in the Caribbean (Monniot 1983), its native range 
is unknown. It is thought to have been introduced 
to many areas including Southern Brazil and 
Western Australia (WA) where it seems to have 
become established and has demonstrated invasive 
characteristics (da Rocha and Monniot 1995; 
Kremer et al. 2010; Munoz et al. 2015; Smale and 
Childs 2011). Didemnum perlucidum was first 
report in WA in the Swan River, Perth, in 2010 
(Smale and Childs 2011). Since then, it has been 
found in numerous locations and has been listed 
as a target species under the introduced marine 
pest national monitoring network (Bridgwood et 
al. 2014). 

Defining the status of a species as native or 
introduced is important as it can influence 
management decisions, but it is often challenging, 
particularly within communities which have been 
under the influence of human intervention (Carlton 
1996). Molecular markers can be used to 
characterize species diversity at locations, providing 
important supporting evidence to identify native 
and introduced ranges, and investigate potential 
frequency and routes of colonization and dispersal 
(Rius et al. 2014; Stefaniak et al. 2012). In the 
present work we aimed to develop and characterise 
microsatellite markers to support invasion genetic 
studies on D. perlucidum. 

Materials and methods 

Next-generation sequencing 

Genomic DNA (2.6 µg) was isolated from a 5 mg 
tissue sample from     a D. perlucidum colony using 
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Table 1. Primer sequences, GenBank accession numbers, repeat motif, and levels of diversity at 17 microsatellite loci in the tunicate 
Didemnum perlucidum. Number of alleles (Na), polymorphic information content (PIC), observed heterozygosity (HO), expected 
heterozygosity (HE), probability value from a test for deviation from Hardy-Weinberg Equilibrium (P) and null allele frequency (F). F, N, V, 
and P indicate dyes FAM, NED, VIC, and PET respectively, followed by numbers 1, 2, 3, 4 and 5 indicating the five multiplexed sets of 
primers used. 

Locus Primer Sequence (5'-3') GenBank 
Repeat 
Motif 

Na 
Size 

Range 
(bp) 

PIC Ho HE P 
F 

(Null) 

Dp02V2 F:AATATCGGAATGGACCACCA KT694049  (TGAA)7 6 150-194  0.69 0.82  0.74 0.435  -0.06 
R:AGCTAGAAAGCGCCACAAAA 

Dp06F4 F:TGACAGAGTGTTAGCTCTACACCA KT694050 (TAAA)5 3 150-170  0.30  0.15  0.33  0.000 0.37 
R:GAGCGTGCTCTGTTTTGACA 

Dp07N1 F:GAGCAGGACGACTATCTCGC KT694051  (AAC)5 2 100-158 0.37 0.60 0.49 0.051 -0.11 
R:CGCTATACAATTGCCGAAGC 

Dp10V1 F:AGCACAAACATGACCACCCT KT694052 (ATC)5 4 100-132 0.46 0.54 0.54 0.218 -0.02 
R:TTGCGCTACTTTTGGTTGAA 

Dp13F2 F:TCCTCGGTCAAGTTGTGTTG KT694053  (ATT)5 4 200-222 0.46 0.59 0.53 0.427 -0.06 
R:TGCTTGATCGTATTTGATGTTG 

Dp14V1 F:AAAATTTGGCAAACCTTAGCTATC KT694054 (AAT)15 5 200-226 0.62 0.74 0.68 0.258 -0.04 
R:TCCTGATATTTCCGTTTGGG 

Dp15N2 F:GTGGGATGTGAAACGCATTA KT694055 (CGTG)6 6 150-227 0.57 0.72 0.61  0.073 -0.11 
R:CAACAACGCCAATTTGAACA 

Dp16P2 F:CTTTCACGCAAGTAGGGCTC KT694056 (AAAT)6 4 150-184 0.34 0.35  0.37 0.264 0.05 
R:CGCTGCTACAAAATGACGAA 

Dp27V3 F:TGCCTATACAACGATGACGG KT694057 (TAC)9 5 89-127 0.51 0.65 0.59 0.529 -0.06 
R:AGTAAGTTTATGAAAGTAATGTTGGCA 

Dp30V4 F:ATTAGTGGTTTGCTCGACGG KT694058 (TGG)6 5 200-267 0.49 0.26 0.57 0.00 0.38 
R:ACAGCAACAGCAACAACAGC 

Dp42F3 F:AGGCCTAAAGCAGGGGAGTA KT694059 (ATA)6 4 100-129 0.47 0.56 0.53  0.003 -0.04 
R:AAAATATGCATGGTTTGAGAAA 

Dp49V4 F:CTTTCGTTTATTCTTCCGCC KT694060 (GT)5 2 150-160 0.30 0.37 0.37  1.000 -0.00 
R:TCCAATACAGTCAAACACAGCC 

Dp51P5 F:CAAATCCATCAGCAGAGCAA KT694061 (TA)5 2 200-257 0.37 0.33 0.50 0.009 0.19 
R:AGAGCACTTCCACCATTTCAA 

Dp52N4 F:CTTTCCAAACCATGCACCTT KT694062  (AT)5 3 200-237 0.44 0.52 0.54 0.002 0.01 
R:GCCCCTCCTCAAAATCTTTC 

Dp53F5 F:GAAACCGATTAATTTCCGCA KT694063 (TA)6 3 250-260 0.26 0.24 0.30 0.092 0.11 
R:CTCAAGTTGATTTCGGAGGC 

Dp56N5 F:GCTGCTTATAGCTGCTTGGTG KT694064 (AT)5 4 100-135 0.43 0.59 0.54 0.205 -0.05 
R:GCCAAAGTAAATACCAACCACA 

Dp59F4 F:CACCACAGCAAAGTCTACCG KT694065 (TA)5 2 100-110 0.03 0.03 0.03  1.000 -0.00 

 
a Fisher Biotec Favorgen FavorPrep Tissue 
Genomic DNA Extraction Mini Kit. The DNA 
was sent to the Australian Genomic Research 
Facility for shotgun sequencing on a Titanium 
GS-FLX (454 Life Sciences/Roche FLX). The 
sample generated 133 198 individual sequences, 
with an average length of 399 bp, which were 
assembled into 2 292 contigs (806 of these > 500 
bp). These contigs were scanned for Simple 
Sequence Repeats (SSRs) and a list of primer 
sequences and PCR conditions was generated for 
247 perfect microsatellites using the open source 
QDD (v1.3) (Meglécz et al. 2010) and Primer3 
(v2.3.3) (Rozen and Skaletsky 2000) software.  

Primer testing 

We selected 59 di-, tri-, tetra-, and penta-base 
repeat microsatellite loci with a PCR product of 
80–480 bp for further development. These loci 
were trialled for amplification separately in 5 µl 

reactions containing 10 ng of DNA, 1 x MyTaq 
reaction buffer (containing 5 mM dNTP and 15 
mM MgCl2), 0.5 U MyTaq DNA polymerase 
(Bioline Reagents), and 0.2 µM of each primer. 
The following PCR conditions were used: 95 ºC 
for 3 min followed by 30 cycles at 95 ºC for 30 s, 
60 ºC for 45 s, and 72 ºC for 30 s, and a final 
elongation step at 72 ºC for 5 min. PCR products 
were visualized on 3 % agarose gels stained with 
GelRed (Biotium Inc.) alongside a 100 base pair 
(bp) molecular weight marker (Axygen Biosciences) 
and visualised under UV light. Forty seven of the 
59 targeted loci generated a product of the expected 
size. These loci were tested for polymorphism 
using DNA extracted from whole colonial tissue 
(with tunic) samples of seven distinct colonies 
collected by hand at Hillarys Boat Harbour 
(31°49′30.70″S, 115°44′07.71″E), Busselton 
(33°63′18.49″S, 115°39′31.81″E) and Dampier 
(20°66′30.50″S, 116°70′13.91″E), WA. From the 
47 loci selected, 24 appeared polymorphic when 
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tested across the seven samples and were selected 
for fragment analysis. 

Each of the forward primers for the 24 poly-
morphic loci selected for fragment analysis was 
labelled with a fluorescent tag: FAM (GeneWorks), 
NED, PET or VIC (Applied Biosystems) and variation 
screened in 68 colonies of D. perlucidum 
collected by hand while snorkelling at Hillarys 
Boat Harbour, Perth, WA. PCR products (2.5 µl) 
were analysed on an ABI 3730 Sequencer, sized 
using the GeneScan-500 LIZ internal size standard 
and scored using GENEMARKER software 
(SoftGenetics). 

We used CERVUS (Kalinowski et al. 2007) to 
calculate the number and range of allele sizes, 
polymorphic information content, observed and 
expected heterozygosity and the frequency of 
null alleles for each locus. To test for deviation 
from Hardy-Weinberg equilibrium and linkage 
disequilibrium between pairs of loci, we used the 
online version of GENEPOP 4.0 (Raymond and 
Rousset 1995). A sequential Bonferroni correction 
was applied to the tests for linkage disequilibrium 
(Rice 1989). 

Results and discussion 

Of the 47 loci initially screened, 24 (50%) 
produced PCR products with clear bands and 
appeared polymorphic after agarose gel electro-
phoresis. From these, 17 loci produced genotypes 
that were consistently scoreable. The number of 
alleles per locus ranged from two to six and the 
observed and expected heterozygosities ranged 
between 0.03 to 0.82, and 0.03 to 0.74 respecti-
vely (Table 1). Twelve of the 17 loci were in Hardy-
Weinberg equilibrium, and there was no evidence of 
linkage disequilibrium between any pair of loci. 

The markers developed here will prove useful 
in future studies investigating the origins of native 
and introduced populations of D. perlucidum, and 
potential high-risk routes of introduction. Such 
studies will support a science-based management 
approach to the future prevention, management 
and/or eradication of this important species. 
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• Assemblages associated with artificial coastal infrastructure are very different to 

natural reef assemblages and drastically reduced in biodiversity 

 

• Shifts in sessile invertebrate assemblages in WA were moderately correlated with 

latitude but, overall species change was not predictable at large spatial scales.  

 

•While the structure of many natural communities is driven by temperature change 

along a latitudinal gradient, coastal infrastructure communities are more controlled 

by a complex interaction of factors and local conditions. 

Sessile invertebrate assemblages in artificial 

habitats along a large-scale latitudinal 

gradient in Western Australia 

Tiffany J Simpson1,2*, Dan Smale3, Justin McDonald2, Thomas Wernberg1 

This study was supported by 
the Western Australian 
Department of Fisheries and 
the Australian Research 
Council.  

 Documenting fine scale species 

assemblages along environmental 

and temporal gradients is 

important for understanding how 

biotic interactions and 

environmental changes affect 

broad scale species distribution. 

 

(a) Total percent cover during summer sampling, (b) total 
percent cover during winter sampling, (c) taxon richness and 
(d) net biomass from sampling at 1 site within Cygnet Bay 
(CB), and 2 sites within Carnarvon (C), Geraldton (G), Albany 
(A) and Esperance (E). Significant differences between sites 
are indicated (* P<0.05; ** P<0.01) 

Settlement array 

Sampling Locations 

 Using settlement panel arrays, 

this study generated assemblage-

level metrics of sessile 

invertebrates on artificial coastal 

infrastructure along the latitudinal 

gradient of the Western Australian 

coast from Cygnet Bay to Albany. 
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PCO plots, indicating multivariate partitioning of assemblage structure between regions, in both summer (A) and winter (B) 
sampling periods. Plot is based on Bray-Curtis similarity matrix on square root transformed data (CB = Cygnet Bay, C = Carnarvon, 
G = Geraldton, A = Albany, E = Esperance). 

MDS plot of community assemblage data averaged within 5 
regions (2 sites per area) for summer and winter sampling 
periods and related to a seriation model.  

CB 

C 

G 

A 

E 

 The majority of species found on settlement panels near artificial 
infrastructure were introduced, cryptogenic or invasive including two 
species from the WA Prevention List for Introduced Marine Pests 

Arcuatula senhousia Didemnum perlucidum 



 

 

• Abundance of sessile invertebrates at Garden Island is significantly higher during 

periods of warmer water temperatures 

 

• Species richness does not vary greatly, but species composition changes over 

time. At Garden Island the community is largely driven by bare space in September 

and tube worms in May.  

 

• The invasive species Didemnum perlucidum is present at Garden Island and is 

more abundant during periods of warmer temperatures 

 

 

Temporal variation in sessile marine 

invertebrate assemblages at Garden Island, 

Western Australia 

Tiffany J Simpson1* , Justin McDonald2, Gary A. Kendrick1, Thomas Wernberg1 
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 Documenting fine scale species assemblages along environmental and temporal 

gradients is important for understanding how biotic interactions and environmental 

changes affect broad scale species distribution. 

 Using settlement panel arrays, this study will generate assemblage-level metrics 

across time at six sites around Garden Island, Western Australia. It will later be 

combined with similar data across the latitudinal gradient of the Western Australian 

coast from Broome to Albany. 

  Settlement arrays are also a great tool for monitoring the presence and spread of 

invasive species such as Didemnum perlucidum. 

Didemnum perlucidum 

Settlement array 
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September 

Biomass 

 

Garden Island sites 

Community Variation Species Richness 
Shannon-Weiner Diversity Index 

Max Daily Temperature 



 

The little squirt that can pack an
environmental punch
17 September 2015, by Tiffany Simpson, Sciencenetwork Wa

  
 

  

In the study the impact of the introduced variety of sea
squirt (pictured) was measured at the individual species
level. Credit: Silke Baron

The humble sea squirt may be diminutive in size
and stature but according to UWA PhD student
Tiffany Simpson introduced species of this strange
looking animal have the potential to do big
damage. 

She is examining how one invasive colonial
ascidian is impacting sea grasses in Perth's Swan
River so that scientists can assess the risk of
potential, large-scale, future damage.

Sea squirts are more scientifically known as
tunicates, or ascidiaceans, as they belong to the
class Ascidiacea and are in the phylum Chordata,
which is the same phyla that includes whales,
sharks, pinnipeds and fish.

Introduced colonial ascidians have the potential to
change the structure and function of natural marine
communities, particularly if they cause a
substantial loss or degradation of resident

foundation species such as seagrasses.

The invasive colonial ascidian Didemnum
perlucidum was recently discovered in the Swan
River Estuary, growing on the native seagrass
Halophila ovalis.

In the Swan River, this is the dominant seagrass
species and is a very important component of the
primary production, biodiversity and habitat
structure of the ecosystem.

However, the abundance of this underwater plant
has been in decline, primarily due to human
activities and stressors including increased
temperature and sedimentation, excessive nutrient
runoff, seaweed proliferation and invasion of non-
native species.

  
 

  

Didemnum perlucidum on Halophila ovalis seagrass, a
navigation marker, and bare sediment in the Swan River.
Credit: T. Simpson

Given the observed impacts of related species in
other systems I am expecting to find the sea squirt
D. perlucidum would adversely affect seagrasses in
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the Swan River, with possible flow on effects to the
rest of the ecosystem.

My study aims to document the distribution and
abundance of D. perlucidum in the Swan River, and
to determine whether its colonies could cause a
negative impact on H. ovalis and associated flora
and fauna.

The impact on seagrass was measured in terms of
change in biomass, decline in photosynthesis
efficiency and sulphide uptake as a stress
response.

D. perlucidum had a clear seasonal pattern in
abundance, with the amount of seagrass cover
peaking in summer months and retracting in winter.

When present, the seagrass spreads from the river
mouth to about 15km upriver.

It is highly variable in coverage and colony size and
largely present near areas of infrastructure,
particularly mooring buoys.

The sea squirt completely engulfed seagrass plants
on the substrate or underlying layer, enveloping all
the plant tissue beneath the colony.

This meant a reduction in the photosynthetic ability
of the individual leaves, and a reduction in total
plant biomass.

In the study the impact of the introduced variety of
sea squirt was measured at the individual species
level.

While ecosystem level impacts are often difficult to
predict and may remain innocuous for some time
they are so important to monitor.

The Swan River Estuary is already vulnerable to
multiple stressors so the added stress of fouling
tunicates may pose a greater threat in the future.

It is important to identify whether the small-scale
patches of D. perlucidum are impacting seagrass
beds beyond their capacity to adapt or recover, in
order to identify the risks of irreversible large-scale
future impacts. 

This article first appeared on ScienceNetwork
Western Australia a science news website based at
Scitech.

  Provided by Science Network WA
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Pests under scrutiny
■ Lisa Morrison

The presence of marine pests in

King George Sound will be investi-

gated for the first time this sum-

mer.

More than 250 plant and animal

species with the potential to dis-

place native varieties have hitch-

hiked into Australian waters on

vessels, according to a Federal Go-

vernment research program

which aims to limit their impact

on fishing, aquaculture and tou-

rism industries.

UWA plant biology and oceans

institute PhD student Tiffany

Simpson launched two settlement

arrays from Albany Port on Tues-

day, which will be removed and

analysed in February. 

“They will act as a habitat so

anything larval in the water can

settle and grow,” she said.

“A whole community will form

within the three months … I am

looking in particular for didem-

num perlucidum.”

The invasive plant, which origi-

nates from the Gulf of Mexico, can

overgrow a wide range of orga-

nisms. “It is officially a tropical

species but they found it in Perth

boat harbours and the Swan Riv-

er,” Ms Simpson said.

“It might have been triggered

during a heat wave a few years ago

when there were very high ocean

temperatures … once colonies

have been established they are able

to survive in cooler waters.”

Ms Simpson said it was the first

time the plant has been found

growing in sea grass instead of on

boat hulls or harbours. 

UWA PhD student Tiffany Simpson deploys a device at berth six on Tuesday that will reveal if King George Sound is a
breeding ground for invasive marine pests. Picture: Laurie Benson 
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