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ABSTRACT 

 

 

 

Globally, anthropogenic land-use change has already caused an unprecedented 

loss of biodiversity and decline in associated ecosystem services. Yet, habitat loss, habitat 

degradation, and fragmentation are predicted to continue expanding in the coming 

decades, reducing the amount of natural habitat in the landscape while increasing the 

isolation of the remaining patches of native vegetation. Under this scenario, the 

persistence of species in fragmented landscapes will depend increasingly on the quality 

of the matrix of modified habitat in which patches of native vegetation are embedded. 

Thus, empirical research on the influence of the surrounding matrix on remnant-

dependent species is vital to better inform future strategies for conserving biodiversity in 

modified ecosystems. In this thesis, I tested the effects of surrounding landscape context 

on remnant bee and wasp communities and plant-pollinator networks in fragmented 

woodlands in a biodiversity hotspot in Southwest Australia. 

First, in Chapter 2, I quantified a ‘landscape hostility gradient’ across modified 

landscapes surrounding 23 remnant patches of banksia woodland, with ‘hostility’ defined 

as higher contrast in structure, composition and environmental conditions between 

woodland remnants and the surrounding matrix. I sampled bee and wasp communities in 

both remnant patches and surrounding matrix land uses along this gradient and showed 

that bees are more strongly affected by land-use change compared to wasps. I found that, 

at the landscape scale, an increase in matrix hostility led to a significant change in bee 

species composition within patches due to species turnover, resulting in a higher 

compositional dissimilarity in patches surrounded by increasingly hostile landscapes.  

Next, in Chapter 3 I examined the effects of the surrounding matrix on plant-

pollinator networks within woodland remnants, testing whether surrounding landscape 

hostility affects generalist and specialist foragers differently in patches of native habitat, 

and whether it drives network compositional change. I focused on bees, one of the most 

important pollinator groups of native plants and crops worldwide. Contrary to 

expectations, bee species did not respond differently to landscape hostility depending on 

their level of floral specificity. Moreover, I found that the degree of turnover of both 

species and links among plant-pollinator networks in patches was high, but not associated 

with landscape context. However, there was a significant increase in network rewiring 

among common co-occurring plant and bee species in patches as the surrounding matrix 

became more hostile.  
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Finally, in Chapter 4 I quantified floral resource energy (nectar and pollen energy) 

of host-plants of bees in both remnants of native habitat and surrounding matrix. This 

landscape scale assessment of floral resources allowed me to demonstrate that it is the 

availability of floral resources in the surrounding matrix, and not in the remnant patch, 

that drives the persistence of bee assemblages in remnant habitat in fragmented 

landscapes. Both small and large-bodied bees responded positively to the increase in 

floral resource energy in the surrounding matrix, but larger bees (which have larger 

energetic requirements) proved to be particularly sensitive to limitation in food resources 

in the matrix.  

The overall results of this work provide evidence for important modulating effects 

of the surrounding landscape context on within-patch pollinator species and plant-

pollinator networks in highly fragmented systems. I have shown that increasing landscape 

hostility and decline of floral resources in the matrix influenced within-patch species 

abundance, species composition and mutualistic network dynamics. These effects may 

have potentially long-term impacts on species persistence in fragmented landscapes. 

These findings are highly relevant to inform conservation measures for maintaining and 

restoring biodiversity and essential ecosystem services in modified landscapes.  
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CHAPTER 1 

 

 

1. GENERAL INTRODUCTION 

 

1.1 Global environmental change impacts on biodiversity and ecological networks 

Anthropogenic modification of our planet represents an increasing threat to natural 

ecosystems worldwide (Millenium Ecosystem Assessment 2005; Newbold et al. 2015). The 

main drivers of global environmental change (GEC), including biological invasions, nutrient 

(P and N) loading, the direct and indirect impacts of rising atmospheric carbon dioxide levels 

(including climate change), and land-use change (Chapin et al. 2001), can cause severe 

impacts on a range of plant and animal species resulting in biodiversity loss and shifts in the 

abundance and distribution of organisms (Pereira et al. 2010; Dirzo et al. 2014; Haddad et 

al. 2015). 

Land-use change, namely the loss and fragmentation of natural habitat due to land 

clearing and conversion for agriculture and urban expansion, is a key GEC driver in terrestrial 

systems that has wide-ranging impacts on biological communities (Tscharntke & Brandl 

2004; Didham 2010; Hagen et al. 2012; Betts et al. 2017). Despite the controversial 

conclusion of a recent review (Fahrig 2017) that responses to habitat fragmentation ‘per se’ 

are usually rare and mostly positive (regardless of 24% of the studies assessed finding 

negative effects of fragmentation), a large body of evidence have shown that habitat 

fragmentation (Didham 2010; Krauss et al. 2010; Hagen et al. 2012; Lasky & Keitt 2013; 

Haddad et al. 2015; Fletcher et al. 2018), edge effects resulting from the remnant versus 

surrounding land-use contrast (Ewers & Didham 2007; Pfeifer et al. 2017; Ries et al. 2017), 

and disturbance post-fragmentation (Barlow et al. 2016) have significant impacts on 

biodiversity and ecosystem functions across the planet.  



2 
 

In complex landscapes that have suffered high rates of native habitat loss and 

fragmentation, and where protected areas are reduced to small and isolated patches of native 

habitat, the management of the surrounding landscape in order to improve remnant 

connectivity and enhance dispersion of organisms is particularly important to compensate for 

local disturbances and to maintain biodiversity (Hagen et al. 2012; Tscharntke et al. 2012; 

Fletcher et al. 2016; Kremen & Merenlender 2018). A change in vegetation cover and 

increased anthropogenic land-use intensity creates landscapes where habitat remnants are 

surrounded by a matrix (i.e., human-modified land-use types) that varies in its degree of 

hostility, depending on the characteristics of the matrix land-uses and how different they are 

from the original habitat (Brady et al. 2009; Prevedello & Vieira 2010; Campbell et al. 2011). 

Matrix land-uses with a high degree of contrast with the remnant vegetation (such as cleared 

land, cropland, pasture, timber plantations or urban development), where environmental 

gradients in microclimate, ground cover and vegetation structure have been altered, can act 

as a barrier for dispersal of species among fragments of natural habitat. This can impact the 

survival of organisms, ultimately leading to extinction of species that cannot adapt to the new 

conditions (Watling et al. 2011). For instance, a study by Boesing et al. (2018) on avian 

diversity in remnant patches of Atlantic rainforest in Brazil showed that matrix quality 

modulates biodiversity extinction thresholds along habitat loss gradients through its effect on 

connectivity between patches, where higher-quality matrix types (showing a lower level of 

contrast with the native habitat) can reduce diversity loss in remnants. Similarly, Barnes et 

al. (2014) showed that the restoration of the matrix adjacent to remnant forests had a strong 

positive effect on the abundance of dung beetle communities within remnants and facilitated 

the re-establishment of species that were absent due to matrix degradation. Another study on 

birds in a Mediterranean fragmented landscape demonstrated that the landscape context (in 

terms of landscape composition and configuration) have a strong influence on bird 

assemblages in remnant habitat (Zapponi et al. 2014). Taken together, these findings suggest 

that processes acting at a landscape scale might have an important effect on maintaining local 

diversity and should be better explored. A better understanding of how the matrix influences 

remnant-dependent communities could help to develop strategies to optimise conservation 

outcomes. 

The representation of systems as networks of interacting species is a powerful 

conceptual framework that provides a deeper understanding of the effects of GEC drivers on 
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communities and ecosystem services (Tylianakis et al. 2008; Valiente-Banuet et al. 2015; 

Tylianakis & Morris 2017). The responses of ecological communities to human modification 

can be assessed through the observation of changes to network structure and stability - 

changes which may help predict future effects on biodiversity and ecological processes 

(Bascompte 2009; Vázquez et al. 2009; Thébault & Fontaine 2010; Gonzalez et al. 2011; 

Lever et al. 2014). GEC drivers can directly impact biotic interaction networks through 

changes in species abundance, extinctions and alteration of species distributions, as well as 

through cascading effects (Tylianakis et al. 2008; Lever et al. 2014; Tylianakis & Morris 

2017). For example, ecological networks can gain species through invasions, significantly 

altering their structure and architecture (Lopezaraiza-Mikel et al. 2007; Aizen et al. 2008; 

Albrecht et al. 2014; Stouffer et al. 2014). Networks can also lose species due to extinctions 

caused by habitat loss and fragmentation, where rare and specialized species (Aizen et al. 

2012; Weiner et al. 2014) and rare interactions (Burkle et al. 2013) are generally lost first. 

As a result of extinctions, networks become smaller and less connected (Aizen et al. 2012; 

Valladares et al. 2012) and secondary extinctions of interaction partners (Memmott et al. 

2004) or taxonomically related species (Rezende et al. 2007) can take place, unless new 

interactions are formed through rewiring (Kaiser-Bunbury et al. 2010; Ramos-Jiliberto et al. 

2012; CaraDonna et al. 2017; Montero‐Castaño & Vilà 2017; Ponisio et al. 2017). 

Furthermore, it has been proposed that with future climate projections mutualistic networks 

will be more sensitive to extinctions of plants than animal species, therefore plant extinctions 

could trigger cascading effects on animal species. If these extinctions take place, a high 

adaptive capacity of animal species for interaction rewiring would be required to stabilize 

networks and avert biodiversity loss (Schleuning et al. 2016). 

Despite being time-consuming to build and much more complex to analyse than 

simple food chains or interactions between pairs of species, interaction networks are 

increasingly being considered a more robust method to assess the impacts of GEC on 

terrestrial ecosystems, since they can reveal large-scale and often indirect impacts of GEC 

drivers on ecological communities and ecosystem functions (Tylianakis 2008; Tylianakis et 

al. 2008; Tylianakis & Morris 2017). Moreover, Valiente-Banuet et al. (2015) demonstrated 

that the loss of species and interactions are decoupled; that is, the loss of ecological 

interactions generally precedes the extinction of the partner species involved in the 

interactions, impacting species functionality and ecosystem services at a higher rate than 
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species extinctions. Therefore, in order to have a greater understanding of the impacts of 

GEC drivers on biodiversity and to be able to better predict their effects on community and 

ecosystem functions and services, a shift in research focus from species or pairwise 

interactions to interaction networks is needed (Schleuning et al. 2015; Jordano 2016; Harvey 

et al. 2017). At the same time, it is necessary to use an approach that integrates the role of 

landscape context (e.g. matrix structure and composition) in determining local patch 

biodiversity and biotic interaction patterns (Tscharntke & Brandl 2004; Tscharntke et al. 

2012; Fletcher et al. 2016). This can lead to more appropriate targets for the conservation of 

biodiversity and maintenance of ecosystem integrity in a rapidly changing world.  

 

1.2 Land-use change impacts on pollinating insects and plant-pollinator interaction 

networks 

Insects play a vital role in providing the majority of pollination services in both 

natural and modified ecosystems across the planet (Ollerton et al. 2011; Winfree et al. 2011; 

Garibaldi et al. 2013; Ollerton 2017). Multiple GEC drivers impose pressures on insect 

pollinators, causing declines in pollinator communities and pollination services (Schweiger 

et al. 2010; Vanbergen et al. 2013; Goulson et al. 2015; Potts et al. 2016), which ultimately 

results in knock-on effects on plant reproduction (Aguilar et al. 2006; Dauber et al. 2010; 

Newman et al. 2013; Lundgren et al. 2016).  

Land-use change is one of the main GEC drivers that impacts insect pollinators (Potts 

et al. 2010; Winfree et al. 2011; Potts et al. 2016). Habitat loss and fragmentation are 

generally associated with declines in pollinator species in anthropogenically-modified 

landscapes (Winfree et al. 2009, 2011; Garibaldi et al. 2011). The loss of habitat and 

agricultural intensification reduces the availability of essential floral resources and nesting 

substrates for pollinators (Roulston & Goodell 2011; Winfree et al. 2011; Scheper et al. 

2014). Moreover, habitat fragmentation increases the exposure of insect populations to edge 

effects and can affect the dispersal capacity of pollinators through the landscape (Tscharntke 

& Brandl 2004; Tscharntke et al. 2005; Jauker et al. 2009; Hagen et al. 2012). As a result, 

pollinator abundance and diversity is often reduced in small and isolated remnants (Steffan-

Dewenter 2003; Winfree et al. 2009; Garibaldi et al. 2011), where the insect community 

becomes a subset of the community found in larger remnants or continuous habitat (Steffan‐
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Dewenter et al. 2006; Quintero et al. 2010; Smith & Mayfield 2018) and plant-pollinator 

networks are simplified (Gonzalez et al. 2011; Aizen et al. 2012). For instance, a study in 

forest remnants surrounded by a matrix of agroforests and rice fields in the Philippines found 

that patch isolation from a more structurally complex habitat filtered for bee species with 

larger body size, reduced functional diversity and decreased the number of visitors per plant 

species (Hass et al. 2018). Similarly, Smith & Mayfield (2018) documented bee visitor 

assemblages in Australian tropical rainforest and reported lower diversity of bees in small 

fragments compared to large forest fragments, with bee species in small fragments being a 

subset of those in larger fragments. Furthermore, bee taxa remaining in small fragments also 

had larger body sizes than those in larger fragments, suggesting that small-sized bees might 

not persist in small fragments.  

Farming intensity has been shown to be another facet of land-use change that has 

negative effects on pollinators, including bees, bumblebees and butterflies (Gabriel et al. 

2013). Some pollinator species with particular trait attributes can be more sensitive to land-

use intensification due to their responses to landscape change and associated changes in 

environmental factors (Larsen et al. 2005; Williams et al. 2010; Rader et al. 2014; Coux et 

al. 2016; but see Bartomeus et al. 2018). For example, insect pollinator community 

composition and functional diversity declined under increased land-use intensity in a highly 

modified landscape in NZ, where pollinators with a narrow diet breadth, large body size, 

solitary behaviour, and larval feeding resources other than nectar/pollen resources were lost 

first with increasing land-use intensity (Rader et al. 2014). 

Various studies have also shown that land-use change has significant negative effects 

on plant-pollinator networks. For instance, Burkle et al. (2013) quantified the degree to which 

environmental change over 120 years disrupted plant-pollinator interactions in a temperate 

forest in the US, finding that 50% of bee species were lost. The network changes were 

attributed to shifts in plants and bee phenologies resulting in temporal mismatches, species 

extinctions, and loss of spatial co-occurrences between species in modified landscapes. 

Consequently, there was a reduction in quantity and quality of pollination services through 

time. Another study by Aizen et al. (2012) in Argentina found that habitat loss and 

fragmentation has negative impacts on pollination networks, where mutualistic interactions 

are lost nonrandomly as habitat size decreases. Also, they found that interactions between 
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specialist species were restricted to continuous habitat or large habitat fragments, which 

suggests that specialist species are more vulnerable to habitat loss.  

To successfully manage insect pollinator communities and insect-plant mutualistic 

networks in fragmented landscapes, it is essential to determine the suite of potential limiting 

factors and the mechanisms that might be affecting insects in habitat remnants and their 

movements in the matrix, such as differences in habitat structure, temperature, or nesting and 

foraging resource availability (Tscharntke et al. 2005; Ewers & Didham 2006; Jauker et al. 

2009; Winfree et al. 2011; Didham et al. 2012). To date, several studies on pollinator 

communities have been carried out at a local scale, focusing on patch-level issues of habitat 

degradation. However, relatively little research has been carried out to determine potential 

landscape matrix limitations on pollinator communities and plant-pollinator networks in 

native habitat remnants. For instance, a study in UK by Senapathi et al. (2015) concluded 

that land-use change assessed over a period of 80 years within sites and within a 1-km radius 

buffer zone around sites caused a significant decline in the richness and composition of bee 

and wasp species. Hagen & Kraemer (2010) found that high structural heterogeneity and 

large amount of floral resources at the forest edge and surrounding farmland had an important 

effect on the diversity, richness and abundance of bees and floral-visitor network structure in 

a tropical forest-agriculture mosaic landscape in Kenya. Another study in a mosaic of 

agricultural and natural environments in Brazil demonstrated that a reduction in habitat 

quality and landscape heterogeneity caused a loss of floral-visitor species and changes in 

network structure. That is, plant-pollinator networks were smaller, less connected and less 

nested as environmental heterogeneity decreased with increase in land-use change, which 

can in turn affect plant-pollinator network stability (Moreira et al. 2015). These results imply 

that both local and wider landscape context factors need to be taken into account when 

assessing the effects of land-use change on pollinator communities and plant-pollinator 

interaction networks if we are to design strategies that can conserve pollinators in human 

dominated landscapes. 

 

1.3 Matrix context and floral resources for pollinators 

Among the several mechanisms and limiting factors that might be impacting 

pollinators in landscapes modified by land-use change, the availability of sufficient floral 
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resources has been recognised as a major constraint to their persistence (Potts et al. 2010; 

Roulston & Goodell 2011; Winfree et al. 2011; Goulson et al. 2015; Potts et al. 2016). For 

example, Scheper et al. (2014) showed that the decline of bee populations in The Netherlands 

is linked to a loss of preferred host-plant species, indicating that food limitation is a key factor 

driving wild bee species decline. An experimental removal of core floral resource species 

(i.e., plants with high visitation rates by several insect species) in the UK and Czech Republic 

altered plant-pollinator interactions and pollinator effectiveness, and limited foraging 

flexibility of floral visitors (Biella et al. 2019). Another study by Weiner et al. (2014) on 

plant-pollinator networks in a gradient of agricultural land-use intensity in Germany revealed 

a mutual dependence between plants and pollinators. They found that land-use intensification 

triggered a decline in plant diversity and, consequently, a plant mediated decline in the 

diversity of pollinators. Moreover, land-use intensity had a disproportional impact on the 

abundance of more specialized pollinators, which depend on a narrow set of plant species as 

food resources. 

At landscape scales, data on other potential determinants of pollinator distribution 

across the landscape, such as land cover, elevation, and microclimate, are usually readily 

available or are straightforward to obtain. However, information on the availability of nectar 

and pollen resources for different pollinator species is infrequently measured, despite its 

importance in facilitating pollinator movement across highly fragmented and ecologically-

hostile landscapes (Jha & Kremen 2013; Redhead et al. 2015; Lebeau et al. 2016a, b). Several 

studies in agricultural landscapes around the world have demonstrated that pollinators and 

pollination services benefit from increased availability of floral resources (Haaland et al. 

2011; Blaauw & Isaacs 2014; Holland et al. 2015; Jönsson et al. 2015; Scheper et al. 2015) 

and have suggested that management to enhance pollen and nectar resources could halt the 

declines of pollinator species and improve pollination services in intensely farmed 

landscapes (Pywell et al. 2011; Dicks et al. 2015; Bukovinszky et al. 2017b; Carvell et al. 

2017; Jachuła et al. 2018). However, relatively little is known about the role of floral 

resources in the matrix in maintaining pollinator diversity and plant-pollinator interaction 

webs in remnant patches in fragmented landscapes (Hagen & Kraemer 2010). Therefore, a 

landscape scale assessment of the relationships between pollinators in remnants and floral 

resources in the surrounding matrix is paramount to help to identify the mechanisms 

underlying insect pollinator community responses to environmental change, evaluating 
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whether these are mediated by lack of pollen and nectar resources. Such knowledge is 

essential to inform the development of solutions to overcome pollinator declines and to 

ensure that pollination services remain effective in landscapes threatened by human-

modification (Menz et al. 2011). 

 

1.4 Thesis aims and outline 

In this thesis, I take a landscape scale approach to examine how land-use change 

affects pollinator diversity patterns and species interactions networks in modified landscapes. 

More specifically, I address three main research questions: 

1) How does land-use change in the surrounding matrix influence within-patch 

insect pollinator communities? 

2) How does land-use change in the surrounding matrix affect within-patch plant-

pollinator networks? 

3) Does floral resource availability in the surrounding landscape limit insect 

pollinators in remnant patches? 

The work presented within this thesis was carried out in a mosaic landscape of 

remnants of banksia woodland in the Perth Metropolitan Area in the Southwest Australia. 

The unique characteristics of the region in which banksia woodlands are embedded, which 

combines a highly diverse flora and fauna in a fragmented habitat surrounded by a mosaic of 

land-uses, make it a particularly appropriate study system to assess how the gradient of 

habitat modification of the matrix impacts within-patch insect diversity and plant-pollinator 

interaction networks. Moreover, this system allows for the assessment of mechanisms that 

might be affecting the pollinator movements and survival in the matrix, such as differences 

in habitat structure, temperature, and floral resources availability. 

 In 2016, banksia woodland was listed as an endangered community under Australia’s 

Environment Protection and Biodiversity Conservation (EPBC) Act 1999 (Department of the 

Environment 2016) as its extent has declined considerably and remaining habitat is under 

ongoing threat. About 70% of the original banksia woodland cover has been cleared for 

agriculture, urban development, or exploitation of natural resources, such as sand, limestone 
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and timber (How & Dell 2000; Newman et al. 2013). The remaining fragments of banksia 

woodland are mostly small in size and subject to a variety of pressures associated with 

anthropogenic activity and changing land-use in the surrounding landscape (Crosti et al. 

2007; Phillips et al. 2010) (Fig. 2.1). This fragmentation process is leading to declines in 

flora and fauna diversity and abundance, as well as ecosystem services. However, small 

remnants of banksia woodland within agricultural and urban areas can still retain high 

diversity and rare species (see Appendix I, Pille Arnold et al. (2019)) and act as “stepping 

stones” for dispersal of organisms between larger native vegetation remnants within the 

landscape (Department of the Environment 2016).  

Banksia woodland represent an ecological community with a unique flora and fauna 

within the Southwest Australian Floristic Region (SWAFR), a highly diverse and 

ecologically important region recognised as one of the world’s 36 biodiversity hotspots of 

conservation priority – regions typically rich in endemic species and under severe threat 

(Beard et al. 2000; Myers et al. 2000; Coates & Atkins 2001; Hopper & Gioia 2004; 

Mittermeier et al. 2011). With a Mediterranean climate and old, weathered, nutrient-deficient 

soils, the Southwest Australia has over 7,000 described native vascular plant 

species/subspecies, where approximately 50% are endemic, and about a third are of 

conservation concern (Hopper & Gioia 2004). In the last decade, there was an increase of 

10% on the number of plant species recorded in Southwest Australia in spite of the high rates 

of land clearing and degradation (Gioia & Hopper 2017), which indicates that the region still 

harbours very high levels of biodiversity that have yet to be described.  

Banksia woodland was formerly the dominant vegetation type of the Swan Coastal 

Plain region where Perth is located, prior to European settlement (c. 1829) (DPaW 2014; 

Keighery & Keighery 2016). With an average of 50 taxa per 100 m2 and a level of endemism 

of 86%, its flora is highly diverse (Keighery & Keighery 2016). The structure of the 

vegetation encompasses a prominent sclerophyllous overstorey layer of low trees, typically 

dominated by Banksia species, as well as scattered eucalypts and other tree species present 

among or emerging above the Banksia canopy (Keighery & Keighery 1993). However, the 

highest levels of diversity and endemicity are found in the understorey, comprising a mix of 

sclerophyllous shrubs of various heights, and a ground layer of graminoids and perennial and 

ephemeral forbs (Department of the Environment 2016; Keighery & Keighery 2016) (Fig. 

1.1).  
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Some of the characteristic dominant plant families in banksia woodland, such as 

Fabaceae, Epacridaceae, Goodeniaceae, Myrtaceae, Rutaceae, Liliaceae and 

Haemodoraceae, are known to be mainly pollinated by insects (Keighery 1980). However, 

there is a lack of detailed knowledge about the plant-pollinator interactions in the SWAFR 

region, where even the taxa involved in these crucial ecological relationships remain largely 

unknown. Furthermore, even less is known about the ecological requirements, fragility to 

disturbance, life cycles, and effectiveness of different insect species as pollination vectors 

(Houston 2000; Batley & Hogendoorn 2009; Phillips et al. 2010).  

A review on environmental change and the possible impacts on pollination systems 

in the SWAFR predicts pollinator loss in fragmented habitats, where the impact should be 

greatest for specialist pollinators and generalist species that forage on a small subset of the 

plant community at each site (Phillips et al. 2010). The review calls attention to the paucity 

of information on insect pollination, with particular concern for endemic plant species that 

may be pollinated by only a small number of insect species. The work also highlights 

shortcomings in our knowledge of the taxonomy and ecology of insects in the SWAFR, 

particularly relating to their life cycles and resilience to environmental impacts, such as 

drought, fire, and land-use change. It has been suggested that some insect taxa, mainly bees 

(Colletidae, Halictidae) and wasps (Tiphiidae), flies (Bombyliidae), and beetles 

(Buprestidae) are likely to represent keystone pollinators in Southwest Australia (Houston 

2000). However, no comprehensive study to date has been carried out to identify which insect 

pollinator species are most important for the pollination of different native plant species 

(Phillips et al. 2010).  

In this thesis, I focus on Hymenopteran insects – bees and wasps – as a model group 

for investigating the effects of land-use change on insect pollinator communities. 

Hymenoptera is a hyperdiverse order (Forbes et al. 2018) that provides important ecological 

services in natural and modified systems, such as pollination and pest control (New 2012). 

Bees are one of the most important groups of insect pollinators, playing an essential role in 

the pollination of wild plants and crops (Klein et al. 2007; Potts et al. 2016). Among flower 

visitors, bees have the highest levels of pollinator effectiveness (Ballantyne et al. 2017), 

while wasps are mainly known by their important role in pest control (Kruess & Tscharntke 

1994; Beckage & Gelman 2004; New 2012; Southon et al. 2019). However, wasps can also 

function as pollinators (Gess 1996; Mello et al. 2011), and several species play a crucial role 
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in ecosystems as specialist pollinators (Schiestl et al. 2003; Shuttleworth & Johnson 2009, 

2012).  

A large number of the Australian native bee and wasp species remain undescribed, 

and even less is known about their biology and ecology (Yeates et al. 2003; Batley & 

Hogendoorn 2009; Houston 2018). Information on Hymenopteran flower-visiting records is 

limited (Brown et al. 1997; Houston 2000), being mostly restricted to the study of pollination 

of a particular plant genus or species (Houston 1989; Adams & Lawson 1993; Houston et al. 

1993; Wallace et al. 2002; Yates et al. 2005; Hopper & Brown 2007). Most of the ecological 

research done on native Western Australian Hymenoptera has focused on bees (Houston 

1983, 1989, 2000; Houston et al. 1993; Paini 2004b, a; Paini & Roberts 2005), while studies 

on wasps concentrated on specialized wasp-orchid pollination systems (Adams & Lawson 

1993; Alcock 2000; Hopper & Brown 2007; Phillips et al. 2009). The honeybee (Apis 

mellifera L., Apidae), introduced in Western Australia in the 1800s, is now feral and one of 

the most widely abundant bee species in banksia woodlands (Houston 2000). However, little 

is known about its potential negative effects on native bee and plant species (e.g. competition 

for resources with more specialised native bees, or inefficient pollination of native plants) 

(Gross 2001; Paini 2004a; Paini & Roberts 2005). Overall, there has been little research 

assessing the effects of environmental change drivers on the native Western Australian bees 

and wasps (Phillips et al. 2010; Menz et al. 2011; Murphy 2016), therefore more 

comprehensive studies looking at the impacts of land-use change on these key pollinator 

groups are urgently needed. 

In chapter 2 of this thesis I address the first research question, testing how a gradient 

of land-use modification in the surrounding matrix impacts flower-visitor insect communities 

in remnants of native habitat. The study was carried out in a mosaic landscape of 23 

fragments of banksia woodland within a 152 km2 study area located north of Perth, in the 

Gnangara-Moore River State Forest (31.77° S, 115.93° E). The study sites show a small 

amount of within-patch degradation, but are located in distinctive matrix contexts that vary 

greatly in habitat type, structure, and microclimate - all of which may affect the survival and 

dispersal rates of insect pollinators. The gradient of matrix land-uses in this landscape ranges 

from timber plantations, agricultural cropping land, cleared land, sand mining areas, semi-

urban areas, to regeneration areas and natural habitat. The contrast in structure and 

environmental conditions between the surrounding matrix and banksia woodland remnants 
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was treated as a ‘landscape hostility gradient’, in which the higher the contrast between 

matrix and patch in terms of vegetation composition, structure and abiotic environment, the 

higher the degree of hostility. Bees and wasps were sampled in the woodland remnants and 

within a 1-km radius buffer zone around each one of the fragments using pollinator UV-

reflective vane traps, which consist of coloured plastic vanes that attract insect pollinators 

into a collecting jar. Within-remnant bee and wasp species richness, abundance and 

composition were assessed against the gradient of landscape hostility to insect pollinators – 

from low to high contrast in temperature and landscape structure and composition between 

surrounding matrix and remnant habitat. I also tested if species composition changed between 

patch and surrounding matrix land-uses, and if landscape hostility had any influence on the 

local-level (patch vs. matrix) contrast in species composition. 

In chapter 3, I test the influence of the changing surrounding matrix on within patch 

plant-pollinator interaction networks. I assessed the pollinator-plant interactions between 

bees and the local flora in the 23 study sites by recording the bee-plant associations by field 

observation and collection of insects. I constructed quantitative bipartite bee-plant interaction 

networks for each study site and tested the effects of the landscape hostility gradient on the 

within-patch abundance of bee species that varied in their level of floral specificity 

(generalism-specialism continuum), and whether landscape hostility drives changes in 

turnover of network interactions in remnant patches.  

In chapter 4, I test whether the availability of floral resources in the surrounding 

landscape limits bee species abundance in woodland remnants. I mapped the host-plant 

spatial distribution and estimated the availability of floral resources (nectar and pollen energy 

content) of host-plants in the 23 woodland remnants and within a 1-km radius matrix buffer 

(consisting of different land-use types) surrounding them. I tested whether the availability of 

host-plant resources in the surrounding matrix affects the abundance of bee species in 

remnant patches, and whether the effect varies with bee body size. 

Finally, in chapter 5, I synthesise the research insights from all chapters. I discuss the 

general implications of the findings and their contributions towards the development of 

strategies for the conservation of insect pollinators and plant-pollinator interaction networks 

in a modified landscape context
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Fig. 1.1 Aspect of banksia woodlands of the Swan Coastal Plain, Western Australia, showing the sclerophyllous overstorey layer of low trees, typically 

dominated by Banksia species, and the highly diverse understorey, comprising a mix of sclerophyllous shrubs, graminoids and perennial and ephemeral 

forbs. 
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CHAPTER 2 

 

 

Landscape hostility alters community composition of bees in 

remnant vegetation 

 

2.1 ABSTRACT 

Land-use change is a key driver of loss of biodiversity and ecosystem services, and 

these impacts are predicted to become even more severe in the coming decades. Habitat loss 

and fragmentation is making remnant patches of relatively intact native vegetation more rare 

and increasingly isolated. Within-patch species persistence may, therefore, depend 

increasingly on the quality of matrix habitat in which they are embedded. Increased matrix 

‘hostility’ (that is, a higher contrast in vegetation structure, land-use composition, and 

environmental conditions between patch and surrounding landscape) typically exerts a 

greater negative influence on species occurrence and spatial dynamics within patches. To 

date, most research on land-use change impacts on remnant communities has focused on 

patch-level drivers, while studies taking into account effects of the surrounding landscape on 

within-patch biodiversity are comparatively scarce. Here, across 23 remnant patches of 

banksia woodland in Southwest Australia, we test the effects of a gradient of landscape 

hostility on within-patch abundance, species richness and composition of bees and wasps 

(Hymenoptera: Aculeata) (pollinators and natural enemies), and on species compositional 

change between patch and surrounding matrix land-uses. We used vane traps to sample bees 

and wasps in patches and in the surrounding matrix in a 1-km radius around the perimeter of 

each woodland patch (1,066 traps and 12,800 trap-days in total). We found that landscape 

hostility had no effect on patch-level abundance and richness of bees or wasps. However, 

within-patch bee species turnover significantly increased with increasing hostility of the 

surrounding matrix, resulting in a compositional dissimilarity of c. 50% in patches located in 

the most hostile landscapes. Despite significant differences overall in bee species 
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composition between patch and matrix land-use types at the landscape scale, surprisingly, 

the local scale (patch vs. matrix) contrast in species composition across different matrix land-

use types did not vary with the landscape hostility gradient. Wasp composition in patches, 

on the other hand, did not vary with the landscape hostility gradient. There was also no overall 

significant difference in wasp species composition between patch and surrounding matrix 

land-use types, and no evidence that local scale dissimilarity in species composition varyed 

with increasing landscape hostility. Our results suggest that bees are more strongly affected 

by land-use change compared to wasps, where patch-level bee community assembly in small 

isolated remnants depended on surrounding landscape context. These findings have 

important global implications for the conservation of highly mobile taxa such as insect 

pollinators in modified landscapes, highlighting the need to consider drivers acting not only 

at local scale, but also at landscape scale. 

 

 

2.2 INTRODUCTION 

Anthropogenic land-use change is one of the most significant drivers of the current 

biological conservation crisis, causing an unprecedented loss of biodiversity and decline in 

associated ecosystems services (Haddad et al. 2015; Newbold et al. 2015; Resasco et al. 

2017; Seibold et al. 2019). Habitat loss and fragmentation are likely to continue to increase 

in the coming decades as the human population grows (Tilman et al. 2011), reducing the 

availability of natural habitats while creating novel ecological boundaries and increasing the 

isolation of the patches of native vegetation that remain. Conserving biodiversity in the face 

of this ongoing environmental change is becoming increasingly challenging, and the 

persistence of species in remnant habitat is expected to depend more and more on the quality 

of the matrix of modified habitat in which patches of native vegetation are embedded (Ewers 

& Didham 2006; Driscoll et al. 2013; Reider et al. 2018).  

It has long been recognised that the nature of the matrix can have a strong influence 

on community dynamics within patches (Tscharntke & Brandl 2004; Kupfer et al. 2006; 

Brady et al. 2009; Prevedello & Vieira 2010; Tscharntke et al. 2012). The anthropogenic 

matrix surrounding natural habitat fragments is hostile to varying degrees, depending on the 

contrast between patch and matrix habitats in terms of vegetation composition, structure and 
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environmental conditions (Ewers & Didham 2006; Prevedello & Vieira 2010). A highly 

hostile matrix can act as a barrier for dispersal of organisms among remnants of natural 

habitat, affecting their local persistence in patches (Berry et al. 2005; Watling et al. 2011). 

Conversely, a less hostile matrix is typically one with a low structural contrast of vegetation 

relative to natural habitat patches, which moderates microclimatic edge effects and can 

provide substitute foraging resources, nesting habitat, and/or facilitate movement of 

individuals between patches (Kupfer et al. 2006). For example, Campbell et al. (2011) 

showed that a reduction in contrast between matrix and remnant forest with respect to 

vegetation structure and environmental conditions (from high-contrasting pasture to low-

contrasting plantation forest) can mitigate, and even reverse, turnover in invertebrate 

community composition. Another study on forest bird communities in New Zealand found 

that the negative impact of habitat loss on species richness was moderated by an increase in 

the proportion of low-contrast matrix (high-quality land cover for forest birds) in landscapes 

with low levels of native forest cover (Ruffell et al. 2017). Similarly, Barnes et al. (2014) 

showed that reducing the degree of patch to matrix contrast through habitat restoration of 

matrix land-uses adjacent to remnant forests had a strong positive effect on within-patch 

abundance of dung beetle communities, while also facilitating the re-establishment of species 

in the restored habitat. These findings collectively suggest that patch vs. matrix contrast is an 

important moderator of within-patch species dynamics in modified landscapes.  

There has been increasing emphasis placed on the importance of management of the 

matrix to mitigate impacts of land-use change on pivotal ecosystem services (Tscharntke et 

al. 2005; Haddad et al. 2015), such as pollination (Kremen et al. 2007; Keitt 2009; Garibaldi 

et al. 2011) and pest control (Dobson et al. 2006; Frost et al. 2015). The large-scale 

conversion of native habitat to agricultural and other land-uses is associated with declines in 

pollinator (Winfree et al. 2009, 2011; Senapathi et al. 2017), as well as predator and 

parasitoid species (Kruess & Tscharntke 1994; Tylianakis et al. 2007). Often, these declines 

happen through mechanisms directly or indirectly influenced by the matrix surrounding the 

remaining natural habitat (Driscoll et al. 2013). For example, availability of floral resources 

and nesting substrates for pollinators is reduced due to habitat loss and land-use 

intensification (Roulston & Goodell 2011; Winfree et al. 2011; Scheper et al. 2014). 

Furthermore, pollinator dispersal capacity through the landscape is influenced by edge effects 

resulting from high contrast between patch and matrix (Tscharntke & Brandl 2004; 
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Tscharntke et al. 2005; Jauker et al. 2009; Hagen et al. 2012). This structuring can result in 

lower pollinator abundance and diversity in small and isolated patches (Steffan-Dewenter 

2003; Winfree et al. 2009; Garibaldi et al. 2011), which end up retaining either a nested 

subset of the communities found in larger or continuous habitat patches (Steffan‐Dewenter 

et al. 2006; Smith & Mayfield 2018), or a distinct but homogenised pollinator fauna caused 

by changes in species composition (Quintero et al. 2010). As a result, plant-pollinator 

interaction networks are altered (Gonzalez et al. 2011; Aizen et al. 2012; Burkle et al. 2013), 

and pollination services can decline (Aguilar et al. 2006; Kremen et al. 2007; Garibaldi et al. 

2011).  

Predators and parasitoids are expected to be even more sensitive to land-use change 

than pollinators due to their higher trophic position in food webs (Voigt et al. 2003; 

Tscharntke & Brandl 2004; Dobson et al. 2006). However, the effect of land-use change on 

predators and parasitoids depends on their degree of feeding specialization (Rand & 

Tscharntke 2007). For example, it has been demonstrated that some generalist natural 

enemies can benefit from increased land-use intensity, obtaining resource subsidies from 

anthropogenic habitats (Rand et al. 2006; Frost et al. 2015). Jonsson et al. (2015) 

demonstrated that in simplified agricultural landscapes, adding flower strips to the 

surrounding matrix to enhance the provision of floral resources to natural enemies boosts 

parasitism rates of two crop pests, resulting in reduced pest abundances and increased crop 

yield. Thus, the level of contrast between the matrix and habitat remnants can be an important 

factor moderating the spillover of natural enemies from remnant patches into the matrix and 

vice-versa (Tscharntke et al. 2005; Rand et al. 2006; Macfadyen & Muller 2013; Frost et al. 

2015), which can modify the structure of host-parasitoid food webs and alter biological 

control in modified systems (Tylianakis et al. 2007; Macfadyen et al. 2011; Schüepp et al. 

2011).  

To date, the majority of research on land-use change effects on pollinator and natural 

enemy communities has focused on local-level patch responses, while relatively few studies 

have taken into account effects of the surrounding matrix on limiting within-patch 

biodiversity. Here, we test the effects of a gradient of landscape hostility on within-patch 

insect communities, and on the ability of insect species to utilize matrix habitats. We focus 

on bees and wasps (Hymenoptera: Aculeata), two key functional groups playing important 
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roles in natural and modified systems (as pollinators and natural enemies, respectively). We 

address the following questions: 

1) How does surrounding landscape hostility affect abundance and species richness 

in remnant patches of native vegetation? 

2) How does surrounding landscape hostility alter species composition in patches, 

and which process(es) are responsible for compositional change (i.e. turnover or 

nestedness)? 

3) How does species composition differ between patches and their surrounding 

matrix land-uses? Does surrounding landscape hostility influence the local-level 

(patch vs. matrix) contrast in species composition (if any)? 

4) How do landscape hostility effects differ by functional group (bees vs. wasps)? 

 

We address these questions using a mosaic of 23 remnant patches of banksia 

woodland distributed across modified landscapes in a biodiversity hotspot in Southwest 

Australia. We quantified a ‘landscape hostility gradient’, with increasing hostility defined as 

higher contrast in structure, composition and environmental conditions between woodland 

remnants and the surrounding matrix. We sampled bee and wasp communities in both patch 

and surrounding matrix land-uses along this gradient. We discuss our results in light of the 

importance of considering surrounding matrix effects on patch assemblages for better 

management and planning to improve conservation outcomes from anthropogenic 

landscapes.  

 

2.3 METHODS 

 

2.3.1 Study system 

The study was conducted in a mosaic landscape of remnants of banksia woodland on 

the Swan Coastal Plain, located in the Southwest Australian Floristic Region (SWAFR), a 

biodiversity hotspot of conservation priority (Myers et al. 2000). The climate is 
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Mediterranean, with cool wet winters and hot dry summers (mean annual rainfall of 600mm 

and mean minimum and maximum temperatures of 12°C and 24°C, respectively) (Bureau of 

Meteorology 2018). Only 30% of the original banksia woodland cover remains on the Swan 

Coastal Plain (Department of the Environment 2018) (Fig 2.1), as a result of extensive land 

clearing for agriculture, urban development, and extraction of sand, limestone and timber 

(How & Dell 2000; Newman et al. 2013). Most of the remaining fragments of woodland are 

small, of varying condition, and are located in different landscape contexts under increasing 

pressure from anthropogenic land-use intensification in the surrounding matrix (Crosti et al. 

2007; Phillips et al. 2010). Despite regional declines in flora and fauna due to anthropogenic 

land-use change, the woodland remnants still hold high levels of diversity and endemism 

(Department of the Environment 2016). 

For sampling, we selected woodland patches that exhibited a relatively small amount 

of within-patch degradation, but a wide degree of variation in matrix contexts, designed to 

represent a broad gradient of landscape hostility. Land-use types in the surrounding matrix 

vary greatly in habitat structure and environmental conditions (e.g. floral resources, 

temperature), which are likely to affect the movements, dispersal and persistence of flower-

visiting insects in the landscape. These include semi-urban areas, sand mines, non-native pine 

plantations (Pinus pinaster Aiton), agricultural land, cleared land, and areas of native habitat. 

However, the most dominant land cover types are pine plantations, cleared land, and 

remnants of native banksia woodland. There is a high degree of patch vs. matrix contrast 

between Banksia woodland, which typically presents a relatively open (patchy/scattered) 

canopy layer and a dense species-rich shrub layer (Fig. 2.3), and pine plantations, where 

closed canopies change the local microclimate by reducing light incidence and temperature, 

as well as altering ground cover by preventing the formation of a shrubby understory (Hawke 

& Wedderburn 1994; Davies & Margules 1998). Cleared land represents an intermediate 

level of patch vs. matrix contrast, ranging from areas of clear-felled plantation, areas covered 

by introduced annual grasses, to areas of early stages of regeneration covered by native and 

non-native wild flowers - where the absence of a canopy increases levels of light, wind, and 

temperature compared to banksia woodland patches. There is of course low contrast between 

patches of banksia woodland and surrounding similar habitat, therefore we expect that the 

higher the amount of native woodland present in the matrix, the lower the matrix hostility. 
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Fig 2.1. Locations of the 23 banksia woodland study sites in a 152 km2 area of the Gnangara-Moore River State Forest, Swan Coastal Plain, Western Australia 

(31.77 °S, 115.93 °E). Sites are coloured neon green, with the reference site PER70 labelled in bold. 1-km radius buffer zones around each site are also shown, 

with land cover classified according to land-use. Also shown is the original (pre-European) and remnant extent of banksia woodland in the region. 
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2.3.2 Sampling design 

We sampled flower-visiting insect communities within and adjacent to 23 remnants 

of banksia woodland within a 152 km2 study area located in the Gnangara-Moore River State 

Forest (31.77 °S, 115.93 °E; Fig 2.1). From a larger set of potential sites, we selected 23 

remnants based on size (1.03 – 30.75 ha) and habitat quality (i.e. low level of degradation). 

These locations were ground-truthed to ensure that they had a relatively consistent level of 

habitat quality, and no unintended covariance between patch attributes and any underlying 

'distance from coast' (east-west) or latitudinal (north-south) gradients within the study area. 

The selection of sites was also based on variation in surrounding land-uses, where we used 

proportion of banksia woodland cover in the landscape as a criterion in lieu of any prior 

knowledge of the degree of landscape hostility associated with other land-uses that might 

influence flower-visiting insects. Within patches, we randomly deployed three traps to collect 

flower-visiting insects (see below) in a 100 × 50 m area, with traps spaced a minimum of 50 

m apart, and at least 5 m away from the nearest edge. 

We also sampled insects in the matrix surrounding each of the 23 banksia woodland 

patches. To ensure effective proportional coverage of the observed land-use types in each 

landscape, we established a 1-km radius buffer zone around the perimeter of each woodland 

remnant (Fig. 2.2). This spatial scale was selected to encompass typical wild bee foraging 

distances, as estimated in similar studies (Gathmann & Tscharntke 2002; Greenleaf et al. 

2007; Zurbuchen et al. 2010). Within this 1-km radius buffer zone we also delineated a series 

of 200 m-wide concentric buffer rings. We classified, digitally mapped, and calculated the 

proportional cover of land-use types (native banksia woodland, pine plantation, agricultural 

land, cleared land, sand mining, and semi-urban areas) within each buffer zone (within each 

200 m-wide ring and for the buffer as a whole) in a Geographic Information System (GIS) 

using QGIS 3.2.2 ‘Bonn’ (QGIS Development Team 2018), with reference to high-resolution 

(10 cm per pixel) colour aerial imagery (Nearmap™, Perth, Australia) and information from 

field surveys. For logistical reasons, trap deployment across the full radial 1-km buffer zone 

was not feasible, therefore we used a random compass bearing to divide each buffer into two 

equal portions, and distributed traps throughout one randomly selected half of the buffer 

zone. Within each 200 m-wide buffer ring, the number of traps deployed was based on the 

proportionate area of the ring, and traps were distributed through land cover classes also 

proportionate to their relative areas (see Fig. 2.2). Since land cover in the matrix is dominated 
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by three land-use classes – pine plantation, cleared land, and banksia woodlands – 

representing 96% of the total land cover in the study area, traps were allocated only to these 

classes.  

 

 

Fig 2.2. Trap allocation layout design through two focal remnants of banksia woodland (neon green) 

and their surrounding 1-km radius buffer zones (green = banksia woodland, purple = pine plantations, 

orange = cleared land).Three blue vane traps (blue dots) per remnant were randomly deployed in a 

100 × 50 m area, spaced a minimum of 50 m apart. The buffer zone was subdivided in 200 m-radius 

intervals (concentric rings) and classified according the different land-uses present. Each buffer zone 

was halved along a random compass bearing and, within each buffer ring, blue vane traps (white dots) 

were allocated based on the proportionate area of each land-use class. 

 

2.3.3 Insect sampling and identification 

We sampled insects using blue pollinator vane traps (SpringsStar Inc., Woodville, 

USA), which have been shown to be highly effective for sampling flower-visiting insects 

(Stephen & Rao 2005, 2007; Lentini et al. 2012) and particularly bees (Kimoto et al. 2012; 

Joshi et al. 2015; Hall 2018). They consist of UV-reflective coloured plastic cross-vanes 

slotted into a funnel screwed to a collecting jar containing preservative (100 ml of 50% 



23 
 

propylene glycol) (Fig. 2.3). A total of 69 traps (three per site) were deployed within the 23 

woodland patches, with individual traps hung from a pole at a height of 1.5 m from the 

ground. We sampled patches weekly for seven weeks in the spring of 2012 (Sep–Nov), five 

weeks in the summer 2012/13 (a single collection during Dec–Jan), and one week in autumn 

2013 (Apr). We sampled the surrounding matrix over seven weeks from Oct to Dec 2012, 

using a rotation trapping schedule to maximise sampling effort and overcome logistical 

constraints on the number of locations that needed to be sampled. During each sampling 

week, 2–4 of the 23 study sites were selected at random to conduct concurrent matrix 

sampling, which consisted of trapping for seven days using 40–50 traps per matrix buffer 

zone (997 traps in total). Due to logistical constraints, the collection period in the matrix 

buffer zone varied in a limited number of cases (11% of traps, 6–16 days).  

We transferred collected invertebrates to 70% ethanol in the lab, and sorted to higher 

taxa (orders). Bees and wasps (Hymenoptera: Aculeate) were then pinned and sorted to 

family and morphospecies, with the exception of Bethylidae (due to identification 

constraints). Where possible, specimens were identified to species with the assistance of 

taxonomic specialists (see Acknowledgements).  

 

 

Fig. 2.3. Blue UV-reflective vane trap used in the study to sample flower-visiting insects in remnant 

banksia woodland (background).  
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2.3.4 Landscape variables  

On each buffer zone, we measured 11 landscape components to reflect the hostility 

gradient: seven variables of landscape composition, three of landscape configuration, and 

one of thermal environment. These variables were used to create a composite index of matrix 

hostility in a principal components analysis (PCA), as detailed below.  

 

2.3.4.1 Landscape composition and configuration variables 

We converted the digital vector map of land cover for each of the 23 study sites (see 

Sampling Design) to raster format with a grain of 1 m in QGIS 3.2.2 ‘Bonn’, and analysed 

landscape structure using FRAGSTATS 4.2 (McGarigal et al. 2012). We computed a total 

of 10 landscape variables using five metrics for each buffer landscape (percentage of 

landscape cover, PLAND, was calculated for each of the six land-use classes, Table 2.1). 

These metrics were selected to reflect different aspects of matrix composition (percentage of 

landscape cover, Shannon’s diversity index) and spatial configuration (edge density, 

contagion index, and landscape division index) that may influence habitat availability and 

the permeability of the matrix to insect movement among habitat patches.  

All metrics were calculated at the landscape-level (i.e. each metric includes all land-

use classes), except percentage of landscape cover, which is the percentage of each land-use 

type per grid cell and was calculated at the land class level (i.e. calculated for each of the six 

classes separately). The landscape-level Shannon’s diversity index is a composite measure 

of landscape heterogeneity which incorporates both the number and relative cover of land-

use classes. In this context, the higher the Shannon’s diversity index, the more modified the 

landscape. For the three landscape spatial configuration metrics, edge density measures the 

total length of edge per landscape, the contagion index is a measure of landscape texture that 

takes into account both patch type interspersion (the intermixing of different patch types) and 

dispersion (the spatial distribution of a patch type), and the landscape division index 

measures the degree of subdivision of the landscape. 
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2.3.4.2 Thermal environment 

We collected data on temperature differences between remnant patches and matrix 

land-uses and incorporated it into the composite variable reflecting the landscape hostility 

gradient to flower-visiting insects. We recorded air temperature data in each of the land-use 

classes, and from this, we calculated a temperature differential relative to the banksia 

woodland remnants (measured during the same period). We used data loggers (E1-USB1, 

Lascar Electronics, Whiteparish, UK) - shielded from direct solar radiation in plastic 

canisters (Safecap picket safety caps, Hickson Industries, Rylstone, Australia) - to measure 

black-bulb temperatures (data to ±0.5 °C) consistent with meteorological convention (Kuehn 

et al. 1970). The data loggers were mounted on hardwood fencing stakes at breast height 

(approximately 1.5 m), and temperature was recorded at 5-minute intervals. Two data loggers 

per site were deployed within eight of the 23 banksia woodland patches, while 38–49 

temperature loggers were deployed in their respective surrounding 1-km radius buffer zones. 

Data loggers in the buffer zones were placed in the same spots that had been randomly-

stratified on the basis of land-use for the deployment of the vane traps (see Sampling Design). 

Due to limited availability of data loggers, we recorded temperature in the study sites and 

their buffer zones over seven days in rotating recording periods, after which the data loggers 

were moved to new locations. At each recording period, two study sites and their buffer zones 

were paired for temperature measurements. Reference dataloggers were monitored 

consistently across the whole period at the same locations. In total, we recorded 

measurements at 16 remnant and 339 matrix locations over a four-week period (Nov–Dec 

2013).  

In order to check the reliability of temperature measurements, we compared the daily 

maximum temperatures (Tmax) recorded by the data loggers in the study sites against the 

daily maximum recorded during the same period at the closest Australian Bureau of 

Meteorology station (Pearce RAAF, 31.67°S, 116.02°E). Temperature measurements 

recorded by loggers in the remnants (average Tmax recorded by 18-20 loggers per site) and 

by the station followed the same distribution (Fig. S2.1), and were highly correlated (Pearson, 

r = 0.96, n = 562, p < 0.001). Differences in absolute recordings were expected due to local 

microclimatic factors and different recording methods used by the meteorological station and 

us. 
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For each land-use type in a buffer zone, we calculated an average temperature 

differential from the daily Tmax recorded in the matrix land-use compared with the daily 

Tmax recorded in the adjacent woodland remnant. In this way, the local remnant-matrix 

thermal environment context was taken into account in the calculations. We used the absolute 

values of the temperature differentials (i.e. ignoring the sign of the deviation) to calculate a 

weighted-mean landscape-level differentiation across the buffer zones (TDiff), weighted by 

the proportional cover of each land-use class per buffer zone.  

 

Table 2.1. Landscape metrics calculated for each study landscape, reflecting different aspects 

of spatial composition and configuration. A detailed description of each metric can be found 

in MacGarigal et al. (2012). 

 

 

 

 

 

  

Landscape 

aspect 

Landscape 

metric 

Acronym (unit) Description 

 

 

 

 

Composition 

Percentage of 

Landscape 

Cover  

PLAND (%) Percentage of area occupied by a land-

use class. 

 

Shannon’s 

Diversity Index  

SHDI Measure of landscape heterogeneity; 

takes into account both land-use type 

richness and evenness. The higher the 

SHDI, the more modified the 

landscape. 

 

 

 

 

 

 

 

Configuration 

Edge Density  ED (m/ha) Total length of edge per unit area.  

 

Contagion Index CONTG (%) Measures both patch type interspersion 

(the intermixing of different patch 

types) and dispersion (the spatial 

distribution of a patch type. A measure 

of aggregation of the land-use classes 

(landscape texture). 

 

Landscape 

Division Index 

DIVISION (%) The probability that two randomly 

chosen pixels in the landscape are not 

situated in the same patch. Measures the 

degree of subdivision of the landscape.  

 



27 
 

2.3.5 Statistical Analyses 

 

2.3.5.1 Quantifying the landscape hostility gradient  

All statistical analyses were performed in R version 3.6.0 (R Core Team 2019). Using 

the 11 matrix variables measured for each of the 23 remnants, we created a composite index 

of landscape hostility in a Principal Components Analysis (PCA) conducted using the base 

R function ‘prcomp’. Variables were mean-centered and standardized before analysis to 

account for different unit scales of measure. The PCA axis 1 (PC1) ordering of sites was 

selected as the landscape hostility gradient as it explained the highest percentage of variance. 

One of the study sites (site PER70), with 99% of its matrix buffer zone composed of banksia 

woodlands (Fig. 2.1), turned out to be widely separated from all other study sites when 

plotted against PC1 (Fig. 2.4). Therefore, we designated it as a reference site from which we 

calculated a Euclidian distance matrix of pairwise dissimilarity to the other study sites using 

the ‘vegdist’ function in the vegan package (Oksanen et al. 2019). In order to test if the 

overall PC1 landscape hostility gradient based on the 11 landscape variables is a robust 

measure of land-use change across the matrix, we then correlated relative site-to-site 

dissimilarity in ordination space between the gradient of landscape hostility based on PC1 

scores alone and the full Euclidian dissimilarity matrix (which includes all axes at once) in 

R. The PC1 values and the Euclidian distance dissimilarity values were highly related 

(Pearson, r = 0.96, p < 0.0001). PC1 values were re-scaled to values between 0-10 (low to 

high hostility) for analysis. See ranking of study sites according to the landscape hostility 

gradient in Table S2.1.  

 

2.3.5.2 Testing the effects of the landscape hostility gradient on bee and wasp abundance 

and richness in patches 

We tested the effects of landscape hostility on the abundance and species richness of 

bees and wasps in patches using generalised linear mixed effects models (GLMMs) with a 

Poisson error distribution using the package lme4 (Bates et al. 2015). The landscape hostility 

gradient (PC1 scores) was specified as a fixed predictor. Prior to analysis, the continuous 

predictors were centred to have mean of zero and scaled to two standard deviations to 
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improve the interpretation of model estimates and avoid model convergence issues due to 

differences in predictor scales (Gelman 2008). Standardisation was performed using the 

package arm (Gelman 2018). Models testing abundance (i.e. total number of individuals per 

species) included sampling effort (log of number of days) as an offset to account for variation 

in the number of collection days. In the species richness models, abundance was specified as 

a fixed covariate to account for any relationships between sample size (abundance) and 

richness, while patch area (ha) was used to account for variation due to patch size. Site name 

(i.e., the code names of the 23 sampling sites) was specified as a random intercept to account 

for non-independence of multiple traps in each site, while trap code was specified as random 

intercept to account for longitudinal repeated measures at each trap. We checked for 

overdispersion of model residuals with reference to the ratio of the sum of squared Pearson 

residuals to degrees of freedom. When overdispersion occurred (ratio > 1.5), we specified an 

additional observation-level random intercept to improve model fit (Harrison 2014).  

We followed a multi-model inference approach to determine the minimum adequate 

model(s), starting with a full model for each response, i.e. containing the predictor (as a 

quadratic term) and covariates. We compared the full model to sub-models consisting of all 

possible combinations of predictor and covariates using Akaike Information Criterion 

corrected for small sample sizes (AICc) using the ‘aictab’ function in the package 

AICcmodavg (Mazerolle 2019). We identified a candidate set of top models, with models 

within four AICc units (ΔAICc < 4) of the highest ranked model considered to have 

equivalent explanatory power (Burnham & Anderson 2002). The ‘best-fit’ model was 

selected as the most parsimonious model (i.e. the model with the fewest fitted parameters). 

If the null model (i.e. intercept only) was present in the top-ranking model set, we considered 

that there was no strong evidence that the predictors influenced the response variable and, in 

this case, no other fitted model in the set was considered to have any better explanatory power 

than the null model.  

For each final best-fit model, we calculated the coefficients of determination (R2) in 

order to provide an approximate measure of variance explained for fixed effects only 

(marginal R2
GLMM m) and for the entire model (conditional R2

GLMM c) (Nakagawa & Schielzeth 

2013; Nakagawa et al. 2017) using the ‘r.squaredGLMM’ function in the MuMIn package 

(Barton 2019).  
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2.3.5.3 Testing the effects of the landscape hostility gradient on bee and wasp species 

composition in patches  

We calculated separate species dissimilarity matrices for bees and wasps collected in 

patches, and used the abundance-based Bray-Curtis index (Legendre & De Cáceres 2013) to 

assess the average pairwise dissimilarity of each sample to the centroid of the reference site 

(PER70) using the function ‘vegdist’ in the package vegan (Oksanen et al. 2019). Abundance 

data were pooled at the trap level for analysis, calculating dissimilarity as the average 

dissimilarity of three traps per site to the three traps in the reference site. We fitted linear 

mixed effects models (LMMs) with Gaussian distribution in lme4 to test bee and wasp 

species composition dissimilarity responses. We used the landscape hostility gradient as 

predictor and site code as a random intercept to account for non-independence of multiple 

traps in each site. Dissimilarity values were logit-transformed prior to analysis in order to 

meet assumptions of normality and homoscedasticity of model residuals. If a significant 

relationship was found, we also partitioned dissimilarity into its turnover (dBC-bal) and 

nestedness (dBC-gra) components (Baselga 2013) using the function ‘bray.part’ in vegan. 

We then assessed their pairwise dissimilarity to the reference site and tested the effects of the 

landscape hostility gradient on both dissimilarity components using LMMs. We performed 

model selection by using the same multi-model inference approach described in the previous 

section. 

 

2.3.5.4 Testing patch vs. matrix land-uses differences in species composition at 

landscape-level  

We tested if bee and wasp species composition differed between patch and 

surrounding matrix land-uses (pine plantation, cleared land, and banksia woodlands) by 

performing a permutational multivariate analysis of variance (PERMANOVA) (Anderson 

2001) using the function ‘adonis’ (abundance-based Bray-Curtis index, 999 permutations) in 

vegan. We pooled abundances at habitat level and constrained permutations to within-site 

(‘site code’ as a random effect) via the ‘permutations’ argument. We visualised clustering of 

habitat types using principal coordinates analyses (PCoA). 
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2.3.5.5 Testing the effects of local patch vs. matrix contrast in species composition in 

different matrix land-uses along the landscape hostility gradient 

To test whether differences in species composition between patch and surrounding 

matrix land-uses at the local-level depended on landscape hostility, we compared bee and 

wasp pairwise dissimilarity of species composition along the hostility gradient. Since 

trapping in patches was carried out over 13 weeks (which varied in weather conditions), while 

insects were trapped in the matrix for one week per site only (see Insect Sampling), we 

standardised the timing of sampling and sampling effort between patches and their 

surrounding matrix. For that, we subsetted the patch data by matching patch to matrix data 

for each site according to the collection week of the matrix data. To account for differences 

in the number of traps deployed in patches (3 traps) and in the surrounding matrix (40–50 

traps allocated based on the proportionate area of each land-use type) for each site, we added 

another three weeks of patch data collected around the matrix collection week (a total of four 

weeks of patch data per site combined). In total, the dataset consisted of 2537 bees and 515 

wasps collected in patches (totaling 78–84 trap-days), and 7708 bees and 520 wasps (totaling 

240–343 trap-days) in matrix habitats. Data was pooled by land-use type for analysis. For 

both bees and wasps, we used the abundance-based Bray-Curtis index to assess the pairwise 

dissimilarity of species composition between patch and surrounding matrix land-use types 

using ‘vegdist’ in vegan. 

We then tested if there was a landscape hostility gradient × matrix land-use interaction 

effect on the local-level patch vs. matrix pairwise dissimilarity of species composition using 

linear mixed effects models (LMMs) in lme4. The landscape hostility gradient (PC1 scores) 

and land-use type (as well as their interaction) were specified as fixed effects. Site code was 

again specified as a random intercept to account for non-independence of multiple traps in 

each site. We logit-transformed dissimilarity values in order to meet assumptions of 

normality and homoscedasticity of model residuals. Subsequently, we used the same multi-

model inference approach described in detail in the previous section. 

To test if patch vs. matrix dissimilarity of species composition was driven solely by 

high relative abundances of a few widely distributed species, we then repeated the 

dissimilarity analysis using the presence-absence based Jaccard index using the function 

‘vegdist’ in vegan. This index weighs each species equally (regardless of abundance), 
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allowing a greater contribution from rarer species to community dissimilarity calculation. 

Then, we ran a second set of the LMMs models described above but using the Jaccard 

dissimilarity values as response variable.  

 

 

2.4 RESULTS 

 

2.4.1 Taxonomic composition 

In total, 21,349 bees and wasps of 246 species were captured during 12,800 trap-days 

sampling effort across the patches and matrix. Of those, 20,314 (95.2%) were bees, 

comprising 131 species of 16 genera and four families. Colletidae and Megachilidae had the 

greatest numbers of species (59 and 39 species, respectively, Table S2.2), together 

accounting for 74.8% of bee species recorded. The most abundant species were Apis mellifera 

(7,929), Amegilla chlorocyanea (4,629), and Lasioglossum castor (2,193), together 

representing 72.6% of all bees sampled (Table S2.2). Rare species (singletons and doubletons 

belonging to 66 species) corresponded to 0.3% of the total number of individuals.  

A total of 1,035 wasps belonging to 115 species of 56 genera were collected across 

the patches and matrix. The families with the highest number of species were Tiphiidae and 

Crabronidae (34 and 29, respectively), together representing 54.78% of species collected 

(Table S2.3). The wasp species with the highest abundance were Hathynnus moorensis 

(Tiphiidae, 581) and Radumeris radula (Scoliidae, 69), accounting for 62.8% of total 

individuals captured (Table S2.3). We found a high number of uncommon wasp species, with 

singletons (49) and doubletons (23) collectively representing 9.1% of the total number of 

wasps.  

 

2.4.2 Quantifying the landscape hostility gradient  

We identified a gradient of landscape hostility by the PCA ordination based on the 

11 landscape variables. The PC1 and PC2 axes together explained 56.3% of the variation in 
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the measured environmental variables representing landscape hostility across the study area 

and described a gradient of landscape hostility along the PC1 from low to high hostility (Fig. 

2.4, Figs. S2.2–S2.3). The eigenvectors (Table S2.4) and factor loadings (Fig. 2.4) for PC1 

indicated that the variables driving most of the landscape hostility gradient were edge density, 

landscape division index, Shannon’s diversity index (SHDI; landscape heterogeneity), and 

contagion index. Therefore, a highly hostile landscape is characterised by high edge density, 

division and landscape heterogeneity, and low contagion (Fig. S2.2).  

 

 

 

Fig. 2.4. Biplot of PCA axes PC1 and PC2 showing the dominant gradient of landscape hostility 

(increasing from right to left) based on 11 environmental variables. A highly hostile landscape is 

characterised by high edge density, division and landscape heterogeneity (SHDI), and low contagion. 

The reference site PER70 is labelled in the biplot. 
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2.4.3 Effects of the landscape hostility gradient on bee and wasp abundance and 

richness in patches 

The best-fit models for abundance of bees and wasps that also contained a landscape 

hostility term were within four AICc units of the null (intercept-only) model (Table 2.2a–b). 

Therefore, in both cases, the null model was the most parsimonious, indicating that the 

abundance of both functional groups in patches did not vary with increasing degradation of 

the surrounding matrix (Table 2.3a–b).  

The best-fit model for bee species richness showed a significant positive effect of bee 

abundance (Table 2.2c), which explained 14.4% of variation (with a minimal increase from 

the contribution of random effects, Table 2.3c). There was no evidence that bee richness in 

patches was affected by changes in landscape hostility (Table 2.3c). 

Similarly, the most parsimonious wasp richness model within the top-ranking model 

set included only abundance as a fixed term (Table 2.2d), which had a significant positive 

effect and accounted for 12.8% of variation due to fixed effects. However, wasp richness in 

patches was also unaffected by changes in landscape hostility (Table 2.3d).  
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Table 2.2. ‘Best-fit’ GLMM sub-models (within Δ4 of lowest AICc model) testing abundance and species richness for bees and wasps. The presence of 

fixed effect terms in models is indicated with an “X” (LHG = landscape hostility gradient, PA = patch area, A = total bee/wasp abundance), while the 

number of parameters (k) and AICc weight/cumulative weight is also listed for all models. The ‘best’ model is highlighted in bold. If the null model was 

present in the top-ranking model set, it was considered the ‘best’ model.  

 

Response variable Null 

model 

LHG quad. 

term  

LHG linear 

term 

PA A k AICc ΔAICc AICc 

weight 

Cum. 

weight 

a) Bee abundance X    N/A 4 4575.14 0.00 0.43 0.43 

    X N/A 

NA 

5 4576.55 1.41 0.21 0.65 

   X  N/A 5 4577.05 1.91 0.17 0.82 

   X X N/A 6 4578.48 3.34 0.08 0.90 

  X   N/A 6 4578.78 3.64 0.07 0.97 

b) Wasp abundance X    N/A 4 1298.80 0.00 0.35 0.35 

  X   N/A 6 1299.67 0.87 0.23 0.58 

   X  N/A 5 1300.59 1.79 0.14 0.72 

    X N/A 5 1300.76 1.97 0.13 0.85 

  X  X N/A 7 1301.34 2.54 0.10 0.95 

   X X N/A 6 1302.57 3.77 0.05 1.00 

c) Bee richness     X 5 2471.33 0.00 0.47 0.47 

    X X 6 2473.08 1.75 0.19 0.66 

   X  X 6 2473.36 2.03 0.17 0.83 

   X X X 7 2475.11 3.79 0.07 0.90 

  X   X 7 2475.15 3.82 0.07 0.97 

d) Wasp richness    X X 6 1037.68 0.00 0.41 0.41 

     X 5 1038.74 1.06 0.24 0.65 

   X X X 7 1039.57 1.89 0.16 0.82 

   X  X 6 1040.69 3.01 0.09 0.91 

  X  X X 8 1041.62 3.94 0.06 0.96 
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Table 2.3. Estimates from the final ‘best-fit’ GLMM showing the effects of the landscape hostility gradient (LHG) and fixed covariates (patch area and 

bee/wasp total abundance, where applicable) on (a) bee abundance, (b) bee richness, (c) wasp abundance, and (g) wasp richness in patches. Bolded 

coefficients are significantly different from zero at the 95% confidence level (p<0.05).  

 

 

Response variable: 
Intercept  

[±SE] 

LHG quad. 

term [±SE] 

LHG linear 

term [±SE] 

Patch area  

[±SE] 

Abundance 

[±SE] 

R²GLMM (m) R²GLMM (c) 

        

a) Bee abundance  0.323 [±0.074] - - - N/A - 59.7% 

b) Wasp abundance -3.022 [±0.135] - - - N/A - 6.8% 

        

c) Bee richness  1.301 [±0.031] - - - 0.434 [±0.030] 14.4% 19.6% 

d) Wasp richness -0.932 [±0.078] - - - 1.141 [±0.077] 12.8% 30.5% 
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2.4.4 Effects of the landscape hostility gradient on bee and wasp species composition in 

patches  

The best-fit model for patch bee compositional dissimilarity (to the reference site) 

included the landscape hostility gradient (Table 2.4a) and indicated a significant positive 

effect (t = 2.330, p = 0.030, Table 2.5a, Fig 2.5a). The dissimilarity in species composition 

(patch vs. reference) was about 50% in patches located in more hostile landscapes, compared 

to a dissimilarity of approximately 30% in patches in less hostile landscapes. The best-fit 

model for species turnover of bees also showed a significant positive effect of landscape 

hostility (t = 2.788, p =0.011, Fig. 2.5b; Table 2.4b; Table 2.5b). Patches in more hostile 

landscapes had a higher proportion of dissimilarity attributed to species turnover (ca. 50%) 

compared to patches in less hostile landscapes (ca. 15%) (Fig 2.5b). In contrast, 

compositional dissimilarity due to nestedness showed no relationship with landscape hostility 

(Table 2.4c, Table 2.5c, Fig. 2.5b). 

For wasps, the null model (intercept-only) was present in the top-ranking model set 

(Table 2.4d), indicating no relationship between patch wasp dissimilarity and the landscape 

hostility gradient (Table 2.5d). In general, wasp patch vs. reference site dissimilarity was 

relatively high, ranging from 50% in patches located in less hostile landscapes to 100% in 

patches located in more hostile landscapes. However, this might be a result of the large 

number of singletons resulting from low capture rates for this functional group relative to 

bees, despite the considerable sampling effort. 
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a) 

 

b) 

 

Figure 2.5. Patch variation in (a) bee dissimilarity of species composition and (b) its 

partitioned components due to turnover (dBC-bal) and nestedness (dBC-gra) along the 

landscape hostility gradient. X-axis (PC1 values) was re-scaled to 0-10 (low to high hostility)
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Table 2.4. ‘Best-fit’ LMM sub-models (within Δ4 of lowest AICc model) testing patch vs. reference species dissimilarity measured using the quantitative 

Bray-Curtis index (a = bee total dissimilarity, b = bee dissimilarity due to turnover [dBC-bal], c = bee dissimilarity due to nestedness [dBC-gra], d = wasp 

total dissimilarity) and patch vs. matrix dissimilarity for bees and wasps measured using the Bray-Curtis (e–f) and qualitative Jaccard indices (g–h). The 

presence of fixed effect terms in models is indicated with an “X” (LHG = landscape hostility gradient, LUT = land-use type, LHG*LUT = interaction), 

while the number of parameters (k) and AICc weight/cumulative weight is also listed for all models. The ‘best’ model is highlighted in bold. If the null 

model was present in the top-ranking model set, it was considered as the best model. 

Response variable Null 

model 
LHG quad. 

term 
LHG linear 

term 
LUT LHG* 

LUT 
k AICc Δ 

AICc 
AICc 

weight 
Cum. 

weight 
Patch vs. reference:           
a) Bee dissimilarity   X N/A N/A 4 82.66 0.00 0.65 0.65 

  X  N/A N/A 5 84.90 2.24 0.21 0.86 

b) Bee turnover   X N/A N/A 4 137.54 0.00 0.71 0.71 

  X  N/A N/A 5 139.85 2.30 0.23 0.94 

c) Bee nestedness X   N/A N/A 3 177.09 0.00 0.63 0.63 

   X N/A N/A 4 178.66 1.57 0.29 0.91 

  X  N/A N/A 5 180.98 3.89 0.09 1.00 

d) Wasp dissimilarity  X  N/A N/A 5 212.80 0.00 0.44 0.44 

 X   N/A N/A 3 212.91 0.11 0.42 0.86 

   X N/A N/A 4 215.16 2.36 0.41 1.00 

Patch vs. matrix:           
e) Bee pairwise dissimilarity (Bray-Curtis) X     3 130.68 0.00 0.65 0.65 

   X   4 132.53 1.86 0.26 0.91 

f) Wasp pairwise dissimilarity (Bray-Curtis)   X   4 188.62 0.00 0.60 0.60 

 X     3 190.31 1.69 0.26 0.86 

g) Bee pairwise dissimilarity (Jaccard) X     3 70.55 0.00 0.70 0.70 

   X   4 72.88 2.34 0.22 0.92 

h) Wasp pairwise dissimilarity (Jaccard)   X   4 163.58 0.00 0.50 0.50 

   X  X 8 165.48 1.90 0.19 0.69 

 X     3 165.81 2.23 0.16 0.86 

   X X  6 166.50 2.92 0.12 0.97 
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Table 2.5. Estimates from the final ‘best-fit’ LMM showing the effects of the landscape hostility gradient (LHG) and land-use type (LUT, where applicable) 

on patch-vs-reference species dissimilarity measured using the Bray-Curtis index (a = bee total dissimilarity, b = bee dissimilarity due to turnover [dBC-

bal], c = bee dissimilarity due to nestedness [dBC-gra], d = wasp total dissimilarity) and patch vs. matrix pairwise dissimilarity for bees and wasps measured 

using the Bray-Curtis (e–f) and qualitative Jaccard indices (g–h). Bolded coefficients are significantly different from zero at the 95% confidence level 

(p<0.05).  

 

Response variable: 
Intercept  

[±SE] 

LHG 

[±SE] 

LUT 

[±SE] 

LHG*LUT 

[±SE] 

R²LMM (m) R²LMM (c) 

       

Patch:       

a) Bee dissimilarity  -0.923 [±0.310]  0.097 [±0.041] N/A N/A 15.2% 68.0% 

b) Bee turnover  -2.147 [±0.419]  0.155 [±0.056] N/A N/A 19.1% 62.5% 

c) Bee nestedness  -1.949 [±0.150] - N/A N/A                          - 42.8% 

d) Wasp dissimilarity   1.441 [±0.214] - N/A N/A                     - 42.1% 

       

Patch vs. matrix:       

e) Bee pairwise dissimilarity (Bray-Curtis)  0.273 [±0.105] - - -                     - 0% 

f) Wasp pairwise dissimilarity (Bray-Curtis)  2.625 [±0.260] - - -                     - 40.1% 

g) Bee pairwise dissimilarity (Jaccard)  0.672 [±0.060] - - -                     - 0% 

h) Wasp pairwise dissimilarity (Jaccard)  2.879 [±0.182]     22.8% 
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2.4.5 Species compositional dissimilarity in patch vs. matrix land-uses 

There were significant differences in bee species composition between patch and 

matrix land-uses (PERMANOVA F3,73=3.330, R2 = 0.12, p=0.001). However, the PCoA axes 

PCO1 and PCO2 together explained only 39.7% of the variance in the data, and the biplot 

showed a high overlap of bee species in patch and matrix land-uses, with no evident 

clustering in the ordination space according to land-use types (Fig 2.6a).  

Wasp species composition did not vary significantly between patch and matrix land-

uses (PERMANOVA F3,53=1.178, R2 = 0.06, p=0.186), and the PCO1 and PCO2 axes 

cumulatively accounted for 31.4% of the total variation in wasp compositional dissimilarity 

(Fig. 2.6b).  

 

2.4.6 Testing the effects of local patch vs. matrix contrast in species composition in 

different matrix land-uses along the landscape hostility gradient 

The AICc scores comparing model fit for pairwise dissimilarity (abundance based 

Bray-Curtis index) between patch vs. matrix land-uses (pine plantation, cleared land, banksia 

woodlands) along the landscape hostility gradient showed that the null model (intercept-only) 

was the top-ranking model for both bee (Table 2.4e) and wasp (Table 2.4f) functional groups, 

indicating no evidence that dissimilarity varies along the landscape hostility gradient (Table 

2.5e–f ).  

Similarly, for the model set based on qualitative Jaccard dissimilarity, the null model 

was also the top-ranking model for bees (Table 2.4g), and within the top model set for wasps 

(Table 2.4h). This indicates that patch vs. matrix compositional dissimilarity weighted by 

more rare species also did not change along the landscape hostility gradient (Table 2.5g–h).  
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a) 

b)  

 

Fig 2.6. PCoA plots of bee (a) and wasp (b) dissimilarity of species composition between patch and 

matrix land-uses (pine plantation, cleared land, and banksia woodlands), with dissimilarity based on 

the Bray-Curtis index. 
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2.5 DISCUSSION 

Despite a growing recognition of the importance of managing the surrounding matrix 

to mitigate land-use change impacts on patch-dependent species (Driscoll et al. 2013; Reider 

et al. 2018), empirical studies testing the effects of the surrounding landscape context on 

within-patch community dynamics at the local and landscape-level remain scarce. In this 

study, we found that patch-level abundance and richness of both bees and wasps did not vary 

with increasing landscape hostility, characterized by increasing landscape fragmentation and 

modification of the landscape (higher heterogeneity). However, at the landscape-level, 

within-patch bee species composition changed with increasing matrix hostility due to species 

turnover, while wasp composition did not change. Despite significant differences in bee 

species composition between patch and surrounding matrix land-use types, interestingly, the 

local patch vs. matrix contrast in species composition in different matrix habitat types 

(pairwise comparisons) did not vary with the landscape hostility gradient. Taken together, 

these results suggest that, at the local scale, bees can utilise and move through different 

surrounding matrix land-uses, despite the degree of matrix hostility. However, at the 

landscape scale, there is a shift in bee species composition with increasing landscape 

hostility. Our findings indicate differences between functional groups and spatial scales in 

the community response to increasing landscape hostility. Here, we discuss the importance 

of these findings for conservation of insect pollinators in modified landscapes at local and 

broader scales.  

 

2.5.1 Surrounding landscape hostility does not alter abundance and richness of bees 

and wasps in patches 

Our landscape hostility gradient did not influence abundance and richness of both 

bees and wasps in patches. This is perhaps surprising, given that empirical evidence has 

showed that increasing landscape modification is associated with declines in abundance and 

richness of pollinators (Winfree et al. 2009, 2011; Potts et al. 2010; Senapathi et al. 2015) 

and natural enemies (Lassau & Hochuli 2005, 2007; Tylianakis et al. 2007; Loyola & Martins 

2008; Jonsson et al. 2015). However, some anthropogenic habitats that appear highly 

degraded may still provide supplementary resources to bees and wasps, and may determine 

how they respond to land-use change (Roulston & Goodell 2011; Winfree et al. 2011). For 
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instance, Tylianakis et al. (2005) found that tropical agricultural habitats had a higher 

abundance of bees and wasps than native forest, while the latter supported a slightly greater 

species richness. Steffan-Dewenter (2003) found that richness of natural enemies tended to 

increase with surrounding matrix heterogeneity, while abundance of bees increased with the 

proportional area of semi-natural (anthropogenic) habitat. Several other studies in 

agricultural settings have also found a positive association of abundance and richness of bees 

(Kleijn & van Langevelde 2006; Lentini et al. 2012; Kennedy et al. 2013; Mesa et al. 2013; 

Cole et al. 2017) and wasps (Rand & Tscharntke 2007; Macfadyen & Muller 2013; Frost et 

al. 2015) with anthropogenic land-uses that offer subsidies to these insects.   

In our study, the landscape is largely covered by cleared areas (38% of the total matrix 

area), which vary from clear-felled woodland and pine plantations to areas in early stages of 

habitat regeneration. During early regeneration, regrowth of common native and non-native 

wildflowers can be widespread (authors’ pers. obs.), possibly providing subsidies of nectar 

and pollen for bee and wasp species. The other dominant anthropogenic land-use, pine 

plantation (22% of total matrix), generally does not present ground cover with a substantial 

amount of floral resources (authors’ pers. obs.). However, the presence of leaf-litter, waste 

from tree pruning, decaying logs, and bark on standing trees in pine plantations can provide 

microhabitats for a range of invertebrate taxa (Bonham et al. 2002; Robson et al. 2009) that 

wasps could prey on. Also, the potential use of pine plantations by wood-nesting bees and 

wasps is unknown, as Australian species are largely understudied (Austin et al. 2004) and 

there is limited data available on the life-history of the species sampled in this study. 

Furthermore, bees and wasps with greater dispersal capacity could simply cross this habitat 

to reach other more suitable habitats for foraging and nesting. For example, a study in a South 

American forest in Chile has shown that a surrounding matrix of pine plantations increased 

remnant native habitat connectivity, since the majority of bee species (mostly polilectic) were 

able to move through the pine matrix (Valdovinos et al. 2009). Therefore, it could be that 

bee and wasp abundance and richness in patches did not vary along the landscape hostility 

gradient due to increased frequency of species adapted to disturbed conditions as the 

landscape becomes more hostile. In other words, generalist and disturbance-resistant species 

may occupy patches in more hostile landscapes with similar abundance and richness to more 

sensitive species found in patches surrounded by less hostile landscapes. At least for bees, 
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this assumption is supported by the significant changes in species composition found along 

the landscape hostility gradient due to species turnover, discussed in more detail below. 

 

2.5.2 Surrounding landscape hostility influences bee community composition only at 

landscape-level, with no effect on wasp communities 

An important finding of our study is that landscape-level bee species composition 

significantly changed with increasing matrix hostility due to turnover of species, resulting in 

a higher dissimilarity of species composition to the reference community in patches 

surrounded by more hostile landscapes compared to patches surrounded by less hostile 

landscapes. These results are in line with other studies demonstrating change in bee species 

composition with increased environmental change (Bartomeus et al. 2013; Rader et al. 2014; 

Forrest et al. 2015). Bee species in patches are being replaced as the landscape gets more 

hostile, with resource specialists most likely losing out in favour of common generalists 

(Tylianakis et al. 2005), since these highly mobile, disturbance-tolerant species are the ones 

expected to be able to persist in more modified landscapes (Ewers & Didham 2006; 

Schweiger et al. 2010; Tscharntke et al. 2012).  

In bees, species traits related to nesting and foraging, mobility, or physiological 

tolerance moderate their response to environmental change (Williams et al. 2010). Among 

these traits, dietary and nesting specialization are most often associated with vulnerability to 

land-use change (Winfree et al. 2011; Bartomeus et al. 2013; Burkle et al. 2013; Forrest et 

al. 2015). However, studies have also shown that other traits such as body size can affect 

foraging range and mobility of insects, and hence also influence species’ sensitivity to land-

use change (Bommarco et al. 2010; Bartomeus et al. 2013; Rader et al. 2014; De Palma et 

al. 2015). Therefore, landscape hostility can filter for traits that promote resilience to 

anthropogenic impacts, shifting community composition to species possessing those traits. 

Overall, the bee fauna in patches and in the different land-uses varied at the landscape 

scale, but there was a considerable overlap in community composition among habitats. 

However, at the local scale, species composition did not vary between patch and surrounding 

matrix land-uses along the landscape hostility gradient, even when taking into account the 

influence of high relative abundances of widely distributed species (as revealed by the similar 
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results obtained when using abundance-based and presence-absence based dissimilarity 

metrics). Taken together, these results suggest that bee assemblages were not patch-

dependent, potentially being able to utilise patch and matrix land-uses equally, regardless of 

the degree of landscape hostility. This is somewhat surprising, given the contrast in 

composition, structure, and environmental conditions of the surrounding matrix land-uses 

compared to native habitat. Again, these results could be explained by availability of resource 

subsidies for bees in the matrix and by species’ ability to move through the matrix habitats 

at the local-level (Tscharntke & Brandl 2004; Tscharntke et al. 2005; Kupfer et al. 2006).  

For wasps, the lack of change in communities is possibly due to low sample size, or 

low abundance of this group. Despite the large sampling effort, we had much smaller catches 

of wasps compared to bees, with a high frequency of singletons and doubletons. These lower 

capture rates for wasps resulted in consistently high patch vs. reference and patch vs. matrix 

land-use dissimilarity values (ranging from 50-100%). In highly diverse arthropod 

communities, high frequency of singletons is usually an indication of undersampling 

(Coddington et al. 2009), which may have had influence on detection of an effect. Blue vane 

traps (as used in this study) are recognised as a particularly effective sampling technique for 

capturing native bees (Kimoto et al. 2012; Joshi et al. 2015; Hall 2018), and have been 

considered effective for capturing wasps in agricultural landscapes in Australia (Murphy 

2016; Hall & Reboud 2019). However, the large discrepancy in catches of bees and wasps 

during the same sampling period might indicate that either this method was not optimal for 

surveying wasps in this system, or wasp numbers in the landscape were genuinely much 

lower compared to bees. While a study in the agricultural wheatbelt region of Western 

Australia captured a great number of wasps using vane traps attached to tree trunks (Murphy 

2016), including some taxa caught in this study, the contrast in ecosystems and study 

methodology makes it inappropriate to draw comparisons. We are not aware of any other 

similar study in banksia woodland that could be used as a reference to compare our catches 

to. Nevertheless, the detected differences in responses of pollinator and natural enemy 

species to surrounding matrix hostility might just reflect low cross-taxonomic congruence 

between different insect groups on their responses to landscape context and habitat structure 

(Yong et al 2020). Therefore, taxon-specific responses to transformation of the matrix 

surrounding remnant habitat should be further explored and taken into consideration to better 

inform conservation management in modified landscapes.  
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2.6 CONCLUSION 

As habitat loss and fragmentation are likely to continue into the future (Pereira et al. 

2010),  with severe consequences for biodiversity and ecological services (Haddad et al. 

2015; Newbold et al. 2015), the composition and structure of the matrix is expected to have 

a growing influence on facilitating the persistence of species in remnant habitat (Ewers & 

Didham 2006; Driscoll et al. 2013). Our study expands on the growing body of empirical 

research addressing the role of the surrounding matrix on within-patch communities in 

anthropogenic landscapes. In our system, we found that bee communities are apparently not 

restricted to patches, being able to utilise matrix land-uses in landscapes that vary in hostility. 

However, we found that bee species composition at the patch-level was dependent on 

surrounding landscape context, and patch assemblages shifted with increasing landscape 

hostility via turnover of species. This may lead to homogenisation of communities in more 

hostile landscapes, where generalist and disturbance-tolerant species would dominate 

(Tylianakis et al. 2005; Tscharntke et al. 2012; Büchi & Vuilleumier 2014). Over the long 

term, these changes to species composition may cause important functional consequences for 

remnant communities, particularly regarding loss of functions and services associated with 

specialist species (Clavel et al. 2011). Our findings have important implications for 

pollination services and persistence of patch communities in human-modified landscapes. 

They highlight the importance of considering drivers acting at local and larger spatial scales 

when managing fragmented landscapes in order to mitigate land-use change impacts and 

implement effective conservation programs. 
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S2. SUPPLEMENTARY INFORMATION 

 

 

 

Table S2.1. Ranking of study sites according to the landscape hostility gradient (PC1 values 

re-scaled to 0-10, low to high hostility).  

 

 

Ranking  Hostility gradient (0-10) Study site  

1 2e-07 PER70 

2 3.554 CEN51 

3 4.006 WAR5 

4 5.609 PER27 

5 5.907 PIG62 

6 6.054 WAR14 

7 6.673 WAR39 

8 7.257 TOM57 

9 7.301 WIT72 

10 7.323 NEA30 

11 7.523 GAS7 

12 7.544 TOM54 

13 7.594 SIL63 

14 8.102 SIL16 

15 8.193 WAN18 

16 8.344 HIG22 

17 8.488 WAN21 

18 8.514 WAN19 

19 8.795 WAR4 

20 8.920 CEN1 

21 9.468 GAS9 

22 9.861 NEA64 

23                10 PER66 
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Table S2.2. Abundance and frequency of occurrence of bee species collected using blue 

vane traps across the 23 remnants and surrounding matrix. 

 

Species 

Abundance: 

Remnant 

Abundance: 

Matrix 

Frequency: 

Remnant 

(# sites) 

Frequency: 

Matrix  

(# sites) 

Apidae     

Amegilla chlorocyanea (Cockerell, 1914) 3213 1416 23 23 

Apis mellifera Linnaeus, 1758 5955 1974 23 23 

Exoneura cf.pictifrons Alfken, 1907 3 9 3 4 

Exoneura robusta (Cockerell, 1922) 3 9 2 5 

Exoneurella setosa (Houston, 1976) 5 1 3 1 

Thyreus waroonensis (Cockerell, 1913)? 63 68 20 19 

Colletidae     

Callohesma lacteipennis (Michener, 1965) 2 2 2 1 

Euhesma aurata (Exley, 1998)? 274 380 20 14 

Euhesma banksia Exley, 2001 14 11 7 4 

Euhesma morrisoni (Houston, 1992) 1 1 1 1 

Euhesma platyrhina (Cockerell, 1915) 3 2 2 2 

Euhesma sp.2 6 10 2 3 

Euhesma sp.5 4 5 1 4 

Euhesma sp.6 1 0 1 0 

Euhesma sp.7 1 2 1 2 

Euhesma sp.8 14 5 6 2 

Euhesma sp.9 1 0 1 0 

Euhesma sp.10 1 2 1 2 

Euhesma sp.11 1 0 1 0 

Euhesma sp.12 0 1 0 1 

Euryglossina sp.2 1 0 1 0 

Euryglossina sp.3 0 1 0 1 

Hylaeus quadratus (Smith, 1853)? 0 1 0 1 

Hylaeus musgravei Cockerell, 1929 0 2 0 2 

Hylaeus ruficeps kalamundae (Cockerell, 

1915) 1 0 1 0 
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Hylaeus sp.1 12 14 7 7 

Hylaeus sp.2 691 173 23 23 

Hylaeus sp.3 2 2 2 2 

Hylaeus sp.4 1 0 1 0 

Hylaeus sp.5 3 5 3 5 

Hylaeus sp.6 1 3 1 3 

Hylaeus sp.7 2 2 1 2 

Hylaeus sp.8 1 0 1 0 

Hylaeus sp.10 1 0 1 0 

Hylaeus sp.11 1 1 1 1 

Hylaeus sp.12 1 21 1 5 

Hylaeus sp.13 1 0 1 0 

Hylaeus sp.14 2 0 1 0 

Hylaeus sp.15 1 0 1 0 

Hylaeus sp.16 20 12 13 5 

Hylaeus sp.17 0 1 0 1 

Hylaeus violaceus (Smith, 1853) 2 0 2 0 

Leioproctus clarki (Cockerell, 1929) 1 0 1 0 

Leioproctus sp.1 10 15 8 10 

Leioproctus sp.5 21 141 9 11 

Leioproctus sp.7 14 0 10 0 

Leioproctus sp.8 3 8 1 3 

Leioproctus sp.9 5 2 5 2 

Leioproctus sp.12 51 98 16 10 

Leioproctus sp.13 8 0 4 0 

Leioproctus sp.14 6 0 5 0 

Leioproctus sp.15 1 0 1 0 

Leioproctus sp.16 3 0 3 0 

Leioproctus sp.18 1 0 1 0 

Leioproctus sp.19 1 0 1 0 

Leioproctus sp.20 0 2 0 2 

Leioproctus sp.21 0 1 0 1 

Leioproctus sp.22 0 1 0 1 
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Leioproctus sp.23 0 1 0 1 

Leioproctus sp.24 0 1 0 1 

Leioproctus sp.25 0 1 0 1 

Leioproctus sp.26 0 1 0 1 

Pachyprosopis sp.1 2 1 2 1 

Pachyprosopis sp.3 4 0 2 0 

Xanthesma sp.2 0 1 0 1 

Halictidae     

Lasioglossum holochlorum (Cockerell, 1914)?  17 10 2 4 

Lasioglossum baudini (Cockerell, 1915) 1 0 1 0 

Lasioglossum bicolor Walker, 1995 198 463 21 16 

Lasioglossum castor Walker, 1995 745 1448 23 23 

Lasioglossum cognatum (Smith, 1853) 14 18 11 8 

Lasioglossum erythrurum (Cockerell, 1914) 1 0 1 0 

Lasioglossum hemichalceum (Cockerell, 

1923) 101 498 16 20 

Lasioglossum imitans (Cockerell, 1914) 2 0 1 0 

Lasioglossum lanarium (Smith, 1853) 71 64 8 8 

Lasioglossum lithuscum (Smith, 1853) 4 2 4 2 

Lasioglossum mirandum (Cockerell, 1914) 0 1 0 1 

Lasioglossum occiduum Walker, 1999 1 2 1 1 

Lasioglossum repraesentans (Smith, 1853) 1 0 1 0 

Lasioglossum sp.1 26 118 9 13 

Lasioglossum sp.3 2 0 2 0 

Lasioglossum sp.4 77 18 15 10 

Lasioglossum sp.5 14 16 6 4 

Lasioglossum sp.6 0 4 0 2 

Lasioglossum sp.7 0 1 0 1 

Lasioglossum sp.8 0 1 0 1 

Lasioglossum sp.9 0 1 0 1 

Lasioglossum sp.10 0 1 0 1 

Lasioglossum sp.PX1 11 14 5 6 

Lasioglossum willsi (Cockerell, 1906) 1 1 1 1 

Lipotriches flavoviridis (Cockerell, 1905)? 519 438 20 16 
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Lipotriches sp.1 209 71 18 12 

Lipotriches sp.2 1 0 1 0 

Megachilidae     

Coelioxys froggatti Cockerell, 1911 4 4 4 3 

Megachile canifrons Smith, 1853 9 1 8 1 

Megachile cf.rhodura Cockerell, 1906 7 6 5 5 

Megachile chrysopyga Smith, 1853 11 11 8 6 

Megachile erythropyga Smith, 1853 2 1 2 1 

Megachile tosticauda Cockerell. 1912  0 1 0 1 

Megachile oblonga Smith, 1879 11 10 10 8 

Megachile resinifera Meade-Waldo, 1915 2 3 2 2 

Megachile semiluctuosa Smith, 1853 1 2 1 2 

Megachile sp.1 6 4 6 4 

Megachile sp.2 3 0 3 0 

Megachile sp.3 2 1 2 1 

Megachile sp.4 2 0 2 0 

Megachile sp.7 3 0 2 0 

Megachile sp.8 3 6 3 3 

Megachile sp.9 10 2 8 2 

Megachile sp.10 8 10 6 9 

Megachile sp.11 2 8 2 5 

Megachile sp.12 4 10 3 6 

Megachile sp.13 0 3 0 2 

Megachile sp.14 2 2 1 1 

Megachile sp.15 11 1 7 1 

Megachile sp.16 1 3 1 3 

Megachile sp.17 1 1 1 1 

Megachile sp.18 0 1 0 1 

Megachile sp.19 vestitor? 1 1 1 1 

Megachile sp.20 7 23 7 15 

Megachile sp.21 3 2 1 2 

Megachile sp.22 2 0 1 0 

Megachile sp.23 1 0 1 0 
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Megachile sp.24 3 3 3 2 

Megachile sp.26 1 0 1 0 

Megachile sp.27 1 0 1 0 

Megachile sp.28 3 2 2 2 

Megachile sp.29 1 1 1 1 

Megachile sp.30 4 0 3 0 

Megachile sp.31 0 1 0 1 

Megachile sp.32 0 1 0 1 

Megachile sp.33 0 1 0 1 
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Table S2.3. Abundance and frequency of occurrence of wasp species collected using blue 

vane traps across the 23 remnants and surrounding matrix. 

 

Species 

Abundance: 

Remnant 

Abundance: 

Matrix 

Frequency: 

Remnant  

(# sites) 

Frequency: 

Matrix  

(# sites) 

Ampulicidae     

Ampulex sp.1 2 0 1 0 

Ampulex sp.2 0 1 0 1 

Aphelotoma sp.1 2 0 2 0 

Chrysididae     

Chrysis yallingupia (Linsenmaier, 1982)?  8 0 6 0 

Chrysis impostor Mocsáry, 1887 
 1 1 1 1 

Chrysis sp.1 2 0 2 0 

Chrysis sp.2 4 4 4 4 

Chrysis sp.3 1 0 1 0 

Chrysis sp.4 1 0 1 0 

Chrysis sp.5 0 1 0 1 

Primeuchroeus reversus (Smith, 1874) 15 0 11 0 

Primeuchroeus sp.1 3 0 3 0 

Primeuchroeus sp.2 2 0 2 0 

Primeuchroeus sp.3? 1 0 1 0 

Primeuchroeus sp.4 0 1 0 1 

Primeuchroeus sp.5 0 1 0 1 

Primeuchroeus sp.6 0 1 0 1 

Primeuchroeus sp.7 0 2 0 2 

Crabronidae     

Argogorytes sp.1 1 0 1 0 

Bembicinus sp.1 1 0 1 0 

Bembix sp.1 0 1 0 1 

Bembix sp.3 4 3 4 2 

Bembix sp.4 1 0 1 0 

Bembix sp.5 0 4 0 4 

Bembix sp.6 0 1 0 1 

https://bie.ala.org.au/species/Chrysis_yallingupia
https://bie.ala.org.au/species/Chrysis_impostor
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Cerceris sp.1 1 1 1 1 

Chimiloides nigromaculatus (Smith, 

1868)? 
 1 9 1 4 

Clitemnestra sp.1 1 0 1 0 

Clitemnestra sp.2 0 1 0 1 

Liris sp.1 1 0 1 0 

Nitela sp.1 1 0 1 0 

Nitela sp.2 1 0 1 0 

Pison sp.2 1 1 1 1 

Rhopalum sp.1  2 0 2 0 

Rhopalum sp.2 0 1 0 1 

Sericophorus sp.1 3 0 2 0 

Sphodrotes sp.2 1 5 1 5 

Spilomena sp.1 3 0 2 0 

Spilomena sp.2 1 0 1 0 

Tachysphex sp.1 11 3 6 3 

Tachysphex sp.2 0 1 0 1 

Tachysphex sp.5 0 1 0 1 

Tachytes sp.1 0 4 0 4 

Tachytes sp.2 1 0 1 0 

Tachytes sp.3 1 0 1 0 

Tachytes sp.4 0 3 0 3 

Williamsita sp.1 6 9 5 5 

Mutillidae     

Ephutomorpha sp.2 1 0 1 0 

Ephutomorpha sp.3 6 0 5 0 

Ephutomorpha sp.4 3 0 1 0 

Ephutomorpha sp.6 1 0 1 0 

Ephutomorpha sp.7 2 0 2 0 

Ephutomorpha sp.8 1 0 1 0 

Ephutomorpha sp.9 0 1 0 1 

Eurymutilla sp.1 3 1 3 1 

Pompilidae     

Auplopus sp.1 1 0 1 0 

https://bie.ala.org.au/species/Chimiloides_nigromaculatus
https://bie.ala.org.au/species/Chimiloides_nigromaculatus
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Cryptocheilus sathanas Turner, 1910 3 0 3 0 

Cryptocheilus sp.1 1 5 1 5 

Ctenostegus ouyen Evans, 1976 3 4 3 4 

Ctenostegus spilotus Evans, 1976 3 4 3 4 

Idiaporina sp.1 0 1 0 1 

Priocnemis sp.1? 0 2 0 2 

Turneromyia wiluna Evans, 1984? 1 0 1 0 

Turneromyia melancholica (Smith, 1868)  1 1 1 1 

Turneromyia vassei (Turner, 1917) 2 1 2 1 

Scollidae     

Australelis anthracina (Burmeister, 1854) 
 2 0 1 0 

Phalerimeris carinifrons Turner, 1909 3 0 3 0 

Pseudotrielis congener (Turner, 1909) 4 3 4 3 

Radumeris radula (Fabricius, 1775) 
 26 43 15 14 

Scolia verticalis (Fabricius, 1775) 2 0 2 0 

Sphecidae     

Podalonia tydei suspiciosa (Smith, 1856) 5 7 4 5 

Tiphiidae     

Beithynnus sp.1? 1 0 1 0 

Macrothynnus sp.1? 0 1 0 1 

Rugosothynnus sp.1? 8 2 7 1 

Rugosothynnus sp.2? 4 0 2 0 

Agriomyia jucunda (Smith, 1856) 17 0 10 0 

Anthobosca sp.1 9 0 6 0 

Anthobosca sp.2 5 0 3 0 

Anthoboscinae sp.1 1 3 1 2 

Anthoboscinae sp.2 0 1 0 1 

Austromyzinum dissociates (Turner, 1940) 1 4 1 4 

Catocheilus senex (Smith, 1859) 1 0 1 0 

Catocheilus sp.1 3 0 1 0 

Dimorphothynnus sp.1 1 0 1 0 

Epactiothynnus cygnorum (Turner, 1908) 2 0 2 0 

Epactiothynnus sp.1 6 5 4 4 

https://bie.ala.org.au/species/Australelis_anthracina
https://bie.ala.org.au/species/Radumeris_radula
https://bie.ala.org.au/species/Radumeris_radula
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Epactiothynnus sp.2 1 0 1 0 

Epactiothynnus sp.4 1 0 1 0 

Epactiothynnus sp.5 0 1 0 1 

Hathynnus moorensis Kimsey, 2003 242 339 20 14 

Myzininae sp.1 9 0 5 0 

Tachynomyia sp.1 8 1 7 1 

Thynninae 2female 2 2 2 2 

Thynninae 6female 1 0 1 0 

Thynninae sp.11female 1 0 1 0 

Thynninae sp.12female 1 0 1 0 

Tiphiidae female 1 0 2 0 2 

Tiphiidae sp.13 0 2 0 2 

Tiphiidae sp.14 0 1 0 1 

Tiphiidae sp.15 0 1 0 1 

Tmesothynnus sp.1 2 0 2 0 

Tmesothynnus sp.2 3 0 1 0 

Tmesothynnus sp.3 8 0 1 0 

Zaspilothynnus gilesi Turner, 1910 1 5 1 3 

Zaspilothynnus sp.2 1 0 1 0 

Zaspilothynnus sp.3 2 0 2 0 

Zaspilothynnus sp.4 2 0 2 0 

Zeleboria sp.1 1 0 1 0 

Zeleboria sp.2 1 0 1 0 

Abispa (Abispa) ephippium (Fabricius, 

1775) 1 0 1 0 

Vespidae     

Anterhynehium sp.1 0 2 0 1 

Delta bicincta (Saussure, 1852) 6 13 5 7 

Polistes humilis (Fabricius, 1781)? 1 1 1 1 

Polistes humilis synoecus (Saussure, 

1853) 2 0 2 0 

Zethini sp.1 0 1 0 1 
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Table S2.4 Eigenvectors for the factor correlation matrix in the PCA ordination. The 

eigenvectors give the coefficients for the linear combination of variables, which defines the 

PCA axes. Values in bold are the main variables for PC1 driving the landscape hostility 

gradient. 

 

 

Variable  PC1 PC2 

Temperature differentials -0.251 -0.538 

Agricultural land -0.164  0.372 

Cleared land -0.055  0.080 

Pine plantation -0.196 -0.519 

Sand mining areas -0.064 -0.003 

Banksia woodland  0.242  0.319 

Semi-urban land -0.134 -0.225 

Edge Density -0.394  0.312 

Contagion  0.405 -0.024 

Shannon Diversity Index -0.480  0.164 

Division -0.488  0.139 
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Fig S2.1. Average daily maximum temperature data recorded by the data loggers in the study sites 

(remnants) over a 4-week period (6 November to 3 December 2013) plotted against the daily 

maximum temperature data recorded during the same period at the closest Australian Bureau of 

Meteorology station (Pearce RAAF station, 31.67°S, 116.02°E). 
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a)                                                                      b) 

       

 

b)                                                                      d) 

        

 

 

Fig. S2.2. Relationships between the composite PCA axis 1 (PC1) measure of landscape hostility 

gradient and four landscape variables: a) edge density, b) contagion, c) division, and d) Shannon’s 

diversity index. These are the component landscape variables with the highest factor loadings related 

to PC1 (Table S2.4, Fig. 2.4). X-axis (PC1 values) was re-scaled to 0-10 (low to high hostility). 
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a)                                                                       b) 

        

 

c)                                                                       d) 

        

           

 

Fig. S2.3. Relationships between the composite PCA axis 2 (PC2) measure of landscape hostility 

gradient and four landscape variables: a) matrix temperature differentials to remnants, b) agricultural 

land cover, c) Banksia woodland cover, and d) pine plantation cover. Component variables with the 

highest factor loadings related to PCA2 (Table S2.4, Fig. 2.4) are shown, while variables with low 

factor loadings (cleared land, sand mining and semi-urban land) were omitted. X-axis (PC2 values) 

was re-scaled to 0-10 (low to high hostility). 
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CHAPTER 3 

 

 

Landscape hostility rewires plant-pollinator networks in 

woodland remnants 

 

3.1 ABSTRACT 

Anthropogenic land-use change has fundamentally transformed terrestrial 

ecosystems, causing biodiversity loss and breakdown of ecosystem services across the planet. 

Since habitat loss and fragmentation are likely to continue to expand in the decades ahead, 

the persistence of species in those natural habitats that still remain is expected to depend, to 

a great extent, on the quality of the matrix of modified habitat in which remnants are 

embedded. The higher the contrast in structure, composition and environmental conditions 

between the surrounding matrix and remnant habitat patches, the more ‘hostile’ the matrix is 

likely to be, and the higher its influence on species occurrence and patterns of species 

interactions within patches. Studies on land-use change impacts on species interaction 

networks to date have mostly been carried out at a local scale, focusing primarily on patch-

level responses, while landscape scale approaches that also takes into account processes 

occurring in the matrix are relatively neglected. Here, we investigated the effects of 

surrounding landscape hostility on within-patch insect plant-pollinator networks in remnant 

woodlands in Southwest Australia. We focused on bees, a very diverse pollinator group 

responsible for the pollination of a large proportion of flowering plants. We sampled 23 

remnant patches of banksia woodland, representing a broad gradient of landscape hostility, 

and constructed quantitative networks from interaction data (776 interaction events involving 

159 unique plant-pollinator links; 195h sampling effort) to estimate pollinator resource 

specificity and to assess dissimilarity of network species and interactions across patches. We 

tested whether surrounding landscape hostility affects generalist and specialist foragers 

differently in patches, and whether it drives network compositional change. We found that 
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network interaction rewiring among shared species showed a significant positive relationship 

with landscape dissimilarity, with the greatest amount of rewiring (over 50%) occurring when 

patches were more dissimilar in their level of surrounding landscape hostility. Despite high 

levels of beta diversity of species and interactions across networks, there was no effect of 

landscape hostility on species and interaction turnover. Moreover, bee species did not 

respond differently to landscape hostility depending on their level of floral specificity. 

Collectively, these results suggest that network interaction composition within patches and 

pollinator resource specificity were not strongly influenced by the surrounding landscape. 

Despite the relatively high turnover in species among networks within patches along the 

landscape hostility gradient, some species were found to consistently co-occur. However, 

these common species switched partners more often as the landscape became more hostile. 

Our findings show that the surrounding matrix has influence on the dynamics of within-patch 

plant-pollinator networks in modified landscapes, and should help to inform landscape-level 

conservation efforts in remnant ecosystems under future projections of increasing land-use 

change. 

 

3.2 INTRODUCTION 

Land-use change is a major threat to biodiversity and ecosystems, causing changes in 

the abundance and distribution of organisms, including extirpation and extinction (Haddad 

et al. 2015; Newbold et al. 2015; Wagner 2020). Given that habitat loss and fragmentation 

have continued apace despite global commitments to halt the decline of biodiversity and 

ecosystem services (Butchart et al. 2010; Tittensor et al. 2014), and projected future 

extinction rates for plant and animal species might exceed current rates of extinction (Krauss 

et al. 2010; Pereira et al. 2010; Pimm et al. 2014), remnant habitat conservation alone will 

not be sufficient to prevent further biodiversity loss.  

The quality of the matrix of anthropogenic habitat surrounding patches of remnant 

vegetation has a strong influence on remnant-dependent species occurrence and spatial 

dynamics (Prevedello & Vieira 2010; Tscharntke et al. 2012; Driscoll et al. 2013). The 

management of both matrix and remnant together has been increasingly considered of great 

importance for mitigating impacts of land-use change on biodiversity (Tscharntke et al. 2005; 

Haddad et al. 2015; Kremen & Merenlender 2018). The degree of contrast between patch 
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and matrix habitats – in terms of vegetation composition, structure and environmental 

conditions – dictates how ‘hostile’ the matrix is to organisms (Ewers & Didham 2006; 

Prevedello & Vieira 2010). A highly hostile matrix habitat is therefore one with a high 

contrast to remnant habitat, where altered microhabitat and microclimate act as a barrier for 

dispersal of organisms among remnants, which in turn can affect their persistence in patches 

(Berry et al. 2005; Watling et al. 2011; Boesing et al. 2018). On the other hand, a less hostile 

matrix typically shows low-contrast with the remnant habitat in terms of vegetation structural 

complexity and low microclimatic edge effects, potentially providing substitute foraging 

resources and nesting habitat, and/or facilitating movement of individuals between patches 

(Kupfer et al. 2006). For example, a study by Kennedy et al. (2011) on occupancy dynamics 

of insectivorous birds in a fragmented landscape in Jamaica found that within-patch 

vegetation structure and quality of the surrounding matrix (which mediates resource 

availability) were more important than patch area or patch isolation in determining bird 

occupancy dynamics in patches. Another study on invertebrate communities in a highly 

fragmented landscape in New Zealand showed that the reduction of habitat contrast between 

the surrounding matrix and remnant forest (from high-contrast pasture to low-contrast 

plantation forest) could reduce, and even reverse, turnover in community composition 

(Campbell et al. 2011). Also, a recent study on forest amphibian communities in Atlantic 

forest fragments embedded in an agricultural landscape in Brazil showed that species 

abundance, richness and composition were more affected by matrix composition than by 

fragment size, where high patch vs. matrix contrast resulted in loss of forest specialist species 

in favour of generalists, which appeared to have higher tolerance to changes in vegetation 

structure and microclimate (Ferrante et al. 2017). Such consistent findings of the importance 

of the nature of the matrix to remnant species dynamics implies that manipulating matrix-vs-

patch contrast can be an important management tool with the potential to mitigate negative 

impacts of land-use change on biodiversity in remnant habitat patches.  

Landscape matrix effects on patterns of species occurrence and spatial dynamics are 

particularly important for insect pollinators, which play a crucial role in both natural and 

modified ecosystems by pollinating about 90% of all flowering plants (Ollerton et al. 2011) 

and 75% of all food crops globally (Kremen et al. 2007). Yet, the essential services they 

provide are under threat due to declines in pollinator species (Potts et al. 2010; Wagner 2020), 

often resulting from large-scale conversion of natural habitat to agricultural and other land-
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uses (Winfree et al. 2009, 2011; Ollerton et al. 2014; Senapathi et al. 2017). The mechanisms 

directly or indirectly causing pollinator declines are often influenced by matrix processes 

(Driscoll et al. 2013; Kremen & Merenlender 2018). For example, it has been shown that 

habitat loss and land-use intensification reduce the availability of floral resources and nesting 

substrates for pollinators in the landscape (Roulston & Goodell 2011; Winfree et al. 2011; 

Scheper et al. 2014; Baude et al. 2016). Edge effects resulting from high patch vs. matrix 

contrast can also reduce landscape connectivity, impacting pollinator dispersal (Tscharntke 

& Brandl 2004; Tscharntke et al. 2005; Jauker et al. 2009; Hagen et al. 2012). Furthermore, 

the structure and composition of the matrix can affect pollinator species differently, with 

those possessing of certain ecological and life-history traits being particularly sensitive to 

land-use change. For example, a study looking at historical records (pre- vs. post-1980) of 

bee species in Britain and in the Netherlands showed that habitat and dietary specialists 

experienced greater relative declines, including solitary oligolectic (those using few flower 

taxa as food resources), long-tongued (those that are more specialized to flowers with deep 

corollas), univoltine (those that have one generation per year), and sedentary (those with 

lower-mobility) species. Moreover, they found that the plant species pollinated by specialists 

declined in tandem (Biesmeijer et al. 2006). 

Land-use change not only influences within-patch pollinator species abundance, 

richness and composition, but also the pattern of species interactions that link them to 

flowering plants in networks (Bascompte 2009). It has been demonstrated that the loss of 

interactions and species are not always strongly coupled, that is, the loss of ecological 

interactions generally precedes species extinctions, impacting ecosystem functionality and 

services at a faster rate than species loss (Valiente-Banuet et al. 2015). In recent decades, 

studies have shown that anthropogenic environmental change leads to changes in pollinator 

community composition and reorganization of interspecific interactions, which in turn can 

alter mutualistic network structure (Burkle et al. 2013; Spiesman & Inouye 2013; Vanbergen 

et al. 2014) and affect species persistence and network stability (Bascompte 2009; Thébault 

& Fontaine 2010; Vanbergen et al. 2017; Redhead et al. 2018). 

Pollinator adaptive foraging is one of the mechanisms conferring stability of 

mutualistic networks to human-induced environmental change via the rewiring of 

interactions, as generalist pollinators switch plant species in response to changing resource 

availability (Kaiser-Bunbury et al. 2010; Ramos-Jiliberto et al. 2012; Grass et al. 2018). 
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Hence, generalist species can adopt the feeding niches of other species that were lost, 

maintaining network stability and function (Valdovinos et al. 2013). Moreover, generalist 

species tend to be more abundant (Ashworth et al. 2004) and are the most connected species 

in networks, therefore being less prone to extinction (Memmott 1999; González et al. 2010). 

By contrast, more specialised species (Henle et al. 2004; Biesmeijer et al. 2006) and their 

network interactions (Aizen et al. 2012; Burkle & Knight 2012; Burkle et al. 2013) tend to 

be disproportionally impacted and suffer greater risk of extinction due to environmental 

change. Therefore, pollinator floral specificity is an important ecological trait modulating 

species and network responses to landscape context, where generalist species have higher 

foraging flexibility and can withstand higher levels of landscape modification, while 

specialists end up being filtered out, leading to turnover of species and network interactions 

(Poisot et al. 2015; CaraDonna et al. 2017; Noreika et al. 2019).  

To date, most research on land-use change effects on plant-pollinator networks has 

focused on local-level patch responses, while there is relatively little knowledge of the 

influence of the surrounding matrix on within-patch networks. In this study, we test the 

effects of increasing landscape hostility on plant-pollinator networks within isolated patches 

of remnant habitat. First, we investigate whether bee species varying in their specificity to 

floral resources are affected differently. We hypothesise that generalist species will be less, 

or even positively affected, by an increase in landscape modification, while more specialised 

species will be negatively affected. Second, if there are different effects of landscape hostility 

on different species, then changes to bee species might alter interaction networks. Therefore, 

we test whether landscape hostility is driving network interaction turnover, and if so, whether 

that is happening due to species turnover (e.g. loss of specialists), or due to changes in species 

interactions (either by different species interacting, or by interaction rewiring among 

species). 

To address these questions, we sampled plant-pollinator networks in 23 woodland 

patches along a gradient of habitat loss and landscape modification in Southwest Australia. 

We focused on bees (Hymenoptera: Apoidea: Anthophila), one of the most important 

pollinator groups of native plants and crops worldwide (Klein et al. 2007; Potts et al. 2016; 

Ballantyne et al. 2017). We quantified a ‘landscape hostility gradient’ in which the higher 

the contrast in structure, composition and environmental conditions between the surrounding 

matrix and woodland remnants, the higher the hostility, and tested its effects on bee species 



66 
 

abundances and network composition. We discuss our results in view of the importance of 

considering the influence of the surrounding matrix on within-patch species interaction 

networks for better management and conservation of biodiversity and ecosystem services, 

such as pollination.  

 

3.3 METHODS 

3.3.1 Study system  

The study was carried out in banksia woodland remnants on the Swan Coastal Plain 

in the Southwest Australian Floristic Region (SWAFR; Figure 3.1). Banksia woodland is the 

dominant vegetation type of the region, of which about 65% of original cover has been 

cleared for agriculture, urban development, or exploitation of natural resources (Department 

of the Environment 2016). The remaining fragments of woodland are now subject to a variety 

of pressures associated with anthropogenic activity and changing land-use in the surrounding 

landscape (Crosti et al. 2007; Phillips et al. 2010). The gradient of matrix habitats in this 

landscape ranges from semi-urban areas, sand mines, non-native pine plantations (Pinus 

pinaster Aiton), agricultural land, cleared land, and areas of native habitat. However, the 

most dominant land cover types are pine plantations, cleared land, and remnants of native 

banksia woodland.  

We selected 23 woodland fragments varying in size (from 1.03 to 30.75 ha) from a 

larger pool of fragments within a 152 km2 study area located in the Gnangara-Moore River 

State Forest, Western Australia (31.77 °S, 115.93 °E; Fig 3.1). These fragments show a minor 

amount of within-patch degradation but occur within landscapes varying greatly in habitat 

type, structure, and micro-climate – representing a broad gradient of land-use intensity that 

may affect the survival and dispersal rates of insect pollinators. This variation in contrast of 

structure and environmental conditions between the surrounding matrix and woodland 

fragments is treated here as a ‘landscape hostility gradient’, in which the higher the contrast 

between matrix and the remnant, the higher the degree of hostility to insects (See Chapter 2 

– Methods for more information on the characterisation of the landscape hostility gradient 

adopted in this study).  

 



67 
 

3.3.2 Landscape variables 

To quantify matrix composition and spatial configuration, we established a 1-km 

radius buffer zone around the perimeter of each woodland fragment (Fig. 3.1). This spatial 

scale was selected to reflect typical estimates of bee forage flight distances and landscape-

scale species responses in similar studies (Gathmann & Tscharntke 2002; Greenleaf et al. 

2007; Zurbuchen et al. 2010). We classified land-use types within the buffer zone using high 

resolution aerial imagery (10 cm per pixel; Nearmap™, Perth, Australia) and information 

from field surveys in the area. The classification was performed using a Geographic 

Information System (GIS) in QGIS 3.2.2 ‘Bonn’ (QGIS Development Team 2018). The land-

use classification was then used to calculate a range of landscape metrics characterising 

habitat availability and configuration using FRAGSTATS 4.2 (McGarigal et al. 2012). We 

also used air temperature data recorded in each of the land-use types in the surrounding 

matrix (one of the factors that might reflect matrix permeability to insect movement among 

patches) to calculate temperature differentials with the banksia woodland remnants. For a full 

explanation of the methods used to generate the landscape variables used to quantify the 

landscape hostility gradient see Chapter 2 – Methods.  

 

3.3.3 Plant-pollinator interaction networks sampling 

Here, we use the terms ‘pollinator’ and ‘flower visitor’ synonymously, 

acknowledging that in practice not all flower visitors will be pollinators. We established a 

100 m × 50 m plot in each woodland fragment and used one of the two long edges of each 

plot as a baseline from which we extended four 50 m × 4 m belt transects perpendicularly 

across the plot, spaced at 20 m intervals along the baseline. We then subdivided each belt 

transect into 10 m sections and spent 15 min per section hand-collecting bees alighting on 

flowers up to 2 m from the ground using a sweep net. Ethanol (70% concentration) was used 

as a killing fluid and to preserve specimens for later identification. To limit collector bias, 

only two experienced surveyors consistently hand collected bees across surveys. Flower 

visitation patterns were determined from the direct visitation observed at capture of insects, 

where each plant-pollinator association was recorded in the field by matching an 

identification code of the plant species from which each insect was collected with a unique 

identification code of the insect sample. To assist plant identification, voucher specimens of 
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each species found along the transects and in the surrounding landscape were collected and 

given an identification code. These specimens were then pressed and dried following 

standard techniques for plant preservation, and subsequently identified with the assistance of 

botanists (total of 352 specimens belonging to 187 species). We conducted sampling only 

during standardized weather conditions (calm, sunny weather) and surveyed transects at 

random across all 23 sites on different days, in a random order and at random times during 

the peak activity period (09:00 to 16:00) to account for temporal variation in pollinator 

assemblages and flower visitation throughout the day. Sampling was restricted to the peak 

flowering season in order to reduce potential bias due to phenological uncoupling (Olesen et 

al. 2011a). In total, we surveyed each of the four transects per study site once during each 

field season, which ran from September to November in both 2015 and 2016 (10 h survey 

effort per site at most sites; 195 h total effort across the study). However, in 2015 only 16 of 

the 23 study sites could be sampled in the time available due to a shorter flowering season 

resulting from higher than the average temperatures. The month of October 2015 was the 

hottest on record for the region (Bureau of Meteorology 2016), resulting in early blooming 

that lasted for a shorter period because flowers dried out faster due to the excessive heat. Bee 

specimens were pinned and sorted to morphospecies, then identified to species where 

possible with the aid of published keys, reference collections at the University of Western 

Australia’s Entomology Laboratory and the Western Australian Museum, and the assistance 

of taxonomic experts (see Acknowledgements).  

The honeybee (Apis mellifera L., Apidae) was introduced in Western Australia in the 

1800s and feral colonies are widespread in bushland and urban areas (Houston 2000). 

Although non-native, this species was included in all analyses, given their long-term 

interactions with the native bee fauna and flora. We assume that changes in plant-pollinator 

network structure and guild composition (Valido et al. 2019; Herrera 2020) due to honeybee 

introduction may have already happened decades ago by potential displacement or loss of 

the most vulnerable native bee and plant species due to resource competition (Torné-Noguera 

et al. 2016; Magrach et al. 2017), inefficient pollination of native plant species (Norfolk et 

al. 2018), and/or increase of non-native plant species occurrence due to preferential visitation 

(Goulson 2003). 

. 



69 
 

 

Fig 3.1. Study area in the Gnangara-Moore River State Forest (31.77 °S, 115.93 °E), on the Swan Coastal Plain, Western Australia, showing the 23 sites 

(patches of banksia woodlands) and their 1 km-radius buffer zones classified according to land-use. The webs depict bipartite quantitative networks of 

interactions between pollinators (top blue bars) and plants (bottom black bars). The width of each bar represents species relative abundance, and linkage 

width the relative frequency of interactions. Networks were ranked according to landscape hostility (low to high: 1-23; see Chapter 2 – Methods and 

Statistical Analyses and Table S2.1 for further details). Also shown is the original (pre-European settlement) and current extent of banksia woodland in the 

region.  
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3.3.4 Statistical Analyses 

 

3.3.4.1 Interaction networks and species specificity 

All analyses were performed in R version 3.6.0 (R Core Team 2019). Individual 

plant-pollinator observations were summed to create interaction matrices with pollinator 

species in columns and plant species in rows, comprising quantitative bipartite interaction 

networks. We constructed networks for each site (Fig 3.1), as well as a ‘metaweb’ including 

all observed interactions between pollinators and plants across all sites (Figure S3.1). The 

metaweb provides information on the regional species pool and interactions of co-occurring 

species, being a more complete source of information for inference of species’ resource 

specialisation (Poisot et al. 2012b). We used this metaweb to estimate species-level 

specialisation via the Paired Difference Index (PDI), where a species’ strongest link with a 

resource is used as a reference against which all other link strengths are compared (Poisot et 

al. 2012b). The absolute value of PDI is the position on a generalism-specialism continuum 

that ranges from 0-1 (most generalist to most specialist). We constructed networks and 

calculated PDI values using the bipartite package (Dormann et al. 2019).  

 

3.3.4.2 Testing responses of specialist vs. generalist pollinators to landscape hostility 

We tested the effects of landscape hostility on within-patch total abundance for 

individual bee species varying in resource specificity using generalised linear mixed effects 

models (GLMMs). We expected that the abundance of generalist species would be 

unaffected, or could even be positively affected, by an increase in landscape modification, 

while the abundance of more specialised species would decrease with increasing landscape 

hostility (Fig. 3.2a). 

The landscape variables (landscape composition and configuration, and temperature 

differentials) were used to calculate a composite index of landscape hostility using a Principal 

Components Analysis (PCA). PCA axis 1 (PC1) was subsequently selected as the landscape 

hostility gradient as it explained the highest percentage of variance (for a full explanation of 

the methods used to quantify the landscape hostility gradient see Chapter 2 – Methods and 

Statistical Analyses). Since the bee abundance data included many zeros (therefore, zero-
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inflation could be present), we followed the approach of Brooks et al. (2017) and fit a set of 

models with different error structures (Poisson, negative binomial, and Conway-Maxwell 

Poisson) with and without zero-inflation in the package glmmTMB (Magnusson et al. 2019). 

We selected the best error structure for the model by comparing models using Akaike 

information criteria (AIC) using the ‘aictab’ function in the package AICcmodavg (Mazerolle 

2019). Of the models considered, the most parsimonious was a negative binomial model with 

zero-inflation. We specified the landscape hostility gradient (PC1 scores) and PDI values 

(floral specificity), plus their interaction effect, as fixed effects in the model. We accounted 

for potential confounding effects of varying patch area (ha) by including it as a fixed 

continuous covariate, and included sampling effort (log-transformed number of sampling 

hours) as an offset to account for variation in survey effort per site. Since there were many 

singleton/rare species in the dataset and their slopes and intercepts of response to landscape 

hostility were likely to vary randomly, we fitted a random intercept and random slopes model 

(Harrison et al. 2018) using ‘PC1|species’ to account for any idiosyncratic relationships of 

individual species with the landscape hostility gradient. As there was high zero-inflation, and 

PC1 slopes for most species were not linear, we classified PC1 scores into two categories in 

the random slopes component: 'low' (for PC1 < median value) and 'high' (PC1 > median 

value). Zero-inflation was specified by the argument ‘ziformula = ~ floral specificity’, which 

assumes that absences (zeros) will vary between species that are generalist vs. specialist. 

Before running the analysis, all predictors were centred (to have a mean of zero) and scaled 

to two standard deviations using the ‘standardize’ function in the package arm (Gelman 

2018) in order to improve the interpretation of model estimates and avoid model convergence 

issues due to differences in predictor scales (Gelman 2008). The degree of collinearity among 

predictor variables was checked by calculating the Variance Inflation Factor (VIF) for all 

fixed predictors, retaining the ones with a VIF value below 3.0 (Zuur et al. 2010).  

We performed model selection using a multi-model inference approach to determine 

the minimum adequate model(s) (Burnham & Anderson 2002; Grueber et al. 2011), starting 

with a full model containing all predictors, interactions, and covariates. We compared sub-

models consisting of all possible combinations of terms using Akaike Information Criterion 

corrected for small sample size (AICc) using the ‘aictab’ in AICcmodavg. Models within two 

AICc units (ΔAICc < 2) of the highest ranked model were considered to have equivalent 

explanatory power (Burnham & Anderson 2002) and were identified as the candidate top 
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model set. Within the top model set, the most parsimonious model (i.e. the model with the 

fewest fitted parameters) was considered to be the ‘best model’. Subsequently, we calculated 

the coefficients of determination – marginal R2 (R2 
GLMM m) for fixed effects only and 

conditional R2 (R2 
GLMM c) for both fixed and random effects – in order to provide an 

approximate measure of variance explained by the best model (Nakagawa & Schielzeth 2013; 

Nakagawa et al. 2017). 

 

3.3.4.3 Testing whether landscape hostility drives changes in turnover of network 

interactions in patches 

We tested if differences in turnover of network interactions in patches were correlated 

with changes in landscape hostility by running Mantel tests (Pearson rM, 9999 permutations) 

in vegan (Oksanen et al. 2019), which compared pairwise dissimilarity matrices of network 

turnover with those of landscape hostility. For that, we first calculated total network 

dissimilarity of species (𝛽𝑆) and interactions (𝛽𝑊𝑁), then partitioned interaction dissimilarity 

into distinct components attributed to species turnover (𝛽𝑆𝑇) and interaction rewiring among 

shared species (𝛽𝑂𝑆) using the framework proposed by Poisot et al. (2012b) – allowing 

examination of network changes among sites that may be attributable to different ecological 

processes or responses to land-use change. As quantitative interaction networks are a better 

representation of ecological reality, and are less prone to sample size bias (Tylianakis et al. 

2007), we therefore used the approach of Noreika et al. (2019) to calculate weighted 

dissimilarities via the Ružička distance coefficient, a quantitative analogue of the Jaccard 

index (Tamás et al. 2001). We calculated species and interaction dissimilarity from pairwise 

comparisons between networks using the betalink package (approach proposed by Poisot et 

al. 2012b; beta diversity index modified in Bartomeus 2019). Second, we generated pairwise 

dissimilarity matrices of network turnover (i.e. comparisons between the 23 sites) for each 

component of network dissimilarity. Third, we then calculated a pairwise Euclidian distance 

(dissimilarity) matrix of landscape hostility, based on the raw landscape variables (11 

variables reflecting landscape composition, structure, and abiotic environment) that had been 

used to generate the PC1 scores for the landscape hostility gradient (see Chapter 2 – 

Methods). All pairwise dissimilarity comparisons between the 23 sites were performed in 

vegan using the function ‘vegdist’.  
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3.4 RESULTS 

 

3.4.1 Plant-pollinator networks  

We recorded 776 interaction events involving 159 unique plant-pollinator links 

between 53 bee species and 56 plant species (Fig S3.1) across the 23 study sites. On average, 

each network included interactions among 6.8 (± 0.8 SE) bee species and 6.4 (± 0.5 SE) plant 

species.  

Apis mellifera was the bee species with the highest number of interactions (563, 

72.6% of the total interactions; Table S3.1). The other most frequent bee species (> 10 

interactions) were Amegilla chlorocyanea, Glossurocolletes bilobatus, Lasioglossum 

bicolor, Lasioglossum castor, and Megachile sp.2, together representing 10.4% of total 

interactions (Table S3.1). Apis mellifera, Am. chlorocyanea, and L. bicolor were also the 

species with the highest degree (i.e., number of unique interspecific links), with 43, 9, and 8 

partners, respectively (Fig. S3.1, Table S3.1). Our networks had a high number of rare bee 

species (singletons and doubletons, 38 species), together representing 4.9% of total 

interactions. 

The plant species with the highest number of interactions (112, 14.4%) was 

Calothamnus quadrifidus, followed by Gompholobium aristatum (78, 10.1%), Regelia inops 

(70, 9.0%), and Gompholobium tomentosum (61, 7.9%) (Table S3.2). The plant species with 

the highest number of interspecific links were G. aristatum (17), G. tomentosum (13) and 

Lechenaultia floribunda (11) (Fig. S3.1, Table S3.2). Singleton and doubleton plant species 

(33) accounted for 4.3% of total interactions. 

 

3.4.2 Landscape hostility effects on generalist vs. specialist bees 

We found no evidence that bee species responded differently to the landscape 

hostility gradient depending on floral specificity since the models in the top-ranking set did 

not include an interaction effect between landscape hostility gradient and floral specificity, 

and the best-fit model (i.e. the model containing the landscape hostility gradient) had no 

better explanatory power than the most parsimonious model in the set, which included only 
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species specificity (Table 3.1, Table 3.2). However, we found a significant negative effect of 

species specificity on bee abundance, where more specialised species (those with PDI values 

> median) were less abundant than generalist species (z = -2.50, p < 0.05; Table 3.2; Fig 

3.2b). The fixed effects in the best-fit model explained 12.1% of the variance in bee 

abundance, while random effects increased this to 36.8%.  

 

3.4.3 Network interaction turnover and landscape hostility  

We found that most components of network compositional change, that is, 

dissimilarity of species (𝛽𝑆, average = 0.87), interactions (𝛽𝑊𝑁, average = 0.96), and 

interactions due to species turnover (𝛽𝑆𝑇, average = 0.54), showed negative but statistically 

non-significant correlations with dissimilarity in landscape hostility (Table 3.3). This 

indicates that, overall, dissimilarity of species and interactions were high, and dissimilarity 

of interactions due to species turnover was relatively common, but none of them showed 

clear relationships with increasing degree of dissimilarity in landscape hostility. In contrast 

dissimilarity due to interaction rewiring among shared species (𝛽𝑂𝑆, average = 0.44) showed 

a positive significant relationship with landscape hostility (Table 3.3, Fig 3.3), suggesting 

that the more dissimilar any two landscapes were in their landscape hostility, the greatest the 

degree of interaction rewiring.  
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Table 3.1. GLMM comparisons of sub-models in the top model set (within 2 AICc units of the top model). The presence of fixed effect terms 

in models is indicated with an “X” (LHG = landscape hostility gradient, PDI = floral specificity, PA = patch area; with interaction effects 

indicated between predictors), while the number of model parameters (k) and AICc weight/cumulative weight is also listed. Models were fitted 

with a negative binomial error structure.   

 

Model LHG PDI PA LHG*PDI k AICc ΔAICc AICc 

weight 

Cum. 

weight 

Model 1 X X   9 1251.34 0.00 0.31 0.31 

Model 2  X   8 1251.35 0.01 0.31 0.62 

Model 3 X X X  10 1252.93 1.59 0.14 0.76 

          

 

 

Table 3.2. Estimates from the final ‘best-fit’ GLMM (Model 1 in Table 3.1) showing the effects of predictors (LHG: landscape hostility 

gradient, PDI: floral specificity) and fixed covariate (PA: patch area) on bee abundance. Bolded coefficients are significantly different from 

zero at the 95% confidence level (p < 0.05).  

 

Model 
Intercept  

[±SE] 

LHG [±SE] PDI [±SE] PA [±SE] LHG*PDI 

[±SE] 

R²GLMM (m) R²GLMM (c) 

        

Model 1  -3.492 [±0.313] -0.274 [±0.194] -0.936 [±0.374] - - 12.1% 36.8% 
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a)                                                                                                                       b) 

 

             

 

 

 

Fig. 3.2. Relationship between abundance of generalist (G, top purple line) and specialist (S, bottom blue line) bees in woodland patches and increasing 

landscape hostility: a) theoretical relationships; b) modelled relationship (‘best’ model). Size of grey points reflects the number of overlapping data points. 

For illustrative purposes, the fitted lines for generalist and specialist bees are plotted for the 5th and 95th percentiles of observed Paired Difference Index 

(PDI) values, respectively. Note the logarithmic scale of #bees/hour on y axis
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Table 3.3. Mantel tests between dissimilarity of landscape hostility and dissimilarity of 

multiple components of network interaction. rM is the Pearson correlation between 

matrices, while statistical significance was established with a Monte Carlo permutation 

test using 9999 random permutations. P-values < 0.05 are shown in bold.  

 

 

Network interaction dissimilarity component  rM P-value 

Species (𝛽𝑆) -0.103 0.795 

Interactions (𝛽𝑊𝑁) -0.088 0.855 

Species turnover (𝛽𝑆𝑇) -0.188 0.972 

Rewiring (𝛽𝑂𝑆) 0.183 0.026 

 

 

 

 
 

Fig 3.3. Relationship between pairwise dissimilarity in landscape hostility and pairwise 

dissimilarity in network interaction rewiring (𝛽𝑂𝑆).   
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3.5 DISCUSSION 

Despite an increasing number of studies testing the effects of land-use change on 

plant-pollinator networks at a local-level, empirical work testing the effects of 

surrounding landscape context on within-patch abundance and composition of species 

and their interaction networks remains sparse. Moreover, it is not known to what extent 

the response of important functional groups such as pollinators is mediated by traits such 

as resource specificity. In this study, we found that plant-pollinator interaction rewiring 

significantly increased with landscape hostility, while species and interaction turnover 

were unaffected. Moreover, we found that patch-level abundance of specialist pollinator 

species was significantly lower compared to generalists, but this did not vary with 

landscape hostility. We discuss the significance of these findings for the conservation of 

plant-pollinator networks in highly modified landscapes. 

 

3.5.1 Surrounding landscape hostility does not influence pollinator resource 

specificity in patches 

Contrary to predictions, we found no significant difference in the responses of 

generalist vs. specialist bee species to increasing landscape hostility, suggesting that 

resource specialisation has little influence on their ability to fulfill their dietary 

requirements under landscape change. This is somewhat surprising, given evidence from 

previous studies showing that land-use change drivers have a greater negative impact on 

specialist species compared to generalist species (Biesmeijer et al. 2006; Bommarco et 

al. 2010; Williams et al. 2010; Bartomeus 2013), where rare and specialized species 

(Aizen et al. 2012; Rader et al. 2014; Weiner et al. 2014) and rare interactions (Steffan‐

Dewenter et al. 2006; Olesen et al. 2011b; Burkle et al. 2013) are generally lost first. 

However, highly modified landscapes may still provide supplementary foraging and 

nesting resources for bees to complete their life cycle (depending on the type of human-

modified land cover present), which may influence how they respond to land-use change 

(Potts et al. 2003; Roulston & Goodell 2011; Winfree et al. 2011). In fact, several studies 

in agricultural landscapes have found an association of abundance and richness of bees 

with anthropogenic land-uses that provide subsidies (Kleijn & van Langevelde 2006; 

Lentini et al. 2012; Kennedy et al. 2013; Mesa et al. 2013; Cole et al. 2017). The 

landscape in our study area is predominantly covered by cleared land (38% of total matrix 

area), which varies from clear-felled areas to areas in early stages of regeneration. In these 
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areas, it is common to observe abundant non-native annual plants in addition to regrowth 

of common native wildflowers, especially in areas that have been burned after clear-

felling since smoke promotes germination of several native species (Dixon & Barrett 

2003). Therefore, the surrounding landscape may provide resource subsidies for various 

bee species in our system. In Chapter 2, we saw that bee species composition did not vary 

between patch and surrounding matrix land-uses at the local-scale, suggesting that bee 

assemblages were not entirely patch-dependent, being able to utilise both patch and the 

different matrix-land uses, irrespective of the degree of landscape hostility.  

Although dietary specialization is one of the main traits associated with 

vulnerability of bees to land-use change (Winfree et al. 2011; Bartomeus et al. 2013; 

Burkle et al. 2013; Forrest et al. 2015), the lack of response of different generalist and 

specialist bees to landscape hostility could also be due to a range of other important traits 

not quantified in this study. For example, species dispersal and matrix-crossing ability 

can mediate the response to habitat loss and fragmentation (Tscharntke & Brandl 2004; 

Jauker et al. 2009), where species with higher dispersal capacity are less affected 

(Bommarco et al. 2010). Also, Williams et al. (2010) show in a global study that above-

ground nesting bees are more negatively affected by isolation from natural habitat and 

intensive agricultural land use than fossorial species, while isolation from natural habitat 

and use of pesticides had a stronger negative effect on social compared to solitary species. 

Another study by Hopfenmüller et al. (2014) in Germany showed that bee communities 

were affected by land-use change differently at local and landscape scales based on a 

combination of their life-history traits. Therefore, in order to unravel trends in the 

response of generalist and specialist bees to landscape context we may need more research 

using a wider range of traits, and perhaps explore effects at different scales, which was 

beyond the scope of this study.  

A possible caveat to our study is low statistical power to detect an effect of 

landscape hostility on bee floral specificity (type II error). This stems from the high 

frequency of singleton and doubleton interactions in our dataset. The estimated floral 

specificity from the metaweb (regional species pool) was calculated using the Paired 

Difference Index (PDI), considered a robust measure of resource-use specialization and 

widely used in the network literature (Poisot et al. 2012b; Canard et al. 2014; Olito & 

Fox 2015). However, we acknowledge that there is some uncertainty as to the true level 

of floral specificity of these species in nature, and that some species categorised as 

specialists based on the metaweb could be found to be generalists if we were to expand 
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the dataset. Further sampling therefore could reduce the ratio of specialist to generalist 

species in more degraded landscapes, potentially demonstrating the predicted effect. 

Undersampling of interactions is unfortunately common and often unavoidable in studies 

on mutualistic networks (Dorado et al. 2011; Chacoff et al. 2012), especially when 

working in highly diverse systems where a more complete sampling of interactions is 

logistically much more difficult to achieve. Alternatively, bee assemblages in this 

landscape might be inherently comprised of many rare species (either naturally or through 

anthropogenic impact), which is consistent with local studies (Houston 2000) and several 

other large scale bee surveys that have found widespread rarity in the fauna, even at a 

local scale (Williams et al. 2001; Potts et al. 2003). Indeed, we have recently published a 

report on the rediscovery of the presumed extinct rare native bee Hesperocolletes 

douglasi Michener, 1965 (Douglas’s Broad-headed bee) from a sample collected for this 

project in a banksia woodland remnant, 80 years after the collection of the only other 

known record of the species (Pille Arnold et al. 2019, Appendix I), which adds to the 

evidence of frequent rare species composing the bee fauna in this region. 

The significantly higher abundance of generalist compared to specialist bee 

species is likely due to the very high abundance of the non-native Apis mellifera, in 

addition to high abundance of the other common native generalists – Amegilla 

chlorocyanea, Glossurocolletes bilobatus, Lasioglossum bicolor, L. castor and 

Megachile sp.2 (Fig. S3.1, Table S3.1). Feral colonies of A. mellifera – a species 

introduced in Western Australia in the 1800s (Houston 2000) – are well established and 

widespread across the study system, but its potential impact on native bees (Magrach et 

al. 2017; Henry & Rodet 2018; Herrera 2020) is largely undetermined. Honeybees could 

be competing for floral resources with more specialised native bees (Paini & Roberts 

2005), since super-generalists tend to become central-nodes (most connected species) in 

pollination networks, displacing generalist native bees and modifying network 

architecture by reducing connectivity among native species (Aizen et al. 2008). However, 

these competitive effects have not been studied in this system and can be difficult to 

assess, given the absence of data pre-honeybee establishment and current lack of control 

sites for experimental studies (Paton 1993; Paini 2004a). Nevertheless, given the long-

term presence of A. mellifera in this system, the native species most vulnerable to 

competition with honeybees might have already disappeared (Paini 2004a; Herrera 2020). 
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3.5.2 Landscape hostility rewires species networks in patches 

We found high species and interaction turnover across patch networks, similar to 

that reported from previous studies testing environmental gradients (Carstensen et al. 

2014; Noreika et al. 2019). Importantly though, this was unrelated to landscape hostility. 

However, there was a significant increase in network interaction rewiring among shared 

species with increasing hostility. In our system therefore, plant-pollinator networks seem 

to be relatively generalised and plastic, where a set of generalist pollinators dominates 

and interacts with common plant species, and foraging flexibility allows rewiring. 

Generalisation and species adaptability (ability for rewiring) are important traits 

conferring resilience and stability of mutualistic networks to environmental disturbance 

(Kaiser-Bunbury et al. 2010; Olesen et al. 2011c; Grass et al. 2018; Redhead et al. 2018), 

and therefore could be buffering our pollination networks against further impacts of land-

use change (such as species loss). The lack of effects of landscape hostility on network 

turnover could possibly be related to landscape-scale factors unquantified in this study, 

such as availability of nesting and feeding resources in the surrounding matrix (Williams 

et al. 2010; Roulston & Goodell 2011). Alternatively, the species most sensitive to land-

use change have potentially already been lost, leaving a ‘core’ of generalists that are 

relatively robust to anthropogenic disturbance, helping to maintain network structure and 

stability (Ramos-Jiliberto et al. 2012; Grass et al. 2018).   

Network rewiring is likely driven by changes in relative abundance of preferred 

floral resources at local and landscape scales with land-use change, leading to changes in 

intra- and inter-specific competition (Valdovinos et al. 2013). Land-use change may alter 

the flower density of certain plant species within patches, and in the surrounding matrix, 

such that pollinators which cannot emigrate may need to be able to switch partners to 

survive. For instance, Carstensen et al. (2014) found that pollinator network interaction 

rewiring across rupestrian fields in Brazil was highly dependent on local flower 

abundance, that is, turnover of pairwise interactions increased if flower abundance 

decreased, and the larger the difference in local flower abundance, the stronger the effect. 

Therefore, in a scenario of increasing environmental change causing plant extinctions, 

the loss of important floral resources could trigger cascading effects on pollinator species, 

and a higher adaptive capacity for interaction rewiring would be required to stabilize 

networks against further species loss (Schleuning et al. 2016).    
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3.6 CONCLUSION 

Land-use change and associated habitat loss and fragmentation frequently drives 

pollinator declines (Potts et al. 2010; Winfree et al. 2011). Species’ sensitivity to 

increasing landscape modification is mainly a result of their ecological and life-history 

traits and how they interact with other species and the changing environment (Tylianakis 

et al. 2008; Williams et al. 2010; Jauker et al. 2013). In anthropogenic landscapes, 

conservation management of the matrix has been increasingly recognised as essential for 

mitigating impacts of land-use change on patch-dependent biodiversity (Driscoll et al. 

2013; Kremen & Merenlender 2018). In our system, we show that interaction rewiring 

among species in pollination networks has occurred with increasing land-use change, 

indicating a potential response of generalist foragers to changing resource availability, 

which may be acting to buffer networks against further species loss. This finding 

contributes to the expanding body of research demonstrating that higher adaptive capacity 

for interaction rewiring will be required to maintain mutualistic networks under 

increasing anthropogenic impact (Valdovinos et al. 2013; Ponisio et al. 2017; Grass et al. 

2018). This is relevant as interaction loss generally precedes species loss (Valiente-

Banuet et al. 2015), triggering changes in ecosystem function and causing extinction 

cascades if systems are pushed beyond adaptive capacity. Since not all species contribute 

equally to network function and stability, the identification of key species necessary to 

maintain ecosystem functioning in modified landscapes, and knowledge of how they 

respond to increasing land-use change, could help inform actions to minimize impacts on 

plant-pollinator networks and to support pollination services.  
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S3. SUPPLEMENTARY INFORMATION 

 

 

 

 

Fig. S3.1. Global ‘metaweb’ of plant-pollinator interactions (with data pooled across all study 

sites), depicting 776 interaction events among 53 bee species (columns) and 56 plant species 

(rows). Interactions are sorted to maximise web nestedness and interaction frequency is shown 

(counts displayed in each cell). For full species names see Tables S3.1 and S3.2.  
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Table S3.1. Frequency of interactions, number of partners, and frequency of occurrence 

of bee species across the 23 study sites. 

 

Family / Species Abbreviation Interactions Partners Sites 

Apidae     

Amegilla chlorocyanea (Cockerell, 1914) Amegilla.chl 27 9 11 

Apis mellifera Linnaeus, 1758 Apis.mel 563 43 22 

Exoneura robusta (Cockerell, 1922) Exoneura.rob 3 1 2 

Exoneurella setosa (Houston, 1976) Exoneurella.set 1 1 1 

Colletidae     

Callomelitta antipodes (Smith, 1853) Callomelitta.ant 8 2 2 

Euhesma sp.1  Euhesma.s1 5 2 2 

Euhesma sp.2 Euhesma.s2 4 3 4 

Euhesma sp.3 Euhesma.s3 1 1 1 

Euryglossina sp.1 Euryglossina.s1 1 1 1 

Glossurocolletes bilobatus (Michener, 

1965) Glossurocolletes.bil 21 3 2 

Hesperocolletes douglasi Michener, 1965 Hesperocolletes.dou 1 1 1 

Hylaeus alcyoneus (Erichson, 1842) Hylaeus.alc 1 1 1 

Hylaeus musgravei Cockerell, 1929 Hylaeus.mus 2 2 1 

Hylaeus sp.1 Hylaeus.s1 5 4 4 

Hylaeus sp.2 Hylaeus.s2 1 1 1 

Hylaeus sp.3 Hylaeus.s3 2 2 2 

Hylaeus sp.4 Hylaeus.s4 3 3 3 

Hylaeus sp.5 Hylaeus.s5 1 1 1 

Leioproctus rhodurus Michener, 1965 Leioproctus.rho 1 1 1 

Leioproctus sp.1 Leioproctus.s1 2 1 1 

Leioproctus sp.2 Leioproctus.s2 1 1 1 

Leioproctus sp.3 Leioproctus.s3 2 1 2 

Leioproctus sp.4 Leioproctus.s4 8 2 3 

Leioproctus sp.5 Leioproctus.s5 2 1 1 

Leioproctus sp.6 Leioproctus.s6 1 1 1 

Pachyprosopis sp.1 Pachyprosopis.s1 1 1 1 

Phenacolletes mimus Cockerell, 1905 Phenacolletes.mim 1 1 1 

Halictidae     

Lasioglossum bicolor Walker, 1995 Lasioglossum.bic 10 8 7 

Lasioglossum castor Walker, 1995 Lasioglossum.cas 10 5 7 
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Lasioglossum hemichalceum (Cockerell, 

1923) Lasioglossum.hem 1 1 1 

Lipotriches flavoviridis (Cockerell, 

1905)? Lipotriches.fla 1 1 1 

Lipotriches sp.1 Lipotriches.s1 1 1 1 

Megachilidae     

Megachile canifrons Smith, 1853 Megachile.can 8 7 7 

Megachile cf. rhodura Cockerell, 1906 Megachile.rho 9 3 6 

Megachile chrysopyga Smith, 1853 Megachile.chr 5 3 5 

Megachile resinifera Meade-Waldo, 1915 Megachile.res 1 1 1 

Megachile semiluctuosa Smith, 1853 Megachile.sem 1 1 1 

Megachile sp.1 Megachile.s1 8 5 5 

Megachile sp.2 Megachile.s2 13 7 9 

Megachile sp.3 Megachile.s3 2 1 1 

Megachile sp.4 Megachile.s4 1 1 1 

Megachile sp.5 Megachile.s5 1 1 1 

Megachile sp.6 Megachile.s6 1 1 1 

Megachile sp.7 Megachile.s7 4 3 4 

Megachile sp.8 Megachile.s8 1 1 1 

Megachile sp.9 Megachile.s9 1 1 1 

Megachile sp.10 Megachile.s10 7 3 5 

Megachile sp.11 Megachile.s11 4 2 2 

Megachile sp.12 Megachile.s12 3 2 2 

Megachile sp.13 Megachile.s13 3 1 2 

Megachile sp.14 Megachile.s14 4 4 4 

Megachile sp.15 Megachile.s15 2 2 2 

Megachile sp.16 Megachile.s16 5 3 4 
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Table S3.2. Frequency of interactions, number of partners, and frequency of occurrence 

of plant species across the 23 study sites. 

 

Family / Species Abbreviation Interactions Partners Sites 

Aizoaceae     

Carpobrotus edulis (L.) N.E.Br.  Carpobrotus.edu 23 2 3 

Asteraceae     

Hyalosperma cotula (Benth.) Paul 

G.Wilson  Hyalosperma.cot 1 1 1 

Hypochaeris glabra L. Hypochaeris.gla 1 1 1 

Podotheca chrysantha (Steetz) Benth. Podotheca.chr 2 2 2 

Podotheca gnaphalioides Graham Podotheca.gna 21 4 4 

Waitzia suaveolens (Benth.) Druce var. 

suaveolens Waitzia.sua 2 2 2 

Campanulaceae     

Lobelia tenuior R.Br. Lobelia.ten 3 1 2 

Wahlenbergia capensis (L.) A.DC. Wahlenbergia.cap 6 2 4 

Colchicaceae     

Burchardia congesta Lindl. Burchardia.con 1 1 1 

Dasypogonaceae     

Dasypogon bromeliifolius R.Br. Dasypogon.bro 47 6 8 

Dilleniaceae     

Hibbertia hypericoides (DC.) Benth. Hibbertia.hyp 9 5 7 

Hibbertia racemosa (Endl.) Gilg Hibbertia.rac 1 1 1 

Hibbertia subvaginata (Steud.) F.Muell. Hibbertia.sub 1 1 1 

Ericaceae     

Leucopogon polymorphus Sond. Leucopogon.pol 35 3 3 

Fabaceae     

Bossiaea eriocarpa Benth. Bossiaea.eri 6 1 2 

Daviesia divaricata Benth. Daviesia.div 5 1 2 

Gompholobium aristatum Benth. Gompholobium.ari 78 17 2 

Gompholobium tomentosum Labill. Gompholobium.tom 61 13 9 

Jacksonia floribunda Endl. Jacksonia.flo 2 2 1 

Jacksonia furcellata (Bonpl.) DC. Jacksonia.fur 14 9 6 

Jacksonia sternbergiana Huegel Jacksonia.ste 1 1 1 

Lotus subbiflorus Lag. Lotus.sub 32 1 1 

Ornithopus pinnatus (Mill.) Druce Ornithopus.com 11 1 2 
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Goodeniaceae     

Lechenaultia floribunda Benth. Lechenaultia.flo 54 11 9 

Lechenaultia linarioides DC. Lechenaultia.lin 1 1 1 

Scaevola paludosa R.Br. Scaevola.pal 1 1 1 

Scaevola repens de Vriese var. repens Scaevola.rep 3 1 2 

Haemodoraceae     

Anigozanthos humilis Lindl. Anigozanthos.hum 4 2 3 

Conostylis aculeata subsp. cygnorum 

Hopper Conostylis.acu 2 1 2 

Hemerocallidaceae     

Tricoryne elatior R.Br. Tricoryne.ela 5 2 2 

Iridaceae     

Gladiolus caryophyllaceus (Burm.f.) Poir. Gladiolus.car 1 1 1 

Patersonia occidentalis R.Br. Patersonia.occ 5 2 4 

Lamiaceae     

Hemiandra pungens R.Br. Hemiandra.pun 10 2 1 

Lauraceae     

Cassytha racemosa Nees Cassytha.rac 19 2 1 

Loranthaceae     

Nuytsia floribunda (Labill.) G.Don Nuytsia.flo 2 1 2 

Myrtaceae     

Calothamnus quadrifidus R.Br. Calothamnus.qua 112 3 2 

Calytrix angulata Lindl. Calytrix.ang 2 1 1 

Eremaea pauciflora (Endl.) Druce var. 

pauciflora Eremaea.pau 23 4 4 

Melaleuca preissiana Schauer Melaleuca.pre 2 2 1 

Melaleuca seriata Lindl. Melaleuca.ser 2 2 2 

Melaleuca systena Craven Melaleuca.sys 21 2 1 

Regelia inops (Schauer) Schauer Regelia.ino 70 10 6 

Proteaceae     
Adenanthos cygnorum Diels subsp. 

cygnorum Adenanthos.cyg 18 1 5 

Banksia attenuata R.Br. Banksia.att 3 3 1 

Banksia sessilis (Knight) A.R.Mast & 

K.R.Thiele var. sessilis Banksia.ses 1 1 1 

Petrophile linearis R.Br. Petrophile.lin 5 2 5 

Stirlingia latifolia (R.Br.) Steud. Stirlingia.lat 1 1 1 

Rutaceae     

Philotheca spicata (A.Rich.) Paul G.Wilson Philotheca.spi 23 10 7 
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Stylidiaceae     

Stylidium araeophyllum Wege Stylidium.ara 2 2 2 

Stylidium brunonianum Benth. Stylidium.bru 6 4 5 

Stylidium hesperium Wege Stylidium.hes 1 1 1 

Stylidium neurophyllum Wege Stylidium.neu 1 1 1 

Stylidium rigidulum Sond. Stylidium.rig 1 1 1 

Stylidium spiciforme Wege? Stylidium.spi 7 2 2 

Stylidium repens R.Br. Stylidium.rep 1 1 1 

Xanthorrhoeaceae     

Xanthorrhoea preissii Endl. Xanthorrhoea.pre 4 1 3 
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CHAPTER 4 

 

 

Floral resource energetics in the surrounding landscape drives 

abundance of bees in woodland remnants 

 

 

4.1 ABSTRACT 

Globally, pollinator communities have been increasingly threatened by land-use 

change, resulting in biodiversity loss and the breakdown of pollination services. Given 

that habitat loss and fragmentation are projected to expand in the future, the quality of the 

matrix of modified habitat surrounding native habitat remnants is expected to have an 

increasing influence on the persistence of remnant-dependent species. The decrease in 

floral resources for pollinators as native vegetation is cleared has been considered a key 

contributing factor to declines in pollinator abundance and diversity. More specifically, 

reduced availability of floral resources in matrix habitats could impact pollinator 

communities in remnant fragments of native vegetation. To date, most studies looking at 

the impacts of declines in floral resources on pollinators in fragmented natural systems 

have been carried out at a local scale, while potential modulating effects of floral 

resources in the surrounding matrix on within-patch pollinator species remain largely 

unexplored. Here, we tested whether the availability of energy resources (nectar and 

pollen) from host-plants in the matrix affects the abundance of bee species in remnant 

woodlands, and whether the effect varies with body size. We focused on bees, a highly 

diverse pollinator group that mediate pollination for a large proportion of flowering 

plants. We selected 23 remnants of banksia woodland in Southwest Australia with similar 

within-patch habitat structure, but a distinct gradient of surrounding landscape 

composition, from natural habitat, to cleared land to pine plantation. We compiled 

quantitative network interaction data (776 plant-pollinator interaction events involving 

159 links, 195h sampling effort) to assess host-plant partners of bee species of differing 

body sizes within remnants. We assessed host-plant nectar and pollen energy per flower 
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and quantified the availability of host-plant partners within the banksia woodland 

remnants themselves and in the surrounding land-use types to scale up floral resource 

energy to landscape scales. We found a significant positive relationship of bee species 

abundance in woodland patches with an increase in surrounding landscape floral resource 

energy. Surprisingly, the availability of floral resource energy within the woodland 

patches themselves had no significant effect on the abundance of bees. Both small and 

large-bodied bees responded positively to the increase in floral resource energy in matrix 

land-uses, however the effect was greater for larger-bodied bees. These results constitute 

empirical evidence that bee species within isolated patches are strongly affected by floral 

resource energetics in the surrounding landscape. These findings suggest severe 

landscape effects of declining matrix flower resources on the dynamics and persistence 

of bees in remnant habitat and should assist in better informing conservation efforts under 

future projections of increasing land-use change. 

 

 

4.2 INTRODUCTION 

Land-use change, including habitat loss, habitat degradation and fragmentation, 

is one of the major human threats to biodiversity and ecosystems, causing significant 

changes in the abundance and distribution of organisms (Haddad et al. 2015; Newbold et 

al. 2015; Wagner 2020). Given the predicted increase in habitat loss and fragmentation 

in the coming decades due to human population growth (Tilman et al. 2011), the 

availability of natural habitat for biodiversity is expected to decline, while novel 

ecological barriers to dispersal are created, increasing the isolation of remnant patches of 

native vegetation. Under this scenario, protecting remnant habitat alone will not be 

sufficient to support species and prevent further biodiversity loss without a commensurate 

increase in the amount of high quality matrix habitat surrounding patches of native 

vegetation (Ewers & Didham 2006; Driscoll et al. 2013; Kremen & Merenlender 2018).  

Land-use change is considered a major driver of insect pollinator declines (Potts 

et al. 2010; Winfree et al. 2011; Wagner 2020), and consequent reduction in associated 

pollination services (Kremen et al. 2007; Keitt 2009; Garibaldi et al. 2011). Among the 

multiple pressures that land-use change imposes on pollinators, food limitation resulting 

from a decrease in floral resources has been considered a key contributing factor to 

pollinator declines (Roulston & Goodell 2011; Winfree et al. 2011; Goulson et al. 2015). 

For example, a study analysing historical pollen preferences of bees in The Netherlands 

showed that bee population declines were associated with loss of preferred host-plant 
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species, with larger bee species that have greater food requirements being 

disproportionally impacted by the declines in host-plant resources (Scheper et al. 2014). 

A reduction in floral resources for pollinators can be a result of multiple factors, including 

the loss of flower-rich natural habitats (Ollerton et al. 2014), herbicide drift (Egan et al. 

2014; Bohnenblust et al. 2016), and the detrimental impacts of non-native plants on native 

flora (Morales & Traveset 2009; Dietzsch et al. 2011; Davis et al. 2018). Moreover, 

parallel declines in insect-pollinated plant species following declines of their pollinators 

have also been reported (Biesmeijer et al. 2006), highlighting the strong dependencies 

between pollinators and their host-plants, which mediate the responses of both interacting 

partners to the direct and indirect effects of land-use change (Papanikolaou et al. 2017).  

Plants offer rewards to pollinators (usually in the forms of nectar and pollen), to 

encourage dispersal of pollen as insects forage between flowers. The floral resource 

requirements of pollinators depend on body size, are influenced by the availability of 

energy offered by host-plants, and by environmental conditions that can affect 

thermoregulation and locomotion (McCallum et al. 2013). The main calorific rewards in 

flowers are nectar, as a sugary secretion, and pollen, which contains mainly carbohydrates 

and lipids packed into small particles (Dafni 1992). Other constituents in nectar (such as 

amino acids, lipids, secondary metabolites; (Nicolson & Thornburg 2007)), and pollen 

(such as proteins, amino acids, vitamins and minerals; (Roulston & Cane 2000; Nicolson 

2011)), can have a role in heightening interactions between flowers and pollinators, 

mostly by influencing pollinator preference and foraging behaviour (Petanidou et al. 

2006; Nepi 2014; Nicholls & Hempel de Ibarra 2017; Stevenson et al. 2017), and by 

fulfilling specific nutritional requirements of pollinators (Sedivy et al. 2011; Filipiak et 

al. 2017; Filipiak 2019). 

To date, most studies on floral rewards for pollinators have concentrated on total 

nectar availability since measuring its amount, concentration and calorific content is 

much easier to achieve compared to labour-intensive pollen analysis. Relatively few 

studies have attempted to estimate amount (Hicks et al. 2016; Ausseil et al. 2018; 

Denisow et al. 2018) and energetic content of pollen (Colin & Jones 1980; Petanidou & 

Vokou 1990; Potts et al. 2003) despite its importance as a major food source for several 

flower-visiting insects (Proctor et al. 1996). For instance, in bees, pollen is the principal 

constituent of larvae food (Michener 2007; Nicolson 2011). A solitary bee has to collect 

a substantial amount of pollen to rear a single larva, where the number of flowers needed 

can vary by three orders of magnitude (7-1100 flowers) depending on both bee species 

and host-plant (Müller et al. 2006). In several plant species, a proportion of their flowers 
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are nectarless, the so-called “cheater flowers” (Thakar et al. 2003), while about 6% of the 

angiosperms do not produce nectar at all, so pollen is the only food reward in exchange 

for pollination (Russell et al. 2016 and references within). Indeed, pollen plays an 

essential role in Mediterranean-type ecosystems, where pollen is the main reward to 

pollinators (Herrera 1985; Petanidou & Vokou 1990). Therefore, the importance of pollen 

as a flower reward that mediates insect visitation is often overlooked (Dafni et al. 2000). 

In relation to other plant parts, pollen has a higher energy investment per gram of 

organic tissue (Colin & Jones 1980), and the difference is even more pronounced for 

entomophilous species (Petanidou & Vokou 1990). On the other hand, nectar production 

generally demands comparably less of the plant’s resources (Proctor et al. 1996; Heil 

2011), particularly in the case of bee-pollinated angiosperms (Harder & Barrett 1992). 

While pollen energy content has been found to be relatively uniform within large 

taxonomic groups (Colin & Jones 1980; Petanidou & Vokou 1990), nectar is a much more 

variable reward, with high intraspecific (Herrera et al. 2006; Canto et al. 2007) and 

interspecific differences in nectar volume, sugar composition and concentration being 

common (Nicolson & Thornburg 2007), generally reflecting differences in pollinator 

types (Baker & Baker 1990; Chalcoff et al. 2017; Parachnowitsch et al. 2019).  

From an energetic perspective, body size is an important trait since it influences 

several physiological parameters that affect pollinator energy requirements (McCallum 

et al. 2013). Metabolic rate increases non-linearly (allometrically) with body mass, so 

that larger animals require more energy per individual, but less energy per gram of body 

mass (Brown et al. 1978; West et al. 1999). Therefore, the energy requirements of 

pollinators that vary in size are reflected in floral rewards of their host-plants (Heinrich 

& Raven 1972; Petanidou & Vokou 1990; Fenster et al. 2004). For instance, Brown et al. 

(1978) demonstrated that pollinator body size and caloric value of host-plant nectar 

secreted per flower per day were positively correlated, however there was a great 

variability around this relationship that can be mostly explained by spatial distribution of 

flowers and other factors that influence pollinator foraging costs.  

Body size also affects flight capacity since flight tends to be more efficient in 

larger insects (Harrison & Roberts 2000). In fact, body size has a positive and nonlinear 

relationship with foraging distance in bees, where larger bees forage disproportionally 

farther than smaller bees (Greenleaf et al. 2007). Therefore, a larger body size confers 

higher mobility since it enables bees to travel further distances to exploit patchy or 

scattered flowers, potentially giving them more flexibility to respond to changes in food 

resources. For example, it has been demonstrated that foraging distance in large-bodied 
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bees varies as a function of landscape context, increasing with resource scarcity (Steffan-

Dewenter & Kuhn 2003). Similarly, Carvell et al. (2012) have shown that bumblebees 

also adapt their foraging distance according to resource availability, decreasing the 

distance as the proportion of suitable foraging habitat increased. Thus, declines in floral 

rewards due to land-use change can affect large-bodied and small-bodied bees differently.  

Recent strategies to mitigate pollinator declines have focused on restoring natural 

or semi-natural habitat (Kremen & M’Gonigle 2015; Bukovinszky et al. 2017b; Cole et 

al. 2017) or enhancing floral resources for pollinators, such as planting of wildflower 

strips adjacent to agricultural fields (Blaauw & Isaacs 2014; Scheper et al. 2015; Williams 

et al. 2015; Häussler et al. 2017). However, the modulating role of availability of floral 

rewards in the matrix surrounding remaining natural habitat on within-patch pollinator 

species remains relatively poorly understood (but see studies by Williams et al. 2012; 

Kennedy et al. 2013; Scheper et al. 2015; and Mallinger et al. 2016 in agricultural 

landscapes), despite suggestions that the management of the matrix can be an important 

tool to mitigate impacts of land-use change on pollinators and pollination services 

(Kremen et al. 2007; Garibaldi et al. 2011; Wratten et al. 2012). Moreover, the majority 

of landscape scale studies on flower resources for pollinators have only indirectly 

assessed floral rewards by assessing flower density in land-use types (Williams et al. 

2012; Mallinger et al. 2016) or by estimating nectar sugars (Baude et al. 2016) or nectar 

sugars and pollen volume per flower (Hicks et al. 2016; Ausseil et al. 2018) along with 

quantification of floral abundance in different land-uses. Only a single study has 

attempted to directly assess the availability of floral energy rewards for bees (Potts et al. 

2003). However, their study was at the local scale and the methods used to infer 

availability of floral rewards were limited by coarse composite assessment of sucrose and 

pollen volume for the entire floral community (combined), instead of assessing rewards 

for known host-plants of pollinator species.  

Here, we estimate floral resource energy for pollinators at the landscape-level (in 

patch and surrounding matrix) by directly measuring both nectar and pollen resources of 

host-plant flowers. We focus on bees (Hymenoptera: Apoidea: Anthophila), a highly 

diverse key pollinator group of the Australian flora (Armstrong 1979; Houston 2000) that 

are dependent on flowers for nutrition, and address the following hypotheses: 

1) The abundance of bees in remnant woodland patches will increase with 

increasing energetic availability of preferred floral resources (nectar + pollen) 

in the surrounding landscape. 
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2) Small-bodied bee species (which have smaller energetic requirements and 

shorter foraging ranges) will be more influenced by patch-level floral 

resources, while larger bee species will be affected by the combination of 

patch and surrounding landscape floral resource energy.  

We address these questions using a study system of remnant woodland patches in 

a mosaic landscape in a biodiversity hotspot in Southwest Australia. We sampled plant-

pollinator interaction networks in the woodland patches and quantified floral rewards of 

preferred host-plants available in the woodland remnants and surrounding matrix. We 

discuss our results in view of the importance of considering surrounding matrix effects 

on within-patch pollinator assemblages for better conservation and mitigation strategies 

for pollinators and essential pollination services in modified landscapes.  

 

 

4.3 METHODS 

 

 

4.3.1 Study system  

We conducted the study in a mosaic landscape of remnants of banksia woodland 

on the Swan Coastal Plain, located in the Southwest Australian Floristic Region 

(SWAFR), a Mediterranean-climate biodiversity hotspot (Myers et al. 2000). The region 

has experienced high levels of native vegetation loss. Nowadays only 30% of the original 

banksia woodland cover remains (Department of the Environment 2018) (Fig 2.1) as a 

result of extensive land clearing for agriculture, urban development, and exploitation of 

sand, limestone and timber (How & Dell 2000; Newman et al. 2013). The remaining 

native vegetation consists of fragments that are mostly small, show a small amount of 

within-patch degradation, and are located in different landscape contexts under increasing 

pressure from anthropogenic land uses in the surrounding matrix (Crosti et al. 2007; 

Phillips et al. 2010). In spite of declines in the fauna and flora of banksia woodlands as a 

result of anthropogenic land-use change, the remaining woodland remnants still hold high 

levels of biological diversity and endemism (Department of the Environment 2016).  

We selected 23 woodland remnants from a larger pool of remnants within a 152 

km2 study area located in the Gnangara-Moore River State Forest, in the Swan Coastal 

Plain, Western Australia (Fig. 2.1). These remnants vary in size (from 1.03 to 30.75 ha) 

and were selected based on habitat quality (low level of habitat degradation) and on 
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variation in surrounding land-uses, where we used proportion of banksia woodland cover 

in the landscape as a criterion in lieu of any prior knowledge of the flower resources 

associated with other land uses that might influence flower-visiting insects. The remnants 

were ground-truthed to ensure that they had a relatively consistent level of habitat quality, 

and no unintended covariance between patch attributes and any underlying 'distance from 

coast' (east-west) or latitudinal (north-south) gradients within the study area. Land-use 

types in the surrounding matrix range from native banksia woodlands, to agricultural land, 

pine (Pinus pinaster Aiton) plantation, cleared land (clear-felled land, land covered by 

introduced annual grasses and other non-native plant species, or by vegetation at early 

stages of regeneration), semi-urban areas, and sand mining exploitation sites, which leave 

open sand-scars with little vegetation (Fig. 2.1, Chapter 2). The matrix context formed by 

these different types of land-use varies greatly in habitat structure and amount of floral 

resources that may affect the survival and dispersal rates of insect pollinators. 

 

4.3.2 Plant-pollinator interaction networks sampling 

We recorded bee (Hymenoptera: Apoidea: Anthophila) visits to flowers in each 

of the 23 woodland remnants in four 50 m × 4 m parallel belt transects spaced at 20 m 

intervals. Each belt transect was subdivided into 10 m sections and we spent 15 min per 

section hand-collecting bees alighting on flowers up to 2 m from the ground, using a 

sweep net or by trapping bees directly into screw cap vials. Each plant-pollinator 

association was recorded in the field. We conducted sampling during the peak flowering 

season and only during calm, sunny weather. Transects were surveyed at random across 

all 23 sites on different days, in a random order and at random times during the peak 

activity period (09:00 to 16:00) to account for temporal variation in pollinator 

assemblages and flower visitation throughout the day. In total, we surveyed each of the 

four transects per study site once during each field season, which ran from September to 

November in 2015 and 2016 (10 h survey effort per site at most sites; 195 h total effort 

across the study). However, in 2015 only 16 of the 23 study sites could be sampled due 

to a shorter flowering season resulting from higher than average temperatures. Bee 

specimens were preserved in 70% ethanol, pinned and sorted to family and 

morphospecies and subsequently identified to species, where possible. See Chapter 3 

Methods for a full explanation of the methodology used to sample plant-pollinator 

networks. 

The non-native honeybee (Apis mellifera L., Apidae) has been included 

throughout the analysis due to its long-term interactions with the native bee fauna and 
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flora in this system. The species was introduced in Western Australia in the 1800s 

(Houston 2000) and feral colonies are widespread in the study area. 

 

4.3.3 Body mass estimation 

We measured body length (BL, mm) along the lateral side of each specimen using 

a digital calliper under a stereo microscope. BL was defined as the total length from the 

point of antennal insertion to the terminal abdominal tergite. We then used a predictive 

model which utilizes allometric scaling to predict bee body mass (dry mass, mg) as a 

function of body length, using the bee morphological trait dataset in the package 

pollimetry (Kendall 2018). The predictive model estimate log(body mass) based on 

measured values of log(body length), taxonomic family and sex. Taxonomic family was 

included as a predictor in the model to account for phylogenetic relatedness, since it has 

been shown to be predictively equivalent to phylogenetic information in allometric 

scaling relationships in bees (Kendall et al. 2019). Sex was incorporated as a predictor in 

the model to account for sexual size dimorphism (SSD), since the majority of bee species 

exhibit female‐biased SSD (i.e., females are larger than males) (Shreeves & Field 2008). 

We measured up to 10 females and 10 males of each species, where specimens were 

available.  

 

4.3.4 Landscape flower density assessment 

We assessed floral resource availability to bees in the landscape by estimating 

flower density – the number of open flowers per unit area of land cover class – of the 

host-plant species (interaction partners of bee species) found in representative transects 

in banksia woodland remnants and in the surrounding matrix land-use types, and directly 

measuring nectar and pollen amount per flower (Szigeti et al. 2016).  

In remnants, we established two parallel 50 m × 4 m belt transects across the study 

sites, spaced 20 m apart. Flower density surveys were carried out along these transects. It 

was not possible to survey all sites at the same time in a short phenological window of 

flowering (October 2016), therefore we used two approaches to assess floral resources in 

banksia woodland patches: direct measurement of flower density, and indirect 

photographic surveys.  

We directly measured flower density in the field by subdividing the transects in 

sections of 5 m × 4 m where the number of flowers per species in each section was directly 

counted or estimated according to the plant type and flower density, as follows: 1) plants 
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with single flowers growing at low to medium density were counted individually. For 

Asteraceae flowers, each capitulum was considered as one flower unit and counted 

individually. Similarly, for three species (Banksia attenuata, Banksia sessilis var. sessilis 

and Xanthorrhoea preissii) each inflorescence was considered as one flower unit and 

counted individually). In sections where plants were growing at high density, a flower 

count was performed in a 30 cm × 30 cm or 1 m × 1 m quadrat depending on the plant 

species, and the number of flowers was extrapolated to the total area covered by the 

species in that transect section. 2) bushes with abundant flowers had flowers counted in 

one representative inflorescence, which was then extrapolated according to the total 

number of inflorescences per plant. For large bushes, the number of flowers on one branch 

was counted, and the total number of flowers was estimated via extrapolation to the total 

number of branches per bush. In all cases, only fresh open flowers were counted (i.e., 

those likely to have available resources), and when plants were located on the boundaries 

of the transect only flowers located inside the transect were considered.  

The indirect photographic surveys involved surveying 50 m × 4 m belt transects 

delimited using measuring tapes, with two tapes at 2 m each side of a central measuring 

tape located at the middle of the transect. The measuring tapes were marked with flagging 

tape every 2 m to facilitate posterior analysis of images in the laboratory. The transects 

were walked while holding a camera (GoPro Hero4 Black, GoPro Inc., USA) mounted 

on a gimbal stabilizer (FeiyuTech WG 3-Axis Wearable Gimbal Stabilizer, Guilin Feiyu 

Technology Inc., China) attached to a 1 m length pole. The camera was set to take 

overhead photographs of the vegetation every three seconds, while recording a video at 

the same time. The surveyor held the pole steadily so that the camera was 2 m above the 

ground and about 1 m from their body. This height was ideal to fit half (2 m) of the 

transect width in the camera screen, while capturing high quality images to facilitate 

posterior image analysis. The survey was performed by walking slowly along one half of 

the transect (from 0 m to 50 m) and walking back to the start (from 50 m to 0 m) on the 

other half of the transect. When encountering a tall and/or wide bush that could be 

covering other smaller plants underneath it, the camera was lowered to take photographs 

and record a video around the bush. The photographs and videos were analysed in the 

laboratory by a trained botanist and the number of flowers per plant species was visually 

estimated by counting the number of flowers in 2 m × 5 m sub-sections using the same 

estimation technique as outlined above.  
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In the matrix, we established a 1-km radius buffer zone around the perimeter of 

each woodland fragment (Fig. 2.1, Chapter 2) where we estimated floral resource amount. 

This spatial scale was selected to reflect typical estimates of wild bee forage flight 

distances and landscape-scale species responses in similar studies (Gathmann & 

Tscharntke 2002; Greenleaf et al. 2007; Zurbuchen et al. 2010). We classified the land-

use types within the buffer zone using high resolution aerial imagery (10 cm per pixel; 

Nearmap™, Perth, Australia) and information from land surveys in the area. The 

classification was performed using a Geographic Information System (GIS) in QGIS 

3.2.2 ‘Bonn’ (QGIS Development Team 2018). For details of the methods used for land-

use classification see Chapter 2 – Methods. Since land cover in the matrix is dominated 

by three land-use classes – pine plantation, cleared land, and banksia woodlands – 

representing 96% of the total land cover in the study area, we estimated amount of floral 

resources only in these classes.  

We placed 30 m × 4 m belt transects starting at a random point and oriented in a 

north-south direction within the land-use types surrounding the study sites. For all matrix 

transects we directly measured flower density in the field using the method described 

above. In total, we surveyed 53 transects in banksia woodlands (28 direct surveys, 25 

indirect photographic surveys) and 22 transects in land-uses in the surrounding matrix (15 

in cleared areas and 7 in pine plantations). Banksia woodland in the matrix was the same 

land-use type as the selected patches with similar habitat quality, therefore no additional 

surveys were done in this land-use type in the matrix. 

 

4.3.5 Flower resource energy assessment  

 

4.3.5.1 Nectar collection 

Nectar was collected in the study area from 4-7 (median = 5.5) flowers per host-

plant species, totaling 189 nectar samples. Where possible, nectar was collected from 

flowers of different plants in separate sites and on separate dates, thus accounting for a 

degree of intraspecific and spatiotemporal variation in nectar properties (Carvalheiro et 

al. 2014; Baude et al. 2016). 

Because nectar secretion rate varies through the day (Corbet 2003), and because 

flower visitors can deplete available nectar, unopened flower buds were covered with an 

organza fabric mesh bag (0.5 mm × 0.5 mm mesh) for 24 hrs. The nectar accumulated in 
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each flower (nectar standing crop) was then collected the following day between 8:00 and 

12:00 h using one of three protocols adapted from Morrant et al. (2009). We did not 

collect nectar on rainy days as rain can dilute or change properties of nectar in flowers. 

For those species in which visible nectar could be obtained, nectar was sampled directly 

using microcapillary tubes (Drummond Scientific Co., USA), ranging from 0.5 to 10 μl 

capacity according to the size of the flower and amount of nectar produced (Corbet 2003). 

For each flower, we used as many microcapillary tubes as necessary to empty the flower. 

All microcapillaries from a single flower were placed in a labelled screw cap tube, which 

was immediately placed on ice to reduce any nectar evaporation and/or sugar alteration.  

If the sampled flower yielded no visible column of nectar in the smallest volume 

microcapillary tube, we rinsed the flower with 1 µl of distilled water using a micropipette, 

placing the water droplet as close as possible to the location of the nectaries. After one 

minute, the injected 1 µl was collected from the flower with a microcapillary tube. The 

microcapillary tube from each flower was then placed in a screw cap tube, recorded as 

the first rinsing (A), and immediately placed on ice. Because it can be difficult to extract 

all sugar in a single rinse (Hicks et al. 2016), a second rinse of each sampled flower was 

carried out as above, placing the resulting filled microcapillary tube in a second screw 

cap tube, and recording it as the second rinsing (B) before immediately placing it on ice.  

For certain flower types, such as exceptionally large or exceptionally small 

flowers, and all Asteraceae capitula, we used a third nectar collection protocol, in which 

flowers were washed in a standard volume of distilled water in a plastic tube (Morrant et 

al. 2009). The flower was held with a fine forceps by its stalk and repeatedly immersed 

in and out of the water for 1 min in order to release the nectar into the water. After that, 

the tube was immediately placed on ice. Care was taken to not immerse the cut stalk in 

the water, avoiding release of carbohydrates other than nectar sugars from stem exudates 

into the water. Nectar samples were kept in a portable cooler and taken to the laboratory 

where they were stored at -80 °C to preserve samples for posterior chemical analysis.  

 

4.3.5.2 Measurement of nectar volume in microcapillary tubes 

Immediately prior to chemical analysis, microcapillary tubes were thawed at room 

temperature and nectar volume in each microcapillary tube was measured using custom 

software (TubeMeasure, by Stephen Wallace, 2017, unpublished.). The set-up included a 

camera (Microsoft LifeCam Studio HD 1080p) connected to a laptop and mounted above 

a horizontally levelled clear acrylic plate, where the microcapillary tubes were placed to 

be photographed for posterior measurement. Underneath the clear acrylic plate, a yellow 
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background light provided contrast between the nectar column and empty sections or 

bubbles in the microcapillary tube, when they existed. Through the software interface, a 

picture of the microcapillary tube was taken, the extremities of the tube were selected 

using a mouse, and the software calculated the total length of the tube. The length of the 

nectar column in the microcapillary tube was selected on the image by clicking the 

extremities of the nectar column. When bubbles were present, they were excluded by 

clicking at the end of each section of the nectar column in the tube. The total volume of 

nectar per microcapillary tube was calculated by the software using the following 

formula: (total length of the nectar column / length of the microcapillary tube) × (total 

microcapillary tube volume).  

 

4.3.5.3 Nectar analysis 

To extract the nectar from the small-volume microcapillary tubes, we performed 

a series of ‘rinses’ using capillary action and centrifugation since the retrieval of nectar 

using a rubber bulb is difficult and time consuming. After measuring the nectar volume 

in the microcapillary tube, the tube was inserted in an Eppendorf vial with 20µL of 

deionized water and spun in a centrifuge at 13000 rpm for 30sec. The vial was then left 

standing for 60sec so that the microcapillary tube re-filled with the solution, and then it 

was spun again for 30sec. This process was repeated one more time to ensure proper 

rinsing of the microcapillary tube before the solution was transferred into insert tubes for 

High Pressure Liquid Chromatography (HPLC) analysis.  

Sugar content of the three dominant sugars fructose, glucose and sucrose 

(Nicolson & Thornburg 2007) of nectar samples was analysed by HPLC (600E pump, 

717plus auto injector, Waters Corporation, Milford, USA) with an Alltech Evaporative 

Light Scattering Detector (ELSD, Grace Materials Technologies, Deerfield, IL, USA) as 

adapted from Slimestad & Vågen (2006). Separation was achieved at 30 ± 0.5°C on a 

Prevail ES Carbohydrate column (250 mm × 4.6 mm i.d. with 5 µm packing, Grace 

Materials Technologies) using an isocratic mobile phase consisting of 20 % Milli-Q water 

and 80 % acetonitrile at 1 ml min-1. Samples in the auto injector were held at 10 °C and 

the ELSD drift tube was held at 80 °C and high purity N flow rate of 2.5l per minute used 

for nebulisation. Logarithmic calibration curves for each sugar were generated from peak 

area versus the mass of standard sugar injected, and a standard analysed every 10 samples 

to check for any instrument/detector drift. Data acquisition and processing were carried 

out with Empower™ 2 Chromatography Data Software (Waters Corporation, Milford, 

USA). Retention times of sugar standards were used to identify sugars in nectar samples. 
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Typical sample injections were 10 µl and runtime was 20 min per sample. For the methods 

that used microcapillary tubes (i.e., sampling nectar directly using microcapillary tubes 

or rinsing and retrieving the nectar solution with microcapillary tubes), sugar mass of 

fructose, glucose and sucrose per flower were calculated for each soluble sugar as the 

product of (sugar concentration × dilution factor) × (total nectar volume). Where multiple 

rinses were used (rinses A and B), the sugar mass estimates of both rinses were combined 

to give a single value per flower. For the wash method, samples were first freeze-dried 

and redissolved in a standard volume of deionized water to allow calculation of sugar 

mass per flower. Samples were vortexed for 30 sec and centrifuged for 5 min at 10000 

rpm before being filtered (to remove any pollen or debris present in the sample) and 

transferred into insert tubes for HPLC analysis. Sugar mass per flower for each soluble 

sugar was calculated as the product of (sugar concentration × deionized water standard 

volume). 

Species of the genus Hibbertia (Dilleniaceae) (Keighery 1975; Tucker & 

Bernhardt 2000), Petrophile (Proteaceae) (Bernhardt et al. 2019), Tricoryne 

(Hemerocallidaceae) (Keighery 1984), and Stirlingia (Proteaceae) (Reid & Fuss 2005) 

are known for being nectarless, therefore only pollen amount was recorded for these 

genera.  

 

4.3.5.4 Pollen collection 

For each plant species sampled, we estimated pollen rewards per flower from at 

least three flowers (3-585, median = 10) from different plants per species. Flowers were 

collected as buds that were about to open, stored individually in vials and dried in an oven 

at 35 °C for 48 h, before being stored longer term in labelled screw cap vials in a dark 

and cool cupboard until pollen removal for analysis. Before pollen removal, flowers were 

placed back in the oven at 35 °C for at least 5 hours to eliminate any humidity absorbed 

during storage. For each species, we used a 1.5 ml Eppendorf vial to store the pollen 

during the process, which was weighed on a four decimal digits electronic analytical 

balance with a draft shield (Mettler Toledo AG245, repeatability = 0.1 mg/0.02 mg) to 

record its initial weight. We removed the pollen from anthers under a stereomicroscope, 

separating anther tissues using a small sieve (Ø8 mm, 30 mm aluminium tube, 90 µm 

mesh) attached to the opening of the Eppendorf vial. We used a combination of fine 

brushes and a customised air blow device to direct and force the pollen through the sieve 

into the vial. The process was repeated until all pollen was removed from anthers. Pollen 
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in the vial was examined to ensure purity, and on the rare occasions that debris was 

present it was removed with fine forceps. After removing pollen from the flower, the 

Eppendorf vial was weighed again and the difference from the initial weight (i.e. the 

pollen weight per flower) was recorded. For species with small flowers, we sampled as 

many flowers as necessary to achieve a weighable amount of pollen and divided the 

weight obtained by the total number of flowers used. In all cases, we averaged the amount 

of pollen per flower by dividing the total amount of pollen removed by the total number 

of flowers sampled per species.  

 

4.3.5.5 Pollen energy content analysis 

We assessed pollen energy content based on a method adapted from Petanidou & 

Vokou (1990) who have demonstrated a small variability in pollen energy content (5.69 

± 0.05 cal/mg, mean ± SE) across 32 Mediterranean species. The goal was to determine 

an average pollen energy content for local plant species in our study area. Since the pollen 

removal process is laborious, we selected seven species which produced a higher amount 

of pollen per flower and represented phylogenetically distant species. Six out of the seven 

species selected for this analysis were found in the study area, while the other one, 

Hibbertia scandens, is a native species from eastern Australia that is widely cultivated. 

Flowers were collected from a garden located at the University of Western Australia 

campus (Crawley, WA). For these species, after removal of enough pollen for analysis 

(≈10 mg), the pollen samples were placed in the oven for at least 12hs to remove any 

moisture absorbed during the pollen removal process. After that, they were stored in a -

80 °C freezer until analysis. Before analysis, pollen samples were dried in an oven at 35 

°C for 48 hours and compressed into tablets using a tablet press. Each tablet weighed 

from 7.0 to 18.0 mg. To determine pollen calorific content, we used a bomb calorimeter 

(IKA C1 Compact Calorimeter, IKA®-Werke GmbH & CO. KG, Staufen, Germany), 

which has a high measuring sensitivity (temperature measure resolution = 0.0001 K) and 

can detect low quantities of energy. The instrument was calibrated using benzoic acid 

tablets (IKA C723 Benzoic Acid Id.-No. 3243000) and checked using standard pollen 

pellets every 10 measurements. The standard pollen tablets were made of commercial 

pine pollen (Pinus massoniana Lamb pollen powder, Superb Herbs, Eagle Vale, NSW, 

Australia) prepared in the same manner as the pollen samples. We used 10 drops of 

paraffin oil (IKA Werke Paraffin Oil C17, Gross Cal Value 46322 J/g, RSD 0.056%) per 
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tablet as a combustion aid. Sample runs per species depended on availability of pollen 

material, ranging from 2 to 9 samples per species.  

 

 

4.3.5.6 Estimation of nectar and pollen energy per flower 

Calculations of nectar energy per flower were performed according to the sugar 

mass per flower. For each of the three dominant sugars (glucose, fructose and sucrose) 

(Nicholson & Thornburg 2007), values per flower were estimated using the mass of each 

sugar per flower multiplied by the energy content of each sugar (cal/mg). Energy content 

of each sugar was calculated by dividing the heat of combustion (ΔHc°) of the sugar by 

its molecular weight (sourced from Zwolinski & Wilhoit (1972); Table 4.1). The energy 

content of each sugar per flower was summed, giving a total energy per flower. The mean 

nectar energy per flower (produced over a 24h period) per species was then calculated.  

 

Table 4.1. Energy content (cal/mg) of nectar sugars (glucose, fructose and sucrose) 

obtained by dividing the heat of combustion (ΔHc°) by the molecular weight of the sugar. 

Energy content values were sourced from Zwolinski & Wilhoit (1972), p. 334.  

Sugar  Heat of Combustion (ΔHc°)      Molecular weight Energy (cal/mg) 

Glucose   671.13 180.159 3.72 

Fructose   671.3 180.159 3.73 

Sucrose                    1349.1 342.303 3.94 

 

Calculations of pollen energy per flower were performed according to the average 

pollen amount per flower (mg) per species. The average pollen weight per species was 

multiplied by the average pollen calorific content across all species analysed (4.11 ± 0.15 

cal/mg, mean ± SE, Table 4.2).  

For the species that had no nectar sampled recorded, we estimated missing sugar 

mass values using data recorded for closely related species (from the same genus or 

family) in our dataset (including two other common species found in the study area, 

Rhodanthe citrina and Dampiera linearis), or data from the literature (Table 4.4). The 

same approach was used for missing pollen mass values (Table 4.5). 
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Table 4.2 Energy content (cal/mg) of pollen samples from seven species (six species 

found in the study area, including the introduced Gladiolus caryophyllaceus, and the 

cultivated Hibbertia scaddens). Because it was not possible to measure every plant 

species, the average energy content across all samples (4.11 ± 0.15 cal/mg, mean ± SE) 

was defined as the nominal average amount of pollen energy content for all host-plant 

species occurring in the study area. 

Family Species  Tablet weight (mg)  cal/mg 

Haemodoraceae Conostylis aculeata 7.7 2.99 

Haemodoraceae Conostylis aculeata 7.0  3.70 

Haemodoraceae Conostylis aculeata 8.6 4.94 

Iridaceae Gladiolus caryophyllaceus 12.4 3.63 

Iridaceae Gladiolus caryophyllaceus 12.9 3.87 

Iridaceae Gladiolus caryophyllaceus 13.5 4.38 

Iridaceae Gladiolus caryophyllaceus 12.0 4.41 

Iridaceae Gladiolus caryophyllaceus 18.0 4.58 

Iridaceae Gladiolus caryophyllaceus 14.4 4.60 

Iridaceae Gladiolus caryophyllaceus 12.7 4.88 

Iridaceae Gladiolus caryophyllaceus 15.3 5.28 

Iridaceae Gladiolus caryophyllaceus 16.5 5.43 

Dilleniaceae Hibbertia scaddens 7.6 2.39 

Dilleniaceae Hibbertia scaddens 6.6 3.95 

Fabaceae Jacksonia furcellata 11.3 3.78 

Fabaceae Jacksonia furcellata 11.4 4.12 

Fabaceae Jacksonia furcellata 12.1 4.86 

Loranthaceae Nuytsia floribunda 7.0 3.02 

Loranthaceae Nuytsia floribunda 10.6 3.93 

Loranthaceae Nuytsia floribunda 10.0 4.35 

Iridaceae Patersonia occidentalis 8.5 3.99 

Iridaceae Patersonia occidentalis 13.8 4.08 

Iridaceae Patersonia occidentalis 10.0 5.20 

Proteaceae Petrophile linearis 9.2 3.22 

Proteaceae Petrophile linearis 7.7 3.45 

Proteaceae Petrophile linearis 10.8 3.94 

 

 

4.3.6 Statistical analyses 

 

4.3.6.1 Interaction networks  

All data analyses were performed in R version 3.6.0 (R Core Team 2019). We 

created interaction matrices with pollinator observations using bee species in rows and 
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plant species in columns and used these matrices to construct a quantitative bipartite 

plant-pollinator interaction network for each site (see Chapter 3, Fig 3.1) using the 

bipartite package (Dormann et al. 2019). We also built a metaweb matrix including all 

observed interactions between bees and plants across all sites (Fig. S3.1). The metaweb 

provides information on the regional species pool and interactions of co-occurring 

species, representing a more complete source of information on host-plant resources for 

bee species.  

 

4.3.6.2 Scaling-up energy from individual flowers to landscape scales 

The mean nectar and pollen energy per flower per species was multiplied by the 

total number of flowers per species per unit area (flower density / m2) in each land-use 

type, and extrapolated to the weighted total area of each land-use type in the landscape. 

For all Asteraceae species, energy was assessed per capitulum, while for Banksia 

attenuata, Banksia sessilis var. sessilis and Xanthorrhoea preissii, energy was reported 

per inflorescence using the average number of open flowers per inflorescence. For 13 

host-plant species recorded in the plant-pollinator networks but not recorded in the 

representative transects surveyed (due to rarity or clumped distribution of certain species), 

we assigned a nominal flower density value of half the smallest recorded value of any 

other plant species in each of the different land-uses. This approach recognises that the 

plant species does occur in the region, but at a very low occurrence probability in all land-

use classes.  

We used the known host-plant preferences within the metaweb to estimate the 

availability of host-plant energy for each bee species in patch and surrounding land-uses 

(i.e. excluding host-plant species that each bee species was not known to visit), by 

calculating the total amount of floral energy per unit area in each land-use (flower density 

per unit area multiplied by the total energy of nectar and pollen per flower). Lastly, we 

multiplied the total amount of host-plant floral energy per unit area by the area of each 

patch, and by the area of matrix land-uses in the 1-km radius buffer zone, in order to 

generate the amount of floral resource energy of host-plants available for each bee 

species. 
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4.3.6.3 Testing for differential responses of bees varying in body size to surrounding 

landscape host-plant energy availability 

We used generalised linear mixed effects models (GLMMs) to test the effects of 

surrounding landscape host-plant energy availability on the local (within-patch) 

abundance (i.e. total number of individuals per species) for bee species varying in body 

size. Since the dataset included many zeros (therefore, zero-inflation could be present), 

we followed the approach of Brooks et al. (2017) and fit a set of models with different 

error structures (Poisson, negative binomial, and Conway-Maxwell Poisson), with and 

without zero-inflation, in the package glmmTMB (Magnusson et al. 2019). We selected 

the best error structure for the model by comparing models using Akaike information 

criteria (AIC) using the ‘aictab’ in the package AICcmodavg (Mazerolle 2019). Of the 

models considered, the negative binomial model without zero-inflation was the most 

parsimonious. 

 All predictors were centred (to have a mean of zero) and scaled to two standard 

deviations using the package arm (Gelman 2018) in order to improve the interpretation 

of model estimates and avoid model convergence issues due to differences in predictor 

scales (Gelman 2008). We specified body mass and its interaction with patch-level floral 

resource energy and with surrounding landscape-level floral resource energy as fixed 

predictor effects in the model. Since patch area could drive increases in bee abundance 

for many reasons other than floral resource availability, we accounted for potential 

confounding effects of varying habitat area between sites by including patch area as a 

fixed continuous covariate. We also included sampling effort (log-transformed number 

of sampling hours) as a model offset to account for variation in survey effort per site. 

Species was specified as a random intercept to account for idiosyncratic variation in 

average abundance of bee species and non-independence of multiple abundance records 

for each bee species. Prior to model fitting we checked for degree of collinearity among 

predictor variables by calculating the Variance Inflation Factor (VIF) for all fixed 

predictors, retaining the ones with a VIF value below 3.0 (Zuur et al. 2010).  

We performed model selection using a multi-model inference approach to 

determine the minimum adequate model(s) (Burnham & Anderson 2002; Grueber et al. 

2011). We started with a full model containing all predictors, which was then gradually 

simplified by removing non-influential interactions and main effects. We compared sub-

models consisting of all possible combinations of predictors using Akaike Information 

Criterion corrected for small sample sizes (AICc) using ‘aictab’ in AICcmodavg. Models 
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within two AICc units (delta AICc < 2) of the highest ranked model (i.e. the model with 

the lowest AICc value) were considered to have equivalent explanatory power (Burnham 

& Anderson 2002) and were identified as the candidate top model set. Within the top 

model set, the most parsimonious model (i.e. the model with the fewest fitted parameters) 

was considered to be the ‘best model’. Subsequently, we used the package performance 

(Lüdecke et al. 2020) to calculate the coefficients of determination – marginal R2 (R2 

GLMM m) for fixed effects only and conditional R2 (R2 
GLMM c) for both fixed and random 

effects – in order to provide an approximate measure of variance explained by the best 

model (Nakagawa & Schielzeth 2013; Nakagawa et al. 2017). 

 

4.4 RESULTS 

 

4.4.1 Plant-pollinator networks  

As detailed in Chapter 3, we recorded 776 plant-pollinator interaction events 

involving 159 links (pairwise interactions) between 53 bee species and 56 plant species 

(Fig S3.1) across the 23 woodland remnants. Each network included, on average, 

interactions among 6.8 (± 0.8 SE) bee species and 6.4 (± 0.5 SE) plant species. 

Apis mellifera was the bee species with the highest number of interactions (563), 

accounting for 72.6% of the total interactions (Table S3.1). The other most frequent bee 

species (interaction frequency >10 events) were Amegilla chlorocyanea, Glossurocolletes 

bilobatus, Lasioglossum bicolor, Lasioglossum castor, and Megachile sp.2, together 

representing 10.4% of the total interactions observed (Table 3.1). Apis mellifera, Am. 

chlorocyanea, and L. bicolor were also the species with the highest degree (i.e., highest 

number of interspecific links), with 43, 9, and 8 partners, respectively (Fig. S3.1, Table 

S3.1). We recorded a high number of rare bee species (singletons and doubletons 

belonging to 38 species) in our networks, together representing 4.9% of the total 

interactions observed. 

Calothamnus quadrifidus was the plant species with the highest number of 

interactions (112), representing 14.4% of the total observations, followed by 

Gompholobium aristatum (78), Regelia inops (70), and Gompholobium tomentosum (61), 

corresponding to 10.1%, 9.0%, and 7.9% of the total number of interactions, respectively 

(Table S3.2). The plant species with the highest number of interspecific links were G. 
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aristatum, G. tomentosum and Lechenaultia floribunda, with 17, 13 and 11 partners, 

respectively (Fig. S3.1, Table S3.2). Rare host-plant partners (singletons and doubletons, 

33 species) accounted for 4.3% of the total interactions. 

 

4.4.2 Bee body mass  

For the 53 bee species, we measured a total of 435 specimens (287 females and 

148 males) to estimate body mass (as dry mass, mg). Body mass ranged from 0.45 ± 0.03 

mg (mean ± SE) for Pachyprosopis sp.1 (Colletidae) to 79.80 ± 5.36 mg (mean ± SE) for 

Megachile semiluctuosa (Megachilidae), with an average body mass across all species of 

18.33 ± 0.92 mg (mean ± SE) (Table 4.3). 

 

Table 4.3 Estimates of body mass as dry weight (mean ± SE, mg) for 53 bee species based 

on allometric scaling using a model with bee body length as co-varying morphological 

trait (see details in Methods). ‘N’ is total number of measured specimens (females and 

males). 

Family/Species  Abbreviation N 

Body mass  

(mean ± SE, mg)  

Apidae    

Amegilla chlorocyanea (Cockerell, 1914) Amegilla.chl 13 47.99 ± 3.08 

Apis mellifera Linnaeus, 1758 Apis.mel 10 43.03 ± 3.51 

Exoneura robusta (Cockerell, 1922) Exoneura.rob 10   1.07 ± 1.30 

Exoneurella setosa (Houston, 1976) Exoneurella.set 6   4.11 ± 0.27 

    

Colletidae    

Callomelitta antipodes (Smith, 1853) Callomelitta.ant 8   4.27 ± 0.18 

Euhesma sp.1 Euhesma.s1 5   2.35 ± 0.44 

Euhesma sp.2 Euhesma.s2 11   1.54 ± 0.11 

Euhesma sp.3 Euhesma.s3 1   2.97 

Euryglossina sp.1 Euryglossina.s1 1   0.61 

Glossurocolletes bilobatus (Michener, 

1965) Glossurocolletes.bil 13   6.43 ± 0.30 

Hesperocolletes douglasi Michener, 1965 Hesperocolletes.dou 2 21.19 ± 1.10 

Hylaeus alcyoneus (Erichson, 1842) Hylaeus.alc 12 14.92 ± 1.51 

Hylaeus musgravei Cockerell, 1929 Hylaeus.mus 4 18.79 ± 3.58 

Hylaeus sp.1 Hylaeus.s1 10   3.48 ± 0.41 

Hylaeus sp.2 Hylaeus.s2 13   2.16 ± 0.15 

Hylaeus sp.3 Hylaeus.s3 6   3.56 ± 0.24 

Hylaeus sp.4 Hylaeus.s4 5   0.60 ± 0.05 

Hylaeus sp.5 Hylaeus.s5 10   2.88 ± 0.11 

Leioproctus rhodurus Michener, 1965 Leioproctus.rho 1 11.29 

Leioproctus sp.1 Leioproctus.s1 13 17.46 ± 1.24 
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Leioproctus sp.2 Leioproctus.s2 1 12.11 

Leioproctus sp.3 Leioproctus.s3 2   5.08 ± 1.63 

Leioproctus sp.4 Leioproctus.s4 8   7.69 ± 0.21 

Leioproctus sp.5 Leioproctus.s5 13   8.51 ± 0.45 

Leioproctus sp.6 Leioproctus.s6 1   5.76 

Pachyprosopis sp.1 Pachyprosopis.s1 10   0.44 ± 0.02 

Phenacolletes mimus Cockerell, 1905 Phenacolletes.mim 1 23.44 

    

Halictidae    

Lasioglossum bicolor Walker, 1995 Lasioglossum.bic 15   2.72 ± 0.11 

Lasioglossum castor Walker, 1995 Lasioglossum.cas 16   3.62 ± 0.39 

Lasioglossum hemichalceum (Cockerell, 

1923) Lasioglossum.hem 15   1.79 ± 0.16 

Lipotriches flavoviridis (Cockerell, 1905) Lipotriches.fla 13   6.99 ± 0.26 

Lipotriches sp.1 Lipotriches.s1 13 12.06 ± 0.74 

    

Megachilidae    

Megachile canifrons Smith, 1853 Megachile.can 13 34.10 ± 4.07 

Megachile cf. rhodura Cockerell, 1906 Megachile.rho 10 39.94 ± 3.39 

Megachile chrysopyga Smith, 1853 Megachile.chr 15 43.31 ± 4.23 

Megachile resinifera Meade-Waldo, 1915 Megachile.res 6 68.95 ± 9.22 

Megachile semiluctuosa Smith, 1853 Megachile.sem 2 79.79 ± 5.36 

Megachile sp.1 Megachile.s1 10 41.24 ± 5.67 

Megachile sp.2 Megachile.s2 10 15.53 ± 0.78 

Megachile sp.3 Megachile.s3 6 51.48 ± 7.72 

Megachile sp.4 Megachile.s4 5 55.46 ± 12.66 

Megachile sp.5 Megachile.s5 1 24.94 

Megachile sp.6 Megachile.s6 1 19.06 

Megachile sp.7 Megachile.s7 7 12.53 ± 1.78 

Megachile sp.8 Megachile.s8 10   8.50 ± 0.61 

Megachile sp.9 Megachile.s9 14   8.23 ± 0.89 

Megachile sp.10 Megachile.s10 10 18.06 ± 0.91 

Megachile sp.11 Megachile.s11 10 22.68 ± 1.51 

Megachile sp.12 Megachile.s12 10 35.62 ± 2.97 

Megachile sp.13 Megachile.s13 6 42.18 ± 2.43 

Megachile sp.14 Megachile.s14 8 26.79 ± 2.71 

Megachile sp.15 Megachile.s15 10 40.04 ± 4.62 

Megachile sp.16 Megachile.s16 9 21.90 ± 3.50 

 

4.4.3 Landscape flower density assessment  

Across all land-uses, we found a general pattern of flower counts being dominated 

by high values of a small number of species, with a long distribution tail of species with 

very low counts (less than 0.05 flowers/m2) (Fig. 4.1). Among the three land-uses, the 

native banksia woodland had a higher total number of host-plant species (richness = 56) 

and higher flower density per species per unit area (mean flower density/m2 = 0.39) 
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compared to cleared area (richness = 30, mean flower density/m2 = 0.36) and pine 

plantation (richness = 18, mean flower density/m2 = 0.09). The host-plant species with 

the highest flower density across all transects in all land-uses was Podotheca 

gnaphalioides (Asteraceae), which was the most common species found in banksia 

woodlands and in pine plantations, and the second most common species recorded in 

cleared areas (Fig 4.1). The other two native species with the highest number of flowers 

per unit area in banksia woodlands were Eremaea pauciflora var. pauciflora (Myrtaceae) 

and Hibbertia hypercoides (Dilleniaceae). While most host-plant species found in banksia 

woodlands were native (only 7.1% of the total number of species were non-native), 13.3% 

and 16.7% of the species recorded in cleared areas and pine plantations, respectively, 

were non-native. The non-native species Ornithopus pinnatus (Fabaceae) and Gladiolus 

caryophyllaceus (Iridaceae) were particularly common in cleared areas. In pine 

plantations, except for the native P. gnaphalioides, almost all flowers recorded belonged 

to the non-native species Hypochaeris glabra (Asteraceae), G. caryophyllaceus and O. 

pinnatus.  

 

Fig. 4.1 Flower density per unit area (# flowers / m2) of the most abundant host-plant species 

found in the land-uses in the study area – banksia woodland (green), cleared area (orange) and 

pine plantation (purple). Species with flower density values lower than 0.01 flowers /m2 are not 

presented in the plot.  
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4.4.4 Flower energy assessment  

Nectar (fructose, glucose and sucrose sugar mass and energy content; Table 4.4) 

and pollen (pollen mass and energy content; Table 4.5) resources estimates per flower 

varied widely across the 56 host-plant species surveyed. We found that there was a strong 

correlation between the pollen energy and nectar energy per flower (Fig. 4.2) (Pearson, r 

= 0.79, p <0.0001). The highest total energy per flower unit (nectar energy plus pollen 

energy) was reported for inflorescences of Xanthorrhoea preissii, which showed a 

striking total average energy amount per inflorescence of 11,296 cal/inflorescence, 

followed by Banksia attenuata, with 314 cal/inflorescence and Banksia sessilis var. 

sessilis with 230 cal/inflorescence (Table 4.4, Table 4.5). When considering only single 

flowers or capitula, the top three species with the highest total energy per 

flower/capitulum were Carpobrotus edulis (68.66 cal/flower), Gladiolus caryophyllaceus 

(20.35 cal/flower) and Podotheca gnaphalioides (17.53 cal/flower) (Table 4.4, Table 4.5).  

 

 

Fig. 4.2 Relative contribution of pollen energy vs. nectar energy to total energy per flower per 

host-species (cal / flower). Plot excludes two species where energy was reported only per 

inflorescence: Banksia attenuata (314 cal/inflorescence) and Banksia sessilis var. sessilis (230 

cal/inflorescence) (Tables 4.4 and 4.5).
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Table 4.4. Nectar resources by plant species. Nectar sugar mass for the three main sugars – fructose, glucose and sucrose – (µg/flower, mean ± SE) and 

their energy content for host-plant species and two other common plant species (#6, #25) occurring in the study area. Sugar mass values are µg/flower/day. 

Nectar energy per flower is the sum of energy content of all sugars per flower (see Table 4.1 for energy content of sugars). Species for which we did not 

estimate resources we either assigned the values of the nearest species (same genus or family) in our dataset, or data from the literature (see Data Source 

column on the far right). Sample sizes (N) for estimation of nectar resource are given. Species denoted with an ‘*’ are non-native. 

 

Code Species Family N Fructose mass 

(µg/flower, mean ± 

SE) 

Glucose mass 

(µg/flower, mean ± 

SE) 

Sucrose mass 

(µg/flower, mean ± 

SE) 

Energy 

(kcal/flower) 

Data 

Source 

(Code/Ref.) 

#1 Carpobrotus edulis (L.) N.E.Br. * Aizoaceae 6 2165.573  ±  355.132 517.020  ±  116.609 2943.003  ±  556.353 0.02160   

#2 Hyalosperma cotula (Benth.) Paul 

G.Wilson 

Asteraceae 
 

   0.00003 #6 

#3 Hypochaeris glabra L.* Asteraceae 6 13.975  ±  5.553 10.403  ±  4.139 15.451  ±  4.637 0.00015   

#4 Podotheca chrysantha (Steetz) 

Benth. 

Asteraceae 6 160.095  ±  28.347 114.545  ±  22.025 41.203  ±  5.828 0.00119   

#5 Podotheca gnaphalioides Graham Asteraceae 6 554.113  ±  83.889 449.715  ±  64.416 158.241  ±  30.798 0.00436   

#6 Rhodanthe citrina (Benth.) Paul 

G.Wilson 

Asteraceae 7 3.804  ±  0.925 2.471  ±  0.879 2.878  ±  0.587 0.00003 
 

#7 Waitzia suaveolens (Benth.) Druce 

var. suaveolens 

Asteraceae 6 66.826  ±  36.500 34.140  ±  17.334 30.791  ±  7.305 0.00050   

#8 Lobelia tenuior R.Br. Campanulaceae 
 

   0.00123 #9 

#9 Wahlenbergia capensis (L.) A.DC. * Campanulaceae 6 164.023  ±  74.347 155.038  ±  69.609 10.865  ±  5.004 0.00123   

#10 Burchardia congesta Lindl. Colchicaceae 5 18.808  ±  4.868 19.820  ±  5.386 15.264  ±  6.060 0.00020   

#11 Dasypogon bromeliifolius R.Br. Dasypogonaceae 5 142.620  ±  85.191 132.212  ±  77.183 210.584  ±  130.837 0.00185   

#12 Hibbertia hypericoides (DC.) Benth. Dilleniaceae 
 

NA NA NA NA   

#13 Hibbertia racemosa (Endl.) Gilg Dilleniaceae 
 

NA NA NA NA   

#14 Hibbertia subvaginata (Steud.) 

F.Muell. 

Dilleniaceae 
 

NA NA NA NA   

#15 Leucopogon polymorphus Sond. Ericaceae 
 

      0.00500 Ψ 
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#16 Bossiaea eriocarpa Benth. Fabaceae 
 

   0.00139 #23 

#17 Daviesia divaricata Benth. Fabaceae 5 59.004  ±  11.023 63.044  ±  11.202 124.754  ±  19.827 0.00095   

#18 Gompholobium aristatum Benth. Fabaceae 7 135.474  ±  41.695 118.932  ±  37.756 320.067  ±  85.291 0.00221   

#19 Gompholobium tomentosum Labill. Fabaceae 5 121.208  ±  34.973 113.866  ±  32.574 131.034  ±  27.810 0.00139   

#20 Jacksonia floribunda Endl. Fabaceae 
 

   0.00188 #21 

#21 Jacksonia furcellata (Bonpl.) DC. Fabaceae 4 104.235  ±  48.106 89.815  ±  41.960 293.237  ±  129.374 0.00188   

#22 Jacksonia sternbergiana Huegel Fabaceae 6 21.508  ±  3.507 20.053  ±  3.36 26.721  ±  11.013 0.00026   

#23 Lotus subbiflorus Lag. * Fabaceae 6 3.623  ±  0.888 1.745  ±  0.745 1.711  ±  0.996 0.00003   

#24 Ornithopus pinnatus (Mill.) Druce * Fabaceae 6 9.838  ±  3.088 5.756  ±  1.962 4.366  ±  0.817 0.00008   

#25 Dampiera linearis R.Br. Goodeniaceae 7 15.869  ±  7.425 15.786  ±  7.246 2.504  ±  1.23 0.00013 
 

#26 Lechenaultia floribunda Benth. Goodeniaceae 5 24.907  ±  5.711 24.157  ±  5.621 1.837  ±  0.621 0.00020   

#27 Lechenaultia linarioides DC. Goodeniaceae 
 

   0.00020 #26 

#28 Scaevola paludosa R.Br. Goodeniaceae     0.00013 #25 

#29 Scaevola repens de Vriese var. 

repens 

Goodeniaceae     0.00013 #25 

#30 Anigozanthos humilis Lindl. Haemodoraceae 5 707.888  ±  175.743 762.462  ±  189.893 0.576  ±  0.576 0.00548   

#31 Conostylis aculeata subsp. cygnorum 

Hopper 

Haemodoraceae 5 146.754  ±  30.435 158.272  ±  34.563 4.182  ±  1.699 0.00115   

#32 Tricoryne elatior R.Br. Hemerocallidaceae NA NA NA NA 
 

#33 Gladiolus caryophyllaceus (Burm.f.) 

Poir. * 

Iridaceae 5 78.802  ±  59.415 157.392  ±  74.981 1604.934  ±  375.782 0.00720   

#34 Patersonia occidentalis R.Br. Iridaceae 6 176.636  ±  29.66 119.450  ±  22.777 117.328  ±  11.455 0.00157   

#35 Hemiandra pungens R.Br. Lamiaceae 5 12.234  ±  2.589 13.012  ±  2.670 77.83  ±  20.149 0.00040   

#36 Cassytha racemosa Nees Lauraceae 5 7.663  ±  0.685 3.464  ±  0.404 11.775  ±  2.841 0.00009   

#37 Nuytsia floribunda (Labill.) G.Don Loranthaceae 6 271.256  ±  72.859 211.598  ±  60.933 177.203  ±  36.541 0.00250   

#38 Calothamnus quadrifidus R.Br. Myrtaceae 5 139.756  ±  41.540 13.958  ±  5.613 891.158  ±  210.804 0.00408   

#39 Calytrix angulata Lindl. Myrtaceae 
 

NA NA NA NA   

#40 Eremaea pauciflora (Endl.) Druce 

var. pauciflora 

Myrtaceae 5 1.756  ±  0.696 0.437  ±  0.437 10.584  ±  2.710 0.00005   
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#41 Melaleuca preissiana Schauer Myrtaceae     0.00032 #43 

#42 Melaleuca seriata Lindl. Myrtaceae     0.00032 #43 

#43 Melaleuca systena Craven Myrtaceae 6 46.703  ±  9.354 34.556  ±  8.929 4.826  ±  1.577 0.00032   

#44 Regelia inops (Schauer) Schauer Myrtaceae 6 72.033  ±  6.864 32.578  ±  2.813 27.696  ±  7.294 0.00050   

#45 Adenanthos cygnorum Diels subsp. 

cygnorum 

Proteaceae 5 916.346  ±  401.954 895.834  ±  381.539 1561.998  ±  389.361 0.01290   

#46 Banksia attenuata R.Br. Proteaceae 128       0.28700 Ω 

#47 Banksia sessilis (Knight) A.R.Mast 

& K.R.Thiele var. sessilis  

Proteaceae 128       0.28700 Ω 

#48 Petrophile linearis R.Br. Proteaceae 
 

NA NA NA NA   

#49 Stirlingia latifolia (R.Br.) Steud. Proteaceae 
 

NA NA NA NA   

#50 Philotheca spicata (A.Rich.) Paul 

G.Wilson 

Rutaceae 5 69.271  ±  19.518 61.887  ±  18.494 1.875  ±  1.156 0.00038   

#51 Stylidium neurophyllum Wege Stylidiaceae     0.00052 #56 

#52 Stylidium araeophyllum Wege Stylidiaceae     0.00052 #56 

#53 Stylidium brunonianum Benth. Stylidiaceae     0.00052 #56 

#54 Stylidium hesperium Wege Stylidiaceae     0.00052 #56 

#55 Stylidium repens R. Br. Stylidiaceae     0.00052 #56 

#56 Stylidium rigidulum Sond. Stylidiaceae 6 66.440  ±  7.505 65.370  ±  8.035 7.576  ±  1.473 0.00052   

#57 Stylidium spiciforme Wege? Stylidiaceae     0.00052 #56 

#58 Xanthorrhoea preissii Endl. Xanthorrhoeaceae 5 203.310  ±  60.494 191.628  ±  61.290 63.584  ±  28.430 8.06731   

 

Ψ  Paton & Ford (1977): Average nectar standing crop (sucrose energy) per flower (5 cal/flower) for Brachyloma ericoides (Ericaceae). 

Ω  Law (1992): Average nectar standing crop (sucrose energy) of 128 inflorescences of Banksia integrifolia (Proteaceae): 1.2 ±0.1 kJ/inflorescence (287 cal) 

Nectarless species (see Methods) are marked ‘NA’.  

For some species, energy was assessed by capitulum (all Asteraceae) or average number of open flowers per inflorescence (species #46 and #47). 

For species #58, nectar sugar mass values are per flower, while energy is reported by the average number of open flowers per inflorescence (4685.6 flowers). 
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Table 4.5. Pollen resources by plant species. Pollen mass per flower (mg/flower, mean ± SE) and their energy content for host-plant species occurring in 

the study area. Pollen mass is total pollen mass available per flower. Pollen energy content per flower is based on the average energy content across all 

samples for seven species (see Table 4.2). Species for which we did not estimate resources we either assigned the values of the nearest species (same 

genus or family) in our dataset, or data from the literature (see Data Source column on the far right. Sample sizes (N) for estimation of pollen resource 

are given. Species denoted with an ‘*’ are  non-native. 

 

Code Species Family N Pollen mass  

(mg/flower, mean ± SE) 

Energy 

(kcal/flower) 

Data source 

(Code/Ref.) 

#1 Carpobrotus edulis (L.) N.E.Br. * Aizoaceae 5 11.440  ±  2.614 0.04706   

#2 Hyalosperma cotula (Benth.) Paul G.Wilson Asteraceae 9 0.055  ±  0.011 0.00023   

#3 Hypochaeris glabra L.* Asteraceae 5 0.060  ±  0.015 0.00025   

#4 Podotheca chrysantha (Steetz) Benth. Asteraceae   0.01316 #5 

#5 Podotheca gnaphalioides Graham Asteraceae 5 3.200  ±  0.342 0.01316   

#6 Waitzia suaveolens (Benth.) Druce var. suaveolens Asteraceae   0.00023 #2 

#7 Lobelia tenuior R.Br.  Campanulaceae 10 0.150  ±  0.046 0.00062   

#8 Wahlenbergia capensis (L.) A.DC.* Campanulaceae 6 1.033  ±  0.158 0.00425   

#9 Burchardia congesta Lindl. Colchicaceae 10 0.420  ±  0.071 0.00173   

#10 Dasypogon bromeliifolius R.Br. Dasypogonaceae 10 0.190  ±  0.038 0.00078   

#11 Hibbertia hypercoides (DC.) Benth. Dilleniaceae 22 0.077  ±  0.017 0.00032   

#12 Hibbertia racemosa (Endl.) Gilg Dilleniaceae   0.00032 #11 

#13 Hibbertia subvaginata (Steud.) F.Muell. Dilleniaceae   0.00032 #11 

#14 Leucopogon polymorphus Sond. Ericaceae 11 0.045  ±  0.017 0.00019   

#15 Bossiaea eriocarpa Benth. Fabaceae   0.00023 #18 

#16 Daviesia divaricata Benth. Fabaceae 5 0.040  ±  0.018 0.00016   

#17 Gompholobium aristatum Benth. Fabaceae 12 0.133  ±  0.064 0.00055   

#18 Gompholobium tomentosum Labill. Fabaceae 9 0.055  ±  0.019 0.00023   
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#19 Jacksonia floribunda Endl. Fabaceae   0.00121 #20 

#20 Jacksonia furcellata (Bonpl.) DC. Fabaceae 148 0.295  ±  0.043 0.00121   

#21 Jacksonia sternbergiana Huegel Fabaceae   0.00121 #20 

#22 Lotus subbiflorus Lag. * Fabaceae   0.00007 #23 

#23 Ornithopus pinnatus (Mill.) Druce * Fabaceae 11 0.018  ±  0.011 0.00007   

#24 Lechenaultia floribunda Benth. Goodeniaceae 10 0.110  ±  0.016 0.00045   

#25 Lechenaultia linarioides DC. Goodeniaceae   0.00045 #24 

#26 Scaevola paludosa R.Br. Goodeniaceae   0.00023 #27 

#27 Scaevola repens de Vriese var. repens Goodeniaceae 9 0.055  ±  0.011 0.00023   

#28 Anigozanthos humilis Lindl. Haemodoraceae 13 0.161  ±  0.035 0.00066   

#29 Conostylis aculeata subsp. cygnorum Hopper Haemodoraceae 591 0.090  ±  0.007 0.00037   

#30 Tricoryne elatior R.Br. Hemerocallidaceae 5 0.020  ±  0.017 0.00008   

#31 Gladiolus caryophyllaceus (Burm.f.) Poir. * Iridaceae 54 3.194  ±  0.193 0.01314   

#32 Patersonia occidentalis R.Br. Iridaceae 73 0.576  ±  0.068 0.00237   

#33 Hemiandra pungens R.Br. Lamiaceae 13 0.069  ±  0.007 0.00028   

#34 Cassytha racemosa Nees Lauraceae 6 0.033  ±  0.017 0.00014   

#35 Nuytsia floribunda (Labill.) G.Don Loranthaceae 286 0.156  ±  0.016 0.00064   

#36 Calothamnus quadrifidus R.Br. Myrtaceae 10 0.170  ±  0.024 0.00070   

#37 Calytrix angulata Lindl. Myrtaceae 6 0.066  ±  0.012 0.00027   

#38 Eremaea pauciflora (Endl.) Druce var. pauciflora Myrtaceae 10 0.050  ±  0.011 0.00021   

#39 Melaleuca preissiana Schauer Myrtaceae   0.00030 #41 

#40 Melaleuca seriata Lindl. Myrtaceae   0.00030 #41 

#41 Melaleuca systena Craven Myrtaceae 11 0.072  ±  0.007 0.00030   

#42 Regelia inops (Schauer) Schauer Myrtaceae 10 0.110  ±  0.016 0.00045   

#43 Adenanthos cygnorum Diels subsp. cygnorum Proteaceae 10 0.140  ±  0.030 0.00058   

#44 Banksia attenuata R.Br. Proteaceae 128             6.615 0.02721 Ω 

#45 Banksia sessilis (Knight) A.R.Mast & K.R.Thiele 

var. sessilis  

Proteaceae 9 0.089  ±  0.011 0.00810   
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#46 Petrophile linearis R.Br. Proteaceae 187 0.264  ±  0.029 0.00109   

#47 Stirlingia latifolia (R.Br.) Steud. Proteaceae   0.00109 #46 

#48 Philotheca spicata (A.Rich.) Paul G.Wilson Rutaceae 9 0.055  ±  0.011 0.00023   

#49 Stylidium neurophyllum Wege Stylidiaceae   0.00051 #54 

#50 Stylidium araeophyllum Wege Stylidiaceae   0.00051 #54 

#51 Stylidium brunonianum Benth. Stylidiaceae   0.00051 #54 

#52 Stylidium hesperium Wege Stylidiaceae   0.00051 #54 

#53 Stylidium repens R.Br. Stylidiaceae   0.00051 #54 

#54 Stylidium rigidulum Sond. Stylidiaceae 8 0.125  ±  0.018 0.00051   

#55 Stylidium spiciforme Wege? Stylidiaceae   0.00051 #54 

#56 Xanthorrhoea preissii Endl. Xanthorrhoeaceae 40 0.167  ±  0.084 3.22882   

 

Ω  Law (1992): Average pollen standing crop of 128 inflorescences of Banksia integrifolia (Proteaceae): 0.245 mg/flower multiplied by the average number of open flowers per 

inflorescence (27 flowers). 

For some species, energy was assessed by capitulum (all Asteraceae) or average number of open flowers per inflorescence (species #44 and #45). 

For species #56, pollen mass value is per flower, while energy is reported by the average number of open flowers per inflorescence (4685.6 flowers). 
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4.4.5 Differential responses of bees varying in body size to availability of floral 

resource energy in the surrounding landscape  

In the GLMM model fitting, there were three models with equivalent explanatory 

power in the top-ranking model set (Table 4.6). There were no significant effects of patch 

area and patch floral resource energy in the best model, but there was a significant effect 

of surrounding landscape floral resource energy. Abundance of bee species in woodland 

patches significantly increased with an increase of surrounding landscape floral resource 

energy. Moreover, the landscape-level effect was not consistent across bees, that is, while 

both small and large-bodied bees responded positively to the increase in floral resource 

energy in the surrounding matrix, the effect was larger for larger bees (Table 4.7, Fig. 

4.3), explaining 16.0% of the variance in the data, while random effects explained 30.5% 

of the conditional variation (Table 4.7). 

 

 

Fig. 4.3 Relationship between abundance of small-bodied (orange fitted line) and large-bodied 

(blue fitted line) bees in woodland patches and increasing availability of floral resource energy of 

host-plants in the surrounding landscape. Size of circular points reflects the number of 

overlapping data points. Points are coloured according to bee body mass (estimated dry mass, 

mg). For illustrative purposes, the fitted lines for small and large bees are plotted for the 5th and 

95th percentiles of body mass, respectively. Note the logarithmic scale of # bees / hour on y-axis. 
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Table 4.6. GLMM comparisons of sub-models in the top model set (models within 2 AICc units of the top model). The presence of fixed effect terms in 

models is indicated with an “X” (BM = body mass, SLE = surrounding landscape floral resource energy, PE = patch floral resource energy, PA = patch 

area; with interaction effects indicated between predictors), while the number of model parameters (k) and AICc weight/cumulative weight is also listed 

for all models. Models were fitted with a negative binomial error structure.  

 

Model BM SLE PE PA BM*SLE BM*PE k AICc Δ AICc 
AICc 

weight 

Cum. 

weight 

Model 1  X X   X  6 1285.14 0.00 0.45 0.45 

Model 2 X X X X X  8 1286.26 1.12 0.26 0.71 

Model 3 X X  X   7 1287.07 1.93 0.17 0.88 

            

 

 

Table 4.7. Estimates from the final ‘best-fit’ GLMM (model 1 in Table 4.3) showing the effects of predictors (BM = body mass, SLE = surrounding 

landscape floral resource energy, PE = patch floral resource energy) and fixed covariate (PA = patch area) on bee abundance. Bolded coefficients are 

significantly different from zero at the 95% confidence level (p<0.05).  

 

Response variable: 
Intercept  

[±SE] 
BM [±SE] SLE [±SE] PE [±SE] PA [±SE] 

BM*SLE  

[±SE] 

BM*PE  

[±SE] 
R²GLMM (m) R²GLMM (c) 

          

Model 1  -4.072 [±0.148] 0.510 [±0.278] 1.242 [±0.234] - - 1.342 [±0.487] - 16.0% 30.5% 
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4.5 DISCUSSION 

In recent years, several studies have highlighted floral resource limitation due to land-

use change as a major driver of pollinator declines (Roulston & Goodell 2011; Vanbergen et 

al. 2013; Scheper et al. 2014; Vaudo et al. 2015). Our study is, however, one of the first to 

directly measure host-plant nectar and pollen energy resources at a landscape scale in a 

fragmented natural system. Surprisingly, we show that patch-scale floral resources had no 

effect on bee abundance. Instead, bee species in remnant patches responded strongly to 

differences in floral resource energy in the surrounding matrix, with a larger effect on larger-

sized bees compared to small-bodied bees. These results point to important modulating 

effects of the availability of preferred floral resources in the surrounding landscape on the 

persistence of bee assemblages in remnant patches.  

 

4.5.1 Host-plant flower density in different land-use types 

The availability of floral rewards energy varied dramatically among land-uses. The 

native banksia woodland showed a higher richness of host-plant species and higher flower 

density per species per unit area compared to cleared land and pine plantation. Pine 

plantations proved to be particularly resource-poor for bee species, showing a very low 

flower density per unit area, with floral resources dominated by non-native species. Several 

host-plant species were only found in banksia woodlands (Fig 4.1), highlighting the 

importance of preservation of remnant habitat as a source of a wide diversity of floral rewards 

to meet different bee species’ energetic requirements. On the other hand, host-plant species 

in cleared areas consisted mostly of non-native species and regeneration of native ephemeral 

and perennial forbs and shrubs, such as Podotheca spp. and Hibbertia spp., especially in 

areas that had been clear-felled and burned, since germination of several native species is 

induced by smoke (Dixon et al. 1995; Rokich et al. 2002; Hidayati et al. 2019). These results 

indicate a detrimental effect of land clearing and replacement of native habitat by timber 

plantations on the availability of floral resources for bees at the landscape-level, where 

preferred host-plants are lost and the matrix becomes increasing depauperate in nutritive 

resources for bees as the proportion of natural habitat decreases. This decrease in availability 

of host-plants as the landscape becomes more modified is consistent with other investigations 



121 
 

documenting a significant decline in forage resources availability for pollinators due to loss 

of natural habitat (Carvell et al. 2006; Scheper et al. 2014; Baude et al. 2016). 

 

4.5.2 Energy rewards in flowers and bee visitation 

Rewards per individual flower – nectar sugars, pollen mass and total energy rewards 

(pollen energy + nectar energy) – available to bees varied greatly among host-plant species. 

This was expected given the high diversity of host-plant species comprising a wide range of 

plant families and floral traits associated with different pollinator functional groups (e.g., 

short and long-tongued bees) (Dupont et al. 2004; Fenster et al. 2004; Parachnowitsch et al. 

2019). Our analysis of pollen energy content revealed a lower average energy content per mg 

of pollen across the species analysed (4.11 ± 0.15 cal/mg, mean ± SE, Table 4.2) compared 

to results found by Petanidou & Vokou (1990) on pollen energy content (5.69 ± 0.05 cal/mg, 

mean ± SE) of 34 insect-pollinated species in a Mediterranean-type system in Greece, and 

by Colin & Jones (1980) of six entomophilous species in California, U.S. (5.77 ± 0.16 cal/mg, 

mean ± SD). This could simply be due to methodological differences between our study and 

theirs. Another explanation for these differences could be related to lower energy content 

stored in plant tissues as an adaptation to selective pressures of differing environments. For 

example, a study on 368 plant species of 60 families have shown that native plants adapted 

to nutrient-impoverished soils in south-western Australia typically have a low concentration 

of nutrients in foliage, and that the nutrient concentration in tissue in native species was 

significantly lower compared to introduced species (Foulds 1993). Therefore, the amount of 

energy stored in pollen tissue could also be limited in these conditions. However, further 

investigation of pollen energy content of a phylogenetically wider range of native species 

and in different biogeographic regions would be needed to validate this possibility.    

We found that pollen energy and nectar energy per flower were strongly correlated 

(see Results; Fig. 4.2). This is an important finding showing that the relative contribution of 

pollen energy to total energy rewards per flower is substantial (over and above nectar energy), 

despite being rarely assessed in previous studies. In fact, most studies to date have 

traditionally considered nectar as a primary source of energy to pollinators (Heinrich 1975; 

Proctor et al. 1996; Nicolson 2011). Our results suggest, however, that previous estimates of 

flower rewards per flower that only considered nectar rewards may have greatly 
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underestimated total energy rewards per flower available to insects that feed on pollen (as 

adults or larvae). 

It is noteworthy that flowers with the highest energy content were not necessarily the 

ones visited by a higher number of bee species (Fig. S3.1). This probably reflects variation 

in pollinator energy demands since bee species have specific foraging requirements and floral 

rewards are tailored to meet these species’ requirements (Heinrich & Raven 1972; Fenster et 

al. 2004). For example, the introduced South African species Carpobrotus edulis 

(Aizoaceae), which has unusually large yellow flowers (~ 6-9 cm across), and Gladiolus 

caryophillaceus (Iridaceae), which has large showy pink flowers, were the top two species 

in terms of highest amount of energy per flower since both produce high amounts of nectar 

sugars and pollen mass per flower. However, these plant species were visited mainly by the 

introduced honeybee, Apis mellifera, with the exception of one visit to C. edulis flowers by 

a native bee species (Megachile sp.2, Megachilidae) (Fig S3.1). On the other hand, capitula 

of the endemic Podotheca gnaphalioides and Podotheca chrysantha (Asteraceae), were third 

and fourth ranked in amount of energy produced per flower unit, being visited by several bee 

species. Flowers of these annual herbs were abundant in more open or disturbed areas in 

banksia woodlands, common in cleared areas, and occasionally recorded in canopy openings 

in pine plantations. Flowers of a variety of species found almost exclusively in banksia 

woodlands, such as Gompholobium tomentosum (Fabaceae), Gompholobium aristatum 

(Fabaceae), Lechenaultia floribunda (Goodeniaceae), Philotheca spicata (Rutaceae) and 

Regelia inops (Myrtaceae) produced relatively less energy per flower, and were 

comparatively less abundant (Fig. 4.1), however they were among the host-plant species 

being visited by the highest number of bee species, potentially indicating that these are key 

plant species in this system (i.e., species with a high number of interspecific links that are 

disproportionally more visited than expected given their floral abundance), which has 

important implications for bee conservation.  

Interestingly, the mass flowering one-sided bottlebrush, Calothamnus quadrifidus 

(Myrtaceae), which has red flowers morphologically adapted to bird pollination (Byrne et al. 

2007; Yates et al. 2007) and produces copious amounts of sucrose-rich nectar, had the highest 

number of interactions, however it was mostly visited by A. mellifera, with only a few visits 

by two other bee species, Amegilla chlorocyanea (Apidae) and Euhesma sp.2 (Colletidae). 

Collins et al. (1984) have previously reported abundant visits of honeybees on C. quadrifidus, 
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but they could not determine if honeybees were significant pollen vectors of this species. 

While the generalist Am. chlorocyanea has not been previously recorded visiting C. 

quadrifidus (Houston 2000), there are records of Euhesma species with elongated labial palpi 

visiting C. quadrifidus (Houston 2000). For example, Euhesma tubulifera has been found to 

specialise on flowers of Calothamnus species, where it extracts nectar from the cup-like 

flower base using a very elongated and channelled labial palpi that stick together acting like 

a ‘drinking straw’ (Houston 1983). Though there is no information about the role of these 

native bee species as pollen vectors of C. quadrifidus, these findings tend to suggest that 

some plants that exhibit flower traits typical of bird-pollination can also have an important 

role in providing floral rewards to certain bee species, although bees might be acting as pollen 

or nectar thieves (Botes et al. 2009). Other mass flowering species, such as Nuytsia 

floribunda (Loranthaceae), Xanthorrhoea preissii (Xanthorrhoeaceae) and Banksia attenuata 

(Proteaceae) were just at the start of the flowering period at the time of our surveys, therefore 

their flower density in the landscape was low. However, since they produce very high 

amounts of floral rewards per flower unit, they are likely to be important resources for several 

bee species and other pollinators when other host-plant resources are not available, for 

example during summer (Ford et al. 1979; Collins 1985).  

It is also interesting to note that all the other non-native host-plant species found in 

the study area – Lotus subbiflorus (Fabaceae), Ornithopus pinnatus (Fabaceae), Hypochaeris 

glabra (Asteraceae) and Wahlenbergia capensis (Campanulaceae) – were also almost 

exclusively visited by A. mellifera, with the exception of one observed visit to W. capensis 

by Hyleus sp.1 (Colletidae), despite their relatively high flower density in all land-uses. 

Introduced plants represent potential novel resources for pollinators (Bartomeus et al. 2016; 

Drossart et al. 2017), which usually end up being well integrated in plant-pollinator networks 

(Vilà et al. 2009) since most plant-pollinator systems are generalised (Waser et al. 1996). 

Non-native invasive plants can alter pollinator visitation and disrupt mutualistic networks 

(Traveset & Richardson 2006), having a predominantly detrimental impact on reproduction 

on native plants (Morales & Traveset 2009). However, that is not always the case as 

introduced species can also have a facilitative or neutral effect on pollination of native plants 

(Moragues & Traveset 2005; Bjerknes et al. 2007). In our system, introduced plant species 

seem to be preferred by the supergeneralist A. mellifera, and not by the native bee species, 

which could indicate that native host-plants are not competing for pollinators with the 
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introduced plant species. However this remains to be empirically tested in this system, as 

well as testing for potential impacts of the introduced honeybee on local native bees due to 

competition for flower resources (Magrach et al. 2017; Henry & Rodet 2018; Herrera 2020). 

Since native bees mostly depend on the native host-plants, this also implies that pine 

plantation is a resource-poor habitat for native bees due to dominance of non-native host-

plants, which also reinforces the importance of preserving and restoring native habitat. 

 

4.5.3 Availability of energy rewards of host-plant flowers in patch and surrounding 

landscape and responses of large- and small-bodied bee species 

Our best model showed that floral resource energy in patch had no significant effect 

on bee abundance, which is a surprising result. Our second hypothesis predicted that both 

large and small bees would be influenced by patch-level floral resources, while larger bees 

would respond more positively to floral resources at wider scales. Since bees entirely depend 

on flowers (especially nectar and pollen) for nutrition (Michener 2007), and offspring 

production is greatly affected by limitation of foraging resources (Kremen et al. 2007; Bosch 

2008; Renauld et al. 2016), the availability of preferred host-plants in remnants of native 

habitat is expected to have an important effect on bee population sizes. Banksia woodland 

was the land-use type with the highest richness of host-plant species and the highest flower 

density per unit area, therefore we expected bee abundance to increase with patch-level 

resource availability. Moreover, we expected that these effects would vary between bees of 

different sizes. For example, Benjamin et al. (2014) found that increasing loss of natural 

habitat surrounding blueberry farms have negatively affected both small and large-bodied 

bees at the local scale (300-m radius), however large-bodied bees showed a stronger negative 

response to agricultural intensification at the landscape scale (1500-m radius). Although this 

study has not quantified floral resources availability, it suggests that a greater amount of 

flower-rich natural habitat is needed to support large-bodies bees compared to small-bodied 

bees. Moreover, Jauker et al. (2013) showed that small bees require larger patches of natural 

habitat compared to larger bees since they are more dependent on local resources. 

Nevertheless, our results suggest that flower rewards at the local scale have a relatively lower 

influence on persistence of bees in remnants compared to food resources at the landscape 

scale, in our study system. This implies that, in fragmented landscapes, floral resources in 
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isolated remnant patches may not be sufficient to support bee populations unless 

complementary floral resources are present in the surrounding matrix. Small-bodied bees, 

which should have smaller foraging ranges (Greenleaf et al. 2007), seem to also benefit from 

increasing resources in the nearby surrounding matrix. This result, however, agrees with 

findings by Kremen & M’Gonigle (2015) suggesting that restoration of floral resources in 

intensely modified landscapes can benefit less-mobile smaller bees. 

Crucially, we found a significant positive change in the abundance of bees with 

increasing amount of flower rewards energy in the matrix surrounding remnant woodlands, 

which supports our first hypothesis. This implies that bees have wider foraging ranges than 

the local patch, and it is the limitations of floral resources in the surrounding matrix, not the 

remnant patch, that are most critical for maintenance of bee assemblages in fragmented 

landscapes. Another important result was that the slope of the relationship of energy 

resources in the surrounding matrix with bee abundance was steeper for large-bodied 

compared to small-bodied bees (Fig. 4.3). An explanation for this result is that large-bodied 

bees have higher energetic requirements than small-bodied bees (McCallum et al. 2013), 

therefore they demand a greater amount of floral rewards energy and would be able to persist 

only in landscapes where their higher energetic requirements are met. Large-bodied bees 

have the capacity of flying farther distances (Greenleaf et al. 2007), which should allow them 

to adjust their foraging ranges according to resource availability (Steffan-Dewenter & Kuhn 

2003; Carvell et al. 2012), therefore, when foraging in landscapes where host-plant food 

rewards are adequate, large bees should be able to minimise distances travelled and maximise 

energetic profitability during foraging bouts. However, large bees can be disproportionally 

impacted by lack of floral resources if the energy intake is not enough to cover their energetic 

expenditure (Heinrich 1975), which would be the case for bees foraging in landscapes where 

much of the primary habitat has been lost and the matrix is poor in floral resources. This 

would indicate that larger bee species can be particularly sensitive to decreasing floral 

resources in the matrix due to land-use change.  

A potential limitation of our study is the observed high frequency of singleton and 

doubleton interactions in our dataset, which could indicate undersampling of host-plant- bee 

interactions. This is a common caveat of studies on mutualistic networks since a complete 

assessment of plant-pollinator interactions is a logistically formidable task (Dorado et al. 

2011; Chacoff et al. 2012), being especially difficult to accomplish when working in highly 
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biodiverse systems. Therefore, we acknowledge that we have not as yet recorded all potential 

host-plants of the bee species sampled in our study system. However, visitation frequency 

reflects the magnitude of use of host-plants as resource by pollinators (Vázquez et al. 2012). 

Therefore, assuming we sampled the most frequent plant-bee interactions, our data should 

correspond to a significant proportion of host-plant-bee interactions in this system. An 

assessment of the pollen load carried by bees on their bodies/scopa could increase the 

detectability of interaction links between bees and plants since pollen grains may remain 

attached to an insect for long periods, providing an extended visitation record across many 

plants instead of a snapshot of a single interaction (Bosch et al. 2009; Olesen et al. 2011a), 

however such analysis was beyond the scope of this study. Nevertheless, the preferred host-

plants identified in this study were sufficient to demonstrate a strong influence of energy 

resources availability in the surrounding matrix on the persistence of bees in remnants. This 

suggests that, by actively managing the surrounding matrix through restoration of native 

habitat and enhancement of native floral resources, we can increase the conservation value 

of remnant patches for pollinators in modified landscapes. 

 

4.6 CONCLUSION 

Land-use change is a major driver of pollinator declines in fragmented ecosystems 

(Winfree et al. 2009, 2011; Potts et al. 2010; Ollerton et al. 2014), where food limitation 

resulting from reduction in floral resources has been increasingly recognised as a primary 

cause for pollinator losses (Biesmeijer et al. 2006; Scheper et al. 2014; Baude et al. 2016). 

Therefore, the persistence of species in modified systems is expected to be dependent on both 

the quantity and quality of foraging resources in remnant habitat and surrounding matrix 

(Driscoll et al. 2013; Kennedy et al. 2013; Kremen & Merenlender 2018), and on species-

specific ecological and life-history traits related to use and acquisition of these resources 

(Williams et al. 2010; Jauker et al. 2013). In this study, by assessing floral rewards (nectar 

and pollen energy) of host-plants at the landscape scale, we demonstrated that floral resource 

energetics in the surrounding landscape drives abundance of bees in patches of natural 

habitat, while floral resource energy at the patch level had no effect on bee abundance. 

Furthermore, we found that, despite both small and large-bodied bees responding positively 

to the increase in floral resource energy in matrix, this effect was stronger for large-bodied 
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bee species compared to small-bodied bees. These findings constitute empirical evidence for 

effects of reduction of floral resources in the surrounding matrix as a driving factor for 

declines of bee species within isolated patches in fragmented landscapes, where larger bees 

are more susceptible to changes in food resources than smaller ones due to their larger 

energetic requirements. They contribute to a growing knowledge base of the effects of land-

use change on floral resources as a key contributing factor to pollinator declines (Carvell et 

al. 2006; Kleijn & Raemakers 2008; Vanbergen et al. 2013; Goulson et al. 2015) and should 

help to improve conservation efforts for pollinators in threatened natural systems under 

increasing anthropogenic impact.  
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CHAPTER 5 

 

 

 

5. GENERAL CONCLUSION 

 

 

5.1 Overview 

Anthropogenic land-use change has dramatically transformed natural ecosystems, 

threatening biodiversity and ecosystem services globally (Newbold et al. 2015; Wagner 

2020). Nowadays, most of the natural vegetation that persists is in small patches of natural 

habitat amidst other land uses. As habitat loss and fragmentation are predicted to continue 

expanding in coming decades (Butchart et al. 2010; Pereira et al. 2010), remnant patches of 

native habitat will become more scarce and increasingly isolated. Under this scenario, 

conservation of remaining natural habitat becomes particularly essential, but will not be 

sufficient to prevent further biodiversity loss (Haddad et al. 2015; Kremen & Merenlender 

2018). Thus, there is growing concern about how best to manage the ever-increasing 

ecological challenge of biodiversity loss in fragmented landscapes. In highly modified 

landscapes, the management of the matrix surrounding remnant habitat can have a defining 

role in either exacerbating, limiting, or even reversing the impacts of land-use change on 

within-patch species persistence, which mostly depends on the degree of connectivity 

between remnant habitat and provision of complementary resources it can provide (Driscoll 

et al. 2013; Reider et al. 2018; Grass et al. 2019). Therefore, a solid knowledge base on the 

direct and indirect influences of matrix processes on remnant-dependent species is central to 

underpin management of extensively modified landscapes. 

To date, most research on land-use change effects on pollinators and plant-pollinator 

networks has tended to focus on a single spatial scale of effect, such as specific local-level 

patch responses (Bommarco et al. 2010; Aizen et al. 2012; Carrié et al. 2017), or specifically 
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at landscape-level effects on pollinator communities (Kennedy et al. 2013; Senapathi et al. 

2017; Martin et al. 2019; Seibold et al. 2019). However, while the relevance of separate patch 

vs. landscape scale perspectives on assessing the impact of habitat loss and fragmentation on 

biodiversity is still being widely debated (Fletcher et al. 2018; Fahrig et al. 2019), there has 

been much less focus on the interactions between cross-scale drivers (Didham 2010; Didham 

et al. 2012; Betts et al. 2019). In fragmented natural systems, knowledge on surrounding 

matrix context effects on within-patch pollinating insects remains particularly scarce 

(Rubene et al. 2015; Scheper et al. 2015; Kormann et al. 2019; Miljanic et al. 2019). In this 

thesis, I explored the influence of the surrounding matrix context (vegetation structure, 

composition, environmental conditions and availability of resources) on pollinators and 

plant-pollinator interaction networks in woodland remnants by identifying the following 

three overarching research questions outlined in my thesis introduction:  

4) How does land-use change in the surrounding matrix influence within-patch 

insect pollinator communities? 

5) How does land-use change in the surrounding matrix affect within-patch plant-

pollinator networks? 

6) Does floral resource availability in the surrounding landscape limit insect 

pollinators in remnant patches? 

In the following sections of this chapter I synthesize some of my key findings, 

integrate these findings across chapters to explore issues relating to the dynamics of 

fragmented ecosystems, and discuss their implications in light of how we can best seek to 

achieve goals for conserving our biodiversity in an increasingly challenging future. 

 

5.2 Cross-scale effects of surrounding matrix hostility and floral resource energetics on 

within-remnants pollinator communities  

In Chapter 2 I found that, at the landscape scale, an increase in surrounding matrix 

hostility led to a significant change in bee species composition within patches due to turnover 

of species, resulting in a higher compositional dissimilarity in patches surrounded by more 

hostile landscapes. The more parsimonious explanation for this shift in bee species 

composition in remnants with increasing landscape hostility is likely related to replacement 
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of more sensitive species for disturbance-tolerant ones, which are able to persist in more 

modified landscapes (Ewers & Didham 2006; Schweiger et al. 2010; Tscharntke et al. 2012). 

Generalist species have higher foraging flexibility, therefore they can endure higher levels of 

anthropogenic modification, while specialist foragers tend to be disproportionally impacted 

by land-use change, being more susceptible to extirpation or extinction (Aizen et al. 2012; 

Burkle & Knight 2012; Burkle et al. 2013). The different responses of pollinators to 

landscape modification results in turnover of species and network interactions (Poisot et al. 

2015; CaraDonna et al. 2017; Noreika et al. 2019). That was the case in Chapter 3, where I 

found that the turnover of both species and links among plant-pollinator networks in patches 

was high, however it was not associated with increased matrix hostility. This suggests that 

other factors not directly associated with changes in landscape structure, composition or 

abiotic environment in the surrounding landscape are acting to drive species compositional 

change in remnant patches. These could be related, for example, to reduction in the 

availability of foraging resources or nesting substrates, which are known to be associated 

with regulation of bee populations (Potts et al. 2005; Roulston & Goodell 2011; Winfree et 

al. 2011). Bees, in general, are more associated with open habitats (Michener 2007), which 

is certainly the case in the study system as the native banksia woodland is an open woodland. 

While pine plantation is a land-use type that shows a high contrast in vegetation structure and 

abiotic conditions compared to banksia woodland, which could reduce landscape 

connectivity and impact pollinator dispersal (Tscharntke & Brandl 2004; Tscharntke et al. 

2005; Jauker et al. 2009), the patch vs. matrix contrast is much lower for clear land, which is 

the predominant land-use in the surrounding matrix, occupying 38% of total matrix area and 

varying from clear-felled areas to areas in early stages of regeneration. Therefore, factors 

directly associated with surrounding landscape structure and abiotic conditions might be 

having a lower direct effect on bee assemblages in remnants compared to indirect effects 

resulting from habitat loss and fragmentation, such as alteration in food or nesting resources 

in the surrounding matrix. Bee species nesting in existing cavities above ground are likely to 

decline with increasing landscape modification if nesting sites are destroyed with habitat 

conversion (Williams et al. 2010), while ground nesting species could potentially benefit if 

the amount of bare ground for nest construction increases with land-use change (Potts et al. 

2005; Williams et al. 2010). Similarly, reduction in abundance of certain host-plant species 

with landscape modification could affect associated bee species to differing degrees, with a 
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higher negative impact expected on specialist foragers (Burkle et al. 2013; Scheper et al. 

2014). Therefore, these habitat changes are likely to distinctly influence the persistence of 

species and plant-pollinator interactions in remnant patches. 

Interestingly, in Chapter 3 I also found that there was a significant increase in network 

rewiring among common co-occurring plant and pollinator species in patches as the 

surrounding landscape became more hostile. A potential explanation for this adaptive change 

in interaction partners with increased landscape modification is probably related to responses 

of generalist foragers to associated changes in availability of preferred floral resources at 

local and landscape scales due to land-use change. The capacity of generalist pollinators for 

adaptive host-plant switches is likely to be buffering networks against species loss, since 

generalisation and foraging adaptability are traits that confer resilience and stability of plant-

pollinator networks to anthropogenic disturbance (Kaiser-Bunbury et al. 2010; Olesen et al. 

2011c; Grass et al. 2018; Redhead et al. 2018). We would expect, then, that pollinator 

assemblages at the patch scale would be buffered against disturbances due to rewiring of 

interactions, where a higher adaptive capacity for interaction rewiring would be required to 

maintain mutualistic networks under a scenario of increasing anthropogenic impact 

(Valdovinos et al. 2013; Ponisio et al. 2017; Grass et al. 2018). However, despite increased 

levels of interaction rewiring in patches surrounded by more hostile landscapes, remnant bee 

populations are still declining, as seen in Chapter 4, in which I found that both small and 

large-bodied bees declined in abundance with reduction of floral resources in the surrounding 

landscape, with a higher impact on large-bodies species. These results imply that floral 

resource energetics in the landscape is an important mechanism driving responses of patch 

pollinator communities to land-use change.  

High levels of rewiring might be an important marker of pollinator shifts toward 

alternative food resources, or that plant species may be losing their most functionally efficient 

pollinators (Larsen et al. 2005) since interactions are expected to be lost in response to 

environmental change before the species themselves (Valiente-Banuet et al. 2015). 

Reduction in floral resources in the surrounding landscape could affect pollinators in patches 

(Williams et al. 2012; Scheper et al. 2015), which in turn might have a negative impact on 

pollination services within isolated remnants (Blaauw & Isaacs 2014; Lundgren et al. 2016), 

reducing the availability of local floral resources to pollinators even further (Clough et al. 

2014). In the long term, this may result in parallel declines in pollinators and insect-pollinated 
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plants (Biesmeijer et al. 2006; Scheper et al. 2014). Although I do not have data on 

pollination limitation and seed set of wildflowers within patches to test this claim, it may be 

an underlying mechanism by which decline in availability of floral resources in the 

surrounding landscape is acting on within-patch processes in the study system, which would 

be interesting to assess.  

In Chapter 4, I directly assessed floral rewards (nectar and pollen energy) of host-

plants of bees at the landscape scale. I found that, surprisingly, floral resource energy at the 

patch scale was not a significant predictor of bee abundance, while floral resource energetics 

in the surrounding landscape had a significant positive effect on bee abundance within 

woodland remnants. This suggests that, in fragmented landscapes, floral resources in isolated 

remnant patches may not be sufficient to support bee populations unless complementary 

floral resources are present in the surrounding matrix. These results indicate important 

modulating effects of floral resource energetics in the surrounding matrix on maintenance of 

remnant bee species. This ties in with the findings from Chapter 2 in which I showed that, at 

the local scale, bee species composition did not vary between patch and surrounding matrix 

land-uses despite the degree of matrix hostility. This suggests that bee assemblages are not 

completely patch-dependent, being able to utilise matrix land-uses for forging or nesting. 

However, in chapter 2 I also found that the overall bee species composition was significantly 

different between patch and matrix land-use types, which indicates that not all bee species 

might be able to utilise the surrounding matrix land-uses, and the ones that can, might vary 

in their capability of utilising the matrix. In effect, in Chapter 4 I show that, despite both 

small and large-bodied bees responding positively to the increase in floral resource energy in 

the surrounding matrix, the effect was greater for large-bodied bees, which have higher 

energetic requirements, but should also be more mobile and be able to disperse farther 

distances for foraging, as well as being able to cross areas of unsuitable habitat to reach areas 

with adequate food or nesting resources. However, these results also indicate that landscapes 

where cleared land or pine plantations dominate the matrix there might not be sufficient host-

plant resources to support the persistence of certain bee species.  

Also in Chapter 2, I showed that, at the landscape scale, bee composition changed 

with increasing landscape hostility, which may be related to changes in floral resources 

availability resulting from altered landscape composition and configuration, or changes in 

the abiotic environment. Moreover, in Chapter 3 I demonstrated that there was a higher 
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network interaction rewiring among co-occurring plant and bee species in patches with an 

increase in landscape hostility, which might be driven by differences in relative abundance 

of preferred host-plants in the surrounding matrix as the landscape becomes more hostile, 

requiring bees to switch between host-plant resources in order to fulfill their food 

requirements. In landscapes lacking preferred host-plants, however, bees may have to use 

suboptimal resources, which can have negative effects on offspring production and long-term 

maintenance of bee populations (Palladini & Maron 2014; Bukovinszky et al. 2017a). 

Additional empirical work looking at other drivers in the surrounding matrix potentially 

impacting pollinator communities in remnants, such as nesting site limitations (Potts et al. 

2005; Häussler et al. 2017), fire disturbance (Peralta et al. 2017), or management practices, 

like grazing (Batáry et al. 2010), could provide further insight on matrix processes that might 

be influencing species and plant-pollinator interactions in fragmented landscapes. 

 

5.3 Implications for conservation and management 

Ultimately, the findings of this work point to important cross-scale effects of land-

use change on bee communities, showing that patch level species diversity, abundance and 

ecological interactions are influenced by different landscape contexts. More importantly, 

these findings are empirical evidence for effects of limitation of floral resources in the 

surrounding landscape as a critical factor for declines of remnant bee species in fragmented 

natural systems. This work indicates that conservation management in fragmented 

landscapes should consider entire landscapes using an integrated approach that not only takes 

into account the effects of land-use change at the patch and landscape-levels, but also 

accounts for the interactions between cross-scale drivers.  

Concerning conservation of bees in particular, some basic landscape management 

efforts in fragmented landscapes could prioritise three main solutions. First, the preservation 

and restoration of remnant habitat remains the highest priority for conservation in these 

threatened regions since there is no substitute for original native habitat, and even small 

fragments contribute to the total amount of habitat available for species in the landscape. 

Second, a focus on improving the surrounding matrix quality by reducing the structural 

contrast of vegetation relative to remnant habitat facilitating inter-patch movements, and by 

increasing availability of essential floral and nesting resources. Third, the assessment of 
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potential impacts of introduced non-native species and other anthropogenic disturbances (e.g. 

pollution, use of pesticides and herbicides, nutrient input, prescribed burns, grazing) on bee 

communities at both local and landscape scales (Brown & Paxton 2009; Murray et al. 2009; 

Winfree 2010).  

Moreover, identification of the most vulnerable species to landscape modification, as 

well as key host-plant resources for pollinators and key bee taxa as either core generalist 

species (visiting a broad range of plants), or specialised pollinators (increasing host-plant 

reproductive fitness through more effective pollen transfer) are relevant to development of 

effective ecosystem conservation and restoration strategies that would benefit both pollinator 

and insect-pollinated plant communities (Menz et al. 2011). Such knowledge can assist with 

the allocation and prioritisation of conservation resources to minimize impacts of land-use 

change and facilitate the recovery and ongoing resilience of pollinators, plants, and 

mutualistic networks in modified landscapes. 

 

5.5 Conclusion 

Land-use change, including habitat loss and fragmentation, will continue to transform 

terrestrial ecosystems and threaten biodiversity (Butchart et al. 2010; Tittensor et al. 2014). 

While the negative consequences for species in remnant habitat are evident, the role of 

processes and mechanisms acting in the surrounding landscape context, which may be critical 

for minimizing or even reversing threats to biodiversity, remain largely unexplored. In this 

thesis, I have shown that increasing modification of the surrounding matrix led to important 

changes in species abundance, composition, and network interactions in remnant habitat. 

This work was also the first landscape scale compositional survey of bees and wasps and 

plant-pollinator networks in banksia woodland – a biodiversity hotspot where conservation 

remains an ongoing challenge. I provide essential baseline data for understanding the status 

of native Hymenoptera in this threatened ecosystem, which will be valuable for monitoring 

long‐term responses to land-use change on remnant species and for assessing outcomes of 

future habitat restoration efforts. Additionally, I provide important information on energy 

content and spatial variation of key pollen and nectar resources for pollinators in remnant 

patches and surrounding matrix. The results presented suggest that it is the limitation of floral 

resources in the surrounding matrix, not necessarily in the remnant patch, that is most critical 
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for maintenance of bee communities in fragmented landscapes. Overall, my findings 

contribute to better understanding of effects of cross-scale drivers of land-use change on 

within-remnant mutualistic interaction networks. They should help to improve conservation 

strategies for mitigating pollinator declines in threatened natural systems under future 

projections of increasing global environmental change. 
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INTRODUCTION

Wild bees are crucially important to crop production 
and the maintenance of native plant biodiversity globally 
(Ollerton et al. 2011; Winfree et al. 2011; Garibaldi et al. 
2013; Mallinger & Gratton 2015; Ollerton 2017).  In the 
Southwest Floristic Region (SWFR), a global hotspot of 
biodiversity in Western Australia (WA), the diverse fauna 
of native bees in the families Colletidae, Halictidae, 
Stenotritidae, Megachilidae, and Apidae are particularly 
important for the pollination of native plants (Brown et 
al. 1997; Houston 2000).  While many bee species in the 
SWFR are generalist foragers (polylectic), many others 
are specialized to varying degrees on certain host plants, 
with some even showing morphology or behaviour 
adaptations related to oligolecty or monolecty (Houston 
2000).  The pollination biology of the exceptionally 
diverse insect-pollinated flora of the SWFR remains 
largely understudied, even though native insects and 
their plant hosts are highly vulnerable to environmental 
change (Phillips et al. 2010). 

Native bees are under threat worldwide due to 
environmental degradation (Potts et al. 2010; Vanbergen 
2013), with habitat loss and fragmentation being some 
of the main causes of species declines (Winfree et al. 
2009, 2011).  In the SWFR, vegetation clearing historically 
occurred at very high rates and, when associated with 
other impacts such as land use intensification, imposed 
serious threats to native fauna and flora (Threatened 
Species Scientific Committee 2016).  Despite widespread 
land clearing and degradation, the last decade saw an 
increase of 10% on the number of recorded plant species 
in the SWFR (Gioia & Hopper 2017), indicating that the 
region still harbours very high levels of biodiversity that is 
yet to be described.  Other anthropogenic disturbances 
such as sand extraction, inappropriate fire regimes, 
dieback, invasive species, hydrologic degradation, 
climate change, and loss of keystone species are currently 
threatening the region’s ecosystems (Hobbs 1998; Coates 
& Atkins 2001; Threatened Species Scientific Committee 
2016), potentially resulting in declines of pollinating and 
seed-dispersing fauna and their associated flora.  

Banksia woodlands, one of the most threatened 
habitat types in the SWFR, is an extremely diverse 
ecosystem that declined significantly in extent throughout 
the Swan Coastal Plain (Fig. 1), where WA’s state capital 
Perth is located.  It is now highly fragmented, with only 
about 35% of its original cover (Government of Western 
Australia 2018), and was recently listed as a threatened 
ecological community under the Environment Protection 
and Biodiversity Conservation Act 1999 (Threatened 

Species Scientific Committee 2016).  Despite increasing 
fragmentation, many Banksia woodlands fragments still 
have important conservation value since they represent 
critical remaining habitat for a large number of rare and 
threatened plant and animal species (Harvey et al. 1997; 
How & Dell 2000; Hopper & Gioia 2004). 

Douglas’s Broad-headed Bee Hesperocolletes douglasi 
Michener, 1965 (Colletidae:  Paracolletini) is a short-
tongued bee species from WA that was not recorded 
in the region for almost 80 years and was presumed 
extinct until now.  This enigmatic species is known only 
from a single male specimen that was collected by A.M. 
Douglas in November 1938 on Rottnest Island, located 
approximately 18km off the coast of Perth (Fig. 1).  From 
the single specimen, it was clear that Douglas’s Broad-
headed Bee represented a unique phylogenetic lineage 
of colletid bees, and Michener (1965) erected the genus 
Hesperocolletes for the new species. 

Following the publication of Michener’s treatise on 
the bees of Australia (Michener 1965), and particularly 
during the period 1978–1992, extensive collecting 
of native bees in the Perth region and WA failed to 
produce any further specimens of Hesperocolletes.  
Targeted searches at the type locality (Rottnest Island) 
and nearby Garden Island likewise proved fruitless.  As 
a consequence, in 1994, H. douglasi was gazetted by the 
WA Government as presumed extinct under the Wildlife 
Conservation Act 1950 (Department of Conservation 
and Land Management 1994).  The fact that there was 
little information associated with the original specimen, 
such as detailed locality records or details of host plant 
species visited by the bee, made the search for additional 
specimens much more difficult. 

Here we report the collection in 2015 of a second 
specimen and the first known female of the species, 
providing evidence that the species is extant.  This female 
was identified among insect floral visitors collected 
during a survey of plant-pollinator interaction networks 
in Banksia woodlands remnants in the Perth region.  
We describe the rediscovery of H. douglasi, provide 
details of the location and circumstances of collection 
of the specimen, report on the pollen load the bee was 
carrying, and present the first formal description of the 
female.  While generally morphologically consistent with 
the male specimen, the female exhibits some unusual 
characteristics.  We compare the female of H. douglasi 
with females of other paracolletine genera and discuss 
whether it supports Michener’s placement of the species 
in its own genus.  The rediscovery of H. douglasi in 
remnant Banksia woodlands highlights the importance 
of preservation of remnant vegetation in the face of 
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ongoing anthropogenic threats.  We briefly discuss 
key strategies for ensuring adequate conservation and 
protection of this threatened bee species.

MATERIALS AND METHODS

We collected the female of H. douglasi during 
surveys to study plant-pollinator interaction networks 
on the Swan Coastal Plain in the SWFR.  For this study, 
we sampled 23 fragments of Banksia woodlands within a 
152km2 study area located in the Gnangara-Moore River 
State Forest, north of Perth, WA (Fig. 1).  The woodland 
fragments show a small amount of within-patch 
degradation but are located in distinctive matrix contexts 
that vary greatly in habitat type, cover, structure, and 
microclimate, which are all likely to influence the survival 
and dispersal rates of insect pollinators.  We randomized 
the order in which the study sites were visited for 

collection of insect-plant association data throughout 
the sampling season.  In each woodland fragment, we 
established four belt transects (50m x 4m) spaced equally 
20m apart.  We subdivided each belt transect into 10m 
sections and in each section we spent 15min hand-
collecting flower visiting insects alighting on flowers up 
to 2m from the ground with the use of a sweep net.  We 
recorded each plant-pollinator association in the field, 
and insects collected were preserved in 70% ethanol 
until pinning for identification.  We surveyed each of 
the four transects per study site once during each field 
season, which ran from September to November in 2015 
and 2016.  In 2015, however, we could only survey 16 of 
the 23 sites because the flowering season was shorter 
due to higher than average temperatures in the spring 
(Bureau of Meteorology 2016).  To account for temporal 
variation in pollinator assemblages and flower visitation 
throughout the day, we surveyed transects on different 
days in a random order and at random times during the 

Figure 1. Twenty-three study sites surveyed and collection site of the female of Hesperocolletes douglasi in the Gnangara-Moore River State 
Forest, ca. 41km north of Perth, Western Australia, Australia; Rottnest Island, the type collection site; the original (pre-European settlement) 
and current extent of Banksia woodlands in the Swan Coastal Plain in the Southwest Australian Floristic Region.
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peak activity period (09.00–16.00 h).  We conducted 
sampling only in calm, sunny weather when bees 
were most likely to be active.  Additionally, following 
recognition of the female of H. douglasi collected in 
2015, TFH made separate visits to the collection site in 
the spring of 2016 (21 September, 05 & 27 October, and 
14 November) and 2017 (06 & 19 October) in search of 
further specimens.  These searches (each of 3–4 h in 
duration) were carried out between 09.30h and 15.00h.

We also searched for the bee amongst a second 
Hymenoptera collection we carried out previously in the 
same 23 study sites using UV-reflective pollinator vane 
traps (SpringStar Inc., Woodinville, USA).  Vane traps, 
which consist of coloured plastic cross-vanes slotted 
into a funnel and screwed to a collecting jar containing 
preservative (100ml of 50% propylene glycol), is found 
to be extremely effective in attracting flower-visiting 
insects (Stephen & Rao 2005, 2007; Lentini et al. 2012).  
Blue vane traps are shown to be a particularly good 
method for capturing native bees (Kimoto et al. 2012; 
Joshi et al. 2015; Hall 2018).  In each study site, we 
randomly deployed three blue vane traps in a 100m x 
50m area near the northern and eastern boundaries 
of the remnant (i.e., 69 traps in total).  Sampling was 
carried out for seven weeks in the spring of 2012 (5–7 
day collections starting on 11 September, 23 October, 
30 October, 6 November, 13 November, 20 November, 
26 November), for five weeks in summer (a single 
collection from 20 December 2012 to 22 January 2013), 
and for one week in autumn (starting on 30 April 2013).  
Samples were stored in 70% ethanol and subsequently 
sorted and pinned for identification and analysis.

We identified specimens to species or morphospecies 
on the basis of morphology, with the aid of published keys 
and reference collections at the University of Western 
Australia’s Entomology Laboratory and the Western 
Australian Museum.  The confirmed female specimen of 
H. douglasi was deposited in the Entomology Collection 
of the Western Australian Museum (WAM # E 97779) 
after first recovering the pollen load of the specimen by 
washing using ultrasonic cleaning following a protocol 
based on Tur et al. (2014).  Pollen grains on microscope 
slides were identified by comparison with a reference 
library of pollen slides including all of the dominant 
plant species found at the study sites (Jones 2012).

RESULTS
 

Across the 23 study sites, we collected a total of 
3,168 specimens (bees, wasps, flies, butterflies, and 
beetles) using sweep nets over 156 surveys (115 net-
hours sampling effort), and 13,150 bees and wasps using 
blue vane traps (5,838 trap-days sampling effort).  Only a 
single female specimen of Hesperocolletes douglasi was 
collected with a sweep net on 08 October 2015 at 10.20h 
in a Banksia woodlands remnant located c. 15km west of 
Muchea Township and 41km north of Perth in Western 
Australia (Fig. 1).  This location lies at the northern end of 
the rural suburb of Pinjar and on the western edge of the 
Australian Department of Defence Muchea Air Weapons 
Range (AWR), an extensive Banksia woodlands remnant 
with high-quality native vegetation and a relatively low 
degree of anthropogenic disturbance. 

The collected female was captured while visiting 
flowers of a common native shrub called Pepper 
and Salt Philotheca spicata (A.Rich.) Paul G. Wilson 
(Rutaceae).  Further searches for H. douglasi carried out 
at the collection site and several other locations in the 
surrounding region in 2016 and 2017, focusing chiefly on 
flowers of P. spicata but also surveying flowers of many 
other plant species, proved unsuccessful.

The pollen load analysis revealed that the bee was 
carrying pollen grains of eight different plant species 
representing five different families: Rutaceae (Philotheca 
spicata A. Rich. Paul G. Wilson, the species the bee 
was visiting when collected), Stylidiaceae (Stylidium 
hesperium Wege, S. rigidulum Sond., Stylidium sp., 
Levenhookia stipitata (Benth) F. Muell.), Iridaceae 
(Patersonia occidentalis R.Br.), Fabaceae (Bossiaea 
eriocarpa Benth.), and Myrtaceae (Eremaea pauciflora 
(Endl.) Druce var. pauciflora).

Description of female
Material examined: WAM # E 97779, 1 ex., female, 

8.x.2015, site PER70, Pinjar, WA, Australia, -31.5860S & 
115.8130E, elevation 60m, coll. J. Pille Arnold. 

In size, general form, and colouration, the female 
makes a good match with the holotype male of H. 
douglasi.  It shares with it, too, some of the diagnostic 
features noted for Hesperocolletes by Michener (1965, 
2007), namely, the strong carina around the eyes 
(Image 1b) and the modified tarsal claws (Image 2e).  In 
addition, both sexes share the strong carina around the 
upper part of the clypeus (although its presence in the 
male was not mentioned by Michener).  Therefore, on 
morphologic grounds, there is no reason to doubt its 
conspecificity with the male type.  Also, the collection 
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site of the female is only c. 51km from the type locality. 
Dimensions: Body length c. 11.5mm; head width 

4.1mm.
Relative dimensions (in mm): Head width 100; head 

length 78; upper width of face 63; lower width of face 
55; clypeal length 28; clypeal width 46; upper width of 
clypeus 18; clypeoantennal distance 14; antennal socket 

diameter 8; width of mid ocellus 7; distance between 
lateral ocelli 14; ocellocular distance 20; width of ocellar 
cluster 26; ocelloccipital distance 10; scape length 25; 
scape width 6; length of flagellum c. 55; mandible length 
38; basal width of mandible 15.

Habitus: Head (Image 1) markedly wider than long; 
vertex rising above level of ocelli; inner margins of eyes 

Image 1. Hesperocolletes douglasi female head features. a - head and antennae in anterior view; b - head and antennae in lateral view; c - 
lower part of face (note carina around upper part of clypeus, clearly demarcated ventral rim of clypeus, and somewhat tridentate apices of 
mandibles); d - outer view of left mandible; e - ventral view of labrum in situ.  © T.F. Houston.

a b

c e

d
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converging slightly below; facial foveae faintly indicated 
by duller, almost impunctate integument, rounded 
triangular; interantennal area rising to weak median 
ridge; subantennal sutures vertical and about 2x as long 
as height of antennal socket; clypeus (Image 1a–c) gently 
convex in profile and transversely, its impunctate ventral 
margin clearly defined by transverse furrow and not 
coplanar with rest of clypeus; upper clypeus depressed 
slightly below level of supraclypeal and paraocular areas 
forming a distinct carina along epistomal suture (Image 

1c); compound eye surrounded by a carina; median 
ocellus set in depression with carinate margin, especially 
posteriorly; malar areas present but much shorter than 
basal width of mandible; gena about half as wide as 
eye viewed laterally; occipital cavity reaching almost to 
summit of vertex; mandibles (Image 1c,d) 2.7x as long 
as basal width, narrowest at mid-section, obliquely 
truncate at apices, weakly tridentate (i.e., bidentate 
with smaller anterior tooth weakly notched); labrum 
(Image 1e) largely exposed when mandibles closed, 0.4x 

Image 2. Hesperocolletes douglasi female wing and leg features. a - outer part of fore wing; b - outer view of hind tibia and tarsus; c - basitibial 
plate; d - inner hind tibial spur; e - ventral view of distitarsus, showing expanded inner rami of tarsal claws.  © T.F. Houston.

a

d

c

e

b
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as long as wide, rather elliptical but with ventral margin 
slightly angulate medially, surface smooth and gently 
convex, lacking tubercles or transverse ridge; upper 
margin of pronotum set very low relative to scutum 
which curves down strongly anteriorly; episternal 
groove present below scrobal groove but shallow; 
propodeum almost wholly vertical, enclosure broad, 
smooth and unsculptured with sinuate lateral margins; 
anterior surface of T1 weakly creased medially, rounding 
gently onto dorsal surface; metasomal terga (Image 3a) 
smooth, lacking premarginal lines, hind margins of T1 –T4 
slightly translucent; T2 without evident foveae; pygidial 
plate well-developed, clearly defined by marginal carina, 
rounded apically, flat dorsally; fore wing (Image 2a) with 
first submarginal cross vein ‹-shaped, bent mesad; jugal 
lobe of hind wing long, just exceeding cu-v; basitibial 
plate (Image 2b,c) distinct, rounded, and saucer-like 
because of raised carinate margin, about one-fourth 
the length of hind tibia; inner hind tibial spur (Image 
2d) simple with ciliate margins; hind basitarsus viewed 
laterally (Image 2b) about 2/3 as wide and 0.6x as long 
as tibia, tapering slightly from base to apex; tarsal claws 
(Image 2e) deeply cleft with inner prongs broad (as in 
male); relatively long arolia present on all tarsi.

Colouration: Integument generally black, lacking 
iridescence; clypeus lacking the yellow-brown 
colouration of the male; only the underside of the 
flagellum, the distitarsi, and the mandibles somewhat 
brownish.

Sculpture: Integument generally moderately shining 
with fine, open pitting; clypeus (except impunctate lower 

quarter) with strong, coarse pitting; areas between 
ocelli and upper ends of eyes almost impunctate; 
metasomal terga lacking distinct pits; pygidial plate 
finely, longitudinally striate.

Pubescence: Head, mesosoma, T1, and bases of legs 
generally with long, moderately dense, plumose setae; 
setae of face, genae, lateral, ventral and posterior areas 
of mesosoma, T1 and bases of legs white; setae of vertex, 
scutum, and scutellum blackish; pubescence of clypeus 
and supraclypeal area sparser than that of paraocular 
areas and frons; lower one-third of clypeus virtually bare; 
metasomal T2–T4 with black, sparse, short, simple, erect 
setae except on hind margins where setae are whitish, 
somewhat adpressed and laterally directed, not forming 
bands; T5 and T6 with weak fimbriae of rust-coloured, 
plumose setae; posterior third of metasomal S2–S5 
with dense, long, rust-coloured, plumose setae directed 
posteriorly, extending well beyond hind margins (Image 
3b); fore tarsi clothed in moderately long, soft, brownish 
setae; basitibial plates with sparse, short, simple setae 
(Image 2c); hind tibia and basitarsus (Image 2b) covered 
on outer side with moderately dense, stiff, simple, black 
setae, only on dorsal and ventral margins of tibia and 
basitarsus are setae plumose; inner surface of hind tibia 
with dense, erect, simple, white setae (not keirotrichia), 
similar but denser setae on inner side of hind basitarsus.

Remarks
It is unfortunate that no details of the proboscis 

could be observed: the specimen’s proboscis was tightly 
retracted into the proboscidial fossa and attempts 

Image 3. Hesperocolletes douglasi female metasomal features. a - dorsal view; b - left lateral view (arrow indicates long, white, plumose setae 
of base of hind leg that may form the scopa, but note also the long, dense, plumose setae of sterna 2–5 that might serve this purpose). 
© T.F. Houston.
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Table 1. Character states shared between Hesperocolletes and three other genera of Paracolletini (N.B.: Paracolletes s. lato includes the 
subgenus Anthoglossa).   Key: (+): present; (-): absent.

Hesperocolletes characters Paracolletes s. lato Trichocolletes Leioproctus

Median ocellus set in depression - - in some

Labrum smoothly convex + + -

Mandibles somewhat tridentate + - rarely

Basitibial plate not defined in male + some + most rarely

Tarsal claws with expanded inner prongs - - a few species

Clypeus of male yellow-brown + in some + in some rarely (subgenus Andrenopsis)

Inner hind tibial spur of female simple + in most - in some

to relax and extend it proved unsuccessful (probably 
stemming from the specimen’s protracted immersion 
in ethanol).  Also, the pubescence suffered slightly from 
the specimen being put through a wash and ultrasound 
cleaner to remove its pollen load for analysis. 

DISCUSSION

Michener noted that Hesperocolletes douglasi 
resembles species of Paracolletes, Trichocolletes, and 
Leioproctus.  Indeed, there are many similarities between 
various members of these taxa.  Table 1 shows the 
distribution of certain character states of Hesperocolletes 
among the three other genera.  Hesperocolletes shares 
more character states with Paracolletes (sensu Michener 
2007) than with the other taxa.  Despite this, we do 
not question Michener’s placement of H. douglasi in 
its own genus.  Michener also noted that the peculiar 
tarsal claws of H. douglasi resemble those of various 
cleptoparasitic bees.  Such claws, however, are not 
peculiar to cleptoparasitic species and are found in at 
least four Western Australian species of Leioproctus s. 
str. known to collect pollen loads.  

Although the female carried a pollen load when it 
was collected, the position of the scopa was not noted, 
nor is it clear from the examination of the female where 
its scopa is situated.  It is unlikely to be situated on the 
hind tibiae, given that they are covered externally with 
mostly simple setae.  The hind coxa, trochanters, and 
femora bear numerous long, plumose setae (Image 3b) 
that might form the scopa.  The unusual vestiture of 
long, dense, highly plumose setae on metasomal sterna 
2–5 (Image 3b) has the appearance of a scopa, but we 
must await collection of a pollen-laden female to learn 
the truth.

Collection dates for the two known specimens of 
H. douglasi suggest that the species is active in mid-

spring.  The wing margins of the female (collected on 
8 October) are entire indicating that the female was 
newly emerged.  The holotype male (collected on 9 
November) had ragged wings.  It should be noted that 
Michener erred in his original description in giving the 
collection date as “February 9”.  We obtained the date 
of collection from the hand-written register book of the 
WA Museum for 1938 as the specimen’s hand-written 
data label carried only a registration number and the 
locality name.  Michener’s error went undetected 
for many years and the first targeted searches for the 
species were doubtless too late in the season.

The some doubt was raised about the provenance of 
the holotype by Michener (2007) who remarked on the 
possibility that specimen labels may have been swapped.  
No doubt that was made in the knowledge that one of 
us (TFH) had searched for the species on Rottnest Island 
and nearby Garden Island without success and, despite 
extensive bee collecting in the Perth region over two 
decades, did not encounter any further specimens.  
The WAM register indicates that the holotype was 
among a batch of various insects collected by A.M. 
Douglas on Rottnest Island from 9 to 12 November 
1938.  Some specimens were identified individually, 
but the holotype (#2607) was included in a bracket of 
unidentified specimens numbered 2606–2613.  Seven 
of these specimens, in addition to the holotype of H. 
douglasi, were located and are various kinds of native 
bees.  Therefore, the register tends to corroborate the 
holotype data label.

From the collection record, we know that the female 
visits flowers of P. spicata, but other plant species might 
also be used as food resource.  Since pollen grains may 
remain attached to bees’ legs and body between flower 
visits (either incidentally or collected in a scopa), pollen 
load analysis increases the detectability of interaction 
links between pollinators and plants over simple flower 
visitation data (Bosch et al. 2009; Olesen et al. 2011).  
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The results of this analysis indicate that H. douglasi 
may be a generalist forager since it was carrying pollen 
from a diverse set of plant species common to Banksia 
woodlands.  However, it will be difficult to accurately 
assess the degree of resource specialization of this 
species without additional records.  It should be noted 
that P. spicata, as well as the other plant species visited 
by the bee according to the pollen load analysis results, 
were not recorded on Rottnest Island (Rippey et al. 
2003), which could be another indication that the bee 
is a generalist.

The collection of just one specimen despite a 
comprehensive survey of the 23 study sites using sweep 
nets and vane traps over multiple flowering seasons, 
in addition to a focused survey at the collection site 
and surrounding region, suggests that H. douglasi is 
extremely rare.  It is also possible, however, that the 
sampled female was not in its typical habitat, and that 
we are yet to discover its particular ecological niche.  
The female specimen was collected in almost pristine 
Banksia woodlands, a habitat not represented at the type 
locality of Rottnest Island (Hesp et al. 1983; Rippey et al. 
2003).  The collection site lies within an area of multiple 
land uses, with extensive area of Banksia woodlands 
at the AWR military site, and intermixed areas of pine 
plantations, rural, and mixed-use land with encroaching 
suburban developments.  The military area is protected 
and has restricted public access (Government of Western 
Australia 2000).  More than 90% of the vegetation in 
the military area is considered in excellent to pristine 
condition (Government of Western Australia 2000).  
While we cannot yet claim Banksia woodlands as a 
definite habitat of H. douglasi without further successful 
collections, there is a high chance that the pristine 
woodlands within the AWR military site are important to 
the species.  Moreover, the pollen load record is evidence 
that the bee was foraging on flowers of typical Banksia 
woodlands plant species.  Several studies recognized 
military training areas as sites of conservation value 
for fauna and flora throughout the world, including 
for threatened and endangered species (Warren et al. 
2007; Warren & Büttner 2008; Kim et al. 2015).  Due 
to the restricted public access and heterogeneous 
habitat types they contain, often including patches of 
untouched vegetation, military training sites can even 
match the conservation value of formal conservation 
reserve areas (Cizek et al. 2013).  Because there is no 
information on the ability of H. douglasi to disperse 
across the anthropogenic landscapes surrounding this 
area, we do not know if other populations could be using 
smaller, degraded, and more isolated woodland patches 

in the Perth region. 
Ecological and life-history traits of bees are strongly 

associated with species responses to environmental 
disturbances (Williams et al. 2010; Cariveau & 
Winfree 2015).  Since there is little to no knowledge 
of the distribution, dispersal ability, life cycle, nesting 
requirements, and foraging resources of H. douglasi, 
the preservation of the woodlands in this region is of 
paramount importance for the conservation of this rare 
bee species.  Any human disturbances that are likely to 
have an impact on the bee (e.g., vegetation clearing, 
prescribed burning, public access, and recreational 
activities) should be mitigated or managed appropriately 
to minimize extinction risk.  Enhancing connectivity 
between suitable habitat patches as well as habitat 
restoration are also essential to ensure long-term 
viability of the species.  Further studies to determine the 
ecological requirements, geographic range, population 
size, and key threatening processes of the species must 
be conducted as a matter of urgency.
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(Mammalia: Rodentia: Hystricidae)
– Todd F. Elliott, Camille Truong, Olivier Séné & Terry W. Henkel, 
Pp. 13415–13418
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