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ABSTRACT 
 
 

Global environmental change is having a profound impact on biodiversity 

worldwide. Species extinctions at local and global scales are of great concern to 

ecologists, conservationists, and indeed the wider populace. Even where species 

richness is unaffected, compositional change is a common response to human 

activity. A pressing question that has interested ecologists for many years concerns 

the consequences of these biodiversity changes for rates of ecological functioning and 

the ecosystem services that they underpin. While the research focus on biodiversity-

function (BDEF) relationships has been extensive, until recently it has been limited 

largely to relatively simple measures of plant species richness and its influence on net 

primary productivity in de novo experiments. Recent evidence from the extension of 

BDEF studies across a broadening range of consumer taxa, has emphasised the much 

greater complexity of consumer BDEF relationships, and the need for broader 

theoretical and empirical approaches. The current focus for researchers in this field 

is to test diversity-function theory in more complex, natural systems, with greater 

breadth of variation in producer and consumer diversity, and their influences on the 

performance of multiple rather than just single functions.  

In this thesis, I examine the mechanistic underpinnings of the relationship 

between various components of diversity and functional performance rates, using 

ants as a model taxon. In chapter two I begin by taking a bottom up approach and 

use a tree diversity experiment to investigate the contribution of woody species 

diversity as a driver of ant diversity and invertebrate diversity in general. The tree 

diversity experiment consisted of 10 replicates of 10 woody species treatments and 

sub-plot level applications of herbicide and fertiliser, for a total of 100 plots. Over five 

years, 2400 pitfall traps were used to sample invertebrates as the communities 
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reassembled into the newly planted tree diversity plots and a nearby woodland 

remnant. I found that woody species presence was an important driver of invertebrate 

community reassembly, however in the first five years after planting the response to 

woody species richness and composition treatments were less predictable. The data 

from this chapter were used to inform experimental design, and as a diversity 

baseline, in chapter three. In chapter three, I conduct targeted ant species removals 

to experimentally manipulate functional trait space and reduce functional 

redundancy, then subsequently test the cascading effects of species diversity and 

functional trait effects on multifunctional performance rates. Five ant functional 

groups were established using a suite of 10 traits and species were selected for 

removal based on group membership and site-wide incidence. Colonies were 

removed using insecticide treatments. Consequent responses of ant diversity were 

recorded, and the performance of four functions (myrmecochory, granivory, plant 

protection and scavenging) measured in treatment and control zones across the site. 

The exclusion treatment resulted in significant increases to species richness and 

evenness of the remaining ant communities via immigration from the regional species 

pool. The responses of each function varied, with increases in rates of myrmecochory 

and granivory, a reduction of plant protection and no treatment effect in scavenging. 

Multiple thresholds analyses revealed an increased multifunctional dependency on 

diversity in the plots where I had excluded dominant ant species. Overall I found 

strong evidence for functional redundancy at the scale of this experiment, linked to 

treatment-driven changes to the diversity-function relationship, and experimental 

disruption of competitive exclusion by dominant ants. 

In my final data chapter, I investigate ant performed functions at a larger 

spatial scale. Along a landscape scale aridity gradient, I sampled ants in 42 woodland 
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remnants in sites subject to varying rates of rainfall decline and habitat loss, two 

important drivers of global environmental change. I used a path modelling approach 

to examine the relative partitioning of direct vs indirect pathways through which 

these treatment gradients might drive variation in functional performance rates, 

testing four hypothesized mediating pathways. I found that the strongest indirect 

paths operated through interactions between aridity and the global change drivers, 

with reductions in functional performance in more arid sites exacerbated by 

increasingly negative responses to habitat loss and rainfall decline. The primary 

pathways of effect varied between the two tested functions, with scavenging more 

dependent on a diversity-function effect and seed dispersal responding more strongly 

to variation in community weighted trait means. 

Throughout this research project I have examined, tested and described 

various aspects of diversity-function relationships. I have shown that in early 

succession the diversity of plants does not necessarily support increased diversities of 

insects. I have tested various mechanisms by which functional diversity and 

functional redundancy support ecosystem processes and functions. I have shown that 

competitive suppression by dominant species can actually reduce the potential 

functional performance rates of communities as a whole. Lastly, by expanding these 

investigations to a landscape scale I have been able to shed light on the mechanistic 

process supporting the performance of ecosystem functions across gradients in drivers 

of global environmental change. Overall, the findings contained in this thesis have 

implications for both fundamental and applied branches of ecological research, 

highlighting the importance of biodiversity and adding useful information to a 

growing body of diversity-function research. 
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General Introduction 

1.1 Biodiversity and ecosystem function in the modern 

world 

Rapid globalisation and the increased influence of humans on global 

environments have resulted in accelerating rates of biodiversity loss over the past 50 

years (Millennium Assessment 2005). Biodiversity is under threat on many fronts, 

and a recent review highlighted climate change, anthropogenic nitrogen deposition, 

habitat loss, and biotic invasions as four of the most important human-influenced 

drivers of global environmental change (GEC) in terrestrial systems (Tylianakis et al. 

2008a). The importance of these GEC drivers and their interactive effects (Dale et al. 

2001, Tylianakis et al. 2008a, Schweiger et al. 2010) presents a pressing need for the 

assessment of their influence on biodiversity. Indeed the magnitude of their effects is 

argued to be so large that we risk systems reaching a ‘tipping point’ where the 

cascading loss of species might irreversibly alter ecological functions and the 

subsequent provision of ecosystem services. To try and predict the consequences of 

these losses, an increasing amount of research has been conducted into the 

connections between biodiversity and the functioning of ecological systems (Hooper 

et al. 2005, Cardinale et al. 2006, 2009, 2012, Tilman et al. 2014). Until the early 

2000’s, a majority of this research had focused on plant species, and in particular the 

contribution of diversity to productivity and the performance of individual ecosystem 

functions in northern hemisphere grasslands (e.g. Hector et al. 1999, Tilman et al. 

2001). Recent trends have seen a push towards increasing the complexity in this 

research, looking beyond the early simplistic relationships and testing theory in 

situations that are becoming more applicable to real-world systems (Naeem et al. 
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2012). Two important steps have been to study these processes across multiple 

consumer level taxa, and in the performance of multiple functions (e.g. Houadria et 

al. 2015). However, it still holds true that only a relatively limited number of studies 

have examined higher trophic level contributions to ecosystem functioning (e.g. 

Haddad et al. 2011, Deraison et al. 2015), with even fewer actually testing functional 

rates as opposed to just assuming that there must be links between functional diversity 

and functional performance. Much of the work that has been conducted using 

consumer level taxa has used morphological trait diversity as a surrogate for 

functioning (e.g. Bihn et al. 2010), and while this work provides valuable insight into 

patterns of ‘functional potential’, it does not directly test the contribution of animal 

trait diversity to the performance of function. Currently, there is a lack of empirical 

research investigating diversity-function relationships within terrestrial ecological 

systems outside of northern hemisphere grasslands, at higher trophic levels, and 

testing the involvement of species and their traits in the performance of multiple, 

rather than singular functions.  

1.2 Diversity-function theory 

Underpinning the functioning of ecological systems and the ecosystem 

services that humans value are the ecological functions and processes that species 

perform. Biodiversity-ecosystem function research (hereafter, BD-EF) aims to predict 

how the performance of ecological processes and functions is influenced by the 

structure and species diversity of biotic communities. 

Early research in this field focused largely on the importance of biodiversity 

in the form of primary producer species richness and its contribution to net primary 

productivity (Naeem et al. 1994, Tilman 2001), or in aquatic microcosm studies 
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investigating trophic interactions (e.g. Griffin et al. 2008; reviewed in Gingold et al. 

2011). However, there has been significant debate (e.g. Huston 1997, Wardle et al. 

1999) between two differing schools of thought as to whether functional performance 

is underpinned more by aspects of simple biotic α -diversity, or the functional 

composition and attributes of the communities in question (Wardle et al. 2000). For 

example, sampling effects (or, selection probability effects) are where a community 

with high richness has a higher chance of containing high-functioning dominants 

(Wardle et al. 1999, Cardinale et al. 2006). Sampling effects were shown to be a 

strong confounding factor in much of the early experimental BD-EF work, where 

species richness gradients commonly covaried with the presence of very productive 

species (Wardle et al. 1999). Another important critique leveled at much of the early 

diversity-function research was the potential lack of ability to translate results from 

de novo field experiments to real world scenarios (Srivastava and Vellend 2005, 

Wardle 2016). Wardle (2016) went on to synthesize many of these critiques and 

suggested that it is important not to rely solely on highly-manipulated experimental 

microcosms. An important step will be to assess the differences between ‘constructed’ 

and naturally assembled communities (potentially through species removal 

experiments (Diaz et al. 2003)) and investigate the context dependency often seen in 

findings from diversity-function experiments. 

It could potentially be argued that, to some degree at least, aspects of Wardle’s 

(2016) suggestions have already started to be investigated. As the field of diversity-

function research has developed, the complexity of theory tested has increased by 

addressing a wider range of responses (Tilman et al. 2006), differing types of 

biodiversity such as phylogenetic (Cadotte et al. 2009, Dinnage et al. 2012) and 

functional trait diversity (Dıáz and Cabido 2001, de Bello et al. 2010), assessing BD-
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EF theory across changes over space, time and habitat type (e.g. Tylianakis et al. 

2008), and in the context of many concurrently performed functions (Zavaleta et al. 

2010, Maestre et al. 2012, Pasari et al. 2013, Wagg et al. 2014). The use of species 

removals, in particular, shows promise for elucidating the mechanistic basis of 

diversity-function relationships (Barbosa et al. 2016, Li et al. 2016, Pan et al. 2016). 

For example, Pan and others (2016) showed that the multifunctional consequence of 

plant functional-group removal was dependent on the dominance of the group 

removed, combined with capacity of the remaining groups to compensate. However, 

there obviously remains significant scope for further research across this entire field 

of study, further testing theory developed in constructed experiments in less 

controlled situations. 

1.3 Diversity-multifunction theory 

Recently, important steps in diversity-function research have been the early 

investigations into whether patterns identified, and theory developed, for diversity–

single function relationships still hold true when considered in context of multiple 

simultaneously performed functions (Zavaleta et al. 2010, Byrnes et al. 2014, 

Lefcheck et al. 2015). Evidence suggests that high levels of multi-functionality are 

even more dependent on biodiversity than is the case for individual functions 

(Zavaleta et al. 2010, Mouillot et al. 2011). Among others, concepts that potentially 

describe the BD-MF (Biodiversity-multifunctionality) relationship include 

complementarity (or, niche differentiation), facilitation and sampling effects, all of 

which operate under the assumption that an individual species cannot perform every 

function to the same level (Van der Plas et al. 2016). However, each of these concepts 
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is based around a different central mechanism for how they may influence and 

stabilise the BD-MF relationship (Van der Plas et al. 2016). 

Of the stabilising effects of biodiversity on function, two hypotheses that may 

be important in a multifunctional context include species level functional redundancy 

(i.e. the insurance hypothesis; Walker 1992, Yachi and Loreau 1999) and sampling 

effects. Functional redundancy in particular is commonly regarded as important for 

functional resilience when considered in a single-function context (e.g. Joner et al. 

2011), but is likely to confer very different effects for multifunctional response rates 

(Gamfeldt et al. 2013, Mori et al. 2013, 2015). For example, the degree of redundancy 

in the performance of one function may be greater or less than the redundancy for a 

different function being performed simultaneously, depending upon relative 

functional trait distributions. It is easy to envision a scenario where two species have 

traits that allow good performance of one function, and hence are functionally 

‘redundant’, but only one species has the necessary traits to also perform a second 

function. It may also be the case that high complementarity is a prerequisite for the 

performance of many functions, and multifunctionality could actually be inhibited 

where suites of functional attributes are too similar and cause high interspecific 

competition. These concepts stem from work by Gamfeldt and others (Gamfeldt et 

al. 2008), and Mori and others (2013), and has recently been synthesized and tested 

as a paradigm of ‘low multifunctional redundancy’ (Mori et al. 2015) where high 

complementarity coupled with low competition is an important driver of 

multifunctionality. 
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1.4 Multi-functionality in the context of ecological  

trade-offs  

An important consideration when assessing performance of multiple 

functions or processes is that of trade-offs. Assuming that a single species cannot 

perform each one of multiple functions equally well (due to competition and variance 

in the trait distribution that results in high levels of performance for any one function) 

the functional contribution of a highly performing species may be competitively 

reduced in very diverse systems (Zavaleta et al. 2010). Therefore, there may be trade-

offs in assemblage-level performances of multiple functions simultaneously.  

The term ‘trade-off’ is used in many different ways by the various fields of 

ecological and biological sciences. It is perhaps most commonly used in an 

evolutionary sense, where trade-offs within allocation theory are used to explain 

speciation and broader patterns of diversity. An ecological trade-off, in the context 

that I will use it, describes a pattern in which any two functions co-vary negatively at 

an assemblage level, rather than necessarily indicating a direct species level 

interaction (additionally, it is important to note that these assemblage level, 

ecological trade-offs may be driven by underlying evolutionary trade-offs). For 

example, can an ant assemblage that provides a high level of performance in seed 

dispersal simultaneously perform a high level of plant protection, or do performances 

of these multiple functions trade off against one another? Developing and refining 

this BD-MF theory may have important implications for restoration and applied 

ecology where knowledge of potential functional trade-offs could be used to direct 

management decisions.  

In the context of my research, utilising a consumer level taxon to examine the 

effects of diversity on performance rates of more than one function, it is important to 
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consider whether trade-offs are likely to be present. In order to test to test for trade-

offs, and indeed BD-EF theory in higher trophic level organisms, it is preferable to 

use a diverse and abundant taxon that performs a variety of easily measurable 

ecosystem functions. Ants (Hymenoptera: Formicidae) are present in nearly all 

ecosystems and are a conspicuous and commonly-studied group of insects 

(Hölldobler and Wilson 1990), and therefore are an ideal consumer level taxon for 

this purpose. Ecological trade-offs among the functions often performed by ants are 

likely to be common, due in part to the wide breadth of functional roles (Hölldobler 

and Wilson 1990), and the variety of other organisms with which they interact. These 

trade-offs could occur at both the intraspecific level and at the interspecific level. For 

example, at a colony level, polymorphic ants that have a variety of worker sizes might 

trade off the ability to dominate resources found in small interstitial spaces with the 

ability to harvest larger resources from greater distances across more open ground 

(sensu Gibb and Parr 2010). At an interspecific level, ants may tend sap-sucking bugs 

that are detrimental to their host plant through herbivory. However, hemipteran 

tending ants are commonly known to deter other, potentially more damaging 

herbivores (Styrsky and Eubanks 2010).  

1.5 Ants as a model consumer level taxon for testing  

BD-EF theory  

Ants fill numerous roles within an ecosystem (Folgarait 1998, Crist 2009), 

acting as predators (Gillespie and Reimer 1993, Wilder and Eubanks 2010), prey 

(Jackson and Van Olphen 1992, Pascual-Garrido et al. 2013), herbivores (Andersen 

1987, Escobar-Ramírez et al. 2012), seed dispersers (Harris and Standish 2008, 

Lengyel et al. 2010, Pascov et al. 2015), nutrient cyclers (Tan and Corlett 2012), and 
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soil engineers (Folgarait 1998, Evans et al. 2011). The breadth of roles performed by 

ants makes them a good model taxon for assessing BD-EF responses and trade-offs 

in performance of multiple, rather than singular functions. There are numerous 

reasons why ants are a good model taxon for BD-EF and BD-MF research, including; 

1) good baseline ecological knowledge, 2) easily measurable morphological and 

behavioural traits that often relate to resource use (Gibb et al. 2014), 3) ecological 

importance, performing multiple functions with broad scope for ecological trade-offs, 

and 4) their central place foraging strategy and social way of life means that studies 

of interspecific interactions and community assembly are more logistically tractable 

than with more free-roaming taxa. 

Ants have been the subject of a large body of research assessing scope for their 

use as bio-indicators, particularly in Australia (e.g. Majer 1984, Andersen and Majer 

2004). As such, there is a good understanding of the responses of ant species richness 

and composition to disturbance and habitat restoration (Hoffmann and Andersen 

2003, Gollan et al. 2011, Majer et al. 2013, Chen et al. 2014). This has led to the 

development of broad functional groupings of ants, largely at the sub-family level, 

based upon characteristics such as competitive dominance and life history (Andersen 

1995, 1997). These ‘functional groups’ simplify comparisons of biogeographic 

patterns of ant assembly and the community roles of various types of ant. The 

ecological responses of these groups are well described, and provide a commonly 

used basis for assessing links between ant diversity and function (e.g. Lomov et al. 

2009). However, the functional groups are categorical in nature and lack the 

resolution to describe trait complexes at the species level. For example, while highly 

competitive species are commonly associated with the ‘Dominant Dolichoderinae’ 

group, the significant functional variation within this subfamily is disregarded. 



 

 10 

Utilizing morphological and behavioral traits (i.e. functional traits) defined at the 

species level has many advantages over traditional taxonomic and functional group 

approaches (McGill et al. 2006). However, until recently relatively little work had 

been conducted on specific trait sets and their relationship with performance of 

function, in comparison with research utilizing Andersen’s functional groups. Over 

the past ten years the number of studies investigating functional trait ecology in ants 

has steadily grown with many studies indicating that the method yields good insight 

into patterns of spatial and temporal assembly patterns (Arnan et al. 2014, Yates et 

al. 2014, Gibb et al. 2015, Parr et al. 2016). 

An aspect of functional ecology in ants that is less often tested is the direct 

link between ant traits and function performance (but see; Gibb et al. 2014). Many 

studies operate under the implicit assumption that diversity in their selected traits 

relates to the performance of function, without actually measuring function 

explicitly. For example, one such study assessed the relationship between species 

diversity and functional trait diversity across a chrono-sequence of secondary forests 

in Brazil (Bihn et al. 2010). Bihn et al. (2010) found a strong positive relationship 

between species and functional trait diversity largely driven by the functional 

‘uniqueness’ of rare species, and concluded that the degree of redundancy buffering 

against loss of ecological function with species loss was low. More recently, 

researchers have been looking to directly test the ability of functional traits to predict 

functional performance. A good example of this can be found in Gibb et al (2014), 

who found that traits can reliably predict trophic position and habitat use (with some 

caveats). Further work elucidating the actual effect on function in such situations is 

critical for validating the functional trait approach and conclusions that can be drawn 

from patterns in traits diversity across gradients.  
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As traits can be used to link both responses to drivers and consequent effects 

on diversity or function (Díaz et al. 2013), a functional trait approach has numerous 

advantages when seeking to establish the mechanistic basis for functional 

performance responses to environmental treatment drivers. In ants for example, a 

large body size has been shown to be advantageous for seed dispersal distances (Ness 

et al. 2004), and through variation in eco-physiological tolerance, might also be 

beneficial for an ant’s ability to cope with disturbance (Senior et al. 2013). 

Conversely, ants that are specialist predators are often smaller bodied (Silva and 

Brandão 2010), and if indeed a smaller body size places these predaceous ants at 

greater risk in disturbed areas (through desiccation, or heat stress), the functions 

associated with specialized predation (such as the predation of Collembola) will be 

more at risk.  

The social aspect of ants and the caste structure of their colonies also make 

them an interesting focal taxon for this study. Ants can have a wide range and 

distribution of physical traits within one colony (or reproductive unit), particularly in 

dimorphic and polymorphic species (Hölldobler and Wilson 1990). This can lead to 

a broad variance in morphological traits within a single species, and possibly the 

capability to perform multiple functions with equal success. Functional diversity can 

lead to increased ecological function even when species richness does not (Cadotte 

et al. 2011), and intraspecific variation in ants may be an example of this. Therefore, 

it may be possible for systems with even relatively low ant species diversity to 

maintain high levels of function, albeit with very low redundancy.  
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1.6 Study region 

The work presented within this thesis was conducted in the Western Australia 

wheat belt, a 150,000 km2 region of agricultural land that has experienced over 93% 

land clearing. The wheat belt has a Mediterranean climate with hot dry summers and 

mild wet winters, and receives between 250 mm (in the north east) and 700 mm (in 

the south west) rainfall per year. The work carried out for chapters two and three was 

conducted at a University of Western Australia owned farm, ‘Ridgefield’, near the 

western margin of the wheat belt. Part of the Ridgefield farm has been set aside for 

use as a tree diversity experiment, which is described in detail in chapter 2. 

1.7 Thesis structure 

This thesis is set out following the formatting and structure guidelines 

provided by the Graduate Research School of the University of Western Australia. I 

present this thesis as a series of three research papers, each formatted as a stand-alone 

piece of work except for the use of a thesis-wide consolidated reference list. A fifth 

chapter following the main body of research synthesizes the findings of the study, 

establishing its context and significance. Chapters 2, 3 and 4 each contain an abstract, 

introduction, methods, results, and discussion.  

1.8 Key research questions and thesis outline 

Throughout this thesis I investigate the patterns and mechanisms involved in 

the relationship between the species and functional diversity of ants and their 

performance of ecological functions. Specifically, I address the following questions 

relating to ants and ecosystem function in the Western Australia wheat belt:  
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1) How do ant assemblages respond to experimental plantings of differing 

woodland plant species richness through space and time? 

2) Does the performance of single and multiple ecosystem functions depend 

on the diversity of the communities performing them? 

3) Is there redundancy in ant functional diversity and does it support 

ecosystem multifunctional performance across disturbance gradients? 

4) Is there scale-dependence in the relationship between species richness, 

functional redundancy and functional performance? 

For the second chapter of this thesis, addressing question one, I conducted an 

extensive survey of the invertebrate community at the University of Western 

Australia Ridgefield tree diversity experiment. The second aim of this chapter was to 

utilise the experimental nature of the Ridgefield tree diversity experiment to test for 

the effects of tree diversity and composition on the successional reassembly 

trajectories of ants and other invertebrates. Sampling was carried out using 400 pitfall 

traps per year (over five years) in the tree diversity plots, and an additional 20 pitfall 

traps in a local woodland remnant. An important test of potential mechanisms 

driving the bottom-up maintenance of diversity, this is among the first studies of its 

kind linking the diversity of woody plant species to the diversity of invertebrate 

consumer taxa in an experimental framework.  This piece of work aimed to inform 

both basic and applied fields of ecology research, and will in the future become part 

of a wider dataset assessing the contribution of woody species diversity to the 

provision of ecological services to humanity. 

In chapter three, I used the knowledge of ant community diversity and 

composition at Ridgefield gained in chapter two to design an exclusion experiment 
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manipulating the diversity of the ant community and testing for subsequent treatment 

effects on ecological functioning. The three primary methods of studying the effect 

of biodiversity on ecological functioning are the investigation of correlative patterns 

in natural systems, the use of synthetic assemblages and manipulating diversity of 

natural systems through species addition or removal (Diaz et al. 2003). Outside of 

micro-, or perhaps mesocosm scale experiments, the options for creating synthetic 

assemblages in consumer trophic levels are limited. Much of the work at larger spatial 

scales conducted in this field to date has used observational data gleaned across 

environmental gradients in natural systems, but determining the mechanisms behind 

the diversity–function relationship is inherently limited using correlative 

observations, and requires experimental manipulation of numerically-, or 

functionally-dominant species. I used a functional trait approach to establish groups 

of ant species that were functionally similar, and then used these groupings to select 

species for removal, with the intention of suppressing the dominant member of each 

group. I then tested to see whether the community level performance of multiple 

ecological functions was resilient to the loss of these species due to functional 

redundancy of species within each functional group. The research conducted for this 

chapter is novel on multiple levels, testing for diversity–multi-function relationships 

in consumer trophic level taxa in a terrestrial context. By applying new statistical 

techniques, I have been able to show that ant diversity and functional redundancy at 

a local scale can drive rates of multifunctional performance.  

In chapter four, I used a series of 42 sites established across the wider Western 

Australia wheat belt region to investigate the responses of diversity-function 

relationships to human induced drivers of global change, in particular rainfall decline 

and habitat loss. The relationship between diversity and function observed in chapter 
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three implies that loss of species (or increasing dominance of disturbance tolerant 

species), due to global change could have a major effect on ecological functioning. 

Specifically, I used a path model approach to test the relative importance of four 

hypothetical mechanisms supporting the rate of two ant performed ecosystem 

functions across gradients of aridity, rainfall decline, and habitat loss. The four 

hypothetical mechanisms include a neutral path which hypothesizes that diversity 

does not matter and function is purely dependent on the biomass of ants (irrespective 

of their identities), combined with potential paths of effect testing for responses to 

species diversity, functional complementarity and community-weighted trait means. 

These mechanisms specifically shed light on the components of biological diversity 

that theory suggests are important for sustaining ecosystem functioning by ants, and 

provide information that is both useful and relevant for applied and fundamental 

ecological fields of study. I found that the strongest indirect paths operated through 

interactions between aridity and the global change drivers, with reductions in 

functional performance in more arid sites exacerbated by increasingly negative 

responses to habitat loss and rainfall decline. The primary pathways of effect varied 

between the two tested functions. Rates of scavenging performance were predicted 

more by variation in species richness (shifts in diversity-function relationships), 

whereas seed dispersal performance was better explained by variation in community 

weighted trait means. 

In chapter five I summarize the previous three chapters and synthesise the 

findings in the context of current diversity-function research. I also discuss the 

implications for fundamental ecological research, potential for future research, and 

applications in restoration and conservation. 
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Taken together, this body of work aims to make a significant contribution to 

diversity-function research, testing theory using consumer level taxa and in the 

performance of multiple rather than singular functions. I shed new light on the 

relationships between various components of biodiversity and the mechanisms 

through which the performance of ecosystem functioning occurs. Importantly, I 

show the overarching importance of maintaining biological diversity, and highlight 

the functional consequences of species loss for the ecosystem services on which 

human livelihoods depend.  
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Chapter 2 

Woody plant richness does not influence 

invertebrate community reassembly trajectories 

in a tree diversity experiment 
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Woody plant richness does not influence 

invertebrate community reassembly trajectories 

in a tree diversity experiment 

2.1 Abstract 

Understanding the relationship between plant diversity and diversity at higher 

trophic levels is important from both conservation and restoration perspectives. 

Although there is strong evidence for bottom-up maintenance of biodiversity, this is 

based largely on studies of simplified grassland systems. Recently, studies in the 

‘TreeDivNet’ global network of tree diversity experiments have begun to test whether 

these findings are generalizable to more complex ecosystems, such as woodlands. 

We monitored invertebrate community reassembly over 5 years of experimental 

woodland restoration at the TreeDivNet ‘Ridgefield’ site in southwest Australia, 

testing the effects of woody plant species richness and herb-layer manipulation on 

invertebrate community structure and ant species composition. From 2010 to 2014 

we sampled ground-dwelling invertebrates using pitfall traps in herbicide vs no-

herbicide subplots nested within each of 10 woody plant treatments varying in 

richness from 0 (bare controls) to 8 species, which produced a total of 211,235 

invertebrates, including 98,979 ants belonging to 74 species. In mixed model 

analyses, the presence of woody plants was an important driver of faunal community 

reassembly (relative to bare control plots), but faunal responses to woody plant 

treatment combinations were idiosyncratic and unrelated to woody plant richness 

across treatments. We also found that a herbicide-induced reduction in herbaceous 

plant cover and richness had a positive effect on ant richness and caused more rapid 
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convergence of invertebrate community composition toward the composition of a 

woodland reference site. These findings show that woody plant richness did not have 

direct positive effects on the diversity and community reassembly trajectories of 

higher trophic levels in our woodland system. From a management perspective, this 

suggests that even low-diversity restoration or carbon sequestration plantings can 

potentially lead to faunal reassembly outcomes that are comparable to more complex 

re-planting designs. 

2.2  Introduction 

Global biodiversity loss has led to an upsurge in research linking biological 

diversity and ecosystem functioning (BEF). The dependence of functional outcomes, 

such as ecosystem productivity and stability, on biodiversity is now well-

demonstrated across a range of systems (Hooper et al. 2005, Naeem et al. 2012). In 

light of this knowledge, it is vital that we understand the processes that promote and 

maintain biological diversity, to allow us to better develop practices to conserve and 

restore stable, functioning ecosystems (Cardinale et al. 2012). 

The importance of bottom-up processes in the maintenance of terrestrial 

biodiversity (i.e. those effects that cascade from lower to higher trophic levels) has 

been widely demonstrated (Knops et al. 1999, Haddad et al. 2009), but with a strong 

bias toward studies in northern hemisphere grasslands (Symstad et al. 2000, Haddad 

et al. 2001, Ebeling et al. 2014). These studies have largely concentrated on the effects 

of herbaceous plant taxonomic richness (Ebeling et al. 2014), functional diversity 

(Haddad et al. 2001), and phylogenetic diversity (Dinnage et al. 2012) on arthropod 

diversity. Other studies have built on these findings to include the responses of higher 

trophic level consumers to grassland plant diversity (Siemann et al. 1998, Haddad et 
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al. 2009) and potential cascading effects across species interaction networks (Scherber 

et al. 2010). Typically, these have exhibited similar, but weaker relationships than 

observed for primary producer diversity. However, a key limitation in interpreting 

these findings is that there has been comparatively little research investigating 

whether the conclusions from experimental grassland systems hold true for forest and 

woodland systems as well, which is especially relevant given the magnitude of global 

forest loss (Crowther et al. 2015).  

The few studies that have been conducted in woodland systems have tended 

to find a relatively weak positive correlation between plant and consumer diversity 

(Sobek et al. 2009a, Scherber et al. 2014). Broadly, then, this might suggest that 

similar mechanisms operate in both grassland and woodland systems, with an 

increase in such factors as resource niche dimensions and structural heterogeneity 

leading to a bottom-up increase in herbivore diversity (Hutchinson 1959). For 

instance, in European forests Sobek, Scherber, et al. (2009b) found that temporal 

patterns of resource availability were broader in more diverse, heterogeneous 

assemblages, leading to a higher diversity of true bugs. Moreover, there is potential 

for cascading bottom-up effects of woody plant diversity on the diversity of higher-

level consumers, such as predatory ants (Staab et al. 2014), in at least some systems.  

However, it can be difficult to disentangle the drivers of faunal responses in 

studies that focus on correlative spatial gradients in diversity across natural systems 

(Sobek et al. 2009a, Gunawardene et al. 2012, Staab et al. 2014). For example, 

Scherber et al. (2014) found that Diptera responded to tree cover, not tree richness, 

across a tree diversity gradient in Germany, noting that the observational nature of 

their study meant it was difficult to infer causality between multiple drivers. It is likely 

that this problem will be even more challenging to overcome when studying bottom-
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up diversity effects in woodlands, compared to purely herbaceous systems, because 

woody species typically make up a relatively small proportion of total plant diversity 

in forests (Gilliam 2007), yet dominate forest biomass and vegetation structure, and 

indirectly influence understory vegetation where the majority of plant diversity 

occurs (at least in temperate regions; Ampoorter et al. 2015). For instance, woody 

overstory species can facilitate increases in understory plant diversity through altered 

microclimate and soil temperature, while at the same time competing for light, 

nutrients and water availability (Messier et al. 1998). This means that woody species 

diversity is likely to have both direct effects on the diversity of higher trophic levels 

(Sobek et al. 2009a), as well as indirect effects mediated by their influences on the 

herb layer (Scherber et al. 2014). 

To address the inherent limitations on teasing out plant richness effects from 

correlative data, a network of tree diversity experiments, ‘TreeDivNet’, has been 

established to directly manipulate woody species richness under controlled 

conditions (Verheyen et al. 2015). With the maturation of woody species across this 

network of experiments, results of research testing whether higher plant diversity 

begets higher consumer diversity are emerging (e.g. Staab et al. 2015). Some of these 

studies have focused on the diversity responses of primary consumers (e.g. Haase et 

al. 2015), and there is significant scope for testing cascading bottom-up influences on 

the diversity and composition of higher-level consumers. For instance, recent 

findings from the BEF-China experiment suggest that bottom-up diversity effects 

operate across multiple trophic levels (Staab et al. 2015). Surprisingly, though, the 

tendency in these studies is to take a snap-shot of spatial variation in woody plant 

diversity effects at one point in time, even though there is a large potential for effects 

to vary temporally with stage of growth and community assembly.  
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Here, we utilise a tree diversity experiment in southwest Australia to test if 

the presence, diversity, and composition of woody species have bottom-up effects on 

the diversity of higher trophic level consumers in woodland systems, whether in the 

presence or absence of an experimentally manipulated weedy herbaceous layer. For 

the first time, we also test temporal variation in these effects over five years of 

invertebrate colonization and community succession (i.e. reassembly ‘trajectories’ of 

invertebrate communities as they become progressively more similar to the 

communities typical of a nearby reference woodland site) at the ‘Ridgefield’ 

TreeDivNet experiment (Perring et al. 2012). We address three questions that are 

fundamental to an improved understanding of bottom-up drivers of biodiversity in 

woodland and forest ecosystems: (1) Does increasing woody plant diversity have a 

cascading bottom-up effect on the composition and diversity of higher-level 

consumers? (2) Does removal of a complex herbaceous understory have negative 

effects on the diversity and composition of higher-level consumers? (3) Does 

increasing woody plant diversity positively influence invertebrate community 

reassembly trajectories? 

2.3  Methods 

2.3.1 Experimental design 

This study was conducted at the Ridgefield woody plant diversity experiment 

(Perring et al. 2012), which was established to investigate the relative contributions 

of woody plant species and functional richness to the restoration of multiple 

ecosystem services. The experiment was set up on the University of Western 

Australia’s Future Farm, approximately 130 km SE of Perth (elevation 350 m). The 
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site is located on the western margins of the Western Australian wheat belt, a 150,000 

km2 region of agricultural land which has experienced over 93% land clearing since 

the settlement of Western Australia. The site has a Mediterranean-type climate, with 

a mean annual rainfall of 445 mm that falls primarily in winter, a mean summer daily 

maximum temperature of 31.8 °C, and a mean winter daily minimum temperature 

of 5.9 °C (Perring et al. 2012). 

 

Figure 2.1. An aerial photograph of the western side of the Ridgefield tree diversity 
experiment in September 2014.  

The experimental design at Ridgefield consists of nine woody species treatments and 

one unplanted control treatment, with each treatment replicated ten times, blocked 

by soil characteristics and site aspect, for a total of 100 plots of 21 ´ 23 m (for this 
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study we used only the plots established on previously grazed land, not the 

‘previously-cropped’ plots; see Perring et al. 2012). An aerial photograph of the site 

is provided in figure 2.1. Eight woody species were planted: two eucalypt trees (York 

gum, Eucalyptus loxophleba ssp. loxophleba, and brown mallet, Eucalyptus astringens), 

two myrtaceous shrubs (Callistemon phoeniceus and Calothamnus quadrifidus), two 

proteaceous shrubs (Hakea lissocarpha and Banksia sessilis), and two fabaceous shrubs 

(Acacia microbotrya and Acacia acuminata). These were planted into the following 

treatments: 1) York gum only, 2) eucalypt trees, 3) eucalypt trees plus myrtaceous 

shrubs, 4) eucalypt trees plus proteaceous shrubs, 5) eucalypt trees plus fabaceous 

shrubs, 6) eucalypt trees plus myrtaceous and proteaceous shrubs, 7) eucalypt trees 

plus myrtaceous and fabaceous shrubs, 8) eucalypt trees plus proteaceous and 

fabaceous shrubs, 9) all species, and 10) unplanted control. The site was ripped to a 

depth of 30 cm and pre-treated with a site-wide herbicide application in 2010. A total 

of 110 seedlings were planted in each of 90 woody plant treatment plots in August 

2010, with the distribution of tree species detailed in Perring et al. (2012) and the 10 

bare control plots remaining unplanted. For further details regarding the 

experimental design and overarching goals of the Ridgefield woody plant diversity 

experiment, see Perring et al. (2012). 

2.3.1.1 SUB-PLOT LEVEL TREATMENTS 

A two by two factorial split-plot level treatment combination of herbicide 

application and nitrogen addition was also included in plot quarters. Herbicide 

application at the sub plot level allowed us to measure the influence of woody species 

without potential mediating effects of a herbaceous understory. Glyphosate herbicide 

was applied on average twice per year to herbicide-treated quarters, with additional 
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spot spraying of herbaceous plants (predominantly non-native weed species) as 

required (Perring et al. 2012). Herbicide treatment greatly reduced both understory 

cover (80.5 ± 21.1 % in control vs 9.7 ± 13.2 % in treatment) and species richness 

(10.8 ± 2.9 in control vs 3.9 ± 3.4 in treatment). The subplot level nitrogen addition 

treatment used ammonium nitrate at an application rate of 10kg ha-1 yr-1, a potential 

threshold at which various ecosystem functions might be affected (e.g. primary 

productivity; Bobbink et al. 2010). 

2.3.1.2 WOODLAND REFERENCE SITE 

We sampled invertebrate communities in a remnant she-oak (Casuarina 

sp.)/eucalypt woodland as a reference site to compare against the reassembly 

trajectories of invertebrate communities in the treatment plots. We selected the 

woodland site that was the closest likely source of dispersing invertebrates, including 

ant propagules, located approximately 100 m up-slope from the eastern side of the 

tree diversity plots. Our qualitative initial surveys suggested it was representative of 

the vegetation and condition of remnant woodlands in the region. Woody species 

composition did somewhat differ from the experimental plots, with a higher 

proportion of Acacia sp. and a lower proportion of eucalypts. We make no inference 

or assumption about whether this reference site represents the final ‘end-point’ of 

succession for invertebrate communities in the experimental plots, but we use it as 

the best available proxy for local woodland conditions. Five equivalent-sized plot 

areas (21 ´ 23 m) were randomly located in the woodland, with sampling points at 

the centre of each plot quarter.  

2.3.1.3 INVERTEBRATE SAMPLING 
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Invertebrate sampling was conducted using pitfall traps set in late spring 

(November) each year between 2010 and 2014. A 10 cm length of 67 mm internal 

diameter PVC pipe was dug into place between two York gum trees in the center of 

each plot quarter, in October 2010 (see Figure 2.2). The use of a sleeve for pitfall trap 

placement ensured the consistent location of the trap, and minimized any ‘digging-

in’ effect during each sampling period. Pitfall traps consisted of a plastic cup of 69 

mm diameter and 62 mm depth. Empty pitfall cups with lids were set flush to ground 

level with minimal soil disturbance. After seven days, lids were removed and the cups 

filled with 50 ml of a pre-mixed 50:50 solution of filtered water and propylene glycol. 

A drop of unscented detergent was added to each 5 liter container of the premixed 

solution to reduce surface tension. The traps were collected after a further seven days, 

and the samples were washed through a 125 µm sieve before being stored in 70% 

ethanol at 4 ºC.  

All samples were sorted to invertebrate Class, Order and a nominal ‘higher 

taxa’ level. We utilised the same higher taxon approach as Didham et al. (2009). This 

approach allows for further division of Order level taxa by developmental stage, Sub-

Order and Family, providing higher resolution with minimal requirements for 

specific taxonomic expertise during sorting. We did not count or analyse data for 

Acari or Collembola due to their extremely high abundances (often exceeding 20,000 

individuals per trap in 2010 and 2011). We elected to use ants (Hymenoptera: 

Formicidae) at a finer taxonomic resolution as their high local diversity and relatively 

stable spatial dynamics (being colonial animals) makes them ideally suited to 

studying patterns of biodiversity at relatively small spatial scales (Agosti et al. 2000). 

A specialist taxonomist confirmed ant species identifications and morphospecies 
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delimitation, and a voucher collection has been lodged at the Western Australian 

Museum. 

2.3.2  Statistical Analysis 

We pooled data from the nitrogen addition and nitrogen control subplots after 

preliminary analyses (likelihood ratio tests on a series of generalized linear mixed 

models for ant abundance and richness; Supplement 2.6.1: Table S2.1) showed that 

the nitrogen treatment did not improve model fit. In order to maintain equivalent 

sample sizes for sub-plot level comparisons with the woodland reference site, the four 

traps from each woodland remnant plot were also randomly pooled into two groups 

of two traps. This pooling resulted in a five-year total of 50 samples from the 

woodland reference site (2 samples per plot, with 5 plots per year over 5 years), and 

an expected 1000 samples from the tree diversity plots (2 samples per plot, 10 plots 

per block, 10 blocks over 5 years). However, 64 samples were discarded from 2014 

because of the potential influence of an ant colony exclusion experiment conducted 

at three locations within the plot network. To avoid these manipulations 

compromising our dataset, we established a 40-m radius ‘zone of influence’ around 

each manipulated colony based on observed foraging distances of the manipulated 

species. All traps within this distance were excluded from the dataset for the final 

sampling year, resulting in 136 pitfall samples in 2014, rather than a full 200.  

2.3.2.1 RESPONSE VARIABLES 

We compared reassembly trajectories of higher taxa by calculating changes in 

community similarity to the reference woodland through time, using the Morisita-

Horn index on square root transformed abundance data (after excluding ants). The 
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Morisita-Horn index has a lower weighting for rare species, which makes it ideal for 

investigating dissimilarity in the more dominant, and potentially functionally 

important, members of a community (Magurran and McGill 2011). We then 

visualised the trajectory of change in community similarity to the reference woodland 

site using non-metric multidimensional scaling (NMDS) calculated with 999 random 

starts, in the R package ‘vegan’ (www.cran.r-project.org/package=vegan). 

 

Figure 2.2. Photograph of a pitfall trap in a herbicide treated plot quarter, being 
filled with 50 ml of preservative. 
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For ants, we calculated measures of richness, abundance and evenness across 

treatments, and used the Sorensen index (presence/absence) as a measure of 

community similarity to the reference woodland. Presence/absence is often preferred 

over abundance for ant communities sampled with pitfall traps as abundances can be 

spuriously inflated if a trap is located near an ant colony. Dissimilarity 

(presence/absence) among samples was then visualised using NMDS, using the same 

method described above for the higher taxa ordination. Ant species evenness was 

calculated by decomposing Hulbert’s Probability of Interspecific Encounter (PIE) 

into its evenness component, via conversion to effective number of species (ENS) 

(Jost 2006), prior to dividing by ant species richness. ENS represents the number of 

equally abundant species that would be required to attain the same PIE value as was 

achieved for each community (Chase and Knight 2013), and by dividing this value 

by richness we isolate the evenness-only component of diversity. To further 

investigate variation in responses across functionally different components of the ant 

communities, we used a trait-based approach to establish trait functional groupings 

of species based on nine traits related to environmental use and resource acquisition 

strategies (as described in Supplement 2.6.2).  

2.3.2.2 MODEL FITTING  

We tested the effects of time since planting, woody species treatment, and 

herbicide application on five response variables (the similarity of higher taxon 

composition to the reference woodland, ant species richness, ant abundance, ant 

evenness, and ant community similarity to the reference woodland) using separate 

generalized linear mixed models (GLMMs) in the lme4 package (Bates et al. 2015) 

in R version 3.2.0 (R Development Core Team 2015). In addition to the treatment 
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predictors, we used an additional covariate for ‘treatment divergence’ in all models. 

We required the treatment divergence covariate because not all woody plants 

survived throughout the experiment, and woody plant death was uneven across plots, 

which may have influenced microclimate, resource distribution and invertebrate 

responses. The number of individual tree deaths of each species was recorded for 

each plot (in each year), and this was converted to a community-wide measure of 

compositional divergence from the original woody plant treatment composition 

using a Bray-Curtis measure of dissimilarity. In the ant species richness model we 

used a covariate of ant abundance to account for any changes in richness that could 

be attributed to changes in sample abundance. Random intercepts were included for 

block and for plot nested within block to account for non-independence within the 

experimental design. A random slope for year was used to account for longitudinal 

repeated measures within plots.  

Models were fitted using a Poisson error distribution for ant richness and 

abundance, while Gaussian errors were used to model all other responses. Where a 

continuous response variable was bounded by zero and one (i.e. for community 

similarity and evenness responses) a logit transformation was used to meet model 

assumptions (Warton and Hui 2011). Continuous predictor variables were centered 

and scaled by two standard deviations to ensure unbiased comparison of model 

predictors measured on different unit scales (Gelman 2008). We inspected Gaussian 

model residuals for violations of normality and homoscedasticity, and Poisson model 

residuals for over-dispersion. Where required, we addressed over-dispersion of 

residuals using an observation level random effect (Harrison 2014). Data inspection 

revealed that responses were not necessarily linear through time, so we tested all 

models for non-linearity using likelihood ratio tests between models with and without 



 

 31 

a second-order polynomial term for year. Model simplification of global models was 

carried out using Akaike’s information criterion (AIC) to compare models with all 

possible subsets of fixed predictors. The model with the smallest number of 

parameters within 2.0 rAIC of the top model was selected as the best model (Arnold 

2010). We assessed raw responses and model residuals for spatial autocorrelation 

using Moran’s I, calculated with the ‘ncf’ package in R (Supplement 2.6.3: Figure 

S2.3). Final estimates of model fit were calculated as marginal R2
glmm (for fixed effects 

only) and conditional R2
glmm (for fixed plus random effects) using the approach of 

Nakagawa and Schielzeth (2013). 

2.4 Results 

Over the five years of the study 211,235 invertebrates were captured 

(excluding Acari and Collembola), with 206,669 individuals from the 936 samples 

taken in the experimental plots and 4,566 from the 50 samples in the woodland 

remnant. The most abundant taxa were Formicidae (47%), followed by Diptera 

adults (13%), Araneae (8%), Coleoptera adults (7%) and Thysanoptera (7%). A total 

of 98,979 ants were captured in experimental plots and 1,492 in the woodland 

remnant (99,671 in total). Overall, 60 ant species were detected in experimental plots, 

with 31 of these species plus a further 14 unique species found in woodland reference 

plots, giving a total of 74 species across all samples (see Supplement 2.6.4 for species 

accumulation curves of the tree diversity plots and woodland reference site, and 

Supplement 2.6.7: Table S2.2 and Table S2.3, for details of species captured).  
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Table 2.1. Parameter estimates from GLMMs fitting responses of ‘higher taxa’ and 
ant community similarity to woodland, as well as ant species richness, abundance 
and evenness against our experimental variables. The intercept is the non-herbicide 
quarter of woody control treatment at mean centered position of the year effect. 
Parameter estimates with 95% confidence intervals that do not overlap zero are in 
bold. See Nakagawa and Schielzeth (2013) for details on PCV. 
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2.4.1 Higher taxa responses 

Community composition of the 35 higher taxa changed substantially through 

time (Figure 2.3a), and temporal trajectories were not consistent across all treatments 

(Table 2.1, Figure 2). Instead, there were strong interaction effects between year and 

woody species treatment, and between year and herbicide treatment (Table 2.1). 

Compositional reassembly trajectories were clearly not linear through time, with 

best-fit models having strong polynomial trends (Figure 2.4). Compositional 

similarity of herbicide plots converged rapidly on woodland reference plots, whereas 

the no-herbicide controls initially started on a similar trajectory but increasingly 

diverged in composition in later years (Figure 2.3a). This manifested as strong effect 

sizes for the positive interactions between both year and herbicide (mean ± SE: 0.29 

± 0.04), and year squared and herbicide (0.36 ± 0.11), with the strength of the 

nonlinear relationship being moderated by woody species treatment (Table 2.1, 

Figure 2.4). 

2.4.2 Ant species richness, abundance and evenness responses 

The best fit models (Supplement 2.6.5) for ant species richness (R2
GLMM(m) = 

46.7, R2
GLMM(c) = 46.7) and ant abundance (R2

GLMM(m) = 42.5, R2
GLMM(c) = 51.4) 

included woody species treatment and indicated a positive effect of trees compared 

to unplanted controls (Table 2.1, Figure 2.5). However, responses to treatments were 

highly variable and there was no identifiable tree treatment differentiation in relation 

to tree species richness driving these effects. The smallest effect size was seen in the 

trees + proteacous shrub treatment for both ant richness (0.13 ± 0.06) and ant 

abundance (0.23 ± 0.13), while the largest effect was in trees + fabaceous shrubs for 

ant richness (0.22 ± 0.05) and eucalypt-only trees for ant abundance (0.47 ± 0.12). 
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The woody species treatment parameter was dropped from the final model when 

testing its effects on ant community evenness. 

 

Figure 2.3. Non-metric multidimensional scaling of a) invertebrate ‘higher taxa’, 
and b) ant species communities, by year and herbicide treatment. Dashed ellipses 
show each annual sampling in the restoration plots, with points representing the 
mean of 10 replicate community samples from each woody plant treatment. The 
solid line ellipse shows the woodland reference site, with pooled samples for each 
year. Arrows illustrate temporal trajectories. Error bars show standard error of 
the mean. Ellipses show 95% CI. 
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The herbicide treatment parameter was retained in all final models, and had 

a strong positive effect on ant abundance (0.25 ± 0.05) and, to a lesser extent, on ant 

species richness (0.09 ± 0.02), but no detectable effect on ant species evenness (-0.03 

± 0.05). As in higher taxa models, herbicide treatment effects on ant abundance was 

temporally inconsistent, instead showing a significant time:herbicide interaction 

(0.47 ± 0.10), with the herbicide effect increasing in later years of the study. We 

confirmed this temporal effect was not a spurious artefact of differences in herbicide 

effectiveness through time, by comparing the absolute difference in ant captures 

between herbicide and no-herbicide subplots against the absolute difference in 

percent herbaceous cover in the same subplots, across all years (Supplement 2.6.6). 

Temporal differences in the magnitude of the herbicide effect on ant abundance were 

unrelated to differences in the magnitude of the herbicide effect on absolute plant 

cover (Supplement 2.6.6: Figure S2.5).  

Time since planting had a strong positive effect on ant richness (0.57 ± 0.03) 

and abundance (1.29 ± 0.10), but a negative effect on ant species evenness (-0.74 ± 

0.06). Over the five years of the study, average (model-predicted) values for ant 

species richness increased from 4.9 (± 0.23) to 11.3 (± 0.48) per sample for no-

herbicide control, and from 5.4 (± 0.25) to 12.4 (± 0.53) for herbicide treated quarters. 

Ant abundance showed a similar pattern, with abundance increasing from 22.0 (± 

3.0) to 146.4 (± 19.7) ants per sample in no-herbicide control quarters, and 20.5 (± 

2.8) and 274.0 (± 36.9) in herbicide treated quarters. These increases occurred with a 

corresponding decrease in ant species evenness over the five years, indicating 

increasing disparity in levels of dominance and rarity across the communities.  
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2.4.3 Ant community compositional responses 

Variation in ant community composition was best modeled by time since 

planting, herbicide treatment, and their two-way interaction (R2
GLMM(m) = 20.0, 

R2
GLMM(c) = 22.3). Time since planting had a small positive effect on ant community 

similarity to the reference woodland (0.07 ± 0.01) that was partly moderated by a 

weak negative interaction with herbicide application  

(-0.03 ± 0.01) (Figure 2.3b). Interestingly, the direction of the time by herbicide 

interaction effect on community similarity was reversed compared to the response of 

ant abundance to herbicide treatment, resulting in the herbicide treated quarters being 

on a shallower reassembly trajectory than that seen in the no-herbicide control 

quarters (Figure 2.5). 

2.4.4 Differing trajectories of functional groups 

Five functional groups, based on variation in traits related to differential 

habitat use and resource acquisition strategies (Supplement 2.6.2: Figure S2.1), 

showed strong temporal shifts in relative abundances through time (Supplement 

2.6.2: Figure S2.2). The principal shift was from a dominance of functional group 5 

(Pheidole species) in early years, to a dominance of functional group 3 (Iridomyrmex 

species) in later years. Captures of functional group 2 (Melophorus and Camponotus 

species), and 4 (small generalist species; Monomorium spp., Doleromyrma sp. and 

Tapinoma spp.), remained relatively stable throughout the experiment. 
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2.5 Discussion 

One of the central pillars of the conservation and restoration ethos is that 

‘diversity begets diversity’, such that the maintenance or restoration of diverse plant 

assemblages will accrue collateral benefits in the assembly of diverse faunal 

communities (e.g. Palmer et al. 1997). Here, we present findings of one of the first 

studies utilizing a woody-species biodiversity experiment to investigate bottom-up 

diversity effects across higher-level consumers (see also; Staab et al. 2015, 2016). In 

this system, we found a clear, strong effect of the presence of woody plants on various 

measures of invertebrate diversity, but no evidence of a bottom-up diversity effect. 

Moreover, herbicide application to experimentally reduce understory weed cover and 

richness had strong positive effects on the rate at which ant and invertebrate species 

composition became more similar to the woodland reference site, a result that is 

counter to what might be expected in the context of bottom-up diversity drivers. 

Taken together, these results suggest a lack of bottom-up diversity effects in our 

system, which has implications spanning both basic and applied ecology. 

2.5.1 Woody plant presence promotes invertebrate diversity 

We found that the presence of woody plants, irrespective of their species 

identity, diversity or composition, had a strong positive effect on invertebrate 

communities. Over five years, the establishment of woody plants in the experimental 

plots led to the reassembly of invertebrate communities of (generally) increasing 

similarity to our woodland reference site. The trajectory of reassembly was more 

rapid for invertebrate higher taxa than for ant species assemblages, potentially due to 

the coarser level of resolution of the higher taxon data and limited ability to 

discriminate species turnover within such broad groupings. Although our study did 
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not aim to establish the mechanism(s) behind the woody species effect on invertebrate 

community change, it is likely to occur through increases in resource and habitat 

niche dimensionality (Hutchinson 1959), and increasing ecosystem productivity 

leading to ‘more individuals’ (Srivastava and Lawton 1998). Woody species add both 

vertical and horizontal structure on different scales to herbaceous species, produce 

slow decomposing litter, and increase shading (Messier et al. 1998). Through these 

and other processes, woody species can alter the abiotic conditions of their immediate 

surroundings, changing understory light availability, altering soil temperatures, and 

capturing litter moisture. Our findings were consistent with studies investigating the 

ecological value of woody species presence, such as those that promote the 

conservation benefits of planting monocultures of plantation timber (e.g. Brockerhoff 

et al. 2008). Timber plantations have been shown to support increased diversity of 

higher-level consumers when compared to the surrounding agricultural matrix 

(Cunningham et al. 2005), but typically with a distinct species composition (and often 

with lower abundances) relative to that of remnant vegetation in the region (Irwin et 

al. 2014). We identified a pattern of increasing higher taxa similarity to the woodland 

between 2010 and 2012, which subsequently decreased in later years as the 

invertebrate community appeared to diverge on a differing successional trajectory. 

Potentially such a pattern could indicate that the woodland was the source of early 

colonizers of the experiment, but as the trees in the experimental plots matured, 

differences in floral composition between the experimental site and the reference 

woodland became larger, and successful later colonists may have arrived from other 

source localities.  
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2.5.2 Woody plant diversity does not influence invertebrate 

diversity 

Bottom-up diversity effects driven by woody species appeared to have little 

role in shaping the diversity and composition of invertebrate communities during the 

early stages of habitat restoration. Differences in diversity and compositional 

responses detected among woody species treatments were idiosyncratic, showing no 

consistent evidence of tree species-identity, composition, or diversity effects. While 

we found some consistencies in the magnitude of effects for particular tree treatments 

(e.g. trees + fabaceous shrubs), we found no evidence of a true bottom-up diversity 

effect where increased woody species diversity drives ant diversity. Importantly, this 

lack of effect was evident over the full 5 years of this experiment, with no evidence 

for any interaction between diversity treatment and time since planting. This is 

perhaps surprising, given the strong observational and experimental evidence for 

grassland diversity effects on invertebrates and the fact that forest plant diversity has 

been found to be a good predictor of invertebrate community diversity and functional 

performance, at least in some studies (Riihimäki et al. 2005, Basset et al. 2012, Haase 

et al. 2015). However, the majority of the apparent tree diversity effects in previous 

studies has been based on correlational evidence across natural gradients among sites 

or habitat types, and the causal drivers of these relationships have not been identified. 

For example, when assessing ant diversity across a tree diversity gradient in China, 

Staab et al. (2014) found that higher tree diversity increased the richness of ants at 

higher trophic levels. However, both tree and ant diversity could have been driven by 

underlying extrinsic drivers and they may not, in fact, be causally linked. 

Furthermore, several studies (Sobek et al. 2009c, Scherber et al. 2014) have noted 

that correlations between tree diversity and faunal diversity across systems are often 
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taxon specific, potentially due to the complex nature of the indirect links through 

which woody species influence diversity at higher trophic levels. Just as in the earlier 

grassland diversity literature, the key need is for careful experimental manipulation 

to control for potential confounding effects of extrinsic drivers so that we can 

discriminate the true causal link between tree diversity and faunal diversity. Recently, 

a study at the BEF-China experiment found that multiple facets of woody species 

diversity can influence the stability and diversity of species interactions across several 

trophic levels (Staab et al. 2015). However, in our system, where we have also 

undertaken a controlled comparison, there appears to be no clear effect of tree 

diversity or composition on ant diversity over the early stages of experimental 

woodland restoration.  

An obvious limitation of testing faunal responses to tree diversity 

manipulation is the greater dispersal range of many generalist species at consumer 

trophic levels. We countered this as much as possible by focusing primarily on social 

taxa, with relatively fixed colony locations. However, we acknowledge that a 

weakness of all tree diversity experiments conducted so far is that plot sizes are small 

relative to the dispersal distances of most key target taxa. Another caveat is that the 

relatively young age of current tree diversity experiments may reduce our ability to 

detect the effects we hypothesised, as bottom-up diversity effects are likely to be 

slower to manifest in tree-dominated rather than grassland-dominated systems 

(Leuschner et al. 2009). Revisiting these questions after longer periods of time, using 

our experimental site and others like it, will be needed to further corroborate the lack 

of relationship that we found. As the trees mature, the invertebrate communities 

might also vertically stratify to some degree, meaning that future studies should also 

account for variation in communities between the ground stratum and the canopy 
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(Floren et al. 2014). In such structurally diverse forests, it would also be more 

important to use a broader range of sampling methods that target different suites of 

taxa with different life history strategies, as there can be limitations in focusing solely 

on the surface-active epigaeic fauna, as is the case with pitfall trapping. 

2.5.3 Removal of weedy understory leads to biodiversity gains 

Interestingly, the use of herbicide application to experimentally reduce 

understory plant cover and richness had positive effects on ant species richness and 

abundance, as well as positive effects on rates of community reassembly of 

invertebrate ‘higher taxa’ composition towards the reference woodland. This is 

contrary to expectations from bottom-up diversity effects, and we propose two 

potential explanations for these findings. Firstly, in the context of old-field succession 

(in which the tree diversity experiment was established), one of the most important 

factors for faunal recolonization might be the degree to which biotic and abiotic 

conditions within treatment plots match conditions typical of remnant vegetation in 

the region. In undisturbed woodlands in southwest Australia, the understory 

generally has a very open structure and there is rarely any substantial ground cover 

present, except for short intervals after winter rains. Dense herbaceous understories 

only occur at woodland remnant edges that are heavily invaded by non-native plants 

from adjacent agricultural land subject to high fertilizer addition (Hobbs and 

Huenneke 1992). In our study, the herbicide treated plot quarters appeared 

(qualitatively) to more closely match the structure and abiotic understory conditions 

of local remnant vegetation, potentially providing more natural conditions for 

ground-dwelling woodland invertebrates.  
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Secondly, differences in invertebrate capture rates between herbicide and no-

herbicide treatments might result from sampling bias in invertebrate trappability in 

bare vs vegetated substrates (Melbourne 1999). Although it is never fully possible to 

overcome trapping artefacts when using activity-based trapping methods, this is 

unlikely to explain our conclusions because the magnitude of herbicide treatment 

effect was unrelated to the magnitude of structural differences in vegetation that likely 

influenced trappability. Therefore, models of ant abundance in which the herbicide 

treatment effect increased through time cannot be explained by varying trappability 

of ants as a function of herbaceous vegetation cover.  

2.5.4 Implications for conservation and restoration practices 

Understanding the temporal patterns, magnitude and mechanisms of bottom-

up diversity effects in woodland systems is important for both conservation and 

restoration. All too commonly, ecological restoration has been carried out with the 

assumption that successful plant community reassembly toward an idealized historic 

state will also result in faunal community reassembly (Majer 2009). Unfortunately, 

this so-called ‘field of dreams hypothesis’ (Palmer et al. 1997) has received limited 

empirical support, with community reassembly frequently occurring on alternative 

trajectories that do not converge toward the desired reference state, even after long 

periods of time (e.g. Majer et al. 2013). Determining the underlying causes of this 

lack of convergence has been hampered by the lack of experimental manipulations 

of potential drivers of bottom-up diversity effects on higher-level consumers. Studies 

examining bottom-up effects across gradients of woody species diversity have usually 

used space-for-time substitution along habitat restoration or forestry plantation 

chronosequences. For example, Barton et al. (2013) studied arthropod assemblages 
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in monoculture and mixed species plantings of between 6 and 20 years old, finding 

that increased tree diversity in mixed plantings did not increase the diversity of 

sampled arthropods. In fact, diversity of consumer trophic levels followed a ‘more 

individuals’ pattern, with greater herbivore abundances in Eucalyptus monocultures 

driving higher diversity of secondary consumers. Similarly, in our study, there was 

no effect of woody species diversity on ground-dwelling invertebrate communities, 

over and above the tree monoculture effect, suggesting that the most important factor 

(at least in early succession) is the structural element to woody plant cover, rather 

than tree richness, composition, or identity. It is important to note, though, that there 

is observational evidence from long-term restoration chronosequences suggesting 

that differences between monospecific vs diverse tree plantings might increase over 

longer time intervals (Cunningham et al. 2005, Grimbacher et al. 2007). Balancing 

short- and long-term faunal restoration goals with financial and logistic constraints 

will be important when selecting woody species for revegetating degraded land. 

Interestingly, our experimental findings also show that some potential problems 

encountered in monoculture plantings in natural systems, such as high understory 

weed invasion rates, can be mitigated to rapidly and effectively enhance faunal 

reassembly trajectories. By combining monoculture planting of a rapidly growing 

native tree with understory management of non-native weeds we were able to push 

recolonizing invertebrate communities onto reassembly trajectories that, in early 

succession at least, more rapidly converged with communities found in local remnant 

vegetation, producing a simple and effective win-win for both carbon sequestration 

and biodiversity conservation. 
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2.6 Supplementary Information 

2.6.1 Validation of dropping nitrogen treatment from the final 

analyses 

Table S2.1. Results of likelihood ratio tests investigating the probability of the 
split-plot nitrogen treatment significantly improving model fit, for A. ant 
abundance, and B. ant species richness. The nitrogen treatment parameter led 
to over-parametrization when included in the full model across all years, so we 
compared models with and without the nitrogen treatment variable for each 
sampling year separately. 
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2.6.2 Functional group responses 

Trait-based method – We measured seven continuous morphological traits 

(Weber’s length, relative eye area, relative leg length, relative clypeus length, relative 

mandible width and length, relative scape length) and two ordinal traits (worker caste 

polymorphism and cuticle tone) that variously describe how ants interact with their 

habitat, and reflect their differing resource acquisition strategies. All morphological 

traits were measured using a Nikon SMZ1000 stereo-microscope combined with the 

point-to-point measuring tool in the Nikon DSFi2 imaging system (measured in mm, 

to two decimal places). For each species we measured between 3 and 6 minor caste 

individuals, where available. Weber’s length is the length of the thorax excluding the 

petiole, and was measured as the distance between the posterior border of the 

propodeum to the anterior border of the pronotum. This measurement is used as a 

representation of overall length, as it is robust to changes in ant morphology that 

occur during preservation. The other morphological measurements, eye area, leg 

length, clypeus length, mandible width, mandible length and scape length were 

divided by Weber’s length to characterise each measurement in terms of the species’ 

relative allometry. Polymorphism was coded as an ordinal factor describing whether 

the worker caste of each species was monomorphic, dimorphic or polymorphic. 

Cuticle tone was measured (under identical lighting conditions) as the average 

greyscale value taken from 3 standard locations on the frons and 3 standard locations 

on the pronotum, of each individual.  

With these traits, we then used the ‘dbFD’ function in the R package ‘FD’ 

(Laliberté and Legendre 2010) for trait analyses on all species in the experimental 

plots, excluding singletons (16 species out of the total 60 species were only captured 

once in the experimental plots). The function ‘dbFD’ creates dissimilarity values for 
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the trait - species matrix using Gower distances, then applies a square root transform 

to the distances to ensure the distance matrix is Euclidian, and performs a Principal 

Coordinates Analysis (PCoA) to define trait groupings. We assigned functional 

group memberships based on inspection of the trait dendrogram as described in the 

vignette for package ‘FD’ (https://cran.r-project.ord/web/packages/FD/FD.pdf). 

The first two axes of the calculated PCoA are visualised in the ordination plot, below 

(Figure S2.1).  

We pooled the abundances of species represented within each of the 

functional groups, and plotted changes in the relative frequency of these functional 

groups over time and between herbicide treatments in Figure S2, below. 

 

Figure S2.1. Principal Coordinates Analysis (PCoA) ordination of ant species 
projected into trait space. The size of the bubbles is determined by site-wide 
incidence across all survey years. Ellipses (for illustration purposes only) and colors 
represent functional group membership of each species as listed in Table S2. For 
clarity, we have only labelled the species with highest incidence in each functional 
group. 
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Figure S2.2. Changes in the relative proportions of five functional groups in the no-
herbicide control versus herbicide treatment quarters over the five years of the 
experiment (for all experimental plots combined).  Functional group membership 
(see Figure S4, and Table S2) for fg2 is dominated by Formicinae species including 
Camponotus and Melophorus, fg3 is dominated by Iridomyrmex species, fg5 is composed 
of the two most common Pheidole species, while the two remaining groups (fg1 and 
fg4) are made up of multiple relatively evenly represented genera. 
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2.6.3 Tests for spatial autocorrelation 

  

Figure S2.3. Correlograms testing the degree of spatial autocorrelation (Moran’s I) 
across sites for each of the raw response measures, and for the residuals from the 
fitted GLMMs in each case. 
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2.6.4 Sampling completeness  

Figure S2.4. Sample-based species accumulation curves for ant assemblages 
partitioned by (a) woody species treatment, (b) year of sampling, (c) herbicide 
treatment and, (d) the reference woodland site. Shaded areas represent 95% 
confidence intervals. Accumulation curves were calculated with the R package 
‘vegan’ (www.cran.r-project.org/package=vegan). Additionally, a first order jack 
knife estimator with 999 permutations indicated that we captured 80.2 % of the 
expected richness in experimental plots (S = 61, estimated-S = 75.98 ± SE 4.11), and 
87 % of the expected richness in the reference woodland plots (S = 46, estimated-S = 
52.86 ± SE 2.5). 
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2.6.5 Model selection 

Table S2.2. Change in Akaike’s Information Criterion for the null model 
and all models within 10 ∆AIC units of the top model, for each response. 
Abbreviations for predictors are as follows: I = Intercept, Y = Year, H = 
Herbicide treatment, T = Woody plant diversity treatment, TDv = 
Divergence in woody species composition from the original planted 
treatment, A = Ant Abundance. Models highlighted in bold type represent 
the most parsimonious best-fit model (i.e. the model with the smallest 
number of parameters) within 2 ∆AIC of the top model. 
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2.6.6 Validation of herbicide treatment response 

Table S2.3. Output from a GLM testing whether the magnitude of the 
herbicide effect on understory vegetation cover across the herbicide treatment 
and no-herbicide control quarters predicts the effect of herbicide treatment on 
ant abundance. 

 Estimate 
Std. 

Error t value P 
(Intercept - 2011) -34.736 69.300 -0.501 0.616 

Cover Difference    0.350 0.829 0.422 0.673 

Year 2012 -29.860 73.402 -0.407 0.684 

Year 2013        -43.115 74.434 -0.579 0.562 

Year 2014 -77.021 99.872 -0.771 0.441 

Cover Difference : Year 2012 -0.099 0.936 -0.106 0.915 

Cover Difference : Year 2013 0.149 0.942 0.158 0.874 

Cover Difference : Year 2014 -0.008 1.184 0.008 0.994 
 

 

To confirm that the response of ants to herbicide treatment was not a spurious 

artefact of differences in herbicide treatment through time, we tested whether the 

within plot difference in herbaceous cover between herbicide treatment and no-

herbicide control quarters predicted the difference in the sampled ant abundance. For 

each plot, the herbaceous cover % and ant abundance for the herbicide treatment 

quarters were subtracted from the corresponding values recorded for the herbicide 

control quarters. If ant abundance was predominantly driven by variation in 

herbicide treatment efficacy, we would expect the magnitude of the difference in 

herbaceous cover between treatment and control to correlate with the magnitude of 

the difference in ant captures, i.e. where there is a large difference in cover between 

treatment and control quarters, there would be a correspondingly large difference in 

ant captures. 
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Figure S2.5. Treatment differences in the herbicide vs no-herbicide effect on ant 
abundance were unrelated to the magnitude of the herbicide effect on understorey 
vegetation cover across the herbicide treatment and no-herbicide control quarters 
in each plot.  
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2.6.7 Species lists  
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A direct test of multifunctional redundancy in  

diverse faunal assemblages through the 

exclusion of dominant species 

3.1 Abstract 

The mechanisms behind the negative functional consequences of biodiversity 

loss are relatively poorly understood. One such mechanism, species redundancy, is 

well discussed for single processes but less so for ecosystem multifunctionality. In this 

study, we used the exclusion of multiple ant species to test for the presence, and 

relative importance, of functional redundancy in conferring community level 

resilience in the performance rates of individual and multiple functions. We used 

incidence and trait diversity to select ant species that likely perform easily measured 

functions, and successfully suppressed their abundance in three zones across a post-

agricultural restoration site in southwestern Australia. We tested for treatment 

effected responses in the diversity and composition of the remaining ant community, 

and effects on the performance of four functions; scavenging, granivory, 

myrmecochory and plant protection.We found that our exclusion treatment resulted 

in a significant increase in richness and evenness of the remaining community. 

Functional responses varied, with a net reduction of plant protection rates and an 

increase in myrmecochory and granivory. Scavenging rates were high regardless of 

ant exclusion. Multiple thresholds analyses revealed that multifunctionality was 

more dependent on diversity in exclusion zones, suggesting that more replacement 

species are required to perform multiple functions at the same rate as the excluded 

dominants. At the spatial scale of this experiment, we found strong evidence for 
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functional redundancy linked to species diversity during community reassembly. The 

experimental disruption of competitive exclusion by dominant ants resulted in new 

species colonisation from the regional species pool, and eventuated in continued or 

enhanced rates of multifunctionality.  

3.2 Introduction 

Even considering the debate surrounding its underlying mechanisms (e.g. 

Wardle et al. 2000), it is widely accepted that biological diversity in one form or 

another underpins the performance of ecosystem functions (Cardinale et al. 2012) 

and is likely to be required for sustaining the subsequent provision of ecological 

services in the face of natural or anthropogenic perturbation (Naeem et al. 2012). 

Given the current high rates of global species loss (Pimm et al. 2014), it is important 

to establish both the mechanisms behind the diversity-function relationship, and also 

how resilient communities are to species loss before declines in functioning manifest 

themselves as a loss of ecosystem services. The intrinsic complexity of diversity-

function relationships has meant the majority of early terrestrial field-based research 

in this area has focused on the manipulation of plant diversity (Tilman 1996, Weigelt 

et al. 2010), and often on the performance of singular measures of ecosystem 

function, such as primary productivity (e.g. Tilman et al. 2001). Ecologists have since 

looked to strengthen theory by gradually increasing the complexity of approaches 

used, moving beyond simple richness-productivity relationships and assessing 

diversity-function relationships for multiple producer and consumer trophic levels 

involved in the simultaneous performance of multiple functions (Zavaleta et al. 2010, 

Maestre et al. 2012, Lefcheck et al. 2015). To best predict the functional consequences 

of species loss, the diversity-multifunctionality field of research needs to continue to 
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move beyond investigating correlative patterns and test proposed mechanisms that 

may underpin the diversity-multifunctionality relationship. However, to date there 

has been little manipulative work assessing the diversity-multifunctionality 

relationship in higher trophic levels, especially in diverse natural systems. A crucial 

mechanism underpinning diversity-multifunctionality relationships is the degree to 

which the commonly explored taxonomic richness of a community is related to the 

diversity of functional types, and is especially important when considered in context 

of ecosystem degradation (Walker 1992). While this mechanism has been well 

explored for diversity-function relationships involving single functions (e.g. Joner et 

al. 2011), particularly within plant communities, it remains unclear how relevant 

redundancy might be when we consider the concurrent performance of more than 

one function. 

Evidence for functional redundancy hinges on the observation that functional 

diversity (e.g. morphometric and life history traits, for example) typically increases 

non-linearly with increasing species richness (Petchey and Gaston 2002). Here, the 

relationship between species and functional diversity is subject to a saturating 

sampling effect where the probability of adding new functional types decreases with 

addition of each species (Kluge and Kessler 2011), in the same way one might 

encounter new species less often in more thoroughly sampled communities. 

Therefore, species rich communities are more likely than depauperate communities 

to contain multiple functionally similar species. Functional redundancy is thought to 

be an important mechanism underlying ecosystem function in the face of fluctuating 

diversity (Walker et al. 1999, Laliberté et al. 2010). A system with high functional 

redundancy may see a relatively lower decrease in functioning when species are lost, 

through compensatory mechanisms such as upregulation of functional rate of the 



 

 65 

remaining community or partitioning and turnover of species performance through 

space or time (Mori et al. 2013). It is important to note that high functional 

redundancy does not always result in stability, and unless there is sufficient variation 

in response diversity within groups of similar functional effect traits, a decline in 

functioning can still occur, even in systems with the highest functional trait 

redundancy (Walker et al. 1999, Elmqvist et al. 2003, Mori et al. 2013).  

When we consider functional redundancy in the context of multiple functions, 

established functional redundancy theory becomes increasingly difficult to apply 

because species likely have multiple trait-functional dimensions of importance to 

ecosystem service provision. Moreover, it is possible that multiple species that are 

‘redundant’ in one trait-functional dimension might be highly complementary in 

another. Some authors suggest that a species with high trait redundancy in a 

community (i.e., with many functionally equivalent analogues in the system) may 

only be realistically redundant for singular functions (Gamfeldt et al. 2008, Zavaleta 

et al. 2010). For example, in ants, a generalist species that is able to perform granivory 

and scavenging adequately may be functionally redundant when in the presence of a 

specialist granivore with some similar traits, but not multifunctionally redundant if 

that specialist is unable to also scavenge to a similar performance rate. Mori et al 

(2013) called this ‘low multifunctional redundancy’, and suggested that high 

complementarity with low functional redundancy, and the subsequent decrease in 

interspecific competition, may be an important driver of multifunctionality (see also, 

Mori et al. 2015). Testing this supposition, that higher complementarity leads to 

higher multifunctionality, would provide important insight into whether 

communities are less resilient to species loss when considered from a multiple 

function perspective; a perspective that likely more closely reflects real world 
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ecological systems than does the more commonly tested single function framework 

(Zavaleta et al. 2010).  

Species removal experiments are an important method for investigating the 

diversity-function relationship (Diaz et al. 2003). They are particularly applicable for 

studies where consumers are the trophic levels of interest because de novo construction 

of synthetic assemblages is rarely feasible. Using diversity manipulation through 

species removal, our goal was to investigate diversity–multifunctionality 

relationships in higher-level consumer trophic levels, and ants presented as an ideal 

candidate taxon for this purpose due to their social nature and stable foraging ranges. 

Ant removal experiments have been used many times and in differing configurations, 

and have been shown to be useful for testing the effects of competition (Andersen 

and Patel 1994, Gibb and Hochuli 2004), community assembly theory (Majer 1976), 

invasion biology (King and Tschinkel 2006) and functional importance (Wardle et 

al. 2011, Zelikova et al. 2011). However, the species in these studies are often 

qualitatively selected for removal, chosen, for example, because of perceived 

competitive ability or ecological importance, rather than being selected based on an 

objective measure that relates to the response of interest. For example, in the case of 

ecosystem function experiments an ideal objective manipulation would be an 

experimental alteration of functional trait space.  

Here, we present the first study, to our knowledge, which tests for the 

existence and importance of functional redundancy for multiple ecosystem function 

performance by manipulating the diversity of an ant community through the 

suppression of species selected based on their functional traits. By using an approach 

where functional groups are determined by traits we attained the best chance of 

reducing functional redundancy, as species are more likely to share traits with other 
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species within, rather than outside of, their own functional group. We use this 

suppression to investigate the effects of an experimental manipulation of functional 

redundancy on the performance of multiple ecosystem functions, and to determine 

whether the exclusion of dominant species would change the stability of 

multifunctional performance as mediated by species richness and evenness. 

Specifically, we tested the following hypotheses; that following the removal of the 

dominant member from each identified functional group we would detect (1) a 

reduction in the performance rate of each single function measured, (2) a decline in 

overall multifunctional performance rates, and (3) changes to interspecific 

competitive hierarchies resulting in previously subdominant ants increasing in 

abundance and functional contribution, relative to the rest of the remaining ant 

community (i.e. abundance turnover). We carried out this study at a 23 ha 

experimentally planted woodland in southwest Australia, which allowed us to 

control many of the environmental factors that could have confounded or masked 

true diversity-multifunctionality effects if we had utilised a natural ecosystem 

(Gamfeldt et al. 2013). 

3.3 Methods 

3.3.1 Experimental design 

The ant exclusion experiment was conducted at the ‘Ridgefield’ tree diversity 

site located in south western Australia (Perring et al. 2012). Ridgefield was designed 

to investigate how woody plant species diversity influences the provision of multiple 

ecosystem services, especially in the context of woodland ecosystem restoration, and 

is part of the TreeDivNet global network of tree diversity experiments (Verheyen et 
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al. 2015). In 100 plots of 21 x 23 meters, 110 seedlings of eight woody tree and shrub 

species were planted in various species combinations in mid-2010 (Perring et al. 

2012). Each plot was further split into quarters, and a two-factor combination of 

nitrogen addition and herbicide application treatments applied. After 4 years of 

monitoring ant community structure (2010-2013) we found that there was no 

significant effect of different woody plant treatments on ant richness or composition 

(Yeeles et al. 2017), but that community structure instead varied spatially (and 

idiosyncratically) among plots. Therefore, for the purposes of our ant exclusion 

experiment in 2014-2015 we arbitrarily divided the Ridgefield site into three large 

spatial blocks that each covered the full range of plot-level variation in species 

richness. Within each block we allocated one ant exclusion treatment zone and one 

control zone in a split-plot design, with the requirement that each exclusion zone be 

as far apart as possible from control zones to avoid unintended ‘spillover’ of treatment 

impacts (see Supplementary information 3.7.1). Because of the large spatial scale of 

the exclusion areas (relative to ant home range size), it was not possible to remove 

dominant ant colonies from the entire exclusion zone, therefore our treatments were 

centered around ‘focal plots’ and implemented at the scale of the maximum recorded 

foraging distance for our target species (see below). In each of the six control or 

exclusion zones there were two focal plots in which all measurements were taken 

(and around which the ant removals were conducted in the exclusion treatment). 

These plots (i.e., 12 plots in total) were planted with Eucalyptus trees only, and used 

the same standardized Ridgefield tree treatments in each zone (one plot with 110 

Eucalyptus loxophleba ssp. loxophleba trees, and one with 96 Eucalyptus loxophleba ssp. 

loxophleba and 14 Eucalyptus astringens trees; Perring et al. 2012), selected to maximize 

the spatial distance between plots within and between spatial blocks. 
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3.3.2 Exclusion of functionally dominant ant species 

3.3.2.1 SELECTING TRAITS AND SPECIES FOR REMOVAL 

With the final goal of manipulating the degree of functional redundancy of 

our site, the rationale for our ant exclusions was to establish a series of functional 

groups and remove the most dominant member of each, with the assumption that the 

remaining species in each group would be of a reasonably similar trait-functional type 

to those species that were excluded. With careful selection of traits that are associated 

with our measured functions, this would result in a manipulation of the species 

diversity – functional diversity (SD–FD) relationship, reducing the degree of 

redundancy and allowing a direct test of the claim that functional redundancy can 

add ecological resilience by buffering against non-random species loss. 

The approach we took to selecting species for exclusion was to (1) conduct a 

site-wide, community-wide analysis of species relative abundances and functional 

trait dispersion, (2) identify one dominant ‘target’ species (i.e., the species with the 

highest site-wide incidence) within each distinct functional trait grouping of species, 

and (3) destructively remove all colonies of those target species from the exclusion 

zones.  

First, we collated ant community data obtained from 400 pitfall traps placed 

across the entire site in November 2012. We captured a total of 26,812 ants from 13 

genera, with a total species richness of 34 (Yeeles et al. 2017). These data were used 

to calculate incidence rates for each species in each of the exclusion zones.  

Second, we recorded ten phenotypic characters (Table 3.1) that have been 

demonstrated to have some influence on ant mode of functioning and persistence in 

the environment (summarised in; Parr et al. 2016). We used the FD package 
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(Laliberté and Legendre 2010) in R to calculate functional dispersion and we ran a 

principal coordinates analysis to reduce our 10 trait dimensions to two that described 

36% and 19% of total variance respectively (see Supplementary information 3.7.2). 

Species were weighted by their site-wide incidence to ensure the distribution of traits 

accurately reflected species occurrence in each block. In the FD analysis, five 

nominal functional groups were identified as best representing the distribution of 

traits at the site, and the most dominant ant species (with the highest capture 

frequency) in each of the five functional groups was identified for removal. These 

were Iridomyrmex purpureus, Pheidole ampla perthensis, Tetramorium impressum, 

Melophorus turneri and Momomorium sordidum. 

Third, we conducted a pilot feasibility assessment of removing these five ant 

species at a sufficiently large spatial scale. We mapped colonies of the five selected 

species using a combination of hand searching and following foraging ants after 

baiting with light-coloured cookie crumbs. Monomorium sordidum colonies proved 

difficult to find and led to concern that we could not reliably establish a sufficient 

level of exclusion, so this species was discounted as a target for exclusion. No 

remaining species in the M. sordidum functional group were of a high enough site-

wide incidence to guarantee presence in both control and treatments zones. The 

thermophilic Melophorus species were all in the same functional group, and none was 

sufficiently active to map and remove in August and September. Colonies of I. 

purpureus, P. ampla perthensis and T.impressum all proved sufficiently easy to detect 

either due to a propensity to nest in open ground or the nature of the nest’s spoil heap, 

and were therefore selected as the three exclusion target species. The exclusion of 

three species rather than five resulted in smaller reduction in overall trait dispersion, 

but still of a level that would allow comparisons relating to changes in manipulation 
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of trait space. A three species exclusion reduced trait dispersion by 12.48% (averaged 

across three blocks), while a five species exclusion would have reduced dispersion by 

a further 2.66%. 

Table 3.1  Functional traits recorded for ant species in this study, and sources 
suggesting their relevance as indicators of habitat and resource use. 

 

3.3.2.2 COLONY REMOVAL 

We established the mean foraging distances of the three target species, at the 

same time as colony mapping, by following foraging ants as they returned to their 

respective colonies after collecting the cookie baits. We found that both P. ampla 

perthensis and T. impressum had short foraging distances (1.31 m ± SE 0.14, and 0.90 
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m ± SE 0.11 respectively), while I. purpureus foraged further at an average of 6.58 m 

± SE 1.03 with a maximum recorded distance of 42 m.  

Ant colonies were removed using a combination of insecticide inundation, 

mechanical destruction and colony-specific barriers into which we provided vials of 

an ingestible poison. A first round of colony removals took place throughout the 

month of August 2014 (August colonies destroyed: I. purpureus – 30, T. impressum – 

17, P. ampla perthensis – 27). An additional colony mapping and removal exercise was 

carried out in late-September, as soil temperatures warmed and more colonies 

became surface active (September colonies destroyed: I. purpureus – 2, T. impressum – 

6, P. ampla perthensis – 9). 

Nest inundation was carried out by funneling deltamethrin-based insecticide 

(Delforce, Sherwin Chemicals:10g/L Deltamethrin) mixed with water (as per the 

product instructions) directly into nest entrances (Gibb and Johansson 2011). For 

T.impressum and P. amlpa perthensis colonies approximately 1 litre of insecticide was 

used. For I. purpureus colonies, the quantity of insecticide used was proportionate 

diameter of the colony, with approximately 5 litres used on colonies of less than 50 

cm diameter, and 15 litres used on colonies of a greater size. The volume of diluted 

insecticide was recorded and an equivalent volume of water was introduced in the 

centre of each control plot. After 24 hours each nest was then mechanically destroyed 

to a depth of approximately 40 cm using a 15 mm diameter steel rod, with an 

equivalent disturbance carried out haphazardly in control plots. The site was checked 

every 6 weeks for the duration of the experiment to ensure successful exclusion of the 

target species. Additionally, we treated a further 26 newly-established colonies of I. 

purpureus throughout the experiment using a barrier and bait system that allowed no 

non-target effects during the measurement period. This entailed a one-week 



 

 73 

placement of a poison bait (75 ml vial of honey, water and boric acid at a by-weight 

ratio of 20:70:10) adjacent to the colony entrance to be treated, and covering both the 

bait and entrance using an upturned bucket that was dug into the ground to a depth 

of 5 cm. Careful placement of the barrier was used so only ants in the target colony 

could access the bait. Over the year of the experiment a total of seven incipient 

colonies of P. ampla perthensis and T. impressum were treated using localized nest 

inundation and mechanical destruction, as we felt that the smaller size of these nests 

meant we could use minimal quantities of insecticide that would not result in 

significant non-target effects. Observer presence during the experiment was 

approximately equivalent in both control and treatment plots throughout the 

experiment. We acknowledge that complete removal of target species was unlikely 

to be possible, and as such we use the term ‘exclusion’ with the understanding that 

the treatment was likely to be more of a suppressive effect than a complete removal 

(and therefore any effects we observed were conservative in nature). 

3.3.3 Measuring responses to ant species exclusion 

To assess ant community responses to target species exclusion, we sampled 

across the site every three months for one year following treatment imposition: 

November 2014, February 2015, May 2015 and November 2015.  

3.3.3.1 ANT COMMUNITY RESPONSES 

We used pitfall trapping to assess responses of the epigaeic invertebrate 

community to the ant exclusion treatment. Four pitfall cups were placed in each plot, 

one in the centre of each plot quarter. Pitfall traps consisted of a plastic cup of 69 mm 

diameter by 62 mm depth, filled with 50 ml of a 50:50 solution of water and propylene 
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glycol. A small amount of unscented washing detergent was added to each 5 litre 

container of trapping solution to reduce surface tension. We used PVC sleeves with 

a 69 mm inner diameter to ensure the same placement location of the trap in each 

sampling period, and reduce the amount of soil disturbance when placing the cup in 

position. Lidded traps were placed one week prior to being filled with trapping 

solution, to reduce digging-in effects (Greenslade 1973). Traps were left open for one 

week before collection. Once collected, the samples were washed over a 125 µm sieve 

and stored in 70% ethanol at 5 ºC until sorting. We selected pitfall traps because they 

sample surface-foraging invertebrates that are likely to be influenced by changes in 

ant abundance and composition in response to our treatments. 

3.3.3.2 FUNCTIONAL RESPONSES 

We measured the performance rates of four functions that are commonly 

associated with ants. These included scavenging for invertebrate carrion, 

myrmecochory (dispersal of elaisome bearing seed), granivory (seed predation) and 

plant defense against herbivores (see below for details of each). In order to avoid high 

ant recruitment to baits and artificially-inflated removal rates for the three ground 

resource-assessed functions (scavenging, myrmecochory and granivory), we used a 

series of single resources placed a minimum of 30 cm apart. We established twenty 

bait stations along a 6 m transect placed diagonally through each of the two herbicide-

treated plot quarters in each plot (selected for easier bait placement and ant 

observation due to the absence of understorey vegetation). At each bait station 

(spaced 30 cm apart along each transect), a 15 mm wide by 5 mm deep depression 

was made in the soil and then filled with a small quantity of white sand to act as a 

contrasting visual background to the darker-coloured food resources. The resource 
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associated with the function being tested was then placed in the centre of each sand 

patch and assessed as ‘removed’ if not present within 15 cm of the original location 

after a set period of time (as described for each function, below). Each resource being 

tested was set on its own transect within the plot quarter, and run on different days. 

Each time sampling was conducted, two sets of observations were carried out 

independently for each function, in each plot quarter, and the data pooled at the plot 

level for analysis (i.e., functional outcomes for 20 baits in each of two transects, 

repeated twice in each plot for each function, for a plot level total of 80 baits per 

ground resource-assessed functions per observation date). Each split-plot control-

treatment pair within a given block was always run concurrently, but due to logistical 

constraints block-level observations were randomly stratified across consecutive 

days. 

Scavenging (proportion of invertebrate carrion removed within 60 minutes) – We 

assessed rates of ant scavenging for invertebrate carrion using timed removal rates of 

dead mealworms. We used mealworms of between 8 and 12 mm in length, killed on 

the day of use by freezing for 60 minutes at -20 C (supplier; 

http://www.livefoods.com.au). One mealworm was placed at each bait station, 

checked for ant activity every 15 minutes, and assessed for removal at 60 minutes. 

Myrmecochory (proportion of eliasome bearing seed removed within 60 minutes) – We 

used Acacia acuminata seeds to assess ant-mediated seed dispersal, as this plant species 

occurs naturally at our site and its seeds are commonly removed by various ant 

species (pers. obs.). Acacia acuminata seeds are between 4 and 5 mm in length and 

compressed laterally with a 3 mm elaisome. All seeds were gamma irradiated to 

prevent later germination (Steritech AU, 50 kGy), as our study was conducted within 

a plant diversity experiment with quarantine regulations. One seed was placed at 
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each bait station, checked for ant activity every 15 minutes, and assessed for removal 

at 60 minutes. 

Granivory (proportion of weed seed removed within 60 minutes) – We assessed seed 

predation rates using a combination of two weed species common across the site, 

with ten Lolium rigidum and ten Erodium sp. seeds placed alternately along each 

transect. Lolium rigidum seeds are approximately 4 mm in length, and cylindrical with 

a 1.5 mm diameter. Erodium sp. seeds are the same diameter, but slightly shorter at 

3.4 to 4 mm. Seeds were sourced on site in October 2014. One seed was placed at 

each bait station, checked for ant activity every 15 minutes, and assessed for removal 

at 60 minutes. Removal rates for the two weed seed species were pooled for the 

purposes of analysis. 

Plant defense (proportion of surrogate herbivores attacked in 15 minutes) – Ants can 

be attracted to carbohydrates available in tree canopies, which may then lead to 

protection of the plant through ant presence deterring herbivores. This effect may be 

driven by plants producing extra-floral nectar (EFN), or by ants forming mutualistic 

food-for-protection relationships with various honeydew-producing Hemiptera.  

Because hemipteran aggregations were variable across the site and our 

selected plot types did not include EFN-bearing tree species, we used experimental 

‘surrogates’ of extra-floral nectaries to enable more control of the availability of 

carbohydrates in trees. Experimental nectaries consisted of a 5 ml Eppendorf tube 

with a 3 mm hole drilled in the lid. This hole was plugged with a 1cm piece of cotton 

wool, which was teased out a small distance. The experimental EFNs were attached 

to the tree with a cable-tie with the EFN opening angled downwards, ensuring the 

cotton plug stayed moist and was within 3 mm of the tree bark. Experimental 

nectaries were loaded with a solution of water combined with 21.7% (wt ⁄ vol) 
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fructose, 18.9% sucrose and 4.1% glucose (Wang et al. 2011). We placed eight 

experimental EFNs in each of two trees per plot quarter, ensuring that the trees were 

free of natural aggregations of Hemiptera, in late afternoon on the day before the 

plant defense function was tested. We then tested whether ants foraging in these trees 

might deter chewing herbivores. On the day of function assessment, we glued a single 

second instar mealworm larva (~ 7mm long, dorsal side down) onto the base of one 

young leaf at the apical growing tip and another mealworm onto a mature leaf on 

each of four branches per tree, using a fast drying tacky adhesive. We monitored 

these larval baits for a total of 15 minutes and recorded them as ‘attacked’ if an 

aggressive interaction with an ant occurred. As for the ground resource-assessments 

described above, we pooled observations at the plot level, with eight baits per tree, 

and four trees per plot for a total of 32 baits. 

3.3.4 Calculation of multifunctionality 

We calculated multifunctionality using a composite approach consisting of 

between-function covariance, averaged multifunctional rate and a multiple 

thresholds analysis (Byrne et al. 2014). This composite approach allows for a 

thorough investigation of multifunctional performance and is required because no 

single measure adequately describes multifunctional rates where tradeoffs, positive 

and negative covariance, and between-function averaging can mask true variation in 

multifunctionality. We calculated average multifunctional rate for communities 

within each plot, as the mean proportion of baits removed of all four functions, 

standardized by the respective maximum observed value of functioning. A threshold 

is defined as a percentage of the maximum observed level of function and requires 

the designation of the maximum observed value for each function (due to the 
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potential effect of maximum value outliers), and the percentage threshold level to be 

tested. Threshold-based methods of quantifying multifunctionality use the number of 

functions performed above a predetermined threshold level to provide information 

on trade-offs among functions, variance in maximum and minimum functioning, and 

multifunctionality itself. A threshold is defined as a percentage of the maximum 

observed level of function, and requires the designation of the maximum observed 

value for each function (due to the potential effect of maximum value outliers), and 

the percentage threshold level to be tested. Here, we define the maximum observed 

value as the mean of the top 5% of observed functional rates across all observations. 

The use of a single predefined threshold against which to test function has been 

criticized due to the somewhat arbitrary nature of delimitation of thresholds (Byrnes 

et al. 2014). To counter this, we used a multiple thresholds analysis, which tests every 

percentile threshold between 5% and 95% (Byrnes et al. 2014). We provide the same 

multiple threshold outputs as Mori et al. (2015), with Tmin and Tmax indicating the 

minimum and maximum threshold at which diversity significantly influences 

functioning, and Rmde, or ‘realised maximum diversity effect’, representing the slope 

at which the diversity-multifunction relationship is strongest.  

3.3.5 Analyses 

Conventionally, a majority of biodiversity-multifunctionality studies 

compares measures of function and multifunctionality against the degree of change 

in absolute species richness, as it is a simple robust measure that is translatable across 

studies. However, species richness in isolation ignores important variation in species 

commonness and rarity, which are also potentially important predictors of 

functioning (e.g. Soliveres et al. 2016), particularly in our context where we are likely 
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to have treatment-driven changes in species dominance. Therefore, in addition to 

species richness, we use the effective number of species (ENS) as a method of 

discriminating whether observed biodiversity-multifunctionality relationships still 

hold after accounting for effects of species relative abundance on functional rates. 

The effective number of species represents the hypothetical number of equally 

abundant species present in a community, and is derived from Hulbert’s probability 

of interspecific encounter (PIE) as: 

𝐸𝑁𝑆 = 1/ 𝑝()
*

(+,
 

where S is species richness and pi is the proportion of the community 

represented by species i (Jost 2006, Chase and Knight 2013).  

To test for a signal of compositional change in response to treatment we used 

a variant of the Raup-Crick dissimilarity metric (Chase et al. 2011) to calculate a 

measure of compositional ‘uniqueness’ of each community. The Chase et al. (2011) 

variant of the Raup-Crick dissimilarity metric is well suited for calculating 

dissimilarities without a ‘target’ reference community or single point of origin for 

distance calculations. The method compares species composition against a null 

model built from the entire meta-community, returning a value between -1 and +1 

indicating whether an assemblage is compositionally more (positive values) or less 

(negative values) unique than would be expected by chance alone. 

We used a mixed effect modelling approach performed with the ‘lme4’ 

package (Bates et al. 2015) in R version 3.2.0 (R Development Core Team 2015) to 

test for an effect of ant exclusion treatment on the remaining ant communities. We 

specified a block level random effect to account for the split plot design of the 

exclusion and control treatments. We also used a plot level random effect, nested 
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within the block level effect, to account for repeated measurements. We specified a 

Poisson error distribution for abundance and richness responses and tested to ensure 

there was no overdispersion of model residuals, while for ENS, community 

uniqueness and functional dispersion (FDis) we specified Gaussian error 

distributions. We inspected residuals of Gaussian models for violations of normality 

and homoscedasticity.  

Given that the shape of the functional redundancy – species redundancy 

relationship is a key determinant of the presence of functional redundancy at higher 

species richness values (Kluge and Kessler 2011), we sought to investigate the shape 

of this relationship and test whether it changed with treatment imposition. Therefore, 

for each model, we compared a linear fit versus a non-linear fit specified as a 

saturating asymptotic function (using SSasymp from the R base package). The two 

models were compared for best fit using the Akaike’s Information Criterion corrected 

for small sample sizes (AICc), rejecting the asymptotic hypothesis if the ∆AICc from 

the linear model was less than 2 or the comparison showed that the linear model was 

a significantly better fit.  

3.3.5.1 SINGLE AND MULTIPLE FUNCTIONS 

Because our ant exclusion treatment could have influenced function directly 

through removal of individual foragers, or indirectly through consequent changes in 

the abundance or richness of non-target ants, we used generalized multilevel 

confirmatory path analysis (Shipley 2009) to tease apart the direct vs indirect effects 

of our treatment manipulation on the performance of each function separately, as 

well as on combined average multifunctionality.  Unlike other approaches, this 

method of path analysis allows the use of mixed model approaches to account for 
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random variance in spatial or temporal elements of an experimental design (Lefcheck 

2015). Because our experiment had repeated measurements at the block level, and a 

split-plot design in the manipulation, mixed models were specified using ‘lme4’ with 

random effects of plot nested within experimental block. These models were 

generalized using a Poisson distribution for the path with species richness as the 

response variable, while Gaussian error distributions were specified for all other 

models. We repeated these analyses to test the potential indirect mediating effect of 

other community-level metrics (ENS and community composition) on functional 

responses. 

As described in the preceding section, there has been criticism of averaged 

functions approach to quantifying multifunctionality, so we also calculated the shift 

in biodiversity-multifunctionality relationships across multiple functional thresholds 

using R code derived from Byrnes et al. (2014) and Lefcheck et al. (2015). To 

calculate the diversity-function relationship at each threshold we used Poisson mixed 

models within lme4, with an observation-level random intercept added, as required, 

to account for over-dispersion in model residuals. These models generated beta 

estimates that were plotted against each threshold level to determine the strength of 

the diversity-multifunction relationship in control versus ant exclusion plots across 

the multiple thresholds (i.e. every threshold between 5% and 95% of function). One 

of the difficulties with this method is that the analyses produce a curve with 

associated descriptive statistics, rather than a single testable metric (Byrnes et al. 

2014). Therefore, to test whether our treatment had a statistically significant effect on 

multifunctional performance, we used lme4 to test for an effect of ant exclusion on 

the number of functions performed at the single threshold representing the average 

realized maximum diversity effect (Rmde) of our two multiple threshold curves (being 
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the curves generated by multiple thresholds analyses in each of our control and 

treatment zones). Again, the multiple thresholds analysis for species richness vs 

multifunctionality was repeated for an ENS vs multifunctionality relationship to test 

if the observed relationships were strongly influenced by variation in species relative 

abundances. 

3.3.5.2 SPECIES LEVEL ANALYSES 

We tested the relative contribution of species to the performance of multiple 

functions, and estimated their relative functional redundancy in response to 

exclusion of dominant competitors, using the Gotelli et al. (2011) null-model 

approach to calculate a species-specific measure of contribution to function. Using 

measures of species abundances captured in pitfall traps and rates of each function 

measured in the same plot, this method allows the determination of associations 

between species occurrence and relative functional rates. 

We compared regressions of species abundances against 999 randomizations 

of functional performance measures, and calculated standardized effect sizes using 

the deviation of observed values from the average values generated by the null 

models. This analysis was conducted using the software ‘Impact’ (Ulrich 2010). The 

method uses randomisation of the functional rate rather than species abundances, 

based on the assumption that species abundance influences functioning, rather than 

functioning influencing species (Gotelli et al. 2011). For example, in our study a 

positive deviation for Iridomyrmex bicknelli would indicate that the function in 

question is consistently higher in plots with greater abundances of I. bicknelli. The 

likelihood of this association occurring by chance alone is then tested by randomly 

resampling the rate of function against the species abundance (999 times) and 
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generating an effect size. If this standardized effect size is greater than 1.96, it sits 

within the 5% tail of a normal distribution, and there is a significant association 

between the species’ abundance and rate of function (Gotelli et al. 2011). We then 

used these data to test for species specific abundance-functional performance 

responses to our ant exclusion treatment. 

We ran species functional importance analyses separately for plots in the 

control and treatment zones for all single functions. We then subtracted the 

standardized effect sizes in the control plots from those of the treatment plots to 

generate a delta treatment value, which reflects the change in species specific 

functional importance between control and ant exclusion treated plots. These delta 

values were ranked from smallest to largest, and we used Spearman’s Rho to test for 

an association between functional rate and size of the treatment effect. We expected 

that if ‘subordinate’ species were being competitively suppressed by ‘dominant’ 

species in control plots, then these putative subordinate species would be the ones 

that would respond most strongly to dominant ant exclusion. It is important to note 

that the effects detected using this method could be either direct or indirect, and do 

not necessarily associate a species with actual performance of any particular function.  

3.4 Results 

The ant exclusion treatment was successful in removing colonies of 

Iridomyrmex purpureus, Pheidole ampla perthensis and Tetramorium impressum within the 

exclusion zones, and suppressing incipient new colonies across the full year of the 

experiment. Long-range foragers and workers from declining or incipient target 

colonies still occurred in some pitfall traps in exclusion plots, but treatment effects 

suggest near-complete suppression with 94 % reduction in the abundance of I. 
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purpureus, 96 % of P. ampla perthensis and 99 % of T. impressum, relative to baseline 

capture rates in those plots.  

Overall, removal of the three competitively-dominant species in the ant 

exclusion treatment had a significant positive, not negative, effect on non-target ants 

(i.e., species other that the three target species) in pitfall traps, with abundance 

(GLMM, Z = 2.60, P < 0.05), richness (GLMM, Z = 2.79, P < 0.05), and effective 

number of species (ENS) (LMM, Z=2.28, P < 0.05) all increasing in ant exclusion 

plots. However, we found no significant effect of exclusion on ant compositional 

uniqueness (LMM, Z = 0.87, P = 0.39), functional richness (LMM, Z=1.30, P = 

0.18) or functional trait dispersion (LMM, Z = 1.30, P = 0.16) of non-target ants.  

 

Figure 3.1. Relationship between species richness and functional richness in (a) 
control and (b) ant exclusion zones. Data include all non-target and target species 
in the exclusion manipulation experiment. We compared the AICc scores of linear 
and non-linear models to ascertain which model best fit the data. Where the data 
were significantly nonlinear we fit models using the ‘nls’ function in R, using a self-
starting asymptotic function ‘SSasymp’. 
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AIC scores comparing quality of model fit showed that the functional richness 

– species richness relationship in control plots was best fit using a saturating 

asymptotic model (linear model; ∆AICc = 13.12), while the same relationship in ant 

exclusion plots was linear with no indication of significant nonlinearity (linear 

model; ∆AICc = -0.62; Figure 3.1). Although communities in both control and 

exclusion plots attained approximately the same maximum values of functional 

richness, control communities did so at lower species richness. In treatment plots the 

linearization of the functional richness – species richness relationship is due to lower 

relative functional richness at or near median species richness values. 

 

 

Figure 3.2.  Mean performance rates of the four respective functions granivory, 
myrmecochory, plant protection and scavenging, in control versus zones where the 
target species were excluded. Error bars represent standard error of the mean. 
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Over the 12 months of treatment imposition we found a significant positive 

effect of ant exclusion on overall rates of two of the four individual functions, 

granivory (LMM, t=3.09, P<0.05) and myrmecochory (LMM, t=4.44, P<05), but a 

significant negative effect on plant protection (LMM, t=-4.45, P<05; Figure 3.2). 

Only scavenging rates were unaffected by ant exclusion treatment (LMM, t=0.67, 

P=0.47), but in this case it might be because very high proportions of baits were 

removed in both treatment and exclusion zones at all sampling points, which is 

potentially an artefact of inadvertently using too long an observation window (Figure 

3.2). Interestingly, the degree of treatment effect on individual functional rates 

(particularly myrmecochory and plant protection) appeared to diminish over the 

course of the experiment, even though efficacy of the ant exclusion treatment in 

removing the target species did not change (see Supplementary information 3.7.3). 

 

Table 3.2.  Correlations among the four measured rates of function. Significant 
correlations highlighted in bold. 
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Figure 3.3. Path models showing the relationship between ant exclusion and 
function, as mediated by species richness (a–d, non-target species only), and 
effective number of species, ENS (e–h). Ant richness and ENS measures were 
calculated after removal of the target species from each dataset. Arrow widths are 
scaled by the standardized partial regression coefficient (i.e. effect size, as indicated 
by the values next to paths), coloured to represent the direction of effect (red arrows 
show negative effects, blue arrows show positive effects), and are solid rather than 
dashed for statistically significant effects (* p<0.05) 
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In structural equation models partitioning the direct vs indirect effects of ant 

exclusion on shifts in diversity-function relationships, we found that responses were 

predominantly mediated by increases in non-target species richness following 

removal of dominant species. For myrmecochory rates (Figure 3.3a), the overall 

higher function in ant exclusion plots was due to a significant increase in species 

richness (standardized partial regression coefficient, b=1.66, P<0.05) and the 

significant positive indirect effect of richness on function (b=2.22, P<0.05), but there 

was no evidence that diversity-function relationships varied between ant exclusion 

and control treatments (i.e., no significant interaction effect, b=0.48, P=0.44, in 

Figure 3.3a) and no independent direct effect of ant exclusion on function when 

species richness was held constant at its mean value (b=-0.05, P=0.86). Granivory 

performance rate was negatively associated with increasing species richness (Figure 

3.3b), but this effect was moderated by an interaction between treatment and 

richness, with the negative diversity-function response becoming weaker in the ant 

exclusion zones. Essentially, at higher species richness levels the positive effect of ant 

exclusion on function became progressively stronger. Rates of plant protection were 

positively driven by the increase in species richness, but this was masked by a large 

independent negative effect of ant exclusion on function when species richness was 

held constant at its mean value (Figure 3.3c). 

The observed diversity function relationships mediating the effects of ant 

exclusion on each of the single functions still held true when we considered variation 

in the relative abundances of species as well. Path models incorporating the effective 

number of species (ENS) showed qualitatively similar relationships to the richness 

models, albeit with smaller effect sizes (Figure 3.3e–h). We detected no effect of 

compositional uniqueness on the performance of any single function. 
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Figure 3.4. A comparison of biodiversity effects against functional performance 
thresholds. The diversity effect is the coefficient from regressions of the number of 
functions performed above each threshold. Where significant (95% confidence 
intervals that do not overlap zero) this represents the number of species required to 
perform one additional function at that threshold. Shaded areas show 95% CI. Tmin 
and Tmax show the breadth of threshold ranges with a significant effect, while Rmde 
indicates the diversity effect at its strongest point in the relationship. 

The contrasting responses of individual functions (Figure 3.3 a–d) meant that 

plot-level covariance across functions was not uniformly positive (Table 3.2). For 

instance, in the control treatment there was positive covariance in measures of 

myrmecochory, plant protection and scavenging, but significant negative covariance 

between granivory and plant protection, and between granivory and myrmecochory 

(Table 3.2). These associations were similar in exclusion treatment plots, except that 

the shift in the diversity-function relationship for granivory seen in the path models 
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(Figure 3.3b) resulted in a much weakened negative covariance between granivory 

and myrmecochory, and a non-significant relationship between granivory and plant 

protection. Despite evidence for negative covariance among functions, overall 

(averaged) multifunctionality still increased in the ant exclusion treatment (see 

Supplementary information 3.7.4) but was predominantly mediated by an increase 

in species richness with no residual direct effect of the exclusion treatment when 

species richness was held constant at its mean value. This effect still held when we 

accounted for variation in species abundances by using ENS, although both the effect 

of treatment on ENS and the consequential effect on average multifunctionality were 

smaller.  

Although there was no evidence that the slope of the diversity-

multifunctionality relationship varied between treatments in the average 

multifunctionality analysis (i.e., no significant interaction effect in Supplementary 

information 3.7.4), and no residual direct effect of treatment, the averaging approach 

masked significant variation in diversity effects at differing functional thresholds 

(Figure 3.4). In multiple thresholds analyses, diversity always had a positive effect on 

multifunctionality but the biodiversity-multifunctionality effect was weaker in 

control plots where negative covariance among functions was higher, and stronger in 

the ant exclusion plots. For instance, the statistically significant (i.e. where 95% CI 

did not overlap zero) diversity-function effect occurred over a narrower range of 

functional thresholds in control plots (78 to 81 %) compared with ant exclusion plots 

(63 to 84 %), and with a lower maximum slope (Rmde = 0.09) than that seen where 

treatment was imposed (Rmde = 0.12; i.e., the predicted increase in multifunctionality 

per species added to the system). The realized maximum diversity effect equates to a 

predicted total of 11.1 species being required to perform one additional function 
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above that threshold in control zones, where 8.3 species are required for the same 

effect in treatment zones. Multiple thresholds analyses using ENS as the diversity 

measure showed no significant diversity or treatment effect. Testing for an effect of 

our exclusion treatment at the mean threshold of RMDE in each of our two multiple 

threshold analyses revealed a significant effect of treatment on the number of 

functions performed at that threshold (GLMM, Z=2.17, P=0.02). 

The species most strongly associated with high functional rates in the control 

plots varied between individual functions (Figure 3.5), with a total of 12 significant 

associations (standardized effect size >1.96). For example, Iridomyrmex suchieri was 

significantly associated with the rate of plant protection (LM, Z = 3.21, P < 0.05), 

but not scavenging (LM, Z = 0.58, P =0.56). Many of these species showed 

substantial shifts in their degree of association with functional rates following 

exclusion of dominant ants in the exclusion plots (Figure 3.5). Moreover, these shifts 

in species’ relative contributions to function were not idiosyncratic, but instead were 

strongly negatively structured by ant suppression in the presence of dominant species. 

Species with low standardized effect sizes in control plots (i.e., strongly negatively 

associated with functional rates in the presence of dominant competitors) tended to 

increase in functional  contribution in exclusion plots, whereas those species of 

greater functional importance in control plots were less strongly associated with 

functional performance after ant exclusion had taken place (Figure 3.5). Spearman’s 

rank correlations indicated significant negative association between species 

functional importance and the magnitude of response to ant exclusion for scavenging 

(ρ  = -0.58, P < 0.05), granivory (ρ  = -0.69, P < 0.05) and plant protection (ρ  =  

-0.42, P < 0.05), but not for myrmecochory (ρ  = -0.11, P = 0.56; see Figure 3.5).  
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Figure 3.5. A comparison of changes in species functional importance scores 
between control plots and the ant exclusion treatment for (a) myrmecochory, (b) 
granivory, (c) plant protection and (d) scavenging. The delta score represents the 
functional importance score in the control zones minus the score in the treatment 
zones and shows the relative shift in functional importance as a response to ant 
exclusion treatment (positive values indicate that, with treatment, a species had an 
increase in association with high recorded functional rates, negative values indicate 
the opposite effect (i.e. a decreased association)). Effects shaded in darker red 
indicate significant delta scores that fall within the 95% tails of a normal 
distribution of scores generated by a null model approach. A key to species ID can 
be found in Appendix 3.7.5; Table S3.1.  
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3.5 Discussion 

Diverse natural assemblages are often assumed to have high ‘redundancy’ in 

species functional roles, particularly within highly diverse invertebrate consumer 

groups where many species superficially appear to perform similar functions. 

However, the importance of redundancy in sustaining functional performance rates 

through perturbation has been rarely explicitly tested through manipulation of 

numerical and functional dominance of species. Here, we report findings from the 

first study, to our knowledge, that manipulates ant diversity by suppressing species 

across multiple functional groups, based on their functional traits, and tests for 

consequent changes to rates of ecological functioning. Unexpectedly, we found that 

the exclusion of three dominant ant species led to a small but statistically significant 

increase, not decrease, in multifunctional performance, with large positive effects on 

the performance rates for two of our four measured functions. This suggests that the 

inherent functional redundancy in trait-functional roles of species within consumer 

groups not only led to rapid compensatory dynamics in the performance of single 

functions such as myrmecochory, but a net increase in overall multifunctionality. The 

potential explanations for these findings are centered around the effects of changing 

hierarchies of competition with the removal of highly competitive dominant species, 

combined with increasing species richness as a result of spatial context and 

recruitment from the regional species pool. 

3.5.1 Defining, measuring and interpreting functional redundancy 

One signature of functional redundancy is a saturation of the relationship 

between species and functional richness, such that when the association is plotted it 

takes the form of an asymptote (Kluge and Kessler 2011). We found significant non-
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linearity in the relationship between species and functional richness in control plots 

indicating the presence of functionally redundant types in plots with greater species 

richness. This is interesting as although saturating relationships are commonly 

predicted (e.g. Farias and Jaksic 2011), in reality linear relationships are more often 

reported in studies of consumer level taxa, for example in ants (Bihn et al. 2010), 

beetles (Gerisch et al. 2012) and birds (Petchey et al. 2007). Where we removed the 

dominant members of multiple functional groups, tests of model fit indicate that the 

nature of the relationship becomes linear and that our manipulations successfully 

reduced the degree of functional redundancy in these communities. It is generally 

thought that saturation of the SD–FD relationship in naturally assembled 

communities is indicative of a random assembly process, with a steepening of the 

relationship indicating overdispersion (e.g. resulting from competitive effects), or 

linearization suggesting underdispersion (from selection pressures such as 

environmental filtering, for example) (Weiher and Keddy 1995, Kluge and Kessler 

2011). This could mean that locally, competitive effects were important in defining 

community structure throughout the course of our experiment, and although our 

treatment manipulation obviously does not alter previous community assembly 

processes at the site, the linearization of the SD–FD relationship may indicate a 

lessening of interspecific competitive effects. Petchey and Gaston (2002) suggest that 

the degree of functional redundancy in a dataset could occur as an artifact of the 

number of traits used to calculate functional diversity, with high numbers of 

correlated trait measurements tending to suggest low functional redundancy (Bihn et 

al. 2010), but we mitigate this issue by using variables with minimal collinearity and 

a minimal set of traits. 
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3.5.2 Individual functions, trade-offs and multifunctionality 

We found that performance rates of granivory and myrmecochory increased 

with our exclusion treatment, which contributed to an overall increase in 

multifunctional rate. However, this increase was tempered by a decrease in the rate 

of plant protection, a function that negatively covaried with both granivory and 

myrmecochory. Negative covariance among the rates of single function performance 

is common in multifunctionality datasets (Lefcheck et al. 2015, Mori et al. 2015, 

Perkins et al. 2015) and can be seen clearly when comparing rates of our four 

measured functions (Table 3.2). Potentially, this can be seen as a trade-off where a 

high performance of one function precludes a similarly high rate in another. 

However, this explanation becomes conceptually difficult in a dataset such as ours, 

where there is no feasible biological rationale for such an effect (i.e no expectation 

that the performance of granivory by an ant assemblage should mean that plant 

protection cannot be performed). More likely, this negative covariance represents 

changes to resource availability and associated preferences for species under differing 

levels of indirect or direct competition. For example, it could be expected that ants 

would prefer high quality and low effort resources, such as invertebrate carrion, 

where local competitive effects allow access. Regardless of how each individual 

function covaried it is interesting that with the exclusion of multiple dominant species 

we found higher rates of any single function, and especially multifunctionality, 

suggesting that there is some community level resilience to non-random species loss, 

potentially via the presence of functional redundancy. 

Taken together, the pattern of reduced functional redundancy combined with 

increased functional performance in our ant exclusion plots may indicate that shifts 

in interspecific competitive hierarchies are driving changes in functional performance 
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rates.  Selection effects, such as the probability of a community containing highly 

functioning dominant species, are thought to be a process by which richer 

communities are better able to perform ecological functions (Wardle et al. 1999, 

Loreau et al. 2001). However, this may not be the case for all communities especially 

when considering multiple, rather than single functions. We found increased 

multifunctional rates in areas where dominant species had been removed, suggesting 

that selection effects (for dominant species) can have negative implications for overall 

functional performance. Here, dominant species suppress the functioning of a 

remaining community that has higher ‘functional potential’ when released from the 

effects of competition. Essentially, the benefit of a community containing highly 

functioning dominants is conditional, and can be outweighed by a loss in functional 

performance of the remaining community due to competitive suppression. These 

results potentially support a concept of ‘low multifunctional redundancy’, a term 

coined in 2013 by Mori and others. As an alternative hypothesis to a strictly trait-

based concept of redundancy, this idea postulates that the maintenance of 

multifunctionality requires low within-community duplication of functional types, 

and hence higher multifunctional complementarity of species. In this paradigm the 

stability of ecosystems is derived not from functionally redundant species, but from 

low redundancy with high response variability and spatio-temporal complementarity 

of species (Loreau 2004, Mori et al. 2013). This last point may be further supported 

by our data as we found increased richness of non-target species in response to our 

treatment, suggesting that gaps in niche space left by our ant exclusions had been 

taken up by new arrivals from the regional species pool and indicating some scale 

dependent effects of our results. 
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The spatial scale of the communities in question is likely to be important in 

determining whether the detected resilience to functional decline (with non-random 

species loss) is due to internal redundancy effects, such as the functional upregulation 

of competitively suppressed species, or the infill of niche space by emigrants from a 

regional species pool (sensu Loreau 2004). Our site, being small and within a large 

matrix of agricultural and remnant bush land, likely shows resilience to our exclusion 

treatment through a combination of these factors. Firstly, we found that our 

treatment manipulation resulted in the increase of both species richness and 

abundance of non-target species (i.e. those species not excluded in treatment zones), 

suggesting that there was some degree of emigration from the surrounding matrix. 

Secondly, our species level analyses indicated that some of the largest responders to 

treatment were those species that had the strongest negative association with 

functional performance in control areas. This indicates that these species are 

potentially being released from the effects of competitive suppression, either directly 

through a reduction in foraging competition or indirectly through changes in resource 

availability, and that they may be upregulating their functional performance to make 

use of newly available resources. Additionally, in treatment zones, multiple 

thresholds analysis indicated that where dominant species were removed, each 

remaining species may have a greater contribution to multifunctionality. 

Of course, ‘redundancy’ as described above should not be taken with the 

negative connotations commonly associated with the term, and we make no attempt 

to imply the absolute redundancy of species per se. In this context we consider 

redundancy as a positive buffering effect, increasing the reliability of system processes 

and potentially safeguarding against negative consequences of non-random species 

loss (Dıáz and Cabido 2001). Species are likely to have many direct and indirect 
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effects on function and interaction networks, and even the most complex field 

experiments are likely to be only crude approximations of the true relationship 

between species diversity and overall ecosystem health (sensu Wardle 2016). 

3.5.3 Species-level functional performance rates 

Looking at species level responses in more detail, we find that some of the 

changes in performance rates of single functions could perhaps be attributed to 

species identity effects. Large Iridomyrmex species such as I. purpureus, known 

colloquially as meat ants, are often regarded as being the most competitively 

dominant members of Australian ant communities (e.g. Andersen and Patel 1994), 

and were the most commonly observed species visiting our experimental nectaries 

and attacking surrogate herbivores in our plant protection assessment (pers. obs.). 

Others researchers looking to test competitive structuring in ant communities have 

experimentally removed meat ants and found that the functions they perform, or 

dominance in foraging rates, are generally taken up by subdominant, often 

functionally similar species (Andersen and Patel 1994, Gibb and Hochuli 2004). To 

some degree this is also what we saw in our species functional importance analyses, 

with generally stronger responses from functionally similar, but subdominant species 

to those excluded. When considered as a single function, rates of plant protection 

appear susceptible to the loss of meat ants, suggesting that the local ant community 

has little redundancy in its ability to perform this function. Interestingly, two of the 

five strongest responding species for granivory were Iridomyrmex species, while the 

other three were Melophorus. Iridomymex species are not known as granivorous ants, 

whilst some Melophorus species are (Majer et al. 2010), and this may be indicative of 

shifts in the competitive hierarchies of the ant communities, releasing Melophorus 
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from suppressive interference competition by meat ants; in other words, expressing 

the importance of indirect, as well as direct, effects in the functional outcomes of 

species interactions. A good example of this is where Melophorus species are 

increasing their functional performance rates in response to treatment. Melophorus are 

thermophilic species that are able to forage at very high soil surface temperatures, 

and may stratify their foraging activity thermally so as to avoid direct competition 

with highly dominant dolichoderines such as I. purpureus (Andersen and Patel 1994). 

Where I. purpureus was suppressed in our treatment zones we found more Melophorus 

species than in control zones, foraging at lower temperatures (in early morning 

observations), and interacting with our seed baits during functional performance 

assays (pers. obs.). Gibb (2005) found no cascading effects upon the exclusion of meat 

ants, however, the indirect effects of a competitive dominant on species performing 

other functions is similar to what is reported in the invasive species literature (e.g. 

Rodriguez-Cabal et al. 2009), and likely to be expected in the context of a general 

ubiquity of competitive structuring in ant communities (Hölldobler and Wilson 1990, 

Cerdá et al. 2013).   

3.6 Conclusions 

Understanding the system wide consequences of changes to diversity-

multifunction relationships will enable the development of effective conservation 

practices to prevent further losses and ecosystem collapse. We have shown that 

numerous factors, both direct and indirect, play a part in defining the resilience of 

ecological functioning to perturbation. The presence of functionally redundant 

species does not always lead to the more reliable performance of ecosystem functions 

and processes, especially when one considers complex multifunction scenarios as 
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would be commonly found in nature. Once again we would reiterate that while 

management practices may be informed by patterns of functional redundancy, it is 

important to reflect that although traits or trait combinations may be considered 

redundant the likelihood that nuances in the species level performance of function is 

high. Unforeseen functional outcomes may arise when species level conservation 

choices are made purely on the basis of ‘redundancy’ in individual functions. 

An important direction of future work in this field would aim to continue the 

experimental theme established in this study, increasing the mechanistic ability to 

unpick the drivers of diversity–multifunctional relationships. This could be achieved 

by utilizing species removal treatments crossed with dispersal limitation or the 

manipulation of resource availability, thus allowing the determination of full 

community assembly mechanisms. Alternatively, testing across disturbance 

gradients at larger spatial scales might allow the researcher to determine the relative 

importance of functional redundancy in conferring ecological resilience to 

perturbation, and recovery if a temporal element is included. 
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3.7 Supplementary information 

3.7.1 Site map 

 

Figure S3.1. The layout of the Ridgefield tree diversity experiment (Perring et al. 
2012), with colours representing the three paired spatial blocks. Small black-
highlighted rectangles show the positions of the 12 focal plots used in this study, 
within the wider context of the 100 light-grey Ridgefield plots. Dotted and dashed 
lines represent the approximate zones of ant colony removals for the three target 
species. 
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3.7.2 Trait space of the 2012 ant community   

 

Figure S3.2. Principal Coordinates Analysis (PCoA) ordination of 2012 sampled 
ant species projected into trait space. The size of the bubbles is determined by site-
wide incidence across all survey years. Ellipses (for illustration purposes only) and 
colors represent functional group membership of each species as listed in Chapter 
two Table S2.4.  
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3.7.3 Functional performance rate at each assessment 

 

Figure S3.3. Mean performance rates of the four respective functions at each 
temporal sampling point, in the control and ant exclusion zones. Error bars show 
standard error of the means. 
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3.7.4 Average multunctionality path models 

 

Figure S3.4. Path models showing the direct and indirect relationships between 
ant exclusion and average multifunctionality, as mediated by (a) species richness 
and (b) the effective number of species (ENS). We calculated ant diversity 
measures after removal of the target species from the dataset. Arrows widths are 
scaled to the standardized partial regression coefficient (i.e. effect size, as indicated 
by the values next to paths), coloured to represent direction of effect (red arrows 
show negative effects, blue arrows show positive effects), and are solid, rather than 
dashed, for statically significant effects (* p<0.05). 
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3.7.5 Key to species ID codes 

Table S3.1. Key to species codes presented in Figure 3.5 

Species code Species 

cam.low Camponotus lownei 

cam.nig Camponotus nigriceps 

cam.ter Camponotus terebrans 

car.atl Cardiocondyla atlanta 

cer.inc Cerapachys incontentis 

iri.bic Iridomyrmex bicknelli 

iri.bru Iridomyrmex brunneus 

iri.dro Iridomyrmex dromus 

iri.mjo 

 

Iridomyrmex mjobergi 

iri.suc 

 

Iridomyrmex suichieri 

mel.j28 

 

Melophorus sp. JDM28 

mel.472 

 

Melophorus sp. JDM 472 

mel.791 

 

Melophorus sp. JDM791 

mel.lud 

 

Melophorus ludius 

mel.mar 

 

Melophorus marius 

mel.tur 

 

Melophorus turneri 

mel.tpe 

 

Melophorus turneri perthensis 

mel.whe 

 

Melophorus wheeleri 

mon.lae 

 

Monomorium laeve 

mon.rot 

 

Monomorium rothsteini 

mon.sor 

 

Monomorium sordidum 

phe.har 

 

Pheidole hartmayeri 

phe.177 

 

Pheidole sp. JDM177 

rhy.met 

 

Rhytidoponera metallica 

rhy.vio 

 

Rhytidoponera violacea 

sti.gla 

 

Stigmacros glauti 

tap.j78 

 

Tapinoma sp. JDM78 

tap.981 

 

Tapinoma sp. JDM981 

tet.nri 

 

Tetramorium sp ‘near’ impressum 

tet.str Tetramorium striolatum 
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Climate change disrupts ant-mediated 

ecosystem functions in degraded woodlands 

4.1 Abstract 

 
Global environmental change (GEC) has been shown to have important 

negative consequences for biodiversity. A growing body of diversity-function 

research has highlighted the importance of biodiversity for ecological functioning, 

and there is concern that continued losses will lead to irreversible impacts on 

ecosystem processes. However, predicting the effects of GEC on diversity-function 

relationships is still hampered by a lack of empirical evidence, particularly involving 

consumer level taxa in natural systems. In this study we test the effects of rainfall 

decline and habitat loss, two important drivers of global environmental change, on 

rates of ant-mediated ecosystem functions. The experiment was designed in a 

factorial cross between recent mean rainfall decline (low decline; 0–7.5 %, and high 

decline; 7.5–15 % since 1970) and habitat loss (60–70%, 70–80%, 80– 90%, 90–100% 

land clearing within 3 km), along a regional standing aridity gradient of between 300 

and 550 ml of rainfall per year. We sampled ant communities in each of 42 remnant 

woodland patches using six interception traps. We captured 11,756 individual ants 

from 113 species. In each of the patches we used standardized baiting techniques to 

assess community level performance rates of scavenging and seed dispersal, two 

important ant-mediated functions. We used a path model approach in order to 

partition the direct versus indirect pathways through which rainfall decline and 

habitat loss drives variation in functional performance rates, via four hypothesized 

mediating pathways. These pathways explore the relative contribution of four 
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commonly hypothesized drivers of ecosystem function rates, and include measures 

of species diversity, community weighted trait means, functional complementarity 

and biomass (testing a neutral process hypothesis). We found that the strongest 

indirect pathways operated through interaction effects between aridity and the two 

treatment drivers, habitat loss and rainfall decline. The detected pathways of effect 

varied between the two tested functions, with scavenging rates more dependent on 

altered diversity-function effects and seed dispersal responding more strongly to 

variation in community weighted trait means. Our results show that synergistic 

effects between GEC drivers can negatively influence ecosystem function rates, and 

are worthy of further research, and consideration when planning the conservation 

and restoration projects. 

 

4.2 Introduction 

 
Anthropogenic land-use alteration and climate change are amongst the most 

important drivers of global environmental change (Millennium Ecosystem 

Assessment 2005, Tylianakis et al. 2008a). However, many studies fail to consider 

the interactive effects of these global environmental change (GEC) drivers, even 

though strong synergistic interactions have been found to occur frequently (reviewed 

in Mantyka-pringle et al. 2012). For example, researchers comparing species 

responses across gradients of multiple GEC drivers often quantify and rank the 

relative importance of each driver without further considering the exacerbating 

effects that interactions between GEC drivers might have (e.g. Lemoine et al. 2007, 

Pimm 2008). Furthermore, even studies that have considered potential synergistic 

effects, have generally focused solely on diversity responses rather than any 
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consequent effects on ecosystem functioning (e.g. Gibb et al. 2015). Understanding 

the mechanistic basis of these non-additive effects on both diversity and subsequent 

ecosystem function rates is crucial for predicting future environmental impacts and 

assessing management actions for ameliorating their negative effects.  

Synergies between GEC drivers might operate through a wide range of 

mechanistic pathways, primarily via cascading effects due to species loss and 

compositional changes (with associated changes to a community’s functional 

attributes).  It has long been understood that aspects of biodiversity, be they 

taxonomic, phylogenetic or functional in nature, are linked to performance rates of 

ecological functioning (sensu Naeem et al. 2012, Wardle 2016). Changes in species 

richness are commonly tested across gradients of GEC drivers, particularly habitat 

loss, and although reported directions of effect can be idiosyncratic, a negative 

diversity response is most frequently observed (Mackey et al. 2000).  Therefore, it is 

reasonable to predict that GEC driven changes to species richness could moderate 

functional performance rates. 

Despite the increased interest in diversity-function relationships, there is still 

much debate surrounding the specific mechanisms of the diversity-function 

relationship (Wardle 2016), with conflicting hypotheses suggesting that variation in 

α -diversity is a primary driver of function, or alternatively the relationship is more 

influenced by the composition and dominance of particular functional types (Wardle 

et al. 2000). An important advance in testing these questions has been the advent of 

‘functional trait ecology’. The study of variation in functional traits is increasingly 

regarded as fundamental for gaining a mechanistic understanding of ecological 

communities and how they function (McGill et al. 2006). It has been shown that 

functional diversity measures respond strongly to habitat disturbance (Bihn et al. 
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2010) and are also good predictors of abiotic tolerances (Sommer and Wehner 2012). 

Moreover, when functional diversity metrics are constructed using traits that relate 

directly to resource use they can also provide a good theoretical basis for predicting 

functional performance (Gibb et al. 2014). 

Much of the research testing diversity and functional responses to climate 

change, particularly for invertebrates, has a focus on responses to changes in 

temperatures (e.g. Andrew et al. 2013, Stuble et al. 2013, 2014). However, there is 

evidence that rainfall decline may be an important factor influencing ant diversity, 

particularly when that decline occurs in already arid areas (Heatwole 1996, Pfeiffer 

et al. 2003, Jenkins et al. 2011). Additionally, studies utilizing experimental designs 

such as space-for-time substitution have shown that other invertebrate taxa also 

respond to rainfall decline (Bale et al. 2002, Mantyka-pringle et al. 2012), via 

proposed mechanisms such as changes in vegetation communities and altered 

resource availability (e.g. Jamieson et al. 2012). The interactive effects of GEC 

drivers on ant diversity and functional performance are not often investigated (but 

see; Gibb et al. 2015), and a recent and comprehensive review of the consequences 

of the interactions between habitat loss and climate change on biodiversity indicates 

a synergistic link with rainfall decline, suggesting that the topic is in need of further 

scrutiny (Mantyka-pringle et al. 2012). 

Here, we investigate variation in the performance rates of two ant-mediated 

ecological functions across an aridity gradient in southwestern Australia. We achieve 

this through the relative partitioning of direct vs indirect mechanistic pathways of 

effects of two important GEC drivers and their interactions. By using a path 

modelling approach with both taxonomic and functional trait data, we can test the 

relative significance of potential mediators of the relationship between GEC drivers 
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and final functional rates, providing insight into the mechanisms underlying response 

to human induced change. Specifically, we test a hypothesis that ant species diversity 

is higher in more arid sites, but that GEC drivers will have an increasingly negative 

effect from the wet to the dry end of the gradient. We test a suite of four hypothesized 

mechanisms underpinning shifts in the diversity-function relationship and functional 

responses to GEC drivers: 1) functional effects will be predicted by a neutral biomass-

function relationship, 2) over and above a neutral effect, increasing species richness 

will have correspondingly increased rates of function, 3) functional dispersion 

measures will show that high complementarity supports function, but responds 

negatively to GEC drivers, and 4), variance in particular trait complexes both 

respond to GEC drivers and predict variation in functional rates. 

Ants are an ideal taxon with which to test these questions. Ants in Australia 

are ecologically important, abundant, and diverse, especially so in the arid zone 

where species groups such as those in the genera Iridomyrmex and Melophorus are 

ubiquitous (Andersen 2007). Additionally, functional trait approaches (i.e. variation 

in morphological and behavioral characters that relate to environment and resource 

use) originally developed by plant ecologists are increasing being applied to the ant 

fauna (Gibb et al. 2014, Parr et al. 2016). Importantly, functional traits in ants have 

been shown to have good predictive power when testing ant diversity responses along 

environmental and climatic gradients, whether natural (Dunn et al. 2009, Wiescher 

et al. 2012, Arnan et al. 2014, Bishop et al. 2015) or anthropogenic (Bihn et al. 2010, 

Yates et al. 2011).  

We demonstrate that two drivers of global environmental change interact 

synergistically across a gradient of aridity, exacerbating reductions in the net 

performance rates of two ecological functions. We found that the mechanistic 
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pathways with the strongest support operate through treatment-affected shifts in the 

diversity-function relationship, impacting rates of scavenging performance but not 

seed dispersal. Rates of seed dispersal were more strongly predicted via variance in 

community weight treat-means, while the rate of neither function appeared to be 

buffered by the increased levels functional redundancy found at sites of lower rainfall 

decline. We discuss the implications of these findings for future diversity-function 

research, and for conservation and restoration in habitats likely to be influenced by 

multiple GEC drivers. 

4.3 Methods 

4.3.1 Study area 

This study was conducted across the southern section of the Western 

Australia wheatbelt, where we focus on the diversity and functional performance of 

ant communities in patches of remnant Eucalyptus wandoo dominated woodland. 

Eucalyptus wandoo woodland, like other communities such as those dominated by 

Eucalyptus loxophleba and Acacia acuminata, have been extensively cleared across the 

wheatbelt with only an estimated 7% native vegetation remaining (Prober and Smith 

2009). The Western Australia wheat belt is an agricultural region situated across a 

wide gradient in aridity, ranging from rainfall as low as 250 mm per annum on its 

eastern margin, to almost 1000 mm per annum at its western extent adjacent to the 

Darling Scarp. Ant communities across the wheat belt are relatively well surveyed 

and, as in many regions, the fauna is notably arid-adapted with increasing species 

richness in drier zones (Heterick n.d., Majer et al. 2006). 
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4.3.2 Experimental design 

This experiment was designed in a factorial-cross to test the interactive effects 

of two important GEC drivers, recent rainfall decline and habitat loss, across a 

historical gradient of increasing aridity from 525 mm down to 325 mm of rainfall per 

annum.  

Aridity data were compiled as 5 ́  5 km grid means from the inverse of historic 

average annual rainfall, in millimetres, between 1901 and 1960. Rainfall decline data 

represent the recent (within 40 years) decrease in mean annual rainfall, and was 

calculated by subtracting the historic average rainfall (1901 to 1960), from the average 

rainfall values between 1970 and 2010 using the same 5 ´ 5 km grid. The percentage 

rainfall decline data were then partitioned into low (0–7.5 %) and high (7.5–15 %) 

decline categories. The proportion of the landscape cleared of native woody 

vegetation within a 3 km radius of the remnant, excluding any naturally clear areas 

such as rocky outcrops was used as a measure of habitat loss. 

4.3.3 Site selection 

We utilised current vegetation layers (Remnant native vegetation of Western 

Australia; Shepherd et al. 2002) and rainfall layers (Australian Bureau of 

Meteorology; http://www.bom.gov.au/) within a Geographic Information System 

to identify 2871 candidate wandoo remnant patches across the wheatbelt region. 

These candidate remnant patches were vetted against a number of objective criteria 

for inclusion in this primary set to achieve consistency of patch size (patch was 

between 1 and 10 ha. in area), patch shape (Patton’s shape index values between 1 

and 2, (Patton, 1975)) and patch isolation (patch was > 20 m from other woodland 

vegetation). Sites were binned into a factorial combination of four aridity categories 
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(475–525 mm, 425–475 mm, 375–425 mm, and 325–375 mm), two rainfall decline 

categories (low decline; 0–7.5 %, and high decline; 7.5–15 %) and four habitat loss 

categories (60–70%, 70–80%, 80– 90%, 90–100%), in order to ensure stratified 

random selection of sites across the full range of variation in the treatment variables. 

Patches were selected at random from these categories after confirming availability 

of access from respective landholders. In total, 42 woodland patches were selected 

for sampling. For full details on the experimental design see Murphy (2016). See 

supplementary information 4.7.1 for a map of our sites. 

4.3.4 Ant sampling 

Activity-based interception traps similar to the arboreal funnel samplers used 

by Riedel et al. (2014) were utilised to sample ant communities. Traps consisted of 

plastic panes (ca 12 cm wide × 20 cm tall), arranged in a crossed vane configuration 

and suspended over an 300 ml pitfall container of 12 cm diameter, which was filled 

with a 50 % ethylene glycol/water mixture. The interception traps were hung from a 

30 cm metal L-bracket using 6mm cord, affixed to selected trees. The slippery 

interception vanes helped guide foraging ants into the collection container. Sampling 

was designed to cover the heterogeneity of both edge and interior habitats, and at 

each site three traps were placed on trees along the remnant edge and three on trees 

in the remnant interior, but for the purposes of analyses all samples were pooled at 

the patch level. A minimum 20 m separation was maintained between sampled trees. 

Traps were set on the south east side of each selected tree to minimise any degrading 

effect of sunlight on the preserved animals. Traps were left open and in place for a 

six-week timeframe commencing April 2013, and were emptied and reset every two 

weeks during this period. Samples were stored at 4˚ C in 70 % ethanol before being 
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mounted on card points and identified by a specialist taxonomist at the Western 

Australian Museum, where a reference collection was deposited upon completion of 

the project.  

Table 4.1. Functional traits with potential relation to environmental and resource 
use recorded for all ant species included in this study. 

 

4.3.5 Trait measurement 

Morphometric ant traits were measured on three to six worker caste 

individuals (where available), which were mounted on card points. The seven traits 

used were Weber’s length, relative leg length, relative eye area, relative head length, 

relative clypeus length, relative mandible length and polymorphism. Traits were 
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selected based on available evidence in the  literature supporting both their potential 

relation to resource and habitat use, and their use in other studies (see details in Table 

4.1; also see Parr et al. 2016). See supplementary information 4.7.2 for trait 

correlations. Morphometric traits were divided by Weber’s length to provide 

information on the static allometric scaling of each character, ensuring that these 

measures described relative shape of the species in question rather than being 

confounded by the overall size of the individual. Traits were measured using a Nikon 

SMZ1000 stereo-microscope and the point-to-point measuring tool in the Nikon 

DSFi2 digital imaging system (measured in mm, to two decimal places). 

4.3.6 Functional diversity measures 

To test whether changes to species functional complementarity mediated the 

relationship between our treatment drivers and responses we calculated values of 

functional dispersion (FDis) using the ‘FD’ package in R (Laliberté and Legendre 

2010). FDis measures the weighted mean distance to the centroid of each community 

in trait space, and can be a good gauge of whether communities are relatively over- 

or under-dispersed (Laliberté and Legendre 2010) and can also indicate functional 

redundancy (Laliberté et al. 2010). In order to ensure that functional composition 

better reflects the structure of the entire community, and not just dominant species 

(Majekova et al. 2016), we weighted the analyses in ‘FD’ using log transformed 

abundance values. By down weighting the influence of highly abundant species, 

weighting FD analyses also addresses issues with the use of abundances derived from 

pitfall captured social insects. 
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Figure 4.1. The first two axes from a principal coordinates analysis, projected into 
two dimensions. Points represent each of the species sampled during the study, 
coloured by the log of their total captured abundance. The white boxes show 
position of the measured traits in this ‘functional trait space’, with the length of the 
connecting line representing the strength of the relationship between each trait and 
the two axes (trait name abbreviations; head length (HL), eye size (EY), mandible 
length (ML), Weber’s length (WL), leg length (LG), polymorphism (PO), and 
clypeus length (CL). 

 

To test for trait-dependency of functional performance rates we utilised the 

community weighted mean value of the first two axes from the principal coordinates 

analysis (PCoA) of trait distributions across species (the same PCoA used to calculate 

functional dispersion). Because the phenotype of a species does not represent the 

cumulative sum of separate independently evolving traits (i.e. trait variation can be 

highly collinear among traits), we used PCoA to create a composite representation 

of the trait complex of each species. Principal coordinates analysis of the collated trait 

data represented variation in ant trait complexes well, with axis one explaining 39.7 
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% of the variance, dominated by variation in body size related traits including 

Weber’s length and head length (Figure 4.1). PCoA axis two explained 22.2 % of the 

variance and was associated with variation in a trait complex defined by eye size, leg 

length and polymorphism (Figure 4.1). Community weighting of these values was 

achieved by multiplying each species PCoA axis score by that species’ site level 

abundance, which was then divided by each respective site’s total abundance. 

4.3.7 Assessing functional performance rates 

The functions that we assessed for performance rate were myrmecochory (a 

seed dispersal function) and scavenging (a nutrient cycling function), as these 

resource-based functions have been shown to be relatively easy to measure and are 

strongly influenced by a suite of functional traits (see chapter 3). Functions were 

tested over a two-week period in autumn 2014. To test global change impacts on 

myrmecochory rate, we used baits consisting of a single eliasome-bearing Acacia 

microbotrya seed (supplier; Trannen Seeds, Perth, WA), and for scavenging rates we 

used baits consisting of a single 1cm long cricket (supplier; Livefoods, Tinbeerwah, 

QLD) at each replicate bait station. Seed baits were set using forceps, placed in the 

centre of an upturned 50 mm petri dish lid, which was in turn positioned flush with 

ground level in a clear area within 1 m of the base of a tree. Crickets were frozen at -

20 °C the night before use and kept ‘fresh’ prior to use in the field using an insulated 

cool box. Cricket baits were set inside a lidded 50 mm petri dish that had two 20 × 8 

mm holes cut in the sides. The lid was used to reduce the chance of non-ant removal. 

The cricket baits were also placed within 1 m of the base of a tree, and a minimum 

of 1 m from the seed bait. Due to varying terrain at each site and a limited time 

window for observations, we placed baits for a set time period of 45 minutes at each 
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site. At the site level, this resulted in a minimum of 17 pairs of baits, and a maximum 

of 30 pairs of baits, with an average of 28 bait pairs placed. Trees were selected 

haphazardly, with approximately half the trees located along the edge of the remnant, 

and half located in the interior, and the selected trees always included the six trees in 

which the interception traps were located at each site.  

Baits were checked after 60 minutes, and were counted as removed if a) ants 

were observed to be actively removing them, or b) they were not found within 15 cm 

of the petri dish. In order to control for non-ant bait removal by wind or other animals 

(birds, other invertebrates etc), we placed two control baits of each type at each site. 

Control baits were placed using the same method as for normal baits, but with ants 

excluded using a 5 cm ring of sticky-backed quarantine tape. No control baits were 

found to have been removed throughout the course of this experiment.  

4.3.8 Statistical analyses 

In order to partition the relative direct and indirect effects of aridity, rainfall 

decline and habitat loss on functional performance rates, we used generalized 

multilevel confirmatory path analysis (Shipley 2009). Structural equation models 

allow the discrimination of mechanistic pathways of causal influence among 

potential mediating (indirect) variables. The Shipley (2009) ‘piecewise’ SEM 

approach has the particular advantage of using local regression estimations, rather 

than the global model estimation more commonly associated with structural 

equation modelling, which in turn allows the use of component models with differing 

error distributions (Shipley 2009, Lefcheck 2015). We collected data to allow us to 

test the potential synergistic effects of global environmental change on ecosystem 

function via one or more of our hypothesized mechanisms; neutral biomass-
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dependent drivers, species richness, functional complementarity and community 

weighted trait-mean effects. 

First, we expressed potential ‘neutral’ effects as greater ant biomass leading to 

greater function, independent of any variation in the identities, traits or diversity of 

ants, (sensu Barnes et al. 2014). Our wet-captured ants (i.e. collected directly into 

propylene glycol) were not suitable for drying and calculation of biomass due to 

variation in preservation quality. Therefore, we used a published relationship 

between ant head length and biomass (Kaspari and Weiser 1999) to estimate species 

masses, which were then multiplied by abundances to obtain total biomass estimates 

for each site. Secondly, we used species richness as a natural measure of biodiversity, 

to test for a biodiversity-function relationship independent of biomass and the 

functional trait diversity or composition of the community in question. There is much 

debate about whether species diversity per se predicts ecological function (Wardle et 

al. 2000, Wardle 2016). There is a significant body of experimental work suggesting 

that it does (see Tilman et al. 2014), however much of the work conducted (primarily 

on plants) finds there is significant variance in results and a strong dependence on 

environmental context (e.g. Wardle and Zackrisson 2005, Tylianakis et al. 2008b). 

Lastly, we test two differing hypotheses regarding the relationship between ant 

functional traits and the performance of ecosystem functions. We test for a functional 

performance response to variation in community-level functional dispersion, a 

potential measure of niche complementarity, separate from detected responses to 

richness, biomass and trait-mean effects. Variation in niche complementarity is 

thought to instill community resilience to species losses through functional 

redundancy (Walker 1992, Petchey et al. 2007), but as shown in chapter 3 of this 

thesis, also has the potential to increase community level competition lowering 
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overall functional rates. Finally, we tested for trait-mean driven effects by 

implementing paths exploring variation in two community weighted multivariate 

trait complexes that may predict function over and above neutral, species diversity 

and complementarity effects. One of the hallmarks of functional ecology is the use of 

phenotypic characters (or functional traits) to estimate functional performance rates 

through either single trait-function linkages, or variation in composite functional 

diversity measures. For example, in myrmecochory, ant body-size has been shown 

to be a good predictor of seed dispersal distance (Ness et al. 2004). 

For each endogenous variable in the SEM (i.e. those variables that mediate 

the effect of one variable on another) we created a full model that included all of the 

hypothesised predictors and their interaction terms. Continuous response variables 

were modelled using Gaussian error distributions (trait complex means, functional 

dispersion and ant biomass), count variables were modelled using a Poisson error 

distribution (richness) and functional performance rates were modelled using 

binomial error distributions (proportions of resource removed). Each model was then 

simplified using the automated ‘dredge’ function in the R package ‘MuMIn’, which 

conducts model comparisons for all subsets of predictor variables and their 

interaction terms and ranks the resulting model fits using AICc. For subsequent path 

modelling, we included all the predictors that appeared in any model within 2.0 

∆AICc units of the best model. We used the same procedure for the prediction of the 

final response variable, but only testing for the fit of models using the endogenous 

variables to predict the final response (i.e. not including the top-level treatment 

parameters). Such an approach allowed us to robustly test our hypothesised 

mechanistic pathways because the next step in path model fitting, testing 

independence claims, would ensure that any strong direct effects of treatment 
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predictors on our final responses would be re-inserted into the final path model. All 

final component models were checked against the appropriate assumptions for the 

type of model used (e.g. over-dispersion in Poisson and binomial generalised 

models). Next, we used the R package ‘piecewiseSEM’ (Lefcheck 2015) to build the 

final path model and test independence claims. Using Shipley’s d-sep test of directed 

separation, ‘piecewiseSEM’ tests for missing relationships between the variables 

included in the path model. Where a relationship is found to be non-independent (i.e. 

there is significant residual covariance between predictors), an additional path 

between those variables is added to the model. Path additions and independence 

claim tests are iteratively repeated until no more non-independent relationships are 

found in the model. Finally, to obtain standardised regression coefficients, we 

manually re-ran each component model after mean-centering and scaling predictors 

by two standard deviations (Gelman 2008), as ‘piecewiseSEM’ does not currently 

allow the use of standardised predictors where some models in a path have non-

normal error distributions. 

4.4 Results 

Over the course of the experiment we captured a total of 11756 ants of 113 

species. Across the 42 woodland patches, species richness ranged between a 

minimum of 10 to a maximum of 39, with a mean site level abundance of 279 

individuals. Species accumulation curves (supplementary figure S4.7.3) indicated 

that we had sampled a high proportion of the regional fauna (79 % of the expected 

richness, 143.2 ± SE 8.04, using a first order jack knife estimator with 999 permutations).  
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4.4.1 Total direct and indirect responses to aridity and global 

change drivers 

Both of our measured functional performance rates varied significantly, and 

the regional aridity gradient had the largest absolute effect size on scavenging rate 

response (-0.578; Table 4.2). The total effects of aridity on both functions 

(scavenging; -0.47, seed dispersal; -0.39; Table 4.2) manifested as lower proportions 

of baits removed in the more arid, drier sites along the eastern side of the region, with 

both direct and indirect effects being negative, but dominated by direct effects; Table 

4.2. 

Above the regional gradient effect, the GEC drivers each synergistically 

exacerbated the negative indirect effects of aridity on scavenging performance (see 

Table 4.2). Rainfall decline × aridity (standardized interaction effect size; -0.14) had 

a significant interactive effect on scavenging rates, exacerbating the negative aridity 

effect. Habitat loss × aridity had an even more substantial interactive effect on 

scavenging rates (standardized interaction effect size; -0.28) at twice the effective 

magnitude of the rainfall decline interaction. The indirect interactive effects of the 

GEC drivers on seed dispersal were positive, and of a much smaller effect size than 

those seen when predicting scavenging rates (habitat loss × aridity standardized 

interaction effect size; 0.031, rainfall decline × aridity standardized interaction effect 

size; 0.003).  
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Figure 4.2. Path models showing the relationship between aridity, global change 
drivers and, a) scavenging rates, and, b) seed dispersal rates, as mediated by 
community weighted trait means, functional dispersion and total ant biomass. 
Arrow widths are scaled by the standardized partial regression coefficient (i.e. 
effect size, as indicated by the values next to paths), and coloured to show statistical 
significance (* p<0.05) and direction of effect (red arrows show negative effects, 
blue arrows show positive effects). Non-significant effects are shown in grey. 
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4.4.2 Mechanistic pathways mediating effects of GEC drivers on 

rates of function 

Our path model framework identified indirect effects of GEC drivers on 

ecosystem functions across our standing aridity gradient, with strongly contrasting 

effect sizes across the four different mechanistic pathways (Figure 4.2). For example, 

in models predicting scavenging rates 18.6% of the variance in paths leading to our 

aridity predictor was explained via indirect effects after partitioning out direct effects. 

Of our four hypothesized mechanisms, we found that a diversity-function effect via 

species richness had the most support, followed by a weaker effect of variance in trait-

mean values. For seed dispersal none of our hypotheses was robustly supported, as 

although seed dispersal rates were significantly predicted by variation in our foraging 

trait complex, the full indirect effects of the GEC drivers on function were negligible 

(i.e. trait-mean values of the foraging trait complex itself were not strongly predicted 

by GEC drivers). 

As expected, species richness increased along our aridity gradient 

(standardized effect size; 0.17 ± 0.08, p < 0.05). However, much the same as with 

our biomass response, habitat loss had a strong negative interacting effect on the 

positive response to aridity (standardized effect size; -0.27 ± 0.13, p < 0.05), with 

land clearance having a negative effect of increasing magnitude on species richness 

at drier sites. Additionally, a non-significant interaction between rainfall decline and 

aridity was retained in the final path model, as model simplification suggested that 

removal of the path significantly decreased the quality of overall model fit. Rainfall 

decline had a greater negative effect in the more species-diverse arid woodlands, 

compared with sites at the wetter end of the aridity gradient (Table 4.2). The indirect 

effects of both aridity and the two GEC drivers on scavenging rates, via a mediating 
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effect of species richness, was significant with species richness itself having a strong 

positive effect on rates of scavenging (standardized effect size; 0.63 ± 0.16, p < 0.05).  

We found some evidence for potential trait-mean effects of GEC drivers on 

functional performance rates. Habitat loss had no significant effect on either the 

foraging trait complex nor the body size trait complex, but both were retained during 

model selection and improved overall path model fit. Rainfall decline mitigated the 

negative effect of aridity on the foraging trait complex values (standardized effect 

size; 0.07 ± 0.03, p < 0.05), resulting in a net positive effect on the foraging trait 

complex when aridity was held constant at its mean. Path analysis indicated that both 

the foraging and body trait complexes had some effect on scavenging rate, but neither 

of these were significant at the 0.05 level.  

Total ant biomass increased in response to aridity (standardized effect size; 

0.27 ± 0.08, p < 0.05), but only when habitat loss was held constant at its mean value. 

Habitat loss had a strong negative interacting effect on the positive aridity response 

(standardized effect size; -0.32 ± 0.16, p < 0.05), indicating that land clearance had 

a significantly larger negative effect on ant biomass at drier sites. Our neutral 

hypothesis, that ant biomass would predict functional rate, had limited support with 

only a weak, non-significant path through to scavenging rate (see Fig 4.2).  

We found little support for our hypothesis that functional composition, and 

the degree of functional complementarity among species, would predict functional 

rate. Functional dispersion responded negatively to rainfall decline (standardized 

effect size; -0.12 ± 0.05, p < 0.05), with more clustered trait combinations (in trait 

space) found in communities at sites of higher decline. No direct path from functional 

dispersion to scavenging rate was present, although some degree of correlated errors 

with the body size trait complex (0.36) resulted in a weak negative indirect effect of 
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rainfall decline (i.e. rainfall decline → functional dispersion → body size trait complex 

→ scavenging rate).  

 

Table 4.2. Direct, indirect and total standardized effect sizes, calculated from the 
path model illustrated in Figure 4.2 (a hyphen indicates that there was no 
significant residual direct path identified in the model (i.e. a valid independence 
claim). 

 

 

Our SEM partitioning of the indirect effects of GEC drivers on seed dispersal 

had comparatively less explanatory power when compared to the scavenging path 

model. Unlike with scavenging, there was no diversity-function effect and the only 

significant mediating variable was trait-mean variation in the foraging trait complex 

(standardized effect size; 0.35 ± 0.13, p < 0.05). Here, habitat loss can facilitate or 

inhibit species with particular trait values, which, when multiplied through the path, 

results in a small negative effect of habitat loss on function.   

4.5 Discussion 

Here we present results that shed new light on the mechanistic underpinnings 

of human impacts on insect-mediated ecological functions across gradients in habitat 

loss and climate change. The relative partitioning of direct vs indirect mechanistic 

pathways of effect in the SEM analysis highlighted unexpected cascading effects of 

GEC drivers on two ecological functions performed by ants. The strongest indirect 
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paths operated through synergistic interaction effects where a reduction in functional 

performance rates found in more arid sites was exacerbated by increasingly negative 

responses to both habitat loss and rainfall decline (see Table 4.2). This was 

particularly the case for insect scavenging rates, whereas ant-mediated seed dispersal 

processes appeared to be much more resilient to GEC drivers. There was no evidence 

that these effects were driven solely by neutral ‘mass-dependent’ processes (via an 

non-significant mediating link between ant biomass and function), Instead, 

synergistic interactions between aridity and GEC drivers caused a shift in species 

diversity and composition, indicating that the dominant mechanistic pathway 

leading to cascading declines in ecosystem functioning is through species or 

functional trait driven processes. 

4.5.1 Large scale variation in diversity-function relationships with 

increasing aridity 

Ants, in particular those dominant clades found in Australia, are commonly 

arid-adapted with greater diversification in the arid zone when compared to other 

taxa (Hawkins et al. 2003, Delsinne et al. 2010), and as expected, we found that 

species richness and biomass increased significantly along the regional aridity 

gradient. Conversely, the overall net effect of increasing aridity on ecosystem 

function was a decrease in scavenging and seed dispersal rates. At face value this 

decrease may suggest a negative relationship between diversity and ecosystem 

function. However, partitioning the direct and indirect effects of aridity in a path 

model makes it clear that there are contrasting positive and negative mechanisms of 

effect, with sites of higher species richness at a given degree of aridity having 

relatively higher functional performance (even though mean rates decline with 
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increasing aridity). This was not the case for rates of seed dispersal, for which no 

significant diversity-function relationship was observed. 

Importantly, the GEC drivers nullified and even reversed the positive 

influence of aridity on the biomass and richness of ants, leading to a cascading 

reduction in functional rates, particularly for scavenging. However, the ability to fully 

explain the mechanistic drivers of aridity effects on ant diversity and function is 

limited by the dominant influence of the direct path from aridity to function, which 

represents residual covariance with as-yet unknown mechanisms. There are 

numerous potential explanations for the presence of a direct aridity effect. Firstly, 

there is the potential that the unexplained direct aridity effect is due to environmental 

correlates influencing bait appeal, with reduced shading at the dry end of the gradient 

leading to more rapid drying, or spoiling, of carrion baits. However, it is difficult to 

see how this would also explain the negative effect of aridity on seed dispersal as seed 

baits would take significantly longer to dry than the 1-hr observation window we 

used. Another potential explanation for the disjunct between our diversity and 

function measures across the aridity gradient would be if there is a higher proportion 

of crepuscular or nocturnal ant species at the arid end of the gradient. It has been 

shown that temporal variation in functional performance rates can be high even at a 

short day/night scale (Houadria et al. 2015). If this is the case, higher proportions of 

each site’s total diversity being active during the timeframe that we carried out the 

functional assessments might lead to higher functional performance rates at the wet 

end of our aridity gradient, even though the overall biomass and diversity of ants at 

these sites might be lower.  
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4.5.2 Interactive effects of GEC drivers on trait-mean-function 

relationships 

Whilst GEC drivers did have some indirect effects on function mediated by 

variation in trait-mean values, the effect was considerably weaker than that seen for 

species richness. Our trait complex variables were only weakly influenced by GEC 

drivers but had strong downstream predictive ability, particularly for the performance 

rate of seed dispersal. The relationship between certain functional traits and ant 

interactions with seeds is well known, particularly for body size traits (Ness et al. 

2004, Rowles and O’Dowd 2008). However, we found that seed dispersal was best 

predicted by our nominal foraging trait complex (which was most strongly related to 

trait-mean variation in polymorphism, leg length and eye size). It is important to 

consider that these complexes are defined by multiple traits, and any predictive ability 

likely stems from a trait-function link between multiple characters of each species. 

For example, many of the local species known to be seed dispersers are polymorphic 

(e.g. Melophorus turneri; Majer et al. 2010), which is a trait that aligns well with our 

foraging trait complex. 

It is surprising that we found such limited response of either of the two 

community-weighted trait-complex means to the GEC drivers across the aridity 

gradient. A growing body of research highlights the strengths of using a functional 

trait approach to elucidate patterns of community assembly over large environmental 

gradients (Bishop et al. 2014, Yates et al. 2014, Gibb et al. 2015) and gradients of 

habitat disturbance (Bihn et al. 2010). For example, Frenette-Dussault and others 

(2013) found high predictability in ant trait variation, even across a relatively small 

aridity gradient. However, there are interesting contrasts in work assessing trait 

responses to disturbance, suggesting that there may be a degree of conditionality (in 
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taxa, or in disturbance context) when predicting how communities change across 

these gradients. For example, Senior and others (2013) found that large-bodied ants 

(among other taxa) were the biggest losers after disturbance, while other studies 

predict that smaller species are less physiologically able to cope with anthropogenic 

disturbance (Chown et al. 2002), or find no body-size response at all (Sanders et al. 

2007). 

Studies investigating ant functional diversity commonly identify trait-

environment links that are subsequently assumed to predict ecosystem functioning, 

but we only found limited support for this relationship in our system using path 

analyses. Our findings, or rather lack of findings for trait-mediated effects, highlight 

the need for functional ecology research that also tests trait-function links rather than 

simply assuming that variation in particular suites of traits directly predicts 

functioning or fitness (sensu Shipley et al. 2016). 

4.5.3 Niche complementarity does not support ecosystem functions 

across stress gradients 

Functional dispersion, calculated as FDis using the ‘FD’ package in R 

(Laliberté and Legendre 2010) has been shown to have very good predictive power 

when used to establish niche complementarity within communities across stress 

gradients (Mason et al. 2013). Functional dispersion in our study responded 

negatively to rainfall decline, suggesting that recent decreases in mean annual rainfall 

reduced ant functional complementarity. This is potentially to be expected as the 

increasingly harsh environmental conditions filter communities so that only those 

with traits concordant with survival can persist in the new abiotic regime (sensu 

Keddy 1992). There has been much work investigating the effects of environmental 
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filters such as aridity on taxonomic and functional diversity of many groups, 

including ants (e.g. Frenette-Dussault et al. 2013).  

Unexpectedly, though, we found that functional dispersion was unchanged 

across either our standing aridity gradient or our gradient in habitat loss. Numerous 

studies across similar gradients have identified patterns in functional trait 

distributions (e.g. Bihn et al. 2010, Frenette-Dussault et al. 2013) that led us to believe 

harsher abiotic conditions at the dry end of our gradient would lead to communities 

with lower trait dispersion due to the stronger environmental filtering. More diverse 

communities inherently have higher trait diversity due to ‘sampling effects’, and 

therefore the diversification of ants in the arid zone is also a potential explanation for 

our observed lack of trait response to the standing gradient. The lack of response to 

habitat loss could potentially be a temporal artifact due to the relatively recent 

timescale over which land clearing has occurred. However, this timescale is similar 

to that which we used when defining our period of rainfall decline, which may 

suggest that rainfall decline has a stronger trait-mediated effect on community niche 

complementarity than habitat loss (i.e. potentially, rainfall decline is more specific in 

the types of traits positively and negatively affected, whereas habitat loss might drive 

extinction or immigration through non-trait-mediated pathways). Except for a very 

weak mediating path (via covariance with our community weighted mean body size 

trait complex), we found no effect of functional dispersion on the performance rates 

of either of our measured functions. This could simply reflect that many functional 

types are able to perform the functions tested. Future work testing the rates of more 

specialized ecological processes may better detect effects of functional 

complementarity across disturbance gradients. 
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4.5.4 Implications for studies using space-for-time substitution 

A critical implication of this work concerns the capacity of experimental 

designs using chronosequences to adequately predict future temporal dynamics. 

Chronosequence studies use space-for-time substitution to provide insight into 

responses that typically accrue over long temporal scales, and is a method that is 

commonly used when trying to determine the predicted effects of changing climate 

(reviewed in Fukami and Wardle 2005). However, as a method, space-for-time 

substitution has been criticized because covariance in other factors (such as local 

variation in habitat type) can confound findings across a chronosequence (e.g. Isaac 

et al. 2011), making it inherently difficult to robustly forecast future responses to 

climatic change. By utilizing an aridity gradient crossed with a real-world 40-year 

rainfall decline gradient we combine the strengths of chronosequence studies whilst 

overcoming their key limitation. If a chronosequence approach was sufficient in our 

study system we would not expect that there would be an interactive effect of rainfall 

decline above the main aridity effect, but this was not the case. Our results suggest 

that studies using space-for-time substitution findings are not necessarily being misled 

by the approach, because the (negative) direction of effect in the historical aridity 

gradient was the same as the direction of effect for recent rainfall decline in the direct 

temporal comparison of climate change effects. However, we found that recent 

rainfall decline had a compounding negative effect on diversity and function, 

exacerbating the negative consequences for functional performance rates across the 

regional gradient. Had we only used a space-for-time substitution approach in this 

study we would likely have underestimated the true amount of change in functional 

performance. 
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4.6 Conclusion 

In summary, we found strong evidence for interactive effects of GEC drivers 

on ecosystem functions performed by ants. Rainfall decline and habitat loss acted 

synergistically with aridity, exacerbating reductions in rates of scavenging and seed 

dispersal. The mechanisms identified were different for each of these two functions, 

with scavenging rates responding more strongly to GEC driven changes to the 

diversity-function relationship, while variation in seed dispersal was more influenced 

by changes to trait mean relationships. Our results highlight the importance of 

considering the potentially compounding effects that habitat loss and rainfall decline 

will have as ecosystems across the globe react to a rapidly changing climate. By 

conserving habitat and minimizing land clearance we can both mitigate habitat loss 

and fragmentation effects and also ameliorate some of the negative consequences of 

climate change, particularly in more arid regions.  
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4.7 Supplementary Information 

4.7.1 Map of sites 
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4.7.2 Trait correlation matrix 

 

Supplementary Figure S4.7.2. Correlation matrix showing pairwise relationships 
between the seven functional traits (Weber’s length, relative leg length, relative 
clypeus length, relative mandible length, relative head length, relative eye area and 
type of polymorphism). Bar plots on the diagonal show the frequency distribution 
of values for each trait. 
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4.7.3 Sampling completeness 

 
Supplementary Figure S4.7.3. The rate of species accumulation across the entire 
sampled region, scaled by the number of samples. The species accumulation curve 
was calculated using rarefaction with the R package ‘vegan’ (www.cran.r-
project.org/package=vegan).  
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Chapter 5 

Synthesis and conclusions 
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Synthesis and conclusions 

5.1 Thesis overview 

A constant theme throughout this thesis has been the discussion of 

anthropogenic disturbance and its effects on species diversity and composition (e.g. 

Tylianakis et al. 2008a, Chen 2012). One of the key consequences of these changes 

to biodiversity is the erosion of ecosystem function rates (Naeem et al. 2012) and, 

from a human-centric perspective, the loss of ecological services (Millennium 

Ecosystem Assessment 2005, Cardinale et al. 2012). Understanding the mechanisms 

through which diversity supports ecological services is vital if we are to conserve and 

restore ecosystems and their functioning in the face of these numerous anthropogenic 

threats (Loreau et al. 2001, Naeem et al. 2012, Wardle 2016). My primary goal 

throughout this research project was to find empirical evidence that helps unpick the 

mechanistic processes involved in diversity-function relationships by addressing 

current research gaps, such as the responses of consumer level taxa, effects on 

multifunctionality, and in my last data chapter, the assessment of diversity-function 

theory in natural, rather than synthetic assemblages. To this end I have collected and 

analysed data using sampling and experimental designs that allowed me to test novel 

aspects of diversity-function relationships, guided by the questions outlined in my 

thesis introduction (as detailed below): 

1. How do ant assemblages respond to experimental plantings of differing 

woodland plant species richness through space and time? 

2. Does the performance of singular and multiple ecosystem functions 

depend on the diversity of the performing communities? 
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3. Is there redundancy in ant functional diversity and does it support 

ecosystem multifunctional performance across disturbance gradients? 

4. Is there scale-dependence in the relationship between species richness, 

functional redundancy and functional performance? 

In the following sections of this chapter I synthesise some of my key findings, 

address limitations of my project and discuss themes for future research. 

5.2 Community reassembly and functional performance in 

early woodland succession 

Community succession is perhaps one of the most investigated processes in 

ecology and underpins popular modern fields of study such as community assembly 

and restoration ecology (Pielou 1966, Sousa 1979, Meli et al. 2017). However, much 

of the experimental work testing successional re-assembly trajectories of high trophic 

level consumers, in response to changing producer diversity, has been conducted in 

northern hemisphere grasslands (e.g. Knops et al. 1999, Symstad et al. 2000, Dinnage 

et al. 2012). Relatively little research has focused on these processes in woodland 

systems (but see; Riihimäki et al. 2005, Staab et al. 2015, 2016). Theory suggests that 

bottom-up process will lead to higher diversities of consumers where producer 

diversity is high (Srivastava and Lawton 1998, Scherber et al. 2010), and much of the 

work from grassland experiments has supported this proposition (e.g. Knops et al. 

1999, Haddad et al. 2009). However, in chapter two I present data showing that there 

was no effect of tree diversity on the successional trajectories of invertebrates and, 

more specifically, ants. There are undoubtedly caveats to this finding, discussed in 

detail in chapter two and largely centered around the young age of the experiment 

(and the time diversity effects likely take to manifest in woodland systems (Leuschner 
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et al. 2009)). However, given the robust nature and scale of the experiment, with ten 

replicates of ten treatments, the result is undoubtedly interesting even after just five 

years of experimental restoration. From an applied perspective, these early results 

show that the simple act of planting native trees and controlling understory weeds 

can have good short-term outcomes for the restoration of invertebrate fauna 

communities. Obviously, revisiting these communities and resampling after more 

time has elapsed will be important for testing whether the current trends hold, or if 

producer diversity becomes more important for faunal restoration trajectories as the 

woody species mature. Nevertheless, these findings show that relatively low cost, 

simple planting regime can potentially achieve similar faunal restoration outcomes 

to commonly practiced ‘high-diversity’ restorations. A drying climate and increasing 

salinity in the Western Australia wheatbelt region means that farming is becoming 

less viable, and having cheap large scale restoration prescriptions will become vital 

for the rehabilitation of large swathes of degraded agricultural land.  

5.3 Increasing functional redundancy with restoration 

One of the mechanisms through which diversity is theorized to support 

ecosystem function is functional redundancy (Walker 1992). Simply stated, the 

concept supposes that higher diversity in a system leads to a higher probability of 

duplication in functional attributes (Petchey et al. 2007, Kluge and Kessler 2011), 

which can then buffer a community against loss of function following species loss 

(through upregulation of functional performance by species with the traits required 

to perform that function (Walker 1992, Walker et al. 1999, Laliberté et al. 2010, Kang 

et al. 2015)). In chapter two, I found that the species richness of ants increased over 

time on an almost linear trajectory during early succession (Figure 4.2). However, 
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species richness accumulated at a faster rate than functional richness, which is what 

would be expected under the functional redundancy hypothesis, and suggests that the 

communities are accumulating increasingly redundant suites of traits (unpublished 

data). This presented an ideal scenario to experimentally test mechanisms through 

which diversity might underpin functional performance via redundancy and 

complementarity, by using a manipulation of community trait diversity (discussed in 

wider context, below). 

5.4 Scale dependence in the mechanisms underpinning 

functional performance 

In both small scale manipulations (chapter three) and across large landscape 

scale gradients (chapter four), I identified relationships between diversity and the 

performance of ecosystem functions, although aspects of the underpinning 

mechanisms are undoubtedly different. Potentially, the variation in diversity-

function relationships indicates some degree of scale dependence in underlying 

mechanisms. Scale dependence in diversity-function relationships has been 

highlighted as an important and relatively untested source of variance in functional 

performance across natural ecosystems (Pasari et al. 2013, Mori et al. 2015). 

Considering Wardle’s (2016) suggestion to further develop BD-EF research in 

naturally assembled communities, and given the wide variation in species 

susceptibility to non-random extinction (e.g. Bracken et al. 2008, Selmants et al. 

2012), any study of scale dependence of diversity-function relationships seems 

especially pertinent. 

My findings in chapter three show that species richness is important for 

multifunctionality at a local scale, but also that the variation in the relationship 
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appears to be driven by competition. Removal of dominant species resulted in 

increased species richness after one year due to immigration from the regional species 

pool. Interestingly, this resulted in an increase in functional complementarity, seen 

as the linearization of the species richness – functional richness relationship. From a 

functional perspective, the newly arrived species were less similar to the established 

community than those I excluded, and the consequence was an increase in functional 

rate. I propose that this may be due to increased niche complementarity within the 

community, resulting in a net decrease of competitive suppression, and a subsequent 

‘release’ effect in the foraging activities of the remaining species. The functional 

resilience of this community to our experimentally imposed non-random species loss 

(through selected species exclusions) is possibly due to the local, small scale nature 

of the experiment, embedded within a much larger regional species pool that acted 

as a source for new species with complementary traits. Essentially, resilience in my 

local scale experiment is not only operating through the upregulation of functioning 

by the non-excluded species, but also by opening up niche space allowing new species 

into the system. The increase in functional rates resulting from increased functional 

complementarity exemplifies the ‘low multifunctional redundancy’ paradigm 

proposed by Mori et al. (2015). In chapter 4 I extended my investigations to a regional 

scale and found no evidence for complementarity mediating the relationship between 

environmental treatment drivers and function. However, it is important to consider 

that the ‘low multifunctional redundancy’ paradigm is centered around the concept 

that many functions, rather than any single function, require the increased 

complementarity of traits. Therefore, my lack of a significant complementarity 

mediator in chapter four could potentially be misleading, as I only tested two 

functions, and therefore could only use analyses designed for single-function tests. 
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The obvious extension of this work would be to test the same larger suite of functions 

across different spatial and temporal contexts, and assess multifunctionality 

responses using statistical approaches similar to those used in chapter three. 

An increase in multifunctional performance with increased complementarity 

such as shown in chapter three (and correspondingly lower functional redundancy) 

is an interesting finding, as researchers commonly consider functional redundancy 

only as a positive property; a buffering effect reflecting a community’s capacity to 

withstand species loss (Walker 1992, Kang et al. 2015). However, this paradigm is 

commonly derived from studies of redundancy considering only singular functions 

(e.g. Reich et al. 2012).  If indeed high complementarity (and low redundancy) is a 

key property required for multifunctional performance, which likely more closely 

mirrors natural ecosystems, then we should perhaps reconsider the ecological 

importance of high functional redundancy from both fundamental and applied 

ecological perspectives. 

5.5 Limitations, and implications for future work 

As with any research project, hindsight is a powerful tool with which to 

understand the limitations of a study’s findings and plan future research directions, 

and here I consider some caveats of this project not discussed within each respective 

chapter. In chapter two a number of steps could have been taken when designing the 

Ridgefield project that would have increased the already robust experiment. Firstly, 

an increased spatial buffer around individual plots would have improved the 

confidence that plot-scale patterns were not influenced by ‘neighbor effects’ spilling 

over from nearby treatments. Likewise, larger plot sizes would have been beneficial 

for the same reasons, as although 20 x 23 m plots are reasonable for sampling foraging 
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ants they may not adequately resolve diversity response patterns in other invertebrate 

taxa. Secondly, a more thorough understanding of the regional species pool would 

have been possible had more remnant woodlands been sampled in the vicinity of the 

experiment. Such information would have also been beneficial in chapter three, 

where knowledge of the regional species pool could have been used to investigate 

mechanisms behind species immigration into the treatment plots (i.e. where ant 

diversity had been experimentally manipulated).    

As it was logistically difficult to capture the ant species performing the 

assessed functions (at the spatial and temporal scale I was operating), a limitation of 

my functional performance observations in chapters three and four was a lack of data 

on the identities of the performing species. Such information would have been useful 

for explicitly testing competition theory (Cerdá et al. 2013), as well as eliminating the 

potential single-species identity effects often seen when testing diversity-function 

relationships (O’Connor and Crowe 2005, Straub and Snyder 2008). For example, in 

chapter three I found that while rates of plant protection were positively driven by a 

diversity-function effect, they were masked by an overwhelming independent 

negative effect of the ant exclusion treatment. This could be due to a single-species 

effect, driven by the ubiquitous presence and dominance of meat ants (Iridomyrmex 

purpureus). Potentially, meat ants (which were observed performing the plant 

protection function in control plots) perform this function to such a high level that 

there is very low intrinsic community-level redundancy via other species, regardless 

of their functional attributes (i.e. other species in the community cannot upregulate 

their performance of this particular function). 

An interesting extension of this project would be to further investigate the 

application of ant functional traits using a response – effect trait framework (Díaz et 
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al. 2013, Mori et al. 2013). Suites of ant traits have been shown to respond well across 

environmental and spatial gradients (Bishop et al. 2014, Yates et al. 2014, Parr et al. 

2016), and I identified a functional complementarity response to rainfall decline in 

chapter 4. However, currently there are still weaknesses when predicting consequent 

functional outcomes, and the link between the largely morpho-metric traits currently 

used and real-world ecosystem functioning is still unclear. For example, I would have 

expected to see stronger responses to variation in functional traits in my research, 

especially in chapter three where traits were used to inform experimental design. 

Instead I found that my strongest responses throughout this project were those 

predicted by diversity-function relationships. There are many potential reasons for 

this, but perhaps the most parsimonious would be that the suite of traits measured in 

these chapters do not adequately reflect function in the way that researchers expect 

they do. Further research in this area would be beneficial, beyond the largely case-

specific trait-functional relationships currently used to inform trait selection (e.g. 

works derived from the comparative morphology and ecophysiology literature; Paul 

2001, Paul et al. 2002, Clusella Trullas et al. 2007). 

 

5.6 Summary of findings 

Over the course of this project I have designed and executed three experiments 

that shed new light on several little explored aspects of modern diversity-function 

theory. I have been able to show that during early succession an increased diversity 

of woody species does not necessarily support an increased diversity of invertebrate 

taxa, even though that is what theory might predict. I have provided evidence that 

while diversity is important for ecosystem multifunctionality, the structure and 

complementarity of functional traits (and subsequent niche complementarity) is 
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closely intertwined with the effects of competition, and competitive suppression by 

dominant species can have an effect that overwhelms a diversity-function response. 

I also found that my data potentially supports Mori’s (2015) paradigm of ‘low 

multifunctional redundancy’, where niche complementarity is important for 

multifunctional performance. However, this dependency on complementarity did 

not appear to be as important for functional rates at larger spatial scales, where a true 

diversity-function relationship was the better predictor of functional performance. 

Overall, my findings are important in both basic and applied fields of research, 

building novel components onto an already busy branch of ecological science and 

highlighting the importance of diversity in increasingly threatened ecosystems.  
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